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Summary

An estuary is a landform that connects rivers with the ocean through an exponentially widen-
ing morphology. Estuarine morphology comprises dynamic channel-bar patterns with mud-
flats and saltmarshes frequently occupying the top of the bars and the fringing shorelines. Its
diversity in environments makes the estuary unique and valuable as it provides ecosystem
services to humans, comprises a variety of habitats that include feeding-, nursing- and breed-
ing grounds, and hosts a range of rare and protected species that live in distinct niches specific
to the system. This complex system affected by a multitude of processes, users and drivers is
often vulnerable and threatened, especially due to increasing direct human interference and
climatic impacts. To guarantee the functioning and usage of estuaries, careful management
is required. In order to inform such a sustainable management, the understanding of how
estuarine ecosystems and morphology co-evolve is one crucial prerequisite.

This thesis investigates to what degree the morphology of estuaries is determined by the
presence of organisms living in and on top of the sediment: the so-called ecosystem engi-
neers (or eco-engineers). Eco-engineers are organisms able to modify their environment by
their physical presence or activity, whereby they modulate resources and facilitate their sur-
vival or that of co-existing species. In estuaries, they can be divided into two distinct classes
based on their physical effects: biostabilizers and biodestabilizers (i.e. bioturbators). They
either stabilize the sediment and possibly promote sediment deposition or destabilize the
sediment matrix such that they enhance erosion. At the same time, the environmental con-
ditions, here defined by the hydrodynamics and morphology, determine a species‘ habitat
and its abundance. As a consequence, eco-engineer abundance and morphology co-evolve
and are mutually dependent, creating a feedback loop between species presence and abiotic
environment. We require a better understanding of the interactions within this feedback
loop to be able to describe and predict estuarine evolution in the past, present and future.

In order to understand and quantify the effect of various eco-engineers on the develop-
ment of large-scale estuarine morphology, I study the effects of stabilizing microphytoben-
thos and saltmarsh vegetation and that of destabilizing macrozoobenthic species in a two-
dimensional process-based model. A sophisticated modeling framework is developed that,
based on environmental parameters, predicts species distribution of saltmarsh aboveground
plant biomass, presence of microphytobenthos, and macrozoobenthos biomass. Moreover,
the model parameterizes species interactions, such as competition and grazing. The species-
dependent eco-engineering effects on the hydro-morphodynamics are incorporated in the
model through an added hydraulic roughness and drag or changes in sediment erodibility.
The species‘ properties and their effects are literature-based and not calibrated, allowing for a
wide range of application. This model was first tested in a calibrated hydro-morphodynamic
model of the Western Scheldt Estuary and then applied to an idealized estuary with sand
and mud to investigate how interactions between sand, mud and eco-engineers affect large-
scale morphological and sedimentological evolution. At a smaller scale, biogeomorpholog-
ical processes in tidal channel formation were investigated by modeling three distinct salt-
marsh species on an idealized mudflat. The model was expanded towards ancient estuaries
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by simulating stages of land plant evolution in the Paleozoic (between 541-252 million years
ago), which allowed me to contribute to the long-standing debate on how evolving land plant
traits may have eco-engineered morphology over geological time-scales.

The application to the Western Scheldt Estuary shows that trends in dynamic saltmarsh
establishment can be predicted by the eco-morphodynamic model through the implemen-
tation of literature-based establishment, growth and mortality rules (Chapter 2). The model
reveals that both eco-engineering effects and life-stages that represent aging determine marsh
pattern and vegetation density gradients. The development of the dynamic eco-morphodyna-
mic model provides a novel framework for predicting natural patterns of saltmarsh growth
in dynamic estuaries and their response to changing external drivers.

The presence of dynamic saltmarsh vegetation and microphytobenthos improves the pre-
diction of mud deposits in the model (Chapter 3). Mud layer thickness and extent are deter-
mined by establishment traits of the saltmarsh. The mutual facilitation between both biosta-
bilizers enhances mud cover and species expansion. Moreover, mud settles on bare flats
under calm conditions, whereas species growth promotes mud settling in hydrodynamically
active areas through alteration of the ratio between flow velocity and inundation period. At
the estuary-scale, species-specific saltmarsh pattern affects mud layer formation: a fast ex-
panding species enhances mud thickness while a slowly expanding species increases mud
extent.

In addition to these insights from the Western Scheldt Estuary, an idealized mudflat model
shows that tidal channel morphology is driven by the eco-engineering of species-specific life-
history traits (Chapter 4). Computations with all combinations of three common saltmarsh
species in northwestern Europe on the idealized mudflat lead to the development of species-
dependent tidal channel networks differing in channel abundance and dimensions. In runs
with multiple species, the most abundant species determines the dimensions and stability of
the tidal channels, which affect drainage capacity, ebb-dominance and levee formation. A
simulation with species shifts shows that projected future biodiversity changes will increase
tidal channel erosion and hence the vulnerability of marshes.

Computations of an idealized estuary with two macrozoobenthic destabilizers and micro-
phytobenthos reveals that large-scale morphologies vary depending on the prevailing eco-
engineers (Chapter 5). The model with two biodestabilizers sees lateral channel erosion and
mud export from the estuary: biodestabilization lowers intertidal bed elevations and mud
content and simultaneously increases intertidal area extent. Especially an effective biodesta-
bilizer induces lateral widening of the estuary by promoting the erosion of supratidal areas.
In contrast, the presence of microphytobenthos can stabilize the mud, reducing erosion and
mud export towards the sea. In simulations with macrozoobenthos and microphytoben-
thos, a positive feedback on species abundance emerges: individual eco-engineering effects
facilitate species expansion of the co-existing species. Consequently, species distributions
throughout the estuary differ considerably between single-species and multi-species runs,
underlining the importance of eco-engineering and facilitation effects. Sea level rise affects
the morphology of the estuary such that mud content is reduced, which promotes lateral
channel migration. A mud-prone species disappears from large parts of the estuary as the
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environment becomes sandier, which results in the expansion of a sand-prone species and
results in a species shift.

Finally, I explore the effects of distinct stages of Paleozoic land plant evolution on the mor-
phology of estuaries (Chapter 6). The results support the hypothetical link between Paleozoic
vegetation evolution and the observed increasing mudrock percentages in the rock record.
The model shows that the evolution of plant traits, such as root development, phenotype
complexity and increasing resilience against stresses, may have resulted in larger vegetation
abundances and, hence, eco-engineering effect. The total volume of preserved mudstone
increases coevally with vegetation complexity resulting in regional variations in sediment
erosion, transportation and deposition. Until now, it was thought that small-stature rootless
plants would have limited morphological effects. However, the modeling shows that above-
ground plant parts are able to sufficiently baffle the flow, which concentrates the channels and
enhances local mud content. The model suggests that early land plants may have enhanced
mud percentages in calm areas of estuaries, whereas the evolution of arborescent vegetation
possibly facilitated their establishment along large areas of the estuary and hence increased
system-wide mud content.

This work constitutes a significant contribution to our understanding of the morpho-
logical evolution of past, present and future estuaries. The large-scale morphology of es-
tuaries is governed by multi-dimensional feedbacks between eco-engineering, species dy-
namics and morphological response, where (1) individual eco-engineering and species in-
teractions determine species composition and abundance of the ecosystem; (2) the eco-
engineering effects by the species community modify morphology depending on species
traits and available mud; and (3) the overall morphological response determines habitat
and colonization pattern of the species community. Estuaries dominated by biostabilizers
evolve stable, muddy and confined morphologies, whereas biodestabilizer-dominated sys-
tems widen laterally, are more dynamic and contain less mud. Hereby, the biodestabilizer
with the largest eco-engineering intensity determines morphological development, vegeta-
tion establishment and ecosystem structure. With regard to future species shifts, we can
expect significant responses of estuarine morphologies. This understanding provides new
insights for the mitigation of disturbances in estuaries (Chapter 7). In particular, microplas-
tic pollution, habitat degradation or biodiversity loss will alter ecosystem structure and as a
result overall morphological evolution.
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Samenvatting

Een estuarium is een landschapsvorm waarin de rivier met de oceaan verbonden is. Estuaria
worden breder toe richting zee, en hebben dynamische patronen van geulen en zandbanken.
Slikken en schorren flankeren het estuarium en bedekken vaak de zandbanken. De vari-
atie in condities maken estuaria uniek en waardevol, omdat ze ecosysteemdiensten leveren
aan de mens, een verscheidenheid aan habitats omvat, waaronder voeder-, kraam- en broed-
plaatsen voor vogels, en een reeks zeldzame en beschermde soorten herbergt. Deze com-
plexe systemen worden beïnvloed door een veelheid aan processen, en door gebruikers en
beheerders. Ze zijn vaak kwetsbaar en bedreigd, vooral door de toenemende directe menseli-
jke inmenging en klimatologische gevolgen. Zorgvuldig beheer is vereist om de negatieve
gevolgen op het functioneren te beperken. Om een dergelijk duurzaam beheer mogelijk te
maken, is inzicht in de manier waarop estuariene ecosystemen en morfologie interacteren
en ontwikkelen een cruciale voorwaarde.

In dit proefschrift onderzoek ik in hoeverre de morfologie van estuaria bepaald wordt
door de aanwezigheid van organismen die in en bovenop het sediment leven: de zogenaamde
ecosystem engineers (of bio-bouwers). Bio-bouwers zijn organismen die in staat zijn om hun
omgeving te veranderen door hun fysieke aanwezigheid of activiteit, waarbij ze hulpbronnen
moduleren en hun overleving of die van naast elkaar bestaande soorten vergemakkelijken.
In estuaria kunnen ze worden onderverdeeld in twee verschillende groepen op basis van hun
fysische effecten: biostabilisatoren en biodestabilisatoren (ook bioturbators genoemd). De
eerste stabiliseren het sediment en bevorderen eventueel de sedimentatie. De tweede desta-
biliseren de sedimentmatrix zodat ze de erosie bevorderen. Tegelijkertijd bepalen de omgev-
ingscondities, hier gedefinieerd door de hydrodynamiek en de morfologie, de habitat en de
aantallen van voorkomen van een soort. De oppervlakte-dichtheid van bio-bouwers en de
morfologie ontwikkelen samen en zijn wederzijds afhankelijk, omdat er een terugkoppeling
bestaat tussen de aanwezigheid van de soort en het abiotische milieu. We hebben een beter
begrip nodig van de interacties binnen deze terugkoppeling om de estuariene evolutie in het
verleden, het heden en de toekomst te kunnen begrijpen en te voorspellen.

Om de effecten van verschillende bio-bouwers op de grootschalige ontwikkeling van estu-
ariene morfologie te begrijpen en te kwantificeren, bestudeer ik in het bijzonder de effecten
van de stabiliserende microfytobenthos en schorvegetatie en van de destabiliserende macro-
zoöbenthische soorten in een geavanceerd, tweedimensionaal proces-gebaseerd model. Dit
model is ontwikkeld om op basis van fysische variabelen de soortverdeling van de vegetatie,
de aanwezigheid van microfytobenthos en de macrozoöbenthos-biomassa te voorspellen.
Daarbij parametriseert het model de interacties tussen de soorten, zoals concurrentie en be-
grazing. Bovendien berekent het model de soortafhankelijke effecten van bio-bouwers op de
waterbeweging en morfologische verandering via aanpassingen van de stromingsweerstand
en in de erodeerbaarheid van het sediment. De eigenschappen van de soorten en hun effecten
zijn gebaseerd op de literatuur en zijn niet gekalibreerd, waardoor een brede toepassing mo-
gelijk is. Dit model werd eerst getest in een gekalibreerd hydromorfodynamisch model van
de Westerschelde en vervolgens gebruikt in een geïdealiseerd estuarium met zand en slib om
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de effecten van de soort op de grootschalige morfologische en sedimentologische evolutie te
onderzoeken. Op kleinere schaal werden biogeomorfologische processen bij de vorming van
getijdengeulen onderzocht door het modelleren van drie verschillende schorplantensoorten
op een geïdealiseerd wad. Het model werd uitgebreid naar fossiele estuaria door stadia van
de evolutie van landplanten in het Paleozoïcum te simuleren (tussen 541 en 252 miljoen jaar
geleden), om bij te dragen aan het debat over hoe de evolutie van de eigenschappen van
landplanten en hun bio-bouwer activiteit invloed op de morfologie kunnen hebben.

De toepassing van het model op het Westerschelde-estuarium in vergelijking met karterin-
gen van de afgelopen decennia toont aan dat ruimtelijke trends in vestiging en uitbreiding
van schorren goed voorspeld kunnen worden op basis van de literatuurgebaseerde vestigings-
, groei- en mortaliteitsregels (Hoofdstuk 2). Daarnaast liet het model zien dat de leeftijds-
afhankelijke effecten van bio-bouwers het ruimtelijk patroon en de dichtheidsgradienten van
de schorvegetatie bepalen. De ontwikkeling van het dynamische eco-morfologische model
biedt nieuwe mogelijkheden voor het voorspellen van natuurlijke patronen van schorren en
kwelders in dynamische estuaria en hun reactie op veranderende externe factoren.

De aanwezigheid van dynamische schorvegetatie en microfytobenthos verbetert de voor-
spelling van slibsedimentatie in het model (Hoofdstuk 3). De dikte en de verspreiding van de
modderlaag wordt bepaald door de eigenschappen van de plantensoorten. De wederzijdse
facilitatie van beide biostabilisatoren verbetert de modderbedekking en de verspreiding van
de soorten. Het slib sedimenteert wel op kale oppervlaktes onder rustige omstandigheden,
maar de groei van de schorren bevordert het bezinken van het slib in hydrodynamisch ac-
tievere gebieden door de veranderingen van de stroomsnelheid en de inundatieperiode. Op
de ruimteschaal van het estuarium beïnvloeden soortspecifieke kwelderpatronen de vorm-
ing van de sliblaag, waarbij de laagdikte wordt bepaald door snelgroeiende soorten en de
verspreiding van de sliblaag door langzaam uitbreidende soorten.

Naast deze inzichten uit de Westerschelde toont een geïdealiseerd wadmodel aan dat het
patroon van de getijdengeulen bepaald wordt door de activiteit van bio-bouwers en door
hun soort-specifieke kenmerken (Hoofdstuk 4). Berekeningen met alle combinaties van drie
gangbare plantensoorten op schorren in Noordwest-Europa leiden tot de ontwikkeling van
soortafhankelijke getijdengeulnetwerken die verschillen in de dichtheid en de afmetingen
van de geulen. Bij modellering met meerdere soorten bepaalt de meest voorkomende soort
de afmetingen en stabiliteit van de getijdengeulen, wat van invloed is op de afvoercapaciteit,
eb-dominantie en vorming van oeverwallen. Een simulatie met soortverschuivingen laat
zien dat de verwachte toekomstige veranderingen in de biodiversiteit de erosie van de getij-
dengeulen en daarmee de kwetsbaarheid van natuurlijke schorgebieden zullen vergroten.

Uit berekeningen van een geïdealiseerd estuarium met twee macrozoöbenthische desta-
bilisatoren en het stabiliserende microfytobenthos is gebleken dat de morfologie zichtbaar
op grote schaal wordt beïnvloed door bio-bouwer activiteit (Hoofdstuk 5). Het model met
twee biodestabilisatoren vertoonde afkalving van de oevers en export van het slib uit het es-
tuarium. Biodestabilisatie veroorzaakt verlaging van de bodemhoogte in de intergetijdege-
bieden en van het slibgehalte in de waterbodem, en verhoogt tegelijkertijd de omvang van
het intergetijdegebied. Met name een effectieve biodestabilisator veroorzaakt een verbreding
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van het estuarium door het bevorderen van de erosie van de supragetijdegebieden. Daarente-
gen kan de aanwezigheid van microfytobenthos de modder stabiliseren, waardoor de erosie
en de export van slib naar zee worden verminderd. Omdat het macrozoöbenthos als het mi-
crofytobenthos werden gecombineerd, ontstond er een positieve terugkoppeling tussen het
voorkomen van beide soorten: de effecten van beide bio-bouwers vergemakkelijkten de uit-
breiding van de andere soorten. Hierdoor ontwikkelen soortengemeenschappen specifieke
verspreidingspatronen en morfologische patronen die verschillen van de effecten van een
enkele soort. Stijging van de zeespiegel beïnvloedt de morfologie van het estuarium zodanig
dat het slibgehalte afneemt en laterale geulmigratie doet toenemen. Een soort die vooral
in slibbodems voorkomt, verdwijnt uit grote delen van het estuarium naarmate het milieu
zandiger wordt, wat resulteert in de uitbreiding van een zandige soort.

Tot slot heb ik de effecten van verschillende evolutiestadia van paleozoïsche landplanten
op de morfologie van de estuaria onderzocht (Hoofdstuk 6). De resultaten ondersteunen het
veelvuldig in de literatuur genoemde, hypothetische verband tussen de evolutie van de vege-
tatie in het Paleozoïcum en de waargenomen toename van de percentages slib in het bewaard
gebleven gesteente. Het model toonde aan dat de evolutie van planteneigenschappen, zoals
wortelontwikkeling, fenotypecomplexiteit en toenemende veerkracht tegen stress, mogelijk
heeft geresulteerd in dichtere en wijder verspreide vegetatie en dus in een groter bio-bouwer
effect. Tot nu toe werd gedacht dat kleine wortelloze planten een beperkt morfologisch ef-
fect zouden hebben. De modellering toont echter aan dat bovengrondse plantendelen in
staat waren om de stroming voldoende te remmen, waardoor de stroming meer in de geulen
werd geconcentreerd en het slibgehalte op de platen werd verhoogd. Met de evolutie van de
wortels en de toename in plantgrootte werd dit effect versterkt, zodat ook de slibafzettingen
toenamen. Het model suggereert dat luwe gebieden van estuaria met vroege landplanten een
verhoogd slibgehalte in de bodem hadden, terwijl bomen in staat waren om zich te vestigen
op een groter oppervlak van het estuarium en zo het slibgehalte in het hele systeem verhoog-
den.

Dit werk vergroot ons begrip van de morfologische evolutie van vroegere, huidige en
toekomstige estuaria die door organismen worden bewoond. Estuaria die gedomineerd wor-
den door biostabilisatoren ontwikkelen een stabiele en slibbige morfologie, terwijl syste-
men die gedomineerd worden door destabilisatoren zich lateraal verbreden, dynamischer
zijn en minder slib bevatten. Hierbij bepaalt de soort met de grootste bio-bouwerintensiteit
de morfologie. De grootschalige morfologie van estuaria wordt bepaald door meervoudige
terugkoppelingen tussen bio-bouwers, soortendynamiek en morfologische respons, waarbij
(1) individuele bio-bouwereffecten en soortinteracties in het ecosysteem de samenstelling en
dichtheid van soorten bepalen; (2) de soortgemeenschap van bio-bouwers de morfologie wi-
jzigen, afhankelijk van de eigenschappen van elke soort en het beschikbare slib; en (3) de al-
gemene morfologische respons de habitats en het verspreidingspatroon van de soortgemeen-
schap bepaalt. Deze conclusies verschaffen nieuwe inzichten met betrekking tot het beperken
van door mensen veroorzaakte verstoringen in estuaria (Hoofdstuk 7). Met name vervuil-
ing met microplastics, achteruitgang van habitatkwaliteit en areaal, soortenverschuivingen
of biodiversiteitsverlies veranderen de structuur van het ecosysteem en daarmee ook de es-
tuariene morfologie.
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Zusammenfassung

Ein Ästuar ist eine Landschaftsform, welche Flüsse mit dem Ozean verbindet und durch
eine sich exponentiell ausweitende Morphologie gekennzeichnet ist. Die Morphologie eines
Ästuars besteht aus sich abwechselnden Sandbänken und Rinnensystemen, bei welchen die
höchsten Sandbänke und die Ufer entlang des Ästuars mit Schlick und Salzwiesen bedeckt
sein können. Diese zahlreichen Habitate machen das Ästuar einzigartig und wertvoll, da es
Ökosystemleistungen für den Menschen erbringt, eine Vielzahl von Lebensräumen schafft
und eine Reihe seltener und geschützter Arten beherbergt. Dieses komplexe System, das
von einer Vielzahl von Prozessen und Nutzern beeinflusst wird, ist zunehmend bedroht, ins-
besondere aufgrund direkter menschlicher Eingriffe und klimatischer Auswirkungen. Um
das Funktionieren und die Nutzung unserer Ästuare zu gewährleisten, ist ein sorgfältiges
Management erforderlich. Hierfür ist das Verständnis der sich simultan entwickelnden Öko-
systeme und der Morphologie des Ästuars eine entscheidende Voraussetzung.

In dieser Dissertation untersuche ich, inwieweit die Morphologie von Ästuaren durch
Lebewesen bestimmt wird, die im und auf dem Sediment leben: die so genannten „Inge-
nieure des Ökosystems“ (oder Eco-engineers). Eco-engineers sind Organismen, die in der
Lage sind, ihre Umwelt durch ihre physische Präsenz oder Aktivität zu verändern, indem
sie Ressourcen bearbeiten und ihr Überleben oder das Überleben koexistierender Arten er-
leichtern. In Ästuaren können sie aufgrund ihres physikalischen Effektes in zwei Klassen
eingeteilt werden: Biostabilisatoren und Biodestabilisatoren. Sie stabilisieren entweder das
Sediment und fördern möglicherweise dessen Ablagerung, oder sie destabilisieren die Sedi-
mentmatrix, sodass sie Erosion hervorrufen. Diese Habitatmodifizierung kann starke Aus-
wirkungen auf die morphologische Entwicklung von Landschaftsformen haben. Gleichzeitig
bestimmen die Umweltbedingungen, hier definiert durch die Hydrodynamik und Morpholo-
gie, den Lebensraum einer Art und ihre Dichtheit. Infolgedessen entwickeln sich Vorkom-
men von Eco-engineers und Ästuarmorphologie zusammen und bedingen sich gegenseitig,
wodurch ein Rückkopplungseffekt entsteht. Diese Wechselwirkungen erfordern ein besseres
Verständnis, um die Ästuarentwicklung in der Vergangenheit, Gegenwart und Zukunft be-
schreiben und prognostizieren zu können.

Um den Einfluss verschiedener Eco-engineers auf die Entwicklung großräumiger Ästuar-
morphologien zu verstehen und quantitativ zu bestimmen, untersuche ich in einem zweidi-
mensionalen, numerischen Modell einerseits die Auswirkungen der Stabilisierung des Mikro-
phytobenthos und der Salzmarschvegetation sowie andererseits den Effekt der Destabilisie-
rung makrozoobenthischer Arten auf Ästuarmorphologie. Hierfür entwickle ich ein kom-
plexes ökomorphodynamisches Modell, welches auf der Grundlage von Umweltparametern
das Vorkommen von Salzwiesen, Mikrophytobenthos und Makrozoobenthos prognostiziert.
Darüber hinaus parametrisiert das Modell die Wechselwirkungen zwischen Spezies durch
Konkurrenz und Prädation. Auf der anderen Seite berechnet das Modell artenabhängige
Auswirkungen auf die Hydromorphodynamik durch hydraulische Rauigkeit und Widerstand
oder durch die Änderungen der Erodibilität des Sedimentes. Die Berechnung der Verteilung
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der Spezies und ihrer Auswirkungen sind basiert auf der Literatur und sind nicht kalibriert,
sodass eine breite Anwendung des Modells möglich ist.

Zunächst zeigt diese Arbeit, dass Entwicklungen im Salzwiesenwachstum im Westerschelde-
Ästuar durch das ökomorphodynamische Modell abhängig von den literaturbasierten Etablier-
ungs-, Wachstums- und Mortalitätsregeln vorhergesagt werden können (Kapitel 2). Sowohl
die Auswirkungen ihrer Aktivität, als auch der Alterungsprozess der Vegetation sind hier
wichtig, um die Größe der Salzwiesen und die Dichte der Vegetation zu bestimmen. Die En-
twicklung des Modells bietet einen neuen Rahmen für die Vorhersage natürlicher Salzwiesen
in dynamischen Ästuaren und deren Reaktion auf sich verändernde externe Faktoren.

Das Vorhandensein von Salzwiesen und Mikrophytobenthos im Modell verbessert die
Prognose von Schlickablagerungen (Kapitel 3). Die Höhe und die Fläche der Schlickab-
lagerungsschicht wird durch die Eigenschaften der Marschvegetation bestimmt. Positive
Wechselwirkungen zwischen Marschvegetation und Mikrophytobenthos fördern die Aus-
breitung beider Spezies und vergrößern die Schlickfläche. Im Allgemeinen kann sich Schlick
in Bereichen mit wenig Strömungseinflüssen absetzen. An dynamischen Stellen kann bereits
etablierte Vegetation die Schlickablagerung erhöhen.

Zusätzlich zu diesen Erkenntnissen aus dem Mündungsgebiet des Westerschelde-Ästuars
zeigt ein idealisiertes Salzwiesenmodell, dass die Dichte und Morphologie von Gezeitenkanäl-
en durch artspezifische Merkmale der Vegetation bestimmt wird (Kapitel 4). Das unter-
schiedliche Wachstum von drei verbreiteten Salzwiesenarten in Nordwesteuropa führt zu
Gezeitenkanalnetzen, die sich in Kanalanzahl und -dimension unterscheiden. Diese Netze
bestimmen die Stabilität der Kanäle, deren Drainagekapazität und die Größe von Sedimentab-
setzungen. Eine Simulation, in der vorkommende Spezies durch neue Arten ersetzt werden,
zeigt, dass prognostizierte Veränderungen in der Artenvielfalt von Salzwiesen die Erosion
und Form von Gezeitenkanälen beeinflussen.

Berechnungen eines idealisierten Ästuars mit zwei makrozoobenthischen Destabilisato-
ren und Mikrophytobenthos ergeben, dass großräumige Morphologien durch die Habitat-
modifikation der Eco-engineers bestimmt werden: Biodestabilisierung erodiert die Sohle
und reduziert den Schlickgehalt des Ästuars, während sich intertidale Gebiete vergrößern
(Kapitel 5). Insbesondere ein effizienter Biodestabilisator verursacht die Erosion supratidaler
Gebiete, was eine laterale Ausweitung der Morphologie hervorruft. Im Gegensatz dazu kann
Mikrophytobenthos den Schlick stabilisieren und Erosion und Sedimentexport in Richtung
Meer verringern. Bei einer Kombination von Makrozoobenthos und Mikrophytobenthos
entstehen positive Rückkopplungen zwischen den Spezies, da die individuelle Habitatmodi-
fizierung das Vorkommen und die Ausbreitung der Arten positiv beeinflusst. Dies zeigt, dass
Artengemeinschaften neue Artenverteilungen entwickeln, die abhängig sind von den indi-
viduellen Habitatmodifizierungen und Speziesinteraktionen. Szenarien mit Meeresspiege-
lanstieg verringern den Schlickgehalt des Ästuars, wodurch sich Artengemeinschaften verän-
dern: eine Art, die Schlick im Bett bevorzugt, verschwindet aus großen Teilen des Ästuars
sobald das Bett sandiger wird und wird von einer Art, die Sand bevorzugt, verdrängt.

Das Modell wurde weiterentwickelt, um verschiedene Entwicklungsstadien paläozoischer
Landpflanzen auf die Morphologie von Ästuaren zu untersuchen (Kapitel 6). Die Ergebnisse
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zeigten, dass die Evolution von Pflanzenmerkmalen wie Wurzelbildung, Phänotypkomplex-
ität und zunehmende Widerstandsfähigkeit gegen Stress, zu der Ausbreitung von Vegeta-
tion und damit zu größeren Eco-Engineering-Effekten führt. Bisher ging man davon aus,
dass kleinwüchsige, wurzellose Pflanzen nur begrenzte morphologische Auswirkungen hät-
ten. Die Modellergebnisse zeigen jedoch, dass oberirdische Pflanzenteile in der Lage waren,
die Strömung ausreichend zu bremsen, wodurch potentiell die lokalen Schlickgehalte erhöht
werden konnten. Mit der Entwicklung von Wurzeln und größerer Widerstandsfähigkeit der
Pflanzen verstärkte sich dieser Effekt, sodass systemweite Schlickablagerung ermöglicht wur-
den.

Diese Arbeit stellt einen bedeutenden Beitrag zu unserem Verständnis von der morpholo-
gischen Entwicklung vergangener, gegenwärtiger und zukünftiger Ästuare dar. Ästuare, die
durch Biostabilisatoren dominiert werden, entwickeln stabile, schlickhaltige Morphologien,
während durch Biodestabilisatoren dominierte Systeme erodieren, sich dadurch aufweiten,
dynamischer sind und weniger Schlick binden. Dabei bestimmt die Art mit der stärksten Ka-
pazität zur Habitatmodifizierung die Morphologie und die Struktur des Ökosystems und in
welchen Bereichen sich Vegetation etablieren kann. Dieses Verständnis liefert neue Erken-
ntnisse in Bezug auf die Entschärfung von Störgrössen in Ästuaren (Kapitel 7). Insbesondere
Mikroplastikverschmutzung, Habitatdegradation oder der Verlust von Biodiversität verän-
dern die Struktur des Ökosystems und als Folge davon die Anpassung der Ästuarmorpholo-
gie.
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Chapter 1

Introduction

1.1 Context

Estuaries are transitional landforms between the river and the sea. Fairbridge (1980) defines
an estuary as ”an inlet of the sea reaching into a river valley as far as the upper limit of tidal
rise, usually being divisible into three sectors: (i) a marine or lower estuary, in free connec-
tion with the open sea; (ii) a middle estuary subject to strong salt and fresh water mixing;
and (iii) an upper or fluvial estuary, characterized by fresh water but subject to daily tidal
action.” Estuaries may form during postglacial sea level rise when glacial and fluvial valleys
are flooded by the sea (Dalrymple and Choi, 2007), or by late-Holocene ingression into sub-
sided coastal landscapes (De Haas et al., 2018). With a characteristic salinity gradient ranging
from freshwater over brackish to saline waters, estuaries provide unique habitat conditions to
a variety of species. Nutrient and sediment supply from the hinterland in combination with
dynamic and sheltered conditions that spread along and across the estuary provide favorable
conditions for breeding and feeding of numerous aquatic species. As a result, estuarine flora
and fauna are extremely rich, making them one of the ecologically most important global
environments (Meire et al., 2005; Savenije, 2005).

Today’s estuaries are abundant geomorphological features as a result of sea level rise in the
Holocene (meaning the past 11,700 years) (Dalrymple et al., 2012; Townend, 2012; De Haas
et al., 2018). In the past few thousand years, many estuaries and deltas were populated by
humans as they provided rich wetland biota, freshwater supply, and fertile soils (Kennett
and Kennett, 2006; Day et al., 2007). Some of these human congregations developed into
highly populated cities, such as New York, London, Shanghai, Calcutta, Alexandria or Rot-
terdam, that are prominent examples of how estuaries face increasing challenges in balancing
social, economic and ecological interests. Fisheries, access to harbors and rivers, aquaculture
and oyster farming are only some examples of the diverse ecosystem services that estuaries
provide (Barbier et al., 2011; De Vriend et al., 2011). Nowadays, the estuary’s social and
economic role becomes increasingly important in finding a balance between flood safety,
human health and pollution, ecosystem functioning, services and diversity (De Groot et al.,
2010; Savage et al., 2012; Reed et al., 2018).

In the past centuries, human activity has led to tremendous changes in the physical envi-
ronment of estuaries and coasts by damming, land reclamation and dredging for navigation
or minerals (De Vriend et al., 2011). Moreover, economic growth has introduced waste wa-
ters and toxic materials such as heavy metals, pesticides or microplastics to estuarine ecosys-
tems (Bryan and Langston, 1992; Meire et al., 2005; Hitchcock and Mitrovic, 2019). In ad-
dition, habitat degradation, water quality deterioration, commercial overharvesting and in-
troduction of new species put increasing strains on ecosystem functioning (Botsford et al.,
1997; Kennish, 2002). These challenges will likely become more important with projected
future threats induced by global climate change. Not only sea level rise and increasing storm
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frequency will determine the adaptation or loss of estuarine systems, but also changes in hin-
terland precipitation and rising temperatures will change biodiversity and cause species mi-
gration or loss (Day et al., 2013). As a result, we need to understand how the morphological
adaption of estuaries and estuarine ecology co-evolve to be able to apply measures mitigating
those changes. Increasing flood risk, salinization, land loss, coastal squeeze and ecosystem
degradation are alarming trends that we already face today and which likely accelerate in the
future.

The morphology of estuaries evolves as a result of both abiotic drivers, meaning hydrody-
namic forcing and sediment input, and biotic interactions between the ecosystem and their
environment (Allen, 2000; Corenblit et al., 2011). The influence of tides, waves, river dis-
charge and associated sediment supply of marine and riverine sands and muds, the latter
representing mixtures of silt and clay, shape the large-scale morphology of estuaries (Coren-
blit et al., 2007; De Haas et al., 2018). Even though estuaries are strongly driven by abiotic
processes compared to biomass-dominated ecosystems, such as tropical forests (Corenblit
et al., 2007; Day et al., 2013), the importance of ecology in modulating shape and form of
estuaries has been widely acknowledged and hardly investigated. Many studies study the
role of ecological drivers on small- or marsh-scale morphologies or analyze simplified rep-
resentations of biota in morphodynamic models (e.g. Fagherazzi et al., 2012). Moreover,
an interactive coupling between biotic and abiotic feedbacks is often neglected but impera-
tive when investigating the morphodynamic evolution of landscapes (Murray et al., 2008),
leaving important gaps in our understanding of how biotic effects determine estuarine-scale
morphology.

The introduction of the term ‘ecosystem engineer‘ by Jones et al. (1994) led to the new
framework of ‘biogeomorphology‘, the study on how biotic processes determine the geomor-
phological evolution of fluvial landscapes (Corenblit et al., 2011). An ecosystem engineer
(or eco-engineer) modulates the availability of resources by inducing physical state changes
within an ecosystem such that they ‘modify, maintain and create habitat‘ (Jones et al., 1994).
Consequently, individual eco-engineers modify both the evolution of the morphology and
the structure of the prevailing ecosystem . Autogenic eco-engineers do so by providing physi-
cal structures that indirectly affect the environment. Examples of autogenic eco-engineers in
estuaries are microphytobenthos, sea grasses or vegetation. Allogenic eco-engineers directly
alter their habitat through their activity by the transformation of materials from one physical
state to another. Typical allogenic eco-engineers constitute marine meiofauna, macroben-
thic burrowers or zooplankton. However, all habitats on Earth are suggested to be influenced
by eco-engineering (for a list of examples see Jones et al. (1994)). This includes ancient Pa-
leozoic landscapes that were likely affected when primitive benthic and vegetation species
started colonizing the land.

The aim of this work is to shed light onto the large-scale feedbacks between the eco-
engineers and the morphology of entire estuaries. The objective is to enhance our limited
understanding of the interactions between various eco-engineers and the abiotic processes
that govern estuarine evolution and their mutual effects. The results from this work pro-
vide valuable insights on how and why estuaries evolve under the presence of eco-engineers,
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resulting feedbacks onto the ecosystem and possible adaptations of estuaries to changes in
future drivers.

1.2 Painting a picture: Estuaries as large-scale morphodynamic systems

Tide-dominated alluvial estuaries are often characterized by an exponentially-widening funnel-
shaped morphology with sandy tidal bars forming between the main tidal channels and a
tidal ebb delta developing outside the mouth (Dalrymple and Choi, 2007; Savenije, 2005;
Dalrymple et al., 2012; Leuven et al., 2018a) (Figure 1.1). When moving upstream, the river
discharge becomes progressively more evident, which leads to narrower and more sinuous
tidal channels creating narrow tidal point bars (Dalrymple et al., 2012). The tidal limit, the
location where tidal influence ceases, marks the end of the estuary. In nature, estuaries de-
viate from this ideal funnel-shape as the morphology adapts to external constraints or dis-
turbances, such as sea level rise, antecedent topography and human engineering (Townend,
2012; De Haas et al., 2018; Leuven et al., 2018a; Leuven et al., 2018b). Moreover, the for-
mation of mudflats and alterations induced by marine organisms and vegetation constitute
additional drivers that alter the shape of the estuarine morphology (Savenije, 2005; Townend,
2012; Leuven et al., 2018a). For example, when extensive intertidal floodplains, mudflats and
saltmarshes form, they can alter the hydro-morphological processes in the estuary and de-
termine its morphological evolution.

Intertidal floodplains are defined by both tidal range and steepness of the slopes of bars
and channel banks. Floodplain extent controls the hydrodynamics through provision of ac-
commodation space for the incoming tidal wave. Increasing floodplain area slows down the
incoming flood wave as the water can inundate a wider area, but also through local fric-
tion on the flow exerted by established vegetation. The emerging tidal asymmetry alters the
sediment fluxes from and into the estuary and hence, the large-scale distribution of the sed-
iment (Dronkers, 1986; Friedrichs and Aubrey, 1988; Zhou et al., 2018). Mud (a mixture
of silt and clay with a D50 < 63 μm ) often settles in intertidal areas, where calm hydrody-
namic conditions prevail. Due to its cohesive properties, previously deposited mud will be
hardly resuspended, leading to stable sediment layers that protect the sediment from erosion
(Van Ledden et al., 2004). Consequently, mud layers inhibit lateral erosion of the estuary
and reduce tidal bar and channel migration (Braat et al., 2017; van de Lageweg et al., 2018).
In addition to their effects on the hydro-morphodynamics, intertidal floodplains have high
ecological significance since they constitute valuable habitats of various species (Day et al.,
2013).

Similar as in rivers the infilling of floodplains by mud and vegetation possibly focuses the
flow towards the channels and induces channel incision (Tal and Paola, 2007; Tal and Paola,
2010; Van Oorschot et al., 2016; Kleinhans et al., 2018). Potentially, deeper channels and
reduced intertidal area affect tidal asymmetry, the propagation of the tides and sediment
fluxes. We still lack understanding on how biotic effects alter estuarine morphology and
how that feeds back on ebb-flood-dominance and net sediment import or export. Although
biogeomorphic feedbacks of saltmarshes, mangroves, biofilms and macrozoobenthos have
been investigated at the scale of patches or intertidal flats (Widdows and Brinsley, 2002; Van
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Figure 1.1: Conceptual tide-dominated estuary including typical locations of sandy bars, mudflats, microphy-
tobenthos, macrozoobenthos and saltmarsh. The tidal ebb delta is excluded here.

der Wal et al., 2008; Best et al., 2018; Cozzoli et al., 2019; Xie et al., 2020), the effects of eco-
engineers on large-scale estuarine morphology remains poorly studied. In order to under-
stand how eco-engineers alter bed level distribution, mud content and net sediment fluxes,
more research on the interacting responses of hydromorphology and ecology is imperative.

1.3 Eco-engineers in estuaries

With regard to their effect on hydromorphological processes, two classes of eco-engineers
can be distinguished: biostabilizers and biodestabilizers (bioturbators) (for an extensive re-
view see (Le Hir et al., 2007)). Here, stabilization and destabilization refer to the mechanism
through which the organism inhibits or promotes erosion of sediments, respectively. Stabi-
lizers are species that protect the sediment against erosion by reducing local flow stress or pro-
tecting the sediment directly by their above- or belowground structures. Destabilizers dis-
turb the sediment matrix and facilitate erosion through their motility, meaning their move-
ment while they feed and mate. Destabilization has a specifically large effect on mud when
the cohesiveness of the sediment is reduced (Widdows and Brinsley, 2002; Li et al., 2017).
The effect of stabilizing and destabilizing eco-engineers on the hydro-morphodynamics is
determined by their eco-engineering intensity and the mechanism by which they modulate
their environment (autogenic and allogenic eco-engineering).

The intensity by which an eco-engineer stabilizes or destabilizes the sediment depends on
its abundance or biomass, and in case of an allogenic eco-engineer its metabolic rate (e.g.
Leonard and Luther, 1995; Allen, 2000; Cozzoli et al., 2019). Autogenic eco-engineering in-
tensity (e.g. of vegetation) relates to growth, biomass and habitat of the organism (Chapman,
1964). Biomass increases with growth of the plant from seedling to adult and reproduction
by rhizomes or seeds that allow vegetation to expand and form species-specific patches or
marshes (Schwarz et al., 2018). Allogenic eco-engineering intensity (e.g. of macrozooben-
thos) depends on both biomass and metabolic rate (Brown et al., 2004). The activity of the
organisms, meaning their movement and feeding behavior, depends on age and size of the
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individuals, which is determined by complex life-cycles and large spatial and temporal vari-
ations in abundance (Cozzoli et al., 2018).

Whether a specific eco-engineer thrives within an area of the estuary is determined by en-
vironmental parameters as well as the interactions between species (Bertness and Leonard,
1997; Meire et al., 2005). Habitat suitability increases with decreasing stresses on the species.
Abiotic stresses, such as salinity and hydrodynamic pressures, determine species occurrence
from mouth to river (Ysebaert et al., 2003; Meire et al., 2005). Likewise, the hydroperiod, re-
sulting from bed elevation distribution and tidal range, determines sub-, inter- and suprati-
dal habitat across the estuary. Particularly in the intertidal area, characterized by alternated
flooding by the tides, mudflats and wetlands form that provide feeding, spawning and nurs-
ing grounds for a diversity of endangered species including benthos, fish, and birds (Dyer et
al., 2000; Townend et al., 2011; Singer et al., 2016; Dissanayake et al., 2018). Biotic stresses,
e.g. competition and predation, control ecosystem community in areas subject to low abi-
otic stresses. As a result, closer to the channels, abundance is determined by environmental
stresses, whereas at higher elevations biotic interactions govern species prevalence (Gray,
1992; Day et al., 2013). The combination of abiotic and biotic stresses leads to estuaries char-
acterized by distinct species zonations, both along and across the estuary (e.g. Ysebaert et al.,
2002; Morris et al., 2002; van der Wal et al., 2017; Day et al., 2013; Fang et al., 2019).

Species diversity is known to be low in brackish environments and to increase towards
the marine and the freshwater realm (Figure 1.2A). In a typical channel cross-section (Fig-
ure 1.2B), the supra- and higher intertidal or higher floodplain areas are characterized by
emergent vegetation. The more dynamic lower intertidal and subtidal areas, comprise pio-
neer and submerged vegetation, sea grasses, and biofilms alternating with macrozoobenthic
organisms. While biofilms, induced by algae or bacteria, mussel beds and sea grasses stabi-
lize local sediments (Ward et al., 1984; Paterson, 1994) some macrozoobenthic organisms,
such as burrowing worms and crabs, are typical biodestabilizers (Le Hir et al., 2007; Cozzoli
et al., 2019).

In this thesis, I investigate the morphological impact of two important biostabilizers, salt-
marshes and microphytobenthos, and two macrozoobenthic biodestabilizers on estuarine
hydromorphology (Fagherazzi et al., 2004; Le Hir et al., 2007; Van der Wal et al., 2008).
These eco-engineers are characterized by their eco-engineering function and intensity, spe-
cific life-cycles and distinct habitat briefly described below.

1.3.1 Saltmarshes

Saltmarshes are the most abundant wetland type and inhabit many estuarine systems (Day
et al., 2013). They consist of halophytic or salt-tolerant vegetation species that cover inter-
tidal areas along boreal, temperate and tropical regions (Adam, 1993; Day et al., 2013). The
saltmarshes‘ roots bind and stabilize the local sediment while their above-ground biomass
directly reduces flow and wave strength, which promotes sedimentation (e.g. Leonard and
Luther, 1995; Allen, 2000). In addition to the enhanced deposition of minerogenic sedi-
ments, dense mature saltmarshes increase soil organic matter through root production. These
two processes allow them to locally enhance bed elevation and counteract local sea level
rise (Kirwan et al., 2016). Moreover, this organic accretion enhances carbon storage in

17



A)

B)

Figure 1.2: A) Species richness along the estuary (Whitfield et al., 2012). B) Typical eco-engineering species
grow within an estuarine cross-section (Day et al., 2013).
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marsh sediments, which makes saltmarshes a significant sink for bound atmospheric car-
bon (Mcleod et al., 2011; Morris et al., 2012).

Saltmarsh vegetation growth is defined at the interface between land and sea at a sensitive
equilibrium between local sea level rise, erosion, deposition, and subsidence (Silvestri and
Marani, 2004). While pioneer vegetation occupies the lower intertidal areas, successive less
stress-tolerant but more competitive saltmarsh species cover higher bed elevations (Pennings
and Callaway, 1992; Bertness and Pennings, 2002). Their distribution along the intertidal
gradient is defined by physical stresses, such as flow velocities and inundation period, but also
temperature, nutrient provision and salinity determine species selection and growth (Allen,
2000). Consequently, plant diversity increases from low to high salt marsh, leading to distinct
saltmarsh species productivity and pattern (Adam, 1993). As a result, species dominance
and zonation govern eco-engineering effects on flow and turbulence and result in varying
depositional patterns of sands and muds (Allen, 2000; Morris, 2006; Silvestri and Marani,
2004).

1.3.2 Microphytobenthos &macrozoobenthos

The benthic zone represents the lowest level of a body of water, including the sediment sur-
face and sub-surface layers, which are occupied by microorganisms and invertebrates (so-
called benthos) (Wilson and Fleeger, 2012). Although benthic organisms also occupy sub-
tidal environments, I here focus on species living in intertidal areas. Linked with their large
taxonomic and functional diversity, benthic organisms can have contrasting effects on the
erodibility of the sediment (Snelgrove, 1998; Le Hir et al., 2007; Van der Wal et al., 2008).

Microphytobenthos forms biofilms on top of muddy sediments by secretion of extracellu-
lar polymeric substances (EPS) that stick the sediment grains together (Paterson, 1994; van
de Koppel et al., 2001). As a result, they can enhance sediment stability of intertidal flats by
up to a factor of five (Le Hir et al., 2007). Sediment stability is reinforced when biofilms grow
and expand from spring to summer (Yallop et al., 2000; Le Hir et al., 2007; Van der Wal et al.,
2008). Their habitat is defined by sediment properties of the bed and inundation period, but
enlarges with increasing temperature, decreasing grazing pressure by macrozoobenthos or
shore birds, and reduced wave pressure (Yallop et al., 2000; Friend et al., 2003; Lucas et al.,
2003; Mathot et al., 2018).

Macrozoobenthic species are benthic invertebrates that occupy the bottom substrate of
rivers, estuaries and the ocean (Wilson and Fleeger, 2012). They come in a variety of sizes
from 1 mm to 20 cm at present and over one meter in the Late Carboniferous (Heip et
al., 1995; Snelgrove, 1998). Common taxa of macrozoobenthic organisms are Polychaeta
(worms), Crustacea (shrimps, crabs) and Mollusca (shellfish, snails) that have different func-
tions by which they affect their environment. For instance, mussel beds have the ability
to protect the bed from erosive currents and waves, whereas bioturbating species, such as
worms, enhance the erodibility of sediments by loosening it through their activities (Wid-
dows et al., 1998b; van Prooijen et al., 2011; Cozzoli et al., 2019). As a result, several species-
specific mechanisms can lead to modified sediment stability, such as (1) enhanced bottom
roughness through biogenic structures; (2) induced particle fluxes through biodeposition
and -resuspension or (3) reduced sediment erodibility through bioturbation (Le Hir et al.,
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2007). Moreover, macrozoobenthos grazes on biofilms, which leads to a reduction of the ef-
fect of microbenthic sediment stabilization (Herman et al., 2001). Despite the species‘ small
sizes, their large abundances and long term activity can have strong effects on the morpho-
logical evolution of the intertidal area (Volkenborn et al., 2007; Orvain et al., 2012a) and
affect nearshore geology (Widdows and Brinsley, 2002).

1.3.3 Ecosystem engineering across scales

The effect of biogeomorphological feedbacks on local and large morphologies depends on a
range of temporal and spatial scales and the feedbacks between them (Corenblit et al., 2011;
Allen et al., 2014; Schwarz et al., 2015b; Stallins and Corenblit, 2018) (see Figure 1.3). Hydro-
dynamic time-scales include hourly to daily variations while morphological adaptations can
act on much longer time-scales from years to centuries (e.g. Coco et al., 2013). Moreover,
eco-engineers modify their environment between hourly to decadal (and in case of forests
decennial) time-scales, depending on the species‘ life-cycle. For example, the mud shrimp
C. volutator was shown to be more active during immersion by the tide than at low tide
(Lawrie and Raffaelli, 1998). Seasonal microphytobenthos growth stabilizes the sediment on
weekly time-scales and vegetation establishment can lead to increasing vegetation densities
within years to decades (Allen, 2000; Herman et al., 2001; Friedrichs and Perry, 2001; Van
der Wal et al., 2008). Similarly, the spatial scale of eco-engineering ranges from millimeter
to kilometer scale. For example, single structures, such as one single plant stem or one bur-
row hole induce local turbulence that can promote local scour. These small-scale processes
do not affect sediment transport and morphology several meters away from the structures.
However, if multiple stems form plant patches, intermediate-scale effects on the flow emerge
that can lead to large-scale feedbacks with morphology through scale-dependent feedbacks
(Schwarz et al., 2015b). Hence, the sum of small- to intermediate-scale feedbacks can pro-
mote a system-scale response of the morphology and in turn affects land form evolution
(Murray et al., 2002; Erwin, 2008; Corenblit et al., 2011; Coco et al., 2013).

Large-scale morphologies are not only affected by individual eco-engineering but also by
the total eco-engineering effect of the estuarine ecosystem. Eco-engineering and ecosys-
tem structure and function are mutually dependent (Corenblit et al., 2011). While eco-
engineering can have both positive and negative effects on ecosystems, the net effect on
species richness is positive: diverse habitats created by eco-engineers can promote the estab-
lishment and growth of a variety of organisms (Jones et al., 1997; Emerson and Kolm, 2005).
This niche development is not only supposed to facilitate species richness in modern estuar-
ies but is also thought to be one major driver of species evolution (Jones et al., 1997; Crooks,
2002; Emerson and Kolm, 2005; Corenblit et al., 2011). In addition, species-specific traits and
internal ecosystem processes describe ecosystem and biodiversity dynamics. Species-specific
traits that include physical properties, growth and mortality, age structure and community
properties govern the dynamics of species populations and their abundance (Schwarz et al.,
2011; Corenblit et al., 2015; Schwarz et al., 2018). Internal processes, such as facilitation,
ecological succession and competition determine which species occupy the available habitat
(Corenblit et al., 2011). The evolving ecosystem structure determines biodiversity and niche
development. With species niches being engineered habitat patches, they increase ecosystem
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Figure 1.3: Eco-engineers and morphological features in estuaries depending on spatial and temporal scales
and their interactions (black arrows).

complexity at the landscape level and govern the evolution of terrestrial, fluvial and marine
landforms (Corenblit et al., 2011). Moreover, habitat heterogeneity at different spatial scales
is equally important for restoration actions (Vivian-Smith, 2001).

This ecological complexity can be upscaled by investigating functional groups of eco-
engineers that are characterized by similar eco-engineering behavior, such as vegetation,
biofilms and bioturbators (Cozzoli et al., 2018). Hereby, the concept of choosing a ‘key en-
gineer‘ representing a functional group of eco-engineers is useful. This means that we can
generalize eco-engineering of species communities by using a generic species representa-
tive for a variety of species with similar functional traits. By selecting the appropriate eco-
engineer in an estuary, we can generalize their large-scale eco-engineering effect. Moreover,
this assumption allows us to effectively investigate the impact of several co-occurring eco-
engineers through several functional groups. As a result, we are equipped with an effective
framework to investigate effects of biostabilizers, biodestabilizers and their combination on
the morphological development of estuaries.

1.4 Eco-engineering in the Paleozoic

Similar to the dynamics in modern estuaries, studies on the geology of the Paleozoic pro-
posed that the colonization of early land plants could have played a role in the geomor-
phic evolution of ancient landscapes (Schumm, 1968; Davies and Gibling, 2010; Gibling
and Davies, 2012; McMahon and Davies, 2018; Pawlik et al., 2020). Land plant evolution
involves the development of the first simple ancestral plants descending from green algae
in the Late-Ordovician (438-408 Ma) into increasingly complex phenotypes that developed
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roots (early Givetian 38-383 Ma) and seed habit (Late Devonian 360 Ma) and created exten-
sive forests from the Devonian onwards (Kenrick and Crane, 1997; Sánchez-Baracaldo et al.,
2017) (Figure 1.4). Based on fossil evidence, geological studies reconstructed how the earli-
est plants could have looked like and where they possibly occurred. While the earliest plants
are hypothesized to have occupied wet areas close to floodplains, the development of roots
allowed them to colonize higher and drier elevations (Meyer-Berthaud et al., 2013; Boyce
and Lee, 2017; Lu et al., 2019). Consequently, eco-engineering effects of early land plants
were potentially greatest on the morphology of riverine and coastal systems.

As a result, the evolutionary stages marking the development of the above traits possibly
led to varying eco-engineering effects and shaped the ancient estuarine landscape. Increasing
observations of soil formation and mud rock percentages from the Mid Ordovician onwards
indicate that plant evolution has played a major role in the accumulation of fine sediments
in terrestrial soils (Davies and Gibling, 2010; McMahon and Davies, 2018). Moreover, the
observation of geomorphic features in rivers, such as meandering and anabranching river
channels, with increasing vegetation coverages suggest that land plant evolution promoted
the development of new landforms (Davies and Gibling, 2010; Gibling and Davies, 2012).
Especially the development of roots was hypothesized to have significantly affected plant sur-
vival and geomorphic response (Davies and Gibling, 2010). However, most of the research
has been carried out in riverine landscapes making estuaries an understudied, yet important,
landform that potentially was shaped by the greening of the continents. As the junctions be-
tween the land and sea, estuarine morphology and evolutionary vegetation traits co-evolved
and are fundamentally linked to a varied range of geochemical cycles, and pass inference on
how global silicate weathering patterns may have varied over time.

1.5 Biogeomorphological modeling approaches

Numerical modeling is a convenient tool to disentangle interactions between hydro-morpho-
dynamics and ecological processes that are necessary to explain emerging patterns simi-
lar to those in nature (Kleinhans, 2010; Fagherazzi et al., 2012; Solari et al., 2016; Wiberg
et al., 2020). There exist a range of hydro-morphodynamic models parameterizing eco-
engineering species on varying spatial and temporal scales (e.g. Le Hir et al., 2007; Coco
et al., 2013; Mariotti and Canestrelli, 2017; Schwarz et al., 2018). However, large-scale mor-
phological effects are usually either simplified in terms of the included sedimentation and
erosion formulations or their representation of eco-engineers (Fagherazzi et al., 2012). Be-
sides, due to the complexity of ecosystems, the combination of a variety of functional groups
of eco-engineers in large-scale hydro-morphodynamic models has not yet been attempted.
Below, I briefly introduce the state of the art of biogeomorphological models and their lim-
itations, why we require more sophisticated ecological representations and what questions
we will be able to answer using a novel modeling framework.

To improve our process understanding within large scale morphological systems, we can
nowadays work with sophisticated hydro-morphodynamic model packages that solve flow,
sediment transport and morphology in two or three dimensions (Fagherazzi et al., 2012; Baar
et al., 2019). Some of these models include ecological representations of eco-engineering or
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Figure 1.4: Fluvial geomorphic features observed in the geological record along geological time-scales com-
pared to the evolution of land plant traits (adapted from Gibling and Davies (2012) with permission).

species occurrence. Saltmarshes have been subjected to extensive study as they are of high
economical value by regulating coastal disturbances and enhancing water and sediment re-
tention (Costanza et al., 1997). However, most existing studies simplified the processes and
feedbacks between saltmarsh and hydromorphology (Fagherazzi et al., 2012), sedimentation
and erosion processes (e.g. Rodríguez et al., 2017) or coupling between saltmarsh and hydro-
morphology (Temmerman et al., 2007; Best et al., 2018). Microphytobenthos and macro-
zoobenthos effects on sediment erosion have been studied extensively in field and flume
studies (e.g. Le Hir et al., 2007; Cozzoli et al., 2019). So far, numerical modeling studies have
either been restricted to small or medium spatial scales or investigated the effects of one or
two key species (e.g. Le Hir et al., 2007; Orvain et al., 2012a; Borsje et al., 2014). As a result,
we lack sophisticated large-scale models that capture the effect of benthic eco-engineers and
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their combination with vegetation on the evolution of estuarine morphologies.
In order to investigate eco-engineering effects on the morphological evolution of estuar-
ies, we require model parametrizations that cover the reciprocal interactions between eco-
engineering activity, mud distribution and hydro-morphological response (Murray et al.,
2008). Moreover, species distributions need to be predicted based on a range of environ-
mental parameters that define their habitat (Silvestri et al., 2005) and species growth and
establishment require detailed rules representing seasonality and aging. Such a model has
recently been developed for rivers by Van Oorschot et al. (2017), which parametrizes ripar-
ian tree establishment, growth, mortality and aging in response to environmental parameters
and at the same time computes the eco-engineering effects of the vegetation on the hydro-
morphodynamic processes.

To understand how eco-engineers contribute to the evolution of estuarine morphology, I
developed a novel eco-morphpodynamic model based on Van Oorschot et al. (2017) that can
represent the distribution and effect of several eco-engineering species. First, I developed a
novel saltmarsh model that accounts for detailed vegetation establishment, growth, mortality
as well as eco-engineering effects. The novel model can predict where saltmarshes and its life-
stages establish and grow and therefore allows us to study the emergence and disappearance
of vegetation under various conditions and drivers. Second, the model was extended to pre-
dict the occurrence of micro- and macrozoobenthic organisms and their effect on the erodi-
bility of mud. The dense update between eco-engineers and hydromorphology accounts for
instant biogeomorphological responses to changes in abiotic or biotic parameters. In addi-
tion, the wide-ranging applicability of the model led to the parameterization of stages of land
plant evolution in the Paleozoic. For the first time, this novel eco-morphodynamic model
allows the study of a combination of biostabilizers and -destabilizers on large-scale estuar-
ine morphology. Hereby, both the response of the morphology and of the eco-engineering
species can be investigated in conjunction. As a result, we are able to study the role of eco-
engineering effects and species-specific traits in forming past, present and future estuarine
landscapes.
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1.6 Research questions and thesis outline

From the knowledge we obtained so far, several specific research questions emerge that will
be addressed in the following chapters. An overview of the thesis set-up is illustrated in
Figure 1.5.

Starting off with the description and validation of the developed eco-morphodynamic
model, Chapter 2 parameterizes saltmarsh vegetation in both a bar-scale and a large-scale
morphodynamic model of the Western Scheldt estuary. The chapter quantifies how well salt-
marsh is predicted by the model and investigates the following questions about eco-engineer-
ing effects:
1. How well can we predict saltmarsh establishment from literature-based rules for establish-

ment, growth, and mortality, and how important are eco-engineering effects for the salt-
marsh pattern?

Thereafter, the morphological effect of saltmarsh and microphytobenthos in dynamic es-
tuaries is analyzed, more specifically their impact on mud layer formation. Chapter 3 further
elucidates whether mud sedimentation determines saltmarsh establishment, or vice versa.
2. How do saltmarsh and microphytobenthos growth affect mud layer thickness in large-scale

estuarine morphologies, and does mud or vegetation occur first?
After investigating large-scale effects of generic saltmarshes, effects of several saltmarsh

species on tidal channel formation at the marsh-scale were studied in Chapter 4. Effects of
single and multiple species marshes were tested as well as the effect of species shifts to answer
the following question:
3. How do saltmarsh species assemblages and associated life-history traits determine tidal

channel emergence and what is the effect of species shifts on tidal channel morphology?
In addition to the effects of biostabilizers on morphology, effects of biodestabilizers are

investigated in Chapter 5. The impact of two macrobenthic eco-engineers on estuarine mor-
phology is studied and combined with microphytobenthos to shed light on the effects of
benthic species communities on morphology, in particular:
4. How do generic macrozoobenthic biodestabilizers, microphytobenthos and their combina-

tion affect large-scale estuarine mud distribution and morphology and how is their distri-
bution affected by sea level rise?

Greening of the continents throughout the Paleozoic was accompanied by the evolution of
specific plant traits inducing eco-engineering effects that potentially affected estuarine mor-
phology. Chapter 6 elaborates on the question
5. To what extent were evolutionary stages of land plants able to eco-engineer Paleozoic estu-

aries and determine estuarine mud content and morphology?
To synthesize the findings and put them into context with current and future research,

Chapter 7 discusses the outcomes. First, the effects of eco-engineers and communities on the
evolution of large-scale morphology are discussed and complemented by additional model
results. Second, the insights from the eco-morphodynamic model make it possible to pre-
dict how potential species shifts and habitat degradation may influence the future evolution
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Figure 1.5: Thesis overviewwith system representation of hydromorphology and ecosystem as the core of this
thesis. The colorful squares represent each chapter and the investigated species and processes (MPB: micro-
phytobenthos; MZB: macrozoobenthos; SLR: sea level rise.

of estuarine morphology. Hereby, I conceptualize a potential shift towards biostabilizer- or
biodestabilizer-dominated estuaries:
6. How will species shifts towards biostabilizer- or biodestabilizer-dominated systems affect the

morphological development of estuaries?
Briefly, I touch upon the increasing threat posed by microplastic pollution in estuaries

and the potential feedback loop between microplastic occurrence and eco-engineering ef-
fects. Finally, new insights derived from the novel modeling framework are discussed. I
conclude with recommendations for future research in the field of biogeomorphology before
summarizing the main thesis conclusions.
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Chapter 2

Saltmarsh establishment and eco-engineering effects in dynamic estu-
aries determined by species growth andmortality

Growth conditions and eco-engineering effects of vegetation on local conditions in coastal en-
vironments have been extensively studied. However, interactions between salt marsh settling,
growth, and mortality as a function of hydromorphology and eco-engineering lack sufficient
understanding to forecast morphological development of dynamic systems. We predict salt
marshestablishmentwith anecomorphodynamicmodel that accounts for literature-based sea-
sonal settling and life-stage-dependent growth and mortality of a generic salt marsh species.
The model was coupled to a calibrated hydromorphodynamic model of an intertidal bar and,
on a coarser grid, to the entire Western Scheldt estuary. To quantify the importance of eco-
engineering effects we compared the dynamic model results to a static model approach. The
ecomorphodynamicmodel reproduces spatial pattern, cover, and growth trends over 15 years.
Themodeled vegetation cover emerges from the combination of a positive and a newnegative
eco-engineering effect: vegetation reduces tidal flow strength facilitating plant survival while
the developing salt marsh increases the hydroperiod, which limits large-scale marsh expan-
sion. The reproduced spatial gradient in vegetation density by ourmodel is strongly correlated
to their life-stages, which underlines the importance of age-dependence when modeling veg-
etation and for predictions of the stability of the marsh. Upscaling of the model to the entire
estuary on a coarser grid gives implications for grid size-dependent modeling of hydrodynam-
ics and vegetation. In comparisonwith staticmodel results, the eco-engineering effects reduce
vegetation cover, showing the importance of vegetation dynamics for predictions of saltmarsh
growth.

Published as: Muriel Z. M. Brückner, Christian Schwarz, Wout M. van Dijk, Mijke van Oorschot, Harke
Douma, and Maarten G. Kleinhans (2019), Salt Marsh Establishment and Eco-Engineering Effects in
Dynamic Estuaries Determined by Species Growth and Mortality. Journal of Geophysical Research:
Earth Surface, 124. https://doi.org/10.1029/2019JF005092 .
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2.1 Introduction

Vegetation-landform interactions play a key role in shaping terrestrial-aquatic boundaries
in fluvial and coastal environments (e.g. Jones et al., 1994; Temmerman et al., 2005a; Tem-
merman et al., 2007; Mariotti and Fagherazzi, 2010; Kirwan et al., 2016; Kleinhans et al.,
2018; Schwarz et al., 2018). Salt marshes situated along the worlds temperate coasts are
prominent examples resulting from vegetation-landform interactions. Their above-ground
biomass, such as stems and leaves, reduces flow velocities, dissipates wave energy and pro-
motes sedimentation (Stevenson et al., 1986; Reed, 1990; Leonard and Luther, 1995; Silvestri
and Marani, 2004; Morris, 2006; Möller et al., 2014; Kirwan et al., 2016). Increasing rates of
sea level rise and increasing vulnerability of populated coastal areas urgently require better
understanding of how salt marshes shape coastlines and estuaries (Miller, 1987; Kirwan et
al., 2010). This necessitates a better understanding of factors determining salt marsh estab-
lishment, growth and mortality.

Salt marshes maximize their chance of survival by adaptation to their environment across
different spatial and temporal scales (Holling, 1973; Corenblit et al., 2015). At the scale
of patches, physical plant properties, such as stem rigidity, -height, -diameter and –density
mainly determine the effects of vegetation on flow and sediment transport through flow re-
sistance. This, in turn, alters the environment for the species, which is called eco-engineering
effects (Jones et al., 1994). As flow reduction within patches increases the settlement of sus-
pended particles between plant stems and leaves, an increase in bed elevation through sed-
imentation of suspended organic and mineral sediments is promoted (Reed, 1990). Since
increased elevation reduces inundation stress, these processes were previously referred to
as local, or small-scale, positive eco-engineering effects (Bouma et al., 2009a). At the same
time, salt marsh plants can facilitate channel formation through erosion between salt marsh
patches shaping the drainage network of the entire marsh (Temmerman et al., 2007; Schwarz
et al., 2015a) and can lead to large-scale self-organization of the system (Van de Koppel et
al., 2012). The necessity to model such systems on the reach scale is also demonstrated for
fluvial systems that show similar positive and negative eco-engineering effects, wherein veg-
etated bars and floodplains affect channels and floodplains over much larger distances than
the scale of patches through backwater effects (Van Oorschot et al., 2016; Kleinhans et al.,
2018). The intensity of these processes is strongly dependent on the density of the vegetation
(Leonard and Luther, 1995; Van Wesenbeeck et al., 2008) and vegetation growth (Bouma et
al., 2013). Physical plant properties of salt marshes, located in temperate regions, show sea-
sonal variations in biomass, characterized by seedling germination in spring, peak biomass
at the end of summer and senescence in winter (Morris et al., 2002; Ibáñez et al., 2012).
With such dynamic vegetation development, the magnitude of eco-engineering effects will
not only change through space but also undergo considerable change throughout the growth
season and between years.

Before the eco-engineering effects can occur, initial settling and establishment of salt marsh
take place. In particular seedling survival requires periods with lower disturbance to allow
sufficient root growth to withstand pressures such as currents or waves (Balke et al., 2014;
Cao et al., 2018). In general, settling, growth and mortality are species-specific functions
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of environmental conditions and life stage-dependent stress tolerance to inundation, des-
iccation, flow velocity, scour and burial (Friedrichs and Perry, 2001; Fagherazzi and Sun,
2004; Van Hulzen et al., 2007; Bouma et al., 2013; Schwarz et al., 2018). Seedling survival
was shown to be mainly influenced by the combination of burial, erosion and flow velocity
(Willemsen et al., 2018; Wang and Temmerman, 2013) while survival of mature plants was
shown to be mainly influenced by inundation time expressed in either flooding frequency or
hydroperiod (Reed, 1990; Morris and Haskin, 1990; Mendelssohn and Morris, 2002; Morris
et al., 2002; D’Alpaos et al., 2006; Hughes et al., 2012; Balke et al., 2016). Inundation time and
mature salt marsh development depend on environmental factors such as daily to fortnightly
variations in the tide and annual water level variations (Chapman, 1964; Morris et al., 2002;
Silvestri and Marani, 2004; Mudd et al., 2004; Suchrow and Jensen, 2010).

Salt marsh response to future changes likely depends on the dynamics of the morphol-
ogy. In systems with little morphological change on a timescale of decades to centuries, the
potential for a salt marsh to keep up with sea level rise depends on fine sediment supply (Kir-
wan et al., 2010). However, the feedback between vegetation dynamics and eco-engineering
response remains poorly understood. While the abiotic properties alone could be used to
predict locations where salt marshes will establish, this ignores the feedback between the
salt marsh and abiotic stressors, i.e. the eco-engineering effects. Recent research conducted
in the Western Scheldt estuary, the Netherlands, showed that the border between the high
biomass high marsh and low biomass pioneers zone can be found at a relative inundation
period of around 0.45, which was shown to be applicable to Dutch as well as to North Amer-
ican salt marshes (Van Belzen et al., 2017). This empirical threshold is not only the result of
the individual plant properties, but also of the modifications of the abiotic conditions by the
salt marsh. In other words, the survival of plants depends on abiotic spatial and temporal
variables (i.e. water levels, sediment supply, salinity) that in turn are affected by vegeta-
tion distribution and collective plant characteristics of the life-stages of all species present
(Cowles, 1911; Bouma et al., 2005; Wang and Temmerman, 2013). We aim to disentangle
the interaction between vegetation establishment, growth, mortality on the one hand and of
specific eco-engineering effects on salt marsh establishment on the other hand. In particular,
we study a dynamic estuarine environment where salt marsh established only recently and
conditions are well-described. This will contribute to a better understanding and system-
scale predictability of initial colonization of pioneer vegetation on bare tidal flats and for
managed realignment projects.

To address this objective, a numerical model is needed that incorporates the above-mention-
ed interactions between flow, morphology and vegetation over time and space, further re-
ferred to as eco-morphodynamic model. Past work addressed only part of the processes
and feedbacks; for instance some models consider vegetation flow interactions but model
spatial vegetation establishment as constant vegetation biomass determined by tidal bench-
marks, such as inundation period or bed elevation (e.g. Mudd et al., 2004; D’Alpaos et al.,
2006; D’Alpaos et al., 2007; Marani et al., 2010; D’Alpaos, 2011), further referred to as static
establishment approach. Others include detailed interactions between vegetation flow and
inundation time but oversimplified vegetation-induced sedimentation and erosion (e.g. Ro-
dríguez et al., 2017). In long-term modeling, growth and seasonality are usually simplified,
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where the salt marsh development is updated yearly or quarterly (e.g. Temmerman et al.,
2007; Rodríguez et al., 2017; Best et al., 2018), or a factor is introduced accounting for re-
duced biomass in winter (Mudd et al., 2004; Best et al., 2018). Simplified bathymetries, hy-
drodynamics and sediment transport computations limit the development of natural vegeta-
tion response in all these models and the adaptation of the plants resilience with aging from
seedling to mature life-stages has not been accounted for in any eco-morphodynamic model
so far.

Here we apply a new eco-morphodynamic model framework, able to simulate spatio-
temporal salt marsh development based on detailed interactions with hydrodynamics, sed-
iment transport, field morphology and -forcings. Vegetation parameters, e.g. growth and
mortality, are literature-based, season-dependent and age-, or life stage-dependent, which
will allow local and far-field eco-engineering effects to emerge from frequent coupling to
the hydro-morphodynamics. We test the ability of this new eco-morphodynamic model to
predict salt marsh development on both an intertidal bar and on the entire Western Scheldt
estuary, for which detailed field data for validation are available.

2.2 Methods

To determine the main processes that govern salt marsh establishment in dynamic systems
we investigated an intertidal bar, located in the Dutch part of the Western Scheldt estuary,
south-west of the Netherlands, as a reference case. For the Western Scheldt, a wide range of
monitoring data (bed elevations and vegetation distribution) are available, allowing valida-
tion of model results for several years of salt marsh establishment and growth including the
feedbacks with the morphological development.

We developed a new eco-morphodynamic model consisting of a dynamic vegetation model
which is coupled with a hydro-morphodynamic model (HM-model). The dynamic vege-
tation model was originally developed by Van Oorschot et al. (2017), as a dynamic model
for riparian trees and herbs. Here we extended the dynamic vegetation model for generic
salt marsh growth and mortality for two life-stages and implemented a coupling interval
with the HM-model every tidal cycle of the dominant M2-tide. Every coupling the hydro-
morphodynamic calculations were used as input for the dynamic vegetation model, which
updated the spatial vegetation distribution. The new vegetation distribution was fed back
into the HM-model as a hydraulic roughness and an extra drag term. As a result, we cap-
tured the feedback-loop between vegetation dynamics and morphology on dense temporal
scales that allowed for a detailed study of the co-occurring processes.

2.2.1 Site description

The investigated intertidal flat is a 4 km long bar located in the 160 km long Western Scheldt
estuary, the Netherlands (Figure 2.1). The dynamic tidal bar of Walsoorden experienced
recent salt marsh establishment starting from the 1990’s and has been intensively studied
for understanding its bed form patterns, morphological, habitat and salt marsh development
and macrobenthic dynamics (Van der Wal et al., 2008; Plancke et al., 2010; Van der Wal et al.,
2011; Van der Wal and Herman, 2012; Cleveringa, 2014; De Vet et al., 2017).
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Figure 2.1: Location of the tidal bar of Walsoorden in the Western Scheldt estuary located in the south-west
of the Netherlands. The numerical grid is decomposed into two domains to increase numerical efficiency. The
white rectangle outlines the coarser outer grid and the blue rectangle outlines the bar of Walsoorden covered
by a finer grid.

The Western Scheldt estuary is a tide-dominated, meso- to macro-tidal estuary with an
upstream increasing tidal range from 3.8 m at the mouth to 5.2 m near the city of Antwerp
(Meire et al., 2005). The importance of wave forcing on morphology is gradually exceeded by
the effects of tidal currents from the mouth towards the meso-haline part of the estuary (Hu
et al., 2018). The estuary has been impacted by dredging and dumping since the 1970’s (Van
Damme et al., 1999). The dredging activity in combination with local sea level rise is thought
to have caused higher bars and steeper bar margins and caused the intertidal zone in the
estuary to constantly decrease in dimensions (De Vriend et al., 2011; van Dijk et al., 2019a).
The marshes in the Western Scheldt persisted because of their fast adaptation to changes
in the hydrological regime (Van Damme et al., 2001; Temmerman et al., 2005b; Wang and
Temmerman, 2013). The salt marshes are dominated by the pioneer species Spartina anglica
and Salicornia ssp.. At later succession stages Aster tripolium and in brackish salt marshes
Scirpus maritimus are becoming dominant (De Vriend et al., 2011).

The study site, the tidal bar of Walsoorden, is located in the meso-haline part of the estuary
around 50 km land inwards from the mouth between an ebb and flood channel of the Western
Scheldt estuary (Figure 2.1). It consists mainly of sandy sediments of 50-150 μm with less
than 10% mud content (Van Eck, 1999). Ecotope maps were collected on a multi-annual basis
to monitor locations of salt marshes (between high water and spring tide), bare tidal flats
(between low and high water), and open water (shallow and deep) based on aerial imagery
and relative bed elevation (Van Damme et al., 2001). For our analysis and comparison to
the model results we simplified our map to the relevant morphological classes present in
the ecotope maps (Figure 2.2), which are bare soil (with one class for sediments classified as

33



a) b)

Open water
mud
sand
sparse vegetation
dense vegetation

low-dynamic soft substrate in shallow sublittoral
high-dynamic fine sand littoral
high-dynamic soft sediment
low-dynamic fine sand low littoral
low-dynamic fine sand middle littoral
low-dynamic fine sand high littoral
low-dynamic soft sediment supralittoral
high-dynamic soft sediment supralittoral
low-dynamic muddy middle littoral
low-dynamic muddy high littoral
sparse pioneer vegetation
dense salt marsh

Figure 2.2: Ecotopes of the bar of Walsoorden of 2010 mapped by the Dutch Water Authorities. In (a) the
originalmorphological classes are displayedwith a distinction between high- and low-energetic environments,
littoral classes along bed elevation, and salt marsh cover. Based on these classes we determine classes that
includedeither vegetationor bare soilwithbare soil being further classifiedby sediment type into eithermuddy
sediments or sandy sediments (b). For our analysis we compare our results to (b).

muddy), ”sparse/pioneer” vegetation and ”dense/mature” vegetation distinguished by high
and low coverage (dense: > 50% and sparse: <50%).

In 1996, patches of the pioneer species Spartina anglica and Salicornia ssp. were observed
for the first time by Stikvoort (1996) and over time led to the development of a mature salt
marsh on the bar of Walsoorden (Cleveringa, 2014). The strongest increase in pioneer veg-
etation occurred between 2004 and 2008, which coincides with reduced high water levels
between 2001 and 2005 (Balke et al., 2014). At the same time, dredging and dumping were
started nourishing the area around the bar with little effect on ecology (Van Der Wal et al.,
2005; Ides et al., 2007; Van der Wal et al., 2008; Van der Wal et al., 2011). Overall, a steep-
ening of the bar margins with an increase in average bed elevation since 2001 was observed
(Cleveringa, 2014; De Vet et al., 2017). This combined development of bed accretion and in-
crease in vegetation cover gives the opportunity to gain insights into the factors that control
successful salt marsh establishment of pioneer species characteristic for NW-Europe.
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2.2.2 The eco-morphodynamic model set-up

Our dynamic vegetation model was coupled to a depth-averaged two-dimensional hydro-
morphological model in Delft3D (version 4.01.00), a code that solves the shallow water equa-
tions (Lesser et al., 2004; van Dijk et al., 2019b). As sediment transport predictor we used
Van Rijn (2004) as implemented in Delft3D (van Dijk et al., 2019b). The morphodynamics
are included by solving the advection-diffusion equation for suspended sediment based on
reference concentration and capacity transport for bed load combined with mass conserva-
tion (see Lesser et al. (2004) for more detail). The interaction between vegetation and flow is
realized by the existing trachytope module in Delft3D, which calculates an average flow re-
sistance in each grid cell from the present fractions of vegetation, and their properties, based
on the Baptist-equation (Baptist et al., 2007).

The sub-domain of the hydro-morphodynamic (HM) model is taken from a model of
the Western Scheldt (Nederlands-Vlaams (NeVla) or Dutch-Flemish model) that was im-
plemented in Delft3D, hydrodynamically calibrated (Maximova et al., 2009b; Maximova et
al., 2009a; Vroom et al., 2015) and later optimized for morphology (Grasmeijer et al., 2013;
Schrijvershof and Vroom, 2016). For investigating the intertidal bar at a higher grid resolu-
tion, the hydro-morphodynamic domain was decomposed into two domains to reduce com-
putational time while allowing for accurate hydrodynamic and vegetation computations. The
outer domain comprises of grid cell size up to 180 m. We applied the vegetation modeling
on the area of interest on a refined inner grid (down to 16 m cell size) that covers the entire
shoal and partly the adjacent channels (see Figure 2.1). Our hydrodynamic time-step was 6 s
to allow for stable simulations. To test the possibility for upscaling we also used the original
coarser, computationally cheaper, NeVla-model grid for the region from the mouth to the
Dutch-Belgian border (see blue-red area in Figure 2.1).

The boundary conditions of the outer domain were time-series of seaward water level mea-
surements and landward discharge measurements in the Western Scheldt in 2013 (van Dijk
et al., 2019b). Consequently, most tidal constituents, wind and wave surges, and seasonal
discharge variations were captured in the boundaries. However, waves were not solved in
the model as the Western Scheldt is a tide-dominated system (Davis Jr and Hayes, 1984)
and a small fetch leads to limited wave effects on the tidal bars (Hu et al., 2018). To solve
the problem of fitting the tidal period in an integer number of days (Duran-Matute and
Gerkema, 2015), we compressed the period of the dominant M2-tide to 12 hours, which
led to a reduced forcing period of each water level by 3%. That way we were able to couple
our vegetation model each tidal signal, leading to an ecological time-step (ETS) of 12 hours
of hydrodynamics. This step was an important prerequisite to provide continuous forcing
for each vegetation computation that included the entire variation along one M2-tide and at
the same time allowed to upscale the model to morphological time-scales.

From the boundaries we chose four representative spring-neap cycles (i.e. MHW, MW
and MLW are in the same range as for the entire year) that we upscaled to four morpholog-
ical years using a morphological acceleration factor of 24. The morphological acceleration
factor multiplies the morphological computations by a factor to accelerate morphological
development compared to the hydrodynamic forcing (Lesser et al., 2004). As a result, we
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assume that one tidal signal (here now 12 hours) roughly represents one spring-neap cy-
cle in morphological time (12 days). We apply 28 tidal signals per morphological year to
fit the water levels of an entire spring-neap cycle into each year (14 days of hydrodynamic
boundaries). Consequently, one morphological year is represented by one spring-neap cycle
of hydrodynamic boundaries. As morphological and ecological time were directly coupled,
this resulted in 28 vegetation updates each morphological year. The four spring-neap cycles
led into four morphological, or ecological, years for each scenario with a total simulation
time of 56 days of hydrodynamic boundaries. For our longer calculations we repeated the
prescribed boundary conditions and ran 15 morphological years, which was similar to the
period for which field data were available.

The hydrodynamic model computes water levels and flow velocities through mass and
momentum conservation. With each ecological update, the settlement locations and surface
fractions of the vegetation and the physical properties (height, stem diameter, density) were
fed back into the HM-model. All life-stages in a grid cell were combined into a single Chézy
coefficient C for each cell and used for the calculation of an additional drag term λ

2 u
2 [m/s2]

in the momentum equation:
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λ [1/m] is calculated based on the relative change in velocity, which depends on the water
depth h [m], vegetation height hv [m] and net bed roughness C [

√
m/s]:
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h
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√

m/s] is real bed roughness, CD [-] the bulk drag coefficient accounting for
leaves and branches of the plant, and n [m/m2] plant density multiplied by stem diameter. C
is defined for the case of emerged or submerged vegetation as
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2g
, if h ≥ hv (2.3a)

Cb , if h < hv (2.3b)

with g = 9.81 [kg/m2] gravity and κ = 0.41 [−] von-Kármán constant. For simplicity we
chose 1 and 1.1 for CD for juveniles and mature life-stage, respectively, approximating the
plants as smooth rigid cylinders (Baptist et al., 2007). From equations 2.2 and 2.3 it is obvious
that the seasonal changes of plant height and stem diameter allow for a detailed temporal
and spatial representation of the vegetation growth that to-date has not been included in
numerical modeling of salt marsh vegetation.
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To compute the total vegetation effect in each cell, both C and λ are weighted by the frac-
tion of the cell that is covered by the vegetation. For the computation of several vegetation
fractions within one cell the average weighted values are computed as

Ctotal =
∑

i
fiCi (2.4)

and
λtotal =

∑
i

fiλi (2.5)

where fi is the according vegetation fraction.
Equation 2.3 has been derived for plants that cover a significant cross-section of the wa-

ter column that allows for a constant velocity field within the vegetation. This requirement
allows for a straightforward separation into one part of the flow parameterized by the vege-
tation and the logarithmic profile above the vegetation in case of submerged vegetation. Our
salt marsh vegetation has a minimum stem height of 10 cm, which fulfils this requirement.
Moreover, flexible and leafy vegetation properties can only partly be captured by the bulk
drag coefficient. Through the computed drag term in the momentum equation, the vegeta-
tion properties have a direct effect on the computations of flow velocity, sediment transport,
and morphology.

2.2.3 The dynamic vegetation model

Our dynamic vegetation model consists of different vegetation modules divided into col-
onization, growth and mortality that parametrize a dynamic, i.e. temporally and spatially
varying, generic salt marsh species by several literature-based vegetation rules (Figure 2.3).
The interacting processes cause a temporal-physical plant variation by growth and temporal-
spatial dynamics induced by mortality. The dynamic vegetation model is based on the ripar-
ian vegetation model of Van Oorschot et al. (2017) but the intra-annual salt marsh growth and
treatment of the periodic tides is novel, as previous studies simplified the hydro-morphodyna-
mic stresses by the periodic tides (Lokhorst et al., 2018; Kleinhans et al., 2018).

Colonization, growth, and aging

Seedling establishment occurs at the second ecological time-step of each ecological year. The
spatial distribution of the seedlings is based on the mean of the computed water levels in the
HM-model for the precedent ecological time-step. A cell was defined as flooded when the
water depth within one ETS surpassed 0.02 m to account for soil saturation and evapotran-
spiration (Hughes et al., 2001; Miller and Zedler, 2003). The cells that were flooded and
subsequently dried again are determined as locations where seeds establish. This method is
based on the assumption that seeds are dispersed by the tide, which is the main reproduction
strategy of fast-colonizing pioneer marsh vegetation such as Spartina anglica and Salicornia
ssp. (Schwarz et al., 2018). The vegetation is assigned to the cells by the means of an initial
fraction of a maximum density for pioneer salt marsh that was typically found in literature
(Table 2.1).
We assume a generic perennial pioneer species, based on Spartina anglica and Salicornia ssp.,
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Figure 2.3: Overview of the feedback mechanisms in the eco-morphodynamic model. Colonization settles
plants with an initial vegetation fraction, height and diameter. With time the plant size increases while the frac-
tion of each plant covering the grid cell will be reduced by themortality. The total vegetation resistance follows
from averaging the plant cover in each cell. The arrows indicate a direct transfer of information between the
vegetation and the hydro-morphodynamic computations. Indirectly, all processes affect each other through
the feedbacks between modification of the entire flow field and morphological development.

whose underground biomass survives in winter and regrows in the subsequent year. Tussock
and patch formation smaller than the grid resolution was ignored here. The physical plant
properties of the modeled salt marsh vegetation are determined by its growth function which
incorporates seasonal plant dynamics (Ibañez et al., 1999). Seasonal dynamics are expressed
in the variables that change within one or several years of plant growth, i.e. shoot height,
root length and stem diameter (see Table 2.1). The vegetation settles in the beginning of the
growth season (at time t1) and grows linearly with time to a maximum height and stem di-
ameter (at time t2). Between t2 until the end of the growth season (at time t3) both remain
constant. Belowground biomass is calculated as linear growth of the root between t1 and t3

until the maximum root length. With the end of the growth season (at time t3) we assume
a reduction in stem height to include decay and standing dead biomass of the plant. Root
length and diameter remain constant.
The patches that survived the first year age into a different life-stage, from seedling to mature
vegetation. For mature vegetation a different growth function is defined that allows them to
grow larger and defines a larger bulk drag coefficient to account for leaves. The existence of
multiple life-stages in one single grid cell is possible, where the maximum sum of all vege-
tation fractions in one cell equals one. A fraction represents the relative space in a grid cell
covered. The generic salt marsh species is defined for all life stages by the values in Table 2.1.
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Table 2.1: Physical parameters of the generic saltmarsh vegetation type based on a combination between Spartina
anglicaandSalicornia ssp.. t1, t2 and t3 areonset of growth season, onset ofmaximumbiomass in summerandonset
of reduced biomass inwinter. The seedling-stage changes intomature vegetation after year 1with amaximum total
age of the plant of 20 years.

Generic species unit t1 t2 t3
Seedling stage (1 year)
plant heightc,e [m] 0.1 0.6 0.3
stem diameterd [m] 0.005 0.01 0.01
root lengthb,e [m] 0.05 0.2 0.2
plant densitya [stems/m2] 500 500 500
bulk drag CD [-] 1.0 1.0 1.0
bed roughness Cb [

√
m/s] 25 25 25

Mature vegetation (19 years)
plant heighta,c,d [m] 0.5 1.0 0.5
stem diametera [m] 0.01 0.01 0.01
root lengthc [m] 1.0 1.0 1.0
plant densitya [stems/m2] 600 600 600
bulk drag CD [-] 1.1 1.1 1.1
bed roughness Cb [

√
m/s] 25 25 25

Note. aBouma et al. (2013), bCooper (1982), cDavy et al. (2001)
dNehring and Hesse (2008), ePoppema et al. (2017)

Mortality

While the growth rules define the temporally changing physical plant properties in their ini-
tial locations (Figure 2.3), the mortality functions determine spatially-explicit vegetation re-
moval based on Van Oorschot et al. (2016). We account for plant mortality linked to three
types of pressures supplied by the HM-model: (i) drowning by hydroperiod, (ii) uprooting
due to high tidal flow velocities, and (iii) burial and scour through erosion and sedimenta-
tion (Figure 2.3). For the hydrodynamic stressors (i-ii) we use a linear dose-effect relation
where the mortality rate increases with increasing pressure:

mortality fraction =


0, if pressure < min. threshold (2.6a)
m(x − b), if min. threshold < pressure < max. threshold (2.6b)
1, if pressure max. threshold (2.6c)

m is the slope of the linear function, x the stressor strength and b the intercept. Linear mor-
tality was chosen as it represents the plant’s resilience to beginning pressures (Holling, 1973).
The inundation thresholds are the same for both life stages, but velocity resilience increases
with age (Cao et al., 2018). We chose the 95th percentile of the maximum flow velocity of
each tidal cycle as the representative velocity for plant mortality to avoid unrealistically high
velocities at very small water depths due to numerical effects. Thresholds and derivation
were taken from literature and estimated based on empirical studies (see Table 2.2).

In contrast to a gradual mortality rate for hydrodynamic pressures, the morphological
pressures of burial and scour are assumed to be fatal to the entire plant fraction if the critical
length lcrit of the root or the shoot is exceeded by the erosion or sedimentation rate, respec-
tively (eq. 2.7a and 2.7b). The critical root length is defined as 10% of the root, while the
critical shoot length is 100% of the shoot. As root length is growing with time, the resilience
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Table 2.2: Mortality parameters of our generic saltmarsh vegetation species. The
values are based on a combination between Spartina anglica and Salicornia ssp..
The seedling-stage changes intomature vegetation after year 1with amaximum
total age of the plant of 20 years.

Generic species min. threshold max. threshold
Seedling stage (1 year)
inundation periodb 0.3 0.45
uprooting 0.25 m/s 0.4 m/s
Mature vegetation (19 years)
inundation periodb 0.3 0.45
uprootinga 0.4 m/s 0.56 m/s
Note. aBouma et al. (2013) bVan Belzen et al. (2017)

of the plant against scour increases with age, but resilience against burial changes with the
seasonal variations of the shoot length. Mortality is calculated as:

plant fraction =
{ plant fraction, if lcrit ≥ erosion or sedimentation rate (2.7a)

0, if lcrit < erosion or sedimentation rate (2.7b)

for which Table 2.2 summarizes the mortality parameterization.

2.2.4 Scenarios

We performed four steps (Table 2.3). For all scenarios intertidal area is defined as bed eleva-
tions above mean water.

First, we analyzed the performance of the eco-morphodynamic model nearly indepen-
dently of the quality of long-term morphological modeling. To this end, the eco-morphodyna-
mic model was run for four years on three different initial bathymetries derived from data
in 2000, 2006, and 2011. These models are further referred to as vegetation- or V-scenarios
compared to reference scenarios without vegetation, further referred to as R-scenarios. These
specific years are compared to the available ecotope maps in 2004, 2010 and 2015, which span
the development from sparse to dense salt marsh on the tidal bar. We kept our water level
boundaries the same for all three runs and their reference runs. We carried out a cell to cell
comparison between the eco-morphodynamic model results and the ecotope maps to quan-
tify performance of the vegetation predictions using the MATLAB software package (version
2016a). We binarised the vegetation maps and classified correspondence into four categories:
correctly predicted salt marsh, predicted but not observed (false positives), not predicted yet
observed (false negatives) and correctly predicted absence of salt marsh. These categories
were each summed and divided by total intertidal area.
Second, we ran the eco-morphodynamic model over the entire 15 year period and com-
pared to a morphodynamic reference run without vegetation (further referred to as long
term or L-scenario). We analyzed vegetation density and distribution along bed elevation
and compared the results to predictions by a static model approach (S-scenarios), where
vegetation presence is directly predicted from the inundation time thresholds used in the
eco-morphodynamic model.
Third, to control for eco-engineering effects, we plot differences maps of the main param-
eters that control vegetation growth, hydroperiod, 95-percentiles of flow velocity and bed
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Table 2.3: Model scenarios based on initial bathymetries, years of simulation time, grid cell
sizes, and the years of the ecotope maps that the results were compared to. We investigated
the eco-morphodynamic model (V) for three bathymetries (2000,2006,2011) and reference
scenarios without vegetation (R) for the same bathymetries. The V2000 scenario was also
run for the entire period of 2000-2015 (V2000 L) to assess the long-term effects of morpho-
logical change and vegetation, complemented by a reference model run without vegetation
(R2000L). Static vegetationmaps (S)were computed to isolate eco-engineeringeffects. Model
runs for two coarser grids on the bar (G1Bar, G2Bar) and spanning the entire estuary (G2Est)
were conducted to investigate upscaling and grid size-effects.

Model scenario Initial Year Ecol. sim. time Ecotope maps Grid cell size
V2000 2000 4 2004 ∼ 16m × 27m
V2006 2006 4 2010 ∼ 16m × 27m
V2011 2011 4 2015 ∼ 16m × 27m
V2000L 2000 15 2015 ∼ 16m × 27m
R2000 2000 4 ∼ 16m × 27m
R2006 2006 4 ∼ 16m × 27m
R2011 2011 4 ∼ 16m × 27m
R2000L 2000 15 ∼ 16m × 27m
S2000 2000 4 ∼ 16m × 27m
S2006 2006 4 ∼ 16m × 27m
S2011 2011 4 ∼ 16m × 27m
G1Bar 2011 4 2015 ∼ 45m × 45m
G2Bar 2011 4 2015 ∼ 50m × 180m
G2Est 2011 4 2015 ∼ 50m × 180m

level, for the two bathymetries of 2000 and 2011. These maps are derived by subtracting the
reference scenario (R) from the scenario with vegetation (V), hence they show vegetation ef-
fects. Here, the last tidal cycle is compared, which means bed level changes are a cumulative
result throughout the entire simulation and represent a general trend, whereas the hydrody-
namics are the end result and can directly be linked to the present vegetation cover.
Fourth, we applied the eco-morphodynamic model on the entire estuary scale on the coarser
grid to gain insights into the large scale applicability and grid size-dependence. We specif-
ically compare vegetation cover and location, the vegetation age distribution and quantify
distributions of bed level and levels at which salt marsh formed as hypsometric curves.

2.3 Results

2.3.1 Vegetation establishment in response to hydro-morphological conditions

The ecotope maps between 2000 and 2015 show an increase in salt marsh cover, both in den-
sity and in area (Figure 2.4a). The predicted vegetation development in the V2000-, V2006-
and V2011-scenario is similar in extent and positioning (Figure 2.4b) in that both show es-
tablishment of dense vegetation across the central eastern side down to the southern tip of
the bar, bordered by sparse vegetation around the edges (Figure 2.4a & b).

On the other hand, the V2000L-scenario over 15 years (Figure 2.4e), shows dense salt
marsh cover at the center of the intertidal bar with a much smaller spatial extent than the 4
year simulations and the ecotope maps (Figure 2.4a-d). The only difference with the short-
duration scenarios is the long-term development of morphology, indicating that the HM-
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model did not elevate the bar as much as evidenced by the observations. Two main differ-
ences between model and data emerge: all model simulations predict salt marsh to settle in
the western part of the bar which is not found in the ecotope maps (Figures 2.4a-e and 2.5).
Dense vegetation observed in the south-eastern part of the bar is not completely captured by
the model.

To quantify correspondence and mismatch between predicted and observed salt marsh
development we imaged the cell to cell comparison as relative binarised maps (Figure 2.5).
The eco-morphodynamic model predicted around 60% correctly in all three V-scenarios.
The total vegetated area in the model was larger than in the ecotope maps, mainly due to
the (false positive) prediction of salt marsh on the west of the bar. However, the vegetation
cover was predicted increasingly well with the newer bathymetries in the V2006 and V2011
scenario. Most of the salt marsh in the middle and on the eastern side of the bar was correctly
modeled, while the model underestimated vegetation cover at the marsh edge.

To understand how the observed vegetation patterns linked to bathymetry of the respective
scenario we look at the relative bed elevation distribution of the V-scenarios compared to the
R-scenarios and the corresponding vegetation cover (Figure 2.6). The bed elevations of the
bar increase over time from the V2000 to the V2011 scenario as shown after normalization
to mean water level (Figure 2.6). The bed elevation increase causes a shift of the distribution
mode from around 0.55 rMW (relative to mean water level) for V2000 to 0.65 rMW for
V2006 and 0.7 rMW for V2011, respectively. Moreover, the maximum elevations of the bar
are increasing over time while the area with lower elevations reduces around the lower limit of
vegetation occurrence. On the other hand, the distribution of bed elevations of the long-term
run V2000L of 15 years is rather similar to the V2000 scenario but much different from the
bathymetry in the R2011 scenario that it targeted (Figure 2.6). This is the likely explanation
for the observation that the vegetation did not extend as much in this model run as it did in
the shorter duration vegetation scenarios with the higher observed bed levels.

The development of the average vegetation cover along relative bed elevation for the dy-
namic V-scenarios (Figure 2.7) shows that the increase over time is mainly due to the increase
in higher elevated bar areas. For all bathymetries the area occupied by vegetation increased
gradually with elevation, of which the maximum cover is found at the highest elevations. In
comparison, the S-scenarios predicted vegetation presence from upper- and lower thresholds
in inundation period. The predictions result in general agreement with the V-scenarios for
the range of elevations that became vegetated, but the static scenarios could not predict the
trend in vegetation cover with elevation. As the vegetation cover determines the resulting
hydraulic resistance we look into their distributions below (Figure 2.7).

Modeled cover is strongly related to life stage. The majority of juvenile vegetation is located
between 0.45-0.75 rMW and mature vegetation between 0.55 and 0.85 rMW (Figure 2.8a).
This distribution is directly linked with the density classes in Figure 2.4b, showing that the
sparse cover is mostly made up of seedlings while the dense cover occurs mainly on high-
lying cells with an established mature salt marsh. Roughly two thirds of the surface of col-
onized relative elevations (between 0.55 rMW – 0.75 rMW) is covered both by sparse and
dense, juvenile and adult vegetation. This indicates that cells with mature vegetation are sub-
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V2000 V2006

V2011

4.3%
56.8%
3.1%

35.8%
14.5%
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10.8%

30.6%

21.1%
45.5%
10.9%

22.6%

Correctly predicted
vegetation

Correctly predicted
bare soil

False negatives

False positives

Figure 2.5: Spatial and summed correspondence of vegetation presence and absence between model scenar-
ios andecotopemaps. Colors (legendbottom left) indicate correspondence in correctly predictedpresence and
absence of vegetation and the false negative and false positive predictions. The percentages of the correctly
modeled cells give a measure for model performance.

ject to mortality and can partly be recolonized by seedlings. Only at the Eastern tip, where
cells were only covered by mature plants, we found a hundred percent coverage and cells
could not be recolonized (Figure 2.8b).

We found a relation between cover density and mortality causes through the ecologi-
cal/morphological year (Figure 2.9). For the V2000 scenario, at each grid cell the mortality
causes were extracted and added up to calculate the relative contribution to the entire mor-
tality at each time-step over one ecological year. If several mortality causes provoked dying
of the plant patch they were classified as “combined pressures”. The total cover increased at
the beginning of the year, which can be attributed to colonization by new seedlings resulting
in sparsely covered cells. Over the course of the simulation parts of the newly established
vegetation died, due to high inundation rates while the mature dense vegetation remained
constant. The strongest mortality occurred within the first time-steps after colonization as
the seedlings were located at exposed locations where all pressures were exceedingly high.
This process leads to a dynamic equilibrium of colonization and mortality of the vegetation
with time. Interestingly, for higher bed elevations (V2006 and V2011) the ratio dense/sparse
is increasing while in V2000 it is around one (indicated by the similar locations of the dashed
and dotted line, Figure 2.9). This shows that the stability of the marsh is very low if the bed
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Figure 2.6: Relative bed elevation frequencies plotted against normalized bed elevation at the end of all V- and
R-scenarios showing an increase in bed elevation with time. Minor morphological change due to vegetation
was found. modeled vegetation grows within the gray zone.

elevation is not sufficiently high. In comparison, the static vegetation scenario does not ac-
count for mortality; hence the cover is constant with time.

2.3.2 Eco-engineering effects of the dynamic vegetation

While hydro-morphodynamic conditions influence vegetation cover and density, the vegeta-
tion in turn influences these conditions. These eco-engineering effects in hydro-morphodyna-
mics were calculated as differences with the reference runs (R-scenarios) without vegetation
(Figure 2.10).

Three contrasting effects emerged. As expected, the flow velocity magnitude on the bar
is reduced through vegetation cover. Second, the morphological difference is fairly limited,
with the largest effect occurring in the V2000 scenario when the salt marsh had the smallest
extent and nearly absent accretion on the marsh. The third and unexpected result is that the
inundation duration increases with salt marsh extent, meaning that the presence of vegeta-
tion increases the inundation stress for the vegetation. As the bathymetry of the bar increased
in elevation and vegetation cover, all effects became more pronounced (Figure 2.10).

Flow velocity in and around the vegetated area is considerably lower than without vegeta-
tion, up to 0.4 m/s. On the other hand, flow velocity is higher in deeper channels developed
in the presence of vegetation, especially in V2011 where the cover was largest.
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Figure 2.7: Distribution of the fractional area cover plotted against normalized bed elevation at the end of the 4
year simulations. Vegetated grid cells only in the V2000, V2006, and V2011 scenarios show the development of
a larger vegetation cover at higher bed elevations while the static S2000, S2006, and S2011 calculations result
in a constant coverage along the bed elevation gradient.

Figure 2.8: Comparison of the vegetation life-stageswith cover density alongnormalized relative bed elevation
at the end of the 4-year simulation. a) relative coverage per relative bed elevation class for the intertidal area
of the two life-stages and all three bathymetries. b) relative coverage by the two density classes. We observe a
correlation between an increase in life-stage and density along the elevation gradient.

.
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Figure 2.9: Changes of the total fractional area cover and the twodensity classeswithin one representative eco-
logical year of the V-scenarios (lines) and related mortality causes (bars). Vegetation colonization leads to an
increase of cover by the seedlings at the colonization time-step followed by immediate mortality by combined
mortality causes, inundation and uprooting of the sparse patches. Throughout the year the relative vegetation
cover reduces gradually with dying of the sparse patches by only inundation stress whereas the dense vegeta-
tion remains constant. The static scenario shows a constant cover for 2011.

The indirect feedbacks between vegetation and morphology are limited (Figure 2.10), ex-
cept at the northern tip of the bar close to the flood channel where the flow is deviated dur-
ing flood. This causes high dynamics in the sedimentation and erosion pattern. The flow
is accelerated along the marsh edge which leads to erosion next to the marsh and imme-
diate sedimentation next to eroded cells. This effect is especially pronounced on the lowest
bathymetry (V2000) which is more regularly flooded and a change in hydrodynamics by veg-
etation can have a potentially larger effect. Bed level change is fairly limited considering the
large vegetation cover on the bar.

The larger roughness due to vegetation led to a longer residence time of the water on the bar
and thus increasing the hydroperiod. This effect was increasingly pronounced with higher
bar elevations due to smaller relative water depth and increased vegetation cover, reducing
the drainage after high water. This is the opposite of the idea that the plant is changing its
environment to its favor. The increase in inundation was also observed away from the marsh
indicating a larger regional effect of the marsh.
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Figure 2.10: Effects of vegetation on hydromorphology calculated by differencingwith the R-scenarioswithout
vegetation at the last time-step for all three bathymetries (columns). Top row: difference in bed level elevations.
Middle row: difference in 95th percentile maximum flow velocity. Bottom row: difference in inundation period,
assuming a flooding-drying threshold of 5 cm. The dense saltmarsh (>50% cover) is indicated by black contour
lines.

2.3.3 Numerical effects and test of upscaling

The grid size resolution is an important aspect for the simulation of vegetation cover. An
analysis of two coarser grids (runs G1Bar and G2Bar) shows that the vegetation cover re-
duces with grid size, hence, there is a relation between numerical effects and upscaling to
larger, coarser grid cells. The decrease in vegetation cover is explained by the increase in
inundation period for the coarser grid cells (Figure 2.11). The velocities were however de-
cently distributed over the different grid sizes. To compensate for the increased inundation
period we raised the flooding-drying threshold from 2 cm to 10 cm for the vegetation calcu-
lations (Figure 2.11). This led to a realistic vegetation cover on the coarsest grid for the bar
(Figure 2.11, coarse, FD-threshold:0.1m).

To test the possibility for upscaling the vegetation model to a coarse grid we applied a
vegetative flooding-drying threshold of 10 cm (G2Est-scenario). The results in comparison
with the ecotope map are adequate (Figure 2.12). The salt marshes along the estuary margins
were well reproduced, as were the large bars ”Hooge Platen” and ”Walsoorden”. The salt
marsh of ”The drowned land of Saeftinghe” was underrepresented with a lower cover than
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Figure 2.11: Grid size dependency of inundation period, peak velocity (95%) and vegetation settlement for
three different grid sizes and bathymetry of V2011 (rows). The increase in grid size increases the inundation pe-
riod, affecting vegetation cover (columns). Velocity is not significantly affected by the change in grid size. We
compare the hydrodynamics and vegetation cover for two different flooding- drying threshold (FD-threshold)
for the vegetation calculations along the different grid sizes, showing that the increased grid size can be com-
pensated by an increased FD-threshold (lower two rows).
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Shoal
“Hooge platen”

Shoal of
Walsoorden

Drowned land
of Saeftinghe

2015a2015a

2015b2015b

G2EstG2Est

Vegetation fraction [-]
< 0.5
> 0.5

low-dynamic sublittoral
high_dynamic sublittoral
high_dynamic supralittoral
high_dynamic littoral

low-dynamic supralittoral
low-dynamic high littoral
low-dynamic middle littoral
low-dynamic low-littoral

muddy littoral
sparse pioneer vegetation
dense salt marsh

Figure 2.12: G2Est - scenario of the entire Western Scheldt modeled for the large grid cell sizes compared to
the original (b) and simplified (a) ecotope map of 2015, respectively. Compared to ecotope map 2015a the
vegetation is correctly predicted along the estuary margins and on the bar ”Hooge Platen” and Walsoorden
while some additional smaller bars are falsely covered. The Drowned land of Saeftinghe, a very old and high-
elevation salt marsh, has smaller vegetation predictions than mapped.

in the ecotope maps while the eco-morphodynamic model falsely predicted plant cover on
some smaller bars. The areas with false cover predictions are classified as low-dynamic high
and supralittoral or muddy littoral in the original ecotope map.

2.4 Discussion

The vegetation cover acquired with our novel eco-morphodynamic model compare well with
the ecotope maps both for salt marsh location and density. Literature-based values of vegeta-
tion properties are sufficient to predict the locations and cover of the generic salt marsh with
an accuracy of 60% after a simulation period of four morphological years. Hence, a calibra-
tion of the vegetation parameters in the dynamic vegetation model for different bathymetries
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is not necessary, which makes the model unique and opens up possibilities to evolve a generic
code for a variety of systems in the future.

We found salt marsh density and age (expressed as life-stages) to positively correlate (Fig-
ure 2.8), which agrees with previous observations in salt marsh zonation (Adam, 1993). In
contrast with literature, our model results show an increase of the hydroperiod next to the es-
tablished salt marsh, suggesting an unexpected negative eco-engineering effect (Figure 2.10).
More specifically through the salt marsh induced increase in hydroperiod salt marsh expan-
sion becomes limited adding a new dimension to scale-dependent vegetation-landform in-
teractions. Possibly this opens up niches for other species not yet included. Finally we show
that the grid size affects the calculation of the drying and flooding hydrodynamics and thus
the prediction of vegetation patterns.

2.4.1 Density gradient - plant age and fast-slow colonizers

Our model results show a vegetation density gradient along the bed elevation (Figure 2.7).
This is a typical pattern observed in pioneer marshes, where the high marsh is character-
ized by dense and mature vegetation while limited seedling survival and lateral expansion
cause sparse cover at low elevations (Gray and Bunce, 1972). The patterns in our model
emerged from the dynamic, literature-based, rules that are prescribed for the two life-stages,
where seedlings are smaller and more susceptible to velocities. The young plants need a
disturbance-free period to grow sufficient roots that can withstand the flow (Wiehe, 1935;
Balke et al., 2012). As soon as sufficient time has passed, the vegetation grows and develops
a strong root system that prevents erosion, which is parameterized by the mature life-stage
(Cao et al., 2018). Our model results indicate that the main eco-engineering effect for plant
survival is that the increase in plant height and stem width reduces the flow strength, and at
the same time increases plant resilience. This reduced flow also causes low erosion rates on
the bar, which renders possible stabilizing effects of plant roots unimportant (Figure 2.10).
Consequently, the altered environmental conditions by these sparse seedlings facilitate the
survival of the next generation of seedlings.

At the same time, since the eco-morphodynamic model allows different life-stages within
the same grid cell it also incorporated shielding of younger plants by the older and larger
plants (Bouma et al., 2007). On the other hand, the life stage-specific stress tolerance of
the seedlings also causes increased mortality at these lower elevations. which results in the
simulated density gradient as observed in field studies (Christiansen et al., 2000; Van der
Wal et al., 2008). This effect can also be observed at small-scale salt marsh-mudflat features,
such as unvegetated tidal channels caused by flow concentration between vegetation patches
(Temmerman et al., 2007; Van Wesenbeeck et al., 2008). The degree of flow concentration
and channel emergence is a function of the flow field, vegetation density and water depth.
Our model reproduces flow concentration through the interplay between eco-engineering
effects and life-stage dependent growth and mortality (Figure 2.10).

Salt marshes are characterized by various primary colonizers (Schwarz et al., 2018), which
we only indirectly modeled. Firstly, species establish that have low densities and short life-
spans, which reduce the flow and enhance bed accretion. These fast-colonizers facilitate es-
tablishment of successional species by their eco-engineering activity. Slow-colonizers usually
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have higher densities and are perennial, meaning that they start regrowing in the subsequent
year. Throughout their life-span both strategists can co-occur at similar elevations on the in-
tertidal flat (Suchrow and Jensen, 2010). We indirectly modeled these traits with our generic
salt marsh species as a mix of fast and slow colonizers through specification of the life-stages.
In doing so, we first allow an establishment of the rather small fast-colonizers on the bare
sandflat with sparse densities. In locations with sufficient shielding through elevation or
eco-engineering the plants survive their first year and become more resilient plants that can
grow higher and in larger densities. At the same time, they become more resistant to velocity
stress, which is a main trait of slow-colonizing plants. This means that the modeled generic
species represents the properties of different pioneer species as Salicornia ssp. and Spartina
anglica through the life-stages.

2.4.2 Feedback between eco-engineering effects and salt marsh vegetation

Hydroperiod is the main control of vegetation growth and sedimentation, which depends
equally on the water levels and the bed elevations of the system (Reed, 1990; Adam, 1993;
Allen, 2000; Mudd et al., 2004; Kirwan et al., 2010). However, water levels and bed elevations
are co-dependent, vegetation reduces flow velocity in dense marshes, which influences hy-
droperiod and leads to higher sedimentation rates at the marsh edge rather than in the inner
marsh (Townend et al., 2011). Also Neumeier and Ciavola (2004) observed that canopies act
more as erosion protection than enhancing accretion under normal conditions. This agrees
with our results, where bed level changes mainly occur adjacent to the marsh, while the short
hydroperiod and the low sediment mobility of the single grain size within the marsh caused
insignificant sediment transport.

In contrast with previous studies, a new negative eco-engineering effect emerged. While
locally the salt marsh reduced the velocity magnitudes, making conditions more favourable
for further settling, the inundation period was increased by the presence of extensive vegeta-
tion cover, which acts as a constraint on its spatial extent (Figure 2.10). Especially at the lower
elevations away from the dense marsh edge this effect causes mortality of young vegetation.
Consequently, this new eco-engineering effect directly limits the marsh’s growth and ham-
pers salt marsh expansion in sandy dynamic systems on marsh-scale. It was already stated
by Nepf (1999) that effects on flow increase with distance from the marsh, who were further
supported by the theory of large- and small-scale dependent feedbacks between vegetation
and mudflat, (e.g. Van Wesenbeeck et al., 2008; Schwarz et al., 2015a; Schwarz et al., 2018).
Similarly, we found eco-engineering effects on flow rates at the marsh-scale. Interestingly,
even though the cover increased gradually with elevation in the eco-morphodynamic model,
the positive engineering effect on the velocity magnitudes is relatively strong (Figure 2.10:
2004, 2010, 2015). Contrarily, the ”marsh-scale negative eco-engineering effect” only seems
to become visible after a certain salt marsh size developed (Figure 2.10: 2010, 2015).

To quantify the importance of the eco-engineering effects on vegetation patterns we com-
pared the results of our eco-morphodynamic model to a static model for the lowest bed el-
evations in 2000 and highest bathymetry of 2011 (Figure 2.13). The static model prescribes
vegetation growth based on thresholds for inundation period. We determined the mean
inundation period over the four years of a run without vegetation cover and prescribed veg-
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Figure 2.13: Comparison of the static (S) and dynamic (V)modeling results to quantify eco-engineering effects.
The difference in cover between the S- and V-scenarios for two years reveal the enhanced mortality through
longer inundation periods caused by eco-engineering effects (left two columns). The right two columns display
the vegetation difference between the S- and V-scenario when we only consider mortality through uprooting,
showing a facilitation of plant survival by positive eco-engineering effects on velocity.

etation based on the benchmarks found in literature. We see that for the same threshold
of 0.3 inundation period the static vegetation cover is larger for both S-scenarios than the
corresponding eco-morphodynamic model results, which can be directly attributed to the
marsh-scale negative eco-engineering effect of the inundation period. To quantify their dif-
ference we add a lower threshold of 0.2 to the static maps which produces a similar pattern
as the eco-morphodynamic model with 0.3. The marsh-scale negative eco-engineering ef-
fect already shown in Figure 2.10 led to higher mortalities that reduced the vegetation cover
in the eco-morphodynamic model compared with the static model, limiting the predictive
capabilities of static model approaches. At the same time, positive engineering effect for ve-
locities were found where dense vegetation can expand further on the bar while it is shielded
from present plants (corresponding with Figure 2.10). This supports our theory that velocity
reduction strongly facilitates the survival of seedlings and allows for marsh expansion, even
without large sediment supply.

The results stress the importance of a dynamic vegetation model, since vegetation alters
the pressures causing its survival. While some factors are improved by the plants, the most
important factor, inundation period, is not positively eco-engineered in the absence of fine
sediment trapping and significant organic material production. As a result, vegetation pre-
dictions require consideration of dynamic feedbacks between newly established vegetation
and environmental factors, including a detailed representation of their physical appearance
that controls the magnitude of their eco-engineering effect. Static predictions do not capture
the variations in eco-engineering effects. While being unsuitable for predictions of new salt
marshes, static predictions can give insights into the impact of vegetation on morphology
in hindcasting scenarios. This finding is especially important for modeling studies predict-
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ing future colonization of salt marsh, quantification of coastal protection, and management
strategies on the system scale and along the fluvial-tidal transition.

2.4.3 Effects of limitations in the morphological model

A comparison with a continuous run simulating morphologic development over 15 years
showed a bigger disparity between the model and the ecotope maps (Figure 2.4). We believe
that this difference is not caused by shortcomings in the dynamic vegetation model, but is
related to lower bed accretion rates than observed in reality, possibly caused by simplifica-
tions of the HM-model, i.e. the choice of the sediment fraction or disregarding dredging
activities. Even though the Western Scheldt is predominantly sandy, natural variations in
sediment fractions as well as redistribution of sediments by dredging and dumping possibly
lead to larger sedimentation rates than predicted by the model.
The HM-model includes one sand fraction of 200 μm that is representative for the main chan-
nels but neglects finer fraction typically observed in more sheltered areas (Gray and Bunce,
1972; Braat et al., 2017), which potentially are important for their vertical build up. Vegeta-
tion uses organic accumulation and fine sediment trapping as two mechanisms to increase
bed level elevation (Turner et al., 2002; Le Hir et al., 2007; D’Alpaos, 2011; Braat et al., 2017).
Due to the choice of the sediment and the vegetation growth strategy, both processes are
not yet accounted for in the eco-morphodynamic model. This can explain the low bed level
differences between the R- and V-scenarios (Figure 2.7) and the reduced bed accretion rates
compared with reality.

The other factor controlling marsh expansion and bed accretion is sediment supply (e.g.
Friedrichs and Perry, 2001; Mariotti and Fagherazzi, 2010). After a pilot dumping of 500,000 m3

in 2004, dumping adjacent to the bar has been carried out extensively from 2010 on with
yearly between 500,000 m3 to 1,300,000 m3 of dredged material (Leys et al., 2006; Plancke
et al., 2017). The artificial sediment supply by the redistribution of the dumped sediment
can have had a significant part in the observed increase in bed elevation between 2000 and
2015 in the V2000L-scenario (Cleveringa, 2014). This at least partly explains the mismatch
between observed and modeled bed level changes over a simulation period of more than one
decade.
At the same time, vegetation covers a larger area on the bar compared to the ecotope maps.
This could be linked to the roughness distribution on the bar as the HM-model only consid-
ers sand. Mud that can be found on the bar was not included in the calibration due to large
computational expenses and prior calibration efforts, but would result in lower roughness
values in reality. Sensitivity runs with a lower bottom roughness in both domains resulted in
higher velocities on the western side of the bar, which removed newly established vegetation.
Consequently, roughness effects induced by sediment type are a possible contributor to re-
duce vegetation abundance. At the same time, at the north-eastern bar margins vegetation
cover is lower in the model (Figure 2.5). The model is not able to predict the bed forms that
are characterizing that area, causing higher flow and mortality in the highly dynamic areas
near the flood channel.

Sediment type also controls vegetation density. Van Hulzen et al. (2007) showed that sed-
iment accumulation and vegetation density were enhanced on mudflats compared to sand-
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flats. Parameterization of sediment dependence of vegetation in the dynamic vegetation
model can give new insights into their establishment mechanism and offer new possibili-
ties for coastal sediment management. For example, modeling with sand and mud fractions
in combination with the dynamic vegetation model could elucidate under what conditions
mud flats appear that facilitate plant settling, or plants settle that cause mud to accrete.

The entire estuary model with vegetation largely reproduced the cover in the ecotope maps
(Figure 2.12). However, the model predicts a smaller vegetation cover at the large Drowned
land of Saeftinghe marsh than in the ecotope maps, which is due to a combination of two fac-
tors. First, in the original flow model the Saeftinghe area was calibrated with a high constant
hydraulic roughness due to the pronounced vegetation cover (Vroom et al., 2015). This led
to high hydroperiods as the water was unable to flow off the marsh after flooding, causing
high and unrealistic salt marsh mortality in our eco-morphodynamic model. Second, the
natural bed elevations of the Saeftinghe marsh are high compared to the bars. This is due to
the high age of the marsh which allowed vegetation-induced sedimentation to such high bed
elevations that the marsh cannot be flooded every tidal cycle (Stark et al., 2017).

At the same time, some of the bars were predicted to have salt marsh establishment while
the observations show bare soil. This can be linked to growth-hampering processes lacking
in the eco-morphodynamic model, such as shipping waves, strong secondary currents and
highly three-dimensional flows in the sharpest bend in the middle of the model grid. Inter-
estingly, most of the falsely predicted marsh is linked to the low-energetic classes or supralit-
toral (Figure 2.12). These areas have a high bed elevation and are already low in dynamics,
hence, potentially suitable for vegetation establishment.

Stochastic (e.g. Temmerman et al., 2007; Schwarz et al., 2015a; Schwarz et al., 2018) or
deterministic model approaches (e.g. Kirwan and Murray, 2007; D’Alpaos et al., 2012) both
allow for a good representation of natural salt marsh patterns. Both approach are able to sim-
ulate salt marsh development, while the former is often used to describe emergent properties
such as tidal channel formation, the advantage of the latter is to be able to compare govern-
ing parameters through deterministic scenarios. Patch formation of salt marsh vegetation is
not represented in the current model as we focus on large-scale morphology and salt marsh
growth requiring larger grid sizes. In spite of the model neglecting small-scale vegetation
and morphological features, we show that realistic vegetation patterns emerge that give new
insights into the interactive effects between salt marsh growth and morphology.

Further investigations are needed to link multiple species effects on sediment. We suspect
that sediment supply is the limiting factor for bed level accretion in the model, which creates
the need of adding fine sediment supply and dumping to the model for future model runs.
The effects of other ecological features of vegetation need to be tested to understand the pa-
rameters needed to accurately model vegetation effects in fluvial and coastal environments
and enhance morphological modeling.
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2.5 Conclusion

Without calibration, our eco-morphodynamic model correctly predicted the decadal salt
marsh settling and expansion trend on the bar of Walsoorden based on vegetation parame-
ters reported in literature.
The eco-morphodynamic model produced diverse vegetation patterns through density gra-
dients and eco-engineering effects. Density of the marsh varies spatio-temporally due to the
presence of multiple life-stages that have different physical plant properties and resilience.
These life-stages also allow distinctions between fast- and slow-colonizers which opens up
possibilities to test a variety of ecological concepts and eco-geomorphological interactions.
While hydromorphic conditions determined the vegetation settling and initial mortality pat-
terns, two eco-engineering effects of vegetation emerged. (1) The reduced flow velocities due
to hydraulic resistance allow for an expansion of the salt marsh area. (2) Extensive vegetation
cover increased the inundation period causing higher mortalities, which resulted in a nega-
tive eco-engineering effect. As a result, in sand-dominated systems salt marshes emerge from
an equilibrium between positive and negative eco-engineering effects. A static vegetation
presence model based on hydrodynamic thresholds mispredicted the observed vegetation
patterns because it lacked the feedbacks between vegetation and hydro-morphodynamics.
Consequently, spatial pattern and stability of the marsh depend on a combination of shield-
ing by vegetation as well as plant resilience, which depends on the age of the marsh.

When predicting vegetation cover along the entire Western Scheldt estuary, grid size ef-
fects need to be accounted for to accurately represent the hydro-morphodynamics. The un-
derrepresentation of the drying and flooding process on the coarser grids can be compen-
sated by a different water depth threshold for inundation.
Our results support the hypothesis that salt marshes in estuaries in fact control not only lo-
cal processes but also the marsh-scale. This suggests that vegetation affects the large-scale
pattern of channels, bars, and overall planform of estuaries.
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Chapter 3

Whatcamefirst,mudorbiostabilizers? Elucidating interactingeffects in
a coupledmodel ofmud, saltmarsh, microphytobenthos, and estuarine
morphology

Mud accretion and establishment of biostabilizers, such as microphytobenthos and saltmarsh
vegetation, govern the development of estuarine morphology. Mud facilitates saltmarsh sur-
vival andmicrophytobenthos growth, which in turn promotes sedimentation and reducesmud
erosion. Consequently, an increasing extent and thickness of mud cover might lead to a sta-
bilization of large-scale estuarine morphology. To disentangle the interactions between salt-
marsh establishment, microphytobenthos colonization and mud layer formation, we use our
novel eco-morphodynamic model applied to the Western Scheldt estuary. Our model shows
that presence of dynamic saltmarsh vegetation and microphytobenthos enhances predictions
of mud location in the computations compared to field data. Saltmarsh establishment is partly
determined by the antecedent mud content in the bed, resulting in varying emerging vegeta-
tion coverage betweenmodel experiments of a generic saltmarsh and a saltmarsh species that
requires prior mud for establishment. In contrast to microphytobenthos enhancing seasonal
mud accretion during their growth period, saltmarshes promote largest accretion when lower
biomass and high water levels are present. Interestingly, thick long-termmud is enhanced de-
spite thebiostabilizers seasonalgrowth. Thecombinationof saltmarshandmicrophytobenthos
leads to expanding saltmarsh cover and mud area. Generally, mud layer thickness is governed
by the ratio of hydroperiod and maximum flow velocity that is mediated by the biostabilizers.
On estuary scale, the presence of intertidal vegetation leads to increased mud volumes in the
intertidal. Mud layers are enhanced inextentbyamud-dependent and in thicknessbyageneric
species. Thus, local biostabilization alters large-scale morphology controlling long term estu-
arine development.

Published as: Muriel Z. M. Brückner, Lisanne Braat, Christian Schwarz, and Maarten G. Kleinhans
(2020), What Came First, Mud or Biostabilizers? Elucidating Interacting Effects in a Coupled Model
of Mud, Saltmarsh, Microphytobenthos, and Estuarine Morphology. Water Resources Research, 56.
https://doi.org/10.1029/2019WR026945 .
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3.1 Introduction

Estuaries are important coastal ecosystems, providing coastal populations with a variety of
ecosystems services, such as habitat provision for aquatic plants and animals, regulation of
water quality and coastal protection (Barbier et al., 2011; Gill et al., 2001). As transition zones
between the river and the sea, estuaries are characterized through dynamically changing mor-
phologies (Dalrymple and Choi, 2007). Varying sediment fractions lead to spatio-temporal
differences in sediment transport magnitudes, which affect bed stability through dynamic
erosion and deposition patterns (Van Ledden et al., 2004; Van der Wegen and Roelvink, 2012;
Dam et al., 2016). The presence of muddy sediments, a mixture of silt and clay (D50 < 63 μm),
reduces erodibility through cohesive properties that protect the top layer of the bed (Braat
et al., 2017; van de Lageweg et al., 2018). Similarly, eco-engineering species, such as micro-
phytobenthos and saltmarsh vegetation, can stabilize bars and shorelines (Austen et al., 1999;
Fagherazzi et al., 2012; Kirwan and Megonigal, 2013). Consequently, understanding the in-
teractions between hydrodynamics, sand and mud erosion and deposition and biological
communities becomes crucial for the sustainable management of estuaries (e.g. FitzGerald
and Hughes, 2019; Wiberg et al., 2019). Here we address the lack of sufficient understanding
on the large-scale interactions between biostabilizers and morphodynamics related to sand
and mud over decadal time scales.

Mud affects the erosion properties of shorelines and tidal bars (Mitchener and Torfs, 1996;
De Jorge and Van Beusekom, 1995). Deposition of muddy sediments strongly depends on hy-
drodynamics conditions, generally leading to muddy sites in morphologically low-dynamic
areas such as the higher intertidal and areas sheltered by vegetation (Braat et al., 2017; Lokhorst
et al., 2018). In the lower intertidal and subtidal parts, thin mud layers can be observed close
to the surface as a result of seasonal variations in water levels or spring-neap variations, which
are often stabilized by microphytobenthos during spring and summer and can be grazed by
macrobenthic species or shore birds (Herman et al., 2001; Widdows and Brinsley, 2002; Van
der Wal et al., 2008; Mathot et al., 2018; Daggers et al., 2018; van de Lageweg et al., 2018).
However, inter-annual preservation of deposited mud in the deeper layers of the bed is often
prevented by large floods that erode the sediment in winter (Herman et al., 2001). While
mud can have positive effects on bank accretion and stability, impacts on water quality, pol-
lution and enhanced siltation rates can also negatively affect human activities and ecology
(Van Ledden et al., 2004; Wang et al., 2015). We require a better understanding of the mecha-
nisms driving formation and preservation of mud layers and their consequences on estuarine
planform and morphology.

Eco-engineering effects by saltmarsh vegetation can cause rapid adaptations of the mor-
phology of coastal and estuarine systems (Jones et al., 1994; Holling, 1973; Corenblit et al.,
2015; Wang and Temmerman, 2013; Silinski et al., 2016; Lokhorst et al., 2018; Kleinhans
et al., 2018). Saltmarshes grow in the intertidal area between mean high (MHW) and mean
low water (MLW) where they increase roughness and drag on the flow. Through their roots,
stems and leaves they reduce local flow velocities and enhance inundation period (Brückner
et al., 2019), promoting accretion of suspended sediments and enhanced local bed elevation
(Leonard and Luther, 1995). In estuaries with high sediment availability, accretion rates in
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saltmarshes are governed by allochthonous sediment supply that is controlled by hydrope-
riod (Temmerman et al., 2004; Fagherazzi et al., 2012; FitzGerald and Hughes, 2019). While
hydroperiod is an indicator of the lateral suspended sediment gradient from low marsh to
high marsh it also correlates with saltmarsh mortality, as high hydroperiod generally co-
incides with increased flow velocities causing plant uprooting and reduced oxygen supply
(Friedrichs and Perry, 2001; Reed, 1990; Morris and Haskin, 1990; Mendelssohn and Mor-
ris, 2002; Morris et al., 2002; D’Alpaos et al., 2006; Hughes et al., 2012; Balke et al., 2016). As
the plant’s eco-engineering effect depends on its physical attributes, such as plant properties
(stem height, flexibility and diameter) and abundance (density), the spatio-temporal changes
of saltmarshes linked to mortality and season (phenology) are one main driver of seasonal
mud collection (Van der Wal et al., 2011; Silinski et al., 2016). As a result, the dynamics in
vegetation growth and mortality define the variability in saltmarsh and mudflat extent and re-
sult in refinement of marsh sediments (Schuerch et al., 2014). Even though the mechanism
of mud accumulation by already established vegetation is well-known, we lack knowledge
whether mud layers facilitate vegetation establishment or vice versa. In systems with limited
mud supply the drivers for the formation of mud layers and establishment of saltmarsh veg-
etation remain entangled. We require a close look at those drivers to understand where mud
layer formation or saltmarsh growth precedes the other.

Similarly, microphytobenthos that consists of diverse assemblages of photosynthetic di-
atoms, cyanobacteria, flagellates, and green algae that grow in the upper layer of illuminated
sediments (Steele et al., 2001), further referred to as MPB, contribute to seasonal stabilization
of the lower mudflats. The growth of MPB has been linked to bed elevation, emersion time
or water content of the sediments (Friend et al., 2003; Lucas et al., 2003; Yallop et al., 2000;
Pratt et al., 2014; Ser and Catarino, 1999) and is strongly sediment dependent (Lucas et al.,
2003). During their growth period in spring and summer they produce a local biofilm that
increases the stability of sediments through secretion of extracellular polymeric substances
(EPS) (Paterson, 1994; Vos et al., 1988; Yallop et al., 1994). The biomass of MPB is usually
concentrated at the sediment surface, which alters the erosion properties of the sediment in
the top layer and thus affects local morphology (De Brouwer and Stal, 2001). This reduction
in erodibility can lead to reduced sediment resuspension and transport in the water column
(Staats et al., 2001; de Jonge, 2000). A stabilization of 100-500 % compared to non-colonized
sediment has been reported by many authors (Le Hir et al., 2007; Zhu et al., 2019), suggest-
ing the effect of EPS is more important than sediment cohesion (Malarkey et al., 2015). On
intertidal flats, consideration of the stabilization by MPB is especially important when pre-
dicting morphological change (Zhu et al., 2019). However, we still lack understanding of the
long term effects of MPB and how they contribute to anticipated changes in mud availability
and bed accretion, including large-scale morphological adaptation of estuaries.

Numerical modeling is a convenient tool to untangle complex interactions between several
constituents and subsequently explain emerging patterns that we have yet to fully understand
(Fagherazzi et al., 2012; Wiberg et al., 2019). Even though recent morphological models are
increasingly rich in processes, only few studies on estuaries or deltas have included sediment
mixtures (Edmonds and Slingerland, 2010; Waeles et al., 2007; Braat et al., 2017) and many
neglect detailed representations of biostabilizers (Le Hir et al., 2007; Kleinhans et al., 2018).
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However, to be able to disentangle and quantify the drivers that contribute to the formation
of mudflats, mud preservation and saltmarsh development, a dynamic, meaning temporally
and spatially varying, representation of biostabilizers needs to be combined with an extensive
hydro-morphodynamic model that includes sand and mud. This allows an assessment of the
role of biostabilization on redistribution of fine sediments and whether biostabilizers improve
predictions of mud layer formation. We hypothesize that the inclusion of dynamic vegetation
abundances and MPB growth will improve the predictions of mud deposition and, hence, the
large-scale morphological development of estuaries.

In this paper, a dynamic eco-morphodynamic model is formulated to represent tempo-
ral and spatially varying saltmarsh vegetation through colonization, growth and mortality
rules as described in literature. Moreover, the model includes a module that parametrizes
seasonal MPB growth to investigate its effect on sediment accretion. Additionally, the model
computes sand and mud transport allowing to investigate the feedback between two types
of biostabilizers, sediment transport of two grain sizes and morphology that until now have
not been combined in previous numerical models. To disentangle the main parameters that
promote mud layer formation affected by the presence of biostabilizers, we studied the inter-
actions between dynamics of a generic saltmarsh species, a mud-dependent saltmarsh species
and MPB on mud accretion patterns in the Western Scheldt estuary. First, we investigate the
eco-morphological causality dilemma, whether ecology facilitates mud settlement or vice-
versa. This was studied on a tidal bar of a dynamic estuary, where we compared mud and
vegetation patterns between two numerical experiments: generic saltmarsh establishment
and saltmarsh establishment that requires mud in the bed. Second, we determine the effect
of biostabilizers on seasonal- and inter-annual mud preservation to quantify biostabilization
effects on long-term morphology. Finally, we analysed the large-scale mud redistribution
promoted by generic saltmarsh vegetation and a mud-dependent species to enhance the un-
derstanding of the role of biostabilization in estuarine morphological change and to investi-
gate if the trends observed on the tidal bar hold for the estuary scale.

3.2 Methods

Our ecological model parametrized spatio-temporal growth of two important biostabilizers,
saltmarsh and microphytobenthos (MPB), in combination with mud in the sediment bed.
To study the succession of mud settling and vegetation establishment, we further distinguish
between a generic saltmarsh species governed by hydroperiod and a mud-dependent species
governed by hydroperiod and mud-content. The ecological computations are coupled bi-
weekly to a calibrated 2D-hydromorphodynamic model with sand and mud in Delft3D. We
use this eco-morphodynamic model to investigate the mud, vegetation and MPB pattern
in the Western Scheldt: while the Western Scheldt estuary serves as a case study to predict
large-scale effects of biostabilization on mud redistribution in dynamic estuaries, the tidal
bar of Walsoorden allows for a detailed analysis of the feedback between abiotic and biotic
stabilization and associated mud and species abundance on bar-scale. At the same time, large
data availability on both the tidal bar and the entire estuary allow for validation of our model
results and verify our findings derive generalizations for similar systems beyond the Western
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Scheldt estuary. Below, we first present the site and general model set-up before the coupling
between the ecological and the hydro-morphodynamic model are outlined.

3.2.1 Site description

The Western Scheldt estuary is located in the southwest of the Netherlands (51 41’51”N,
54 0’35”E) and represents the seaward part (60 km) of the Scheldt Estuary (see Figure 3.1).
The well-studied and monitored estuary (e.g. Wang et al., 1999; Winterwerp et al., 2000; Bolle
et al., 2010) is a meso- to macro tidal environment with a tidal prism of 2 ∗ 106 m3 (Wang
et al., 1999) and a relatively small yearly averaged discharge of 120 m3/s (De Vriend et al.,
2011). The estuary provides access to several harbors with the port of Antwerp being the
largest.

The Western Scheldt estuary is characterized by a convergent geometry and contains sev-
eral vegetated and unvegetated bars that are located between the ebb and flood channels.
The dominant species are the pioneer species Spartina anglica and Salicornia ssp. and at
later succession stages Aster tripolium (De Vriend et al., 2011). While the mostly sandy es-
tuary contains less than 10% mud, mud contents over 25% can be found on the intertidal
bars and on the shorelines (van de Lageweg et al., 2018; Braat et al., 2019b). The extent and
thickness of existing mud layers have increased in recent years, which was linked to the shift
of both subtidal to intertidal and bare to vegetated areas (Wang et al., 2015). During the
last decades, heavy dredging and dumping activities have been carried out to provide suffi-
ciently deep channels to access the port of Antwerp (Leys et al., 2006; Plancke et al., 2017).
To understand ecological functioning, many studies investigated human induced effects on
biodiversity and development of tidal shoals (e.g. Ides et al., 2007; Van der Wal et al., 2008;
Van der Wal et al., 2011; Van der Wal and Herman, 2012). The entire Western Scheldt was
mapped for specific years as ecotope maps by the Dutch Water Authorities (RWS) that give
information on the vegetation cover, different morphological classes and sediment types in
a three-to-four-year interval (available on the website of RWS). These maps were reduced
to vegetated, muddy and bare cells (see Figure 3.2b as an example) and used to validate the
model results by comparing vegetation coverage and location of muddy sediments for several
years.

The tidal shoal of Walsoorden (blue rectangle in Figure 3.1) formed during the second
half of the last century and developed a saltmarsh vegetation cover from the 1990’s onwards.
The shoal showed dynamic morphological changes throughout the last twenty years, mostly
expanding probably because of natural and human-induced accumulation of sediments and
a resulting growth in vegetation cover (Cleveringa, 2014; De Vet et al., 2017; Brückner et al.,
2019). At the same time, the intertidal area increased and shoal-margin slopes steepened,
creating habitat that is less regularly flooded and prone to biodiversity change. Additionally,
along with a larger species richness, increased mud content, MPB growth and sediment re-
finement were observed (Van der Wal et al., 2008; Van der Wal et al., 2011; Daggers et al.,
2018). A recent field study showed that large parts of the saltmarsh contain muddy sedi-
ment in the top layer (Braat et al., 2019b), indicating a potential sediment sink within the
vegetated area. The presence of several biostabilizers and recent accumulation of fines on
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Figure 3.1: The Western Scheldt estuary located in the south-west of the Netherlands (blue-red colors). The
medium-scale domain, the tidal shoal of Walsoorden, is marked within the blue rectangle. The model domain
is displayed in the lower right corner and includes the area marked in the white rectangle, where the blue grid
represents the domain with the small grid sizes.

the shoal make this area an interesting case study to investigate their interactions and draw
conclusions about drivers of mud accumulation.

3.2.2 Model description

Our eco-morphodynamic model consists of three modules, a 2D depth-averaged hydro-
morphodynamic model (HM) in Delft3D, and two ecological models simulating the two
types of biostabilizers (see Figure 3.3): a dynamic vegetation model and a dynamic micro-
phytobenthos model, both parametrized in MATLAB (version 2016a). A third important
biostabilizer, the eelgrass, has been excluded from the study since its distribution in the West-
ern Scheldt estuary is limited and more abundant in the muddy Eastern Scheldt (Suykerbuyk,
2019). Both ecological models consist of separate modules individually coupled bi-weekly
with the Delft3D-model to update the ecological parameters and further incorporate their
effects on flow in the Delft3D model. Delft3D solves the shallow-water equations (Lesser et
al., 2004), sediment transport of sand with the Van Rijn (2004) transport predictor (Van Rijn
et al., 2004), mud transport with the Partheniades-Krone formulation (Partheniades, 1965)
and morphological development by diffusion after an active layer concept.

The set-up of the eco-morphodynamicmodel

The hydro-morphodynamic model is based on a two-dimensional model of the Western
Scheldt (the Dutch-Flemish model (Nevla-model)) calibrated for hydrodynamics (Maximova
et al., 2009b; Maximova et al., 2009a; Vroom et al., 2015), and optimized for morphology
(Grasmeijer et al., 2013; Schrijvershof and Vroom, 2016; van Dijk et al., 2019b) and includes
an additional fine mud fraction (Braat et al., 2019b). Waves and stratification linked to salin-
ity are neglected as the estuary is generally well-mixed (Meire et al., 2005; Savenije, 2005) and
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Figure 3.2: Bed elevations (a) and ecotope map (b) for the tidal shoal of Walsoorden in 2015. For our analyses
we define bed elevations betweenmeanwater (0.15mNAP) andmean highwater (3.3mNAP) of the boundary
conditions in 2013 as intertidal area. Mud and vegetation aremainly present at the highest elevationswithmud
deposits in the sheltered center of the shoal. Braat et al. (2019b) found that sediments within the vegetation
are mainly muddy.

the energy by tidal currents dominates sediment transport in the landward part of the estuary
(Hu et al., 2018). Furthermore, compaction is not included in the Delft3D model as we look
at qualitative analyses of accretion induced by the presence of biostabilizers as compared to
abiotic settling. For our analysis we looked at two grid-scales (Figure 3.1). First, we used a
decomposed domain of the tidal shoal of Walsoorden to investigate mud accumulation, mi-
crophytobenthos growth, and saltmarsh colonization on a fine grid size of approx. 30m (as
described in Braat et al. (2019b) and van Dijk et al. (2019b)) (Table 3.3 Run1). Second, we
study the MPB, saltmarsh and mud patterns that emerge from their interaction on a coarser
grid (100m grid sizes) along the entire Western Scheldt model domain (Table 3.3 Run2).
The large domain represents the part between the mouth and the Dutch-Belgian border (see
colored shades in Figure 3.1).

The hydrodynamic boundaries consist of a time-series of four representative spring-neap
cycles in 2013 based on water level measurements, meaning that the model considers most
tidal constituents, storm surges, and discharge and result in sediment input variations as
sediment transport is computed using equilibrium sand transport (van Dijk et al., 2019b)
and a constant mud input at the river boundary of 0.02 kg/m3 (Braat et al., 2019b). To fit the
tidal signal into an integer number (Duran-Matute and Gerkema, 2015), the tidal cycle of
the dominant M2-tide was reduced to 720 minutes (as in Brückner et al. (2019)). This step
was necessary to allow for a constant forcing period of one tidal cycle when upscaling the
model for the morphological and ecological computations as described below. To accelerate
morphological development, the model included a morphological acceleration factor of 24
that enhanced the computations of erosion and deposition by multiplication. Morphological
and ecological time were set equal, which led to one tidal signal (12h) representing 12 days of
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Figure 3.3: A: Concept of the eco-morphodynamic model with its three divisions: hydro-morphodynamic
model in Delft3D, dynamic vegetation model and MPB model. The arrows show the interactions between the
three divisions. Blue arrows indicate the interactions between hydrodynamics and vegetation establishment
and growth, while red arrows show interactions causing mortality. B: Qualitative seasonal growth curve of the
height (Hv) and diameter and root length (D) the vegetation throughout each year with t1 establishment size,
t2 maximum size and t3 winter size. For the plant diameter and root length thewinter size equals themaximum
size (dotted line). All values used in the model can be found in the appendix Table B.1.
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Table 3.1: Model parameters as defined in the Delft3D model. More
details can be found in van Dijk et al. (2019b) or Braat et al. (2019b)

Parameter value unit
Numerical settings
Simulation time ecological year 20160 min
Numerical time-step 0.1 min
No. ecological time-steps 28 1/ecological year
Sand
D50 2e−4 m
Dry bed density 1600 kg/m3

Mud
Settling velocity mud 5e−4 m/s
Crit. bed shear stress for erosion 0.2 N/m2

Erosion parameter 1e−4 kg/m2/s
Dry bed density 1000 kg/m3

Boundary concentration 40 mg/l
Bed settings
Active layer thickness 5e−2 m
Max. storage layer thickness 5e−2 m
Morphological acceleration factor 24 -

morphological and ecological development. To fit the spring-neap cycle (14 tidal signals) into
one morphological, or ecological, year we applied 28 couplings, leading to 28 ecological time-
steps (ETS) with each being one tidal signal of 720 minutes. This led to a total simulation time
of 20160 minutes per ecological year. In total, we simulated 12 ecological years for the small
domain and 8 years for the large domain. All model parameters are defined in Table 3.1.

Dynamic vegetationmodel

To account for vegetation effects in the hydro-morphodynamic model, we used the trachy-
tope approach with the Baptist-formula (Baptist et al., 2007) that allows for several vegeta-
tion fractions of different vegetation types and life-stages in one numerical cell. The Baptist-
formula calculates a net roughness C [

√
m/s] from a combination of the bed roughness Cb

[
√

m/s] and detailed vegetation parameters, such as vegetation height hv [m], vegetation
density n [m/m2, and a bulk drag CD [-]. Depending on the relative local water depth h [m],
C is computed as

C=

{
Cb +

√g
κ ln

(
h
hv

)√
1 +

CDnhvC2
b

2g , if h ≥ hv (3.1a)

Cb , if h < hv (3.1b)

with g is gravity [kg/ss], κ=0.41 [-] von-Kármán constant and Cb = 25 [
√

m/s], which
is derived from the Manning of the vegetated bars of 0.028 and a water depth of 0.1 m. To
compensate for higher local sediment transport induced by increased C, an additional flow
resistance -λ/2*u2 is included in the flow solver, where λ is defined as
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λ =

CDnhv

h
C2

b
C2 , if h ≥ hv (3.2a)

CDn, if h < hv (3.2b)

Finally, for each vegetation fraction present in each cell, both λ and C are weighted ac-
cording to their relative coverage fi

Ctotal =
∑

i
fiCi (3.3)

and
λtotal =

∑
i

fiλi (3.4)

To investigate the effect of saltmarshes on mud accumulation and bed accretion we tested
both a generic saltmarsh species as in Brückner et al. (2019) and a mud-dependent species
that only colonizes cells with a mud fraction in the top layer larger than 40% (Van Ledden et
al., 2004) that is similar to the critical mud fraction for cohesion. At each coupling time-step,
the results of the Delft3D-model are fed into the dynamic vegetation model to calculate the
new vegetation parameters. Below we briefly describe the vegetation rules that determine
species establishment, growth and mortality. For more detail on the dynamic vegetation
model please see Brückner et al. (2019).

The dynamic vegetation model includes colonization, growth, aging and mortality rules
based on literature (Brückner et al., 2019). Colonization is defined at the beginning of each
year while vegetation growth is defined by a seasonal increase in biomass, based on height and
stem diameter, throughout the ecological year. Aging is accounted for by parametrization of
a second life-stage for plants that survive their first year, consequently reaching larger maxi-
mum plant sizes and higher resilience to stresses. Mortality induced by hydro-morphodyna-
mic stresses reduces the vegetation fraction in a cell and makes room for new seedling estab-
lishment.

Establishment occurs at the beginning of each ecological year. For the generic species,
cells that are located in the intertidal area (flooded and subsequently dried during one ETS)
are filled with an initial fraction of 0.4. The mud-dependent species additionally requires
a 40%-mud fraction in the top bed layer , which is characteristic of Spartina (Huckle et al.,
2000). After initial settling in t1, vegetation grows linearly until the ecological summer (t2),
remains constant until autumn (t2 −t3) and above-ground biomass decays at the beginning
of winter (t3) (see Figure 3.3). After surviving their first year, the vegetation enters a new life-
stage with larger sizes and higher resilience and regrows. At the same time, new seedlings
can establish as long as the maximum fraction of 1 in the cells is not exceeded. The param-
eters for the vegetation growth can be found in the appendix Table B.1. Vegetation cover
can decline through mortality that is calculated every coupling interval. Mortality rules in-
clude dying due to inundation period, uprooting by velocity, erosion of roots and burial of
above-ground biomass. Hereby, inundation period and velocity cause gradual, linear mor-
tality depending on pressure strength while burial and scour immediately remove the entire
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fraction if a threshold values is exceeded. The mortality parameters are summarized in Ta-
ble B.2 in the appendix.

The dynamic vegetation model is mortality-driven, which means that species can settle
with an initial fraction, which represents patch-density rather than individual plant-density
and makes rhizomal growth of e.g. Spartina anglica irrelevant. In suitable cells, every year
new fractions are added to the cell which account for lateral expansion or seedling estab-
lishment, leading to the saltmarsh growth that is observed in reality (Brückner et al., 2019).
Mortality is a percentage of the initial fraction, which allows for constant die-off rates in-
dependent of the plant fraction present. This strategy allows us to model several ecological
concepts of saltmarsh vegetation, both rhizomal expansion and single seedling establish-
ment, which leads to dense vegetation higher up the marsh and single species surviving more
difficult abiotic conditions at lower elevations (Brückner et al., 2019).

Themicrophytobenthosmodel

The effect of MPB growth on mud stabilization was investigated for both domains. Linked
to the secretion of extra-polymeric substances (EPS) MPB stabilize the sediment and reduce
local erosion (van de Koppel et al., 2001). We account for this effect by an alteration of the
resuspension properties of the mud fraction in cells where MPB grow. Hereby, we assume
that MPB live on top of the sediments altering the critical bed shear stress for erosion τcr,e
of the mud while the erosion parameter M (kg m−2s−1) remains unchanged. This directly
affects the erosion flux Em of the mud between the bed and the water column (kg m−2s−1)
in the Partheniades-Krone formulations (Partheniades, 1965) as

Em = MS(τcw, τcr,e) (3.5)

with τcw maximum shear stress at the bed (N m−2) and S erosional step function. This
equation is used for the computations of mud erosion and deposition while the van Rijn
(2004) transport predictor computes sand transport.

Since MPB in the Western Scheldt grows seasonally under warm temperatures and suffi-
cient sunlight (Herman et al., 2001) we defined a growth period of ten ecological time-steps.
In contrast to the dynamic vegetation model, newly establishing MPB was calculated each
coupling interval with the Delft3D model (every ETS) as a function of inundation period i
and mud fraction fmud in the top layer and was added to the already established MPB cover
MPBpre leading to increasing MPB cover MPBest throughout the growth period

MPBest = f(i, fmud) + MPBpre (3.6)

indirectly selecting sheltered areas with limited erosional and depositional processes (Her-
man et al., 2001). The colonization thresholds can be found in Table 3.2.

In cells where MPB was present, the critical shear stress of the mud fraction was increased
by a factor of 4 from 0.2 N m−2 to 0.8 N m−2 as reported in Le Hir et al. (2007) that provide a
literature review of the effects of biostabilizers on erodibility. Consequently, the microphyto-
benthos model was driven by colonization, which accounted for a gradual spread of the MPB
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Table 3.2: Colonization thresholds for binary MPB establishment.

Microphytobenthos min. threshold max. threshold
inundation perioda 0.35 0.5
mud fractionb 0.3
aDaggers et al. (2018); van de Koppel et al. (2001)
bWiddows and Brinsley (2002)

in summer when water levels are reduced. As a result, no cell-specific growth or mortality
through hydro-morphodynamic pressures or grazing were considered (Le Hir et al., 2007).
At the end of the growth season, MPB was entirely removed and the critical bed shear was
set to its abiotic value in all cells.

3.3 Results

To quantify interactions between mud layers, saltmarsh growth, and microphytobenthic sta-
bilization, our eco-morphodynamic model is based on a calibrated and optimized two-dimen-
sional hydro-morphodynamic model combined with a dynamic and interactive representa-
tion of vegetation and microphytobenthos (MPB).We ran the model on a medium-scale grid
of the tidal bar of Waalsoorden to investigate the interactions between the two biostabiliz-
ers and seasonal mud layer formation and preservation. A large-scale grid of the Western
Scheldt estuary allowed to investigate the large-scale effect of biostabilization on redistribu-
tion of mud and consequences for mud layer thickness (see Figure 3.1).

Using the medium-scale grid, we first validate and quantify the spatial representations by
our model compared to the ecological development over several years in the ecotope maps
(2004, 2008, 2012) to investigate decadal saltmarsh establishment and MPB growth on bar-
scale. To gain insights into the feedbacks between mud and saltmarsh vegetation growth,
we compare vegetation pattern for the generic and mud-dependent species as well as to a
run with only sand. Second, we disentangle the effect of several biostabilizers on mud layer
formation by comparing a mud patterns resulting from generic or mud dependent saltmarsh
colonization and presence of MPB (see Table 3.3 Run1-scenarios). Here we distinguish in
a) seasonal mud layers with a thickness of smaller than 10 cm (Herman et al., 2001) that are
washed away between years and have ecological but insignificant morphological effects and
b) mud preservation defined as layers reaching 10 cm or larger thicknesses that are preserved
in the lower layers of the bed and become part of the morphology.

Finally, we look at the mud distribution along the Western Scheldt estuary to predict large-
scale morphological change and subsequently investigate the influence of the generic salt-
marsh and a mud dependent saltmarsh to quantify their effects on the large-scale morpho-
logical development of estuaries (Table 3.3 Run2-scenarios). We compare trends of seasonal
mud and preserved mud layers to make generalization on large-scale pattern of mud and
biostabilizers and their interactive effects.
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Table 3.3: Model scenarios based on initial bathymetries, years of simulation time, grid cell sizes, and
the years of the ecotope maps that the model results were compared to. We investigated the eco-
morphodynamic model over 12 years morphological development (2000, 2004, 2008, 2012) for the generic
saltmarsh with only sand (Run1_GVegSand) as well as sand and mud (Run1_GVeg), mud-dependent salt-
marsh (Run1_MVeg), microphytobenthoss (Run1_MPB), the combination of generic saltmarsh and MPB
(Run1_GVegMPB) and reference scenarios without biostabilizers (Run1_Ref). Model runs for a coarser grid
spanning theentire estuary (Run2-scenarios)were conducted to investigate large-scale effectsofgenericand
mud-dependent saltmarsh vegetation (SM) onmud accretion.

Model scenario Ecol. sim. time Ecotope maps Grid cell size Biostabilizer
Run1_GVegSand 12 2004, 2008, 2012 ∼ 16m × 27m generic SM
Run1_GVeg 12 2004, 2008, 2012 ∼ 16m × 27m generic SM
Run1_MVeg 12 2004, 2008, 2012 ∼ 16m × 27m mud-dependent SM
Run1_MPB 12 2004, 2008, 2012 ∼ 16m × 27m MPB
Run1_GVegMPB 12 2004, 2008, 2012 ∼ 16m × 27m generic SM + MPB
Run1_Ref 12 2004, 2008, 2012 ∼ 16m × 27m -
Run2_GVeg 8 2008 ∼ 50m × 180m generic SM
Run2_MVeg 8 2008 ∼ 50m × 180m mud-dependent SM
Run2_Ref 8 2008 ∼ 50m × 180m -

3.3.1 Mud settling and biostabilizers

To investigate the interaction between the spatial distribution of saltmarsh vegetation and
mud we compared the results of the vegetation pattern of all scenarios of Run1 in (Figure 3.4).
A comparison between the generic saltmarsh species cover on only sand (Figure 3.4b) with
a scenario with mud (Figure 3.4c) did not show a significant difference in cover location,
implying that the mud accumulation did not affect generic saltmarsh growth significantly.
In comparison with the ecotope maps that show an increase in vegetation cover through
time, the generic saltmarsh species (Figure 3.4c) overpredicted total cover towards the north-
west of the bar by predicting nearly constant growth through time. On the other hand, the
mud-dependent species underpredicted coverage as mapped in the south-west of the bar,
but showed better correspondence in saltmarsh pattern over time (Figure 3.4d). Figure 3.4e
represents the mean growth period that MPB was present during the growth period show-
ing main growth on the lower mudflats especially at the southwestern tip of the bar as has
already been reported by previous studies (Van der Wal et al., 2008; Daggers et al., 2018). A
combination of the generic saltmarsh and MPB (Figure 3.4f) led to increased MPB coverage
at the edges of the bar. Figure 3.4 illustrates that vegetation and microphytobenthos growth
locations on Walsoorden can locally be affected by the presence of mud.

The generic and mud-dependent vegetation type both led to different vegetation and mud
pattern on the bar. The generic species (Figure 3.5C) largely covered the bar in year 4 and
only spread partly during the remaining simulation time, while the mud-dependent species
gradually expanded in cover with time (Figure 3.5D). The mud cover increased with increas-
ing vegetation cover in the vegetated cells for both vegetation types, leading to mud fractions
larger than 0.5 in the top layer, while adjacent to the saltmarsh mud in the bed only appeared
in lower fractions of around 0.25. This increase in mud on the bar led to a gradual spread of
the mud-dependent species, which enhanced settling within young patches and initiated a
positive feedback between mud layers and saltmarsh growth (Figure 3.4d). Thus, saltmarsh
growth resulted in high mud contents covering large parts of the bar for the vegetated scenar-
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ios. In contrast, the reference scenario without vegetation (Figure 3.5B) showed similar mud
fractions at the southern tip as the vegetation scenarios while the centre and western part of
the shoal were covered with lower mud fractions in the top layer. As a result, under hydrody-
namically calm conditions mud can settle without saltmarsh vegetation, whereas vegetation
promotes mud layer formation at exposed areas where it acts as a local sediment sink.

In contrast to the saltmarsh scenarios, the scenario with MPB (Figure 3.5D) showed simi-
lar mud locations as the reference scenario while a scenario with both the generic saltmarsh
and MPB (Figure 3.5F) resembled the results of Run1_GVeg. As the MPB required sufficient
mud in the top layer it was mainly found at south-western tip of the bar where prior mud set-
tling occurred (Figure 3.4E) and showed limited effects on mud area extent. Interestingly, the
locations where MPB were present do not necessarily co-occur with the highest mud fraction
in the top layer, suggesting that there is a more complex feedback between biostabilization
by MPB and mud.

The performance of the mud model, as evaluated by the ecotope maps, was significantly
improved by the presence of vegetation (Figure 3.5 bars). The generic vegetation scenario
improved the predictions for cells that contained a substantial amount of mud compared
with the reference scenario by over 50%. Similarly, the mud-dependent species increasingly
enhanced predictions over time while MPB resulted in limited improvements. As we started
from a bed without mud, the generic vegetation enhanced predictions especially in the first
years of the simulation and became less important with accumulation of the mud in the bed
whereas the mud-dependent species enhanced predictions with increasing cover and time.
Best predictions were obtained when both saltmarsh vegetation and MPB were present. In
general, this shows that predictions of surface mud are improved when vegetation establish-
ment and growth are included.

We investigated the effects of biostabilization on seasonal mud accretion by comparing
mean mud accretion for all scenarios that include mud over one ecological year (Figure 3.6).
For MPB, mud accretion was greatest during its growth period and low water levels and re-
duced with increasing water levels towards the end of the year. For the scenarios including
saltmarsh vegetation, mud accretion was greatest induced by a combination of low plant
sizes and high water levels at the beginning and end of the year, possibly due to enhanced
inundation periods on the bar. On the other hand, the combination of low water levels and
high biomass during growth season prevented flooding of the marsh during summer, lead-
ing to lower accretion rates than the reference scenarios. As a result, seasonal variations in
vegetation size had negative impacts on mud accumulation during growth season while low
vegetation biomass and high water levels in winter led to largest accretion through both en-
hanced trapping and protection of the existing surface mud. The combination of both the
generic saltmarsh and MPB led to enhanced accretion along the entire ecological year. In-
terestingly, in this scenario accretion during the growth period of MPB was lower than when
only MPB was present but promoted larger sedimentation rates towards the end of the year.

3.3.2 Mud preservation and the role of biostabilization

To better understand the influence of biostabilizers on mud preservation in the bed, we com-
pared mud thickness among five scenarios (Figure 3.7). The thickness of mud layers was
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Figure 3.6: Seasonal trapping efficiency for intertidal area (above MLW = -2.5 NAP) averaged over the last four
years of simulation time is compared to the relative high water level at the boundaries over one ecological year
(one hydrological spring-neap cycle), showing mud accumulation for all scenarios. Arrows indicate qualita-
tive plant sizes for the saltmarsh growth cycle (SM) and start and end of the growth period of MPB within the
ecological year. In contrast to the reference scenario, the accretion under biostabilization is governed by a com-
bination of the variations in water level and seasonal growth: While MPB clearly enhances trapping during its
growth period vegetation promotes largest trapping at the beginning and end of the year with reduced accre-
tion during its growth season. The combinationGVegMPB enhances accretion throughout the entire ecological
year.
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enhanced by the presence of saltmarsh vegetation compared to the reference scenario with
only mud. Mud preservation was strongest at the southern tip and also the only part of the
bar where mud settled without vegetation cover (Figure 3.7-1). Especially in the center and
western part of the bar, mud could only settle within vegetation patches and thickness in-
creased over the period that vegetation was present (compare Figure 3.7-2 and 3.7-3). This
indicates that shielding makes the saltmarsh the driver of mud accretion on top the shoal of
Walsoorden that allows for preservation in the lower layers of the bed.

Cross-sectional analysis revealed higher absolute accretion thickness by the three biostabi-
lizing species (Figure 3.7-2, 3.7-3, 3.7-4 and 3.7-5). The transects (displayed in Figure 3.7-1)
are representative for several bed elevation gradients and vegetation densities, showing that
relative mud accretion was enhanced at higher elevations and in vegetated cells. This in turn
led to an increase in bed elevation and preserved a large part of the available fine sediment in
the first few top decimetres of the bar. However, the accretion was not directly dependent on
the vegetation density of the computational cell, showing accumulation in but also next to the
densely colonized cells. The mud-dependent species showed the same mud accretion pattern.
Mud layer thickness was observed at intermediate elevations for transect 1 in all scenarios
(coordinate 64.5-65 km), showing that mud preservation not necessarily correlated with bed
elevation. MPB presence showed similar trends as the saltmarsh vegetation, where accretion
occurred at high elevations and in cells adjacent to colonized cells (Figure 3.7-4a-h). Mud
thickness and vegetation fractions increased when both vegetation and MPB were combined
(Figure 3.7-5q-t), suggesting a positive feedback that enhanced saltmarsh abundance when
MPB were present. Consequently, and in contrast with the results from Figure 3.5 show-
ing that top layer mud fractions were enhanced within colonized cells, mud preservation in
the lower layers of the bed was governed by local effects at bar-scale that emerged from a
combination of local bed elevations and biostabilization.

3.3.3 Vegetation effects along the estuarine gradient

Similar to the processes on the tidal bar of Walsoorden we observed enhanced mud accre-
tion by vegetation presence along the entire Western Scheldt estuary. Vegetation occurred
at the high elevations on the shoals and at the shores (Figure 3.8A1 and A2). Hereby, vege-
tation densities were largest toward the highest parts of the estuary. Mud (Figure 3.8B1 and
B2) accreted mainly on the higher mudflats at the edges of the estuary while only limited
deposition was observed in the channels and on the bars. Smaller mud fractions occurred
in hydrodynamically active areas while large mud fractions were exclusively observed in col-
onized areas. The presence of saltmarsh vegetation promoted mud settling on the bars and
along the sides of the estuary. The mud difference maps (Figure 3.8C1 and C2) show that
vegetation increased mud settling (Hoge Platen, Walsoorden, Saeftinghe). However, at the
highest areas along the estuary fringes accretion rates were lower than in the reference sce-
nario as the vegetation slowed down the flow, causing settling closer to the channels with
limited fine sediment transport towards the shores. The presence of the mud-dependent
species led reduced fractions of mud in the top layer.

A more detailed analysis of the trends observed in Figure 3.8 reveals that the total mud area
for thin layers reduced towards higher elevations while extent of thick mud layers increased

74



Fi
gu

re
3.
7:

M
ud

pr
es
er
va
tio

n
on

th
e
tid

al
ba

rf
or

th
e
re
fe
re
nc
e
sc
en

ar
io
(1
)c
om

pa
re
d
to

th
e
tw

o
ve
ge

ta
tio

n
sc
en

ar
io
s
(2

an
d
3)
,t
he

m
ic
ro
ph

yt
ob

en
th
os

(4
)a
nd

th
e
co
m
bi
-

na
tio

n
ge

ne
ric

ve
ge

ta
tio

n
an

d
M
PB

(5
).
A
tt
he

so
ut
he

rn
tip

(t
ra
ns
ec
t3

),
m
ud

pr
es
er
va
tio

n
oc
cu
rs
in
al
ls
ce
na

rio
sw

ith
si
m
ila
rt
hi
ck
ne

ss
es

w
hi
le
th
e
pr
es
en

ce
of

ve
ge

ta
tio

n
is

cr
uc
ia
lf
or

m
ud

ac
cr
et
io
n
ra
te
so

n
th
e
no

rt
h-
w
es
te
rn

pa
rt
of

th
e
tid

al
ba

r(
tr
an

se
ct
2
an

d
4)
.C

ro
ss
-s
ec
tio

ns
in
se
ve
ra
lt
ra
ns
ec
ts
on

W
al
so
or
de

n
sh
ow

di
ffe

re
nt

lo
ca
la
cc
um

u-
la
tio

n
th
ic
kn

es
se
sb

et
w
ee

n
sc
en

ar
io
s,
de

pe
nd

en
to

n
ve
ge

ta
tio

n
fr
ac
tio

n
(g
re
en

an
d
ye
llo

w
co
lo
rs
).
Co

m
pa

re
d
to

th
e
re
fe
re
nc
e
sc
en

ar
io
,v
eg

et
at
io
n
en

ha
nc
es

be
d
el
ev
at
io
n

th
ro
ug

ho
ut

al
lt
ra
ns
ec
ts
w
he

re
it
is
pr
es
en

t,
bu

tn
ot

ne
ce
ss
ar
ily

at
th
e
hi
gh

es
td

en
si
tie

so
rb

ed
el
ev
at
io
ns
.M

ic
ro
ph

yt
ob

en
th
os

en
ha

nc
es

be
d
ac
cu
m
ul
at
io
n
al
so

ad
ja
ce
nt

to
th
e
co
lo
ni
ze
d
ce
lls
.B

ot
h
bi
ot
a
an

d
m
ud

co
ve
ra
ge

fo
rc
om

bi
ne

d
ve
ge

ta
tio

n
an

d
M
PB

(5
)i
nc

re
as
es

in
al
lt
ra
ns
ec
ts
.B

lu
e
lin

es
in
di
ca
te

m
ea
n
hy

dr
op

er
io
d
al
on

g
be

d
el
ev
at
io
n

in
th
e
re
fe
re
nc
e
sc
en

ar
io
.

75



A
1

A
2

B
1

B
2

C
1

C
2

D
1

D
2

1) R
u

n
2_G

V
eg

2) R
u

n
2_M

V
eg

0.75

0 1.00

0.50

0.25

0.25

-0.5

0.5

0-0.25

V
eg

etatio
n

fractio
n

 [-]

0.8

0 1.0

0.4

0.2

0.6

m
u

d
fractio

n
 [-]

∆
 m

u
d

fractio
n

 [-]

1.5

0 2.0

0.5

1

90-p
erc.

m
ax. vel. [m

/s]

Figure
3.8:1)Run2_G

Veg
and

2)Run2_M
Veg

atthe
end

of8
m
orphodynam

ic
years

forvegetation
fraction

on
bathym

etry
(A
)and

m
ud

fraction
in
top

layer(>
5%

)(B).The
m
ud

fraction
difference

to
the

Run2_Ref-scenario
(C)w

ith
red

largerand
blue

reduced
m
ud

fractionsshow
slargerdeposition

w
ithin

vegetation
and

reduced
deposition

at
higherbed

elevations
on

the
bars

and
tow

ards
the

sides
ofthe

estuary.Flow
velocities

along
estuary

(D
)show

flow
deviation

into
the

channels
by

the
vegetation.Black

lines
define

the
m
ean

low
w
aterline.

76



(Figure 3.9). Once vegetation was introduced, the mud layer extent increased for both thick
and thin layers with distinct peaks at higher intertidal elevations (GVeg & MVeg). Hereby,
thick layers were found at higher elevations than the thin layers. However, the settling of
mud within the vegetation led to reduced mud availability at the highest elevations, reducing
mud extent at high bed elevations where the largest vegetation cover occurred.

Interestingly, the generic saltmarsh enhanced thick mud layers close to the vegetation
edge compared to a mud-dependent species linked with enhanced sedimentation within the
sparse vegetation at the marsh edge. On the other hand, the mud-dependent species was able
to increase thin mud layer extent along large parts of the intertidal domain leading to the es-
tablishment of new mud layers away from the marsh. This can be linked with the gradually
expanding saltmarsh already observed in figure 3.4 allowing for more gradual sedimentation
with expanding plant cover. As a result of the modification of the mud pattern by vegetation,
the area of the thin and thick mud layers in the estuary was increased by 15-25 % and 55%
of the reference run, respectively, (Figure 3.9A & B).

3.4 Discussion

Spatio-temporal variations in mud deposition, saltmarsh and microphytobenthos (MPB)
growth govern the morphology of tidal systems by stabilization of shorelines and tidal bars
that define multi-channel systems in estuaries (Braat et al., 2017; Allen, 2000; Temmerman et
al., 2003; Le Hir et al., 2007). To be able to understand the feedback between biostabilization,
mud layer formation and morphology, a detailed eco-morphodynamic model is required
that accounts for eco-engineering effects on dense temporal and spatial scales (Brückner et
al., 2019). Models that simplify saltmarsh growth and sediment settling as monotonously in-
creasing are only applicable in systems with unlimited suspended sediment supply and where
saltmarshes matured to a cohesive cover that leads to sheet flow above the canopy with con-
stant sedimentation rates (Fagherazzi et al., 2012). For the first time, this model enables us
to study the feedbacks between differences in mud layer formation and biostabilization to
draw conclusions on the effects on morphology in a dynamic, large-scale estuarine system.

The models including the generic saltmarsh and both the generic saltmarsh and MPB im-
prove predictions of mud locations by more than 50% compared to the reference run without
biostabilization, as evaluated by the ecotope maps. The performance reduces with simulation
time as the reference scenario accumulates mud with simulation time. On the other hand,
a mud-dependent species leads to improved model predictions over time as mud and vege-
tation spread gradually, which increases performance in the later years. Overall, this shows
that including saltmarsh vegetation into hydro-morphological computations enhances mud
predictions depending on the initial state of the model and the choice of the vegetation. How-
ever, MPB does not enhance predictions of mud layer formation.

Our model computes sediment transport and morphodynamics by state of the art rela-
tions, and includes literature-based seasonal saltmarsh and microphytobenthos (MPB) dy-
namics that predicts patterns comparable to field data (Figure 3.4 and 3.5). The simulation
results of Run1_MPB show similar locations of MPB growth as previously reported in lit-
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Figure 3.9: Total mud area along bed elevation (0.1m-steps) of thin and thick mud layers of the intertidal area
(lines) shows largest thin mud area at lowest elevations that reduce towards the higher intertidal while thick
mud layers peak at intermediate and high elevations in the reference run. When vegetation is present, the
total mud area for both thick and thin layers increases towards the higher intertidal. GVeg increase thick mud
layer extent at the marsh edge while MVeg enhances thin layers along the entire bed elevation gradient. The
values are smoothedbyamoving-averageof 5points. Thequalitativemeanvegetatedarea (surface area) shows
largest vegetation cover found at highest elevations. The bar plots show enhanced mean mud area compared
to a reference run (A) and total vegetated area (B) confirming that GVeg has a larger extent than MVeg.
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erature at the lower mudflats of the tidal bar (Widdows and Brinsley, 2002; Van der Wal
et al., 2008; Daggers et al., 2018). Our model predicted enhanced mud layers on the tidal
shoal of Walsoorden in the presence of vegetation and MPB despite their seasonality (Fig-
ure 3.7). By comparing a generic saltmarsh growing independently of mud thickness with
a mud-dependent species expanding gradually with increasing mud cover, our results sug-
gest that antecedent presence of mud can control saltmarsh cover. As a result, on a bar-scale
local hydro-morphodynamic conditions control if mud settling precedes vegetation estab-
lishment of vice versa. Large-scale morphology is altered by the presence of biostabilizers
through their capability to facilitate mud layer formation and thus limiting mud availability
on adjacent mudflats and in marshes.

Interactions between biotic and abiotic stabilization

Saltmarsh growth and expansion depend on several environmental factors, including hydro-
dynamic stresses and sediment type. Our results show that bed level accretion is not necessar-
ily the main mechanism facilitating plant survival of the generic saltmarsh type even though
sediment supply is known to be one important factor for saltmarsh resilience (FitzGerald
and Hughes, 2019). Our generic saltmarsh species covers a similar area on the bar from the
beginning of the simulation and barely expands with increasing bed elevation (Figure 3.4c).
This is especially pronounced compared to the scenario with sand only, where very low sedi-
mentation on the shallow parts of the bar leads to a similar extent in generic saltmarsh species
pattern (Figure 3.4b). Instead, flow reduction through plant growth appears to be controlling
marsh extent of the generic saltmarsh species, similarly as in Brückner et al. (2019). Mud
layers, however, form at different parts of the shoal and drastically increase in extent post
vegetation establishment (Figure 3.5c, d). As a result, the accretion of the mud observed
in the ecotope maps requires prior saltmarsh growth for large parts of the bar suggesting
that preservation of mud on the shoal of Walsoorden is strongly driven by the presence of
vegetation. We think that this mechanism can be characteristic for dynamic morphologi-
cal features, such as tidal bars that experience high flow velocities that prevent large mud
fractions on bare flats: While mud can accrete on sheltered, unvegetated parts on the bar,
vegetation helps accrete mud in otherwise too dynamic locations (Figure 3.5 and 3.7). This
process is based on higher resilience of saltmarshes to hydrodynamics than inherent to mud,
which leads to an alteration of the hydrodynamic forcing as soon as vegetation is present
and facilitates mud layer formation. As a result, limited saltmarsh growth by hydrodynamic
stresses at exposed sites is potentially limiting mudflat formation and expansion.

We find varying behaviour of vegetation species that require different sedimentary con-
ditions for their establishment. The generic saltmarsh, governed by hydrodynamic stresses
only, can colonize large parts of the bar while a mud-dependent species gradually increases
with enhanced mud settling as mud is not present in the initial bathymetry (Figure 3.4).
While the former alters hydrodynamics and sedimentation instantaneously and causes strong
mud accretion along the vegetated surface, the latter facilitates gradual increase in surface
mud content by concurrent saltmarsh expansion. On a decadal time-scale, the mud-dependent
species is not capable of covering the same extent as the generic species, but nevertheless
shows closer resemblance to observed saltmarsh development. This suggests, that mud de-
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pendent saltmarsh establishment might be an important factor constraining saltmarsh de-
velopment observed in nature.

Van Hulzen et al. (2007) showed that Spartina prefers muddy sediment due to enhanced
nutrient availability and soil drainage. Moreover, seed retention in the bed was linked to
both a lack of mud erosion (Zhu et al., 2014) or mud deposition (Xiao et al., 2009). Conse-
quently, the suggestion from literature that antecedent mud presence can facilitate saltmarsh
growth together with our model results, point to the presence of a geomorphological win-
dow of opportunity similar to Balke et al. (2014). If saltmarsh formation is strongly governed
by mud presence during recruitment in early spring, then the presence or absence of winter
storms, removing or conserving the top mud layer, exert a major control on saltmarsh devel-
opment. Thus, initial saltmarsh colonization might not only depend on the hydrodynamic
conditions during seed dispersal but similarly on the preceding hydrodynamics allowing for
mud settling prior to seedling germination. The existence of a geomorphologic window of
opportunity is thus based on the occurrence of seasonal disturbances such as winter storms,
and might help elucidate observed differences in interannual saltmarsh growth in dynamic
coastal environments. However, we expect that as soon as saltmarsh establishment takes
place vegetation potentially relies less on mud for survival due to its eco-engineering capa-
bilities (Brückner et al., 2019), but still constitutes an important habitat for mud to settle. We
show that the feedback-loop between mud sedimentation and species growth leads to dif-
ferent emerging species abundances that are controlled by the preceding geomorphic setting
and lead to species-specific mud layer formation.

In contrast to the enhanced settling by the saltmarsh vegetation, MPB leads to similar
muddy locations as the reference scenario but stabilizes the deposited mud (Figure 3.5 and
3.7) on the shoal of Walsoorden. Stabilization of fine sediments by MPB has been observed
by field studies on intertidal flats in the Western Scheldt (van de Koppel et al., 2001; Herman
et al., 2001), the Humber estuary (Widdows and Brinsley, 2002) and the Wadden Sea (Ri-
ethmüller et al., 2000). However, on intertidal flats the destruction of the biofilm by grazing
through macrofauna and shore birds is an important control on the stability of the mudflat
that we do not account for (Herman et al., 2001; Widdows and Brinsley, 2002; Van der Wal
et al., 2008; Mathot et al., 2018). Similarly, we simplify erodibility reduction by MPB by
assuming a constant biomass that possibly overpredicts local biostabilization. The balance
between biostabilization through MPB and grazing by Macoma balthica largely depends on
yearly variations in temperature, where warm winters can lead to decreased grazer densities
(e.g. M. balthica) and large microphytobenthic cover (Widdows and Brinsley, 2002). In the
face of global warming increasing biofilms will affect fine sediment dynamics by local stabi-
lization and accretion. We found that MPB occurs only 20% of the total simulation time (not
shown) but surprisingly can lead to higher mud fractions in the bed layers over several years.
Consequently, the seasonal effect of MPB can have a long-term effect on mud retention. Re-
sulting emerging patterns contribute to locally enhanced bed elevation, sediment refinement
and increasing stability of the intertidal area that persist throughout several years.

Our results show that mud layer formation is largely governed by local interactions be-
tween biotic and abiotic processes. The elevational gradient of stabilization along the mud
flat-saltmarsh interface leads to increasing local mud layer thickness and as a result con-
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trols the development of the cross shoal profile. New vegetation establishment on tidal bars
enhances sedimentation and acts as a local sediment sink that can facilitate saltmarsh estab-
lishment. However, maturity of the marsh leads to organic accretion rates enhancing bed
elevations while autocompaction (not modeled here) reduces mud thickness that add fur-
ther challenges to the predictions of mud sedimentation and bed level changes in estuarine
systems (Allen, 2000). However, we do not expect these simplifications to change the main
trends observed in our results, where biostabilizers facilitate mudflat formation and expan-
sion and on a secondary level control the extent of marshes and MPB. Vegetation establish-
ment in areas with high flow velocities is crucial to allow for mudflat formation, whereas mud
was not a prerequisite for saltmarsh growth, but potentially an important factor limiting their
extent.

Conditions for inter-annual mud preservation

Deposition of fine sediments in intertidal areas is controlled by the hydrodynamics, such as
flow velocity and inundation period, as well as sediment supply. Generally, the total trapping
within the vegetation is highest for a combination of high water levels and low biomass, lead-
ing to largest accretion at the beginning and end of the growth season. Increasing water levels
and reduced plant sizes during winter allow for longer inundation times that lead to larger
sediment accretion. On the other hand, mud accretion under MPB presence mainly occurs
during their growth period stabilizing present mud layers (Figure 3.6). Understanding the
conditions under which seasonal mud layers form and get preserved in the stratigraphy is
crucial for ecological functioning, the prediction of bar stability as well as marsh resilience in
threatened environments through sea level rise or human impact (FitzGerald and Hughes,
2019). To be able to determine which parameters control mud layers under two types of
biostabilizers, we analyse the relationship between mud thickness, mean inundation period,
90-percentile maximum flow velocities and bed elevation over the last four years of simula-
tion time on the shoal of Walsoorden (Figure 3.10). We define two mud thicknesses: thin or
seasonal and thick or multi-annual mud (Herman et al., 2001).The reference scenario (trian-
gles), the generic vegetation species scenario (circles) and the microphytobenthos scenario
(crosses) are linked to bed elevation (color shades), while the regression line represents the
averaged ratio between inundation period and velocity.

On the shoal of Walsoorden, the hydrodynamic forcing is reduced through the presence
of vegetation, which shields the mud layers from erosion and enhances bed accretion up to
several decimetres thickness (Figure 3.6 and 3.10). As a result, seasonal mud that is other-
wise removed during winter can be preserved in the stratigraphy as has been reported by
other authors (Le Hir et al., 2007). As the top 1-2 cm of the sediment are the biochemically
active part of the mudflat that acts as an interface between the benthic and aquatic as well
as the atmospheric and anaerobic system (Chen et al., 2016) the understanding of seasonal
mud layer formation is crucial to guarantee ecological functioning of estuaries. We found
that thin layers (red data points) can establish under dynamic conditions characterized by
high velocities and long hydroperiods (Figure 3.10). Contrastingly, thick layers (blue data
points) form at low flow velocities and short inundation periods. This indicates that seasonal
mud settling can occur under a wide range of hydrodynamic combinations while thick layers
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require calm conditions. The MPB scenario preserves mud at lower bed elevations than the
reference run, while vegetation promotes settling at higher elevations on the bar (see also
Figure 3.4 and 3.7). The latter induces small flow velocities and slightly shorter inundation
periods that are caused by the vegetation roughness. Contrastingly, MPB allows formation of
thin layers at locations with higher flow velocities and inundation period than the reference
scenario through reduced erodibility of the mud. In contrast to previously reported results
(e.g. Le Hir et al., 2007), the formation and stability of thick mud layers is strongly enhanced
by biostabilization that controls mud preservation beyond its direct seasonal impact.

The slope of the regression line is an indicator for the ratio of hydroperiod and flow ve-
locity required for mud layer formation (Figure 3.10B). While the reference scenario has a
ratio based on the physical and empirical relations in the model, biostabilization-induced
effects alter the inundation period-velocity ratio in two ways: MPB has largest effects on
the formation of thin layers that are facilitated under higher relative velocities while vegeta-
tion strongly reduces velocities with relatively high inundation periods causing the ratio to
increase. Ultimately, these mechanisms determine mud thickness along bed elevation (num-
bers in brackets) with thick layers generally occurring at higher bed elevations. The graph
confirms that mean bed elevation for the two mud thickness classes increase under vegetation
but surprisingly reduce under the presence of MPB. Thus, biostabilization plays a fundamen-
tal role in facilitating mud layer thickness along the elevational gradient that emerges from
the alteration of the hydrodynamic drivers.

Understanding the importance of biostabilizers and their interaction with their environ-
ment for predictions of mud preservation is crucial for dynamic estuarine systems. Even
though both biostabilizers have a similar effect on mud preservation, the causes differ: vege-
tation promotes accretion by a reduction of the flow velocity while MPB reduces erosion by
reducing erodibility of the sediment, which in turn allows mud accretion at higher veloci-
ties. While the former promotes mud layers in sheltered parts of the bar, the latter facilitates
mud settling mainly on unvegetated mudflats where the flow is more dynamic. These two
contrasting processes lead to new emerging biota and mud patterns that in turn control the
establishment of the type of biostabilizer. The contrasting preservation of fine sediments af-
fects the stability of bars and shorelines and the ecology on intertidal flats (van de Lageweg
et al., 2018; Braat et al., 2017).

Large-scale redistribution of sediments

Our results confirm that mud distribution in the Western Scheldt as reported by previous
authors, mainly settles at sheltered sites and increases towards the flanks of the estuary (Fig-
ure 3.8) (Braat et al., 2017; van de Lageweg et al., 2018). Similarly, we predict higher mud
percentages (> 50%) at the higher elevations along the estuary and the tidal bars creating a
more cohesive and ecologically diverse habitat (Herman et al., 2001; Meire et al., 2005; Braat
et al., 2017). As was shown for the tidal shoal of Walsoorden, mud is captured by the es-
tablishing saltmarsh at intertidal elevations that otherwise are too dynamic to preserve mud
(Figure 3.5). Interestingly, sparse local vegetation cover enhances the total mud area imply-
ing that mud accretion is largely facilitated by the vegetation. Consequently, higher up the
marsh sediment transport is limited, which reduces mud percentages towards the flanks of
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Figure 3.10: Corresponding maximum 90-percentile velocity and hydroperiod of cells containing mud along
the last two morphological years of the simulation time on the shoal of Walsoorden. Colors indicate mud layer
thickness class (thin: red and thick: blue) and shades bed elevations. Thin layers (red) form at lower bed ele-
vations and similar inundation-velocity ratios for all scenarios, while thick layers (blue) occur higher on the bar
and are promoted by contrasting stabilization mechanisms: Vegetation reduces velocity while MPB facilitates
mud layer formation at higher velocities and inundation period. Vegetation promotes thick layer formation on
the highest elevations of the bar. The bar plot displays the slope of the linear fit in the scatter plot for both thick-
ness classes and all scenarios. Numbers are slope value and corresponding mean elevation in brackets. While
vegetation enhances the slopes for both layer classesMPB enhances the slope for thickmud layers and reduces
the ratio for thin layers. The mean bed elevation [m NAP] shows that thin layers occur at lower bed elevations
than thick layers. Vegetation promotes mud at higher whereas MPB controls mud at lower elevations than the
reference.

the estuary compared to the reference run (Figure 3.9). As a result, thick mud layers move
from intermediate elevations in the reference scenario towards the higher intertidal under
vegetation presence, having wide-ranging effects on the morphological development of estu-
aries. Similar patterns have been observed in well-established marshes where levee formation
leads to reduced transport into the marsh, which can threaten the survival of vegetation at
higher elevations (Temmerman et al., 2003). At the same time, thin layers can form under
vegetation along the entire intertidal domain. This effect is especially pronounced under a
gradually expanding saltmarsh that requires increasing mud in the bed for establishment.
Consequently, local marsh species can lead to different mud patterns along the intertidal
domain and determine the area covered with mud. As a result, we show that in dynamic es-
tuaries with limited sediment supply large-scale mud pattern and bed accretion are affected
by local vegetation.

As a result, changes in fine sediment availability by dredging and dumping activities, con-
struction of dams or storm surge barriers, or nature preservation projects can have wide-
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ranging effects on settling locations and accretion rates. Waves that have been excluded due
to tide-domination in the Western Scheldt might lead to enhanced mud transport towards
the upstream part of the estuary and reduces mud accumulation on ’Hoge Platen’. Conse-
quently, vegetation cover might be reduced in the more offshore parts of the estuary and lead
to larger mud accretion upstream. As a result, the observed redistribution of sediments along
the elevational gradient will have large effects on the survival of marsh species that possibly
get destroyed under low sediment supply and wave action (FitzGerald and Hughes, 2019).
Human induced local changes in sediment availability can therefore have large effects on the
survival of marshes and mud layer formation at the larger scale. The amount of vegetation in
intertidal areas significantly affects sediment budgets, redistribution of fines, turbidity and
siltation, multi-channel formation and ecology.

The large-scale redistribution of sediments differs with inclusion of vegetation that creates
sediment scarcity adjacent to and within the marsh. We show that local variations in salt-
marsh coverage can lead to a redistribution of fine sediment that holds for similar systems
with moderate mud transport rates: The establishment of the vegetation causes sediment
scarcity adjacent to the marsh due to enhanced mud settling within the vegetation patch.
Consequently, the enhanced local mud settling promotes mud pattern that does not neces-
sarily coincide with the highest bed elevations or vegetation cover (Figure 3.7) but is governed
by the hydrodynamics (Figure 3.10). We show that mud layer formation is governed by the
interactions between hydro-morphodynamics and dynamic biostabilization that lead to en-
hanced local mud cover, which persists over decadal time-scales. As a result, the interaction
between saltmarsh species, flow and sediment availability controls local mud thickness (Fig-
ure 3.4 and 3.8) and marsh expansion, which in turn affects large-scale mud and saltmarsh
pattern.

3.5 Conclusions

Our novel eco-morphodynamic model shows that saltmarsh growth considerably improves
predicted mud deposition. We show that detailed seasonal representations of saltmarsh veg-
etation, microphytobenthos (MPB) and empirical sediment transport relations determine
mud layer location in dynamic estuarine systems. Local mud settling is controlled by salt-
marsh species and marsh extent, while generic saltmarsh establishment occurs indepen-
dently of mud accretion and mud accretion can also occur without prior vegetation establish-
ment. Contrarily, a mud-dependent species shows different expansion and mud accumula-
tion pattern, demonstrating that species type determines mud accretion and that saltmarsh
abundance can be controlled by mud.

Seasonal and inter-annual mud layers control saltmarsh establishment and marsh extent
as vegetation growth partly depends on a geomorphological window of opportunity that pro-
vides sufficient mud cover for plant establishment. Vice versa, mud layers form under differ-
ent flow conditions mediated by biostabilization. While thin, seasonal layers form under dy-
namic conditions determined by high flow velocities and hydroperiods, thick, multi-annual
mud layers occur in calmer areas. Biostabilizers affect this ratio between hydroperiod and ve-
locity that determines mud layer formation. Vegetation reduces flow velocity more efficiently
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than it enhances hydroperiod, which leads to higher slopes for the mean ratio of hydrope-
riod and velocity for both thin and thick mud layer. MPB, on the other hand, promotes thin
mud layer formation under higher velocities than the reference run. Interestingly, despite
the seasonality of the biostabilizers, mud is preserved inter-annually and can lead to long-
term changes in morphology. For large-scale morphologies, increasing local mud deposition
induced by vegetation leads to reduced large-scale sediment availability: the presence of salt-
marsh strongly increases accretion rates at the marsh edge, which leads to sediment scarcity
adjacent to the marsh and determines accretion rate in the high marsh. This feedback de-
pends on species type as a generic species promotes thick mud layers at lower elevations in
the marsh and a mud-dependent species facilitates new thin mud layer formation in and
adjacent to the marsh. Consequently, mediated sedimentation through biostabilization has
large-scale implications for sediment availability and hence large-scale morphology.

Our results show that local biostabilization can have large-scale effects on morphology by
altering the location and thickness of local mud layers, which results in higher local sedi-
mentation and reduced sediment availability in uncolonized parts of the estuary. For highly
managed systems, such as the Western Scheldt, knowledge of sediment budgets and fine sed-
iment accretion is essential for understanding and managing ecological functioning of the
estuary. Our findings are applicable to dynamic sandy systems that undergo continuous mor-
phological change through vegetation establishment, benthic activity, changes in sediment
availability or human-induced engineering works.

Acknowledgements

We thank the reviewers for careful reading and contribution to the quality of this work. This re-
search was funded by the ERC Consolidator project 647570 and Utrecht University. The ecotope
maps were created by the Dutch Water Authorities (Rijkswaterstaat) and can be found on their web-
site (https://www.rijkswaterstaat.nl). The Nederlands-Vlaams-Model was created and calibrated by
Deltares. Delft3D is an open source code available at https://oss.deltares.nl. The dynamic model code is
provided under DOI: 10.5281/zenodo.3862032. The authors contributed in the following proportions
to conception and design, modeling, analysis and conclusions, and manuscript preparation: MZMB(50,
70, 65, 70%), LB(5, 20, 15, 5%), CS(15, 10, 10, 15%), and MGK(30, 0, 10, 10%)

85





Chapter 4

On the impact of saltmarsh pioneer species‐assemblages on the emer-
gence of intertidal channel networks

Tidal marshes play an important role in climate changemitigation through natural coastal pro-
tection. The effectiveness of the natural coastal defense by tidal marshes is closely related to
their channel network which is in turn greatly influenced by their vegetation cover and shape.
Previous research suggests a dual effect of vegetation on marsh topography; stabilizing sedi-
ment on the one hand versus promoting erosion and channel incision on the other hand. This
study links these effects to different vegetation species, Salicornia procumbens, Spartina an-
glica, and Puccinellia maritima (further referred to as Salicornia, Spartina, and Puccinellia), by
meansofa coupledbio‐hydromorphodynamicmodelingstudy. Single species, species‐assembl-
ages, and species shiftswere studied, incorporatingboth species‐specificphysical plantproper-
ties and spatio-temporal growth strategies. The results indicate the influence of vegetation on
themarsh topography to be highly species‐dependent, but also of a very complex nature. Both
the presence of Spartina and Puccinellia resulted in significant channel development, whereas
Salicornia did not induce topographic change. The combination of several species promoted or
reduced channel development depending on the included species. Species‐shifts linked with
climatic changes resulted in increased erosion of the existing channel network potentially re-
ducing the protective capacity of the marsh.

Published as: Bij de Vaate, I., Brückner, M. Z. M., Kleinhans, M. G. and Schwarz, C. (2020). On the
Impact of Salt Marsh Pioneer Species‐Assemblages on the Emergence of Intertidal Channel Networks.
Water Resources Research, 56. https://doi.org/10.1029/2019WR025942 .
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4.1 Introduction

Coastal ecosystems are some of the most valued and exploited natural systems around the
world (Costanza et al., 1997). Among them, tidal salt marshes are of specific relevance
for their role in natural coastal protection (Temmerman et al., 2013). For instance, salt
marshes can attenuate storm surges and waves through friction induced by their above-
ground biomass. Besides, they provide extra storage area for water and thereby protect the
hinterland from flooding in converging estuaries (Leonardi et al., 2018; Temmerman et al.,
2013). In respect to global change, tidal salt marshes are capable of following sea level rise
due to enhanced sediment deposition during the extended flooding periods thus building
natural levees (Kirwan and Megonigal, 2013; Morris et al., 2002). Accordingly, the coastal
protection function of tidal marshes is not only crucial for present coastal populations, but
also for generations to come (Leonardi et al., 2018).

Tidal marshes consist of vegetated marsh platforms intersected by tidal channels (Allen,
2000). Tidal channels, being the main conduit for the exchange of water, sediment and or-
ganisms to the adjacent open water body, provide crucial habitat structure and heterogene-
ity for tidal marshes. Channels determine aquatic and terrestrial community composition
(e.g. Visintainer et al., 2006), hydrodynamics (e.g. Temmerman et al., 2005a) and sediment
budgets (e.g. French and Spencer, 1993). Moreover, the effectiveness of the coastal defense
function exerted by tidal marshes is closely related to their channel network (Leonardi et al.,
2018). For instance, channel dimensions directly relate to landward flood propagation (e.g.
Leonardi et al., 2018; Stark et al., 2015), while channel density and extent influence sediment
distribution and the ability of the marsh to keep up with sea level rise (Kirwan and Megoni-
gal, 2013; Leonardi et al., 2018; Sanderson et al., 2000). Although the channel network affects
the distribution of vegetation in the marsh, vegetation colonization also influences channel
formation. Locally, roots have a stabilizing effect on sediment and aboveground biomass
increases flow resistance, resulting in increased deposition and stabilization of already ex-
isting channel banks, further referred to as short-scale positive feedback (Coco et al., 2013;
D’Alpaos et al., 2006). On larger scales (vegetation patch-scale), vegetation has the opposite
effect on flow as flow deviation around dense vegetation patches leads to flow acceleration,
which results in increased erosion between patches that can lead to channel incision, referred
to as large-scale negative feedback (Schwarz et al., 2014; Temmerman et al., 2007). The bal-
ance between these mechanisms, also referred to as scale-dependent feedbacks, is closely
related to ecosystem properties such as sediment properties, hydrodynamics and plant char-
acteristics (Schwarz et al., 2018; Van Wesenbeeck et al., 2008).

Previously, interactions between vegetation, flow patterns, sediment dynamics and thus
tidal channel formation have been attributed to physical plant properties mainly representing
a generic Spartina-type salt marsh species. For instance, Temmerman et al. (2007) showed
how temporal increase in plant density influenced scale-dependent feedback strength and
consequently increased channel density using Spartina anglica as a blueprint. Other studies
modeled salt marsh morphology based on Spartina alterniflora as a model species (Best et
al., 2018; D’Alpaos et al., 2007; Kirwan and Megonigal, 2013; Morris et al., 2002; Rodríguez
et al., 2017). However, physical plant properties and spatio-temporal growth strategies vary
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widely among different salt marsh pioneer species, rendering the general Spartina-type case
an oversimplification. Species-specific physical properties, such as stem height, stem den-
sity or stem diameter, result in differing magnitudes of patch adjacent velocity acceleration
(Bouma et al., 2013). Species-specific spatio-temporal growth strategies result in differences
in vegetation cover relative to hydrodynamics stresses over time (Schwarz et al., 2018).

Accordingly, tidal marshes covering a stress gradient from low-intertidal to supra-tidal are
rarely occupied by a single species (e.g. Allen, 2000). For instance, the common saltmarsh
grass Puccinellia maritima is relatively sensitive to long periods of inundation and therefore
restricted to higher marsh elevations while the halophyte Salicornia procumbens is partic-
ularly abundant in the lower intertidal zone. Previous studies have shown that this balance
between stress-tolerance and competition across the intertidal stress gradient influences sed-
imentation and erosion patterns (Bockelmann et al., 2002; Erchinger, 1985; Pennings and
Callaway, 1992). This leaves the question how this relative complexity of the real situation
influences the emergence and shape of intertidal channels in the presence of different species
and multi-species assemblages. In addition, due to global climate change topographical shifts
in plant distribution are expected (e.g. Kelly and Goulden, 2008; Lenoir et al., 2008). For ex-
ample, Spartina is likely to benefit from rising temperatures as this enables earlier germina-
tion and results in a head start compared to other species (Gray et al., 1991; Gray and Mogg,
2001; Loebl et al., 2006). On the other hand, increased drought will benefit the salt-tolerant
succulent Salicornia at the expense of other common salt marsh grasses (Strain et al., 2017).
Such topographical species shifts will have a substantial effect on vegetation composition,
channel development and provided ecosystem functions of tidal marshes (Gray and Mogg,
2001; Strain et al., 2017).

This study investigates the impact of three dominant marsh species of NW Europe (and
combinations thereof) on tidal channel formation: Salicornia procumbens, Spartina anglica
and Puccinellia maritima (Bouma et al., 2013). The objective of this study is threefold; (1)
investigate the effects of different species-specific vegetation-traits on the initial development
of channel drainage patterns, considering species-specific physical plant properties as well as
spatial and temporal variation in growth strategies (i.e. life history strategies); (2) elucidate
the impact of species assemblages (different combinations of salt marsh species) on channel
development; (3) investigate the impact of shifts in dominant salt marsh species on channel-
and vegetation development.

4.2 Materials and Methods

The effect of varying species traits on channel development is investigated by means of cou-
pling between a vegetation model operated in MATLAB and the hydro-morphodynamic
model (Delft3D) further referred to as bio-morphodynamic model (Hydraulics, 2006).

4.2.1 Hydro-morphodynamic model

Delft3D is a widely used open-source model environment able to calculate flow, sediment
transport and morphological change and has been applied and validated in various coastal
and estuarine environments. (e.g. Braat et al., 2019a; Fagherazzi et al., 2014; Schwarz et
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Figure 4.1: (a) Flow diagram of the bio-morphodynamic model, the ecological model is represented in shades
of green, the hydro-morphodynamic model (Delft3D) in blue and orange; (b) Temporal variation in growth for
Spartina anglica (Alkemade et al., 1994; Gray et al., 1991; Loebl et al., 2006), Salicornia procumbens (Davy et al.,
2001; Jefferies et al., 1981) and Puccinellia maritima (Gray and Scott, 1977).

al., 2014). Delft3D simulates flow by solving the conservation of mass and conservation of
momentum equations. These equations describe the temporal velocity variations in the x-y
plane as a function of advection, friction, eddy diffusivity, water depth and streamline curva-
ture (Lesser et al., 2004). The FLOW-module of Delft3D was used to simulate unsteady flow
and sediment transport on a rectangular grid in 2DH (depth-averaged) driven by a harmonic
tidal forcing at the open boundary (Hydraulics, 2006).

For computational efficiency and to ensure tidal propagation independent of lateral bound-
aries, modeling is performed using two grid resolutions, a small fine grid (1400 x 1050 m,
cell size: 5 m) nested into a big, coarse grid (6000 x 2500 m, cell size: 50 m), which were
linked using domain decomposition (Figure C.2). Vegetation growth was only simulated
on the fine grid, of which the center part (600 x 1000 m) is used for analyses due to lateral
boundary effects (Figure C.2). The morphological settings of the idealized model domain
represent tidal flat systems typical for NW Europe (Roberts et al., 2000; Schwarz et al., 2014;
Temmerman et al., 2007). In the cross-shore direction, the tidal flat slope decreases linearly
towards the open boundary with 0.0012 mm−1. The open boundary on the seaward side of
the coarse domain is forced by a harmonic M2-tide (period: 744 minutes, amplitude: 1.75
m), whilst the other three boundaries are closed. We define hydraulic boundary conditions of
372 days, corresponding to 744 M2-tides, as 1 year. This is multiplied at every computational
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time-step (0.2 minutes) with a morphological acceleration factor (MorFac) of 30, resulting in
morphodynamic time-steps of 6 minutes and an overall simulation period of 30 years. Each
of these morphological years therefore consists thus of 24 M2-tides. The MorFac was chosen
based on the recommended range for morphodynamic upscaling given our choices for grid
cell dimensions (Ranasinghe et al., 2011) and considers the criterion suggested by Roelvink
(2006) that the chosen MorFac should not significantly alter the flow field and morphologi-
cal change. Furthermore, compared to previous studies with similar set-ups (e.g. Best et al.,
2018; Schwarz et al., 2018; Temmerman et al., 2007) our MorFac is conservatively small. We
tested with smaller factors (not shown) and no significant difference was observed in topo-
graphic change (p > 0.99) between tests with a MorFac of 10, 20 or 30.

Our simulations were initiated on a 5 m thick layer of flat, evenly distributed non-cohesive
sand with a median diameter (D50) of 0.1 mm and a specific density of 2650 kgm−3. This type
of fine sand is commonly found on intertidal bars in northwest Europe prior to vegetation
colonization (Schwarz et al., 2016). Sediment transport is simulated using the Engelund-
Hansen equation for total transport (Engelund and Hansen, 1967; Lokhorst et al., 2018):

Totaltransport = 0.05αq5/(
√gC3Δ2D50) (4.1)

whereby the median grain size diameter (D50) and the calibration coefficient (α) are to be
specified beforehand (D50 = 0.1 mm and α = 1), while the flow magnitude (q), the Chézy fric-
tion coefficient (C) and the relative density (Δ) are cell-specific and updated continuously.
Sediment availability from outside the model domain is restricted by means of an equilib-
rium sediment concentration at the open boundary. This set-up does not induce channel
formation in case of an unvegetated marsh (see Figure C.3), allowing to isolate the effects of
the vegetation species.

4.2.2 Ecological model

The hydro-morphological modeling was coupled to an adapted version of the ecological
model by Van Oorschot et al. (2017) that allows to study the effect of physical plant prop-
erties as well as spatial and temporal variability in plant growth on sediment dynamics and
morphological development (Brückner et al., 2019). The ecological model is coupled every
M2-tide (leading to 15.5 morphological days when applying the MorFac), referred to as one
ecological time step (ETS). This means that constant forcing is applied in each ETS, resulting
in a stable and representative factor for imposing seasonality in vegetation, as such that 24
ETS represents 1 ecological year, and 2 ETS represent 1 ecological month. At every cou-
pling moment (after each ETS), vegetation is updated based on the results of the hydro- and
morphodynamic computation and hydraulic resistance caused by the updated vegetation is
altered and applied to the subsequent computations in Delft3D (Figure 4.1a). Simulations
were run for 20 morphological years.

The effect of vegetation is incorporated in Delft3D by means of adding an extra drag term
representing flow resistance in the momentum equation (-λ/2 u2) based on the hydraulic
resistance (Figure 4.1a; Vegetation growth) calculated by the equation adapted from Baptist
et al. (2007):
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whereby C is the net roughness, Cb the real bed roughness, CD the drag coefficient, n the
vegetation density (no. of stems per square meter multiplied by stem diameter), hv the height
of the vegetation (m), h the water depth (m), κ von-Kármán constant (0.41) and g the gravita-
tional force (9.81 m/s2) (Hydraulics, 2006). This approach is a simplification of the way plants
interact with sediment in nature where, for instance, the sediment resuspension threshold
is not actively, but indirectly modeled through reduced flow velocities generated by friction
of vegetation. In addition, Delft3D allows multiple vegetation types to be assigned to one
cell by means of composite vegetation function (Hydraulics, 2006). This function sums the
contributions in hydraulic resistance of different species scaled by their relative area cover
(0-1), thus different vegetation types occupy different fractions of a cell.

Plant colonization assumes seedlings are distributed by the tide. Thus, colonization in the
model only occurs in cells of the intertidal area that have been submerged during the previ-
ous tide but are dry during low water (Figure 4.1a; Colonization). The actual number of cells
that will be colonized depends on the species-specific probability of random establishment.
Based on this value, a selection of possible cells will be colonized by the initial fraction of
the respective species. The initial fraction describes the initial size of a tussock (as fraction
of a grid cell) and varies among species (Table 4.1). If a cell is already populated by an earlier
generation or other species the initial fraction reduces to the maximum available space in the
cell up to a fraction of 1 (Van Oorschot et al., 2017). Once vegetation has colonized, spatial
variability in growth is modeled through linear dose-response relationships related to phys-
ical stresses. The model incorporates mortality due to velocity and inundation (Figure 4.1c
and Figure C.4).

Mortality is modeled as a reduction in the vegetated area fraction (0-1) in a cell in response
to an exerted pressure. Plants that die, disappear from the model. This is based on flume
experiments (Bouma et al., 2013) where plants toppled over due to high velocities and sub-
sequently exerted no more influence on the flow field. Species-specific sensitivity to different
stresses was assigned by means of a threshold value and a slope which determines the dose-
response curve. Moreover, stress tolerance was varied in two life-stages, juveniles and adults.
Juveniles such as seedlings are more susceptible to stress than adult plants (Table 4.1). Thus,
we incorporate three vegetation species in our model through different physical parameters
(Equation 4.3) and separate stress tolerance of juvenile and adult plants (further referred to as
spatial variation in growth). Furthermore, the model includes seasonal variation in growth
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(Brückner et al., 2019). Seasonal variation is defined from literature by species-specific col-
onization and growth periods and reduced plant height during winter (Figure 4.1b)

4.2.3 Species parameters

Differences between the three considered species are incorporated in the model through dif-
ferences in temporal variation in growth (Figure 4.1b), spatial variation in growth and physi-
cal plant properties (Table 4.1). To reproduce natural development, changes in plant proper-
ties throughout ontogenesis were incorporated by assigning different properties for seedlings
(first year) and mature plants (years 2-20). Since Salicornia procumbens is an annual species
it has only one life stage (of one year) while Puccinellia maritima and Spartina anglica were
assigned a second life stage from year 2 onwards. Variability in spatial distribution of the
salt marsh species are related to different degrees of susceptibility to hydrodynamic stresses:
high velocities and inundation.

The physical plant properties in Table 4.1 are based on available literature (indicated in
table) or if absent expert judgement. Values for the chance of occurrence are partly based
on observed occurrences of 5% of Puccinellia patches (Langlois et al., 2003) and the chance
of plant establishment of 0.01 (Temmerman et al., 2007) and approximately 0.04 (Schwarz
et al., 2014) used in modeling of Spartina. The chosen values are slightly higher because our
study only considers establishment and potential connection of small patches (by adding area
fractions), whereas the mentioned studies also incorporate lateral diffusion. Lateral diffusion
was omitted in this study focusing on bio-morphodynamic feedbacks in a system dominated
by seedling recruitment. We test the validity of our approach to represent scale-dependent
feedbacks by determining spatial tussock distribution (random, clustered or regular) over
time for the single-species Spartina scenario, by calculating the Ripley’s K (Ripley, 1977) (see
Appendix C). The difference between Salicornia and the other two species aims to reflect their
contrasting methods of reproduction (high vs. low dispersal rates). The drag coefficients are
calculated based on relations provided by Nepf (1999).

4.2.4 Scenarios

To investigate the impact of species assemblages on salt marsh channel emergence we simu-
lated a variety of scenarios, classified as S1: Single species, S2: Multi species and S3: Species
shifts from one species to another (Table 4.2). The S1-scenarios allow to compare the single-
species effects on topography, channel characteristics and tidal asymmetry. The S2-scenarios
comprise of all possible 2-species combinations (Multi3-5) and 2 3-species runs (Multi1-2).
The first 3-species run uses species-specific traits (Multi1), whereas at the second 3-species
run uses species-specific traits except all species have the same susceptibility to flooding (In-
undation threshold and slope), which was set equal to the Spartina case (for details see Ta-
ble 4.1). This was done to investigate the importance of stress tolerance against inundation
compared to other indirect effects that determine species colonization. Finally, two runs
were performed whereby a species shift was simulated (S3). The first scenario represents a
shift from Puccinellia to Spartina and the second scenario from Spartina to Salicornia. The
shifts were modeled by using modeled topography of the first species after 30 years, as initial
topography for the second species running for 20 more years.
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Table 4.2: Classification of modeling scenarios.

Scenario Name Details
S1 Single species scenarios

Spartina
Salicornia
Puccinellia

S2 Multiple species scenarios
Multi1 All species
Multi2 All species, inundation threshold/slope constant (Spartina case)
Multi3 Spartina and Salicornia
Multi4 Spartina and Puccinellia
Multi5 Salicornia and Puccinellia

S3 Species shift scenarios
Spar2Sal Shift from Spartina to Salicornia
Puc2Spar Shift from Puccinellia to Spartina

4.2.5 Channel extraction

Channels were extracted using a simple method relying on the difference between the initial
topography and the final topography. This simple approach suffices since in our simulations
only the presence of vegetation initiates channel development. Channels were assumed to be
present where this difference is significant (standard deviation exceeds 0.02). For this extent
of the domain (Ln) channels were extracted based on a negative bed level change (∆Z < -
0.03m) and a sufficient number of neighboring cells (to ignore isolated depressions). Based
on the extracted channel networks, drainage density was calculated as the combined length
of all channels over the contributing area (Marani et al., 2003):

DD = no.channel cell ∗ δx/(LnΔYδxδy) (4.4)

Whereby δx and δy represent the grid cell dimensions and ΔY (domain width) and Ln are
given in number of cells. In addition, channel depth was calculated as the first percentile and
bank height as the 99th percentile of bed level change.

4.3 Results

The results will be analyzed per scenario group (S1-3), while figures show the most relevant
scenarios together for direct comparison. For a complete set of figures, the reader is referred
to the Supporting Information.

4.3.1 Single species (S1)

Our simulations show that the distribution of vegetation across the marsh is highly species-
dependent. After 20 years of simulation, Spartina covers about 30% of the domain, while
Puccinellia covers 12% and Salicornia only 1% (Figure 4.2a). Salicornia and Spartina grow
close to the seaward boundary of the domain and are relatively evenly distributed over the
range of elevations, while Puccinellia is more restricted to the upper part of the domain (Fig-
ure 4.2d, e). A slight seaward shift of the vegetation edge can be observed for both Spartina
and Puccinellia (Figure 4.2d; 4.3a, d), which is absent in the case of Salicornia.
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a b c

d e

Figure 4.2: (a-c) Temporal evolution of total plant cover as fraction of full domain for a) S1-scenarios and S3-
scenarios, b) three-species S2-scenarios and c) two-species S2-scenarios; (d-e) Distribution of vegetation in S1-
scenarios. Temporal evolution of the seaward vegetation edge (d) and hypsometric curves of cumulative bed
elevation of colonized cells after 1 year of simulation (e: dashed) and after 20 years (e: solid).

The topography after 20 years (relative to the initial topography) for Salicornia does not
display significant changes (Figure 4.3c), while channel development is apparent in the two
other vegetation scenarios (Figure 4.3a, d). In the case of Spartina, a very dense and com-
plex channel network has developed landward at x = 1750, which coincides with the seaward
boundary of the vegetation area (solid line Figure 4.3a). Channels seaward of this point have
lower density and complexity and more gradual levees than within the marsh (Figure 4.4a,
c, e). The same pattern is visible for Puccinellia (Figure 4.3d), yet the extent and location
(channels starting around x=2100) of the channel network differs (Figure 4.4b, d, f and C.8).
In addition, Spartina develops channels with a lower width-to-depth ratio (narrower) than
Puccinellia (Figure 4.4 and 4.5a) Comparing total amounts of erosion and accretion per year,
the maximum amount of erosion is higher for Spartina (850 m3) than for Puccinellia and Sal-
icornia (400 m3). In the case of the latter two, maximal erosion occurred in year 1, while for
Spartina the amount of erosion increases from year 2 onwards (Figure C.9). Salicornia has
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Figure 4.3: Topography after 20 years compared to the initial bed level for the three respective S1-scenarios:
Spartina (a), Salicornia (c) and Puccinellia (d) and the S3-scenarios with species shift: Spar2Sal (b) and Puc2Spar
(e). Solid lines indicate seaward vegetation edge at the end of simulation and the dashed line the initial vege-
tation edge showing salt marsh expansion with time for all scenarios except Salicornia only. The arrows in Fig
3b indicate location of cross-sections (Figure 4). The topographic change for the S2-scenarios is included in the
Supporting Information (Figure C.5) as well as the final topography for all scenarios (Figure C.7).

a relatively constant annual erosion after seven years have passed. Although in all scenar-
ios the net erosion increases over the years, the Salicornia-scenario remains dominated by
sediment accretion.

Furthermore, the temporal evolution of the channel network is quantified by the variation
in channel depth, levee height, drainage density and network extent (Figure 4.6). All parame-
ters increase over time following vegetation colonization and exhibit a significant difference
between Spartina (higher values) and Puccinellia, although the two species initially (until
year 2) show similar bed level change (i.e. levee height and channel depth) (Figure 4.6a).
The onset of channel formation varies between the two species: year 4 in the case of Spartina
and year 7 in the case of Puccinellia. For both species channel depths exceed levee heights.
While Spartina and Puccinellia both cause a decline in width-to-depth ratio over time, this
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Figure 4.4: Representative cross-sections with bed level variations for S1-scenarios (Spartina and Puccinellia)
and related S3-scenarios (Spar2Sal, Puc2Spar) at successive distances from the sea: 150 m (a, b), 300 m (c, d)
and 600 m (e, f ). Salicornia (S1) is not included in the figure because no change in topography was observed.
Cross-sections for S2-scenarios are included in Supporting Information (Figure C.6).

5 10 15 20
Time [yr]

0

100

200

300

400

500

600

W
id

th
-to

-d
ep

th
 ra

tio

Spartina
Puccinellia
Spar2Sal
Puc2Spar

5 10 15 20
Time [yr]

Multi1
Multi2

5 10 15 20
Time [yr]

Multi3
Multi4
Multi5

a b c

Figure 4.5: Evolution of width-to-depth ratio over time for (a) S1- and S3-scenarios, (b) S2-scenarios with three
species and (c) S2-scenarios with two species. Ratios are computed based on averagewidth and depth over the
extent of domain where channels are present (variable per year and scenario).
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Figure 4.6: Temporal evolution of (a) channel depth (1st percentile of bed level change), levee height (99th
percentile of bed level change), drainage density (length of channels divided by surface area) and (b) channel
extent (distance between upper and lower boundary of network) for S1- and subsequent S3-scenarios. The S1
Salicornia-scenario is not included since no channels developed.

variable stabilizes earlier and at a higher value for Puccinellia (Figure 4.5a). The presence
of vegetation also influences the tidal asymmetry in domain. While the initial situation is
flood dominated (Figure 4.7), vegetation colonization and channel emergence with Spartina
and Puccinellia makes the system increasingly ebb dominant (Figure 4.7a, c), while coloniza-
tion by Salicornia makes the system more symmetric (Figure 4.7b). Peak velocities for the
Spartina case are slightly larger and are observed at a lower water level (z/H = 0.2) compared
to the Puccinellia case (z/H = 0.6).

 

4.3.2 Species assemblages (S2)

The general development of plant cover over time of the multi-species runs (Multi1-5) is
mainly determined by the presence of Spartina. If Spartina is present plant development
reaches a maximum cover about 30% (Multi1-4), yet if absent the maximum cover drops
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Figure 4.7: Stage velocity plots for S1-scenarios (a: Spartina, b: Salicornia, c: Puccinellia), two S2-scenarios
(d: Multi1, e: Multi2) and the S3-scenarios (f: Spar2Sal, g: Puc2Spar) after 20 years. For the stage (z/H: water
level relative to max water level at high water slack, y-axis) the average values at the seaward boundary were
used. The velocity value (x-axis) is based on the 99th percentile including all cells of the domain. The grey area
shows the initial velocity distribution. Note that for the S3-scenarios this is the initial situation at the start of the
preceding S1-scenario. Colored lines show changes linked to vegetation presence. If the line is more stretched
to either the left (ebb) or the right (flood), ebb or flood becomes dominant over the other.
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to 13% (Multi5) (Figure 4.2b,c). In the scenarios where both Spartina and Puccinellia are
present, the increase in cover during the first 8 years is slightly faster (Multi1,2,4), than at
single-species Spartina S1-scenario (Figure 4.2).

The multi-species scenarios (S2) show a zonation in species and biomass in the main flow
direction (x-direction) for all scenarios. Since the observed plant distributions between the
2- and 3-species runs are similar, we explain our model findings exemplified on the 3-species
run (Multi1). At this scenario we observe an increase in vegetation cover from seaward
(x=1500) to the landward side (x=2500) (Figure 4.8b). Focusing on presence/absence, Sal-
icornia is distributed equally over a wide range of elevations, whereas Spartina and especially
Puccinellia are restricted to higher elevations, visible by their convex hypsometric curves
(solid lines Figure 4.8c). However, when considering the area-fraction per cell occupied by
each species, we find a concave hypsometric curve for Salicornia, suggesting the majority of
its biomass is located at elevations between 0.2 - 0.5 m above mean sea level (0 m).

The evolution of channel networks for the S2-scenarios is strongly dependent on the com-
bination of species present. Scenarios including Spartina and Puccinellia (Multi1, 2, 4) result
in the largest extent of channelized area, whereas the scenario including Puccinellia without
Spartina (Multi5) results in the lowest channelized extent among the multiple species runs
(Figure C.8b, c and C.5c). The presence of another species alongside Spartina reduces the
overall number of channels compared to the single species runs (Multi3, 4) (Figure C.8c and
C.5), as well as increases the final width-to-depth ratio (Figure 4.5c). The influence of multi-
ple plant species (Multi1, 2) on tidal asymmetry shows increased ebb-dominance comparable
to the Spartina and Puccinellia single-species runs (Figure 4.7).

We tested the sensitivity of plant zonation, channel development and tidal asymmetry in
respect to different groups of model parameters. We tested the importance of spatial growth
strategies (governed through inundation stress) by simulating a scenario where species only
differ in their physical properties and temporal growth strategies (Multi2) compared to Multi1
where all properties were species dependent (Table 4.1). A comparison between these two
scenarios reveals that the total plant cover in the Multi2-scenario is about 5% higher than
in the Multi1-scenario (Figure 4.2b). The plant distribution across the intertidal gradient
is comparable between Spartina and Puccinellia at Multi2, whereas Multi1 shows a clear
zonation between these 2 species, (Puccinellia/Spartina at high/low elevations respectively)
(Figure 4.8). However, the dominance of Salicornia at low elevations remains in both cases
(Figure 4.8c, d). Regarding channel development both scenarios show pronounced develop-
ment of channel networks (Figure C.8b). In the Multi1-scenario, channels are more grad-
ual/shallower with a higher width-to-depth ratio (Figure 4.5b). This is particularly visible at
the mudflat-saltmarsh boundary (Figure C.5 and C.6a). Regarding tidal asymmetry, Multi2
exhibits higher velocities closer to low water during ebb tide compared to Multi1 (Figure 4.7d,
e).

4.3.3 Species shifts (S3)

The pattern in salt marsh colonization after the species shifts is very similar to the S1-scenarios
of the same species. The shift from Puccinellia to Spartina (Puc2Spar) resulted in a slightly
lower vegetation cover than the S1 Spartina-scenario, while the shift from Spartina to Salicor-
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Figure 4.8: Distribution of three species across domain in S2-scenarios Multi1 (a) and Multi2 (b). Accompanied
by hypsometric curves for the three species based on the elevations of cells where the species occurs: Multi1 (c)
and Multi2 (d). Solid lines are based on all cells were a species is present; dashed curves are based on only cells
where the species dominates (species with highest fraction prevails). Note: In (d), the solid blue line (Spartina)
overlaps with the solid green line (Puccinellia). X=1500 indicates the seaward boundary.

nia (Spar2Sal) resulted in a higher total cover than in the S1 Salicornia-scenario (Figure 4.2a).
Both species shifts resulted in a vast increase in erosion. In the case of Puc2Spar increased
erosion manifested through a seaward extension of the channel network (Figure 4.3e and 4d).
After 20 years of colonization by Spartina channels created by Puccinellia still remained and
got connected to the new marsh edge. This happened through three relatively wide and lin-
ear parallel channels (Figure 4.3e), which caused a rapid increase in average width-to-depth
ratio across the domain (Figure 4.5a). Additionally, new channels formed at the vegetation
edge of Spartina (Figure 4.3e and 4d).

In contrast, the Spar2Sal shift did not result in a significant change in channel shape or
extent, but in further erosion of the entire domain (Figure 4.3b). This increase in erosion
becomes especially clear when comparing cross-sections from before and after the shift (Fig-
ure 4.4a, c, e). The Spar2Sal-scenario has resulted in deeper and wider channels as well as
erosion of levees. This had little effect on channel geometry as the width-to-depth ratio only
slightly reduced (Figure 4.5a).
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Both species shift scenarios result in a rapid increase in drainage density, channel depth
and a reduction of levee height just after the shift (Figure 4.6, C.3). In the case of Spar2Sal,
the variables remain at this level for the rest of the 20 years. In the case of Puc2Spar, the levee
height and channel depth increase from about 8 years after the shift onwards. The drainage
density reduces significantly in the third year after the shift, although it is still more than
before the shift. 5 years after the shift, the drainage density slightly increases for the following
years. In addition, the species shifts alter the tidal asymmetry. The stage-velocity curves in
Figure 4.7g show an increase in flood-dominance in the Puc2Spar-scenario compared to the
single-species Spartina and Puccinelia cases (Figure 4.8a and c). On the other hand, the
Spar2Sal-scenario results in a transition from an ebb-dominant tide at the end of Spartina-
dominance (Figure 4.7a) to a symmetric situation (Figure 4.7f) that is more similar to the
initial conditions.

4.4 Discussion

Our results show that channel formation and sediment redistribution of developing tidal salt
marshes can be strongly influenced by the colonizing plant species. Moreover, a compari-
son between different species traits reveals that aside of physical plant properties (e.g. stem
height, -density), spatial growth (related to resilience against inundation or currents) and
temporal growth properties (i.e. phenology) have important implications on geomorphol-
ogy. This is showcased by the different degrees of channel development observed between
Spartina, Puccinellia, Salicornia and combinations thereof.

4.4.1 Single species (S1)

The single species scenarios showed that colonization by perennial grasses (Spartina and
Puccinellia) at first did not affect the flood-dominant sediment importing system (Figure 4.7
and C.9). However, in time as colonization by different vegetation species progressed and
channels emerged, a shift towards a more (Spartina) or less (Puccinellia) ebb dominated sys-
tem was observed characterized by sediment export (Spartina, Puccinellia) (Figure 4.7 and
C.9). This was also documented in the morphologic development, exhibiting a faster increase
in channel depth compared to levee height over time (Figure 4.6). To untangle the influence
of growth behavior and physical species traits on marsh topography a set of additional sim-
ulations were done, where all parameters were set to a reference value except for the traits of
interest. In agreement with Bouma et al. (2013), our tests indicate that the small above- and
below ground appearance of Salicornia results in a negligible effect on topography. However,
contrary to (Bouma et al., 2013), who focuses on the flow field our analysis showed no sig-
nificant difference in morphological development between Spartina and Puccinellia based
on physical plant properties alone. This could be linked to the resulting emerged-submerged
ratio based on a M2-tide in our study compared to only 2 tested water levels in the flume
experiment of (Bouma et al., 2013). Additionally by representing vegetation by the Baptist
equation we neglect the reconfiguration of flexible Puccinellia which could be improved by
alternative vegetation predictors (e.g. Cheng, 2011; Tinoco et al., 2015).
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The different morphologic development between Spartina and Puccinellia in our simu-
lations was mainly caused by different initial vegetation fractions, representing typical tus-
sock sizes and their stem densities, both agreeing with previous studies (Bouma et al., 2013;
Bouma et al., 2009a; Temmerman et al., 2007). In addition, the stress tolerance of the species
to inundation has a significant impact on the marsh extent and channel development. Where
velocities are higher closer to the sea, the presence of a vegetation patch results in more
erosion/sedimentation. This potentially caused the increased ebb-dominance of Spartina
(wider) with maximum velocities at low water levels and the reduced ebb-dominance of
Puccinellia (narrower) with maximum velocities at higher water levels (Figure 4.7). In addi-
tion, the shift from a flood- to an ebb-dominated system co-occurred with the formation of
wide mudflat channels which resulted in an increase in width-to-depth ratio in the Spartina-
scenario (Figure 4.5a).

Tidal asymmetry plays an important role in residual sediment transport and the morphol-
ogy of a marsh (Moore et al., 2009). Flood dominance is associated with increased sedimen-
tation rates, infilling of the marsh and thus increased coastal protection and ebb dominance
is linked to exceeding erosion of the marsh and loss of protective capacity (Fagherazzi and
Sun, 2004; Friedrichs and Perry, 2001; Lokhorst et al., 2018). We show that different plant
species cause different development of residual sediment transport, more specifically erosion
exceeds accretion in both the Spartina and Puccinellia scenarios (Figure C.9), whereas accre-
tion dominates in the flood dominated Salicornia-scenario. However, since our simulations
for the sake of simplicity only use one non-cohesive sediment class and restricted inflow of
sediment into the domain (assumed equilibrium at the boundary), addition of fines could
potentially lead to an importing system as reported in previous systems (e.g. D’Alpaos et al.,
2007).

Although this study is based on an idealized domain, the vegetation growth behavior and
simulated channel development are characteristic of natural systems, which typically show
initial fast increase in channel density during colonization, followed by reduced network
extension in the maturing marsh (Figure 4.6; Allen (2000)). This is shown by simulated
average rates of channel development (Spartina: 23 m/yr, Puccinellia: 10 m/yr) which are
comparable to field observations in the Venice Lagoon (mean rate of 11 m/yr; D’Alpaos et al.
(2007)). Moreover, Van Wesenbeeck et al. (2008) found a close relation between tussock size
and channel depth that generally agrees with our result of the large variation in topographic
change related to (initial) fraction. Average drainage densities as calculated in this study are
of the same order as previous observations in the field (Figure 4.6). For instance, salt marshes
in Venice lagoon, Italy range between 0.02 - 0.025 m−1 (Marani et al., 2003); Barnstable salt
marshes, US have find an average drainage density of 0.01 m−1 (Kearney and Fagherazzi,
2016) and Salicornia-dominated San Francisco Bay salt marshes, US show a drainage den-
sity of 0.042 m−1 (Sanderson et al., 2000). While the simulated width-depth ratios are high
(shallow channels) compared to observations in established marshes (<10, Venice Lagoon;
Marani et al. (2002)), they are more comparable to values based on tidal flats channels in the
Dutch Wadden Sea (100-200; Marciano et al. (2005)).

Regarding species effects, comparison between a Spartina (Walsoorden, Western Scheldt
(NL)) and Salicornia marsh (Hooge Platen, Western Scheldt (NL)) shows that the latter
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species has a weaker influence on channel formation with less deep and less pronounced
channels (Schwarz et al., 2018). Likewise, Marker (1967) already observed a significant dif-
ference in topographic change in the Dee estuary between patches of Spartina (more), Puc-
cinellia (less) and sparsely distributed Salicornia (neglectable). However, we do not only ob-
serve comparable network properties, but also changes in the marsh edge. Since salt marsh
establishment and channel development altered tidal asymmetry, it also led to redistribution
in inundation times across the salt marsh. Since inundation time is one of the factors de-
termining salt marsh’s seaward location, we could observe a seaward shift of 200m for the
Puccinellia and 500m for the Spartina marsh edge over time (Figure 4.3). We expect the
amount of change in marsh edge to be strongly linked to channelization of the system which
offers important new opportunities to look at salt marsh development in the field.

4.4.2 Species assemblages (S2)

The combination of different plant species leads to distinct zones in vegetation distribution.
In the Multi1-scenario, Puccinellia is restricted to higher elevations, whereas Salicornia dom-
inates the lowest elevations and Spartina the intermediate zone (Figure 4.8a, c). This is in
line with common marsh zonation reported in literature (e.g. Beeftink, 1985; Hughes, 2004;
Scholten and Rozema, 1990) and the differences in species-specific sensitivity to flooding
and uprooting. Although, in our case, Salicornia was often suppressed by other species due
to its low initial fraction (0.2), this is not unrealistic. Proffitt et al. (2005) observed similar
situations whereby the species was suppressed by Spartina, due to reduced light availability.

The effect of species assemblages on channel development is linked to biomass and loca-
tion across the tidal elevation gradient of the contributing species. For instance, during our
simulations we observed a dominating effect of Spartina on channel development related to
its high biomass and ability to grow low in the intertidal. However, it was striking to notice
that while some species combinations (i.e. Puccinellia, Spartina, Multi4) increase the number
of channels compared to the Spartina S1-scenario, others reduce it (i.e. Spartina, Salicornia
Multi3) (Figure C.8) and all two-species combinations resulted in increased width-to-depth
ratios (Figure 4.5c). This suggests that competition for space modeled through temporal-and
spatial growth properties plays a significant role. Out of the three species, Spartina is the last
to colonize, resulting in more restricted colonization due to space limitation. Consequently,
cells are already filled with species possessing less hydraulic resistance (i.e. Salicornia) result-
ing in less channel erosion or more hydraulic resistance (i.e. Puccinellia, especially at high
elevations due to less spatial mortality) resulting in more channel erosion (Figure 4.8 and
C.5).

A sensitivity test on the importance of spatial growth properties compared to temporal
strategies and physical plant properties (Multi1, Multi2) on channel development revealed
that equal distribution of all three species over the tidal gradient results in less channels at
higher elevations than species-specific zonation (Figure C.8b, 4.8b and C.5b). This under-
lies the importance of both spatio-temporal and physical plant properties in modeling salt
marsh ecosystems. And shows that although ecological interactions (e.g. competition) are
not considered in the model, indirect hydromorphodynamic-plant interactions do result in
realistic plant assemblages (Multi1). But it also opens new questions in how vegetation zona-
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tion might be able to optimize drainage efficiency of intertidal marshes, which was previously
only linked to vegetation presence-absence (Kearney and Fagherazzi, 2016).

4.4.3 Species shifts (S3)

We investigate the effect of species-shift scenarios probable to occur over climate change on
channel development. Marshes are believed to naturally respond to an increase in sea level
by means of increased sedimentation (Kirwan and Megonigal, 2013; Morris et al., 2002).
However, on the long term, sea level rise is accompanied with transgression, meaning that
upper marsh species are replaced by lower marsh or pioneer species that are less susceptible to
inundation (Puc2Spar). Moreover, as shown in the Po-delta in Italy, rising temperatures and
increased drought benefit Salicornia over Spartina pioneers (Spar2Sal) (Strain et al., 2017).
In this study we aimed to isolate effects of such climate-induced species shifts rather than
look at more direct climate effects (e.g. sea level rise).

Shifts between colonizing plant species had an important effect on the resulting chan-
nel networks and sediment distribution. The shift from Puccinellia to Spartina (Puc2Spar)
resulted in rapid extension of the channel network, which developed into wider and deeper
parallel channels, because Spartina is less sensitive for inundation and grows much more sea-
ward (Figure 4.4). This type of channels allows increased ebb-dominance and connectivity
between the marsh and the adjacent open water body reducing the protection of the hin-
terland (Figure 4.7) (Leonardi et al., 2018). The shift from Spartina to Salicornia (Spar2Sal)
resulted in wider channels and lowered levees (Figure 4.4) in support of the theory that veg-
etation has a stabilizing effect on channel banks. The Puc2Spar shift results in a reduced
width-depth ratio of the channels (D’Alpaos et al., 2006; Schwarz et al., 2014), while the
transition from a densely populated marsh to an almost bare mudflat causes channel banks
to erode. Consequently, a species shift from a perennial grass to an annual halophyte (or al-
most bare mudflat) would be disadvantageous for the protective capacity of the marsh. This
has also been pointed out by Strain et al. (2017) who state that an increasing dominance of
Salicornia (veneta) would eventually result in a marsh with reduced resilience, and a reduced
capacity to respond to sea level rise.

Both species-shift scenarios show that initial channel configuration has an important con-
sequence for the final network. This is showcased by the fact the neither the Puc2Spar nor
the Spar2Sal are comparable to any of the other single species scenarios (Figure 4.3 and C.8).
We implemented the species shifts as an abrupt shift which might be more gradual in na-
ture. The increase in drainage density that companied with the species shift is an artefact
of the way drainage density is calculated and should be omitted (Equation 4.4). However,
we could show the importance of climate induce species shifts on marsh morphology, which
need further field validation in order to predict all their implications on coastal management
and protection.

4.5 Conclusions

The aim of this study was to investigate the impact of different plant species on salt marsh
and channel development by means of a bio-geomorphic model study. We specifically in-
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vestigated the effect of single species (S1), multiple species (S2) and species-shifts (S3). The
single species scenarios (S1) indicate the influence of vegetation on the marsh topography
to be highly species dependent, which is related to spatio-temporal variations of vegetation
fraction and physical plant properties. Spartina and Puccinellia induce significant channel
formation, while Salicornia did not induce channel formation. The multi-species scenar-
ios (S2) show that the species in the assemblage influence channel formation depending on
their biomass, and that different combinations facilitate or hamper channel development
compared to single species scenarios. The species shift-runs (S3) show that channel net-
work characteristics and sediment transport are very different from other runs underlin-
ing the importance of climate induced species-shift on morphology. The results reveal that
the medium-scale morphological development of tidal flats strongly depends on saltmarsh
species and composition. Climate-induced changes in saltmarsh composition will lead to
strong effects on the channel network and drainage capacity on the marsh.
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Chapter 5

Benthic species as mud patrol - modeled effects of bioturbators and
biofilms on large-scale estuarine mud andmorphology

Sediment-stabilizingand -destabilizingorganisms, i.e. microphytobenthos (biofilms) andmacro-
zoobenthos (bioturbators), affect theerodibilityofmuddysediments, potentially altering large-
scale estuarinemorphology. Using a novel eco-morphodynamicmodel of an idealized estuary,
we investigate eco-engineering effects of microphytobenthos and two macrozoobenthic bio-
turbators. Localmud erodibility is based on species pattern predicted through hydrodynamics,
soil mud content, competition and grazing. Mud resuspension and export is enhanced under
bioturbationandpreventedunderbiostabilization through respectiveexposureandprotection
of the supra- and intertidal. Bioturbation decreases mud thickness and bed elevations, which
increases net mud fluxes. Microphytobenthos reduces erosion, leading to a local mud increase
of intertidal sediments. Inmulti-species scenarios, an effectivemud-pronebioturbator strongly
alters morphology, exceeding that of amore abundant sand-pronemoderate species, showing
that morphological change depends on species traits as opposed to abundance. Altering their
habitat, the effective mud-prone bioturbator facilitates expansion of the sand-prone moder-
ate bioturbator. Grazing and species competition favor species distributions of dominant bio-
turbators. Consequently, eco-engineering affects habitat conditions while species interactions
determine species dominance. Our results show that eco-engineering species determine the
mud content of the estuary, which suggests large effects on the morphology of estuaries with
aggravating habitat degradation. Increasing sea level will induce sandier and more dynamic
morphologies that will lead to speciesmigration upstream and a species shift inmacrozooben-
thic organisms.

Sections 5.1-5.4 and part of 5.6 published as: Muriel Z. M. Brückner, Christian Schwarz, Giovanni Coco,
Anne W. Baar, Marcio Boechat Albernaz, and Maarten G. Kleinhans (2021), Benthic species as mud
patrol - modeled effects of bioturbators and biofilms on large-scale estuarine mud and morphology.
Earth Surface Processes and Landforms.
Section 5.5 and part of 5.6 are based on: Muriel Z. M. Brückner, Giovanni Coco, and Maarten G. Klein-
hans, Responses of macrozoobenthic species to sea level rise affect estuarine morphology. In prep.
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5.1 Introduction

As transition zones between the river and the sea, estuaries provide valuable ecosystems ser-
vices, such as natural protection of coastlines, fishing and nursery grounds, and constitute
an important habitat for a wide range of organisms (Barbier et al., 2011). Estuarine mor-
phology evolves from a combination of riverine, wave and tidal energy that controls erosion
and deposition pattern of sand and mud (Dalrymple and Choi, 2007; Van Ledden et al.,
2004; Van der Wegen and Roelvink, 2012; Dam et al., 2016). At the same time, a variety of
species thriving in muddy sediments modify their habitat by so-called ecosystem engineering
(eco-engineering), a mechanism where organisms directly or indirectly change the physical
conditions of their habitat (Jones et al., 1994; Crooks, 2002). As a result, eco-engineering
activity leads to changes in the stability of intertidal sediments and can at the same time af-
fect biodiversity through increasing habitat heterogeneity and resulting niche development
(Crooks, 2002). These eco-engineering effects suggest that the distribution of mud flats and
the morphology of the estuary may change due to the in situ modifications of physical sed-
iment properties. The active reworking of suspended sediments may also have large-scale
effects on the mud content and the sediment balance of the estuary. These would, in turn,
provide feedback on the eco-engineering species. This general hypothesis will be tested in
this paper by numerical modeling.

Species abundance depends on both abiotic conditions and biotic interactions. Species oc-
currence in multi-species environments has been previously related to abiotic factors, such as
temperature, sediment properties, hydrodynamic stresses and salinity, allowing for species
predictions based on statistical relationships found through field measurements (Herman et
al., 2001; Ysebaert et al., 2002; Thrush et al., 2003; Ysebaert et al., 2003; Singer et al., 2016;
Cozzoli et al., 2017). In general, Ysebaert et al. (2002) and Fujii (2007) reported a reduc-
tion of bioturbator abundance from the mouth towards the upstream parts of the Western
Scheldt and Humber estuaries. Similarly, along the inundation gradient abiotic and biotic
parameters lead to distinct species zonation (Ysebaert et al., 2002). However, the spatial
pattern and density of species is also a function of species interactions, such as competition
for space and resources, and predation. Foraging pattern as well as the species’ individual
life-cycles control reproduction, migration and feeding activity (Wilson and Parker, 1996).
Hence, disturbances of the ecosystem that cause habitat alteration or degradation will change
the community structure, evoking direct effects on the morphology of the estuary (Heck et
al., 2008). We therefore require a more holistic understanding of the interacting biotic and
abiotic processes that determine species distribution and abundance, especially in view of in-
creasing pressures by climatic changes and human impacts, species invasion or biodiversity
loss.

Mud, a mixture of silt and clay (D50 < 63 μm), can have strong effects on the morphology
of estuaries through stabilization of shorelines and tidal bars (Mitchener and Torfs, 1996; De
Jorge and Van Beusekom, 1995; Braat et al., 2017; van de Lageweg et al., 2018). The presence
of mud in the bed shapes the morphology of tidal systems through the counteracting effects
of sediment refinement and cohesiveness: with increasing mud content, the bed becomes
first more erosive because of sediment fining; however, when the bed comprises large mud
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fractions, the bed becomes cohesive and erodibility is strongly reduced (Van Ledden et al.,
2004; Le Hir et al., 2007). As mud settling is largely governed by the hydrodynamics, the
largest mud fractions can be found in sheltered intertidal areas leading to higher bed ele-
vations and infilling of small tidal channels (Braat et al., 2017; van de Lageweg et al., 2018;
Kleinhans et al., 2018; Brückner et al., 2020). This local stabilization of the estuarine mor-
phology leads to less dynamic channel networks with stable bars and steeper bank slopes that
can be colonized by marine organisms and vegetation (Braat et al., 2017).

However, organisms that live within or on top of intertidal mud alter the stability of the
mud cover. Microphytobenthos growth enhances seasonal mud stability of intertidal mud-
flats through secretion of extracellular polymeric substances (EPS). These EPS form biofilms
which protect the sediment matrix of the top bed from erosion during spring and summer
and can be washed away during storms and floods in autumn (Paterson, 1994; Vos et al., 1988;
Yallop et al., 1994; Widdows and Brinsley, 2002; Chen et al., 2017; Daggers et al., 2018; Van
der Wal et al., 2008; Le Hir et al., 2007). Their stabilizing effect strongly reduces mud resus-
pension on intertidal flats and can lead to a local increase in mud layer thickness (Widdows
and Brinsley, 2002). As a result, the presence of microphytobenthos alters the resuspension
threshold of mud, the erosion by waves and currents and hence the stability of mudflats.

Several studies on intertidal flats reported a shift between stabilization of sediments in
spring through encroachment of microphytobenthos and destabilization by grazing mac-
robenthos during summer and autumn, leading to seasonally altered mud thickness and
suspended sediment load on intertidal flats (van de Koppel et al., 2001; Herman et al., 2001;
Widdows et al., 2004). Deposit-feeding macrozoobenthic species can reduce the stabilizing
cover of the microphytobenthos through grazing (Widdows et al., 2000). In addition, bio-
turbation induced by the movement of macrozoobenthos can directly destruct the cohesive
mud cover through the creation of burrows and tracks (De Deckere et al., 2001; Montserrat et
al., 2008). This effect was measured to be greatest on muddy sediments where bioturbation
reduces sediment cohesion (Li et al., 2017). Consequently, macrozoobenthic bioturbation
not only decreases the erosion threshold of the sediment but also increases resuspension
rates. Systems dominated by biostabilizing or bioturbating species are therefore affected by
contrasting resuspension rates of mud that lead to varying mud coverages and protection of
intertidal sediments.

Macrobenthic bioturbation is thought to be proportional to the species-specific metabolic
rate, defined by the rate of biological processing of energy and material, that scales with an-
imal biomass (Cozzoli et al., 2017; Cozzoli et al., 2019). Several empirical studies quantify
species effects on erodibility, either in flume experiments where the effect of species abun-
dance on resuspension was measured or in field studies where morphological change and
macrobenthos presence were correlated (e.g. Widdows et al., 2004; Cozzoli et al., 2019). Es-
pecially, the mud fraction in the top layer of the bed was found to be important for species
behaviour. On the one hand, fine sediment is rich in nutrients compared to sand that can be
grazed by deposit-feeding organisms, whereas cohesion can hamper locomotion of species
(Li et al., 2017). Furthermore, pollutants such as heavy metals and microplastics mainly ac-
cumulate in muddy sediments and reduce species productivity (Kröncke et al., 2013). As
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a result, the bioturbation efficiency of macrozoobenthic organisms, in terms of volume of
sediment that is processed per unit of time, depends on their habitat quality and conditions.

While increasing numbers of fieldwork-based studies and physical experiments confirmed
the effects of various biodestabilizing species on sediment erodibility (Le Hir et al., 2007;
Cozzoli et al., 2019), only few studies have tried to disentangle local and large-scale mor-
phological effects of bioturbation. Existing numerical studies model eco-engineering effects
of key species, such as stabilization by biofilms (e.g. van de Koppel et al., 2001; Le Hir et
al., 2007), bioturbation (e.g. Knaapen et al., 2003; van Prooijen et al., 2011), changes in bed
roughness (Borsje et al., 2009; Coco et al., 2006) or sediment mixing in the upper layer of
the sediment bed (Paarlberg et al., 2005). Many such models are one-dimensional or cover
small- to medium-scale areas, simulating the effect of a single species or few key species. In
recent numerical modeling studies large-scale effects of marine vegetation led to a stabiliza-
tion of the estuary shores, which limited lateral erosion of the estuary (Lokhorst et al., 2018;
Kleinhans et al., 2018; Brückner et al., 2020). Possibly microphytobenthos induces a similar
confinement of the estuary, whereas destabilization by macrobenthic organisms might pro-
mote erosion of the estuarine flanks facilitating lateral expansion. We hypothesize that the
dominance of one or more species controls mud coverage and morphology, where biostabi-
lizers promote confinement and bioturbators expansion of the estuary.

To understand how large-scale estuarine morphology evolves under the influence of com-
mon bioturbators and biostabilizers, we developed an eco-morphodynamic model that cou-
ples a species model with a hydro-morphodynamic model in Delft3D. The species model
computes species occurrence based on environmental parameters and feeds biomass-depen-
dent effects on mud erodibility into the hydro-morphodynamic computations based on em-
pirical relations from the literature. We investigate microphytobenthos and two generic mac-
robenthic species: a mud-prone effective bioturbator inspired by Corophium volutator and a
sand-prone moderate bioturbator based on Arenicola marina that are both abundant organ-
isms in estuaries in northwestern Europe.

First, we validate the macrobenthic species predictions on a calibrated hydro-morphodyna-
mic model of the Western Scheldt Estuary as a reference system by comparison to field
data. Then, the eco-morphodynamic model is applied to an idealized model domain to ana-
lyze evolving mud distribution and morphology under bioturbators, biostabilizers, and their
combination. To quantify the importance of eco-engineering effects for species abundances,
we compare our results to a control run excluding eco-engineering effects. Our results will
inform future management and conservation strategies by improving the understanding of
feedbacks between biodiversity and morphology.

5.2 Methodology

In order to quantify large-scale morphological effects of microphytobenthos and macroben-
thos in estuaries, we applied a novel eco-morphodynamic model consisting of a dynamic
species model coupled to the hydro-morphodynamic model of Delft3D. The species compu-
tations and the hydro-morphodynamic model were coupled each morphological month.
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The species model is literature-based and comprises two parts: a macrobenthos module
and a microphytobenthos module. The former determines species abundance with biomass-
dependent effects on resuspension threshold and rate. The latter computes presence-absence
of microphytobenthos based on habitat conditions and increases the resuspension threshold.
The model includes species interactions, such as competition between species and grazing of
macrobenthos on the microphytobenthos.

Below we first describe the hydro-morphodynamic domain before we outline the equa-
tions that determine temporal and spatial benthic growth, species interactions and eco-engi-
neering effects.

5.2.1 TheWestern Scheldt domain

To compare species predictions of the macrobenthic species with field data, we used a cal-
ibrated and optimized hydro-morphodynamic model of the lower Western Scheldt estu-
ary (Nevla-model; for more information see Vroom et al. (2015), Schrijvershof and Vroom
(2016), and Brückner et al. (2020)). The model was adapted from the generic vegetation sim-
ulation in Brückner et al. (2020) (bathymetry of 2008) with enhanced mud deposition on the
bars. We computed the species distributions on the initial hydro-morphodynamic domain
that provides values for the environmental parameters that define species growth. This one-
time simulation was used to validate trends in species predictions before the idealized model
domain was applied to test our hypotheses.

5.2.2 The idealized hydro-morphodynamic domain

We run the hydro-morphodynamic computations on a depth-averaged (2DH) configura-
tion of Delft3D. Delft3D is a throughout applied and validated software package solving the
shallow water equations (Lesser et al., 2004). Sediment transport is computed using the
Engelund-Hansen equation for total transport of sand. The total load predictor of Engelund-
Hansen is chosen since it results in the most realistic bar and channel patterns in long-term
morphodynamic models (Baar et al., 2019). The transverse bed slope effect was enhanced to
increase downslope sediment transport and counteract unrealistic grid size-dependent inci-
sion (Baar et al., 2019). The Partheniades-Krone formulation (Partheniades, 1965) computes
the sediment flux of mud Em (kg m−2s−1) as

Em = MS(τcw, τcr,e) (5.1)

with M (kg m−2s−1) the erosion rate, τcr,e (Nm−2) the critical bed shear stress, τcw =

maximum bed shear stress (N m−2) induced by the hydrodynamics and S erosional step
function that is S = 1 when the bed erodes and S = 0 for static or sedimentary beds.

Delft3D solves morphology through an advection-diffusion scheme with sand-mud mix-
ture that includes a critical volumetric mud fraction in the bed set to Pm,cr = 0.4. For mud
fractions above this threshold, erosion of both mud and sand is predicted by the Partheniades-
Krone formula (Van Ledden et al., 2004).

The idealized estuary was inspired by a trumpet-shaped estuary (Dalrymple and Choi,
2007) and the model developed in Braat et al. (2017). Tides and geometry are based on the

113



Figure 5.1: Initial bathymetry of the domain with river boundary (right) and tidal boundary (left) in yellow-blue
colours. The mud deposits are displayed as contoured mud fractions along the intertidal floodplains and on
tidal bars. The grey line denotes the sub-intertidal boundary.

Western Scheldt estuary, a meso- to macrotidal, tide-dominated estuary. The initial estuarine
bathymetry evolved from a constant river discharge and M2-tide, equilibrium sand transport
and mud supply at the river boundary. Through this set-up, we assume a well-mixed estuary
and neglect salinity effects (Olabarrieta et al., 2018). Waves were excluded from the model
for reasons of computational cost as well as to mimic the tide-dominated Western Scheldt
estuary. The initial condition for the eco-morphodynamic simulations was defined after the
development of a realistic bathymetry with sandy bars and muddy shores (Braat et al., 2017;
van de Lageweg et al., 2018). First, an initial sandy domain was obtained by computing 2000
years of morphodynamics. After the development of a realistic sandy morphology, riverine
mud was included for a simulation time of 280 morphodynamic years, leading to muddy
shores and tidal bars (Figure 5.1).

The ecological and morphological time-scales were set equal. To upscale the hydrody-
namics to morphological time-scales, a morphological acceleration factor of 60 was applied
(Lesser et al., 2004; Ranasinghe et al., 2011). This means that one tidal period represents one
morphological month and 12 tidal cycles represent one morphological year. After each tidal
cycle, the ecological and the hydro-morphodynamic models were coupled to update the maps
of species abundance and mud erodibility used in the hydro-morphodynamic computations.
Total simulation time was 50 morphological years, hence, a hydrodynamic simulation time
of 600 tidal cycles. The specific model parameters are defined in Table 5.1.

5.2.3 The macrobenthos computations

We parameterized two generic intertidal bioturbators that are based on the two macroben-
thic species Arenicola marina (AM) and Corophium volutator (CV), both abundant species
in estuaries of NW-Europe, such as the Western Scheldt estuary (Ysebaert et al., 2003; Coz-
zoli et al., 2013). Moreover, the two species differ in their distinct habitat preferences and
bioturbation efficiency, specifically sediment properties and inundation gradient (Beukema
and Flach, 1995; Ysebaert et al., 2002).

A. marina (lugworms) is a deep-burrowing polychaete that lives in intertidal sediments
with low silt content (Beukema and Flach, 1995). Even though they are large in size, their
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bioturbation efficiency is limited by the typically low abundances (< 100 ind./m2: individ-
uals per unit area). It forms J-shaped burrows with feeding pits and pseudo-faeces that in-
crease sediment exposure to near-bed flow (Volkenborn et al., 2009; Beukema and De Vlas,
1979; Wendelboe et al., 2013). C. volutator (mud shrimp) is an intermediate-burrowing Am-
phipode that builts U-shaped burrows and actively irrigates the sediment (De Backer et al.,
2011). Additionally, C. volutator acts as a deposit-feeder that grazes microphytobenthic di-
atoms (De Backer et al., 2010). With its preference for high mud content in the bed, its habitat
is typically located at the higher intertidal and under low hydrodynamic energy conditions.
With high densities up to 20,000 ind./m2 its bioturbation efficiency is very high (De Backer
et al., 2011). In habitats where both bioturbators occur, A. marina outcompetes C. volutator,
leading to a distinct boundary between A. marina and C. volutator occurrence (Beukema
and Flach, 1995; Herman et al., 2001).

The macrobenthos module, detailed below, comprises two parts: (i) species distribution
computations based on environmental parameters and (ii) relations between species abun-
dance and bioturbation effects used for calculating the spatially varying erodibility of the
mud. Each coupling, a new abundance of the macrobenthic species is computed for each
grid cell based on the output from Delft3D. The resulting eco-engineering effects are fed
back into the hydro-morphodynamic model as a modified spatially varying, species- and
biomass-dependent critical bed shear stress and erosion parameter of the mud. The updated
erodibility of the mud was fed back into the Delft3D model.

Table 5.1: Model parameters as defined in the Delft3Dmodel and the ecological module.

Parameter value unit
Numerical settings
Simulation time ecological year 6 days
Numerical time-step 0.2 min
No. ecological time-steps 12 per ecological year
Grid cell size 50 by 80 - 125 by 230 [m by m]
Boundary conditions
Tidal amplitude 2 m
Principle tidal period 12 h
River discharge 100 m3/s
Mud input at river 100 mg/l
Sand
Median sand diameter 0.3 mm
Dry bed density 1600 kg/m3

Mud
Settling velocity of mud 2.5e−4 m/s
Crit. bed shear stress for erosion 0.2 N/m2

Erosion parameter 1e−4 kg/m2/s
Dry bed density 1600 kg/m3

Morphology settings
Transverse bed slope parameter Ash 0.2 [−]
Active layer thickness 5 cm
Max. storage layer thickness 5 cm
Morphological acceleration factor 60 −
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Figure 5.2: The species occurrence as a function of three environmental parameters for the moderate sand-
prone bioturbator AM (left) and the efficient mud-prone bioturbator CV (middle). The star represents the max-
imum biomass occurrence for each parameter. The gray area shows the habitat area that the species thrives
in. Right: MPB occurrence depends on inundation period andmud fraction in top layer as bimodal distribution
(presence-absence).

Species distributionmodel based on environmental parameters

To allow for realistic abundances of various macrobenthic species, the model determines
species occurrence based the relations reported in Ysebaert et al. (2002) from the Western
Scheldt estuary: The relative macrobenthos biomass Brel is computed based on maximum
flow velocity Pv, mud content Pm and inundation period Pi as

Brel = min(Pv, Pm, Pi)[−] (5.2)

which determines habitat suitability based on the limiting environmental parameter (Fig-
ure 5.2). As a result, Brel is the smallest biomass that can survive based on the three environ-
mental parameters and is relative to the maximum biomass that can occur if the conditions
were ideal (stars in Figure 5.2).

Even though sediment type, hydrodynamic forcing and salinity are the main determinants
of habitat suitability (Cozzoli et al., 2017; Ysebaert et al., 2002; Ysebaert et al., 2003) we ne-
glect salinity as we assume the generic species to dominate along the entire estuarine gradient.
Moreover, we focus on intertidal bioturbation, which is a fair assumption as mud settling is
limited within the channels of deep estuaries due to high flow velocities and sediment insta-
bility (Ysebaert et al., 2003; Heip and Herman, 1995). Seasonality is neglected as we focus
on the maximum bioturbation effect of the species persistent throughout the year.

Relations between species abundance and bioturbation effects

We identified several mechanisms induced by macrobenthos that affect the erodibility of
the sediment, such as bioturbation through feeding and reproductive movement, sediment
sorting and faecal pellet formation that are expelled at the sediment surface, and grazing of
diatoms (Le Hir et al., 2007). These different mechanisms are species-dependent behaviours
that can be approximated by an alteration of the erosion rate M (kg m−2s−1) and the critical
bed shear stress τcr,e (Nm−2) of the sediment (Cozzoli et al., 2019; Wrede et al., 2018). As a
result, the sediment flux of cohesive sediment computed by the Partheniades-Krone formu-
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lation (eq. 5.1) is affected by the presence of the organisms. A change in erosion parameter
(M) represents the altered erosion flux from the top layer of the bed induced by species motil-
ity, sediment sorting or pellet formation. A reduction of the critical bed shear stress (τcr,e)
leads to enhanced resuspension by sediment fining, bioturbation or pelletization.

Bioturbation effects depend on species density and size (De Backer et al., 2011). To de-
rive a linear relation between species fraction and increasing erodibility, we used the relations
reported in Cozzoli et al. (2019) who measured species-, size- and biomass-dependent resus-
pension in controlled flume experiments. First, we determined the critical bed shear stress
under the influence of bioturbation for a given species at a low resuspension rate of 25 mg
m−2s−1 and set this as the critical bed shear stress (Widdows et al., 1998a). To derive the
erosion rate of the sediment under bioturbation, we then fit a linear function between this
value and the maximum resuspension at an intermediate bed shear stress set at 0.5 Pa in
the experiments. The slope of this function is the erosion rate M, describing the amount of
resuspended sediment per time unit:

Mbio,max = (Rtot − 25 mgm−2s−1)/(0.5 Pa − τ(25 mgm−2s−1)) (5.3)

This derivation of the erosion rate assumes that the resuspension rate Rtot is constant along
the measured time in the experiment. However, empirical values of critical shear stress of
the sediments used by Cozzoli et al. (2019) differ from those in the model. To scale the val-
ues from the sediment used in the experiments to our model sediments, we computed the
factor between the derived values for τcr,e and M and those of the uncolonized sediment. The
values of the model sediment (0.2 Pa for τcrit,e and 0.0001 for M) were multiplied with the
factor representing the maximum bioturbation effects at a bioturbator fraction of 1 (for more
information see supplementary material Table D.1; final values in Table 5.2). For a macro-
zoobenthos fraction fbio below unity, τcr,e,bio and Mbio as used in the model were calculated
as

τcr,e,bio = fbio × τcr,e,bio,max (5.4)

Mbio = fbio × Mbio,max (5.5)

5.2.4 The microphytobenthos computations

The microphytobenthos (MPB) is modeled as presence-absence and recalculated every cou-
pling interval based on inundation period and mud fraction in the top bed (Figure 5.2).
Based on Widdows and Brinsley (2002) we prescribed MPB growth in numerical cells that
were inundated between 35-80% and contained mud fractions above 0.3 (Daggers et al., 2018;
van de Koppel et al., 2001), indirectly selecting sheltered areas with limited erosional and de-
positional processes (Herman et al., 2001).

Linked to the secretion of extra-polymeric substances (EPS), MPB stabilizes the sediment
and reduces local erosion (van de Koppel et al., 2001). We account for this effect by an alter-
ation of the critical bed shear stress of the mud fraction. Hereby, we assume that MPB live
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Table 5.2: Physical parameters of the abiotic reference run
REF, the twobioturbatorsAMandCV andmicrophytobenthos
MPB. τcr,e andM represent the value for amaximumbiomass
under ideal environmental conditions. For lower biomasses
this value is linearly adjustedbetween thatmaximumand the
abiotic value (REF).

Parameters REF AM CV MPB
τcr,e [N/m2] 0.2 0.11 0.02 0.35
M [kgm−2s−1] 0.0001 0.0005 0.0004 0.0001

on top of the sediments and increase the critical bed shear stress for erosion τcr,e by a factor
of four during summer (Le Hir et al., 2007) and averaged over one year.

Consequently, the updated abundances emerging from the hydro-morphodynamic com-
putations alter local mud erodibility and allow for a direct response of the morphology to
species dynamics. Moreover, our modeling species are based on contrasting species both in
terms of their habitat and their eco-engineering effect. All values for critical bed shear stress
and erosion parameter can be found in Table 5.2.

5.2.5 Competition between species and grazing pressure

We introduced competition between the macrozoobenthic species, by assuming that A. ma-
rina is dominant over C. volutator following Beukema and Flach (1995) and Herman et al.
(2001). This assumption results in the disappearance of CV in model cells that are suitable
for both AM and CV. This presence-absence relation is independent of the biomass of each
species. Competition is computed at each coupling, meaning that the abundances based on
the environmental parameters are instantaneously updated.

Moreover, we considered species-specific interactions between the macrozoobenthic species
and MPB. CV grazes on MPB, which leads to a linear reduction in MPB cover depend-
ing on the biomass of CV. The new τbio,phyto of MPB is defined as the mean value between
τbio,phyto,max, which is the value when only MPB is present, and the bioturbator value τcr,e,bio
of the present biomass as

τbio,phyto = mean(τbio,phyto,max, τcr,e,bio) (5.6)

Moreover, MPB is dominant over AM, setting the critical bed shear stress to τbio,phyto,max.
However, we assume that AM bioturbates the lower sediment layers underneath the biofilm
and set the erosion parameter of AM.

5.2.6 Model scenarios

The eco-morphodynamic model was applied to two different set-ups. First, we simulated
the calibrated hydro-morphodynamic model domain of the lower Western Scheldt estuary
to compare model predictions with field data. Second, we simulated an idealized domain
to investigate and quantify the interactions between eco-engineering effects and estuarine
morphology. A variety of scenarios were executed, including reference, single species and
multiple species scenarios (Table 5.3).
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Table 5.3: Model scenarios for species in isolation and combination, their eco-engineering effects and species in-
teractions. The dynamic eco-morphodynamic model (E) represents the scenarios with eco-engineering, the control
model (N) without eco-engineering effects allows for quantification of the eco-engineering effects for all species
and their combination. To investigate the role of species interactions a second control model excludes both eco-
engineering effects and species interactions (N2).

Model scenario Species Eco-engineering effects Interactions
E-REF - - -
E-AM AM yes -
E-CV CV yes -
E-AMCV AM & CV yes competition
E-AMCVMPB AM, CV & MPB yes competition & grazing
E-MPB MPB yes -
N-AM AM no -
N-CV CV no -
N-AMCV AM & CV no competition
N-AMCVMPB AM & CV & MPB no competition & grazing
N-MPB MPB no -
N2-AM AM no -
N2-CV CV no -
N2-AMCV AM & CV no no
N2-AMCVMPB AM & CV & MPB no no & no
N2-MPB MPB no -

In order to quantify the importance of eco-engineering effects for emerging species abun-
dance, we compare the results from the dynamic eco-morphodynamic model with control
runs (N- & N2-scenarios). The controls consist of models with species distributions cal-
culated as a function of the physical conditions, but without the feedback between eco-
engineering effects and the hydro-morphodynamics.

5.3 Results

5.3.1 Validation of species predictions

To test the predicted species abundances by our model, we first compare the results obtained
from the Western Scheldt model domain (bathymetry 2008) with data from Ysebaert et al.
(2002) that includes sampling data from 1978-1992 (Figure 5.3). The model predictions rep-
resent the trends observed in the data well. As shown from the data, A. marina occurs along
tidal bars towards the main channels, whereas C. volutator is locally constrained to the bars
and flanks of the estuary. The model predicts AM on the small and dynamic tidal bars and
lower flanks. CV is restricted to the higher elevations in the centre of bars and along the
shores. The considerable data sampling provided extensive information on species occur-
rence over more than a decade but was limited to the sampling locations, which is why the
model predicts comparably larger abundances. However, species predictions deliver satisfy-
ing results to characterise general species occurrence of the two generic species. As a next
step, we apply the model to the idealized domain to investigate species effects on morphol-
ogy.
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Figure 5.3: Occurrence of A. marina (AM) and C. volutator (CV) as presence-absence in the Western Scheldt
estuary. (A) is data partly provided by Ysebaert et al. (2002); (B) is the results from the Nevla-model domain for
AM and CV (more information on the model in Braat et al. (2019b) and Brückner et al. (2020)) showing similar
trends in species predictions.

5.3.2 Spatial patterns of species abundance and eco-engineering effects

In the idealized estuary model, each scenario resulted in varying distributions of bioturbators
and biostabilizers as a result of the species-specific habitat requirements and eco-engineering
effects (Figure 5.4A). While AM was widely abundant in the centre and mouth reaches of the
estuary (red colours), CV was restricted to the shores and the bars (purple colours). The
combination AMCV led to an expansion of AM towards the upper shores and restricted CV
abundance to the centre shorelines of the estuary (red and purple colours Figure 5.4A). In the
scenario combining the three species (AMCVMPB), CV and MPB co-existed on the bars and
along higher shores (orange colours). In the scenarios with only MPB, the biofilms occurred
on bars and along the main channel in the centre and mouth reaches (black colours).

Differences in mud fractions arose between the scenarios with eco-engineers and the refer-
ence without species. Scenarios that included bioturbators contained reduced mud fractions,
especially along the estuary fringes in the centre and on the bars in the mouth (Figure 5.4B).
MPB locally enhanced mud fractions along the main channel and on the bars outside the
estuary. Compared to AM, scenarios that included CV led to a larger mud reduction, in-
cluding the erosion of mud fractions upstream. This suggests that CV determined the resus-
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pension of mud compared to AM. However, the stabilizing properties of MPB in the com-
bined AMCVMPB-scenario lowered erosion along the shorelines in the centre and partly
even stabilized the mud on the bars in the mouth.

50 years of morphological evolution led to a significant reduction of the bed elevations
along estuarine shores (Figure 5.4C). This effect was most pronounced in scenarios that in-
cluded CV, implying that CV exerts a major control over the morphology. The eroded sed-
iment was partly redistributed towards the adjacent bars and intertidal areas and partly ex-
ported towards the sea. Hence, CV contributed to an increase of mud fractions and bed
elevations offshore the mouth area. In comparison, AM led to limited effects on bed eleva-
tion change. In contrast, MPB promoted higher bed elevations on the floodplain and along
the shores close to the main channel. Since the biologically mediated rate in local sediment
erosion led to varying sediment export rates towards the sea, benthic organisms can be im-
portant determinants in the retention and export of sediment in and from estuaries.

In Figure 5.5 we compare the results from the dynamic model (E) with the control runs
that excluded either eco-engineering effects (N) or both eco-engineering effects and species
interactions (N2). This allowed us to quantify the impact of eco-engineering activity and
species interactions on the species abundances in multi-species runs. Comparison between
the static and dynamic model predictions reveals that the static model results in larger species
extent and fractions (Figure 5.5A). AM shows different species abundances between the static
and dynamic scenarios. The inclusion of eco-engineering effects significantly reduces species
cover predicted by the dynamic model for scenarios including CV, especially in the centre
estuary. MPB predictions are independent of eco-engineering effects leading to similar pre-
dictions between the dynamic and static models.

Eco-engineering and species interactions benefited the habitat extent of AM and nega-
tively affected CV and MPB in all scenarios (Figure 5.5B). This led to a strong reduction of
habitat area for CV and MPB in the multiple-species scenarios. Hereby, the comparison of
the N and N2 models show that competition and grazing had a lower impact on their abun-
dance than the eco-engineering effects. In contrast, AM occupies less habitat in Figure 5.5B,
showing that eco-engineering induces a positive effect on AM. The mean species fraction,
describing the density of the species within their habitat, was negatively affected by eco-
engineering (Figure 5.5C). This was true for both AM and CV, whereas MPB remained at a
fraction of unity in the single-species scenario which was related to the binary formulation
in the microphytobenthos model. In the multiple-species runs, however, MPB fractions are
reduced both due to grazing and eco-engineering. Surprisingly, CV showed largest fractions
in the static model that included species interactions (N). Possibly, the reduction in their
habitat area led to a concentration of higher fractions in the remaining habitat.

The control runs predicted larger biota abundance than the dynamic model with eco-
engineering for all scenarios but AM. This is due to the different eco-engineering effects
changing the morphology: CV resuspends mud and reduces its own habitat, whereas AM is
able to maintain and expand its habitat through reduction of the local mud fraction. Thus,
in multi-species runs, the expansion of the intertidal area and a redistribution of the mud
by the presence of CV resulted in newly created habitat that could be occupied by associated
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species. However, the species density, here described as species fraction, is negatively af-
fected by the bioturbating activity of both AM and CV. Consequently, the results show that
species interactions determine where species can settle, whereas eco-engineering controls
habitat suitability.

We compare estuary width, mean mud thickness and relative colonized area along the
estuary and along the inundation gradient to study eco-engineering effects and related trends
in species abundance (Figure 5.6A-J). The presence of bioturbators leads to a widening of the
estuary while MPB locally reduces width compared with the reference scenario (Figure 5.6A).
The effects of the species increase away from the mouth of the estuary. Especially under the
presence of CV in the scenarios CV, AMCV, and AMCVMPB, the estuary width increases,
which can be related to the erosion of intermediate intertidal elevations between 0.2 and 0.6
of inundation period (Figure 5.6A & B).

The above trend is also reflected in the mean mud fraction (Figure 5.6B & G): Along estu-
ary, the reference scenario showed strong variations in mud thickness from a few centimetres
up to 0.5m in the centre of the estuary. In line with the previous results, AM showed com-
parably limited variations in mud thickness as opposed to CV, AMCV and AMCVMPB that
reduced mud thickness along the entire length of the estuary (Figure 5.6B). CV and AMCV
induced strongest effects on mud thickness in the mouth area of the estuary in contrast to sce-
nario AMCVMPB (dark purple) that mainly altered mud in the centre and upstream reach.
These variations were likely induced by the presence of MPB that stabilized the mud along
the shores in the centre and upstream (Figure 5.4B). These locations coincided with the al-
terations induced in the MPB scenario at kilometre 15. For the single-species runs (AM, CV,
MPB) the along estuarine mud thickness could directly be related to relative colonized area
(Figure 5.6C-E). For multi-species scenarios, no clear pattern was visible.

Along the inundation gradient, mud thickness reduced from high to low intertidal areas.
CV, AMCV and AMCVMPB significantly reduced mud thickness at higher intertidal ele-
vations at inundation periods below 0.4 (Figure 5.6G). This trend is proportional with an
increasing fraction of AM from single- to multi-species runs, whereas CV is decreasing (Fig-
ure 5.6H-I). In contrast, MPB affects intermediate and high elevations even though its occur-
rence is limited to the lower intertidal, suggesting that eco-engineering mediates cross-shore
transport and leads to protection or exposure of the higher intertidal. There is no significant
change in MPB between single- and multi-species scenario (Figure 5.6J).

Interestingly, the combination of several species (AMCV and AMCVMPB) led to a shift in
biota abundance (Figure 5.6H-J). While CV coverage is significantly reduced, AM migrated
to higher bed elevations, probably because of reduced mud fractions at these elevations in-
duced by CV. Similarly, the presence of MPB in AMCVMPB enhanced both AM and CV
presence through mediation of the mud content. Astonishingly, these feedbacks induced a
shift in the species curves with AM being dominant at higher elevations and CV at lower el-
evations in the multi-species run (AMCVMPB). Consequently, when multiple species were
present, species abundances were affected by individual eco-engineering effects. This means
that the emerging species pattern was defined by the new habitat properties emerging from
the feedback-loop between eco-engineering effects and species interactions.
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Figure5.6: Estuarywidth,meanmud layer thickness and relative species cover along theestuary (A-E) andalong
the inundation gradient (F-J) at year 50 for all scenarios showing a widening together with mud erosion along
the entire estuary for CV, AMCV and AMCVMPB and accretion by MPB while AM has marginal effects. When
multiple species are present, species abundances of AM and MPB are locally enhanced while CV abundances
reduce. The new abundances result from an additional feedback between eco-engineering effects and species
interactions and lead to a redistribution of species along the inundation gradient. Please note the logarithmic
y-axis in panel A and F.

125



The biota-induced changes observed in Figure 5.4 led to varying effects on the hypsometry
across the three reaches of the estuary (Figure 5.7A). Large bed level changes occurred under
CV, AMCV and AMCVMPB. Especially, the upstream and centre reach in these scenarios
showed increased erosion of the higher intertidal elevations, which led to a smoothened hyp-
sometric curve. AM induced a similar trend but to a lesser extent. On the other hand, MPB
increased the bed levels in the upstream and centre reach with largest accretion around and
above mean water (0 m). In the mouth, the concavity of the hypsometric distribution was en-
hanced especially by CV and AMCV. Overall, the effects on bed elevation distribution were
greatest in the upstream and centre reach compared with the mouth area, possibly linked
with increasing sediment availability provided from erosion in adjacent areas.

The bar plot (Figure 5.7B) quantifies morphological changes for the three reaches of the
estuary between the biota scenarios and the reference scenario. Comparison of the mud
thickness and tidal area extent revealed how strongly sediment was resuspended through
eco-engineering along the tidal gradient. The effect of AM and MPB were small in general
with greatest effects in the intertidal and limited effects in the supratidal area. In contrast,
scenarios including CV strongly reduced mud in the supra- and intertidal domain by close
to 50% in the upstream and the centre reach. As a result, supratidal area extent decreased,
leading to an increase in intertidal and subtidal area extent. The eroded mud partly settled in
the subtidal area raising local mud fractions or was transported downstream. In the mouth,
more than 50% of the mud was eroded in the intertidal by CV and AMCV compared to
the control run, leading to larger mud thickness in the subtidal for AMCV. Interestingly,
MPB in the AMCVMPB scenario protected the intertidal mud from erosion with increasing
effects towards the centre and mouth of the estuary. Our findings (Figure 5.7) show that
the efficient bioturbator CV promoted regional effects across the estuary by exposing the
supratidal domain and promoting lateral expansion of the estuary. On the other hand, the
moderate bioturbator AM and microphytobenthos mostly affected local sediments, having a
smaller impact on estuarine evolution.

5.4 Discussion

5.4.1 Eco-engineering and species interactions determine species abundance

The results of the multi-species scenarios revealed new emerging species patterns compared
to the single-species scenarios. When CV is present, the dominant species AM expands its
habitat (Figure 5.4A, 5.5 & 5.6): the eco-engineering effect of CV promotes an advantageous
modification of the morphology for AM, allowing for migration of AM towards higher in-
tertidal elevations. Similar successive behaviour can be observed in marine vegetation with
pioneer species colonizing harsh environments and through their habitat modification al-
low colonization by successive plant species (Bertness and Pennings, 2002; Townend et al.,
2011). This mechanism can lead to the disappearance or migration of pioneer vegetation and
alters species composition. On the other hand, competitive effects reduce the abundance of
CV along the entire tidal gradient. Consequently, competition effects do not only constrain
recessive species growth but affect the feedback loop between eco-engineering and hydro-
morphology, which governs species community structure. Surprisingly, when MPB is intro-
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Figure 5.7: Hypsometric curves per reach for bins of 0.2 m (right axis) as mean values and biota probability
function (left axis) for each estuary reach show largest biota-induced effects in the upstream and centre reach
of the estuary. Dotted lines represent high and low water. (B) Mud fraction, thickness, tidal area extent and
colonized areas per reach. Bars are relative to the values in the reference run.

duced to the model, both AM and CV are able to expand as MPB locally stabilizes the mud,
which enlarges the suitable habitat for both bioturbators (Figure 5.6). New zonation patterns
emerge, suggesting that overall species distribution is the result of four combined factors:
species-specific habitat preferences, habitat modification, competition and grazing. Hereby,
eco-engineering effects appear to be especially important for species abundance and ecosys-
tem dynamics (Figure 5.5). The feedback loop between species interaction, eco-engineering
effects and environment has wide-ranging implications for species growth and morphology.
Eco-engineering effects are important for species diversity in ecosystems as they promote a
variety of habitat and facilitate niche development (Crooks, 2002). These results imply that
species interactions have measurable effects on the large-scale morphology of tidal environ-
ments.

The model of the Western Scheldt estuary predicts trends in bioturbator abundance ob-
served in the data: The model and field data both show the presence of A. marina on the
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lower elevations closer to the channels, whereas C. volutator occurs along higher elevations
at the shores and on top of the tidal bars (Figure 5.3). The larger abundances in the model re-
sult from omitting the salinity gradient in species predictions that in the field data constricts
CV abundances closer to the mouth and AM upstream. Moreover, the differences in data
sampling locations and timing explain the reduced abundances in the field data compared
to the model results. Despite the divergence between the model and field data regarding the
overall abundance of species, the model correctly predicted the species distribution trends
as observed in the data.

In the idealized estuary, the model can represent species-specific occurrence along the
inundation gradient as reported in Ysebaert et al. (2002), Cozzoli et al. (2013), and Fang
et al. (2019): CV grows in high fractions in hydrodynamically calm locations on top of the
bars and at the higher elevations along the shores of the estuary, AM occurs at intermediate
intertidal elevations in the downstream estuary (Figure 5.4 & 5.6H). This trend is in line with
species descriptions in literature that report a medium density along large parts of the cross-
sectional gradient of A. marina and high densities of C. volutator (Beukema and De Vlas,
1979; De Backer et al., 2011; Fang et al., 2019). As a result, the model allows to explore the
isolated and combined effects of the eco-engineering species on the morphology with the
idealized scenarios.

5.4.2 Eco-engineering affects reach-scale morphology

The eco-engineering effect of the species is to alter mud distribution in the estuary that feeds
back on species growth: a negative eco-engineering effect of CV causes potentially restricted
occurrences through high resuspension, whereas a positive eco-engineering effect by AM
maintains its habitat by resuspending superfluous mud from the top layer (Figure 5.4 & 5.6).
This mechanism can also be observed in marine vegetation, where dense vegetation cover
leads to higher inundation times or ponding, which eventually restricts vegetation to expand
or enhances their mortality (Brückner et al., 2019). The bioturbation scenarios represent
combined grazing activity and resuspension by movement and reproduction behaviour (Le
Hir et al., 2007), hence, a potential maximum effect induced by the bioturbators. As a result,
the bioturbation represents ideal conditions for bioturbator activity, assuming sufficient food,
absent seasonal variability and neglecting predators. The model results are informative for
estuaries that are subjected to maximum biostabilization and biodestabilization effects under
ideal conditions, but also elucidates the trends in estuaries under less ideal conditions for
benthic species through competition and grazing.

We observe regional variations between mud erosion and bed level change magnitudes
in the reaches of the estuary (Figure 5.6 and 5.7). Previous studies have shown that the
equilibria between bioturbation and biostabilization determine seasonal mud content and
bed elevations on intertidal flats (van de Koppel et al., 2001; Herman et al., 2001; Widdows
et al., 2004). The presence of biogenic structures, such as shells or protruding structures
from burrows, tracks and mounds, can alter the roughness of the sediment and creates local
turbulence. These effects are highly density and species dependent, possibly creating local
skimming flow that reduces near-bed roughness and therefore exceed the scope of this pa-
per (see Friedrichs et al. (2000)). We observe the strongest effects of eco-engineering in the
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upstream and center estuary, resulting from the combination of local species abundances,
eco-engineering efficiency and hydrodynamic stresses.

In the mouth, mainly AM occurs, which is characterized through low bioturbation ef-
ficiency and mainly sandy habitat. Furthermore, relatively higher hydrodynamic stresses
through large tidal prism have a larger effect on the morphology of the mouth (Corenblit
et al., 2007). Although Volkenborn et al. (2007) showed that the presence of A. marina can
lead to system changes between muddy and sandy flats, suggesting that bioturbators can have
wide-ranging effects on system state, the model predicts strong localized effects. This trend
evolves from the low mud availability in its mostly sandy habitat combined with low biotur-
bation efficiency. Consequently, AM exposes a smaller mud fraction and leads to local mor-
phological changes constrained to the intertidal zone. Overall, the effects of AM are smaller
compared to the pronounced erosion induced by CV. However, resuspension of sandy sed-
iments under bioturbation was only indirectly accounted for in the model with erosion of
sand-mud mixture for mud percentages larger than 40% (Van Ledden et al., 2004). With
this assumption we exclude the morphological effects of species bioturbating sand in the dy-
namic parts of the estuary that possibly enhances changes in the morphology of the mouth
area.

The largest morphological effects occur in the upstream and centre estuary, where CV oc-
curs in calm, muddy areas. Resulting from the upstream erosion, mud is transported towards
the mouth but does not accrete on intertidal bars and shores (Figure 5.7). Instead, the mo-
bilized mud is transported offshore. The upstream erosion also increases intertidal habitat.
However, the newly created habitat is not colonized by CV since the reduced mud content
constitutes uninhabitable habitat for CV (Figure 5.7 & D.2). On the other hand, MPB stabi-
lizes the intertidal domain upstream and in the centre (Figure 5.7). As a result, a reduction
in mud transport towards the channels leads to reduced mud export while bed levels can be
maintained or locally increased. Consequently, large-scale morphological response is gov-
erned by local effects that depend on both the efficiency of the bioturbator in resuspending
mud as well as the available mud in their habitat. Hence, the overall potential of the bio-
turbator to induce modification of system-scale morphology is determined by a combined
effect of species density, species-specific bioturbation potential and habitat characteristics.

When multiple species are present, morphology is determined by the efficient bioturbator
CV. The morphology of the estuaries evolving from scenario CV and AMCV have similar bar
pattern (Figure 5.4), bed level distribution (Figure 5.7) and mud content (Figure 5.6). Even
with low relative abundances, as AM is the main competitor but with lower bioturbation ef-
fect, the presence of CV determines morphology. Consequently, species dominance seems
to be secondary in multi-species environments, whereas presence of species with strong eco-
engineering efficiency is the decisive factor on how the overall morphology evolves. This
is similar to the concept of ’keystone species’ that have a disproportionately large effect on
environmental modification (Power et al., 1996). We therefore confirm that bioturbation
efficiency defines the potential of a species to alter their habitat and, independently of abun-
dance, strongly contributes to the morphological evolution of estuaries.
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5.4.3 Eco-engineering affects large-scale morphology

The morphology of the estuary is altered by eco-engineering such that the estuary shifts from
an exporting system under bioturbation to a depositional system under biostabilization (Fig-
ure 5.4 & 5.7). Local bioturbators determine total mud content of the estuary through con-
trolling resuspension of mud deposits that are exported towards the sea. This results in an
overall sandier environment under the two contrasting bioturbators as well as their com-
bination. On the other hand, biostabilization retains mud in the estuary by protecting the
intertidal mud from erosion (Figure 5.4B).

Consequently, species-specific resuspension and stabilization lead to contrasting erosion
patterns. These modified sediment erosion rates in turn determine bed elevations, affect
bank slopes and therefore control slope failure. If bioturbator-induced erosion is large, i.e.
in scenarios with CV, supratidal erosion increases intertidal floodplain extent, whereas lower
floodplains transform into subtidal environment. As a consequence the estuary widens later-
ally (Figure 5.6A & F). In contrast, lower resuspension by AM transforms the intertidal into
subtidal area, reducing floodplain and bar extent without promoting lateral erosion of the es-
tuary. Biostabilization on the other hand protects the banks and promotes local mud accre-
tion, which raises lower intertidal bed elevations. As a result, the trends in large-scale mor-
phological evolution are governed by the dominance of either biostabilizers or bioturbators.
These findings confirm that potential shifts from bioturbator- to biostabilizer-dominance,
for example induced by global warming, can affect estuarine evolution, not only locally but
also at the large-scale (Widdows and Brinsley, 2002).

When biostabilization is governing the system, we observe channel confinement and in-
creasing mud content, whereas the presence of destabilizers leads to channel erosion and
lateral expansion (Figure 3.3). Under bioturbation, overall mud content in the system is re-
duced. When multiple species are present, biostabilizers locally promote bed accretion but
overall channel erosion prevails. In addition, the species distribution is affected, leading to a
restructured zonation of species in the system.

A positive feedback-loop emerged between increasing MPB occurrence on mud and sub-
sequent enhanced mud stabilization. This causes seasonal stabilization of mudflats (van de
Koppel et al., 2001; Le Hir et al., 2007; Orvain et al., 2012b). The mean stabilising effect
by MPB leads to a long-term effect on mud and morphological stabilization. Previously re-
ported modeling results showed that seasonally growing MPB has limited effects on long
term bed elevation change as mud gets washed away in winter (Le Hir et al., 2007). How-
ever, in subtropical regions or warmer climate, persisting biostabilization possibly allows for
long-term mud accretion in dynamic estuaries (Day et al., 2013). Furthermore, waves also
affect the distribution of benthos. Here our models represent sheltered systems by seaward
spits or barrier islands with limited exposure to offshore and wind generated waves. The ab-
sence of waves in the model allows for MPB establishment on the bars in the mouth where
mud can settle. However, in exposed systems those seaward reaches are affected by waves
and possibly limit both mud content and presence of MPB.

Previous modeling studies investigating eco-engineering effects through vegetation on the
large scale observed that infilling and stabilization in the centre of the estuary led to confine-
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Figure 5.8: Conceptual channel adaptation and mud content in an estuary dominated by biostabilization (A),
biodestabilization (B), and a combination of biostabilization and -destabilization (C). A) a depositional system
evolves that develops confining channels with overall increasing mud content and steeper slopes; (B) and (C)
promote an erosional systems with lower mud content and gentle slopes, allowing for lateral channel migra-
tion. Local biostabilization in (C) partly counteracts the erosional trend. Adapting morphology and species
interactions lead to a restructured species distribution.
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ment of channels and impeded landward erosion (Lokhorst et al., 2018; Kleinhans et al.,
2018). MPB shows a similar trend, whereas bioturbation enhances landward erosion. Possi-
bly, systems that include both vegetation and benthic organisms experience mud accretion
by vegetation in the higher intertidal areas while low to intermediate intertidal elevations
evolve erosion-deposition patterns induced by alternating microphytobenthos and biotur-
bator cover. However, species interactions between vegetation and macrobenthos can have
additional effects on local species dominance. For instance, van Wesenbeeck et al. (2008)
found that presence of A. marina can inhibit saltmarsh establishment linked with the high
erodibility of the sediment while A. marina growth is prevented by roots and compaction
within the salt marsh sediments. Similarly, seed predation of pioneer vegetation can inhibit
vegetation establishment on intertidal flats (Zhu et al., 2016b). This wide range of interac-
tions impairs predictions of species effects in multi-species environments and requires fur-
ther research.

5.4.4 Species shifts affect morphological adaptation

Especially in the face of a warming climate, we need a more detailed understanding of the
morphological response of estuaries to varying eco-engineers as we expect future species
shifts due to habitat degradation, biodiversity changes or species invasion (Dippner et al.,
2010). Climate and human-induced changes will lead to significant effects on local ecosys-
tems and consequently estuarine morphology. Especially macrobenthic organisms were re-
ported to respond to changing environmental conditions. At the same time, field studies
have reported a high sensitivity of macrobenthic organisms to climatic changes and exter-
nal disturbances (Van der Wal et al., 2008; Singer et al., 2016; Kröncke et al., 2013; Reise
et al., 2007; Kristensen et al., 2014). For example, increasing temperatures or sediment in-
put can cause significant changes in species communities (Pillay et al., 2008; Dippner et al.,
2010). We show that species presence affects the local and the large-scale morphological de-
velopment of estuaries (Figure 5.7). Hence, our results suggest that the response of benthic
eco-engineering species to climate change can be critical to the evolution of estuaries.

5.4.5 Microplastic pollution in estuaries can bemediated by eco-engineers

The dynamics of estuarine morphology determines the settling and transport of pollutants,
such as heavy metals and microplastics that are usually associated with mud deposits. Espe-
cially in recent years, the deposition of microplastics (MP) (diameter several millimeters or
smaller) was identified as a key component of soil contamination, posing a threat to marine
life and human health (do Sul and Costa, 2014). Estuaries are suspected to be one of the key
sinks of microplastic deposition owing to the proximity to the river input and tendency to
trap lightweight sediments in the intertidal and supratidal zones (Corcoran, 2015).

Recent studies showed that accumulation of MP’s can statistically be attributed to the dis-
tance from a source as well as the properties of the local sediment, such as mud content
and grain size (Ballent et al., 2016; Vianello et al., 2013; Maes et al., 2018; Enders et al., 2019),
which would predict that the largest MP deposition may occur close to rivers and in the shel-
tered intertidal sediments. Relations between MP abundance and mud content gives a gen-
eral indication for MP occurrence independently of the MP characteristics, such as density,
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material or size (Enders et al., 2019). Associated with eco-engineering activity, sediment re-
suspension and stabilization possibly determines MP preservation of sediment-microplastic
mixtures. Flushing time of the estuary can be affected by macrobenthos presence, which
acts as an active ‘filter’ that affects pollutant export (Dürr et al., 2011). As a result, MP will
be exported when strong bioturbation is present. In contrast, biostabilizers possibly retain
more MP in muddy sediments and enhance residence times on the mudflats on the tidal bars.
Moreover, the ingestion of MP’s by marine organisms can lead to reduced productivity or be
lethal to benthic species (Wright et al., 2013; Besseling et al., 2013; Hope et al., 2020). Fur-
thermore, MP can be bio-accumulated along the trophic chain up to humans. Consequently,
MP presence can reduce bioturbation efficiency and could change overall morphological re-
sponse.

Our modeling in conjunction with the above arguments imply that the presence of eco-
engineers has a potentially significant effect on where microplastics settle and accumulate in
the system. Based on the observations in the literature and the reasoning above, we expect
that there will be a delayed response of the morphology to the supply of MP in estuaries. At
first, bioturbators resuspend the MP from the upstream reaches such that it is distributed in
seaward direction and possibly captured in the high intertidal zones. As the MP accumulate,
the toxicity may reduce the macrobenthic population, which could lead to more trapping at
the cost of reducing macrobenthos abundance. This effect may propagate to higher trophic
levels leading to ecosystem deterioration. This response has important implications for iden-
tifying main areas of pollution in estuaries that can threat marine life and human health. On
the other hand, future research on microplastic occurrence needs to take into account re-
suspension of benthic species to quantify pollutant retention in estuaries and how they are
exported towards the marine realm.

5.5 Morphology andmacrozoobenthic species respond to sea level rise in es-
tuaries

This section is a brief pre-publication of the preliminary results of this modeling study, which
was conducted with the macrozoobenthos model developed above in Section 5.2, to which
the reader is referred to for methods and for explanation of the modeled species. While the
analyses are far from complete, the results are novel and relevant for the final discussion.

The feedback between eco-engineers and hydro-morphodynamics determines both species
pattern and co-evolving morphology of estuaries (Brückner et al., 2020). Sea level rise pro-
motes an adaptation of the estuarine morphology, which similarly affects the habitat of vari-
ous species occupying estuarine sediments (Townend and Pethick, 2002; Leuven et al., 2019).
These enhanced stresses on eco-engineers can potentially lead to the disappearance of many
species that are not capable of adapting to their fast-changing environment. Abundant re-
search has been carried out on the response of tidal marshes and wetlands to sea level rise
(e.g Kirwan et al., 2016; Schuerch et al., 2018; FitzGerald and Hughes, 2019; Xie et al., 2020),
showing that many wetlands have the capacity to adapt to rising sea levels under sufficient
sediment supply. However, limited research is available that investigates how macrozooben-
thic biodestabilizers are able to adapt to changing sea level rise rates. Possibly, they can sim-
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ilarly adapt to the degradation of their habitat through their eco-engineering activity. Alter-
natively, macrozoobenthos might migrate towards more suitable habitat or disappear entirely
from the system. To improve our understanding on the responses of abundant macrozooben-
thic species to projected sea level rise rates, we apply our novel eco-morphodynamic model
to an idealized estuary domain. We test simplified, generic representations of two abundant
biodestabilizers in northwestern Europe, Arenicola marina (AM) and Corophium volutator
(CV), under low, fast and extreme sea level rise rates (SLRR). Low SLRR is 0.5 cm/year, high
SLRR 1cm/year, and extreme SLRR 2cm/year (Church et al., 2013; Slangen et al., 2014). The
scenarios compute 100 years of morphological adaptation and species abundance is updated
every morphological month, similar to the coupling in Section 5.2.

The model results show that varying sea level rise rates lead to different morphologies
and species abundances after 100 years of simulation time (Figure 5.9). The progression of
the tidal channels towards the upstream estuary in the control run (REF) is clearly visible
from low to extreme SLRR (Figure 5.9A-C). Along with the widening tidal channels, the
species migrate upstream and towards the sides of the estuary with increasing SLRR. The
upstream migration leads to reduced total species cover as of the smaller floodplains in the
upper estuary. While AM occupies mainly the mouth and center of the estuary and moves
towards the floodplains along the sides of the estuary under high and extreme SLRR, CV
thrives along the shores of the estuary and migrates upstream, but the limited tidal floodplain
extent at extreme SLRR strongly reduces their habitat. Although the channels widen with
increasing sea level, lateral erosion is not strong enough to create extensive floodplains in the
upper estuary. This is likely because the riverine mud supply is not high enough to counteract
the increasing tidal amplitude (Dunn et al., 2019; Leuven et al., 2019). In sheltered areas,
species can survive high and extreme SLRR as seen by the constant presence of species within
the southern tidal embayment close to the mouth (Figure 5.9A-C). The dynamic tidal-bar
pattern, however, does not allow for species establishment on the bars and forces the species
to occupy the sheltered intertidal areas along the shores in the center and upper estuary.

In comparison with the control run (REF) the presence of bioturbators enhances channel
erosion, leading to the formation of several smaller channels with tidal bars. Moreover, the
erosion of the floodplains allows channel to migrate further towards the sides of the estu-
ary. Especially in the scenarios with CV, erosion of the floodplains leads to lower elevations
towards the sides of the estuary, promoting sediment transport towards the mouth and in-
creasing tidal bar extent.

Mud content (solid lines) decreases with time and with increasing SLRR (Figure 5.10) due
to the increasing tidal prism that increases channel dynamics and sediment export from the
estuary. The decreasing mud content results in a decline in the number of cells colonized by
CV (dark green dashed lines), a species that prefers muddy habitat. Similarly, the mixed sce-
nario AMCV shows decreasing abundances (purple dashed lines). In contrast, AM expands
its habitat with sea level rise rates, possibly because they thrive in the increasingly abundant
sandy habitat (light green dashed lines). As a result, around year 30, the declining trend
of AM abundance stabilizes or reverses, resulting in a widening colonized area. A similar
trend has been predicted for the Humber estuary, where sea level rise might lead to species
loss based on salinity protrusion into the estuary (Fujii and Raffaelli, 2008). These findings
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Figure 5.9: Maps of species abundances (red) on bed elevations for the three sea level rise scenarios reveal tidal
channel widening and upstreammigration of the species with increasing SLRR (A. low; B. high; C. extreme).
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suggest that in addition to biochemical stresses on macrozoobenthos, the alteration of the
physical habitat leads to feedbacks on specific species and can induce a species shift.

5.6 Conclusions

This research shows that benthic eco-engineers can have large-scale effects on the morphol-
ogy of estuaries. To understand the eco-engineering effects of two macrobenthic species and
microphytobenthos, we built a novel eco-morphodynamic model that combines a hydro-
morphodynamic model in Delft3D with a dynamic species growth model. We ran model
scenarios in an idealized estuary domain with a dominant sand-prone moderate bioturba-
tor, a recessive mud-prone efficient bioturbator and microphytobenthos in isolation and in
combination.

The model showed that the presence of an efficient bioturbator reduced mud thickness and
bed elevations in the upstream and centre reach of the estuary through erosion of the supra-
and intertidal areas. Consequently, the estuary widened laterally. In contrast, a moderate
bioturbator mainly affected the intertidal areas at the mouth of the estuary. We found that
this contrast resulted from a combination of the bioturbation efficiency of the species and the
mud available within their habitat. In runs with multiple interacting species, the morphology
is mainly controlled by the efficient mud-prone bioturbator, even though their abundance is
small due to habitat constraints and species interactions. On the other hand, biostabilization
by microphytobenthos confined the estuary by protecting the banks from erosion and, hence,
facilitating mud accretion in the estuary. Overall, bioturbation led to mud export towards the
sea whereas biostabilization retained mud within the estuary.

Eco-engineering creates suitable habitat for co-existing species, whereas species interac-
tions determine their abundance. The mud-prone bioturbator reduces the mud content in
the higher intertidal area, which increases habitat quality for the sand-prone species. Subse-
quently, once the sand-prone species colonizes the modified areas, it outcompetes the mud-
prone bioturbator. As a result, a species shift is induced in the upper intertidal where the
mud-prone bioturbator is replaced by the dominant sand-prone species. On the other hand,
microphytobenthos enhances mud fractions in multi-species runs at intermediate elevations,
which in turn facilitates the expansion of the mud-prone bioturbator.

Eco-engineers modify the large-scale morphology of estuaries, whose abundance is deter-
mined by both physical habitat modification and by species interactions. As a result, changes
in the species community may have wide-ranging effects on the response of estuarine mor-
phology in terms of mud export to coastal seas and lateral erosion of estuaries under changing
conditions. Climate change, human usage and pollutants, such as microplastics, exert pres-
sures on the ecosystem with still unknown consequences and feedbacks that are imperative
to future investigation.

Sea level rise causes the development of estuarine morphologies characterized by dynamic
channel bar patterns and reduced mud content. These trends are enhanced under the pres-
ence of biodestabilizers and feed back on their abundance. The erosion of intertidal flats
forces the macrozoobenthos to move from areas close to the channels towards higher and
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Figure 5.10: Mean mud fraction (solid lines) and number of colonized model cells (dashed lines) for the four
model scenarios and the three sea level rise rates show a decline with simulation time. The meanmud fraction
decreases from the low SLRR scenario (A) towards the high (B) and extreme SLRR scenario (C) with the steepest
slopes in (C). The number of colonized cells stabilizes for AM and decreases for CV and AMCV towards the high
(B) and extreme SLRR scenario (C).
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more sheltered elevations. With increasing mean water levels, the species migrate towards
the upper estuary. If suitable floodplains exist, the species can colonize upstream habitat
but limited intertidal area extent causes a species decline. Moreover, the results suggest
that increasing sea level rise has contrasting effects on the prevailing species: a mud-prone
macrozoobenthic species is threatened because of the decreasing mud content of the estuary,
whereas a sand-prone species thrives in increasingly sandy habitat. The resulting species shift
towards the less efficient biodestabilizer AM, possibly mitigates the erodibility of the sedi-
ment with sea level rise and might result in reduced lateral erosion of the estuary.
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Chapter 6

Muddying thewaters: Paleozoic landplants caused irreversible changes
to estuarine sedimentation

ThePaleozoic evolutionof vegetation transformed terrestrial landscapes, facilitatingnovel sed-
imentary processes and creating new habitats. This transformation left a permanent mark on
the sedimentary record, perhaps most strikingly through an upsurge in preserved terrestrial
mudrock. Whereas feedbacksbetweenevolvingvegetationand river structurehavebeenwidely
studied, Paleozoic estuaries have so far received scant attention. As the junctions between
the land and sea, the co-evolution of estuarine morphology and vegetation traits are funda-
mentally tied to a varied range of geochemical cycles, and pass inference on how global sili-
cate weathering patterns may have varied over time. Here we employ an eco-morphodynamic
model with an in-built vegetation code to simulate estuarine morphology through five key
stages in plant evolution. An abioticmodel (early Precambrian?) sawmuddeposition restricted
to fortuitous instances of limited erosion along bar-flanks. Estuaries colonized by microbial
mats (Precambrian onwards) facilitated accretion that sufficiently strengthened bars to spark
extensive mudflat development. Small-stature, rootless vegetation (Silurian-Early Devonian)
introducednovel above-groundbaffling effects, which led to notablemudaccumulation in qui-
escent environments. The incorporation of roots (Early Devonian) strengthened these trends,
with root structures serving to decrease the mortality of occupying plants. Once the full com-
plement of modern vascular plant architectures had evolved (Middle Devonian), dense colo-
nization promoted the formation of in-channel islands accompanied with system-wide mud
accumulation. These simulations suggest estuaries underwent profound changeduring the Pa-
leozoic, with the greening of the continents triggering processes and feedbacks which render
all predating source-to-sink sediment pathways non-uniformitarian.

Based on: Muriel Z.M. Brückner, William J. McMahon and Maarten G. Kleinhans (2020). Muddying
the waters: Paleozoic land plants caused irreversible changes to estuarine sedimentation. In review:
PALAIOS.
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6.1 Paleozoic facies shifts

The mudstone content of Precambrian terrestrial strata is limited (Long, 2011; Long, 2019;
McMahon and Davies, 2020), with markedly heterolithic deposits only becoming abundant
in the Paleozoic (Davies and Gibling, 2010; McMahon and Davies, 2018) (Figure 6.1). This
muddying of the continents occurs in stratigraphic alliance with the paleobotanical record,
with the shift attributed to the ways in which vegetation enhanced mud production and sed-
iment flux from continental interiors (McMahon and Davies, 2018). Plants serve to increase
the production of mud directly through enhanced chemical weathering (e.g. Hazen et al.,
2013). They also facilitate mud retention on the continents through ecosystem engineer-
ing (Jones et al., 1994) which induces: 1) sediment-baffling, the trapping by above-ground
plant parts and deposition of suspended sediment through flow deceleration within vege-
tation structures (Moor et al., 2017; Kleinhans et al., 2018); and 2) sediment-binding, the
stabilization of grains by roots (Xue et al., 2016). The bulk of studies which have considered
the ties between evolving land plants and the muddying of the continents have focused on
the impact of riparian vegetation on riverine processes. Estuaries, conversely, have scarcely
been considered; a glaring omission considering these environments were likely gateways
for the terrestrialization process (e.g. Strother, 2000; Rubinstein et al., 2010). The purpose
of this short paper is to test the biophysical possibility that Paleozoic land plants altered the
morphological development of tidal environments, presently inferred only from partial mod-
ern analogues (e.g. van de Vijsel et al., 2020) and studies of ancient outcrop belts detached
from their formative processes by hundreds of millions of years (e.g. Bradley et al., 2018;
Muhlbauer and Fedo, 2020). Understanding the precise timings and magnitudes of acceler-
ated terrestrial mud deposition coeval with expanding vegetation cover is fundamental for a
range of studies including: 1) controls on deposition in the absence of vegetation (e.g., during
the Precambrian Earth, on Mars); 2) mechanisms which enabled continental terrestrializa-
tion; 3) the capacity of early land plants to engineer their habitats; and 4) functional changes
to geochemical cycles which are dependent on sediment-flux.

6.2 Modeling the sedimentological impact of Paleozoic land plants

Using a numerical model for an idealized estuary, we parametrized vegetation growth and
sensitivity to environmental pressures and the eco-engineering effects of vegetation on phys-
ical processes through five distinct Paleozoic ‘vegetation stages’ (VS) (Figure 6.1). The ide-
alization and control enabled exact quantification of species effects, whilst excluding the in-
tricacies of real world systems with complex controls outside the scope of this paper. Our
vegetation stages, amended slightly from previous workers for the purpose of appropriate
modeling (Davies and Gibling, 2010), mark major advances of vegetation as observed in the
paleobotanical record: 1) abiotic (early Precambrian?); 2) biofilms (Precambrian-Cambrian);
3) small-stature, rootless vegetation (Silurian-Early Devonian); 4) tracheophytes (Early De-
vonian); and 5) arborescent vegetation with deep roots and high resilience to external stresses
(Middle Devonian). A numerical model that couples a vegetation code to a hydro-morphody-
namic estuary model (Delft3D) was developed to address the sedimentological impact of
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Figure 6.1: Key evolutionary advances of land plants (vegetation stages (VS)) (Boyce and Lee, 2017; Fischer,
2018). Even though bryophytes colonized landscapes as early as the Middle Ordovician (Rubinstein et al.,
2010) (*), we neglect this stage as effects ofmicroscopic plant remains (predominantly cryptospores) cannot be
parametrized by themodel. Mudrock curve redrawn fromMcMahon andDavies (2018). Photographs of estuar-
ine successions show sandstone prevalence before vegetation (Rawnsley Quartzite, Australia) and widespread
mudstone following the greening of the continents (Shawly Formation, Ireland) (Graham et al., 2014).
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Figure 6.2: Conceptualmodel of the interactions between the hydro-morphodynamicmodel (Delft3D) and the
vegetation code (from Brückner et al. (2019)). The hydro-morphodynamic computations are used in the veg-
etation code to determine occurrence of the microbial mats and colonization and mortality of the vegetation.
Eco-engineering effects are included through reduced erodibility of themudbypresence ofmicrobialmats and
increasing hydraulic resistance with vegetation presence and growth.

evolving land plants (Supplementary Information). Our model captures the feedbacks be-
tween ecological and morphological processes by predicting dynamically changing vege-
tation cover based on environmental parameters. Moreover, the presence of biota affects
the hydro-morphodynamic processes in the model through eco-engineering effects. Eco-
engineering is captured by different parameters, depending on whether microbial mats or
vegetation are present: the presence of microbial mats reduces the erodibility of the mud,
whereas vegetation structures alter the flow through hydraulic roughness and drag, indirectly
protecting the bed through flow baffling (Brückner et al., 2019) (Figure 6.2). Any direct im-
pact on the mechanical stability of sedimentary substrates caused by root structures was not
incorporated (Kleinhans et al., 2018). The vegetation code and the hydro-morphodynamic
model are coupled every sixth month of morphological computations, to update the biota
distribution based on the environmental parameters and to feed the resulting change in
erodibility or hydraulic roughness and drag back into the Delft3D model. Derived plant
characteristics (Figure 6.2 & Figure 6.3) enabled computation of feedbacks between vege-
tation establishment, growth and mortality, and hydromorphology, concurrently enabling
analysis of vegetation’s impact on sedimentation.

We tested a generic species representative for each vegetation stage in isolation in order
to generalize the potential impact of evolutionary traits on mud percentages and estuarine
morphology. Each model run is carried out under consistent settings (boundary and initial
conditions, run time, coupling with the vegetation model) in a macrotidal environment with
riverine mud supply. The model neglects any impact on mud production through boosted
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chemical weathering. This set-up enabled direct comparison between the scenario results
at the end of a simulated period of 300 years (a sufficient time-period to detect biomorpho-
logical change). The estuarine landscape is realistic in morphological and sedimentological
properties (van de Lageweg et al., 2018; Brückner et al., 2019) and for the first time allows
systematic testing of biogeomorphological processes and their sedimentary products.

6.2.1 The vegetation stages

Vegetation stage 0 (VS0)

VS0 includes no biological components, serving as a control run against which the impact of
subsequently evolving microbiota and land plants can be measured.

Vegetation stage 1 (VS1)

Prior to the advent of land plants, Earth’s terrestrial surfaces were not entirely barren, with re-
ports of microbial life in coastal settings extending as far back as the Neoarchean (e.g. Noffke
et al., 2006). The mats protect muddy sediments in intertidal areas through the secretion of
biofilms, which were computed in numerical cells with inundation periods between 0.3-0.8
and mud content >30 % (Daggers et al., 2018).

Vegetation stage 2 (VS2)

VS2 begins in the early Silurian and marks the global development of vascular plants (e.g.
Gensel et al., 2001; Gensel, 2008). Vegetation types were characterized by diverse, centimeter-
high sporophytes which lacked roots and only had limited resilience to external stresses.

Vegetation stage 3 (VS3)

VS3 is marked by the Early Devonian appearance of roots (e.g. Gensel and Berry, 2001;
Gensel et al., 2001; Kenrick et al., 2012; Matsunaga and Tomescu, 2016). Early root struc-
tures may not have matched all the characteristics of extant land plants, but likely performed
the same functions and certainly extended down considerable depths into substrates (Xue et
al., 2016). Moreover, flora was characterized by increasing plant sizes and frond complexity,
making them increasingly resistant to external stresses.

Vegetation stage 4 (VS4)

VS4 marks a number of significant evolutionary advances, including the first evidence of
arborescent plant forms (Meyer-Berthaud et al., 2013), the earliest trees (Berry and Fairon-
Demaret, 1997), and the first true forests (Stein et al., 2007; Stein et al., 2012; Stein et al.,
2020; Berry and Marshall, 2015). Whilst VS4 has a Middle Devonian lower limit (Davies
and Gibling (2010) [their VS6]), the upper limit is not defined and extends well into the
Carboniferous (Davies and Gibling, 2013). Their increasingly complex life-cycle leads to the
emergence of pre-mature and mature life-stages characterized by increasing plant and root
sizes (Figure 6.3) and even greater resilience to environmental pressure.
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6.3 Results

6.3.1 Vegetation evolution affects mud accretion in estuaries

The abundance of vegetation, and their capacity to retain mud, varied depending on VS and
positioning along the tidal energy gradient (Figure 6.4 and Figure E.1).

Vegetation stage 0

Mud was dominantly transported towards the ebb delta (Figure 6.4), with fine-sediment re-
tained on the continent largely limited to sheltered areas of the estuary (e.g., channel banks,
bar-tops) (Figure 6.4B, Figure 6.5).

Vegetation stage 1

Microbiota colonized extensive floodplain tracts in the middle estuary, as well as on tidal bars
within the lower estuary (Figure 6.4). In the middle estuary, high rates of mud deposition
limited sediment transport towards the ebb delta (Figure 6.4B). Overall, biofilm-induced
stabilization added sufficient strength to in-channel and bank-attached barforms to facilitate
the development of extensive muddy floodplains in conjunction with erosion of the main
channel bed (Figure 6.5).

Vegetation stage 2

The small-stature, rootless vegetation had little effect on upper estuarine processes, with
mud being dominantly eroded and transported towards the ebb delta (Figure 6.4A-B). In
the middle estuary, which constitutes more quiescent conditions overall, flow baffling by
above-ground plant parts was far more pronounced, with flow-velocity being sufficiently re-
duced to promote mud capture and forced deposition. Increased retention of cohesive mud
elevated local topography, reducing overland flow strength and further stabilizing the land-
scape (Figure 6.5). Mud fraction was directly correlated to colonized cells, demonstrating
that their ecosystem-engineering effects only impacted local settings (Figure 6.4C).

Vegetation stage 3

Increased resistance against autogenic reworking due to the advent of roots and greater plant
sizes led to more colonization and subsequent mud capture within the middle and lower es-
tuary (Figure 6.4A). Mud accretion occurred on both in-channel bars and the outer-flanks of
the middle-estuary, with sediment-baffling increasingly pronounced due to a more substan-
tial above-ground biomass. Although mean mud concurrent with colonized areas rose, total
estuarine mud content was not significantly enhanced (Figure 6.4B-C). Vegetation largely oc-
cupied channel banks, while tidal bars remained dynamic and were only sparsely colonized.
Bank stabilization focused flow into the main channels and off floodplains, enhancing the
degrees of channel incision (Figure 6.5). Both channel incision and increasing floodplain
elevation through mud deposition gradually reduced mud transport towards the intertidal
zone, instead promoting mud export towards the ebb delta.
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Vegetation stage 4

Complex phenotypes with deep roots facilitated the expansion of vegetation and promoted
deposition of muddy sediment on bars and banks. The middle and lower estuary were most
substantially affected, with lowered plant mortality promoting the development of dense
forests on lower estuary floodplains and tidal bars (Figure 6.4A). Such greened areas were ca-
pable of withstanding significant hydrodynamic pressure, with enhanced mud stabilization
leading to the first true vegetated islands. Mud deposition markedly decreased down-system
towards the lower-estuary, with muddy sediments being primarily captured in mud-flats to-
wards estuary flanks (Figure 6.4B). Moreover, extensive vegetation cover resulted in system-
wide mud preservation, as opposed to the localized effects felt in VS2-3 (Figure 6.4C). The
extensive stabilization of estuarine banks caused deeper incision and steeper channel mar-
gins (Figure 6.5).

6.4 Baffling by vegetation induced a rise in Paleozoic mudrock

6.4.1 Flow baffling depends on plant resilience

Before the Paleozoic expansion of vegetation, biofilms may have had a pronounced impact
on estuarine mud accumulation. Whilst the local sediment stabilizing effect of microbiota in
tidal environments has been widely recognized (e.g. Widdows et al., 2004; Le Hir et al., 2007),
any system-wide impacts are understudied. However, using the modeled estuary here, we can
infer that the encroachment of microbiota on intertidal flats led to localized but significant
mud accretion. As in extant estuaries, vegetation size and density control mud accretion
(Leonard and Luther, 1995; Brückner et al., 2020), such that increasing vegetation coverage
throughout the Paleozoic likely induced further mud preservation. The capacity of plants
to expand their habitats from sheltered to dynamic environments is owed to: 1) increased
resilience to external stresses through the evolution of roots; and 2) their increased flow-
baffling capacity due to enlarged above-ground dimensions. This resulted in the amelioration
of land plant adaptations, changes which forged key new habitat spaces for subsequently
evolving fauna and thereby new morphologies.

The importance of rooting varies with system size and style (e.g. Perona et al., 2012) and
whilst the mechanically binding-effects of roots play an important part in stabilizing moderate-
sized banks, in cases where channel dimensions vastly exceeded root length, systematic un-
dercutting is likely to have been prevalent (Kleinhans et al., 2018). By the Carboniferous,
complex root strategies come with resilient, dense plant fractions that promoted sediment
stability and aggradation of islands. By reducing plant mortality, the development of sig-
nificant roots was key in the encroachment of vegetation towards more dynamic estuarine
environments, subsequently causing substantial modifications to source-to-sink sediment
transport.

6.4.2 Ecosystem Engineering on the rise

Our modeling efforts feed into debates concerning the capacity for early vegetation types to
ecosystem-engineer their habitats (Davies et al., 2017; Santos et al., 2017). Santos et al. (2017)
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Figure 6.4: A) Bathymetry and mean relative vegetation coverage [1/a] over the simulation period (fraction
multiplied with growth period) for all scenarios, showing large coverages for biofilms (VS1) and increasing veg-
etation abundance through VS2-VS4. B) relates storedmud volume along estuary (lines) and relative colonized
area to entire intertidal domain (bars). Biofilms (VS1) enhancemud retention, particularly in themiddle estuary.
Whereas increasing vegetation complexity has little effect on the upper estuary, mud is captured in the mid-
dle and lower estuary, leading to reduced mud export towards the ebb delta. C) compares overall mean mud
fraction (brown bars) and mean mud fractions in colonized cells (green bars), illustrating that mud is captured
within vegetated patches and eroded when vegetation dies-off for VS2-VS3 (in contrast to the system-wide
retention of mud in VS1 and VS4). The green bar in VS0 represents the mean mud in the cells colonized in
the other scenarios as a control. Bar bottom and top are 25- and 75-percentiles, respectively, black line shows
median mud fraction.

provided an abiotic account for Earth’s tangible rise in Paleozoic mudrock (Figure 6.1). In
their model, a specific continental configuration was linked to increased tropical weathering
and thus heightened quantities of mud production. Critical to this model was the notion that
primitive rootless land plants were likely ill-equipped to modify sediment flux substantially,
a hypothesis here suggested untrue. Early rootless land plants may have been adequately
equipped to engineer their landscapes through flow-baffling (Figure 6.5), with the evolution
of novel plant-obstacles heightening the deposition of suspended sediment. Any retained co-
hesive material would lead to increases in the elevation of the local topography, alterations
which served to further reduce overland flow velocity and facilitate additional mud deposi-
tion.
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Figure 6.5: Cross-sections (marked in Figure 6.4) withmud deposits and qualitative vegetation presence (green
bars on black line) for four transects (T1-4). Channel incision and bank slope gradient increases with vegeta-
tion complexity while mud and vegetation co-occur along channel banks and on bars from VS3 onwards. Blue
dotted line is high water.

6.4.3 Vegetation baffling reduces mud bypassing

The evolution of large and complex phenotypes, in combination with deep rooting, led to
a shift from locally constrained mud preservation in colonized subenvironments towards
the system-wide deposition of mud. Extensive retention of mud within estuaries may have
compensated for increased weathering of the hinterland induced by extensive plant cover.
This suggests that from the Paleozoic, estuaries no longer acted as a passive sediment bypass
to the oceans, a changing system-behavior which has important implications for how we treat
Earth’s ancient geochemical cycles. In addition to potentially enhancing the infilling process
of estuaries, this mechanism could have similarly mitigated changing climatic impacts, such
as increasing rainfall and sea level rise that forced drowning or transgression of non-vegetated
landscapes.

6.5 Conclusions

Numerical models attest that the expansion of terrestrial flora in the Paleozoic induced novel
conditions susceptible of extensive mud accumulation in estuarine environments. Perma-
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nent changes to estuarine morphology were promoted by the colonization of microbial mats
that enhanced mud accretion on sandy bars and shores (early in the Precambrian). The evo-
lution of primitive, rootless vegetation (Silurian-Early Devonian) birthed new flow-baffling
processes which further heightened mud deposition in quiescent environments. By reducing
local flow velocities, above ground plant parts promoted bed level accretion and flow devi-
ation towards main channels, better protecting previously exposed areas from later erosion.
Following the Devonian invention of roots, mud retention substantially increased, as raised
plant resilience to external environmental stresses allowed the generation of new habitat.
By the late Devonian, muddy sediment was abundant in all reaches of the modeled estu-
ary, facilitating a shift from a locally constrained mud accrual to a system-wide increase in
mud deposition. Consequently, far less mud-grade sediment was bypassed to the marine
realm, a transformation in source-to-sink transport that holds significant ramifications for
pre-vegetation geochemical cycling.
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Chapter 7

Synthesis: Biogeomorphological models infer new knowledge on the
morphological evolution of past, present and future estuaries

The main two objectives of this thesis were to
1) develop a novel dynamic eco-morphodynamic model that includes the feedback be-

tween hydro-morphodynamics, distribution of several eco-engineers based on detailed species
establishment, growth and mortality rules, and their specific eco-engineering effects, and

2) determine how generic eco-engineers affect estuarine morphology at the system scale
in terms of spatial mud and bed level distribution and how these changes relate to species
abundances.

The following synthesis places the previous chapters in a broader context of landscape evo-
lution of past, present and future estuaries and evaluates how the findings complement and
contribute to the current state of research. First, the novel model approach has provided new
insights on how the morphological evolution of estuaries is governed by various functional
groups of eco-engineers. Not only do I discuss how to generalize those findings for present
estuaries, but also on how the results complement research on the evolution of Holocene and
Paleozoic estuaries. Second, I touch upon urgent environmental challenges, such as pollu-
tion, climate change and habitat degradation and how we can better understand their impact
using the insights from this thesis. Third, I discuss the novelties derived from the presented
modeling framework in the context of biogeomorphological modeling. Concomitantly, the
reader will find an evaluation of the limitations and future prospects of the presented frame-
work. Finally, I summarize the highlights from my work and outline how they lead to new
and exciting research steps to take in the future.

7.1 Eco-engineers determine estuarine morphology at the large scale

This work shows that eco-engineers determine how the morphology of estuaries evolves in
terms of overall mud content, bed level distribution and intertidal area extent, and whether
the estuary is a depositional or an erosional system. Those morphological features govern
bank stability, tidal prism, accommodation space and the distribution of ecological habitat,
which are important in terms of the ecological functioning of estuaries and economic and
social interests, such as shipping, fishing or flood protection (Savenije, 2005; Dalrymple and
Choi, 2007). Several functional groups of eco-engineers and their combination affect mor-
phological evolution of estuaries differently depending on their specific traits, interactions,
and eco-engineering intensity. Below, I discuss the most important trends derived from the
model scenarios.
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7.1.1 Stabilizing eco-engineers

Stabilizing eco-engineers, here saltmarsh vegetation and microphytobenthos, stabilize local
and large-scale morphologies, promote mud sedimentation and preservation and facilitate
mutual species expansion when multiple species are present. In addition to foregoing studies
reporting the importance of plant characteristics, such as rooting depth, below-ground pro-
ductivity and slow or fast colonization behavior (e.g. Kirwan and Megonigal, 2013; Schwarz
et al., 2018), for marsh growth and geomorphic response, Chapter 3 and Chapter 4 illustrate
that estuarine morphology depends similarly on detailed establishment and life-history traits
of saltmarsh vegetation.

In Chapter 3, saltmarsh vegetation can establish in a dynamic sandy estuary with limited
sediment supply, producing saltmarsh and mud patterns depending on establishment traits:
a mud-prone species that requires mud to establish and a sand-prone species able to estab-
lish on sand differ in their establishment timing and how fast vegetation can expand. As a
result, the mud-prone, slowly expanding species captures mud gradually, which leads to a
wide area covered with thin, ecologically valuable, mud layers. In contrast, the sand-prone
species captures large amounts of mud instantaneously, which promotes thick mud layers
that become a part of the more permanent morphology. This trend was shown both on an
intertidal bar and across the entire estuary. From the differently evolving establishment and
mud patterns in response to the two species’ traits, we can infer that mud is an important
constituent for, but not the main driver of, saltmarsh establishment in dynamic estuaries.
Saltmarsh can also establish without prior mud settling, making mud settling and saltmarsh
establishment highly dependent on the characteristics of the site and the traits of the prevail-
ing species. Consequently, establishment traits that are representative of different saltmarsh
species drive vegetation establishment and expansion and, hence, determine the amount of
mud deposited and preserved at the bar- and estuary-scale.

Likewise, different saltmarsh species that were parametrized in detail in the model were
shown to drive tidal channel geometry and extent on the spatial scale of an intertidal flat
(Chapter 4). Based on dominating saltmarsh species, tidal channels emerged in varying
numbers and dimensions comparable to dimensions observed in nature (Marciano et al.,
2005). Not only did that affect sedimentation and levee formation, but also drainage ca-
pacity and flood-ebb dominance on the marsh. Marsh-scale processes determine friction
on the tidal wave, accommodation space, and sediment import or export from the marsh
and towards other reaches of the estuary and play a crucial role in protection of the hinter-
land against flooding (Temmerman et al., 2013; Leonardi et al., 2018). Hence, the observed
marsh-scale processes and channel networks induced by vegetation species can affect the
hydro-morphodynamics of the larger system. For example, variations in tidal asymmetry
and sediment transport from local marshes determine the transported sediment load to-
wards the larger system (Moore et al., 2009). This possibly facilitates species establishment
on mudflats adjacent to exporting saltmarshes. Chapter 3 illustrated that the available mud
together with the environmental parameters and the establishment strategy of the species
determine the rate of species establishment and expansion. As a result, the marsh-scale pro-
cesses within the estuary potentially feed back towards the system-scale and control further
marsh establishment. These feedbacks have major implications for the stabilization of the
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estuarine morphology and, hence, management and resilience against storm events and sea
level rise (Leonardi et al., 2018).

These findings highlight two important mechanisms to be considered in estuarine evo-
lution: 1) species-specific establishment and life-history traits determine species establish-
ment, growth and expansion; 2) the morphological response is governed by the resulting
marsh pattern through altered mud accretion, mud layer formation and tidal channel pat-
tern, both at the scale of intertidal flats and the entire estuary. With these new insights we
can improve mud settling in dynamic estuaries with limited mud supply by, for instance,
promoting saltmarsh expansion of species with desired traits. The characteristics of the salt-
marsh species determine the speed and pattern of the evolving marsh (Schwarz et al., 2015b;
Schwarz et al., 2018) and, hence, mud capture. Increasing mud settling, either locally within
dense vegetation patches or gradually with slowly expanding vegetation, can be made use
of in realignment projects, flood protection or the restoration of wetlands. Through the en-
hanced sediment settling on intertidal bars and shores of estuaries, tidal bars are stabilized,
which in turn maintain the the position of tidal channels and possibly reduce dredging ef-
forts and flood risk (Townend and Pethick, 2002; De Vriend et al., 2011; Leuven et al., 2018a).
In addition to their morphological effect, the expansion of saltmarshes can ameliorate habi-
tat and water quality by reducing suspended loads and increasing nutrient export towards
coastal waters (Allen, 2000). The creation of valuable wetlands that form habitat for birds
and other endangered species can improve biodiversity and ecosystem functioning. Con-
sequently, the species-specific biomorphodynamic feedbacks within an estuary have strong
consequences for morphology and ecology and, hence, can be taken advantage of in coastal
management and ecosystem restoration of intertidal flats and estuary-scale morphology.

Saltmarshes act as carbon sinks through biomass production and burial of organic matter
in the lower layers of wetland soils (Morris et al., 2012). Since saltmarsh pattern and biomass
are determined by the feedback loop between geomorphology and species traits, also carbon
storage capacity is controlled by biomorphodynamic feedbacks. Consequently, the under-
standing of marsh evolution is not only essential for the large-scale morphological response
of estuaries, but transcends towards their global role and contribution in mediating atmo-
spheric carbon rates and global warming.

Similar to vegetation, microphytobenthos can enhance mud retention in estuaries (Chap-
ter 3, 5 & 6). In contrast to previous studies that primarily found seasonal effects of micro-
phytobenthos on mud accretion (e.g. Widdows and Brinsley, 2002; Le Hir et al., 2007), the
modeling in this work showed that seasonal growth of biofilms induces long term mud ac-
cretion on a tidal bar (Chapter 3). In Chapter 5, estuary-scale effects of microphytobenthos
were investigated, showing that mud was sufficiently protected to prevent erosion of inter-
and supratidal sediments. Local colonization by biofilms can alter system-scale mud ero-
sion pattern and mud transport towards other reaches of the estuary. Likewise, mud export
from the estuary is lowered when biofilms are present, promoting sediment accretion and
potential infilling of the estuary that can mitigate increasing sea levels (De Haas et al., 2018).
This effect was also shown to have the capacity to have altered Paleozoic estuaries (Chap-
ter 6). Encroaching biofilms onto the lands potentially stored larger mud fractions in the
stratigraphy, stabilized channels and bars and reduced mud transport towards the oceans.
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This stabilization could have created favorable conditions for vegetation establishment and
potentially contributed to the colonization by the first small, primitive land plants (Corenblit
et al., 2011).

In line with measurements of increasing sediment stability towards the saltmarsh edge
linked with microphytobenhos presence (e.g. Austen et al., 1999), the stabilizing effect of
biostabilizers was furthermore enhanced in the model when both microphytobenthos and
saltmarsh were present: when both saltmarsh and microphytobenthos established, they mu-
tually enhanced their expansion and, hence, mud accretion. As a result, the effect of micro-
phytobenthos increased with pioneer vegetation establishment that protected the biofilms
from erosion. Vice versa, biofilm-induced mud accretion on the tidal bar facilitated salt-
marsh establishment through enhanced bed elevations and flow deviation. These positive
feedbacks between microphytobenthos growth and saltmarsh vegetation can be utilized in
restoration projects that promote pioneer vegetation establishment and biodiversity. Micro-
phytobenthos constitutes an important food resource of shorebirds and macrozoobenthos
(Herman et al., 2001; Van der Wal et al., 2008; Mathot et al., 2018).

With global warming, the growth period of the microphytobenthos might be prolonged,
which possibly leads to the expansion of biofilms and benefits the ecosystem. However, in-
creasing storm frequency and wave heights might counteract this trend by destruction of the
biofilms close to mouth of the estuary (Le Hir et al., 2007). When conditions are created that
facilitate microphytobenthos growth, the process of vegetation colonization and expansion
can be accelerated, new feeding grounds for endangered species can be created and the ero-
sion induced by sea level rise and storms can be mitigated. For instance, the protection of
erosive intertidal areas from waves and currents can help promote growth of biofilms and
pioneer vegetation, which will enhance mud settling and accretion.

7.1.2 Destabilizing eco-engineers

As opposed to biostabilizers, macrozoobenthic organisms that destabilize the sediment pro-
mote erosion and sediment redistribution or even sediment export from estuaries (Chap-
ter 5). In addition to previously observed local mud reduction induced by biodestabilizers
(e.g. Widdows and Brinsley, 2002; Volkenborn et al., 2007), this work expands this obser-
vation towards the scale of the entire estuary. In the model, the erosion of the mud along
the shores reduced the cohesive properties of the banks and promoted sediment transport.
Sediment resuspension by biodestabilizers is known to be one potential factor mediating sus-
pended sediment concentrations in muddy estuaries, e.g. in the Ems-Dollart Estuary (Talke
and De Swart, 2006), or inhibiting the infilling of Holocene estuaries (De Haas et al., 2018).
The capacity of biodestabilizers to promote erosion of the shorelines of estuaries and bays
has large-scale implications for the dimensions of the system. Since the eco-engineering ef-
fects by the generic biodestabilizers enhanced the exposure of the supratidal areas to higher
flow velocities, the estuary expanded laterally and created wider accommodation space. A
widening intertidal area with gentle bank slopes evolved and the enhanced sediment export
towards the delta resulted in reduced mud content of the estuary. The eco-engineering effi-
ciency of the species therefore determines lateral and vertical expansion, enhances channel
dynamics and shoal migration and potentially slows down infilling processes. With regard
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to increasing sea level rise rates and sediment deprivation due to upstream dam construc-
tion, the increasing accommodation space induced by macrozoobenthic destabilizers can
have strong negative consequences for estuaries to keep up with sea level rise (Leuven et al.,
2019; Best, 2019).

The eco-engineering effect of biodestabilizers depends on their habitat preferences and
eco-engineering intensity (Chapter 5). Morphology was defined by the key eco-engineer as
opposed to the more abundant but less efficient biodestabilizer. With the generic mud shrimp
being a strong destabilizer, it promoted the erosion of large parts of the sediment upstream
in the model, whereas the generic lugworm, a moderate destabilizer, invoked limited effects
on bed level change. But not only the species-specific eco-engineering effect determined
morphological change, also the mud in the bed where the species live defined how much
material can be eroded (Chapter 5). Naturally, increasing mud content in the bed increases
the potential for erosion as more mud is available to the water column. For the evolution
of estuaries, this finding suggests that we need to consider both the prevailing species and
the characteristics of the sediment. Muddy estuaries (e.g. the Ems-Dollart estuary) might
be affected more by eco-engineering than sandy estuaries (e.g. the Western Scheldt estuary).
However, sandy systems might be indicators for the presence of biodestabilizers (Volkenborn
et al., 2007). More research is therefore needed to elucidate where species presence induces a
change in the system state through promoted export of cohesive sediments and where abiotic
conditions determine species occurrence (Day et al., 2013).

The effect on the morphology of the estuary depends on the type of biodestabilizer and its
habitat preferences (Chapter 5). The model results show that the resuspension by the generic
mud shrimp limited its habitat by reducing the mud content of the bed, which lowered abun-
dances and resuspension rates with time. In this case, the evolving abiotic conditions guaran-
teed habitat of the species while species abundance and expansion were controlled through
biotic mediation. This led to a negative eco-engineering effect in terms of species abundance.
In contrast, the generic lugworm maintained its habitat through constant moderate resus-
pension, whereas the inherent abiotic conditions (i.e. mud content of the bed) impaired its
expansion, leading to a positive eco-engineering effect. From these contrasting feedbacks
we can infer that species-specific traits determine if either abiotic or biotic processes control
species expansion. However, more research is needed to disentangle under which condi-
tions, i.e. mud content, hydrodynamic forcing and ecosystem structure, either the abiotic or
biotic processes are the dominant driver of species abundance.

These findings illustrate that 1) the same functional group induces similar trends but eco-
engineering intensity defines how strong the morphological variation, 2) the habitat charac-
teristics control the magnitude of morphological change through the availability of erodible
sediment, and 3) the emerging species-specific abundances are controlled by either inherent
abiotic conditions or by biotic modification of the habitat.

7.1.3 Eco-engineering of species communities

This work illustrates that species communities evolve varying abundances depending on
species interactions and habitat modification and, as a result of their net eco-engineering
effect, shape local and large-scale morphology (Chapter 3 & 5). The results in Chapter 3
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showed that mud stabilization by microphytobenthos and enhanced mud settling induced
by vegetation lead to a positive feedback between the two: even though mud availability was
limited, the two species did not compete for the resource mud and were able to expand their
habitat. Chapter 5 illustrated that direct competition between two macrozoobenthic species
facilitated the expansion of the competitive species resulting from the eco-engineering of the
recessive species. As a result, the recessive eco-engineer modified its habitat, such that it be-
came expelled by the spread of the competitive species. This concept of species succession
is similar to the one observed in vegetation, where bed accretion by pioneer vegetation ulti-
mately leads to them being outcompeted by successive and more competitive plant species
(Allen, 2000; Townend et al., 2011). Similar as described for saltmarshes (Bertness and Pen-
nings, 2002), a distinct species zonation between competing macrobenthic species evolves.
The introduction of microphytobenthos affected this succession by enhancing the local mud
content of the bed. This additional effect of a third eco-engineer interfered with the prevail-
ing feedbacks by altering habitat quality and providing food. This resulted in increasingly
complex feedbacks that determined the net abundance of the species. Consequently, the
model illustrates that habitat modification by multiple eco-engineers affects both ecosystem
composition and morphology through multi-dimensional feedbacks.

Due to this complexity, the eco-engineering intensity of all present eco-engineers can-
not simply be added up to predict morphological adaptation. This finding was confirmed
by flume experiments carried out during the course of this work (not presented here) that
measured mud resuspension thresholds in single species and multi-species experiments of
four typical macrozoobenthic organisms from the Western Scheldt estuary. Similar to the
results from the model, combined resuspension of several organisms was reduced compared
to the sum of their individual effects. In nature, competition between species for space and
food and trophic interactions require energy and reduce individual species activity (Odum
and Barrett, 1971; Day et al., 2013). However, the model results reveal an additional ef-
fect impairing species productivity: individual eco-engineering effects can affect the habi-
tat suitability of the co-existing species such that their abundance changes. These indirect
feedback alters the net eco-engineering intensity of the species community and, hence, their
biogeomorphological effect. Therefore, the community effect needs to be quantified under
the consideration of eco-engineering feedbacks to predict the evolution of the estuarine mor-
phology.

7.1.4 Eco-engineering effects of saltmarsh, microphytobenthos and macrozooben-
thos combined in a model

As discussed above, key eco-engineers affect both morphology and co-existing species abun-
dances through mediation of the physical habitat. For example, the presence of the lugworm
was reported to negatively affect saltmarsh growth or locally inhibit saltmarsh establishment
(Volkenborn et al., 2007; Van Wesenbeeck et al., 2007). Moreover, locally increasing flow
velocities through macrozoobenthic destabilization close to the edge of marshes possibly
control vegetation expansion and facilitate local cliff formation (Murray et al., 2002). On the
other hand, Townend et al. (2011) suggested that increasing suspended sediments through
bioturbation might nourish marshes through lateral sediment transport. Moreover, seed har-
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vesting or seed burial by macrozoobenthos can have negative or positive effects on saltmarsh
establishment (e.g. Emmerson, 2000; Zhu et al., 2016a).

This partly contrasting hypotheses show that we still lack a detailed understanding of how
vegetation and benthic species interact and how this relates to system-scale morphology. To
shed light onto the interactions and eco-engineering effects of saltmarsh, microphytobenthos
and macrozoobenthos, I combined these three functional groups in the idealized model of
Chapter 5. Similar to the scenarios in Chapter 5, I investigate two scenarios, one with a com-
munity including the moderate, sand-prone biodestabilizer AM and one with the effective,
mud-prone biodestabilizer CV. The latter is a grazer on microphytobenthos. The results from
these runs are presented as maps (Figure 7.1) and complemented by cross-sectional plots at
three locations along the estuary, looking at bed elevations and species abundances (Fig-
ure 7.2). In order to investigate reach-scale morphological effects, the hypsometric curves
and the relation between intertidal area extent and maximum channel depth are presented
for the lower, middle, and upper estuary (Figure 7.3).

Compared to the scenarios with saltmarsh only (SM), the estuary in the multi-species runs
is covered abundantly by the eco-engineers (Figure 7.1). The scenario with AM (AM-MPB-
SM) shows biodestabilizer abundance in the lower and middle estuary with microphytoben-
thos on bars or close to channels and abundant vegetation establishment on the higher shores.
In the scenario with CV (CV-MPB-SM), biodestabilizers and microphytobenthos co-occur
mainly on bars and close to channels inside the estuary while vegetation and CV co-exist
higher up the shores. In contrast to the scenario with only saltmarsh (SM), where vegetation
covers floodplains close to the main channel and a few tidal bars, the vegetation expands
towards the sides when biodestabilizers are present. This species zonation corresponds with
patterns described in literature, where saltmarshes are reported to grow at higher intertidal
elevations while intertidal benthic organisms occur on lower mudflats and on top of tidal
bars (e.g. Widdows and Brinsley, 2002; Widdows et al., 2004; Van der Wal et al., 2008; Dag-
gers et al., 2018). Moreover, co-occurrence of AM and saltmarsh vegetation was reported
to be limited (Van Wesenbeeck et al., 2007), whereas CV occupies the channel networks
dissecting tidal marshes as described in Hughes (1999). However, in nature some macro-
zoobenthic species are prey to intertidal waders (Austen et al., 1999), which can reduce their
extent towards the saltmarsh edge compared to the model results.

The link between the species distributions and the morphology is illustrated by the three
cross-sections (Figure 7.2a1-3 & b1-3). A partly overlapping species zonation from the edges
towards the center of the channels is visible: Vegetation establishes at the highest edges of
the cross-section while microphytobenthos and macrozoobenthos spread towards the cen-
ter towards the channels. Species abundance and morphological effect depend on the locally
dominating species: Where vegetation prevails, erosion is limited, whereas benthic organ-
isms induce erosion and lateral redistribution of sediment. Microphytobenthos is partly able
to stabilize local morphology.

In terms of saltmarsh growth, a large difference occurs between scenarios with AM and
CV: in the scenario with AM, vegetation and microphytobenthos stabilize and accrete sedi-
ment locally. Saltmarsh can grow close to the channels and on the bars in the mouth, where

157



LOWERLOWER MIDDLEMIDDLE UPPERUPPER

Figure7.1: Bedelevations and species fractions from the runwith saltmarsh vegetationonly (SM) and themulti-
species runs including macrozoobenthos (AM & CV), microphytobenthos (MPB) and saltmarsh as maps on es-
tuary outline. Top panel shows bed elevations in the saltmarsh scenario. Lower panels are species abundances
on outline of the estuary (black lines) and boundary subtidal-intertidal (gray lines). Colors indicate fractions of
saltmarsh (green colorbar) and AM or CV (pink colorbar), MPB presence (light green color), both MPB and AM
or CV presence (blue color), and both SM and AM or CV presence (yellow color). Dashed lines indicate locations
of three cross-sections. Limits of three reaches analysed in subsequent figures displayed between horizontal
arrows.
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it traps suspended sediments. The flow is partly concentrated into the slightly eroding main
channels, but overall bed level changes are small. However, in the presence of CV the widen-
ing channels impair vegetation establishment close to the channel edges and limit saltmarsh
growth to the highest banks. Instead, microphytobenthos occupies the lower elevations close
to the channels. As a result, the bank slopes become smoother (b2 & b3) and sediment is
transported downstream.

The two model scenarios show that eco-engineering intensity determines the spatial or-
ganization of the ecosystem and controls vegetation establishment. In the lower and middle
estuary, the variations in eco-engineering intensity and habitat of AM and CV result in con-
trasting species composition with vegetation being highly abundant in the first, and benthic
organisms in the latter scenario. As a result, vegetation is facilitated in estuaries with lim-
ited bioturbator-induced bed level changes, whereas efficient destabilization limits vegetation
growth to the sheltered banks and upper estuary. Such behavior has already been reported
from marshes in the UK, where resuspension by C. volutator enhanced saltmarsh erosion at
the marsh-scale (Hughes, 1999).

With regard to the contrasting hypotheses that bioturbation can have both negative or
positive effects on saltmarsh accretion and erosion (Townend et al., 2011; Volkenborn et
al., 2007), the results show that the effect on vegetation depends on the eco-engineering in-
tensity of the biodestabilizer. The degree to which they determine whether saltmarshes are
nourished or eroded depends on their capacity to resuspend deposited sediments. Similar to
seed harvesting, which has been proposed to inhibit vegetation establishment on intertidal
flats (e.g. Emmerson, 2000; Zhu et al., 2016a), the species-specific habitat modification can
be one reason for inhibited or delayed saltmarsh establishment on bare mudflats.

These insights on the large-scale morphological feedbacks between macrozoobenthic desta-
bilizers and saltmarsh growth enhance our understanding of potential large-scale drivers for
eroding saltmarshes and intertidal flats. To mitigate saltmarsh degradation and aid realign-
ment of marshes, the creation of conditions that favor macrozoobenthic communities with
positive feedbacks on marsh growth can be beneficial. However, more research is needed to
improve our understanding of species-specific eco-engineering effects under various envi-
ronmental conditions and the redistribution of the resuspended sediment.

The system-scale effect of one or more eco-engineers affects the adaptation of the reach-
scale morphology. The cumulative bed level distribution differs between reaches (Figure 7.3):
while vegetation and microphytobenthos are able to protect the bed in the lower estuary
reach, bed elevations lower significantly in the middle and upper estuary. The latter ef-
fect leads to an expanding intertidal area and deeper channels (Figure 7.3B). Consequently,
biostabilizer growth is impaired by strong sediment resuspension and cannot compensate for
bioturbator-induced erosion, especially when CV is present. In the lower estuary the erosion
induced by CV can be counteracted by biostabilization and downstream sediment transport,
leading to a reversed trend by reducing intertidal area extent and promoting shallower chan-
nels. These contrasting trends in intertidal area extent and maximum channel depths affect
the tidal prism differently. Increasing cross-sectional area in the middle and upper estuary
induced by CV possibly allows the tidal wave to propagate further into the estuary, whereas
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Figure 7.2: Cross-sections along the estuary for AM-MPB-SM (a1-3) and CV-MPB-SM (b1-3) with species as qual-
itative shades on bed elevations (red line) after 50 years of simulation time compared to the control (dotted
line) and the scenario with only saltmarsh (dashed line). Black solid line is high water at 2m.
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A)

B)

Figure 7.3: A) Cumulative bed level distribution for the three reaches and all scenarios compared to B) intertidal
area over maximum channel depth. The dashed lines are high and low water. Colors are the same in both
graphs.

the stabilization of the intertidal areas and the channels by vegetation (SM & AMMPBSM)
might enhance mud deposition and reduce the tidal prism (Braat et al., 2019a).

7.1.5 Application of the results to Holocene and Paleozoic estuaries

During the Mid-Holocene, many Dutch tidal basins were infilled and closed off when sea
level rise decelerated while others remained open. Whether an estuary closes off was hy-
pothesized to depend on tidal asymmetry, sediment availability, mud abundance and bio-
geomorphological processes (Vos, 2015; De Haas et al., 2018). Especially decreasing accom-
modation space and constant sediment import are regarded as important prerequisites for
infilling. On the other hand, preserved peat in the Dutch coastal plain, with its tidal basins
and estuaries, shows that reed and woody vegetation existed in and around these systems,
potentially promoting sediment capture and infilling. However, we still lack understanding
of how species-specific traits of vegetation and biodestabilizers relate to the infilling process.

The results from this work suggest that specific traits of eco-engineering species likely in-
fluenced infilling and closure of Holocene estuaries. Probably, vegetation traits played a ma-
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jor role in the capture of sediments in estuaries during the Holocene, as recently suggested
for vegetation density (Boechat Albernaz et al., 2020). Since plant characteristics were shown
to determine pioneer vegetation establishment and mud capture at the large scale (Chapter 2
and 3), vegetation establishment of saltmarshes, reeds or woody vegetation possibly con-
tributed to infilling at varying rates. Consequently, more research is required to look at the
eco-engineering intensity, specific life-cycles and habitat of the vegetation species that are
found in those past estuaries to quantify their contribution to the infilling process.

The model results show that destabilizing macrozoobenthos has the potential to promote
large-scale erosion of estuaries and to flush riverine mud through the system towards the
sea, whereas microphytobenthos can inhibit erosion (Chapter 5). Potentially, benthic eco-
engineers promoted or impaired infilling of Holocene estuaries (De Haas et al., 2018). More
research on macrozoobenthic assemblages and diatoms in the stratigraphy can elucidate at
what rate estuaries filled in. Possibly, infilling of estuaries depended less on the abiotic drivers
than previously thought, but was instead largely mediated by biogeomorphological processes.

Along geological time-scales, the evolution of specific traits of land plants along the Pale-
ozoic (541-252 million years ago) was hypothesized to have facilitated increasing vegetation
abundances, promoted mud rock preservation within sediments, and allowed the evolution
of new geomorphic features, e.g., meandering or anabranching river channels (e.g. Davies
and Gibling, 2010; Gibling and Davies, 2012; McMahon and Davies, 2018). Since a large part
of the literature evaluates the potential effects of land plant evolution on riverine morphol-
ogy, this work provides new insights into the evolution of estuarine landforms (Chapter 6).
Results from the eco-morphodynamic model suggest that also Paleozoic estuaries were likely
influenced by the effects of the newly evolving land plant traits , such as root development,
phenotype complexity and increasing resilience against environmental stresses (Chapter 6).
Especially root development enhanced resilience, which led to larger and denser vegetation
patches with larger eco-engineering intensity: more mud was retained in the sediment bed,
which expanded from only local accretion by primitive plants to system-wide mud accu-
mulation by arborescent vegetation. As in the modern estuaries, the promoted sediment
deposition lowered sediment export rates towards the delta and the ocean. The results in
Chapter 6 show that the onset of land plant colonization likely affected sedimentary processes
and morphological adaptation, which led to the development of muddy, stable floodplains.
The emergence of new biogeomorphological processes during the colonization process in the
Paleozoic suggests that pre-vegetation sedimentary processes were non-uniformitarian.

The advent of bioturbation by burrowing infauna as preserved in the fossil record (ca. 542
Ma ago) was suggested to have altered morphological processes and ecological and geochem-
ical functioning of aquatic habitats, leading to a dramatic change in the appearance of ocean
floors (e.g. Meysman et al., 2006). Although the effects of ancient biodestabilizers were not
tested here, the findings in Chapter 5 suggest that also past estuaries have likely been affected
by bioturbation. Similar to the mud retention imposed by past land plants, the presence
of giant bioturbators as found in the rock record possibly induced sediment reworking and
export to the ocean (for instance Arthropleura (e.g. Pearson, 1992)).
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Evolutionary geomorphology suggests that eco-engineering has been driving the evolu-
tion of land plant traits and geomorphology through niche development (Steiger and Coren-
blit, 2012). The results from Chapter 6 support this theory as Paleozoic land plants showed
to have likely had significant effects on past morphologies. The biotic modification of the
environment led to the development of new, more muddy environments that could have
acted as new niches for species to occupy. As a result, the species could have adapted to the
new environment through the evolution of new traits. Consequently, eco-engineering ef-
fects possibly acted as a driver of both morphological and plant-evolutionary processes. One
example could be the development of roots, which facilitated the colonization of dynamic
and drier environments ultimately led to the formation of dense forests (Schumm, 1967; Lu
et al., 2019). Further research on the abiotic-biotic feedback loop in conjunction with niche
formation and evolutionary biology can help disentangle the driving processes in both mor-
phological and species evolution.

7.2 Interpretations of the results for the response of eco-engineers andmor-
phology with regard to global warming andmicroplastic pollution

Since the results from this thesis improve our understanding of biogeomorphological pro-
cesses in estuaries, it is possible to generalize how potential species shifts induced by climate
change, microplastic pollution or species invasion might feed back on estuarine morphology.
In the following section, I describe possible ecosystem changes induced by climate change
and species invasion, present a conceptual model of the responding morphology, and eval-
uate how microplastic occurrence as a recently identified source of pollution might interact
with large-scale biogeomorphological processes.

7.2.1 Shifts in species abundances and effects on estuarine morphology

In estuaries, shifts in species abundance and composition can be induced by abrupt or con-
tinuous climatic changes or changes in nutrient supply, temperature or suspended sediment
load and strongly affect ecological communities (Dippner et al., 2010; Kelly and Goulden,
2008; Lenoir et al., 2008). If species shifts involve important eco-engineers, they will strongly
influence the modification of the environment (Thrush et al., 2006; Lohrer et al., 2010; Kris-
tensen et al., 2011). One main driver of species shifts is the rising global temperature. For
example, the northward migration of the temperate saltmarsh species Salicornia veneta along
the North Adriatic coastlines reduces vegetation densities, affects soil stabilization and tidal
channel formation (Strain et al., 2017). This rather sparsely colonizing species outcompetes
existing saltmarsh species through its high tolerance to soil salinity. Another example is the
transition from saltmarsh- to mangrove-dominated systems at the East coast of the United
States that is expected to affect stability and sediment trapping of Floridas coastlines (Ca-
vanaugh et al., 2019). Shifts in macrozoobenthic communities have been observed for sev-
eral systems all around the world (Dippner et al., 2010; Kristensen et al., 2014; Kröncke et al.,
2013) and projected towards the future (Singer et al., 2017). Their changes affect ecosystem
functions and services, such as water filtration, food provision, shoreline protection, to name
only a few (Lohrer et al., 2004; Kristensen et al., 2014).
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Species shift can also be induced through species invasion or evolution. Invading species
can outcompete indigenous species, which will lead to shifts in ecosystem structure and
species dominance (Santoro et al., 2012; de la Riva et al., 2019). The introduced clam Ru-
ditapes philippinarum was documented to widely spread in European estuaries and modify
their habitat through eco-engineering activity (Humphreys et al., 2015; Soissons et al., 2019).
Another prominent example is the spread of Spartina anglica, a hybrid saltmarsh species be-
tween a native (S. maritima) and an introduced form (S. alterniflora), from the end of the
19th century onwards (Allen, 2000). This fast-spreading species S. anglica has major con-
sequences for ecosystems of the coasts and estuaries of northwestern Europe (Scholten and
Rozema, 1990; Proffitt et al., 2005). Likewise, species invasion was shown to alter biogeomor-
phic feedbacks and geomorphologic features, such as channel morphology in saltmarshes
and rivers (Schwarz et al., 2016; Van Oorschot et al., 2017), suggesting that species shifts will
likely affect the large-scale morphological evolution of estuaries.

Species shifts result in contrasting estuarine systems depending on the key engineer that is
facilitated or introduced (Hooper et al., 2005). For example, the sensitivity of benthic species
to inter-annual temperature variations will amplify with global warming and possibly in-
duces a shift from bioturbator- to biostabilizer-dominated systems (Widdows and Brinsley,
2002) (Figure 7.4A). From the results in Chapter 5 we can infer that increasing stabiliza-
tion of mudflats will reduce sediment transport and export towards the sea. This can lead
to enhanced sediment accretion in the upper estuary, reinforced by expanding biofilms that
stabilize mudflats. Increasing mud deposits will fill up accommodation space and reduces
the tidal prism (Braat et al., 2019b). The increasing mud cover and related bed elevations
can promote new saltmarshes to establish (Chapter 3). On the other hand, marshes and ri-
parian vegetation previously nourished by macrozoobenthic resuspension might disappear
(Townend et al., 2011). This in turn will affect slope margin erosion and sediment trans-
port towards other areas in the estuary (Murray et al., 2002). As a consequence, a large-scale
adaptation of estuarine morphology will result in a sediment retaining, more concise, stable
estuary with mudflats and saltmarshes at the fringes and on the bars where microphytoben-
thos can withstand waves and tidal currents. Enhanced mud deposition might reduce water
turbidity, which can facilitate primary production, provide food and spawning habitat for
fish in sheltered subtidal areas and breeding areas for birds within extensive wetlands. Light
penetration towards the subtidal possibly facilitates establishment of sea grasses. Moreover,
the evolving stable main channels facilitate recreation, fishing and shipping.

Shifts towards sparser vegetation species (see Chapter 4) or increasing grazing activity by
macrozoobenthos on stabilizing biofilms (Widdows et al., 1998b), on the other hand, could
result in opposite effects (Figure 7.4B): erosion of the higher elevations will create exten-
sive sand- and mudflats in the intertidal that can be inhabited by macrozoobenthos. Gentler
slopes will provide more accommodation space for the tides with larger propagation length
due to reduced vegetation roughness. As a result, the tidal wave can travel further upstream,
eroding channel banks and promoting widening of the system. This can negatively affect
flood safety for adjacent cities and human settlements (Townend and Pethick, 2002). More-
over, the loss of saltmarshes will lead to enhanced carbon release to the atmosphere (Mudd
et al., 2009). Reduced vegetation cover and enhanced macrozoobenthic habitat can create
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A) Stable, concise morphology dominated by biostabilizers

B) Dynamic, widening morphology dominated by biodestabilizers

Figure 7.4: Conceptual estuary dominated by biostabilization (A) or biodestabilization (B). (A) represents a de-
positional system characterized by extensive saltmarshes and mudflats, which confine estuarine morphology.
In contrast, (B) is erosional, leading to lateral erosion, saltmarsh degradation and redistribution of sediment.
Mud content decreases but upstream erosion promotes tidal bar formation in the mouth.

an erosional system that exports sediment and provides extensive gently-sloped intertidal
habitat. Increasing intertidal area will provide abundant habitat for many species through
the creation of a heterogeneous environment that allows for niche establishment and colo-
nization by rare species (Corenblit et al., 2011; Obst et al., 2018). However, reduced mud
content and large tidal currents can result in dynamic channel-bar patterns that inhibit the
formation of extensive mudflats or saltmarshes.

A warming climate will also directly affect estuaries through ocean acidification or en-
hanced storm frequencies, sea level rise rates, and rainfall events (Leonardi et al., 2018;
FitzGerald and Hughes, 2019). These external drivers have strong ecological implications
by enhancing hydrodynamic stresses and affecting suspended sediment import towards es-
tuaries and marshes. Increasing sea levels can be mediated under sufficient sediment supply,
especially when wetlands are present (Mudd et al., 2009; Schuerch et al., 2018; FitzGerald
and Hughes, 2019). However, if sediment supply is limited or sea walls constrict species mi-
gration, marshes will die-off and the estuary either progresses upstream or drowns (Hughes,
2004; Xie et al., 2020). This effect is possibly enhanced in biodestabilizer-dominated estuaries
where erosion predominates.

The model results in section 5.5 show that, if sea level rise rates are low, the species prop-
agate upstream where they enhance the erodibility of the sediment. High rates of sea level
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rise, however, exceed the adaptation time of the ecosystem and can induce a shift in macro-
zoobenthic organisms: the adapting abiotic conditions of the estuary lead to the disappear-
ance of mud-prone species, whereas sand-prone organisms can expand their habitat. Similar
to trends observed in marshes (e.g. Kirwan and Megonigal, 2013), high sea level rise rates can
cause benthic species to disappear from the estuary. The altered eco-engineering effect has
consequences for the local morphology, where the newly abundant sand-prone bioturbator
can cause erosion of the lower intertidal that constitutes its habitat (Section 5.5). Moreover,
this will reduce bed level changes since the sand-prone bioturbator causes moderate erosion
of the sediment (Section 7.1.4). Since sediment supply is crucial for the survival of marshes
under sea level rise (Kirwan et al., 2016) the shift from erosion in the higher to the lower
intertidal will affect adjacent tidal marshes. When considering future wetland resilience or
nature-based flood protection under increasing sea level rise rates (e.g. Temmerman and Kir-
wan, 2015; Feagin et al., 2015; FitzGerald and Hughes, 2019), these destabilizing effects can
play an important role in the success of vegetation establishment and wetland accretion.

7.2.2 Species shifts can bemitigated through the promotion of biodiversity

One way to mitigate initiated or future species shifts and morphological changes in estuaries
is to promote biodiversity. Studies have shown that the resilience of an ecosystem to distur-
bances increases with increasing biodiversity (Corenblit et al., 2007; Obst et al., 2018). If a
range of species responds differently to various environmental perturbations, they help sta-
bilize the ecosystem, for example against the impacts of sea level rise (D’Alpaos et al., 2012).
Likewise, the probability of a successful species invasion is reduced with increasing species
complexity (Hooper et al., 2005). The establishment and growth of a variety of species is
promoted through the availability of heterogeneous habitat, which can be created by eco-
engineering. Therefore, we can improve biodiversity through protection of vulnerable eco-
engineering species from direct physical disturbances, but also by stimulating the growth and
survival of ’morphologically valuable’ or rare eco-engineers (Corenblit et al., 2011; Obst et
al., 2018). To do so, we need to acquire a better understanding of life-cycles, population dy-
namics and traits of the species that are especially threatened by disturbances. The presence
of a variety of eco-engineers will lead to a more resilient and diverse system that provides a
multitude of ecosystem functions and services. As a result, if we succeed in the protection of
these eco-engineers in estuaries, we can guarantee heterogeneity of habitat and the prosperity
of a variety of species that sustainably mediate the effect of external or internal disturbances.

7.2.3 Implications of the findings for habitat quality, pollution andmicroplastic dis-
tribution in estuaries

The hydro-morphodynamic processes in estuaries determine the accumulation and trans-
port of pollutants. Pollution can reduce the productivity and metabolism of species or can
even be lethal when in too high concentrations (e.g. Hale et al., 2018). Especially in re-
cent years, the deposition of microplastics (plastics with a diameter of several millimeters or
smaller) was identified as a key parameter in soil contamination, posing a threat to marine
life and human health (do Sul and Costa, 2014). Many studies investigate how the ingestion
of microplastics by marine organisms can lead to reduced species productivity and increased
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mortality (e.g. Kane and Clare, 2019; Hope et al., 2020). Estuaries are suspected to be one
of the key sinks of microplastics owing to the river input that transports pollutants from
upstream sources, such as industrial and urban sites, into the estuary and the decreasing
flow velocities with increasing estuary width that promote settling (Corcoran, 2015). Recent
studies showed that accumulation of microplastics can be attributed to source terms and
sedimentary properties such as mud content and grain size (e.g. Enders et al., 2019) suggest-
ing that largest microplastic deposition occurs close to rivers and in the sheltered intertidal
sediments.

Chapter 5 showed that benthic organisms can alter the resuspension and deposition of
mud and therefore probably also affect resuspension of microplastics. While the sedimen-
tary and morphological characteristics of the coast are thought to be important for the storage
and flushing of microplastics from coastlines towards the ocean (Kane and Clare, 2019), the
role of biotic mediation in this process is still unknown. Associated with biotic sediment sta-
bilization or resuspension, eco-engineering potentially plays an essential role in the preser-
vation of sediment-microplastic mixtures, altering microplastic resident times and storage in
estuarine sediments. Here, I present an example of a basic estimation of microplastic occur-
rence to illustrate the above idea (Figure 7.5). The figure shows a simplified relation between
mud content and microplastic occurrence (derived from Enders et al. (2019)) for the scenar-
ios in Chapter 5. The relative occurrence of microplastics identifies hotspots of microplastic
accumulation where 1 is the maximum microplastic abundance linked with a mud fractions
of 1. Since the mud fraction is strongly reduced under bioturbation, the presence of AM and
CV reduces the microplastic storage in estuaries compared to microplastic accumulation in-
duced by microphytobenthos (MPB). The combination of several species stabilizes sediment-
microplastic mixtures compared to CV. Hotspots are found mainly along the shorelines and
floodplains where the largest mud content occurs. Negative effects of microplastic ingestion
on species activity are neglected.

The simple approximation of the capacity of eco-engineers to mediate microplastic occur-
rence in estuaries demonstrates the necessity to incorporate biotic effects in future studies
on microplastic accumulation in marine sediments. However, not only the effect of eco-
engineering on microplastic abundance is important, but the feedback loop on species ac-
tivity needs to be made. Since habitat degradation by microplastics is an increasing threat
inducing biodiversity loss and species shifts, we need to understand these feedbacks to pre-
dict the development of the adapting morphology.

7.3 A step forward in parameterizing eco-engineering effects in hydromor-
phodynamic models

The eco-morphodynamic model developed in this thesis is a novel step towards the com-
bination of dynamic species abundance, growth, and eco-engineering effects with hydro-
morphodynamic computations. For the first time, various interacting eco-engineers were
parametrized based on their individual life-cycles, eco-engineering intensity, and habitat
requirements. Advancing from more simplified models that prescribe species growth at
specific water level benchmarks or calibrate species occurrence to a specific tidal system
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Figure 7.5: Estimation of microplastic occurrence in the scenarios of Chapter 5 based on a linear relation be-
tween microplastic occurrence and mud fraction (Enders et al., 2019) shows largest microplastic occurrence
close to the river and the banks. In comparison with a control run (REF), biodestabilizers reduce microplas-
tic occurrence and biostabilizers increase microplastic occurrence. The results exclude negative effects of mi-
croplastic ingestion on species activity.
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(e.g. Le Hir et al., 2007; Borsje et al., 2009; Fagherazzi et al., 2012), the presented model
framework could reproduce patterns observed in nature without calibration, evolving solely
from literature-based establishment, growth and mortality relations, species interactions,
eco-engineering effects and hydro-morphodynamic processes. After discussing the effects of
the eco-engineers on morphology and species growth, I now dive into a more detailed evalua-
tion of the novel modeling framework. In particular, I will explore how the parametrizations
in the model improve our understanding of the processes that govern species variations and
their morphological effects, model limitations and what questions need to be investigated in
future research.

7.3.1 Generic speciesparametrizationsbridgemultiple scales ineco-morphodynamic
models

The sophisticated eco-morphodynamic model showed that species community effects can be
investigated by combining abundances and effects of several species in one generic species.
The results of Chapter 2, 3 and 5 show that the concept of the functional groups of eco-
engineers is a valid simplification to include ecological complexity in large-scale hydro-mor-
phodynamic computations that predict general morphological trends. The combination of a
few environmental parameters derived from the literature, namely inundation period, flow
velocity, and erosion and deposition or mud content of the bed, suffice to predict generic
species pattern in dynamic estuaries (Chapter 2 and 5). The omission of the salinity as a
parameter determining longitudinal zonation is a shortcoming with regard to the transition
from marine to brackish species, which are characterized by different life-cycles and eco-
engineering intensities (Ysebaert et al., 2003; Higinbotham et al., 2004). However, for the
scope of this work, namely investigating general trends of large-scale estuarine evolution
under contrasting eco-engineering effects, the implemented functional groups are useful to
understand morphological evolution while keeping model complexity low (Hooper et al.,
2005).

The results describe general trends in the morphological evolution of tide-dominated es-
tuaries, neglecting waves, storm surges and flood events that can lead to enhanced sediment
transport into the estuary, can cause erosion of intertidal flats or the reorganization of macro-
zoobenthic assemblages (Nichols, 1977; Robinson et al., 2003; Bouma et al., 2016; Leonardi
et al., 2018; Smith et al., 2019). Wave action might enhance sediment resuspension at the
mouth of the estuary and locally reduce mud deposits (Braat et al., 2017), which will affect
habitat for macrozoobenthic species and the potential of saltmarshes to accrete sediment. Al-
though large storms are expected to have limited effects on saltmarsh destruction, moderate
storm events can lead to a constant erosion of coastal marshes (Leonardi et al., 2016; Mari-
otti and Canestrelli, 2017), possibly reducing saltmarsh extent close to the sea. The exclusion
of large storm events and wave action in the model possibly under-predicts the dynamics
at the estuary mouth, but the model reveals novel large-scale morphological trends under
eco-engineering activity that provide new insights in our understanding of tide-dominated
estuarine morphodynamics.

Where species co-exist, rules need to be established that describe inter-species relations to
determine the dominating or mean effect on the environment. These relations can be highly
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simplified as presence-absence or linear relations as in Chapter 5, but they open up a pathway
towards a new generation of models that can potentially add an unlimited number of func-
tional groups to eco-morphodynamic models. However, the representation of a multitude of
eco-engineers might be more important in ecological studies that predict dominating species
and species shifts based on species interactions and eco-engineering effects (e.g. Reijers et al.,
2019). In biogeomorphological studies, the study of the most effective eco-engineers can dis-
entangle and quantify biogeomorphological feedbacks and predict morphological evolution
(Chapter 5). The herein presented results show that a representation by functional groups
is useful to not only predict morphological responses of the estuary but also the effects of
species shifts under changing external drivers, e.g. global warming or sea level rise.

The presented modeling framework is able to represent system-scale morphological trends
induced by species specific growth but is limited by omitting small-scale processes, such as
vegetation-induced turbulence or roughness elements created by bioturbators (e.g. Cheng,
2011; Tinoco et al., 2015). Similarly, small-scale heterogeneities and features with sizes be-
low the minimum grid size are not represented in the large-scale morphological models.
Since this work investigates patterns at a large scale, larger grid cell sizes are feasible as small-
scale biogeomorphological features can be averaged. Downscaling approaches that capture
small-scale variations in flow around plant patches or interactions with groundwater pro-
cesses (Chen et al., 2020; Gourgue et al., 2020) are useful when looking at morphological
adaptations induced by species-specific colonization and expansion pattern at the patch- to
marsh-scale (Schwarz et al., 2015b). I expect that for research questions concerning system-
wide adaptations of the morphology under prevailing eco-engineers, small-scale morpho-
logical variations probably show limited effects. However, since species-specific behavior
affects marsh-scale hydro-morphological processes (Chapter 4), more research on the feed-
backs between the patch- to intertidal flat- to the system-scale is necessary to elucidate where
small-scale processes are limited to effects on local morphology and where they provoke a
morphological response at the larger scale. This includes the testing of species parameters
that are not accounted for in the parametrized equations, such as stem flexibility, leaf area
index or roughness effects through macrozoobenthic structures.

In addition, the model requires adequate hydro-morphodynamic predictions providing
realistic values of inundation, velocity and bed level change as those determine species es-
tablishment and survival. One prominent example is the choice of an accurate grid cell size
of the numerical domain. Chapter 2 showed that grid cell size determines the magnitude of
the hydro-morphodynamic parameters in each cell: for larger grid cell sizes, inundation pe-
riod can be overestimated, which results in larger vegetation mortality. This is related to the
difficulty to predict intertidal wetting and drying with the shallow-water equations, which is
a shortcoming that could benefit from further research.

7.3.2 Newperspectives in biogeomorphologicalmodeling and future recommenda-
tions

The model constitutes a powerful tool not only to investigate current effects of eco-engineers
on morphological evolution but especially with regard to responses to external disturbances
in the past and in the future (see Section 7.2). Eco-morphodynamic models that are literature-
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based and include ecological rules and eco-engineering effects hold the necessary flexibility
to predict species abundances, zonations and migration that evolve from the included pa-
rameter space. By allowing the model to predict its own species distributions, we are able
to investigate ecosystem response to external pressures, such as sea level rise, as well as dis-
turbances of the ecosystem structure, such as species invasion. The analyses presented in
Section 5.5 provide an example of such a change in boundary conditions, where the combi-
nation of sea level rise and eco-engineering of two macrozoobenthic species induces species
migration and indicates a shift in species. These insights and the evaluations in this synthe-
sis chapter are just a few examples of the variety of questions that can be answered by the
presented modeling framework. Management and policy-makers can benefit from this new
generation of models by predicting species response to projected future changes in external
drivers.

Future disturbances imposed by climate change, for instance increasing sea level rise rates,
wave heights or flood frequencies, pose a multitude of threats to ecosystems, estuarine func-
tioning and usage, and flood safety that require more research to properly manage our chang-
ing estuaries. In addition, the accumulation of pollutants in the environment and in the food
chain, such as microplastics, degrade habitats and affect species productivity. We can use the
herein presented modeling framework to study the evolution of estuaries under different
projected scenarios of boundary conditions, which will provide new insights on how ecosys-
tems and morphologies respond. In addition, ecosystem composition and eco-engineer suc-
cession, for example through shifts in species dominance, through decline in key engineer
abundance or species invasion, are possible consequences that we need to study in more
detail to predict and mitigate ecosystem preservation and function. By improving our un-
derstanding of the inter-depending processes between ecology and geomorphology, the new
modeling framework can contribute to developing mitigation measures of increasing flood
risk and biodiversity loss. This will benefit our efforts to guarantee species conservation and
sustainable usage of estuaries.

In addition to generic species effects on estuarine morphology, specific eco-engineering
species can be modeled by extending the habitat parameter space (similar as in Chapter 4).
For example, changing salinity distribution as a driver in species abundance from upstream
the estuary towards the sea can induce species migration. Especially with regard to upstream
dam construction, climate change or increasing rainfall events that affect salinity concentra-
tions (Nichols, 1977), salinity can be used as a parameter to investigate effects of and on
longitudinal species zonation. Moreover, increasing sea levels can cause intrusion of sea wa-
ter into previously brackish environments (Day et al., 2013). By adding the salinity gradient
to the set of habitat parameters in the model, the species response to discharge changes and
accompanied morphological adaptations present interesting future prospects.

Moreover, the novel model presented in this thesis allows the study of various species com-
munities and their eco-engineering effects on large-scale morphodynamic systems world-
wide. This work is mainly concerned with generic saltmarsh vegetation, biofilms and macro-
zoobenthic destabilizers and grazers that are characteristic for temperate, dynamic estuaries
in northwestern Europe. Distinctions need to be made between the models presented in this
work and systems with strongly differing abiotic conditions, such large mud contents, mi-
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crotidal or wave-dominated estuaries. For example, estuaries that are less dynamic are often
inhabited by different species communities that include sea grasses, subtidal algal mats or
macrozoobenthic communities dominated by deposit-feeders (Day et al., 2013). Similarly,
ecosystems towards the arctic or tropics are characterized by different species and coverages.
While the herein presented model provides a valuable understanding of biogeomorphologi-
cal processes in temperate estuaries there remains a large potential to understand and disen-
tangle system-specific processes in various types of estuaries, deltas, tidal basins, rivers and
coasts all around the world. Their characteristic species communities, comprising among
others riparian vegetation, saltmarshes, mangroves, sea grasses and diverse benthic commu-
nities, evolve from the abiotic and biotic characteristics of the system and feed back onto
the morphodynamics. We need to disentangle the main parameters that determine specific
species occurrence in various systems around the world and how they feed back onto its
dynamics. We can elucidate under which conditions species occurrence control the abiotic
conditions or, vice versa, where species are determined by the environmental conditions.
Based on this new knowledge we can estimate how imposed threats by temperature rise and
related species shifts may determine the future evolution of different coastal systems.

7.4 Conclusions from this work

The findings from this work improve our understanding of the feedbacks between functional
groups of eco-engineers and morphological evolution of past, present and future estuaries.
Estuarine morphologies are greatly affected by the presence of eco-engineers: Saltmarsh and
microphytobenthos enhance seasonal and longterm mud sedimentation and stabilize large-
scale morphology while bioturbators promote lateral erosion of the estuary. Hereby, the eco-
engineering mechanism and intensity as well as the habitat conditions determine the degree
to which the morphology changes. Eco-engineering is also a crucial process in determining
species abundances of species communities by creating or degrading habitat of co-existing
species. Moreover, the results suggest that the morphological processes in Paleozoic estuar-
ies have been affected by the evolution of land plant traits, implying that the Earth’s ancient
estuarine landscapes were heavily modified with the greening of the continents. The findings
from this work further demonstrate that sea level rise rates trigger species-specific responses
that can induce species shifts, with consequences for the morphological adaptation of estu-
aries. Species shifts and biodiversity change linked with a warming climate and increasing
habitat degradation through pollution by microplastics are one of the future challenges for
the prediction of estuarine evolution. Below, I answer the previously posed research ques-
tions one by one:

1. How well can we predict saltmarsh establishment from literature-based rules for establish-
ment, growth, and mortality, and how important are eco-engineering effects for the salt-
marsh pattern?

The eco-morphodynamic model predicts species establishment and pattern well, merely
through literature-based species parametrization and without prior calibration. Both at the
bar- and the estuary-scale, saltmarsh establishment and extent depend on the species‘ eco-
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engineering effects that alter flow velocity and inundation period. Density gradients across
the marsh are determined by vegetation aging that leads to larger plant sizes and increasing
resilience to hydro-morphodynamic stresses.

2. How do saltmarsh and microphytobenthos growth affect mud layer thickness in large-scale
estuarine morphologies, and does mud or vegetation occur first?

At the bar-scale, establishment traits of saltmarsh species determine mud layer thickness
and extent, which affects the expansion of the marsh through a geomorphological window of
opportunity. Microphytobenthos promotes longterm mud deposition on an intertidal flat. A
mutual facilitation between saltmarsh and microphytobenthos through eco-engineering ef-
fects enhances mud cover and species expansion. Moreover, mud settles on bare flats under
calm conditions, whereas species growth promotes mud settling in hydrodynamically ac-
tive areas through alteration of the ratio between flow velocity and inundation period where
conditions otherwise inhibit mud sedimentation. At the estuary-scale, species-specific salt-
marsh patterns affects mud layer formation, such that mud thickness is enhanced by a fast
expanding species and mud extent by a slowly expanding species.

3. How do saltmarsh species assemblages and associated life-history traits determine tidal
channel emergence and what is the effect of species shifts on tidal channel morphology?

Saltmarsh species and their life-history traits determine tidal channel pattern and geom-
etry at the marsh-scale, which determines drainage capacity of the marsh, levee formation
and net sediment import or export from the marsh. Temperature-induced species shifts can
lead to enhanced erosion of tidal channels, which will increase their drainage and reduce re-
silience of marshes in the face of climate change. Hence, saltmarsh species determine marsh-
scale morphology and residual sediment transport rates.

4. How do generic macrozoobenthic biodestabilizers, microphytobenthos and their combina-
tion affect large-scale estuarine mud distribution and morphology and how is their distri-
bution affected by sea level rise?

Biodestabilizers promote the large-scale erosion of the higher intertidal and supratidal ar-
eas of an estuary, which promotes lateral widening of the morphology. The magnitude of
this effect is species-dependent, determined by their eco-engineering intensity and the char-
acteristics of their habitat. As a result, effective eco-engineers dominate the morphological
evolution of estuaries as opposed to the most abundant species. Microphytobenthos stabi-
lizes intertidal sediments, enhances mud content of the bed and reduces sediment export
towards the sea. Species communities of several stabilizing and destabilizing eco-engineers
results in differentiated species abundances: The individual eco-engineering effects feed back
onto the co-existing species through habitat alteration, affect their abundances and reduce
the net eco-engineering effect on the estuarine morphology. Sea level rise induces upstream
species migration and a decline in species abundance of a species that thrives in muddy sed-
iment while favoring the expansion of a species occupying sandy habitat.
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5. To what extent were evolutionary stages of land plants able to eco-engineer Paleozoic estu-
aries and determine estuarine mud content and morphology?

Estuaries in the Paleozoic were likely affected by the eco-engineering effects of land plants,
even though the vegetation can be considered more primitive than current species. From
the model we can infer that eco-engineering intensity and effect in past estuaries increased
along with the evolution of land plant traits that facilitated larger vegetation abundances. As
a result, the increasing resilience of the plants, induced by root development and larger and
more complex phenotypes, enhanced mud preservation, channel incision and stabilized the
channel-bar patterns. With the development of arborescent vegetation the potential for a
system-wide preservation of mud in estuaries evolved.

6. How will species shifts towards biostabilizer- or biodestabilizer-dominated systems affect the
morphological development of estuaries?

The feedbacks between eco-engineers, species interactions and abiotic environment is
substantial for the evolution of estuarine morphology. Estuaries dominated by biostabi-
lizers evolve depositional, stable morphologies that retain mud and can facilitate infilling
or mitigate drowning under sea level rise. Depending on the eco-engineering intensity of
the biodestabilizers, their reworking promotes lateral erosion of channels, prevents estab-
lishment of vegetation and leads to sediment export from the estuary. As a result, predicted
shifts in biodiversity through climate change, species invasion or pollution have the potential
to significantly alter the hydromorphology of temperate estuaries, which in turn feeds back
onto carbon storage and abundance of pollutants. We can mitigate the impacts of species
shifts by strengthening eco-engineering abundance and biodiversity.
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Appendix A

Supplementary material for Chapter 2

A.1 Additional analysis

The two figures provided in the supporting information display both the theoretical and re-
sulting effect of vegetation on flow parameters, respectively. We first show how the net bed
roughness C and the drag term that are applied in the hydro-morphodynamic computations
change with vegetation height and density (Figure A.1). The values were computed using
the equations 2.2 and 2.3. Figure A.2 provides the change in resulting computed residual
flow velocity in vegetated cells by the quotient between vegetation and reference scenario.
Hereby, we calculated the residual mean flow velocity over one tidal cycle for each cell with
vegetation in the V2000-scenario and extracted the mean vegetation cover. Subsequently,
we calculated the residual mean flow velocity for the same cells in the R2000-scenario and
divided each cell. Consequently, the ratio between the two captures the effect of vegetation
cover on local flow velocity.

Figure A.1 shows how the net bed roughness C and the drag term ”λchange with vege-
tation height. The panels display the development for two characteristic water depth (sub-
merged and emerged) three vegetation densities (colors). It is visible that the net bed rough-
ness and the drag term increase along vegetation height until the vegetation is emerged. For
emerged vegetation both values become constant for the value of the real bed roughness
Cb = 25[m1/2/s].

Figure A.2 represents the results of the ratio of the residual mean velocity between the
V2000 and R2000 scenarios for all colonized cells along vegetation cover. It is visible that the
reduction in velocity strongly depends on the vegetation fraction with most cells lying below
a value of 1 (dashed line).
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Figure A.1: Variation in net roughness C [m1/2/s] (a and b) and vegetative drag ”λ[1/m] (c and d) along veg-
etation height for two water depth (emerged = 0.5 m and submerged = 1 m) (equation 2 and 3). The colors
indicate three representative vegetation densities n [1/m] from the model. When vegetation is submerged,
C decreases and ”λincreases for small vegetation heights until vegetation height equals water depth. When
vegetation emerges, net roughness equals bed roughness Cb [m1/2/s], which leads to a constant ”λ.
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Figure A.2: Ratio of the residual flow velocity of one tidal cycle between the V2011 and R2011 scenarios along
vegetation cover of all vegetated cells for one tidal cycle. Values below 1 indicate reduction in flow velocity by
vegetation, showing a clear decrease of flow velocity with increasing vegetation cover.
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Appendix B

Supplementary material for Chapter 3

Here the parameters used for the dynamic vegetation model are summarized with according
references. Two life-stages were parametrized to account for aging of the plants after one
year from seedlings to mature vegetation. As a result, plant size, density and resilience against
mortality change between life-stages. For both saltmarsh species all parameters are the same.

Table B.1: Physical parameters of the generic saltmarsh vegetation type based on a combination between Spartina
anglicaandSalicornia ssp.. t1, t2 and t3 areonset of growth season, onset ofmaximumbiomass in summerandonset
of reduced biomass inwinter. The seedling-stage changes intomature vegetation after year 1with amaximum total
age of the plant of 20 years.

Generic andmud-dependent species unit t1 t2 t3
Seedling stage (1 year)
plant heightc,e [m] 0.1 0.6 0.3
stem diameterd [m] 0.005 0.01 0.01
root lengthb,e [m] 0.05 0.2 0.2
plant densitya [stems/m2] 500 500 500
bulk drag CD [-] 1.0 1.0 1.0
bed roughness Cb [

√
m/s] 25 25 25

Mature vegetation (19 years)
plant heighta,c,d [m] 0.5 1.0 0.5
stem diametera [m] 0.01 0.01 0.01
root lengthc [m] 1.0 1.0 1.0
plant densitya [stems/m2] 600 600 600
bulk drag CD [-] 1.1 1.1 1.1
bed roughness Cb [

√
m/s] 25 25 25

Note. aBouma et al. (2013), bCooper (1982), cDavy et al. (2001)
dNehring and Hesse (2008), ePoppema et al. (2017)
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Figure B.1: Meanmud thickness along bed elevation (0.1m-steps) on the tidal shoal of Walsoorden (lines) com-
pared to mean biostabilizer fraction at the end of the simulation (shaded areas). For MPB, the last time-step in
the growth season was analyzed. Meanmud thickness increases towards higher bed elevations and reduces at
the highest elevations. Saltmarsh vegetation promotes mud accretion at the higher elevations while MPB en-
hances mud thickness at intermediate elevations. The combined run with both the generic saltmarsh andMPB
leads to an overall increasing mud thickness through positive feedbacks that facilitate vegetation growth. The
shaded areas represent the mean fraction at each bed elevation class, separated into vegetation and MPB. The
bar plot shows the total increase inmeanmud thickness (D) on the bar as a ratio compared to the reference run,
which is related to increasing biota cover. Biota fraction of GVegMPB combines MPB (red) and GVeg (yellow) as
staggered bar.

Table B.2: Mortality parameters of our generic and mud-dependent saltmarsh
vegetation species. The values are based on a combination between Spartina an-
glicaandSalicornia ssp.. Theseedling-stagechanges intomaturevegetationafter
year 1 with amaximum total age of the plant of 20 years.

Saltmarsh species min. threshold max. threshold
Seedling stage (1 year)
inundation periodb 0.3 0.45
uprooting 0.25 m/s 0.4 m/s
Mature vegetation (19 years)
inundation periodb 0.3 0.45
uprootinga 0.4 m/s 0.56 m/s
Note. aBouma et al. (2013) bVan Belzen et al. (2017)
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Appendix C

Supplementary material for Chapter 4

This document provides supporting information about the validation of the random estab-
lishment method (Ripley’s K), and additional figures related to the model set-up and part of
the results.

Spatial salt marsh colonization and growth is modeled solely through random establish-
ment of vegetation patches. Previous studies simulated vegetation growth through a com-
bination of random establishment and diffusion, representing colonization from seeds and
clonal growth from rhizomes (e.g. Schwarz et al., 2014; Temmerman et al., 2007). To reduce
the uncertainty of lateral expansion rates in combination with model grid-resolution on our
model simulations, which are not well defined in literature, we chose to only use random
establishment defining plant colonization. However, by choosing a species-specific initial
patch sizes based on field observations (Bouma et al., 2013; Gray and Scott, 1977; Loebl et
al., 2006; Van Duin and Sonneveld, 2016), we inherently include a simplified proxy for lateral
growth in our model.

We test the validity of our approach to represent scale-dependent feedbacks by determin-
ing tussock distributions (random, clustered or regular) of the single-species S1 Spartina
scenario, by calculating the Ripley’s K (Ripley, 1977). The Ripley’s K function analyzes the
spatial pattern of point data, by increasing the radius (t) around the observations and cal-
culating the number of occurrences in the circle as a function of (t). Calculated numbers
are subsequently averaged over all occurrences to provides the statistic K(t) as a function of
the radius (t). Complete spatial randomness is expected a K(t) proportional to πt2. A more
robust estimator of pattern randomness is given be Ripley’s L which linearizes and stabilizes
variances through L(t)=√K(t)/π (Fortin et al., 2002). Ripley’s L was calculated using the spat-
stat package in R, ver 3.3.1. Inter-patch distances were used to calculate K(t) and L(t) and
subsequently 100 Monte Carlo iterations were used to calculate the 95% confidence interval.
L(t) values above the upper confidence interval show that at specific inter-patch distances
more points are found than would be expected based on the Poisson distribution pointing to
clustered data and scale dependent feedbacks (Van Wesenbeeck et al., 2008). Additionally,
we used a second method to test for spatial randomness using the quadrat-test of the same
R-package (spatstat).

The extracted vegetation patch centers from the Spartina case resulted in point patterns
that were used to calculate L(t) for inter-patch distances using Ripley’s K. Test results (Fig-
ure C.1) show establishment of spatial clustering, through L(t) exiting the confidence inter-
val (gray band), after 8 years. This is also confirmed by the conducted quadrat-test, showing
p-values lower the 0.05 (95% confidence) after 8 years, signifying spatial clustering. This
shows the applicability of our approach to represent scale-dependent feedbacks and thus
bio-geomorphological interactions shaping salt marsh ecosystems.
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Figure C.1: (a)Ripley’s L analysis of the single-species Spartina case, insets show that around 15 years the
L(t) (black line) falls outside the expected confidence interval suggesting spatial clustering caused by bio-
geomorphic feedbacks; (b) shows results of the quadrat-test, which has a null-hypothesis of the point-pattern
being randomly distributed and a significance level of 0.05 (red line), showing significant clustering after 6 and
8 years, respectively (black dots under red line).

Figure C.2: Model setup using the domain decomposition method of Delft3D. A small high-resolution domain
(grid size: 5 m; black rectangle) is inserted in a bigger and coarser domain (grid size: 50 m) that is forced by
a M2 tidal harmonic water level fluctuation at the boundary (colors represent inundation time as percentage
over 1 M2 tide). The white rectangle indicates the domain for which vegetation dynamics and topography are
calculated, whereas only the black rectangle is used in analysis, to cancel out unwanted boundary effects from
the sides.
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Figure C.3: Bed level change of control run (no vegetation cover) after 8morphological years. This figure shows
that the Engelund-Hansen equation for sediment transport does not induce channel formation in the case of a
bare marsh.

a b

Figure C.4: Spatial variation in growth by means of mortality curves related to stresses: inundation (a) and
velocity (b). In case of velocity, a distinction is made between first year and mature plants. Note that in (b) the
dashed green line overlaps the solid cyan line and the dashed cyan overlaps the purple.
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Figure C.5: Bed level change after 20 years for the three-species S2-scenarios: Multi1 (a) and Multi2 (b) and the
two-species S2 scenarios: Multi3 (c), Multi4 (d) and Multi5 (e).
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Figure C.6: Cross-sections of relative topography for the S2-scenarios with all species (k, m, o) and with two
species (l, n, p) at successive distances from the sea: 150 m (k, l), 300 m (m, n) and 600 m (o, p)
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Figure C.7: Topography after 20 years for all scenarios. S1: Spartina (a), Puccinellia (b), Salicornia (c). S2: Multi1
(d), Multi2 (e), Multi3 (f ), Multi4 (g), Multi5 (h). S3: Spar2Sal (i) and Puc2Spar (j).
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Figure C.8: Number of channels for all x locations (landward) after 20 years for a) S1-scenarios (Salicornia is not
included since it did not develop channels), b) three-species S2-scenarios, c) two-species S2-scenarios and d)
S3-scenarios. Number of channels is approximated based on the number of zero crossings divided by 2. Since
this measure is subject to domain width it can only be analyzed in a relative matter.
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Figure C.9: Temporal evolution of relative erosion (a) and net erosion (b) for the S1-scenarios. (a) Relative ero-
sion is calculated as the annual amount of erosion over the entire domain divided by the maximum amount of
annual erosion over the full simulation period (Spartina: 850m3 , Puccinellia and Salicornia: 400m3). (b) Net ero-
sion is calculated as the difference between annual amounts of erosion and accretion; negative values indicate
accretion dominates.
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Appendix D

Supplementary material for Chapter 5

The supplementary material presents a table with the detailed species values obtained from
Cozzoli et al. (2019) and adjusted for the presented models (Table D.1). Moreover, the figures
show the development of species cover and morphology over the simulation time (Figure D.1
and D.2) and provide more detail on how the hydrodynamics and suspended sediment trans-
port are altered under the presence of biota (Figure D.3 and D.4).

Table D.1: Calculation of the species values in the model based on the measurements in Cozzoli et al. (2019)(*).
The factor between the biotic and abiotic results of the experiments was used as a guideline to determine the critical
threshold for erosion (τcrit) and the erosion rate (M) for themodeled sediment.

τcrit* τcrit,species*/τcrit,abiotic* τcrit,model M∗ Mspecies/Mabiotic M in model [kg/m2/s]
abiotic 0.11 - 0.2 40.89 - 0.0001
A. marina 0.0614 0.5582 0.11 266 6.507 0.0005
C. volutator 0.0095 0.0864 0.02 231 5.21 0.0004
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Figure D.2: Trapping efficiency as difference in mud thickness between consecutive years compared to refer-
ence scenario shows that the estuary is depositional under MPB and erosional under bioturbation. MPB and
AM are constant over the entire simulation period while CV, AMCV and AMCVMPB reach a dynamic equilibrium
around year 20, after which the mud erosion rate is close to constant.

FigureD.3: Meanof absolutemaximumvelocities bybedelevation for the three reachesof the estuary, showing
that the smoothening of the bed elevations with bioturbation resulted in smaller velocities above mean water
(MW = 0m) but larger velocities below. Biostabilization resulted in the opposite effects.
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Figure D.4: Mean suspended sediment transport is altered by eco-engineering in the three reaches of the estu-
ary, both in direction (lines) andmagnitude (bars). Bioturbation leads to enhanced along currentmud transport
rates (Y-direction) upstream and in the center, whereas MPB reduces mean suspended sediment magnitudes,
especially in the center and mouth.
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Appendix E

Supplementary material for Chapter 6

E.1 Mud cover for all scenarios

The mud thickness in the estuary at the end of the simulation varies between scenarios (Fig-
ure E.1). VS2-VS3 show mud accumulation mainly in the center of the estuary and in the
tidal embayment, whereas VS1 and VS4 promote mud accretion towards the mouth and on
tidal bars.

E.2 The coupled model

E.2.1 The hydro-morphodynamic model

The model domain consists of an idealized estuary based on the Dovey estuary (further de-
scribed in (Braat et al., 2017) that includes a tidal embayment close to the mouth of the
estuary. We assume an alluvial systems as there are no constraints to the development of
the estuary by bed-rock. The length of the entire domain was approximately 42 km with a
slope in the estuarine-river part of 0.155 ø%, a channel width of around 100 m upstream and
of 4,000 m at the mouth. The model contains both sand and mud, with the former being
computed through equilibrium transport at the boundaries and the latter through a constant
river supply. The initial bathymetry was chosen after the formation of tidal bars and a natural
build up of a mud cover in sheltered areas and on the floodplains. The effect of land plant
cover and evolution was captured by an introduction of each vegetation stage to the model
separately and comparing the final morphologies with an uncolonized reference run.

Delft3D solves the shallow water equations (Lesser et al., 2004) (eq. E.8). Sand transport
for the non-cohesive regime (mud content ≤ 40% in top layer of the cell) is computed by
Engelund-Hansen as

qs = 0.05U5/(
√gC3Δ2D50) (E.1)

where qs is sediment transport (m3 m−1 s−1), U is flow velocity (ms−1), Δ is relative density
and D50 median grain size. Mud transport is computed by the Partheniades-Krone formula-
tion (Partheniades, 1965) that calculates total transport as

Em = MS(τcw, τcr,e) (E.2)

with Em the erosional flux (kgm−2 s−1), τcw maximum shear stress at the bed (N m−2) and
S erosional step function. If the critical mud content of 40% is exceeded, both sand and mud
are computed by equation E.2. For the representation of the microbial mats (VS1), the τcr,e
in the above equation is increased locally, leading to lower erodibility of the mud.
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The model is forced by seaward model boundary based on an M2-tide of 2 m amplitude
and a constant river discharge of 200 m3/s applied from the upstream river boundary. Waves
and salinity are neglected as the computation of the former is highly expensive and salin-
ity has only small effects on large-scale sediment transport magnitudes. To accelerate mor-
phological computations we applied a morphological acceleration factor of 365 (Lesser et
al., 2004). The morphological acceleration factor is efficient and widely used to speed up

Figure E.1: Final domain from mouth (left) to river (right) with bathymetry (blue-yellow colors) and mud de-
posits along the sides of the estuary (brown colors).
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Table E.1: Model parameters as defined in the Delft3Dmodel.

Parameter value unit
Numerical settings
Total simulation time 216000 min
Numerical time-step 0.1 min
No. ecological time-steps 2 1/ecological year
Tidal amplitude 2 m
River discharge 200 m3/s
Sand
D50 2e−4 m
Dry bed density 1600 kg/m3

Mud
Settling velocity mud 5e−4 m/s
Crit. bed shear stress for erosion 0.2 N/m2

Erosion parameter 1e−4 kg/m2/s
Dry bed density 1000 kg/m3

Boundary concentration 40 mg/l
Bed settings
Active layer thickness 5e−2 m
Max. storage layer thickness 5e−2 m
Morphological acceleration factor 365 -

long-term morphodynamic simulations (e.g. Braat et al., 2017). The details of the hydro-
morphodynamic model are summarized in Table E.1.

E.2.2 Computations of the microbial mats (VS1)

Linked with the secretion of extra-polymeric substances (EPS) microbial mats stabilize the
sediment and reduce local erosion (van de Koppel et al., 2001). We account for this effect by
an alteration of the resuspension properties of the local mud fraction. Hereby, we assume
that microbial mats live on top of the sediments altering the critical bed shear stress for ero-
sion τcr,e of the mud while the erosion parameter M (kg m−2s−1) remains unchanged. This
directly affects the erosion flux Em of the mud between the bed and the water column (kg
m−2s−1) in the Partheniades-Krone formulation (eq. E.2).

Microbial mats were updated each coupling interval with the Delft3D model as a function
of inundation period i and mud fraction fmud in the top layer

MPBest = f(i, fmud) + MPBpre (E.3)

indirectly selecting sheltered areas with limited erosional and depositional processes (Her-
man et al., 2001). In cells where microbial mats established, the critical shear stress of the
mud fraction was increased by a factor of 4 from 0.2 N m−2 to 0.8 N m−2 as reported in
Le Hir et al. (2007).

E.2.3 Computations of the vegetation cover (VS2-4)

The vegetation code constitutes rules for colonization, growth and mortality that describe
dynamic, i.e. temporally and spatially varying, vegetation fractions. Colonization of the
vegetation occurs every year where vegetation establishes on all intertidal cells with a fraction
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of 0.5 (of a maximum fraction that can be colonized of 1). Second, vegetation mortalities are
computed by reducing the vegetation fraction based on a linear function for each of the three
pressures, inundation period, desiccation period and flow velocity (Figure 2). Moreover, the
vegetation fractions that occur in numerical cells with bed level changes that exceed the plant
sizes are assumed to be eroded or buried and die off entirely. Third, the sizes of the remaining
vegetation fractions grow linearly (stem height, diameter and root length). For VS4, a second
life-stage represents aging of the arborescent plants that reach larger plant dimensions and
can cope with larger stresses. After surviving ten couplings (representative for five-year-old
vegetation), the VS4 vegetation is updated to the second life-stage.

E.2.4 Interactions between the hydro-morphodynamic model and the vegetation
code

Each coupling, the settlement locations and surface fractions of the vegetation and their phys-
ical properties (height, stem diameter, density) are fed back into the hydro-morphodynamic
model. To account for vegetation effects, we used the trachytope approach with the Baptist-
formula (Baptist et al., 2007) that allows for several vegetation fractions and life-stages in one
numerical cell. The Baptist-formula calculates a net roughness C [

√
m/s] from a combina-

tion of the bed roughness Cb [
√

m/s] and detailed vegetation parameters, such as vegetation
height hv [m], vegetation density n [m/m2, and a bulk drag CD [-]. Depending on the relative
local water depth h [m], C is computed as

C=

Cb +

√g
κ

ln
(

h
hv

)√
1 +

CDnhvC2
b

2g
, if h ≥ hv (E.4a)

Cb , if h < hv (E.4b)

with g is gravity [kg/ss], κ=0.41 [-] von-Kármán constant and Cb = 25 [
√

m/s], which
is derived from the Manning of the vegetated bars of 0.028 and a water depth of 0.1 m. To
compensate for higher local sediment transport induced by increased C, an additional flow
resistance -λ/2*u2 is included in the flow solver, where λ is defined as

λ =

CDnhv

h
C2

b
C2 , if h ≥ hv (E.5a)

CDn, if h < hv (E.5b)

Finally, for each vegetation fraction present in each cell, both λ and C are weighted ac-
cording to their relative coverage fi

Ctotal =
∑

i
fiCi (E.6)

and
λtotal =

∑
i

fiλi (E.7)
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The hydrodynamic model computes water levels and flow velocities through mass and
momentum conservation. With each ecological update, the settlement locations and surface
fractions of the vegetation and the physical properties (height, stem diameter, density) were
fed back into the Delft3D-model. The final roughness C and the drag λ were implemented
in the momentum equation:

δu
δt

+ uδu
δx

= −gδη
δx

+ vδ2u
δx2 − gu | u |

C2h
− λ

2
u2 (E.8)
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