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Human biomonitoring- defined here as the measurement of a chemical (either 
as the chemicals itself or a metabolite) in a biological medium (e.g., blood, 
urine, hair, milk, etc.) – has long been used in the occupational realm as one 
tool for assessing and controlling exposure to chemicals in the workplace 
(Fiserova-Bergerova, 1987; Fiserova-Bergerova, 1990).  However, over the 
past thirty years, advances in analytical sensitivity have provided the ability to 
quantify levels associated with general background exposures.  This has led to 
more widespread use of biomonitoring as a tool for assessing exposures 
among the general population and communities of interest as part of exposure 
assessments in epidemiology studies.  Large country, state and regional 
focused biomonitoring programs underway at the U.S. Centers for Disease 
Control and Prevention (CDC) and similar programs being developed by Health 
Canada, the state of California, and being considered in Europe, differ from 
such studies in that these general population based sampling programs are 
not designed to test hypotheses for relating chemical exposure to health 
effects among specific groups.  Rather, these programs are designed to 
generate population-representative data on the presence and concentrations 
of a wide range of chemicals in human biological samples (usually blood or 
urine).   
 
The growing availability of such data for hundreds of chemicals provides an 
opportunity, as well as challenges, for risk managers.  Because biomonitoring 
data integrate exposures from multiple exposure pathways, the data provide 
valuable exposure data unavailable from any other source.  For this reason, 
biomonitoring data have been referred to as the “gold standard” for exposure 
assessment (Needham et al., 1999).   However, because state and national 
environmental agencies have developed and relied upon a risk assessment 
paradigm that has focused on external doses via specific exposure routes or 
external media concentrations, there is no direct method available for 
interpretation of the measured blood or urine concentrations of chemicals in a 
risk assessment context.  It is not possible to directly compare an external 
dose, expressed as an intake in mg/kg-day, to blood concentration (expressed 
in units of mg/L) or concentration of chemical in urine (expressed in units of 
mg/L or mg/g creatinine). With very few exceptions (for example, lead or 
mercury in blood), no human clinical screening criteria exist to allow 
assessments of biomonitoring data in a public health risk context.  
Development of such human clinical blood- or urine- level screening criteria 
such as those available for lead and mercury is resource intensive and 
requires, by definition, extensive medical studies of effects in populations that 
have been exposed to levels of the chemical that cause observable health 
effects.  Thus, similar human clinical blood- or urine- level criteria are unlikely 
to be available in the near future for most of the broad range of chemical 
substances now being analyzed and detected in biomonitoring programs. 
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The National Research Council (NRC) recognized that “In spite of its [human 
biomonitoring] potential, tremendous challenges surround the use of 
biomonitoring, and our ability to generate biomonitoring data has exceeded 
our ability to interpret what the data mean to public health.” (NRC, 2006).  
The NRC recognized that methods for placing human biomonitoring data in a 
health risk context were critical for biomonitoring to achieve its full potential 
and that a framework for the communication of this interpretation was equally 
important. 
 
In recognition of the lack of screening tools for assessment of the broad range 
of chemicals included in the CDC (and other) biomonitoring programs, Hays et 
al. (2007) proposed the concept of Biomonitoring Equivalents (BEs).  A BE is 
defined as the concentration of a chemical or metabolite in a biological 
medium (e.g., blood, or urine) that is consistent with an existing (external) 
exposure guidance value such as a tolerable daily intake (TDI) or reference 
dose (RfD).  Chemical-specific exposure guidance values have been developed 
and used for the past 40 years or more by regulatory agencies to identify 
exposures to chemicals that are considered to be without likely adverse effects 
in the general population.  For example, the US Environmental Protection 
Agency (USEPA) Reference Dose is a defined as “an estimate of a daily oral 
exposure for a given duration to the human population including susceptible 
subgroups that is likely to be without an appreciable risk of adverse health 
effects over a lifetime” (http://www.epa.gov/IRIS/gloss8_arch.html).  The BE 
concept incorporates available pharmacokinetic data (in either humans or in 
the species used in studies underlying the derivation of the exposure guidance 
value) to derive estimates of biomarker concentrations consistent with those 
exposure guidance values.  Thus, BE values could be used as benchmarks to 
screen biomonitoring data sets to identify chemicals with measured values well 
below, near, or at or above concentrations consistent with the existing 
exposure guidance values.  This screening process could assist risk managers 
in using biomonitoring data to prioritize chemicals for additional evaluation or 
risk management actions.   
 
The advent of a new approach will usually raise issues that must be 
addressed.  This certainly is true for the Biomonitoring Equivalents. 
 
 

Issues to Resolve With Using Biomonitoring 
Equivalents 
Biomonitoring Equivalents are similar in fundamental concept to the Biological 
Exposure Indices® (BEIs) and other similar biological monitoring tools used in 
the occupational realm (Fiserova-Bergerova, 1990).  However, the application 
of this approach to environmental exposures and environmental exposure 
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guidance values requires consideration of a number of additional factors 
because of differences in exposures occurring in the occupational versus 
general population realm.  Most important of which is that in the occupational 
arena, exposures are typically elevated (significantly above background 
exposures to the chemical of interest) and it is known when the workers 
exposures start and end.  This information can help shape a sampling protocol 
to target idealized collection of samples to capture data at a critical timing in 
relation to their exposures (e.g., at the end of the workshft, morning before 
first work day of the work week, etc.).  In the general population, there is 
usually no knowledge of when exposures occur.  Therefore, there is usually no 
idealized sampling strategy available for assessing general population 
biomonitoring levels.  This poses a challenge for the interpretation of 
biomonitoring data for general population exposures.   
 
Since most exposure guidance values are based on animal toxicology studies, 
there are several issues associated with translating these into the 
concentration of a biomarker in humans thought to be consistent with the 
exposure guidance value.  For instance, Figure 1 shows several different 
pathways/approaches for calculating a BE.  If animal pharmacokinetic 
data/model are available, the internal dose associated with the Point of 
Departure (POD) could be established and the Uncertainty Factors (UF) or 
Safety Factors (SFs) used in the risk assessment could be applied to the 
internal dose.  Conversely, if only human pharmacokientic (PK) data/model 
are available, then the exposure guidance value could be converted into the 
BE.  Which approach is most scientifically defensible or preferred when both 
animal and human PK data are available?  

 
Most exposure guidance values are set to protect for a lifetime of exposure.  
Most biomonitoring studies involve taking a single biological sample at one 

Figure 1: Parallelogram showing different pathways and 
approaches for calculating a Biomonitoring Equivalent 
(BE) 



 5 

point in time.  Rarely do biomonitoring stuies taking multiple samples over 
time from multiple individuals.  Depending upon the half-life of the chemical in 
the media being sampled, biomonitoring data may be indicative of longterm 
exposures or may only be reflective of exposures that might have occurred 
over the past hour or less.  Should there be different means of interpretation 
for compound with short versus long half-lives? 
 
Most exposure guidance values are not designed to predict the likelihood of 
adverse effects occuring in indivuals.  They are usually designed, and are only 
applicable, for use as risk management tools to help risk managers decide 
when exposures pose a public health risk and risk management efforts are 
warranted.  As a result, any biomonitoring screening tool that has such an 
exposure guidance value as it’s underlying starting point must in essence carry 
the same functional definition and serve a similar purpose.  Biomonitoring data 
though, invoke very personal responses such as “why are these chemicals in 
my body” and “what are the health consequences of the presence of these 
chemicals in my body”.  There is always a tendency to try and over-reach the 
power of an interpretation tool.  But, what kind of interpretation message 
should be conveyed for interpreting biomonitoring data for an individual or 
even a population in reation to a BE?  What kind of communication message 
should be conveyed when biomonitoring data are below a BE or above a BE?  
These types of questions need to be addressed.  
 
In recognition of the many technical and communications challenges likely to 
be encountered in the implementation of the BE concept, an expert workshop 
was convened in June, 2007, to address a series of charge questions on the 
derivation and communication of BE values (Hays et al., 2008a).  The purpose 
of the meeting was to develop guidelines for the derivation and 
communication of Biomonitoring Equivalents so the international community 
could have a common set of guidelines to guide the development and 
implementation of BEs. 
 

BE Pilot Project Expert Workshop 
 
The workshop consisted of experts in pharmacokinetics, risk assessment, 
medical ethics, and risk communication from a broad range of government, 
academic, and industrial backgrounds.  To help guide the development of 
charge questions for the expert workshop, draft BEs were developed for a 
range of compounds. Four compounds were strategically selected so as to 
cover as wide a range of issues as possible.  These included: 

• Cancer and non-cancer endpoints 
• Compounds with short and long half-lives 
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• Compounds that have exposure guidance values based on animal and 
human toxicology/epidemiology studies 

• Compounds with a range of biomarkers from different biological media 
(blood and urine)  

 
The case study chemicals chosen were toluene, cadmium, acrylamide, and 
2,4-dichlorophenoxyacetic acid (2,4-D).  As the draft BEs were developed for 
each of the case study compounds, decision points were identified and made 
into charge questions for the expert workshop.  Each of the charge questions 
were assigned to an expert panel member.  The expert workshop was chaired 
by Sean Hays.  Each of the expert panel members served as coauthors on 
each of the guideline manuscripts.  
 
The results of the workshop and the case studies are presented in detail in a 
series of papers (Aylward and Hays, 2008; Aylward et al., 2008; Hays and 
Aylward, 2008; Hays et al., 2008b; Hays et al., 2008c; LaKind et al., 2008).   
 
 

Organization of Thesis  
This thesis contains the findings from the Biomonitoring Equivalents expert 
workshop as detailed in the manuscripts that summarize the guidelines for 
derivation and communication of BEs, a series of papers on chemical specific 
BEs, and a series of papers that highlight the interpretation of biomonitoring 
data in the context of BEs.  This first part of this thesis contains the original 
paper that outlined the concept of the BE (Hays et al., 2007).  Also contained 
in Part one are the manuscripts that outline the guidelines for derivation (Hays 
et al., 2008a) and communication (LaKind et al., 2008) and chapters that 
contain the charge questions for both derivation and communication isues.  
Part II contains BE dossiers for 2,4-dichlorophenoxyacetic acid (2,4-D) 
(Aylward et al., 2008a), toluene (Aylward et al., 2008b), cadmium (Hays et 
al., 2008b), acrylamide  (Hays et al., 2008c), trihalomethanes (Aylward et al., 
2008c), and cyfluthrin (Hays et al. in preparation).  This series of BE dossiers 
provides a compilation of the available approaches for deriving BEs.  Part III 
contains a series of manuscripts that show how existing human biomonitoring 
data should be interpreted for the trihalomethanes (LaKind et al., 2008c), and 
2,4-D (Aylward et al., 2008d).  Part four contains a discussion for this thesis.      
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Abstract 
Advances in both sensitivity and specificity of analytical chemistry have made 
it possible to quantify substances in human biological specimens, such as 
blood, urine, and breast milk, in specimen volumes that are practical for 
collection from individuals. Research laboratories led by the Centers for 
Disease Control and Prevention (CDC) in its series National Report on Human 
Exposure to Environmental Chemicals (CDC, 2005) are dedicating substantial 
resources to designing and conducting human biomonitoring studies and 
compiling biomonitoring data for the general population.  However, the ability 
to quantitatively interpret the results of human biomonitoring in the context of 
a health risk assessment currently lags behind the analytical chemist’s ability 
to make such measurements.   The traditional paradigm for human health risk 
assessment of environmental chemicals involves comparing estimated daily 
doses to health-based criteria for acceptable, safe, or tolerable daily intakes 
(for example, reference doses [RfDs], tolerable daily intakes [TDIs], or 
minimal risk levels [MRLs]) to assess whether estimated doses exceed such 
health screening levels.  However, biomonitoring efforts result in measured 
chemical concentrations in biological specimens (the result of absorption, 
distribution, metabolism and excretion of administered doses) rather than 
estimated intake doses.  Quantitative benchmarks of acceptable or safe 
concentrations in biological specimens (analogous to RfDs, TDIs, or MRLs) 
needed to interpret these levels exist for very few chemicals of environmental 
interest.   This paper discusses issues inherent in converting existing health 
screening benchmarks based on intake doses to screening levels for evaluating 
biomonitoring data, and presents methods and approaches that can be used to 
derive such screening levels (termed “Biomonitoring Equivalents,” or BEs) for 
a range of chemicals and biological media.   
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Introduction 
 

Exposure assessment is an integral part of the classical risk assessment 
process.  The objective of exposure assessment is the quantification of the 
magnitude, duration, frequency and routes of exposure (e.g., air, water, food, 
soil, etc.) to chemicals, as well as the characterization and enumeration of the 
exposed populations.  Conventional exposure assessments begin with 
estimation or measurement of exposure point concentrations and assumptions 
regarding media contact or intake rates for the demographic groups under 
consideration to yield a value of applied dose (units of mg/kg/day).  Exposures 
(in the appropriate units) are compared to screening toxicity criteria such as 
reference doses or concentrations (RfDs and RfCs), minimal risk levels (MRLs), 
tolerable daily intakes (TDIs), or a Unit Cancer Risk (UCR) to evaluate whether 
exposures exceed such criteria.    
 
Advances in analytical chemistry, in combination with a recognition of the 
substantial uncertainties involved in estimating environmental exposures, have 
resulted in a shift toward assessing humans’ exposures to chemicals through 
biomonitoring, defined here as  measuring the concentration of chemicals or 
their metabolites in blood, urine, breast milk, hair and other biological 
samples.   Biomonitoring has the potential to decrease the uncertainty 
inherent in estimating exposures by conventional exposure assessment 
methods and to provide a more biologically relevant measure of true 
exposure.  Conventional environmental exposure assessments typically 
incorporate conservative assumptions designed to provide upper bound 
estimates of possible intake rates, but the accuracy of the estimates can often 
not be determined, and in many cases they overestimate actual exposures, 
sometimes by orders of magnitude (Gosselin et al., 2006; Ewers et al., 1996; 
Ewers et al., 2004).  Biomonitoring can provide a direct measure of an 
individual’s exposure and can integrate exposures from multiple pathways and 
sources, although it cannot, by itself, identify the specific sources or pathways 
of exposures or the relative contributions from multiple sources.  Because 
biomonitoring is an indicator of internal dose, biomonitoring can also provide 
exposure estimates that are more directly related to the concentration of the 
active agent at the target site or organ, a key determinant of toxicity and/or 
pharmacological response, than estimated intakes or measures of 
concentration of a chemical in soil, water, or air.  For these reasons, 
biomonitoring is fast becoming the “gold standard” of environmental exposure 
assessment (Needham et al., 1999). 
 
The reasons for conducting biomonitoring studies fall within several broad 
categories.  As articulated by the CDC, these are to a) determine which 
chemicals get into members of the general population and at what 
concentrations, b) determine the prevalence of people with levels above 
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known toxicity levels, c) establish reference ranges, d) assess the 
effectiveness of public health efforts to reduce exposure, e) determine if 
exposure levels are higher in some groups than in others, e) track temporal 
trends in levels of exposure, and f) set priorities for research on human health 
effects (CDC, 2005).   
 
Under specific conditions, biomonitoring data can be used to meet one of the 
most critical objectives of risk assessment -- to determine whether an 
individual or population are at an increased risk of experiencing adverse health 
effects associated with an exposure to a specific substance.  Criteria for the 
evaluation of biomonitoring data in a health risk context have a substantial 
history in the occupational setting.  In the United States, the American 
Conference of Governmental Industrial Hygienists (ACGIH) began developing 
biomonitoring-based reference values known as biological exposure indices 
(BEIs®) in the early 1980s (Fiserova-Bergerova, 1987). The ACGIH defines 
the BEIs® as representing the levels of determinants that are most likely to 
be observed in specimens collected from a healthy worker exposed to 
chemicals following inhalation exposure at the Threshold Limit Value (TLV®).  
Outside the United States, the Deutsche Forschungsgemeinschaft (DFG, 2005) 
in Germany has also developed biological monitoring reference values called 
biological tolerance values (BATs), and the World Health Organization (WHO, 
2005) maintains similar values referred to as biomonitoring action levels 
(BALs).   BEIs®, BATs and BALs all refer specifically to occupational 
populations and exposure scenarios only.   
 
In contrast, for the general population, health-based screening levels for 
biomonitoring data exist for very few chemical substances (notable exceptions 
being lead, mercury, arsenic, cadmium, and ethanol).  Epidemiologic studies 
attempting to correlate biomonitoring data with measured biochemical 
changes or health effects are unlikely to provide definitive screening levels for 
many chemicals in the short or long term due to relatively small sample sizes, 
complicated temporal relationships between detection of a chemical measured 
in human subjects and occurrence of a biochemical response or manifestation 
of a health effect, and potential alternative causes that may confound 
apparent exposure-response relationships.  However, population and individual 
screening risk assessments could be made by comparing measured 
biomonitoring levels in individuals or populations to existing screening criteria 
such as RfDs, MRLs, or TDIs.  This comparison cannot be conducted directly 
because almost all regulatory health-based toxicity screening criteria are 
based on an intake level (mg/kg/day) or a concentration in an environmental 
medium (air, water, soil etc.) which corresponds to an acceptable level of 
intake.   However, the substantial effort already invested in developing these 
screening exposure guidelines can be leveraged through translation of these 
guidelines into biomonitoring equivalents (“BEs”) as a basis for interpreting 
biomonitoring results for specific chemicals in a health risk context.   
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This paper describes several methods that can be used to calculate chemical- 
and biological media-specific concentrations, or BEs, equivalent to these 
existing screening criteria (for example, a BERfD would provide a biomonitoring 
level equivalent to the RfD; a BEMRL would correspond to the MRL, etc.) for 
many chemicals of environmental interest.  Since the presence of a chemical 
in a biological tissue or fluid indicates that exposure to the chemical has 
occurred, but does not necessarily imply the presence or magnitude of health 
risks, the BE terminology itself does not imply “safety” or “risk.”  Rather it 
refers explicitly back to the existing screening criteria that underlie the specific 
value.  This paper also discusses issues and uncertainties related to the 
development and use of BEs.  In particular, the process and approaches 
described here will result in screening values of varying reliability and 
robustness.  The reliability of the derived BEs will depend on the available 
database of pharmacokinetic data for each chemical, the proximity of the 
sampled biological tissue or medium to the critical target tissue, understanding 
of population variability, and other factors discussed in detail below.  For these 
reasons, BEs can be regarded as interim screening tools that can be used to 
identify chemicals with low margins of safety as candidates for additional 
detailed epidemiologic or exposure pathway evaluation.  Finally, considerations 
for the design of biomonitoring studies to maximize their utility for 
interpretation of biomonitoring data from a public health risk perspective are 
discussed. 
 

Considerations and Approaches for Deriving 
Biomonitoring Equivalents 

Pharmacokinetics as a determinant of biological 
media concentrations  
Ambient levels of chemicals in various media (air, water, food, soil) do not 
always correlate with uptake into the human body, or, more importantly, with 
the concentration of a compound (parent compound or a metabolite of the 
parent compound) in the target tissue.  Consequently, one major use of 
biomonitoring is to define more accurately the amount of chemical that has 
crossed physiological barriers to enter the body internally (Henderson et al., 
1989).   Linking applied dose/exposure to measurements of concentration of 
the parent compound or metabolite in a biological compartment requires 
pharmacokinetics, which describes the rate processes of absorption, 
distribution, metabolism, and elimination of a chemical in the human body 
(Figure 1).  There are several types of models that can be used to describe 
and predict the pharmacokinetics of chemicals in animals and humans, but 
regardless of the model used, there are inherent principles of 



 16 

pharmacokinetics that should be taken into account when attempting to 
interpret biomonitoring data from a health risk perspective. 

 

Figure 1: The pharmacokinetic properties of a chemical control the 
relationship between administered dose or external exposure level and 
measured concentrations in biological media including blood, urine, feces, 
milk, hair, nails, etc.  Even a simplistic understanding of these relationships 
can provide the basis for deriving a screening biomonitoring equivalent (BE) to 
an external exposure regulatory guideline such as an RfD. 
 
Regardless of the pharmacokinetic approach used, some assumptions about an 
exposure scenario must be made to convert a regulatory exposure guideline 
(such as an RfD) to a Biomonitoring Equivalent (BE).  Such regulatory 
exposure guidelines are often presented in terms of chronic daily doses, 
implying a sort of steady-state exposure regimen, but in reality constant 
exposures to chemicals in the environment do not occur.  If a chemical is 
found in food, for example, exposure occurs only during discrete events when 
food with residues of that chemical is consumed.  If a substance is in drinking 
water, exposure occurs only when water is consumed or other exposure to 
water occurs (e.g., showering).  Exposure to residues in consumer products is 
similarly intermittent.  Exposures to chemicals in the air have the greatest 
potential to be constant, but substantial variations in air concentrations can 
occur among indoor and outdoor air, in a car, at the workplace, etc.  
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Therefore, actual human exposures to environmental chemicals can be at the 
same time both discrete and intermittent.   

The elimination behavior of many chemicals can be approximated using a one-
compartment, first-order open model description of the kinetics.  The average 
or steady-state concentration for a chemical is equivalent to:  

)2ln(*
* 2/1

_ V
tADD

C avgss =  

Where Css_avg is the steady-state (average) concentration, ADD is the average 
daily dose, V is the volume of distribution, and t1/2 is the half-life for 
elimination.  The steady-state concentration is independent of the frequency 
of exposures, as long as the ADD remains the same.  For instance, the 
average steady-state concentration will be the same for a chemical that 
someone is exposed to once, twice or ten times per day, as long as the total 
daily dose is the same (see, for example, Figures 2a and 2b).  The variation or 
oscillation between the maximum and minimum concentrations, though, even 
at steady state, are dependent upon the frequency of exposure and half-life of 
the chemical, even while maintaining the same total daily dose (Figure 2a and 
2b).  There will be no fluctuations if exposure is constant all day and night 
long (constant infusion, for example).  Oscillations will increase if the total 
daily dose is divided into a few discrete exposure events in a day (e.g., each 
time a person takes a drink of water or has a meal).  The largest rise and fall 
will occur if the total daily dose is experienced in a single event.   The potential 
degree of daily fluctuation around the chronic steady-state average 
concentration is dependent upon the half-life of elimination, with larger 
oscillations occurring for chemicals with the shortest half-life for elimination 
(Figure 3).   

Therefore, when calculating a BE for a chemical corresponding to an oral dose 
(e.g., RfD, TDI, or any other health-based criteria that is expressed in units of 
mass/body weight/day), it may be most informative to report both the steady-
state (average) predicted concentration as well as the maximum daily 
concentration in the medium of interest predicted assuming chronic daily 
exposure to one event per day amounting to the entire daily dose.  
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Figure 2: Schematics demonstrate the relationship between dosing regimen 
and half-life of elimination in predicting the variation in concentrations that 
could be observed in biological media assuming first-order kinetics.  When the 
half-life for elimination is much shorter than the dosing interval, the potential 
variations in concentrations observed may be very large. 
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Figure 3: Theoretical potential range of daily fluctuations in blood levels as a 
result of once-daily chronic exposure to a chemical as a function of the 
elimination half-life of the chemical assuming first-order kinetics.  For 
chemicals with relatively short half-lives of elimination, the range of daily 
oscillations in concentration (Css_min to Css_max) can be very wide compared to 
the theoretical average steady state concentration (Css_avg) arising from 
constant infusion.  Random sampling in a theoretical population exposed daily 
to identical doses could produce a wide range of observed blood levels simply 
due to this potential oscillation. 

Since the once-daily exposure scenario will yield the maximum predicted 
concentration levels consistent with the regulatory screening level (and may 
correspond directly with the animal data underlying the RfD if it is based on a 
gavage dosing regimen) it represents an upper bound on the biomonitoring 
equivalent level that is consistent with the regulatory guidance exposure 
levels.  These temporal variations could result in a false conclusion that 
portions of the populations were experiencing exposures above the RfD if only 
the average concentration is reported.  This issue is most important for 
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compounds with relatively rapid elimination behavior (elimination half-lives of 
a couple of days or less), and should be considered in designing studies and 
interpreting biomonitoring data. 

Forward (direct) dosimetry versus reverse 
(reconstructive) dosimetry approaches 
As discussed above, the pharmacokinetic properties of a chemical dictate the 
relationship between external and internal exposures, and pharmacokinetics 
provide the basic tools for interpreting biomonitoring data in the context of 
existing external exposure screening criteria.  However, there are two ways to 
approach this problem: 

• Begin with the external exposure criteria of interest (for example, an 
RfD) and then use pharmacokinetic knowledge to derive the expected 
biomonitoring concentration or range of concentrations of a substance 
in the biological compartment of interest (forward approach); or 

• Use pharmacokinetics to back-extrapolate from a measured 
biomonitoring concentration to a range of plausible exposures or 
applied doses and compare this range of derived applied doses with 
the external exposure screening criteria of interest (reverse 
approach).    

Each of these approaches, which we term the forward or reverse dosimetry 
approach, respectively, has advantages and disadvantages.  Ultimately, the 
choice between the two approaches will be dictated by the objectives of a 
given effort.  This manuscript is focused on detailing methods that can be used 
to apply currently available, intake-based toxicity screening criteria to 
interpret human biomonitoring data in a health risk context.   

Both forward and reverse dosimetry approaches require pharmacokinetic 
modeling.  The reverse dosimetry approach has the advantage that the result 
of the modeling will yield an applied dose that can then be readily compared to 
existing regulatory guidance values (e.g., RfDs, RfCs, UCRs, etc.).  The major 
disadvantage is that this modeling approach requires an inverse solution for a 
system with numerous variables in which there is no unique solution (Rigas et 
al., 2001; Sohn et al., 2004) (i.e., there are, within limits, any number of 
exposure scenarios that could yield the same biomonitoring level).  In starting 
with a population-based distribution of biomonitoring levels (i.e., a range of 
biomonitoring levels), reverse dosimetry requires back-calculating to a 
population distribution of applied doses, yielding a wide range of potential 
exposures associated with the observed distribution in biomonitoring data.  
Researchers have attempted to back-calculate exposures from biomonitoring 
data, with discouraging results due to the variability in potential exposure 
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scenarios and human pharmacokinetics (see for example Rigas et al., 2001; 
Sohn et al., 2004).   

Nevertheless, the reverse dosimetry approach can be effectively used under 
some conditions.  The utility of the reverse dosimetry approach will depend 
upon a solid understanding of likely exposure scenarios or development and 
use of accepted standardized exposure scenarios for specified populations, 
taking into account variability.  Monte Carlo methods could be used, in 
conjunction with distributions of exposure parameters, to yield distributions of 
applied doses for specified populations given an observed distribution of 
biomonitoring data.  

The forward dosimetry approach, in which a model is used to calculate the 
biomonitoring equivalent to being exposed at the regulatory guidance value, 
alleviates some of the challenges posed by the reverse dosimetry method.  For 
instance, the model produces a single biomonitoring equivalent value starting 
from a single exposure level, with only one unique solution.  Even if variability 
in pharmacokinetic behavior is incorporated into the model, the range of 
variability in resulting predicted tissue concentrations is smaller than the range 
of solutions yielded by the reverse dosimetry approach (Figure 4).  The other 
advantage is that using the forward approach will yield an internal dose (e.g., 
concentration of the parent compound or metabolite in blood) corresponding 
to the external dose criterion of interest.  Using an “internal dose” has been 
recognized as a distinct advantage in the environmental toxicology field (NRC, 
1994, etc.).  Therefore, calculating a biomonitoring equivalent for a regulatory 
exposure criterion is moving in the direction of providing a screening  “internal 
dose measure” associated with an external dose criterion for each chemical 
being evaluated.   

Key characteristics of any approach used to screen biomonitoring data in a 
health risk context should be; 1) the approach should reduce or minimize 
uncertainty in the risk assessment paradigm, and 2) the approach should be 
easy to communicate.  In the remainder of this paper, we focus on the forward 
dosimetry approach for screening biomonitoring data in a health risk context.   

Methods for Deriving BEs 
There are numerous methods based in the discipline of pharmacokinetics 
available for relating external exposures to a corresponding level of parent 
compound or metabolite in a biological specimen (e.g., blood, urine, exhaled 
air, tissue, breast milk, hair, nails, etc.); they vary in terms of complexity, 
scientific rigor and required effort.  As with any public health  
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Figure 4: Forward vs. reverse approach.  Population variations in kinetic 
behavior lead to a range of blood concentrations associated with a given air 
concentration at steady state.  Using the forward dosimetry approach, an RfC 
of 50 ppm could be estimated to correspond to a mean steady-state blood 
concentration of 50 ug/L with a 95% C.I. of 25 to 75 ug/L.  However, using 
the reverse dosimetry approach, a wider range of air concentrations (20 to 
about 150 ppm) could be associated with the same observed range of blood 
concentrations due to the variations introduced by kinetic variability.  The 
forward approach identifies the range of blood concentrations consistent with 
exposures at the RfC. 
 
 
evaluation, the confidence in a calculated BE will be dependent upon the 
thoroughness of the evaluation.  Some evaluations can be easily developed by 
using simple extrapolation procedures, and the BEs calculated using a simple 
approach may be considered a first approximation or screening level 
assessment.  On the other hand, some evaluations may be very sophisticated 
and involve substantial effort to develop complex and well validated 
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quantitative models (such as PBPK models).  BEs developed using a more 
thoroughly evaluated method might be considered fully “validated” and be 
more universally applicable to a wide range of scenarios.  However, for 
chemicals with relatively simple and well-understood pharmacokinetic 
properties, simpler approaches may be just as valid.   
None of these methods address potential shortcomings in the existing 
regulatory exposure guidelines; they simply provide methods to estimate 
concentrations in biological media that are roughly equivalent to these 
external exposure guidelines.   
 
Some of the methods that can be used to develop BEs and reviewed in this 
manuscript include: 

1. Extrapolation from occupationally derived biomarker levels such as the 
Biological Exposure Indices (BEIs) set by the ACGIH  

2. Human PK studies and one-compartment steady-state models 
3. Multi-compartment and PBPK models 
4. Animal PK studies 

Each of these methods is discussed in some detail below.  In general, the 
methods outlined below focus on blood as the medium of interest, although 
similar approaches can be used to convert to BEs for use with other sampled 
media.  Interpretation of data for each medium requires consideration of 
issues specific to that medium.  For example, urine is frequently sampled for 
metabolites from exposures to a wide range of drugs and chemicals, and 
appropriate methods for standardization of urinary output volumes must be 
considered.   
 
The approaches outlined here are predicated on several assumptions: 
 

• That internal measures of dose are superior to external measures as 
predictors of health effects.  This might not be true, for example, if a 
chemical causes a local toxic or irritant effect in the lung above a 
certain air concentration.   

• That the regulatory guidelines (e.g., RfCs, RfDs, MRLs, etc.) used as 
the starting point for derivations of BEs are reasonable and protective.  
Nothing in the BE approaches outlined here will address underlying 
deficiencies in existing regulatory guidelines. Similarly, when several 
differing regulatory guidelines exist for the same chemical, BEs can be 
derived associated with each of them, but will not resolve the 
underlying differences among the existing criteria. 

• That the sampled medium and analyte provide information relevant to 
prediction of potential toxicity.  The sampled medium (or the measured 
analyte), while providing an internal estimate of dose, may have been 
chosen on the basis of ease of collection or measurement rather than 
ease of interpretation in the context of potential toxic responses.  The 
more distant the sampled medium and measured analyte are from the 
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target organ and active agent, the more difficult it may be to accurately 
interpret the data in a health risk context.  

• That the appropriate exposure regimen to assume for extrapolation 
from external to internal dose is chronic, steady-state exposure at the 
regulatory guideline.  The approaches outlined below generally derive 
BEs associated with repeated, ongoing exposure scenarios, not episodic 
exposures (except to the extent that daily fluctuations due to variations 
in timing of daily exposure are addressed).  

 
Extrapolation from biomonitoring standards established for occupational 

settings  
 
The industrial hygiene community has been calculating BEs for over 20 years 
(Fiserova-Bergerova, 1987).  The Biological Exposure Index (BEI®) is the 
ACGIH’s version of the BE and is defined as being the biological levels of the 
determinant in biological specimens collected from a healthy reference man 
(170 cm, 70 kg, about 12% body fat) occupationally exposed (8 hours per 
day, 5 days per week) to a chemical or a specified mixture while performing 
work with a moderate energy expenditure (50 W, pulmonary ventilation about 
20 L/min) (Fiserova-Bergerova, 1990).  ACGIH BEIs® are typically derived 
using one of two approaches:  developing correlations between exposure 
concentrations (usually at occupationally relevant exposures) and a BEI® using 
human exposure data, or using a pharmacokinetic model to calculate a BEI® 
that would correspond with exposures at the threshold limit value (TLV®) 
(Leung and Paustenbach, 1988).  Calculating a BEI® for an occupational 
exposure incorporates different assumptions than typically used for a general 
population exposure because of the discrete and non-continuous exposures (8 
hours/day, 5 days per week) experienced in the workplace.  Because of this, a 
BEI® is usually derived to correspond with a specific workday and time of day 
(e.g., at the end of the fifth workday, the morning after returning from the 
weekend, etc.).  Despite the fact that BEIs® are derived for non-steady-state 
exposures, BEIs® can be used to inform the derivation of BEs for the general 
population.  Linear scaling (or simple pharmacokinetic modeling for chemicals 
with rapid elimination profiles) can be used to reduce the BEI® to correspond 
to continuous, 7 day per week exposures when exposures are to the more 
long-lived compounds.  Then this adjusted BEI® may be further modified to 
correspond to the regulatory guideline of interest (for example, an RfC) which 
is likely to be more stringent than the TLV®.  The ACGIH has established BEIs® 
for 42 compounds.  BALs, BATs, and other biological indices of exposure 
corresponding to workplace exposure limits have been established for 
numerous additional compounds and could serve as the starting point for 
additional derivations using this approach (DFG, 2005; WHO, 1996; Lauwerys 
and Hoet, 2001).  Consideration needs to be made for potential routes of 
exposures.  Work place exposures are often dermal and respiratory, while 
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non-occupational exposures, especially to nonvolatiles, may be primarily 
through the diet.  
 
 
Human Exposure PK Studies and One-Compartment Steady-State models 
 
For chemicals without existing BEIs® (or similar occupational biomonitoring 
standards), the easiest method available for developing the relationship 
between exposures and concentrations in biological medium is with actual 
human exposure data from studies that measured an actual biological media 
concentration of interest following controlled exposures in human volunteers.   
There are numerous studies reporting pharmacokinetic data in humans, 
especially from studies conducted before the 1980s.  These studies were 
usually conducted at exposure levels that were, at the time, close to or 
equivalent to applicable occupational exposure limits.  The types of 
compounds that have the most human exposure data of this type are volatile 
organics and some pesticides.   
 
With this method, a simple relationship can usually be drawn between the 
exposure concentration (or oral dose) and the concentration of compound in 
the biological medium in question.  The most difficult part of using this method 
is determining the shape of the relationship between external exposure and 
the concentration in the biological medium of interest.  Usually only a few 
exposure concentrations were studied, and usually these were at 
concentrations much greater than current regulatory exposure guidelines for 
the general population (e.g., RfC, RfD, etc.).  Extrapolating to lower exposure 
concentrations comes with some degree of uncertainty, but a linear 
relationship between exposure concentration and steady-state BE is usually a 
reasonable assumption, unless information exists to suggest the exposure 
experiments were done at sufficiently high concentrations to saturate 
metabolic processes.   
 
Data from human exposure studies is most useful when inhalation of relatively 
volatile chemicals is evaluated because steady-state is usually achieved 
relatively rapidly, at least for compound levels in blood.  Empirical 
relationships between inhaled air and blood concentrations at steady-state 
have been published (Andersen, 1991).  These equations seem to be best 
suited for volatile organics that are metabolized in the liver, and can be used 
to predict blood concentrations following inhalation exposures.   
 
Human exposure studies reported in the literature following a single oral dose 
requires additional extrapolations in order to predict steady-state 
concentrations in blood or urine.  However, considerable insight has been 
gained from the pharmaceutical arena which is applicable to setting oral BEs.  
Classical relationships between AUC, peak concentrations, elimination rates, 
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and steady-state concentrations in first-order systems are well understood 
(Gibaldi and Perrier, 1982) and can be used to analyze such data sets.    
 
Figure 5 shows the typical blood profile of a generic chemical following a single 
oral dose.  The concentration of a chemical will increase in the blood stream 
until a peak level is achieved when the rate of absorption matches the rate of 
elimination.  After the peak concentration has been achieved, the rate of 
decline in the concentration of the chemical will be dictated by the rates of 
excretion and/or metabolism.  In pharmacokinetic studies in which human 
volunteers were administered a single oral dose of a chemical, the reported 
AUC, peak concentration, and/or half-life for elimination following a single 
dose can be used to derive the predicted steady-state concentration following 
continuous dosing at the same dosing level (mg/day).  These classical first-
order relationships can be used without too much error for an oral 
administration pharmacokinetic study if the rate of absorption is rapid 
compared to the rate of elimination (i.e, the peak concentration is reached at 
a time that is less than half of one half-life).  This is usually achieved for most 
chemicals in which the half-life of elimination is longer than about 2 hours.   
 
A similar approach involves the use of a one-compartment model that 
accounts for all tissues that act as a reservoir for a chemical in the body 
(apparent volume of distribution).  The mathematical formulation of the one-
compartment model under steady-state exposure conditions results in 
solutions that are similar to those arising from simple first-order kinetics 
described above and in Figure 5.  However, single compartment models may 
also include explicit factors to account for bioavailability of administered doses, 
urinary excretion rates, and other simple features affecting distribution and 
elimination.  This type of model can work well for oral exposures to chemicals 
with reasonably well-understood distribution and elimination characteristics.  
Many of the parameters required for a one-compartment model are readily 
available from various sources.  For instance, the Agency for Toxic Substances 
Disease Registry (ATSDR) Toxicological Profiles (www.atsdr.cdc.gov) 
usually compile information on half-life, bioavailability and volume of 
distribution or clearance, and also discuss more complex pharmacokinetic 
models when they are available. 
 
Multi-compartment and physiologically-based pharmacokinetic (PBPK) models  
 
In the simplest case, the pharmacokinetics can be described by a single 
exponential term dependent on elimination.  The chemical is assumed to 
achieve instantaneous distribution within a single homogeneous  
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Figure 5: Data gained from a single oral dose in humans or animals can be 
used to predict the accumulation and elimination behavior of a chemical under 
steady-state conditions.  Data points below correspond to measured serum 
concentrations of a generic chemical after a single oral dose.  The steady-state 
concentrations (average and maximum) can be related to the measured 
parameters from the single oral dose using the following equations (Gibaldi 
and Perrier, 1982):   
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Where Css is the predicted average steady-state concentration, AUC_1 is the 
measured area under the concentration curve following a single oral dose, 
Cmax_ss is the predicted maximum serum concentration achieved after repeated 
(steady state) exposures, Cmax_1 is the measured maximum serum 
concentration following a single oral dose, τ is the dosing interval, and t1/2 is 
the measured half-life of elimination.  Notice that Cmax_ss is dependent upon 
dosing interval, while Css is not. 
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compartment.  However, physiologically, it is often more appropriate to regard 
the body as representing a simple two-compartment open system in which the 
distribution to certain peripheral tissues is not an instantaneous process.  In 
such a system, the chemical initially enters a central compartment, which 
represents blood and various richly perfused tissues in which distribution is 
rapid, and is subsequently distributed (more slowly) to a second peripheral 
compartment.  Elimination occurs from the central compartment, so that the 
chemical in the peripheral compartment must transfer back into the central 
compartment to be eliminated.  
 
At steady-state, chemical concentrations in both the central (blood) and 
peripheral compartments can be estimated using equations similar to those 
used for one-compartment first-order systems.   These relationships can be 
used to predict steady-state blood concentrations associated with repeated 
intakes at a regulatory guideline level. 

 
Physiologically based pharmacokinetic (PBPK) models are multi-compartment 
PK models in which compartments represent actual tissue masses and organs 
and the flow of chemical between compartments is described using blood flow 
to inter-connect the compartments in an anatomically correct relationship 
(Figure 6).  Unlike simple one and two-compartment PK models, the 
description of chemical disposition is governed by anatomically correct 
compartments and physiologically correct blood flow distributions.  Multiple 
PBPK models can also be linked together to describe the disposition of the 
parent compound and multiple metabolite(s).  This quality can be particularly 
advantageous for chemicals in which a metabolite is the preferred 
biomonitoring target.  Besides being able to quantitatively describe 
chemical/metabolite concentrations in target organs and blood, PBPK models 
have also been used to quantitatively account for chemical/metabolite 
elimination from exhaled air, urine, milk, and feces and to model factors 
including enzyme induction and potential interactions between chemicals.  In 
this respect, PBPK models are multi-dimensional and may prove the most 
valuable and robust of the various tools available to interpret biomonitoring 
data by integrating numerous analytes and medium of concern.  PBPK models 
have been successfully employed to describe the kinetics of a wide range of 
drugs, metals and chemicals.  Table 1 provides a list of environmental 
chemicals for which at least one PBPK model has been developed.  PBPK 
models have been successfully employed to derive BEIs® for occupational 
exposures for a wide range of compounds (Leung, 1992; Droz et al., 1999; 
Thomas et al., 1996; Truchon et al., 2006). 
 
When human models do not exist, a first-approximation can be developed 
using a PBPK model that has been parameterized for an experimental animal 
species provided that the animal species is the same one used in the critical 
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study on which the regulatory standard is based (discussed further in the next 
section).   

 

Figure 6: Schematic of a PBPK model linking parent compound and metabolite 
pharmacokinetics.  A PBPK model can be used to predicted concentrations in 
various biological media following multiple exposure from multiple routes or 
following complicated exposure regimens. 
 
 
Animal Pharmacokinetic Studies 
 
Often, the pharmacokinetics of a chemical have been determined in animal 
toxicology studies, even when no corresponding data exists for humans.  For 
instance, the National Toxicology Program (NTP) performs pharmacokinetic 
studies that coincide with their bioassays.  The data obtained in animals can 
be useful for estimating a BE for humans using several approaches (Figure 7).   
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Figure 7: Laboratory-derived NOAELs and LOAELs can be converted to BEs for 
human blood or other media concentrations through at least two pathways. 
 
 
If the pharmacokinetics of the chemical in question are available in the 
animals from the critical study chosen to set the RfC, RfD etc., the rodent BE 
from the NOAEL or LOAEL group (that is, the concentration of chemical in the 
rodent blood or other sampled medium) can be used as a starting point.  Then 
the human BE can be obtained by dividing the animal BE by appropriate 
uncertainty factors.  If this approach is used, some UFs typically used in 
setting an RfD (to extrapolate from animals to humans and to account for 
interindividual variability among humans) may not be required to produce an 
equally protective BE.  This issue is discussed in more detail below. 
 
The other potential approach is to use measured pharmacokinetic relationships 
in laboratory animals from studies not directly used in the derivation of the 
regulatory guideline and use known species allometric scaling factors to 
calculate a human equivalent BE.  Using this approach, a BE measured in an 
animal species that is not part of the critical study, and most likely at a dose 
different from the NOAEL or LOAEL from the critical study, is used as a starting 
point, and several extrapolations are needed.  The first extrapolation will need 
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to be to the animal species from the critical study and to the dose used as the 
point of departure for the regulatory guidance (NOAEL, LOAEL, etc.).  Then, 
the adjusted animal BE should be divided by the composite UF and finally 
scaled to a human equivalent BE using known species allometric scaling 
factors.  Kirman et al. (2003) derived interspecies allometric scaling factors for 
several species and for a wide range of compound-specific issues, such as 
inhalation versus oral exposures and whether the critical compound is the 
parent compound or a metabolite.  These types of allometric scaling factors 
should be consulted for deriving BEs using this approach.     
 

Interpretation Issues 

Using Estimated BEs to Focus Public Health 
Evaluations and Data Development 
The BEs corresponding to existing health-based screening guidelines, 
developed using the types of methods outlined above, clearly must be used 
with caution and with the understanding of their inherent limitations and 
uncertainties.  However, even with these uncertainties and limitations 
recognized, such BEs could serve important public health purposes.  In 
particular, the availability of BEs could provide a rationale for prioritizing 
further study.  If preliminary biomonitoring data for a chemical show levels in 
the general population far below estimated BEs for the compound, this could 
be important information used to decide whether further biomonitoring of the 
substance was warranted or whether resources should be applied to evaluate 
another substance.  Conversely, if preliminary data show biomonitoring levels 
at or above the estimated BE, additional research to strengthen the 
biomonitoring database, evaluate human pharmacokinetics and dynamics for 
the compound, identify population exposure sources and pathways, and 
implement exposure reduction programs could be prioritized.  In cases where 
the margin of exposure in general population biomonitoring (the derived BE 
divided by the observed biomonitoring concentration) raised some degree of 
concern, such substances  might also be considered as the subject of 
epidemiologic or mechanistic studies to further clarify potential risks in the 
general population or for exposure studies to better understand relative source 
contributions.  If data are insufficient to derive BEs corresponding to existing 
exposure guidelines, this could serve as impetus to fund research on human 
and/or animal pharmacokinetics so that observed biomonitoring results can be 
interpreted in a health risk context. 
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Setting Regulatory Standards with Biomonitoring 
in Mind  
In the not too distant future, regulatory standards will likely be set with 
biomonitoring in mind so that biomonitoring levels can be more easily 
interpreted from a public health perspective.  In the meantime, the methods 
and principles outlined in this manuscript can be used to convert current 
regulatory standards to BEs.  However, there are some regulatory standards 
already in place that can serve useful templates for how regulatory standards 
should be set in the future to allow easy interpretation of biomonitoring 
studies.  For instance, the EPA has set an RfC for ethylene glycol monobutyl 
ether (EGBE; or 2-butoxyethanol) in which the critical dose measure in rats 
was determined to be the peak blood level of the primary metabolite of EGBE; 
2-butoxyacetic acid (BAA (USEPA, 1999)).  The critical toxic endpoint was 
changes in mean corpuscular volume.  Using a PBPK model, the EPA back-
calculated the steady-state exposures (and thus the RfC and RfD) required to 
achieve the same critical dose measure in humans.  For biomonitoring 
purposes, the EPA could easily establish a BE based on BAA concentration in 
blood.  The type of assessment conducted by EPA for EGBE could serve as a 
useful template for future regulatory standard setting programs who wish to 
not only provide guidance on external environment concentrations, but also 
provide guidance on interpretation of biomonitoring levels.   
 

Use of Uncertainty Factors 
 

In the process of deriving regulatory exposure guidelines from animal bioassay 
data, uncertainty factors (sometimes referred to as safety factors) are 
generally used to compensate for areas of uncertainty (Dourson, 1993; 
Dourson et al., 2002).  Typically, the experimentally derived NOAEL or 
calculated benchmark dose (BMD) is divided by these uncertainty factors (UF) 
to develop health-based standards in order to gain greater assurance of 
human health protection.  For example, an UF of 10 is often used to 
extrapolate from animals to humans and 10 to extrapolate to the most 
sensitive in the human population to establish an RfD or RfC.   These 
uncertainty factors include consideration for toxicokinetic variation as well as 
variations in intrinsic sensitivity (between species and among humans).   To 
the degree that a BE is determined for a medium that is closely related to the 
relevant internal dose, the use of a BE reduces the animal-to-human 
toxicokinetic extrapolation uncertainty.   Similarly, the potential variation in 
kinetic behavior included in the interindividual uncertainty factor is directly 
expressed in measured tissue concentrations, and additional adjustment for 
interindividual variations in kinetics using uncertainty factors may not be 
warranted.  Methods for adjustment of the uncertainty factors incorporated in 
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the RfD or other regulatory guidelines in converting to BEs is an area for 
significant discussion and is beyond the scope of this manuscript.  However, it 
is clear that the use of a BE in a public health interpretation manner has the 
potential to reduce some of the uncertainty that is usually included in the 
current process for deriving RfDs, RfCs and similar guidelines, and this may be 
reflected in modifications to the uncertainty factors applied to the animal data 
underlying the original guidelines.     

Population versus Individual Risks 
As biomonitoring continues to become more common and receive public 
attention, individuals may seek analysis of their blood, hair, or urine in an 
attempt to assess personal risks from exposure to environmental chemicals.  
Currently, such analyses are only performed in a routine way for blood lead 
levels in children.  However, in the near future, individuals may seek these 
analyses for a wider range of chemicals, either through their physicians or 
independently from laboratories through web services similar to those that 
currently advertise clinical laboratory testing to individuals for more traditional 
biochemical parameters.  While the use of BEs on a population basis in a 
public health risk assessment arena has the potential to reduce uncertainty 
that currently exists in the environmental risk assessment field and perhaps to 
focus public health priorities, appropriate application and interpretation of such 
benchmarks for individuals will be more problematic.   In particular, physicians 
may be called upon to answer questions from patients regarding the meaning 
of results of such analyses.   
 
Most physicians have not been trained in such interpretation and probably will 
not have a detailed appreciation of the risk assessment paradigms and 
assumptions used to derive intake-based criteria such as RfDs, much less the 
methods used to convert such values to corresponding BEs.  Two factors 
preclude the use of RfDs or the BEs for interpretation of individual risks.  First, 
RfDs and RfCs typically are derived with a wide margin of safety and EPA 
states that the range of values around an RfDs is “perhaps an order of 
magnitude” (Dourson, 1993).  That is, these values are not “bright lines” that 
distinguish safe levels from levels diagnostic of a health effect or risk.  As 
such, a simple exceedence of an RfD, or the corresponding BE, does not 
necessarily imply that an exposure level associated with adverse effects has 
been experienced.  Second, a measured level (assuming it is accurate) 
represents a concentration at a point in time, but factors important for 
interpretation include whether an exceedence is transient or continuing and 
the type of biological effect the RfC, RfD, etc. is meant to protect from 
occurring.  Health-based screening criteria such as RfDs are based on a variety 
of health effects and biological responses that range in severity from mild 
responses or biological changes to clearly adverse events. Therefore, an 
understanding of the type of biological effect that might be associated with an 
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exceedance of a BE and the magnitude of uncertainty factors that are 
incorporated into the derivation of such criteria would be helpful for a health 
practitioner to understand how to advise his/her patients.  However, such 
information is not readily available or easily communicated to either physicians 
or their patients.  Given these considerations, physicians’ interpretation of 
potential health risks for individuals should be limited to suggesting little cause 
for concern if the measured levels fall below the BE and to providing 
information about the typical distribution of measured values in the general 
population.  In this respect, the efforts by the CDC (2005) to present the 
distribution of measured chemical levels in the general population is a valuable 
resource. The development of other resources to assist in the education of 
physicians and public health officials regarding these and other issues will be 
critical. 
 

Study Design Issues and Uncertainty and 
Variability Associated with Biomarker 
Interpretation and Selection 
 
Interpreting biomonitoring data using the BE approach has distinct 
advantages.  It also comes with some uncertainties and variabilities.  For each 
pharmacokinetic process (e.g., absorption, distribution, metabolism, and 
excretion; see Figure 1) there are uncertainties that are both species-specific 
and chemical-specific.  There are also inherent variabilities within the human 
population for each process that are both process-dependent and chemical-
dependent (a full discussion of this issue is important but beyond the scope of 
this paper).  The further a biomarker (analyte and medium) gets away from 
either the critical dose measure or the external exposure that the guideline 
was based upon, the more steps in extrapolation (and thus uncertainty and 
variability) are required to calculate a BE and thus are introduced into how 
biomonitoring results can be interpreted from a health risk perspective.  For 
this reason, blood will most likely be the gold standard for biomarker 
interpretation for most chemicals.   
 
The pharmacokinetic and mechanistic considerations and understandings that 
are required in order to estimate BEs corresponding to current regulatory 
exposure guidelines also can inform the design, focus, and implementation of 
future biomonitoring studies.  The factors listed below should be evaluated in 
selecting analytes and biological media for study and in structuring such 
studies.  Furthermore, when evaluating biomonitoring datasets for 
interpretation, these same factors need to be evaluated and considered. 
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• Pharmacokinetics of study compounds.  The elimination half-life of the 
compound of interest should fall into an intermediate range, with 
optimal half-lives ranging from a typical exposure interval of 
approximately one day to approximately one month.  Compounds with 
half-lives much shorter than the expected exposure interval will 
demonstrate extremely large fluctuations in the concentration in 
biological media with short term peaks (see Figure 2).  This will result 
in a wide range of concentrations in the collected samples which will 
make interpretation more difficult.  Similarly, if the half-life of 
elimination is far longer than the usual exposure interval, the chemical 
will demonstrate significant accumulation over time and biomonitoring 
data will be more indicative of long term or historical exposures than 
reflective of current exposure levels.  Such information may be useful, 
but this issue must be taken into account during the interpretation of 
biomonitoring data for highly persistent compounds (e.g., dioxins; see 
Aylward and Hays, 2002, for further discussions). 

• Selection of analyte and biological medium for analysis.  
Pharmacokinetic and mechanism of toxicity information should inform 
the selection of parent compound verus metabolite and biological media 
for analysis.  If the metabolite is more stable than a rapidly-
metabolized parent, or if the metabolite is directly linked to toxicity, it 
may be a more desirable choice for analysis.  However, analysis of a 
metabolite is most useful when the metabolite is not common to other 
exposures.  For example, phenol, hippuric acid and cresols are derived 
from dietary components and are excreted in urine, complicating the 
assessment of exposure to benzene and toluene by biomonitoring of 
these metabolites.  Similarly, urinary measurement of alkyl phosphates 
cannot distinguish between ingestion of the alkyl phosphates and the 
production of alkyl phosphates from in vivo metabolism of 
organophosphate pesticides (Duggan et al., 2005).  Similarly, choice of 
biological medium for analysis will vary depending on practical 
considerations (invasiveness) and relevance to the target organ toxicity 
of interest. Relative ease of collection and relevance to target organ 
toxicity for a given media will vary by chemical and may not point to 
the same choice of biological medium for sampling, so the limitations 
inherent in the choices made in a given study should be acknowledged. 

• Other study design considerations.  Although not fully explored in this 
paper, the value of interpreting biomonitoring results from a public 
health risk perspective is dependent upon the design and quality of the 
underlying biomonitoring study.  Biomonitoring studies must be 
designed with attention to a complex range of considerations, including 
appropriate analytical chemistry procedures (sample collection, 
storage, and analysis protocols), informed consent procedures, defined 
data quality objectives (including assessments of sample size and 
population representativeness)  and a priori hypotheses to be tested 
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with the data.  A more complete discussion of these important issues is 
warranted but beyond the scope of this paper (see ACGIH, 2001 for an 
expanded discussion of quality assurance issues for biomonitoring 
studies). 

 

Discussion 
Exposure assessment is an integral part of the health risk assessment process.  
Traditional exposure assessment methods often produce a highly uncertain 
dose (whether it is a single value or a range of doses) for a large population in 
which many assumptions have been made with respect to contact rates, 
frequency of exposures and rates of ingestion or inhalation.  Such results may 
be overly simplistic because of the complexity of factors that influence the 
dose that has been absorbed into the body.  To overcome these shortcomings, 
there has been increasing interest in biological monitoring techniques that 
measure the concentrations of chemicals in tissues and other biological fluids, 
thereby eliminating the need for making any assumptions about external 
exposure parameters.  Several government agencies, notably the CDC, have 
recently embarked on programs that monitor the levels of a wide range of 
chemicals in the general population (NHANES).  However, scientifically derived 
reference guidelines are lacking for interpretation of biomonitoring data from a 
risk assessment perspective.  
 
In the preceding sections we have demonstrated how screening BEs may be 
derived from existing exposure standards using a variety of pharmacokinetic 
approaches ranging from simple empirical extrapolation from human study 
data to more complex multi-compartmental models or full PBPK modeling.  
While the number of chemicals with validated PBPK models is somewhat 
limited, the recent focus of EPA on using PBPK methodologies for risk 
assessment will galvanize the research effort and broaden the list of chemicals 
with PBPK models and relevant PK data.   
 
BEs can be used to assess biomonitoring results in the context of screening-
level population health risk assessments, in a manner analogous to the way 
RfDs, RfCs and UCRs are currently used for estimated applied doses/external 
exposures (Figure 8).   The results of such evaluations can help to focus 
additional research, identify priorities (e.g., populations,  
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Figure 8: The BE methodology can be used in ways analogous to the 
traditional risk assessment paradigm.  Illustrated here is the process for non-
cancer risk assessment using both the traditional hazard and exposure 
assessment approach and using a BE-based approach.  The BE methodology 
can be used to estimate either a hazard index or a margin of exposure, 
depending upon the goal of the particular assessment, by comparing the 
measured concentration in a biological medium (Cmedia) to the predicted 
concentrations in blood or urine (Cblood or Curine) associated with the LOAEL, 
NOAEL, or RfD. 
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chemicals etc.) for further study and, importantly, provide a means to place 
biomonitoring levels in a health risk assessment context. 
 
While screening BEs derived from traditional regulatory guidelines provide an 
initial approach to evaluating biomonitoring data, the BEs themselves have 
limitations and uncertainties that should be clearly understood.   
 

• Unless the target tissue for toxicity is the sampled body medium, none 
of these measurements can be considered as true markers of effective 
or critical dose.  However, they are likely to be improved surrogates 
over external dose estimates for most chemicals.   

• The pharmacokinetic data that can be used to convert from applied 
dose to concentrations in biological media vary widely from one 
chemical to another in quality, relevance, and robustness.  
Nonetheless, many of these pharmacokinetic relationships have been 
validated and exhibit predictive value for assessing the potential for 
toxic effects in a particular target organ or system.  A clear description 
of the reliability and robustness of the underlying data should be 
presented with the BE derivation and incorporated in the process of 
assessing biomonitoring data against the BE.  Such uncertainty is likely 
to be no greater than the uncertainties that typically are incorporated 
into the derivations of RfDs and similar criteria, however. 

• BEs can be subject to uncertainty from physiological variations between 
individuals or over time in an individual. This variability may not be well 
understood across the population, particularly for supbpopulations (for 
example, the children or the elderly) that may have not participated in 
pharmacokinetic studies.  However, BEs are no more or less uncertain 
than the underlying regulatory exposure guidelines.   

• BEs derived from existing regulatory exposure guidelines should be 
regarded as an interim step, bridging between the traditional risk 
assessment paradigm and more sophisticated understanding of the 
relationships between internal exposures and potential adverse effects 
for individual chemical substances. 

 
The interpretation of biomonitoring data is and will remain a formidable 
challenge, even for those most closely involved in the science.  Collectively, 
the medical and toxicology communities are a long way away from interpreting 
human biomonitoring data for all but a few environmental substances in a 
manner that can be used for medical diagnosis of an individual.  However, 
developing reference standards such as BEs, from established toxicity criteria 
such as RfDs, RfCs and UCRs, promises to provide a scientifically based 
approach for beginning to describe biomonitoring results in the context of 
population health risk assessments.  The medical and toxicology communities 
have a responsibility to work with regulatory agencies to communicate to the 
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public that presence of a chemical or its metabolite(s) in a biological tissue or 
fluid is regarded as evidence that exposure to the chemical has occurred, but 
it does not necessarily imply that any bodily harm has ensued or will result.  
Furthermore, the meaning of the reference limits (BEs) as screening 
benchmarks should be made perfectly clear so that there is no confusion what 
they represent.  An important issue at hand is the communication of the 
current state of our knowledge base on the chemical of interest so that the 
uncertainties of the exposure assessment can be put into proper perspectives. 
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Introduction 
The BE Derivation Expert Panel will address technical issues associated with 
the BE approach.  The objective of the Derivation Workshop is to develop 
guidelines to inform the selection of data and approaches for deriving 
Biomonitoring Equivalents (BEs).  The Expert Panel’s evaluations and 
responses on the charge questions presented here will serve as the basis for 
the guidelines manuscript.  The following is a preliminary compilation of 
charge questions related to guidelines for deriving Biomonitoring Equivalents 
(BEs).   
 
First, it is important to understand the objectives of the BE approach (Hays et 
al., 2007) and to fully appreciate what they are and what they are not.  Simply 
put, the BE was designed to answer a simple question; “What biomonitoring 
level would you expect in humans consistent with tolerable exposure 
guidelines (TEGs; for example, reference doses or concentrations, minimal risk 
levels, or tolerable daily intakes) set by regulatory agencies/scientific 
organizations or in animals/humans at the Point of Departure (POD) 
associated with the derivation of the TEG”.   
 
The BE is intended to be a “screening” tool for evaluating biomonitoring data 
based on existing toxicity assessments (TEGs) and existing pharmacokinetic 
data (for humans or for the key experimental species).   The BE is not 
intended to constitute a re-evaluation of the TEG to derive an internal-
dose/mechanism of action (MOA) based risk assessment, although the process 
of deriving a BE may illuminate issues relevant to such an effort.   
 
While the concept of the BE is simple in principle, there are some important 
issues and decisions to be made in the course of derivation and use of BEs.  
The following charge question topics identify many of these issues, and their 
impact in practice can be seen in the accompanying case studies.  In 
considering these charge question topics and in your deliberations of the 
scientific underpinnings associated with each technical issue, please keep in 
mind the intended purpose of the BE.   
 

Criteria for Selection of Chemicals and 
Tolerable Exposure Guideline(s) (TEGs) for 
BE Derivation  

• What considerations should drive selection of chemicals for derivation 
of BEs? 
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o Availability of chemical-specific analytical methods for biological 
matrices?  Is it appropriate to develop BEs before chemists can 
measure the analyte?   

o What are minimum data requirements for kinetic data needed to 
derive a BE? 

 Is human kinetic data/model required, or? 
 Is animal kinetic data/model in the species used in the 

study that serves as the basis for the TEG required? 
• What criteria should be used to select tolerable exposure guideline(s)1 

(Reference dose [RfD], Reference Concentration [RfC], etc.) for 
derivation of BEs? 

o What if the TEG is based on route of entry effects (e.g., 
pulmonary effects following inhalation exposures, 
gastrointestinal effects following oral exposures, etc.)?  Should a 
BE be calculated?  Does the expected route of exposure 
influence that determination? 

 If so, perhaps an issue for communication2. 
o Should TEGs targeted at different durations of exposure be 

considered as the basis for BE derivation (e.g., ATSDR acute and 
intermediate MRLs)?  If so, can acute based BEs help interpret 
short-lived compounds?  If so, should this be a joint issue for 
communication? 

o What about occupational exposure limits?  Can they be used 
appropriately in the BE process? 

o Should BEs be derived for TEGs that are based upon 
technological feasibility criteria, not derived from a health 
effects outcome criteria/study (e..g., some drinking water and 
air standards are set based on best available control technology 
and not derived solely based on protecting a certain health 
outcome)?   

 

                                                 
1 This term will be abbreviated TEG from here on out in this document and is meant to be all-
encompassing in terms of referring to health-based toxicity criteria or exposure guidelines set by 
regulatory agencies or other public health groups. 

2 A companion set of charge questions for communication issues is part of this Pilot Project.  Each 
time an issue is raised in this set of charge questions for derivation of BEs that impacts how BEs 
should be communicated, the word communication will be underlined for tracking purposes to 
assure the issue is raised during the expert workshop on communication issues. 
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Starting Point: Reproducing the Study that 
Underlies the TEG 

Hierarchy of BE Approaches 
The goal of the BE derivation process is to estimate a blood and/or urine level 
of a specific chemical consistent with exposures at TEGs to provide screening 
tools for interpreting biomonitoring data.  However, there are at least two 
conceptual approaches to arriving at BE estimates. 
 

1) Using human pharmacokinetic data/model, estimate blood and/or urine 
levels associated with exposure at the TEG 

2) Using pharmacokinetic data/model in the laboratory animal species 
used in the study underlying the TEG, estimate the animal blood 
(and/or urine3) level at the experimental point of departure (LOAEL, 
NOAEL, or BMDL) and apply appropriate safety factors (the issue of 
appropriate safety or uncertainty factors is discussed in more detail in 
subsequent sections).   

•  
• Figure 1: Parallelogram showing different approaches for deriving BEs. 

                                                 
3 The appropriateness of animal derived urine levels is the subject of a charge question discussed 

later. 
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• Should one of these approaches be considered superior to the other 
(assuming there is no difference in the confidence behind the 
underlying PK understanding in both species)? 

o How should differences in confidence in PK understanding, 
within each species, drive this decision? 

o Does confidence in the understanding of MOA and relevance of 
biomarker to target tissue concentration of active moiety 
influence the approach? 

 
When both types of pharmacokinetic data are available, estimates of the 
animal blood and/or urine levels associated with the POD may provide 
additional information on the margin of exposure between measured levels in 
humans and the levels in the animals at the POD.  For some compounds, not 
enough information will exist to calculate the BE associated with the POD in 
the appropriate species, but there will be sufficient knowledge to calculate the 
human equivalent BE at the exposure scenario used for the POD.   

• When this is the case, is it informative and appropriate to provide this 
calculation as additional information for assessing MOE? 

o If so, how should this be noted or should it be called something 
different than a “BEPOD”?   

Nomenclature 
Based on the possible approaches for deriving BEs, there are numerous 
combinations that potentially impact the nomenclature (subscripts, 
superscripts, etc.) that could be used in designating BEs.  The various possible 
combinations include: 

• POD versus TEG 
• Animals versus human derived 
• Dose metric: peak, average, etc. 
• TEG with all the UFs versus a TEG with some UFs adjusted 
• Non-cancer versus cancer 
• Blood vs. urine 
• Others? 

This raises the following charge questions: 
• Does the use of different nomenclature help or hurt communication 

efforts? 
• Based on this, what different nomenclatures should be utilized? 
• Should the term “BE” be limited to use for biomarker concentrations 

that are consistent with exposure at a TEG rather than an underlying 
point of departure? 
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Kinetics of transient dosing regimens for short-
lived compounds 
For short-lived compounds, the profiles of the chemicals in blood and/or urine 
may be transient, with short-term peaks following daily oral exposures.  
Likewise, in the animal studies (and sometimes human studies) that underlie 
the development of the TEG, the dosing (or exposure for humans) regimen 
may have resulted in transient peak chemical concentrations in the animals or 
humans.   

• If a dosing regimen used in the animal study (e.g., gavage 
administration and diet or drinking water exposure) resulted in 
transient peaks of biomarker concentrations, should the predicted peak 
levels of the biomarker be carried forward in the BE evaluations?   

• Is it more appropriate to carry forward the average biomarker level? 
• Should the mechanism of action (MOA) dictate this decision? 

o If the MOA is thought to be associated with peak levels of 
compound or peak rate of metabolism, then is peak the most 
appropriate to carry forward?  

o If the MOA of action is thought to be more closely associated 
with average concentrations of compound in a target tissue (or 
blood) and/or area under the concentration curve (AUC), then 
how should the transient nature of the dosing regimen in the 
underlying study be captured to most accurately characterize a 
BE? 

o Should the level of confidence in the prediction of peak versus 
average blood levels impact this decision? 

 
Do decisions made regarding this topic raise communication issues?  When 
possible, is it better to use another strategy such as 24-hour urine collection, 
selection of a metabolite with a longer half-life (regardless of whether it is 
specific or not) to overcome this potential transient issue?   
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Figure 2: Blood concentration vs. time profiles for toluene based on the rat 
LOAEL and BMDL (predicted following the gavage dosing administration used 
in the underlying study), and human exposures (for various exposure 
scenarios) consistent with the RfD. 
  

Reproducing occupational exposure regimens 
For some compounds, the study underlying the TEG is based on an 
occupational cohort that has typically been exposed to a chemical for 8 hours 
per day, 5 days per week.  Most TEGs that are based on these types of studies 
typically use a duration adjustment factor to extrapolate to protect 24 
hour/day 7 days a week exposures experienced in the general population by 
multiplying the occupationally-associated point of departure (POD) by 10/20 
(to account for differences in volume of air inspired in occupational setting 
versus general sedentary populations) and 5/7 (to account for 5 versus 7 days 
of exposure).   
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Figure 3: Parallelogram showing approaches to calculating BEs. 

 
• Since the BE paradigm captures the kinetics of these transient 

exposures, is this adjustment necessary? 
• Should this be dictated by MOA considerations?  For instance, the 

adjustment for 10/20 and 5/7 usually results in a blood profile that is 
equivalent to the average (or AUC) blood concentration experienced in 
the occupational POD.  If the MOA is more closely associated with peak 
vs. AUC blood levels, should this adjustment be included in the BE 
derivation?   

 
 



 51 

0
0.05
0.1

0.15
0.2

0.25
0.3

0.35
0.4

0.45

0 20 40 60 80
Time (hrs)

To
lu

en
e 

in
 V

en
ou

s 
B

lo
od

, m
g/

L

NOAEL, 128
mg/m3 (34 ppm),
8 hr/d

NOAEL-Adj, 46
mg/m3 (12 ppm),
24-hr

RfC, 5 mg/m3
(1.3 ppm), 24-hr

 
Figure 4: Peak toluene blood concentrations associated with occupational 
exposure at the NOAEL are more than 20-fold greater than the blood 
concentrations associated with exposure at the RfC (while the RfC was derived 
using a composite UF of only 10). 
 
 

Issues associated with longer-lived compounds 
What additional issues should be addressed in the derivation or 
communication of BE values for longer-lived compounds?  What if large 
species differences exist in half-life (between humans and the animals used in 
the underlying toxicology tests)?  How should MOA guide this?  (The EPA PFOA 
risk assessment has some potentially insightful discussion of this topic – 
http://www.epa.gov/opptintr/pfoa/pubs/pfoarisk.pdf ). 
 

Issues associated with use of adducts as 
biomarkers 
Compound-specific adducts (in particular hemoglobin adducts) are popular 
analytes for biomonitoring studies (see acrylamide BE dossier).  Species 
differences in rates of red blood cell (RBC) turnover and chemical-specific 
hemoglobin binding affinity can create some very disparate estimates of 
hemoglobin adduct levels in animals and humans exposed to similar doses of a 
chemical.  If the MOA is either not known or is not directly related to the 
concentration of circulating hemoglobin adducts, should the animal derived 
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BERfC (for instance) be used in preference over the human derived BERfC or vise 
versa?  If the MOA is known, how should this guide the choice of the method 
for calculating the BEs? 

Accounting for Pharmacokinetic Variability 
Uncertainty factors are generally used in the derivations of TEGs to account for 
uncertainty and variability associated with pharmacokinetic and 
pharmacodynamic factors that affect extrapolation to a tolerable exposure in 
humans (see figure below from Dorne et al. 2005).  Some of these UF 
components account for factors that are expressly addressed in the BE 
process.  For instance, when PBPK models and internal dose have been used in 
deriving TEGs (e.g., see IRIS assessment for EGBE), some components of the 
default UFs associated with interspecies and intraspecies extrapolation have 
been set to 1.   If sufficient pharmacokinetic information is available, does the 
BE process allow or require adjustment of default uncertainty factors originally 
applied in the derivation of a TEG?  How should UFs be addressed in BE 
development? 
 
 

 
Figure 5: Chemical specific Uncertainty Factors proposed by Dorne et al. 
(2005)  
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A. Interspecies extrapolation 
One pathway for derivation of a BE value starts with laboratory animal data at 
the point of departure and uses animal pharmacokinetic data (or measured 
blood concentrations in the animal) to estimate blood concentrations 
associated with the experimental dosing regimen in the critical study (See 
Figure 1 above, pathway number 2).  Use of internal dose as the exposure 
metric suggests that the pharmacokinetic (PK) component of the interspecies 
UF could be reconsidered since pharmacokinetic differences between species 
may be explicitly accounted for in the BE process when starting from 
underlying animal data.  The EPA risk assessment for ethylene glycol 
monobutyl ether (EGBE) has addressed this issue and may provide some 
insights here (http://www.epa.gov/iris/toxreviews/0500-tr.pdf ). 

• Does this depend on the proximity of the biomarker to the toxic 
moiety? 

• If this UF is adjusted, does this create communication issues and/or 
change the definition of the BE? 

• What if pharmacokinetic data are available to take both pathways 
illustrated in Figure 1 above and the ratio of the BENOEL (calculated 
using kinetic information in animals) to the BERfC (calculated using 
kinetic information in humans) is substantially different than the 
composite UF used in deriving the RfC.  How should this situation guide 
the choice of the most appropriate way of deriving the BERfC?  Does it 
matter if the ratio is greater or less than the composite UF?  

 

B. Intraspecies extrapolation 
 
Variations in human physiological parameters including body weight, cardiac 
output, alveolar ventilation rate, basic metabolic capability, etc. have been 
extensively studied, particularly with respect to their impact on the 
pharmacokinetics of volatile organic compounds (VOCs) (see, for example, 
Pelekis et al. 2001).  Such variability is almost never explicitly addressed in 
the derivation of TEGs such as RfDs, MRLs, etc., except when noted as 
representing a portion of the default interindividual UF (see, for example, the 
figure above from Dorne et al. 2005).  Instead, TEGs such as RfDs include the 
default UF (usually a factor of 3) and conclude that the resulting TEG will be 
protective of sensitive subpopulations (from the toxicokinetic point of view).  
The following information regarding toluene highlights this issue. 
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Figure 6: PBPK model simulations of toluene concentrations in blood following 
continuous inhalation exposures as a function of age. 
 
 
Based on work by Nong et al. (2006), infants and children develop CYP2E1 
capability gradually.  Accounting for this development indicates that neonates 
and infants exposed at the RfC would develop blood concentrations 
approximately 2 to 3-fold higher than adults.  This is consistent with the 
intraspecies UF PK factor included in the development of the RfC.  However, 
use of the predicted adult blood concentration at the RfC (approximately 20 
ug/L) as a screening criterion for evaluating measured blood concentrations 
would suggest, erroneously, that the infants (with blood concentrations 
approaching 50 ug/L) were exposed to concentrations HIGHER than the RfC. 
 
Knowledge of the kinetics of a chemical in humans is usually based on studies 
conducted in a small population of individuals.  Based on these types of data, 
an understanding of the mean kinetics in this population can be gleaned, but 
the variability among the human population is usually not well characterized.  
As a result, the BE will usually be calculated using a mean set of parameters in 
the kinetic model or empirical relationship between exposure and biomonitored 
concentrations.  When the TEG is developed with a presumption that the 
sensititive populations are protected via an UF of 3 to account for PK 
variability, there will be a disconnect between the BE estimate at the TEG 
(derived using a mean set of kinetic parameters) and what the TEG is 
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designed to represent (ie., the kinetics of the sensitive individuals).  This 
raises the following issues:  

• Is it useful to attempt to evaluate such variability in the BE derivation 
process when appropriate models and data are available, even if 
assessment of such variability was not a part of the derivation of the 
TEG?     

• Should BE values be derived and presented for the central tendency of 
available data and models, or should an approach be used to account 
for known variability?  Options for an alternative approach could 
include: 

o Use the central tendency estimate of kinetics, but apply the 
model to a modified TEG value that has been adjusted to 
remove the default intraspecies PK UF component.   

o Apply the kinetic model to the unaltered TEG, use only the 
central tendency on kinetics to calculate the BE and address this 
issue via communication (for instance, language could be 
provided describing the fact that the BE is derived for the mean 
of the population and it is anticipated that a biomonitoring level 
three times higher than the BE may be consistent with 
exposures at the RfC).   

o How are these considerations affected if the toxic moiety is a 
bioactivation product of the measured compound?  

• Intraspecies variability also impacts the estimation of urinary 
concentrations.  Anticipated variability in several factors can result in 
urinary concentrations that are higher or lower than the mean estimate 
following exposure to the same external dose (see the 2,4-D case study 
for a description of this variability): 

o Hydration status affecting urinary volume 
o Variable creatinine production rates 

Again, how should this variability be addressed and/or communicated 
in the BE process? 

BEs for Cancer Risk 
• Should BEs be developed for cancer risk assessments? 

o How does the implicit assumption of lifetime exposure at the 
measured concentration impact interpretation of measured 
tissue concentrations? 

• If so, how should BEs for cancer be developed? 
o Should a BE at the 1e-6, 1e-5, 1e-4 etc. level be calculated? 
o Should a BE be calculated as the risk per unit blood or urine 

concentration?  If so, using what dose metric?  Peak, average, 
etc.? 

o Is it better to use animal or human PK/model info? 
 Should one be considered better than the other? 
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 Should they be documented differently? 
• Is a BEPOD appropriate for cancer?  If so, 

o What POD should be used if benchmark dose (BMD) modeling 
was not used to derive a POD?   

o Should a NOAEL be selected?   
o Should independent BMD modeling be conducted?  If so, should 

a set percent response be used (e.g., 1%, 2%, 5%, 10%, etc.)?   
o Is it better to use animal or human PK/model info to calculate 

the BEPOD?  What if animal or human PK/model info is not 
available?  Should one or the other be used as a surrogate for 
the other?  

o Should the approach differ for genotoxic versus non-genotoxic 
chemicals? 

 
 

Derivation of BEs Based on Urinary 
Measurements 
Because of the ease of collection, urine as a medium for biomonitoring 
presents some advantages over blood for some chemicals.  However, use of 
urine presents specific challenges.  In particular, because hydration state can 
affect the concentration of chemicals in urine, approaches for correction for 
hydration status should be assessed.  Creatinine adjustment is often used as 
an attempt to adjust for hyrdration status, but creatinine production is itself 
variable and use of this approach introduces variability that may be of similar 
magnitude to that associated with variations in hydration status. 
 

Accounting for Hydration Status 
The draft dossiers for 2,4-D and acrylamide present approaches to BE 
derivation based on both volume and creatinine adjustment.  Key questions 
that arise from this effort are identified below: 
 

• Does creatinine adjustment provide advantages over a simple volume 
adjustment approach?  

o Two approaches to creatinine adjustment are used in two case 
studies involving urinary markers (2,4-D and acrylamide).  In 
the 2,4-D case study, an attempt was made to account for 
variability in creatinine production in children and adults based 
on predictive formulas and data.  In the acrylamide case study, 
central tendencies were used for children and adults. Comment 
on the approaches outlined in these two case study drafts.   
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How could these methods be improved?  See discussions of 
Mage et al. (2004); Barr et al. (2005); Garde et al. (2004); 
Remer et al. (2002). 

o When the variability in creatinine excretion is included in the 
derivation of creatinine-adjusted BE values, is it appropriate to 
report the higher end of the range of creatinine-adjusted 
chemical concentrations (associated with the lower end of 
predicted creatinine production for each age group)?  If central 
tendencies are used, then some individuals who are clearly 
normal, but who have creatinine production lower than the 
mean, will appear to have elevated urinary concentrations of the 
target compound even when exposed at the tolerable dose. 

• Is the approach of using 24-hour urinary volumes to estimate BE 
values on a concentration basis as or more valid than using creatinine 
adjustment? 

o If so, should average 24-hour urinary volumes be used?   
o How much variability will be introduced by the use of urinary 

spot samples rather than 24-hour collection, and can that 
variability be characterized and represented in the BE values?   

 Scher et al. (in press) compared morning void (MV) to 
24-hour sample concentrations in a study of farm 
workers and their families and found that the 
concentrations in MV samples varied by factors of 2 to 3 
compared to the 24-hr collection concentrations and 
tended to overestimate (but not universally) the 
concentrations in the 24-hr samples.  This was attributed 
to timing of exposure and sample collections. 

• Should both the creatinine-adjusted and volume basis BE values be 
represented?  If so, should both represent the upper end of the 
predicted range, the average, or the lower end of the predicted range 
of values associated with exposure at a tolerable exposure guideline? 

• Does this issue of variability due to hydration status suggest that BEs 
based on urinary markers be presented with a “plus or minus” factor 
range explicitly represented?  Is there another approach to 
communicating or characterizing the impact of this variability on the 
interpretation of individual measurements of chemicals in urine? 

 

Non-Specific Metabolites 
Another major issue related to interpretation of urinary biomarkers is the 
availability of non-specific metabolites.  In many cases, these markers are not 
directly related to toxicity (they are on detoxification pathways and are formed 
downstream of the toxic moiety) and can also be encountered in the 
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environment directly.  Can such markers be useful in the BE framework?  This 
issue may also arise with respect to compounds measured in blood. 
 

• Bounding estimates of such markers could be made, assuming that all 
of the non-specific marker derived from a parent chemical of interest.  
However, interpretation of exceedences would be complicated by the 
other potential sources of the marker. 

• Are there other approaches that could be used in the BE framework 
using such markers? 

Conflicts Among TEGs   
For some compounds, both an RfC and RfD exist in USEPA IRIS, and both are 
based on systemic effects, or both an RfD and an MRL exist.     

• When BEs derived from two different TEGs produce substantially 
different results, should this apparent conflict be addressed?  (See 
toluene BE dossier for a discussion of this issue and example below). 

• If a “preferred” value is to be identified, what criteria should be used 
for choosing which should be preferred? 

o TEG derived based on human data over that derived based on 
animal data? 

o Confidence in PK understanding? 
o Dosing regimen from underlying study (e.g., gavage vs. 

inhalation)? 
o Relevance of exposure pathways in environment (e.g., if oral 

exposures are thought to predominate in the environment for a 
chemical, should the BERfD be chosen over the BERfC, or vise 
versa)? 

o Magnitude of UFs incorporated in the derivation? 
o Year the TEG was derived or finalized? 

 
EXAMPLE:  Toluene.  Exposures at the USEPA RfC and RfD values are 
estimated to produce substantially different blood concentrations, and the 
TEGs for inhalation exposure established by various agencies differ by a factor 
of 20. 
 
 
 
 
 
 
 
 



 59 

 
 

0

0.005

0.01

0.015

0.02

0 10 20 30 40 50 60 70 80
Time (hrs)

To
lu

en
e 

in
 V

en
ou

s 
Bl

oo
d,

 m
g/

L

RfD, adult human, once per day RfD, adult human, three divided doses

RfC, 5 mg/m3, adult human RfD, constant infusion

 
Figure 7: Modeled blood toluene concentrations associated with exposure at 
the USEPA RfC or RfD under several exposure scenarios.   
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Figure 8: Estimated blood concentrations of toluene associated with the point 
of departure and the TEGs for inhalation exposure from several agencies.  
Point of departure for each TEG was established based on human occupational 
datasets.  Although the POD values are generally similar, the TEGs vary by a 
factor of 20 (ranging from 1 to 20 ug/L) due primarily to differences in 
selection of UFs among agencies. 
 

Documentation of Confidence  
Each BE will be based on varying levels of scientific knowledge of animal or 
human kinetics.  This variability in available data will impact the level of 
confidence in the calculated BE.   

• Documentation of confidence in BE calculation  
o How should the confidence in the BE calculation be documented? 
o Should there be a section highlighting what type of data would 

improve confidence in BE calculation?  
• Documentation of confidence in BE analyte/medium for ease of 

interpretation for risk assessment purposes 
o How should this be characterized? 
o Should recommendations be provided for alternative biomarkers 

that could be more easily interpreted from a risk assessment 
standpoint? 
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Dossier format  
The current format for the BE dossiers is open to recommendations for 
improvement.  What additional sections should be added or deleted?  Should 
any sections be combined (are some sections redundant)?  Should they be 
organized differently? 
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Abstract 
Biomonitoring Equivalents (BEs) are defined as the concentration of a chemical 
(or metabolite) in a biological medium (blood, urine, human milk, etc.) 
consistent with defined exposure guidance values or toxicity criteria including 
reference doses and reference concentrations (RfD and RfCs), minimal risk 
levels (MRLs), or tolerable daily intakes (TDIs) (Hays et al. 2007).  The utility 
of the BE is to provide a screening tool for placing biomonitoring data into a 
health risk context.  A panel of experts took part in the Biomonitoring 
Equivalents Expert Workshop to discuss the various technical issues associated 
with calculating BEs and developed a set of guidelines for use in the derivation 
of BEs.  Issues addressed included the role of the point of departure (POD) in 
BE derivation, the appropriate application of human and animal kinetic data 
and models, consideration of default uncertainty factor components in the 
context of internal dose-based extrapolations, and relevance of mode of action 
to technical choices in kinetic modeling and identification of screening values. 
The findings from this expert panel workshop on BE derivation are presented 
and provide a set of guidelines and considerations for use in BE derivation. 

   

Introduction  
Interpretation of occupational biomonitoring data in a health risk context has a 
substantial history (Yager, 1990; Rappaport et al., 1995; Morgan, 1997; 
Fiserova-Bergerova, 1987; Fiserova-Bergerova, 1990).  However, a framework 
has been lacking for the interpretation of biomonitoring data from the general 
public exposed to environmental chemicals.  The concept of the Biomonitoring 
Equivalent (BE) presented in Hays et al. (2007) is an approach for using 
available pharmacokinetic data and forward dosimetry to calculate levels of 
biomarkers anticipated to be associated with exposures consistent with 
general population exposure guidance values such as reference doses (RfDs), 
minimal risk levels (MRLs), and tolerable daily intakes (TDIs) and the 
underlying toxicological points of departure (PODs) as a basis for putting 
biomonitoring data into a public health risk context (Figure 1).  Hays et al. 
(2007) recognized that BEs in their simplest definition are a basic, screening 
level approach for putting biomonitoring data into a health risk context (Figure 
2). Along a continuum of increasing sophistication (and data requirements), 
BEs are more sophisticated than generic screening criteria analogous to 
Thresholds for Toxicological Concern (TTCs) (Kroes et al., 2004).  However, 
the BE approach (in its simplest form) is less sophisticated than a 
comprehensive internal dose-based risk assessment, which in turn may have 
greater uncertainties than biomonitoring interpretation tools that are based on  
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Figure 1: Schematic diagram showing parallelogram concept for calculating 
BEs and possible routes for deriving a BE. 

 

human biomonitoring based epidemiology (for example, blood lead screening).  
The BE leverages existing exposure guidance values and existing information 
on pharmacokinetics in animals or humans to convert an existing exposure 
guidance value and POD into a biomarker level.  The internal dose based risk 
assessment approach relies on quantitatively relating the POD in animals (or 
humans) to a critical dose metric (the tissue concentration of the active 
chemical form causing the toxicity) that then is used as the metric to scale to 
a tolerable exposure level in humans.  The human epidemiology-biomonitoring 
derived standards rely on developing a quantitative understanding of the 
relationship between biomonitoring levels in humans and an observed 
biological/toxicological response (an example is the US Centers for Disease 
Control level of concern established for lead of 10 µg/dL [or 100 µg/L] blood).  
The approaches have commonality with the methods identified in the National 
Research Council report on the interpretation of biomonitoring (NRC, 2006).  
The closer or more relevant the biomarker is to the critical dose metric, the 
more closely aligned with an internal dose risk assessment the BE may 
become, and the less uncertainty may be associated with use of the BE value 
for interpreting human biomonitoring data (Hays et al., 2007).  In such cases, 
consideration may be given to replacing default UF components for 
pharmacokinetic variability with modeling approaches, similar to approaches 
previously used in risk assessments for compounds with well-developed 
physiologically based pharmacokinetic (PBPK) models (see, for example, 
USEPA 1999).   
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Figure 2: Sophistication continuum of biomonitoring screening and 
interpretation tools.  Generic screening criteria analogous to Thresholds of 
Toxicological Concern (TTCs; Kroes et al., 2004) could conceivably be 
developed without use of chemical-specific information.  BEs use available 
chemical-specific pharmacokinetic information, but limited information on 
internal dose-response and mechanism of action.  A comprehensive internal 
dose-based risk assessment would rely on more complete understanding of 
those factors, while standards derived directly from biomonitoring-based 
epidemiological data (for example, the blood lead standard) represent the 
most sophisticated biomonitoring interpretation tools.  Along with the 
increasing level of sophistication is a requirement for increasing resources and 
information for development. 

 
There are several approaches available for developing BEs which vary in 
sophistication and robustness (Hays et al., 2007).  Numerous specific issues 
and options likely to be encountered in the derivation of BEs were identified, 
including: 

• What types of exposure guidance values should be used as the basis 
for derivation of BE values? 

• Is it better to start with animal pharmacokinetic information and 
calculate biomarker concentrations associated with the POD and then 
transform to a BE by applying appropriate uncertainty factors (UFs), or 
is it more scientifically defensible to simply calculate the BE in humans 
as a direct translation of exposures at the exposure guidance value 
(see Figure 1)? 
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• Does use of internal dose metrics suggest or require the replacement of 
default UFs associated with inter- or intra-species pharmacokinetic 
variability with modeling approaches?  

• Do exposure guidance values set for short-lived and/or long-lived 
biomarkers pose unique challenges that should be addressed through 
special approaches for calculating BEs? 

An Expert Panel was assembled to consider the technical issues inherent in the 
derivation of BE values.  The objective of the Derivation Workshop was to 
develop guidelines to inform the selection of data and approaches for deriving 
Biomonitoring Equivalents (BEs).  The Expert Panel’s evaluations and 
responses to charge questions served as the basis for this guidelines paper.   

Communication of BEs is an important aspect and should help guide the 
derivation of BEs.  As a result, the Expert Panel included members with 
expertise in risk communication, ethics, and medicine who took part in the 
deliberations and provided context about how decisions in deriving BEs impact 
the communication of BEs and their utility for communicating the 
interpretation of biomonitoring data in a health risk context1.   

The BE concept, as initially proposed, focused on a relatively simple translation 
of existing health-based exposure guidance values such as RfDs, reference 
concentrations (RfCs), MRLs and TDIs into estimated biomarker concentrations 
(Hays et al., 2007).  However, the use of pharmacokinetic data to estimate 
internal dose metrics associated with external doses requires consideration of 
the extrapolation process used to derive the exposure guidance values, 
beginning with the underlying POD.  Further, the BE approach provides the 
opportunity to replace default uncertainty assumptions with chemical-specific 
information, depending upon the relationship between the biomarker and 
critical dose metric.  As a result, the focus shifted towards a more 
fundamental, internal dose-based risk assessment approach for the BEs, 
starting with the POD from the animal toxicology study (or human toxicity 
data) underlying a given exposure guidance value.  This shift in focus grew out 
of several considerations, including the goal of increased transparency in the 
derivation; the potential for harmonization of BE values derived from exposure 
guidance values established by different agencies; the potential for 
harmonizing the approach to derivation of cancer and non-cancer based 
values; and the ability to incorporate a margin of exposure (MOE) framework 
in the use of BE values in the interpretation of biomonitoring data.  These 
considerations are discussed in more detail throughout this Workshop report.   

 

                                                 
1 The communication panel also had charge questions that guided their own deliberations.  The 
results of those deliberations are included in the companion paper (LaKind et al., in press). 
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Starting Points for BE Derivation 
The Panel considered in detail the initial steps involved in deriving BE values.  
In particular, the following topics were discussed: 

• Selection of exposure guidance values 

• Selection of analytes 

• Pharmacokinetic data requirements 

• Point of departure (POD) underlying the derivation of the exposure 
guidance value(s) as the major focus of derivation 

The Panel’s evaluation of each of these topics is discussed further below. 

Exposure Guidance Value Selection 
Exposure guidance values designed for protection of the general population, 
including sensitive subpopulations under chronic exposure conditions, are 
appropriate to use as starting points for BE derivation.  These include RfDs and 
RfCs from the US Environmental Protection Agency (US EPA), MRLs from the 
US Agency for Toxic Substances and Disease Registry (ATSDR), and TDIs from 
the World Health Organization (WHO) or Health Canada.  When using these 
values, evaluations should focus first on the POD selected as the basis for the 
derivation of the associated exposure guidance value(s) for reasons discussed 
further below.  Preference would be given to exposure guidance values based 
on more recent toxicological evaluations, which are more likely to consider all 
relevant data, but it may also be important to use values applicable to the 
country, geographic location, or population for which the BE will be used. 

Exposure guidance values specific to intermediate or acute duration exposures 
could be used as the basis for BE derivation, with the provision that such BE 
values be applied only to biomonitoring data generated under comparable 
exposure situations.  For example, a BE value derived based on an acute 
duration exposure guidance value would be appropriately applied to evaluate 
biomonitoring data collected following an acute exposure event. 

BEs derived from occupational standards might be useful or appropriate for 
interpretation of biomonitoring data from occupationally exposed individuals, 
but they cannot simply be used for interpretation of biomonitoring data from 
the general population because, workplace exposure standards usually have 
not been developed with the goal of protecting the health of  the general 
population.  The American Conference of Governmental Industrial Hygienists 
(ACGIH) develops values similar to BEs, called biological exposure indices 
(BEIs) for selected chemicals.  The BEIs typically would be applied by 
occupational health groups for analyzing biomonitoring data from exposed 
workers.   
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Exposure guidance values based on technological rather than health 
considerations (for example, exposure guidance values that are set to 
accommodate best available control technology, or chemical detection limits, 
etc.) are not an ideal basis for BE development, because biomonitoring data 
either below or above BEs for such values cannot be interpreted in a health 
risk context, but only, potentially, in an exposure context.  Exposure guidance 
values that are established to protect route-of-entry effects present additional 
issues in the interpretation of biomonitoring data.  For instance, some RfCs 
may be established to protect from pulmonary effects and some RfDs may be 
established to protect against gastrointestinal effects due in both cases to local 
effects at the site of entry into the organism.  Since biomonitoring data cannot 
distinguish among the routes of entry for chemical exposures, BEs derived 
from exposure guidance values established to protect against route of entry 
effects could be misleading unless the exposures for a given chemical are 
known to occur predominantly by the route of entry of concern.  

Target Analyte Selection 
The same considerations that drive the selection of a target analyte for BE 
derivation are generally also factors in the design of biomonitoring studies and 
health surveillance programs.  For any given chemical there could potentially 
be multiple BEs derived for different analytes (e.g., parent and metabolites) in 
different biological matrices (e.g., blood, urine, hair).  From a practical point of 
view, the primary consideration in the selection of the target analyte should be 
to identify the combination of analyte(s) and biological matrix associated with 
a specific chemical exposure for which analytical methods already have been 
developed.  BE values based on such analytes would have the most utility in 
interpretation of existing biomonitoring data.  However, additional 
considerations should help guide the selection of target analytes for 
development of BEs to best facilitate the interpretation of biomonitoring data 
in a health risk context, including: 

• Specificity.  Where possible, the analyte should be a specific marker of 
exposure to the chemical of interest.  From the toluene case study 
(Aylward and Hays, 2008) two urinary markers for toluene used in the 
occupational realm, ortho-cresol and hippuric acid, are non-specific to 
toluene and of limited use at environmental exposure levels, while 
toluene in blood is a specific biomarker. 

• Relevance to toxicity.  Where information is available to guide the 
decision, analytes should be selected that are most relevant to the 
toxic endpoint of interest.  For example, toluene in blood is directly 
relevant to nervous system responses, the most sensitive responses 
observed in humans following inhalation exposures. 



 71 

• Relevance to exposure. In some instances, available analytes most 
directly relevant to toxicity (such as a minor, but toxic metabolite) may 
be poorly related to exposure, and may thus have limited applicability 
in the interpretation of body concentrations relative to specific levels of 
exposure. In this instance, depending upon the purpose of the BE and 
the availability of various analytes, one may wish to develop a BE for a 
biomarker closer to exposure, closer to toxicity, or perhaps both.  

• Stability of analyte.  In some instances, the parent compound or active 
moiety is short-lived.  Where possible and informative, analytes that 
are more stable should be targeted.  For example, some urinary 
metabolites of short-lived compounds are longer-lived and could 
provide a time-integrated indication of exposure (but would not provide 
information on peak concentrations at the critical tissue).  In the case 
of acrylamide (Hays and Aylward, 2008), hemoglobin adducts provide a 
more persistent marker of acrylamide exposure than parent compound 
in blood. 

• Acceptability.  Biomarkers in media requiring a less-invasive collection 
procedure (for example, hair or urine) may be preferred, and any 
cultural or ethnic considerations may also affect selection of biological 
media. 

• Ease of interpretation. The process of developing a BE also would likely 
require identifying the most relevant and easily interpretable biomarker 
from a health risk context.   

The description of the BE derivation should include recommendations for 
the optimal biomarkers (analyte and matrix) and also include a discussion 
of the considerations in the choice of the biomarker in the documentation. 

Pharmacokinetic Data Requirements   
A wide variety of pharmacokinetic data and analyses may be available for use 
in the BE derivation process. A fully developed PBPK model, while desirable, is 
not necessary for the process.  While there is a preference for relying on 
human data to relate external dose to biomarker concentrations (Figure 1, 
pathway 1), there was a recognition that when the exposure guidance value is 
based on animal data and there is information available on relevant internal 
dose metrics in the animals at the POD for the derivation (Figure 1, pathway 
2), this information could inform an internal dose-based derivation of a BE 
consistent with the exposure guidance value.  This raises the issue of what 
uncertainty factors (UFs) are appropriate for use in conducting elements of an 
internal dose-based risk assessment (relationship 3, Figure 1); no clear 
guidance has previously been developed for this issue.  A more formal 
structure for the use of both animal and human data and application of 
appropriate UFs (discussed further below) was developed, including criteria for 
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determining when pharmacokinetic data or models might replace 
pharmacokinetic components of default UFs.  A key consideration is the degree 
to which there are available data on the active compound (parent or 
metabolite), mode of action, and critical dose metric; such data would help 
inform the use of animal and/or human data in derivation of a BE.  An 
understanding of whether the animal metabolic pathways are similar to those 
in humans is also important.  The closer the relationship between biomarker 
(e.g., blood concentration) and the critical effect (principal target organ 
effect), the more estimates of such concentrations in the critical animal study 
can be used with confidence.  Conversely, the more removed the biomarker is 
from the dose metric and critical effect, the more modeling and human data 
are needed, with correspondingly less confidence in the BE.  When animal 
pharmacokinetic data are used, the BE should be based on data derived in the 
species and preferably strain used in the study that served as the basis for the 
exposure guidance value.   

Finally, for some data-poor compounds, information to support BE derivation 
could be developed relatively easily by conducting experiments to provide 
direct measurements of biomarker concentrations associated with the species, 
strain, and dosing regimen used in the critical study that underlies the 
exposure guidance value derivation.  Some researchers have previously 
recognized this potential approach and have recommended that such data 
routinely be collected during key chronic toxicity studies during product 
development (NRC 2006; Saghir et al., 2006; Bahadori et al., 2007; Barton et 
al., 2006).  Under these conditions, a classical pharmacokinetic experiment or 
model is not strictly necessary for the development of a BE, since the 
information regarding biomarker concentration at the point of departure in the 
key animal study can be informative in the evaluation of measured biomarker 
concentrations in human populations (discussed further below). 

Assessment of Inter- and Intra-Species 
Pharmacokinetic Variability and Default 
Pharmacokinetic UF Components 
 

Risk assessments for non-cancer endpoints typically proceed from a POD to an 
exposure guidance value through the application of UFs that account for 
pharmacokinetic and pharmacodynamic variability both between animals and 
humans and among humans (Dorne et al., 2005).  There is an important 
interplay between default pharmacokinetic (PK) UFs routinely used in the 
derivation of exposure guidance values and the incorporation of available 
pharmacokinetic data and models in the derivation of BE values.   The BE 
relies on some measure of internal dose, which has the potential to reduce 
uncertainty in the risk assessment process (Andersen et al., 1987; Andersen 
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1995).  As a result, the modeler could or should, in certain situations, replace 
default PK uncertainty factors with modeling approaches.  The following 
sections capture some of the key considerations regarding UFs. 

Interspecies Pharmacokinetic Variability 
A central tenet in toxicology and pharmacology is that for an equivalent critical 
dose metric, most species will respond in an equivalent toxicological and 
pharmacological manner (although intrinsic differences in degree of sensitivity 
between animals and humans are assumed as a protective approach in 
chemical risk assessment) (Andersen et al., 1987; Andersen et al., 1995; 
Dorne et al., 2005).  As a result, modern risk assessments attempt to identify 
the mode of action and associated critical dose metric as a component of risk 
assessment to inform interspecies extrapolations.  In the ideal situation, the 
biomarker for a given chemical would be identical to the critical dose metric; 
thus, biomonitoring data would provide the most toxicologically relevant 
internal dose measure.  However, the concentration of a biomarker in blood, 
urine, or other biological medium is not necessarily identical to the critical or 
appropriate dose metric consistent with the mode of action for toxicity 
underlying the derivation of a toxicity value.   

The typical process for derivation of exposure guidance values incorporates a 
default interspecies UF component for pharmacokinetic differences (UFA-PK) or 
allometric scaling (e.g., using a form of body weight scaling to account for 
relative surface area to bodyweight) to account for presumed interspecies 
differences in pharmacokinetics.  When exposure guidance values have been 
derived using internal dose as the metric for extrapolation, modeling has 
replaced the use of default interspecies PK UFs (UFA-PK) ( see US EPA, 1999).  
In deriving BEs, it is recognized that if the biomarker concentration is 
essentially identical to (or directly proportional to) the critical dose metric, 
then plausibly the UFA-PK could be replaced in the derivation of a BE value with 
the use of chemical-specific animal pharmacokinetic modeling or data to 
estimate the biomarker concentration at the POD in the critical study.  
However, if the biomarker concentration is not directly related to the critical 
dose metric, or if the relationship is dependent on external exposure patterns 
(for example, route of exposure or temporal variations in exposure pattern), 
then replacement of the UFA-PK with modeling or pharmacokinetic data would 
not necessarily be appropriate.  Simulation studies for compounds with both 
animal and human pharmacokinetic models and a range of properties could 
illuminate the relationship between typical biomarkers (e.g., parent compound 
in blood) and various hypothetical critical dose metrics (e.g., AUC of parent or 
metabolite in a target organ, peak metabolic rate, etc.) under a variety of 
exposure scenarios and for a range of chemical properties. 

An example in which the relationship between the critical dose metric and the 
biomarker concentration in blood could be uncertain or different under 
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different exposure conditions is the case in which a metabolite produced in 
liver is responsible for toxicity.  The estimated exposures by the inhalation and 
oral routes that produced the same amount of metabolite in liver would be 
associated with different blood levels of the parent compound (for example, 
see BE dossier for trihalomethanes in this issue).  The differences would be 
larger for a compound with a high liver extraction (i.e., a large first pass effect 
for the oral route).   

Intraspecies Pharmacokinetic Variability 
The typical process for derivation of exposure guidance values also 
incorporates a default intraspecies uncertainty factor component (UFH-PK) to 
account for variability in pharmacokinetics between typical and 
pharmacokinetically sensitive members of the population.  As with the 
interspecies pharmacokinetic UF component, under some conditions (notably, 
where the biomarker concentration is directly related to the critical dose 
metric) a human pharmacokinetic model could replace application of the UFH-PK 
in extrapolation from the BEPOD.  However, in this case, the human “model” is 
directly represented by biomonitoring data.  For example, in the case where 
the parent compound is the active agent and metabolism results in 
detoxification and elimination, pharmacokinetically sensitive individuals would 
be those with slower metabolism.  These individuals would manifest higher 
concentrations of parent compound in blood for the same external exposure, 
and if this is the biomarker being measured, the pharmacokinetic sensitivity 
would be reflected in the elevated blood concentrations measured.  Thus, in 
the case where the critical dose metric is well-approximated by the biomarker, 
the appropriate BE value can be derived from the BEPOD and identification of a 
target margin of exposure which accounts for pharmacodynamic factors (inter- 
and intra-species) as well as appropriate inter-species pharmacokinetic 
extrapolation (as discussed above), but which does not include the default 
UFH-PK component.  However, when the relationship between the biomarker 
concentration and critical dose metric is not well-understood or is indirect, a 
default or chemical-specific model-derived UFH-PK can be applied.  The decision 
process for this determination is discussed in the next section of this 
Workshop report. 

Human pharmacokinetic data and PBPK models (where available) can help 
illuminate the degree of interindividual variability predicted under a variety of 
exposure.  Such information may be informative in the interpretation of 
biomarker concentrations, and should be included in the derivation 
documentation if available. 
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Flowchart and Process for BE Derivation 
There are two basic elements of the derivation process illustrated in Figure 3:  

• Identification of the biomarker concentration at the human equivalent 
POD (BEPOD), and  

• Identification of a target margin of exposure (MOE) to be applied to 
the BEPOD to derive the BE value commensurate with the exposure 
guidance value.   

The target MOE is influenced by whether the POD was derived from an animal 
or human study, the degree of confidence in the relationship between the 
biomarker and the critical dose metric, and whether animal or human 
pharmacokinetic data (or both) are available.  The following sections discuss 
the derivation of the BEPOD and the identification of appropriate target MOEs 
under various conditions. 

Derivation of BEPOD 

The POD that underlies an exposure guidance value is the recommended starting 
point for deriving BE values.  The advantages of this approach include: 

• Increased transparency in the derivation; 

• Ability to provide additional perspective for interpretation of human 
biomonitoring data;  

• Potential for harmonization between exposure guidance value 
derivations from different agencies (or to clarify potential sources of 
differences); 

• Potential to harmonize the approaches to derivation of BEs for exposure 
guidance values based on cancer versus non-cancer endpoints;  

• Ability to evaluate potential replacement of selected default uncertainty 
factors with chemical-specific pharmacokinetic data or modeling 
(discussed further below); and 
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• Ability to leverage information on mode of action and relevant internal 
dose metrics when available. 
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Figure 3: Flowchart of the process for derivation of BEPOD values under 
combinations of animal and human toxicity data and either animal or human 
pharmacokinetic data or models.  Key steps in the derivation include the 
evaluation of the application of default uncertainty factor components based 
on understanding regarding the relationship between the biomarker and the 
critical or relevant dose metric.  BMDL:  Lower bound on the benchmark dose; 
LOAEL:  Lowest observed adverse effect level; NOAEL:  No observed adverse 
effect level; POD:  Point of departure; UFA-PK:  Pharmacokinetic component of 
the default interspecies uncertainty factor; UFA-PD:  Pharmacodynamic 
component of the default interspecies uncertainty factor. 

 

Exposure guidance values derived by different organizations use a variety of 
starting points including the no observed adverse effect level (NOAEL), lowest 
observed adverse effect level (LOAEL), or benchmark dose from human or 
animal studies.  Therefore, a flexible decision-tree process is required to 
derive BEs from these values (Figure 3). In the BE derivation process, the POD 
is defined as a duration-adjusted and LOAEL- to-NOAEL-adjusted external 
dose or exposure concentration, that is, an exposure level equivalent to a 
NOAEL or appropriate benchmark dose or its lower bound.  Two types of 
duration adjustment are frequently used in deriving exposure guidance values 
and would therefore be used in BE derivation.  One adjustment commonly 
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applied extrapolates from discontinuous to continuous exposures (e.g., 5 days 
per week to 7 days per week).  The second adjustment relates to the overall 
duration of the exposure and the anticipated toxicities, for example acute or 
chronic effects.  Chronic exposure guidance values are often derived using an 
adjustment from studies with shorter exposure periods, notably subchronic.   

Once appropriate conversions for LOAEL to NOAEL and duration adjustment 
have been applied to arrive at the POD for BE derivation, the interspecies 
extrapolation process begins (if the exposure guidance value is based on an 
animal study).  The POD from the animal study will be converted to a human-
equivalent POD through application of appropriate modeling (on an internal 
dose basis when data or models permit) or default interspecies UFs (on an 
external dose basis), or some combination of the two approaches depending 
upon the available data. All such conversions and applications of modeling or 
interspecies UFs should be clearly described in the BE documentation along 
with the rationale for choosing among various alternatives.  Figure 3 presents 
a flowchart that captures the rationale behind the derivation of BEPOD values 
based on data from either animal or human studies under conditions in which 
either animal or human pharmacokinetic data (but not both) are available.  
Two key estimates of BEs are possible:  the BEPOD_animal and the human 
equivalent BEPOD.  The BEPOD_animal reflects the biomarker concentration in the 
animal species of interest at the POD (after adjustment for duration, etc., as 
discussed above).  The human equivalent BEPOD reflects biomarker 
concentrations consistent with the POD following application of appropriate 
interspecies extrapolation approaches (via application of pharmacokinetic data 
or modeling and/or default uncertainty factor components, as appropriate).  In 
cases in which the exposure guidance value is based on human health effect 
data rather than on an animal study, or in cases in which no animal 
pharmacokinetic data are available, no BEPOD_animal will be derived. 

For data-rich compounds, pharmacokinetic data or models may be available 
for both animals and humans.  Figure 4 presents approaches that could be 
used in the situation in which the exposure guidance value is based upon an 
animal toxicity study but pharmacokinetic data are available for both animals 
and humans (if the exposure guidance value is based on human toxicity data, 
animal pharmacokinetic data are irrelevant).  Two pathways are possible, 
leading to a BEPOD_animal and subsequently to a human equivalent BEPOD; the 
different pathways are distinguished by whether or not the critical or highly 
relevant dose metric is known for the critical toxicity endpoint.  The resulting 
human equivalent BEPOD value can be combined with the appropriate target 
minimal margin of exposure (MOEs) (identified in Table 1 and discussed in the 
next section) to derive the target BE value. 
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UFs/ Target MOEs:  Non-Cancer and Non-Linear 
Cancer Assessments  
Risk assessments for non-cancer endpoints typically proceed from a POD to an 
exposure guidance value through the application of UFs that account for 
pharmacokinetic and pharmacodynamic variability both between animals and 
humans and among humans (Dorne et al., 2005).  In addition, some non-
linear cancer risk assessments rely upon a similar approach, with identification 
of a POD for a key event in the mode of action and application of UFs.  The 
decision points for application of inter-species UFs are presented in Figures 3 
and 4.  Table 1 presents a breakout of the default intra-species UFs with an 
assessment of the appropriateness of the application of these factors to the 
human equivalent BEPOD value resulting from the process detailed in Figures 3 
and 4.   
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Figure 4: Flowchart of BEPOD derivation when the exposure guidance value is 
based on data from an animal toxicity study and both animal and human PK 
data are available.  The resulting human equivalent BEPOD values can be used 
with appropriate UFs identified from Table 1 to derive the target BE values.  
Abbreviations as in Figure 3. 
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In terms of the application of default uncertainty factors to derive BE values 
from exposure guidance values, the pharmacokinetic components of both the 
interspecies and intraspecies default UFs can appropriately be replaced with 
modeling approaches under some circumstances. In the case of the 
interspecies pharmacokinetic component (UFA-PK), use of an internal dose 
metric based on modeling for extrapolation between animals and humans 
replaces this component when the biomarker is judged to be directly related to 
the critical internal dose (see Figure 3).  However, if the relationship between 
the biomarker and the critical dose metric is not well understood, or if that 
relationship may be different in humans than in the laboratory animal species, 
this component of the default uncertainty factor may be retained.   

 

Table 1: Assessment of chemical-specific target minimal margin of exposure 
(MOE) (or composite uncertainty factors) between the estimated biomarker 
concentration at the human equivalent POD (human equivalent BEPOD; see 
Figures 3 and 4 for derivation flowcharts) and measured biomarker 
concentrations in the general population for reference exposure values based 
on non-cancer endpoints.  The target BE value commensurate with the 
exposure guidance value for screening general population biomonitoring data 
is derived by dividing the human equivalent BEPOD by the appropriate 
composite UF.  Note:  interspecies UFs (pharmacokinetic and 
pharmacodynamic) are accounted for in the derivation of the human 
equivalent BEPOD). 

 

 

UF Component† 

Biomarker is directly 
related to critical 
target tissue dose 

metric 

Biomarker is distant 
from critical target 

tissue dose metric or 
relationship is 

unknown 

UFH-PD Yes Yes 

UFH-PK No Evaluatea 

Additional UFsb As specified by deriving agency. 

Composite UF Product of component UFs 
† For the purposes of this discussion, the value of each UF component is  
assumed to be one-half an order of magnitude, rounded to 3.  Other apportioning of these UF 
components could be contemplated. 
a As discussed in text, UFH-PK may be appropriate if the potential for intraspecies variations in the 
relationship between the biomarker concentration and the critical dose metric exist, and this factor 
should be evaluated on a case-by-case basis. 
b May be applied for database uncertainties or other reasons, depending on regulatory agency 
determinations. 
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The relationship between measured biomarker and critical internal dose also 
influences the decision on use of the pharmacokinetic component of the 
default intraspecies uncertainty factor (UFH-PK).  If the biomarker concentration 
is expected to be directly proportional to the critical internal dose, no UFH-PK 
factor is necessary because the measurement of biomarker concentration in 
humans explicitly addresses “pharmacokinetic sensitivity”:  persons who are 
pharmacokinetically sensitive will develop higher biomarker concentrations 
than those who are average for the same external exposure.  However, when 
the relationship between the biomarker and the critical internal dose is less 
certain, the possibility exists that individuals within the population with the 
same measured biomarker concentration may develop different concentrations 
of the critical internal dose.  In such a case, an evaluation should be made as 
to whether the UFH-PK should be retained (see Table 1).   

The determination regarding whether each of these pharmacokinetic 
components of default uncertainty factors has been accounted for through 
modeling or the measurement of biomarkers in humans is affected most 
strongly by the confidence in the understanding of the relationship between 
the measured biomarker and the critical target tissue dose metric, and by 
understanding regarding potential inter- or intra-species variations in that 
relationship. The evaluation of the relationship between the biomarker and a 
relevant or critical internal dose should be based on consideration of several 
factors.  For example, is the biomarker upstream or downstream of the likely 
active agent in the metabolic pathway of the compound?  If the active agent is 
likely to be the parent compound or a major metabolite of that compound, 
analysis of the parent compound in blood will likely provide a good surrogate 
for the relevant or critical dose metric. However, if the likely active agent is a 
minor metabolite or a metabolite that results from saturation of a major 
pathway (e.g., only becomes prominent when glutathione is depleted), then 
parent compound in blood may not be directly related to the critical or 
relevant dose metric.  Similarly, if the biomarker is downstream of the active 
agent in the metabolic pathway, or on a parallel metabolic pathway that is not 
directly related to toxicity, the biomarker may not be directly related to the 
critical dose metric.  Finally, if the biomarker is a urinary excretion product, 
and the concentration of the biomarker in urine is not directly related to 
toxicity, a BE based on such urinary biomarkers is probably most accurately 
reflective as a biomarker of exposure, and the full suite of UFs applied in 
derivation of the external exposure guidance value (including pharmacokinetic 
components) should be applied. 

The application of a pharmacokinetic component of either the inter- or intra-
species uncertainty factor in situations where the relationship between the 
biomarker and critical dose metric is either indirect or unknown is analogous 
to, but not identical to, the application of the pharmacokinetic components in 
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external dose-based risk assessments.  In risk assessments based on external 
doses, the pharmacokinetic components represent uncertainty regarding the 
difference between species (or between individuals) in the critical internal dose 
resulting from a given external dose or exposure.  The traditional use of a 
value of approximately one-half an order of magnitude for this factor is not 
directly based in any empirical science, although it is somewhat consistent 
with allometric extrapolations based on surface area or bodyweight scaling 
(Andersen et al., 1995; Dorne et al., 2005).  Use of the same pharmacokinetic 
components to represent uncertainty regarding the relationship between the 
measured biomarker and the critical dose metric of interest is intellectually 
consistent with the external application of these components.  However, 
application of the same pharmacokinetic components might be expected to be 
more conservative in the case of the application to biomarkers, because such 
biomarkers would be expected to be more informative of the critical dose 
metric than external exposures.  The relationship between various biomarkers 
and theoretically plausible critical dose metrics (and inter- and intra-species 
considerations in evaluation of this relationship) is an area that might be 
explored through simulation exercises with existing PBPK models for a variety 
of classes of compounds. 

Conventional risk assessments based on external dose typically aim for 
composite MOEs between animal NOAELs and human exposures of at least 
100 (accounting for a factor of 10 for interspecies extrapolation and 10 for 
within human variability).  In contrast, the corresponding target MOEs based 
on internal dose assessments and biomonitoring data may be 10 (accounting 
for a factor of 3 for interspecies extrapolation of pharmacodynamic differences 
and a factor of 3 for within human variability in pharmacodynamics) or less if 
the exposure guidance value is based on human toxicology data).  This can 
occur when the pharmacokinetic components of the typical inter- and intra-
species uncertainty factors are replaced by modeling and biomonitoring data, 
respectively. 

The human equivalent BEPOD and the BE value commensurate with the 
exposure guidance value provide a basis for demarcating biomarker 
concentrations that represent low, medium, and high priority for risk 
assessment follow-up.  Figure 5 illustrates the presentation of these values, as 
well as the BEPOD_animal, for a hypothetical compound along with the designation 
of ranges of low, medium, and high priority for risk assessment follow-up.  The 
meaning of these terms and the implications for interpretation of both 
population and individual biomonitoring data are discussed in more detail in 
the accompanying paper on BE Communications.  
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Figure 5: Presentation of a hypothetical BE with the human equivalent BEPOD 
shown as the demarcation between regions of medium and high priority for 
risk assessment follow-up and the BE as the demarcation between regions of 
low and medium priority for risk assessment follow-up. 

 

Target MOEs:  Linear Cancer Assessments 
Current cancer risk assessments based on animal data for chemicals using a 
linear no-threshold assumption are conducted through a four step process: 

• Selection of a tumor endpoint or endpoints from an animal study; 

• Identification of an external dose point of departure through 
benchmark dose modeling (usually the LED10);  

• Conversion of the external dose LED10 to a human equivalent LED10; 
and 

• Linear extrapolation of the human equivalent LED10 to risk-specific 
doses at selected target cancer risk levels. 

Typical target cancer risk levels of interest are in the range of 10-6 to 10-4 
risks.  These correspond to MOEs from the LED10 of 100,000 to 1,000, 
respectively.   
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In this framework, the animal exposure dose or concentration is converted to 
the human equivalent using a number of methods including allometric scaling 
(for example, by adjusting applied doses by body weight raised to a power of 
2/3 or 3/4 for oral doses, essentially replacing the UFA-PK typically applied in 
the non-cancer framework, or application of adjustments for inhaled 
concentrations consistent with the USEPA RfC methodology [USEPA 2002]).  
No additional UF components, either inter- or intra-species, are explicitly 
included in the cancer risk assessment process.  

Figure 6 illustrates the process for the estimation of BE values associated with 
cancer risk levels under a linear extrapolation assumption.  This framework 
addresses the derivation of a BEPOD based on animal bioasssay data in 
combination with either animal pharmacokinetic data (the BEPOD_animal) or 
human pharmacokinetic data (human equivalent BEPOD) is applicable to the 
cancer risk assessment process from animal bioassay data.  Whichever BEPOD 
value is derived through this process can then be linearly extrapolated to 
identify risk-specific biomarker concentrations at target risk levels of interest.  
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Figure 6: Flowchart of the derivation of BEs associated with specific cancer 
risk levels under the assumption of a linear cancer risk assessment model 
depending upon availability of animal and human PK data and relationship 
between biomarker and critical dose metric. 
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Framework for Presentation of BE Values 
and Documentation of Confidence 
Transparency in the presentation and documentation of confidence in the BE 
derivation is an important goal. The Panel discussed at some length the 
challenges in presenting the results of the BE derivation process, addressing 
issues such as nomenclature, method of presentation, and methods of 
discussing the meaning of measured biomarker concentrations in excess of 
identified BE values.  Many of these issues are discussed at greater length in 
the Workshop report on Communication that is included in this volume (LaKind 
et al., 2008).   

Use of subscripts or other notations to the term “BE” could be confusing and 
should be avoided when communicating to the lay public, but may be 
warranted and necessary when communicating to risk assessment 
communities and in the context of the derivation documentation.  Thus, no 
subscripts to designate biological matrix (e.g., blood or urine) or the 
underlying exposure guidance value (e.g., RfD or MRL) are used in the 
designation of BE values.  However,  the term “BEPOD” to designate the 
estimated biomarker concentration associated with the point of departure 
underlying the exposure guidance value is used.  A table with columns can 
present the specific information that might otherwise be designated through 
the use of subscripts.  In addition, where there is uncertainty in the estimates 
of biomarker concentration associated with POD due to model or data 
uncertainties, the range of estimated values based on available data can be 
presented.  Table 2 is an example of the presentation of BE values for a 
hypothetical compound (additional examples are provided in the 
accompanying BE dossiers). 

Table 2 also contains a column for presentation of an overall confidence rating.  
Two major areas are important in evaluating the confidence in the BE values: 

• Understanding of and confidence in the methods used (the kinetic data 
and/or model) to convert external exposure to the estimated internal 
biomarker concentration.  This includes consideration of:  

o whether human kinetic data are available;  

o the degree of extrapolation required from the range of observed 
kinetic data; and 

o the possibility of saturation or non-linear kinetics in the dose 
range(s) of interest in the exposure guidance value derivation. 

• Understanding of and confidence in the relationship between the 
biomarker concentration and the biological response that serves as the 
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basis of the exposure guidance value derivation.  This includes 
evaluation of:  

o the understanding of the critical dose metric (including mode of 
action information); 

o whether the biomarker is on the metabolic pathway resulting in 
toxicity or on a  parallel pathway, and whether the biomarker is 
upstream or downstream of the presumed toxic moiety; and 

o the likelihood of substantial inter- or intra-species differences in 
the relationship between the biomarker concentration and the 
critical dose metric. 

Table 2:  Example summary table for presentation of BE values.  The 
underlying exposure guidance values, and the methods used to estimate the 
BE values, would be described in more detail in accompanying text and 
table(s). 

Underlying 
exposure 
guidance 

value Analyte 
Biological 

Matrix 

Human 
equivalent 

BEPOD Target BE Confidence 

USEPA RfD Parent Blood 120 ng/mL 40 ng/mL Higha 

 Metabolite Urine 30-60 
ug/g 
creatinine 

3-6 ug/g 
creatinine 

Mediuma 

a A summary of the considerations leading to the confidence rating can be presented here. 

 

In most cases detailed information will not be available on all of these factors.  
However, exposure guidance values are generally defined without complete 
understanding of these and other relevant factors, and uncertainties in these 
areas do not preclude the development and use of exposure guidance values, 
and should not preclude the development and use of BE values as long as the 
discussion of confidence is transparent on these and any other relevant issues 
identified on a chemical-specific basis.  The composite confidence rating can 
be assigned based on the assessment of each of the factors presented above. 
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Specific Technical Issues and 
Considerations 
Individual chemical characteristics lead to a variety of technical issues in BE 
development that can be informed by the general BE approach developed 
above, but which entail additional considerations.  Such issues include BE 
development for transient compounds, addressing variability in urinary 
biomarker concentrations due to hydration status, the use of non-specific 
metabolites as biomarkers, and the interpretation of biomonitoring data for 
longer-lived compounds.   

Transient Compounds 
For short-lived compounds, the profiles of the chemicals in blood and/or urine 
may be transient, with short-term peaks following daily oral exposures. 
Likewise, in the animal studies (and sometimes human studies) that underlie 
the development of the exposure guidance value, the dosing regimen (or 
exposure for humans) may have resulted in transient peak chemical 
concentrations in the animals or humans, and those peaks may have 
relevance for the resulting health endpoint of interest.  Measurement of 
biomarker concentrations of such compounds at any time point provides little 
information regarding past biomarker concentrations, and the biomarker 
concentrations are highly sensitive to exposure route, scenario, or sampling 
time in relation to exposure, among other considerations (NRC, 2006; 
ECETOC, 2005).   

While transient, rapidly-eliminated compounds are not ideal candidates for BE 
development due to the issues discussed above, information regarding 
pharmacokinetics of these compounds can still be used to develop some 
guidelines for interpretation of biomonitoring data for these compounds, with 
appropriate cautions and qualifying information.  In particular, estimates of 
mean or time-weighted average biomarker concentrations that would be 
consistent with the POD or exposure guidance value could be derived.  Such 
values could be used for comparison to the population average biomarker 
concentrations in a given biomonitoring study.  However, the interpretation of 
short-lived compounds using the BE approach should also include: 

• When possible, estimates of plausible peak levels of biomarkers 
associated with the PODs or exposure guidance values; 

• Communication materials that include a discussion of the likelihood of 
peaks that substantially exceed average biomarker concentrations 
(potentially by several-fold to an order of magnitude, depending upon 
the exposure scenario and the half-life of the compound), and 
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• A clear and prominent acknowledgement that BE values for such 
compounds are of limited value for the interpretation of isolated 
biomarker measurements in individuals.   

For such compounds, cross-sectional biomonitoring data alone are likely to be 
limited for characterizing exposure and risk, and additional data collection may 
be needed to effectively interpret biomonitoring data.  Such data could include 
multiple, serial sampling of biomarkers in individuals, information on time 
since the last likely exposure collected in conjunction with the biomonitoring 
sample, or information on external exposure.  In some cases, alternative 
biomarkers (for example, specific urinary metabolites) that are more 
persistent might be identified and provide a more reliable estimate of 
integrated, but not peak, exposures. 

Long-lived compounds 
The interpretation of the critical toxicological or epidemiological studies in 
terms of dosimetry depends, in part, on the frequency of exposure as 
compared to how rapidly the compound is eliminated.  When the rate of 
elimination is relatively slow compared with the frequency of exposure, the 
chemical is likely to build up to approximate steady state levels with larger or 
smaller oscillations in the peak or maximum levels and the trough or minimum 
levels around the steady state concentration.  When the rate of elimination is 
fast compared to the frequency of exposure, there will tend to be large 
periodic oscillations in the levels of chemical.  Thus, “longer-lived” compounds 
(those that have a longer biological half-life) would likely build to near steady-
state conditions such that fluctuations in exposure regimen (once vs. several 
times per day, for example) have little impact on the measured biomarker 
concentrations.  Such compounds and biomarkers have been the focus of 
substantial biomonitoring efforts in the past (for example, lead, cadmium, 
some persistent organochlorine compounds, and hemoglobin adducts of a 
variety of compounds).  The time to reach approximate steady state in the 
body is determined by the slowest kinetic process involved in distribution and 
elimination of the compound; in practice, for biologically persistent 
compounds, this is the rate of elimination.  

The ultimate determinant of the biologically effective dose (or the appropriate 
dose metric) is the toxicity process (mode of action) leading to the effect.  
However, understanding whether or not the exposures would have been at 
steady state for a substantial period of the critical study can be valuable.  
Approximately steady state levels are achieved in 3 to 5 half-lives.  For 
chemicals with a whole body half-life of a week or longer, a 28-day toxicity 
study would have generally increasing levels of the chemical throughout while 
a 90-day toxicity study would approximate steady state for at least two 
months.  At or near steady-state, several dose metrics are all highly correlated 
so the choice of the area under the concentration curve, the maximum, 



 88 

average, and minimum concentrations, or other measures may all give fairly 
similar results.  Prior to achieving near steady state conditions, different dose 
metrics may provide fairly different dose-response results (e.g., AUC on the 
first day, average daily AUC during the study, versus AUC on the last day).  
This is particularly the case for developmental effects where the critical 
window may be fairly brief, but its timing unknown.   

The process of estimating BEs will need to include consideration of whether 
the critical study was largely under pre-steady state or near steady state 
conditions and the uncertainties in dose metric selection will be greater for 
studies largely representing pre-steady state conditions.  In addition, for 
chemicals with long human half lives, it is possible that levels could change 
with age reflecting both accumulation and changes in exposure.  These 
changes may need to be addressed along with issues related to intraspecies 
variation, as they contribute to variability observed in biomarker 
concentrations.   

Non-specific metabolites 
Many biomonitoring studies have measured the concentration of chemicals in 
blood or urine that are non-specific metabolites or degradation products of a 
variety of parent compounds.  Except in the case where the non-specific 
metabolite is the toxic moiety of interest for multiple compounds, such 
biomonitoring data present additional challenges under any interpretation 
framework, including the BE framework.  Non-specific metabolites may arise 
from parent compounds that have the same mode of action but substantially 
different relative potencies (see, for example, organophosphate compounds); 
from parent compounds with different modes of action (for example, 1-
napthol, which can arise from both carbaryl and from naphthalene), and may 
also be present in the environment and thus encountered directly, as well as 
occurring as the metabolite of another compound.  Except for the case where 
the measured chemical is also the active agent, the uncertainties will be larger 
when using non-specific biomarkers.   

Factors including analytical detection or method issues, cost of analysis, and 
comparison to historical data have created interest in the interpretation of 
non-specific markers.  It is also possible that methods for establishing BEs for 
non-specific biomarkers may facilitate the interpretation and influence the 
design of future cumulative biomarkers of exposure and effect, such as gene 
expression or endogenous protein patterns. 

In general, the supporting research to develop BEs for non-specific biomarkers 
has not been completed.  It may not be necessary to identify the levels of all 
chemicals contributing to a common biomarker, but estimating dominant 
agents or probable relative contributions for the population may be sufficient.  
A possibility is to validate the relationships between available information such 
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as market surveys or available environmental monitoring data and ratios of 
chemical specific biomarkers for compounds that also contribute to a common 
biomarker of interest.  Other strategies may be adopted from occupational 
monitoring settings or controlled laboratory studies that produce methods to 
differentiate a particular chemical from background levels for the common 
biomarker.  Although these activities are not in the scope of the derivation of 
BEs, the BE framework provides guidance and justification for such research, 
as well as impetus to develop analytical capability for determination of more 
specific markers of exposure. 

   

Urinary Markers- Variability Due to Hydration 
Status 
Measurement of chemical exposure is often conducted via analysis of a 
biomarker (parent chemical or metabolite) in noninvasive urine samples.  
These urine samples can be spot samples, timed void samples, or composite 
24-hr collections.  Several groups have evaluated the impact of sample 
collection interval on the accuracy of biomarker concentration determination.  
Kissel et al., (2005) have shown that biomarker and creatinine concentrations 
may vary widely in four, separate timed urine voids.  The most representative 
time interval identified was the first morning void (FMV).  However, even the 
FMV sample can deviate substantially from true daily exposure, as Scher et 
al., (2006) found that concentrations of 2,4-D and 3,5,6-trichloropyridinol 
(TCPy) in FMV samples varied 2-3 fold from 24-hr composite values.  

These variations in timed sample biomarker concentrations may be a result of 
inconsistent exposures, short to moderate half-life kinetics and/or variations in 
urine production rates (especially in occupational settings).  To compensate for 
variations in urine flow, researchers often normalize biomarker levels to 
urinary creatinine, average daily urine volumes, or specific gravity, and 
adjustments may be gender-specific.   Corrections by average daily urine 
volume or creatinine excretion are the most common adjustment methods, 
however both of these parameters can exhibit significant inter-day and inter-
individual variation (2-4 fold or more in adults Boeniger et al, 1993; Ballauff et 
al., 1988, Bingham et al., 1988, Newman et al., 2000, Remer et al., 2002, 
Remer et al., 2006).  The concentration of creatinine in spot urine samples 
collected in children can vary up to 70-fold (Kissel et al., 2005); however, 
variation in daily (24-hour composite) excretion of creatinine in children is not 
as great (2-4 fold) and is similar to the variation observed in adults (Remer et 
al., 2002).  The optimum adjustment method must be compound-dependent, 
based on the mechanism of renal clearance, and should be determined for 
each biomarker studied.  Ideally, this adjustment evaluation can be conducted 
during any initial controlled exposure scenario, in an occupational setting or as 
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part of an approved study of the absorption, distribution, metabolism, and 
elimination for a compound.   

The case studies for 2,4-D and acrylamide (Hays and Aylward, 2008) utilize 
different approaches for creatinine correction of biomarker levels.  Creatinine-
corrected 2,4-D urine levels for adults were calculated by Monte Carlo-
generated creatinine concentrations based on variations in age, height and 
weight.  Data for children's 2,4-D levels were calculated arithmetically from 
empirical data of Remer et al. (2002).  Creatinine-corrected acrylamide 
metabolite N-acetyl-S-(2-carbamoylethyl)cysteine (AAMA) levels were 
calculated arithmetically from empirical data from several sources.  The use of 
Monte Carlo simulation for estimation of creatinine levels in human volunteers 
is an excellent means of capturing inter-individual variation in BE calculations, 
and therefore replacing the need for inter-individual uncertainty factors.  The 
Monte Carlo analysis showed that because both total mass of exposure at an 
exposure guidance value and creatinine production are related to bodyweight, 
the overall impact of creatinine production variability on predicted biomarker 
concentrations at the exposure guidance value was relatively small.  
Therefore, point estimates of estimated creatinine-corrected urinary 
concentrations can be used in BE derivations.  These calculations do not 
account for other sources of variability including inter-individual differences in 
metabolic rate. 

Conclusions 
There are several over-arching conclusions regarding the guidelines for BE 
derivation and application: 

• The derivation of BE values provides a screening tool that can assist in 
interpretation of human biomonitoring data within the context of the 
existing risk assessment paradigm, and may provide additional 
insights beyond those afforded by the conventional external dose-
based risk assessment approach. 

• The consideration of internal dose metrics in the derivation of BE 
values allows consideration of replacement of default UF components 
with modeling or pharmacokinetic data on a chemical-specific basis.    

• The degree to which default UFs may be replaced with 
pharmacokinetic modeling depends on how well the chemical-specific 
mechanism of action is known, how closely related the biomarker is to 
the critical dose metric, and the availability of human and/or animal 
pharmacokinetic data relating the critical dose metric and the 
biomarker (when they are different).   

• Like the exposure guidance values from which BEs are derived, BEs do 
not provide insights into the possibility of health effects occurring in 
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human populations.  Rather, BEs provide screening tools for risk 
management purposes by placing biomonitoring levels into context 
with existing exposure guidance values derived to protect public 
health. 

• BEs derived for both the exposure guidance values and underlying 
PODs provide valuable insights for interpretation of biomonitoring data 
in a risk management context 

o BEs (associated with the exposure guidance value) represent 
levels of biomarkers that pose low priority for risk assessment 
follow-up.  Thus, when levels of biomarkers among a 
population are below the BE, this warrants a low priority for 
risk assessment follow-up. In the context of interpreting 
biomonitoring data, risk assessment follow-up includes: careful 
evaluation of the validity and confidence in the exposure 
guidance value(s), consider conducting exposure assessments 
to better understand routes and sources of exposure, and 
possibly implementation of risk management practices to 
reduce exposure(s) if warranted. 

o Biomarker concentrations exceeding the human equivalent 
BEPOD indicate increasing priority for risk assessment follow-up. 

• Transparency in BE derivation is important. 

• Confidence in BEs will be variable, and should be conveyed in a 
transparent fashion. 

The flowcharts presented in Figures 3, 4, and 6 and the considerations in 
selection of target MOEs in Table 1 represent the BE model.  This approach 
should be used to guide the derivation of BEs.  As with any scientific guidance, 
variations in details and approaches will likely arise frequently in consideration 
of specific chemicals.  In such situations, it is important to adhere to the spirit 
of these guidelines and explain the basis for alternative decisions or choices.  
As with any scientific guidance, as these BE derivation guidelines are put to 
practice, there will be lessons learned as new BEs are derived.  
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Introduction 
 
The objective of the Communication Panel for the Biomonitoring Equivalents 
Pilot Project is to consider and make recommendations on how to convey 
information regarding biomonitoring equivalents (BEs) to several audiences, 
including public health officials, the general public, and the health care 
community.   Specific communication goals are to  

• Describe what BEs are; 

• Describe how BEs can be used to evaluate biomonitoring data; and 

• Describe the limitations of BEs to these audiences. 

The BE Communication Panel will seek to provide guidelines for addressing 
these and related issues.  In particular, practical guidance on development of 
communication materials for use on a web site that presents both the general 
BE concept and chemical-specific BEs is sought.  The guidance developed over 
the course of this workshop will be collected in a manuscript.  These 
communication guidelines will be applied as the BE concept is extended to 
additional chemicals and presented to public health practitioners and the 
public. 

A number of charge questions are presented to the panel in this document.  
Many of these questions and issues are those identified by the National 
Research Council in their 2006 report, Human Biomonitoring for Environmental 
Chemicals.  However, an important challenge for this panel will be to identify 
challenges and questions related to the interpretation and communication of 
biomonitoring data that can not be addressed by the BE concept at this time, 
but which may be the subject of additional efforts in the future either within 
the BE framework or through complementary approaches. 

As an initial approach, communication regarding BEs is expected to occur via a 
web site that provides general information regarding the BE project, concept, 
and approach as well as chemical-specific information as it is developed.  
Additional communication materials for specific applications or audiences will 
likely be derived from the core materials residing on the web site. 
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Core BE Communication Questions and 
Issues 
 
The following questions represent the core communication challenges facing 
the BE project.  Consideration of approaches to these questions by the 
Communication Panel will be informed by discussions and consensus from the 
Derivation Panel. 

What is a BE?  
 
What definition of the BE accurately captures the basis for the value in lay 
terms?  The following description is currently included in the draft case study 
dossiers, but is not yet in lay language: 
 

“Ideally, exposure-based screening levels for biomonitoring data 
would be derived from a robust set of studies of health effects in 
humans related directly to measured levels of the compound in 
a specific biological medium (e.g., blood, urine).  Such screening 
values exist for a limited number of environmental chemicals 
(e.g., lead and mercury).  In the absence of such a database, 
estimates of chemical concentrations in the body consistent with 
existing exposure guidelines can serve as screening values for 
interpretation of measured concentrations in the body.  The BE 
values represent the concentration of CHEMICAL X in blood 
and/or urine that is consistent with exposure at EPA’s Reference 
Dose (or other tolerable exposure guidance value, as 
appropriate), based on our understanding of the 
pharmacokinetic properties of this compound.  The BE should be 
regarded as an interim screening value that can be revised if the 
underlying tolerable exposure guideline (e.g., RfD) is revised.” 
or if and when the scientific and regulatory communities reach 
consensus on acceptable concentrations in human biological 
media based directly on epidemiological data.” 

 
Providing an accessible definition for the BE is likely to require inclusion of 
several concepts that underlie the BE development (illustrated in the BE 
parallelogram below).  These include: 
 

• Tolerable exposure guidelines (TEGs) such as RfDs, TDIs, MRLs, etc.  
Each of these is typically based on  

o Laboratory animal data or studies of health effects in exposed 
human populations as the underlying basis for TEG 
development, 
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o Identification of a point of departure (POD) (i.e., a NOAEL, 
LOAEL, or benchmark dose), and  

o Application of uncertainty or safety factors to identify an 
exposure unlikely to result in adverse effects in persons in the 
general population. 

• Pharmacokinetics 
 

 
Figure 1:  Parellelogram showing different appraoches for deriving BEs. 
 
 
The following issues are ones that will be impacted by discussions and 
consensus reached in the derivation panel: 
 

• What is the best language for describing the RfD and other tolerable 
exposure guidelines – is there a better term (e.g., agency-derived, 
agency guidance value)? 

• What notation (e.g., BERfD, etc.) should be used for the following BE 
values: 

o Based on TEG (e.g., TDI, RfC, RfD, risk specific dose, MRL, etc.) 
o Based on Point of Departure (POD) (e.g., NOAEL, NOEL, LOAEL, 

LOEL, BMD, etc.) 
 Should one consistent notation be used for each of these? 

o Whether the value is derived using human or animal kinetic 
relationships? 

 
• Based on the answers to the above questions, can one develop a 
uniform definition of a BE regardless of the basis for the BE value (e.g., 
RfD, NOAEL, etc.)  and the method of calculation?   

• The derivation panel will discuss the appropriateness of modification of 
default uncertainty factors in certain situations.  Does this impact the 
nomenclature and communication of the BE value?   
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• How does one communicate about BEs if a range of BE values for a 
chemical is given (for example, a range of BEs might be derived because 
more than one TEG is used, or because different populations are 
considered based on age, gender, etc.? 

 
Additional issues may arise with respect to given chemicals.  These present 
challenges for communication to various audiences and include: 
 

• Short versus long half lives of chemicals in the body and the impact on 
interpretation of biomonitoring data and model development 

• Exposure variability over time        
• Single values such as RfDs versus “acceptable risk ranges” associated 

with carcinogens 
• How are extrapolations from animal data to human tolerable exposure 

guidelines conducted? 
• Point of entry versus systemic toxicity issues 

 

How does population biomonitoring data compare to the 
BE?  
 
The comparison of biomonitoring data to the relevant BE value can assist risk 
managers in assessing the potential need for research, exposure reductions, 
or assessment of other alternatives.  Such a comparison may provide 
information to the public as well.  The following issues need to be considered 
in choosing ways to present this comparison: 
 

• Is the BE only suited for comparison to population data, or is it 
appropriate to compare the BE to smaller-scale studies or an 
individual’s data?   

• What about “special” populations, e.g., farmers, etc.?  How do we 
communicate the fact that BEs are not necessarily appropriate for 
assessing biomonitoring data from a worker population? 

 
The BE derivation documents currently conclude with a presentation of the use 
of the BE value(s) for assessing existing biomonitoring data for the compound 
of interest.   
 

• What criteria should be used for including a human biomonitoring study 
in the BE synopsis? Representativeness? Laboratory proficiency?      

 
Presentation of biomonitoring data and the relevant BE value(s) for different 
audiences poses several challenges.  In particular, in many cases, measured 
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concentrations may range over more than one order of magnitude, and the 
data may differ from the BE by more than an order of magnitude. Ancker et al. 
(2006)1 describe various visual methods for presenting health risk information. 
One method that might work well for comparing a BE that is separated from a 
population distribution by an order of magnitude or more is the magnifier risk 
scale.  Using this type of display, information on the distribution is not so 
compressed that information is lost.  Ancker et al. use a magnifying glass 
concept which magnifies one compressed portion of a graphic.  
 
Graphs comparing biomonitoring data from various studies to the estimated 
BE values are presented in several of the case study documents (see following 
page for examples).  
  

• Are these effective for a public health audience?   
• What are effective ways of presenting such information to the lay 

public?  Numerical graphical representations? More visual, intuitive 
representations?   

• And what are effective ways to represent not only the distribution of 
measured values in the study but also the concept that the BE is not a 
“bright line” representing safe from unsafe exposures? 

 
 

                                                 
1 Ancker JS, Senathirajah Y, Kukafka R, Starren JB. Design features of graphs in health 
risk communication: a systematic review. J Am Med Inform Assoc. 2006. 13(6):608-18.  
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Examples of possible visuals for comparing population data to BEs are shown 
in Figures 2-4. 
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Figure 2:  Example visual for comparing population biomonitoring data to 
BEs. 
 
 

 
Figure 3: Example from the 2,4-D draft BE  website, presenting measured 
upper bound urinary creatinine-adjusted concentrations in the general 
population from the NHANES 2001-2002 survey in comparison with 
appropriate BE values 
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: 
 
Example from toluene draft dossier -- note the denotation of a range of BE 
values (based on different underlying TEGs), presentation of several sets of 
data, representation of median and upper bound measured values, and use of 
a logarithmic scale.  Does this distort the information for presentation to the 
general public?  How can (or should) these types of data be best represented? 
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Figure 4: Log scale presentation of measured median and upper bound 
(maximum or 95th percentile, extent of error bar) toluene blood concentrations 
in persons in the general population and the range of BE values derived from 
chronic inhalation exposure guidelines by the USEPA, Health Canada, WHO, 
and ATSDR (see Table 4). 
 
Example of an effort to avoid the “bright line” impression.  If the upper bound 
of population measured values are a half order of magnitude (approximately a 
factor of 3) or more below the BERfD, BEMRL, or BETDI in a given study, the data 
could be characterized as indicating that exposures in the studied population 
are well within tolerable exposure guidelines.  If upper bound population 
values are in the range of the relevant BE value (that is, within a factor of 3 of 
the BE value in either direction), the data could be characterized as indicating 
that exposures in the studied population  are consistent with the tolerable 
exposure guidelines, with some exceedances potentially occurring.  If upper 
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bound population values exceed the relevant BE value by a factor of 3 or 
more, the data could be characterized as indicating that exposures in the 
studied population appear to be routinely exceeding the relevant tolerable 
exposure guideline.  
  

Below

In the 
range of

Above

Below

In the 
range of

Above

 
 
Figure 5: Example graphic to present the result of comparison of data from a 
study to a BE value without the use of numbers 

 

What message(s) should be conveyed regarding 
biomonitoring data that exceed the BE for a chemical? 
 
BEs do not represent a “bright line” between safe and unsafe exposure levels, 
nor can they serve as diagnostic values for application to measured levels in 
an individual.  In the example of a BE derived based on an RfD, the definition 
of an RfD can highlight several factors that demonstrate why neither of these 
values represent a bright line.   The highlighted words in the following 
definition point to the uncertainties in the estimate: 
 

RfC/RfD definition2:  
An estimate (with uncertainty spanning perhaps an order of 
magnitude) of a daily oral exposure for a given duration to 
the human population (including susceptible subgroups) that is 
likely to be without an appreciable risk of adverse health 
effects over a lifetime. It is derived from a NOAEL, LOAEL, or 

                                                 
2 From: http://www.epa.gov/IRIS/gloss8.htm#r 

NHANES US 
Population 

Upper Bound 
for Chemical X 
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benchmark concentration, with uncertainty factors generally 
applied to reflect limitations of the data used.  

  
• Estimate of daily dose – assumes regular dosing rather than episodic 
• Given duration –  
• likely to be without appreciable risk –  
• Over a lifetime – it is not possible to assess shorter-term implications 

for health using an RfD 
• Uncertainty factors – these can span several orders of magnitude, and 

are meant to account for such uncertainties as interspecies 
extrapolation, susceptible populations, etc.   

 
Thus, additional information would be needed to determine whether levels in 
an individual are typically above the BE, or whether exposures are of a brief 
duration.  Just as the RfD is not a diagnostic tool (exceedances are not 
necessarily associated with illness), the BE is not a predictor of an adverse 
health effect.    
 

• Are there analogies from the medical realm or other arenas that could 
help convey this concept?   

• Do existing definitions of tolerable exposure guidelines provide a model 
for communication regarding BE exceedences?  See, for example: 

o The RfD language above; 
o Language from the Joint WHO/FAO Expert Committee on Food 

Additives in describing the dioxin provisional tolerable monthly 
intake (PTMI)3: “The PTMI is not a limit of toxicity and does not 
represent a boundary between safe intake and intake associated 
with a significant increase in body burden or risk.  Long-term 
intakes slightly above the PTMI would not necessarily result in 
adverse health effects but would erode the safety factor built 
into the calculations of the PTMI. It is not possible given our 
current  knowledge to define the magnitude and duration of 
excess intake that would be associated with adverse health  
effects.”  

 
• Which of the above information is useful for answering the question “If 

the level of chemical X in people’s bodies is above the BE, does that 
mean that they are likely to get sick?” and is this the best way to word 
this question for a lay audience?   

 

                                                 
3 Joint FAO/WHO Expert Committee on Food Additives Fifty-seventh meeting  Rome, 5-
14 June 2001  SUMMARY AND CONCLUSIONS (corrected version) 
http://www.who.int/ipcs/food/jecfa/summaries/en/summary_57.pdf 
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The issue of how to put biomonitoring data into a public health risk context 
using the BEs is probably the greatest communication challenge facing the 
group.  A natural question is whether or not the data in a given study (or for 
an individual or group) should “raise concerns”, do not “warrant concerns” etc. 
 What message (and with what language or graphical information for each 
audience) can or should be communicated in each of the following situations: 
 

• When biomonitoring data are  
o substantially below the BE? 
o near or in the range of the BE? 
o above the BE? 

• If biomonitoring data exceed the BERfD, can estimates of the BENOEL, BEI 
or BETLV, or BEs for acute tolerable exposure guidelines be useful in 
placing results into perspective? 

• If so, how? 
 
 

How can cancer risk assessment-based BEs be used and 
communicated effectively? 
 
Under assessments by the US EPA, cancer risk estimates for chemicals are 
often translated into estimates of risk-specific doses (RSDs) for selected risk 
estimates, usually using a linear extrapolation procedure below the range of 
observation (often over orders of magnitude in dose).  In theory, such RSD 
estimates could be translated into BE values in the same way that RfDs and 
other TEG values are.   
 
Alternatively, other agencies (for example, Health Canada) identify a point of 
departure (POD) within or near the range of the doses used in the cancer 
bioassay (for example, a TC05, the dose associated with a 5% cancer 
response).  BE values could also be estimated for such POD values (often with 
much lower degree of extrapolation). 
 
However, communication of these BE values based on cancer risk presents 
additional challenges.  To the extent that the Derivation Panel finds the 
estimation of cancer risk-based BE values technically feasible, the following 
communications questions should be explored: 
 

• Can BE values based on low-dose cancer risk extrapolations be 
effectively communicated to the public? 

• To the extent the cancer risk-based BE values are even less of a “bright 
line” than those based on noncancer TEG values, what methods can be 
used to convey the meaning of increments in risk such as 10-4? 
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• Is there a role for concomitant communication regarding the magnitude 
of background cancer risk in the general population, or are there other 
methods for providing context for this type of information? 

 

What is the confidence in the BE? 
 
As noted by the BE Steering Committee, the BE Derivation Panel will need to 
grapple with issues of uncertainty, including how to describe magnitude and 
types of uncertainty (e.g., use of uncertainty factors, modifications to the 
default uncertainty factors [do the factors used in the RfD account for inter-
individual differences?], and uncertainties associated with a given PBPK 
model).  Because of the technical nature of these issues, the more appropriate 
place for a detailed description of these uncertainties is in the BE derivation 
dossier.  This discussion, however, needs to be converted to a description of 
uncertainty that can be understood by those outside the scientific community.     
 
According to Frewer (2004)4: “Uncertainty should be communicated in explicit 
and understandable ways, and should be focused on the need of the target 
audience; experts may have underestimated the ability of lay audiences to 
understand uncertainty, and lack of clear information on uncertainty has 
increased public distrust – communication about uncertainty may increase the 
communicator’s credibility.  Risk communication needs to focus on sources and 
magnitude of uncertainties.”  
 

It is critically important that communication materials include admissions of 
uncertainty (NRC, 2006).  How should the uncertainties associated with BEs be 
discussed? Should they be limited to the uncertainties (i.e., the level of 
confidence) associated with the regulatory guidance value (e.g., the RfD) on 
which the BE is based? Should they include chemical-specific uncertainties in 
the model parameters? 

 
Assuming that these uncertainties are directly related to the confidence in the 
BE, it could prove helpful having a visual next to the uncertainty language:  
 
For example: 
Lettering, numbering, mixed (or color coding a là Homeland security!!)? 

                                                 
4 Frewer L. The public and effective risk communication. Toxicol Lett. 2004. 149(1-

3):391-7 
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Low:    or       
Medium:  or    
High:  or    
Alternatively, one could derive a scheme that allows for a more quantitative 
assessment (e.g., scoring system) of confidence.  Presumably, this would be 
based on a system of “points” given for each category of uncertainty.  
However, this approach would require a high degree of confidence in the 
scoring scheme itself and would likely be more opaque from a lay person 
perspective.  
 
Finally, one could have a limited number of “confidence issues,” each of which 
could be given a visual rating.  The value of distinguishing among different 
types of uncertainty has been noted (Frewer, 2004).5  An example might be 
the following: 
 

Confidence in 
regulatory agency 
guidance valuea 

Confidence in BE Value 

   
   ---   hhhiiiggghhh   

 

   
   ---   mmmeeedddiiiuuummm 

a Provided only when such a 
confidence value is provided by the 
agency that set the underlying 
value. 

 
• Issue:  It should be clear in the communications material that 

confidence rating for the TEG was made by the respective agency.  
However, in many situations, the agencies do not rank their confidence 
in a value.  In this case, is it appropriate to reproduce the confidence in 
the TEG, when available, when other TEGs may not have been judged 
in terms of their confidence (i.e., are we unfairly penalizing or 
rewarding [and this will be chemical-specific] those agencies who do 
report a confidence in their TEG)?  

 
Additional resources.  The Netherlands National Institute for Public Health and 
the Environment (RIVM)  has developed an uncertainty matrix that covers 

                                                 
5 Frewer L. The public and effective risk communication. Toxicol Lett. 2004 Apr 1;149(1-

3):391-7. 
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each area of potential uncertainty for use in assessing and communicating 
uncertainties (Janssen et al., 2005).6  Portrayal of uncertainty has also been 
addressed recently by the World Health Organization (World Health 
Organization, 2006, Harmonization Project DRAFT Document for Public and 
Peer Review, Draft Guidance Document on Characterizing and Communicating 
Uncertainty in Exposure Assessment, 
http://www.who.int/ipcs/methods/harmonization/areas/draftundertainty.pdf).  
Detailed  assessments of uncertainty were given, with a summary example 
shown in Table 5.6 and12.3.  They considered separate sources of uncertainty 
(for example, the model itself, the model parameters) and characteristics of 
uncertainty (for example, the level of uncertainty, appraisal of knowledge 
base, the subjectivity of choices), and ranked these as high, medium, or low.  
 

• What elements of relative confidence/uncertainty are directly relevant 
to communication of the BE concept and values, and how should that 
confidence/uncertainty be communicated? 

 

Broader Risk Communication Issues in the 
Context of the BE Project 
The literature on biomonitoring-specific communication is extremely scarce 
(NRC, 2006).  Much of the risk communication scholarship addresses issues 
such as openness, establishing credibility, taking care with risk comparisons 
(e.g., not comparing voluntary and involuntary risks), ensuring a process of 2-
way communication, etc.   Following are some more general questions and 
issues that are likely to arise in the context of communication about BEs and 
biomonitoring data to lay audiences: 
 

• How are people (adults, children, and infants) exposed to this 
chemical? 

• What are the health effects associated with excess exposure to this 
chemical? 

• Where can I find additional information about this chemical? 
 
A major issue for the BE project is that although these issues are likely to be 
of interest to both lay audiences and health professionals, they are not directly 
informed by the BE approach.  For example, the BE value (and indeed, 
biomonitoring data in general) does not provide any information on routes or 
sources of exposures that result in measured chemical concentrations in 

                                                 
6 Janssen PH, Petersen AC, van der Sluijs JP, Risbey JS, Ravetz JR. A guidance for 
assessing and communicating uncertainties. Water Sci Technol. 2005. 52(6):125-31. 
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biological media.  Approaches to illustrating or addressing this concept would 
be helpful. 
 
For these additional issues of interest, we would like to develop basic 
responses and provide reference to other reliable information sources.   

How are people exposed to chemical X?  
 
As discussed above, the communication information should make clear that 
the BE (and indeed, biomonitoring data) does not provide any information on 
routes or sources of exposures that result in measured chemical 
concentrations in biological media.  Approaches to illustrating or addressing 
this concept would be helpful. 
 
That said, it will be useful to some readers to have a fuller understanding of 
the chemical being considered, and questions related to exposures are likely to 
be pivotal.  According to the Organization for Economic Development (2002)7, 
a minimum necessary component of risk communication is the specification of 
what is known about exposures and whether sensitive populations including 
children are likely to be exposed.   
 

• Is there anything in particular about the BE derivation and concept that 
specifically informs this question?  

o If not, is it appropriate to omit this topic from the BE 
communication materials? 

 
• If the panel concludes that such information should be a part of the BE 

communication materials, can we direct people to a reputable website 
that can provide information relevant to the question? 

o For example, the National Library of Medicine website 
“Household Products Database” 
(http://hpd.nlm.nih.gov/index.htm) allows the user to enter a 
chemical name and retrieve a database of products containing 
that chemical.   This will clearly not provide information on 
exposures due to ambient levels of a chemical or dietary 
exposures.  

o Another source designed for the public is EPA’s Toxicity and 
Exposure Assessment for Children's Health (TEACH) 
(http://www.epa.gov/teach/), described by EPA as follows:  

                                                 
7 Organization for Economic Development, Environmental Directorate, 2002. OECD 
Guidance Document on Risk Communication for Chemicals Risk Management. 
http://www.olis.oecd.org/olis/2002doc.nsf/LinkTo/env-jm-mono(2002)18  
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“The TEACH Web site contains summaries of 
scientific literature and U.S. federal regulations 
relevant to children’s1 environmental health. TEACH 
currently focuses on information that pertains to 18 
chemicals of concern.  The goal of the TEACH 
project is to complement existing children’s health 
resources. TEACH does not provide an evaluation or 
critique the validity of the relevant scientific 
studies; nor does TEACH derive toxicity values. 
Instead, the goal of TEACH is to summarize, 
compile, and organize information obtained from 
numerous resources into one online resource. 
TEACH is designed to support numerous efforts 
throughout the country that target the protection of 
children’s health.  
 

  
The TEACH list of chemicals includes:  
2,4-
Dichlorophenoxyacetic 
Acid 

  Mercury (Elemental) 

Arsenic   Mercury (Inorganic) 
Atrazine   Mercury (Methylmercury and Ethylmercury) 
Benzene   Nitrates and Nitrites 
Benzo(a)pyrene (BaP)   Permethrin and Resmethrin (Pyrethroids) 
DEET   Phthalates 
Dichlorvos   Polychlorinated Biphenyls (PCBs) 
Formaldehyde   Trichloroethylene 
Manganese   Vinyl Chloride 

 
The TEACH Web site contains information in two formats: 
o The TEACH Database is a searchable database containing 

individual summaries of published, peer-reviewed scientific 
research articles pertaining to the TEACH chemicals of concern.  

o The TEACH Chemical Summaries provide an overview and 
summary of available information for each of the chemicals 
listed in TEACH. 

 
• Other sources of information that could be considered include ATSDR’s 

ToxFAQs™ (www.atsdr.cdc.gov/toxfaq.html) and the Hazardous 
Substances Databank (http://toxnet.nlm.nih.gov/cgi-
bin/sis/htmlgen?HSDB). 

 
Issues: 
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• Are there other sources of information that address this topic that can 

be referenced by the BE web site?   
• Are these types of information useful?  
• How should sites be vetted? 

 

Is a lot known about the health effects of this chemical? 
 
While the response to this question is chemical-specific, the following issue is 
considered: 
 
This question addresses the issue of incomplete databases on chemicals.  It is 
possible that this issue could be addressed using a “level of confidence” 
descriptor for the BE that would incorporate such information as numbers of 
studies and health endpoints examined.  As noted by the OECD (2002), at a 
minimum, risk communication should address the quality of the knowledge 
base, the uncertainties in the base, and the steps needed to reduce 
uncertainties.  Potential descriptors are discussed elsewhere in this document. 
 

Where can I get more information? 
 
Different audiences will likely want different types of information.  For 
example, the general public may want information of the type provided by 
ATSDR ToxFAQs™ (http://www.atsdr.cdc.gov/toxfaq.html) which are available 
in English and Spanish. Many of the questions and answers included in the 
ATSDR ToxFAQs™ (below) are similar to those covered in this document.   
Should ATSDR’s information be recommended as the link for answering these 
questions? Or should information on these questions be given as part of the 
dossier? 
 
ATSDR ToxFAQs™ Questions 
Summary  
What is acetone?  
What happens to acetone when it enters the environment?  
How might I be exposed to acetone?  
How can acetone affect my health?  
How likely is acetone to cause cancer?  
Is there a medical test to show whether I've been exposed to acetone?  
Has the federal government made recommendations to protect human health?  
Glossary  
References  
Contact Information 
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For doctors, the ATSDR website “Case Studies in Environmental Medicine” 
(http://www.atsdr.cdc.gov/HEC/CSEM/csem.html) provides valuable 
information on a few specific chemicals.  These include: arsenic, asbestos, 
benzene, chromium, lead, nitrate/nitrite, polychlorinated biphenyls (PCB), 
toluene, and trichloroethylene.  In addition, mercury is addressed under Case 
Studies in Pediatric Environmental Health 
(http://www.atsdr.cdc.gov/HEC/CSEM/pediatric/goals_objectives.html).  
 
Examples of websites with chemical-specific information are given in the 
Attachment.  In addition, Cohen et al. (2006)8 provide a substance-specific 
data worksheet used by California’s Occupational Safety and Health 
Administration to derive permissible exposure limits (PELs).   The worksheet 
includes basic chemical and toxicological information and approach and 
decisions used to estimate PELs.   Aspects of the worksheet might be useful in 
the design of the BE dossier.   
 
Issues 
 

• If readers are sent to other websites, how should these be vetted?  
Should government websites be the only ones included?  How do we 
ensure that there is no bias in the selection of websites? 

 
• Butterfield and Salazar (2004) observed that patients “often receive 

exposure information that is educationally or linguistically inappropriate 
for them.”  How to address this? 

 

Communication with Health Professionals 
Physicians face questions from their patients about exposures and effects of 
potential environmental chemical exposure in general and biomonitoring data 
in particular, but generally do not have detailed training in this area (NRC, 
2006). 
 

                                                 
8 Cohen R, Steinmaus C, Quinlan P, Ku R, Cooper M, Roberts T. Development of 

permissible exposure limits: the California experience. Int J Occup Environ Health. 2006. 

12(3):242-7 
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• Should there be a “doctor’s corner” on the website or is lay person 
information sufficient? 

 
• Should they be directed to material already created? 

 
• If we prepare our own material, what questions/information should we 

include? 
• e.g: 

 
1. Reference ranges for biomonitoring data (or refer physicians to the 

CDC National Exposure Reports)? 
2. When should physicians recommend biomonitoring for 

environmental chemicals for their patients? 
3. How can physicians talk to patients about biomonitoring information 

their patients read about in the media? 
4. If a physician decides to order biomonitoring for a patient: 

a. Which labs can/will perform analyses? 
b. How can a physician determine a lab’s capabilities? 
c. Will s/he be able to obtain results in a timely manner? 
d. Who will pay for the analyses?  
e. How will the physician interpret the lab results & 

communicate this biomonitoring information back to the 
patient?  (ethical issues related to ordering tests when 
results cannot be interpreted yet) 
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Abstract 
Biomonitoring Equivalents (BEs) are screening tools for interpreting 
biomonitoring data.  However, the development of BEs brings to the public a 
relatively novel concept in the field of health risk assessment and presents 
new challenges for environmental risk communication.  This paper provides 
guidance on methods for conveying information to the general public, the 
health care community, regulators and other interested parties regarding how 
chemical-specific BEs are derived, what they mean in terms of health, and the 
challenges and questions related to interpretation and communication of 
biomonitoring data. Key communication issues include (i) developing a 
definition of the BE that accurately captures the BE concept in lay terms, (ii) 
how to compare population biomonitoring data to BEs, (iii) interpreting 
biomonitoring data that exceed BEs for a specific chemical, (iv) how to best 
describe the confidence in chemical-specific BEs, and (v) key requirements for 
effective communication with health care professionals. While the risk 
communication literature specific to biomonitoring is sparse, many of the 
concepts developed for traditional risk assessments apply, including 
transparency and discussions of confidence and uncertainty.  Communication 
of BEs will require outreach, education, and development of communication 
materials specific to several audiences including the lay public and health care 
providers.  

  

Introduction 
 

The traditional risk assessment paradigm for evaluating health risks associated 
with exposure to environmental chemicals - a four step process including 
hazard identification, exposure assessment, dose-response evaluation and risk 
characterization - has been in use for over two decades (NRC, 1983).  A large 
body of literature on risk communication associated with this paradigm is 
available.  Interested parties, including regulators, health care providers, and 
the general public, have some familiarity with the types of information they 
obtain when risks are evaluated using this paradigm (e.g., cancer risk of 1 in 
one million associated with exposure to a specific chemical at a specific 
exposure concentration). Increasing interest in biomonitoring - the assessment 
of chemicals in human body fluids or tissues as opposed to in the environment 
- has created a large database on chemical concentrations in humans. 
However, the ability to interpret these data in terms of human health is, with 
few exceptions (e.g., lead), severely limited.  
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Biomonitoring Equivalents (BEs) are screening tools for interpreting 
biomonitoring data.  However, the development of BEs brings to the public a 
relatively novel concept in the field of health risk assessment and presents 
new challenges for environmental risk communication.  The risk 
communication literature for the traditional risk assessment paradigm can be 
drawn upon to inform the current issues related to communication of 
information surrounding the development of BEs.  However, to a great extent, 
new ground must be broken as risks in the context of chemicals in the body, 
rather than chemicals in the environment, are addressed.  Interpretations 
relevant to public health based on biomonitoring rather than environmental 
data will likely be perceived as more personal because human exposures are 
measured internally and are not based on hypothetical exposures to chemicals 
in the environment.  Emotionally charged expressions such as “chemical 
trespass” (Schafer et al., 2004) and “body burden” (PBS, 2001) have been 
used to describe the presence of chemicals in the body, making objective 
communication of scientific information on risk and safety difficult.  The 
National Research Council (NRC, 2006) has noted that “We do not know how 
to convey the biomarker-presence-does-not-indicate-health-effects message 
effectively.”  With the development of a framework for deriving BEs, a first 
step can be taken to directly address this problem.  A careful evaluation of the 
extent to which BEs can be used to interpret biomonitoring information as it 
relates to human health, as well as the limitations on interpretation, is 
necessary. 

An Expert Panel was convened (The Biomonitoring Equivalents Pilot Project 
Derivation and Communication Expert Workshop, 24-27 June 2007) to discuss 
issues related to BE derivation, interpretation and communication, and the 
results of the Panel deliberations are described in this paper and 
accompanying papers in this journal issue.  This paper is focused on the 
deliberations and conclusions of the Expert Panel on BE Communication, which 
explored the multitude of issues that complicate the presentation of 
information on BE derivation, and devised methods that would enable 
successful development of BE communication information.  These methods are 
not chemical-specific, but rather have application to communication of BE-
related information in general.  The goal is to convey information to the 
general public, the health care community, regulators and other interested 
parties regarding how chemical-specific BEs are derived, what they mean in 
terms of health, and the challenges and questions related to interpretation and 
communication of biomonitoring data that cannot be addressed by the BE 
concept at this time, but which may be the subject of future research efforts 
within the BE framework or through complementary approaches.  

Key communication issues addressed by the Expert Panel and described in this 
paper are:  



 119 

1. What definition of the BE accurately captures the BE concept in lay 
terms?  

2. How do population biomonitoring data compare to the BE?  

3. What message(s) should be conveyed regarding biomonitoring data 
that exceed BEs for a specific chemical?  

4. What is the confidence in the BE?  

5. What are key questions of interest to the various audiences that might 
form the basis for a communication document, and what types of 
information are needed to address these questions?  

6. What are key requirements for effective communication with health 
care professionals?  

 

Many of these issues appear straightforward, but in fact require 
comprehensive assessments of the data used to derive individual BEs (Hays et 
al., this issue) and possibly novel approaches to communication, particularly in 
light of the fact that the literature on biomonitoring-specific communication is 
scarce (Zober and Will, 1996; Pedersen et al., 2007; Angerer et al., 2006; 
Frank, 1996; NRC, 2006; ECETOC, 2005).  

 

What definition of the BE accurately captures the 
BE concept in lay terms? 
 

Ideally, specified levels of environmental chemicals in the body that provide 
guidance on risk (e.g., levels thought to be without appreciable risk) would be 
derived from a robust set of studies of health effects in humans related 
directly to measured levels of the chemical in a specific biological medium 
(e.g., blood, urine).  Such levels exist for a limited number of environmental 
chemicals.  In the absence of such a database, estimates of chemical 
concentrations in the body consistent with existing exposure guidance values 
such as US Environmental Protection Agency (EPA) Reference Doses (RfDs) 
and Reference Concentrations (RfCs) can serve as screening values for 
interpretation of measured concentrations in the body.  

The BE values represent the concentration of a chemical in the body, typically 
measured in blood or urine, that are consistent with selected exposure 
guidance values, based on the current understanding of the pharmacokinetic 
properties of the chemical.  An example of a useful exposure guidance value is 
EPA’s RfD, which is “an estimate of a daily oral exposure for a given duration 
to the human population including susceptible subgroups that is likely to be 
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without an appreciable risk of adverse health effects over a lifetime” 
(http://www.epa.gov/IRIS/gloss8_arch.htm).  The BE is an interim screening 
value that can be revised, for example, if and when the scientific and 
regulatory communities reach consensus on acceptable concentrations in 
human biological media based directly on epidemiological data. 

Different public health and regulatory agencies (and in some cases different 
offices within one agency) derive guidance values using different methods, 
resulting in more than one guidance value that could be considered 
appropriate for BE derivation.  Thus, a range of BE values may be derived for 
a given chemical.  The definition of the BE is:  

A Biomonitoring Equivalent (BE) is the concentration or range of 
concentrations of a biomarker of exposure for an environmental chemical 

consistent with existing exposure guidance values. 

It is necessary to define certain terms within the BE definition, including 
“biomonitoring” and “biomarker of exposure.”  The Centers for Disease Control 
and Prevention (CDC) definition is used for biomonitoring 
(http://www.cdc.gov/biomonitoring/). The standard definition from the 
International Union of Pure and Applied Chemistry (IUPAC) (Nordberg et al., 
2004) is used for biomarker of exposure.  The two key terms used in the BE 
definition are as follows: 

biomarker of exposure: Biomarker that relates exposure to a xenobiotic to 
the levels of the substance or its metabolite, or of the product of an interaction 
between the substance and some target molecule or cell that can be measured 
in a compartment within an organism. 

biomonitoring: The direct measurement of people's exposure to toxic 
substances in the environment by measuring the substances or their 
metabolites in human specimens, such as blood or urine.  

The following is put forth as the definition for “exposure guidance value” as it 
pertains to BE derivation: 

exposure guidance values (EGVs):  Concentration of chemical in air, water 
or food or a daily oral dose of a chemical set by a regulatory agency or 
authoritative body and designed to be protective of human health (i.e., 
exposures at or below this value are believed to be without appreciable health 
risks) and is used as a guide for making risk management decisions (e.g., 
concentrations of chemical to be achieved during clean-up of a contaminated 
site, etc.).  

For communication to the general public, the terminology in the BE definition 
and corresponding IUPAC definitions are not sufficiently accessible.  Thus, the 
following definition will be used for this purpose:  
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A Biomonitoring Equivalent is an estimated concentration or range of 
concentrations of an environmental chemical in humans consistent with 

existing exposure guidelines. 

In addition to providing a generic definition for the term BE, for each chemical-
specific BE it is useful to have a generic description of the method used to 
derive the value.  The basis for the BE can be communicated with a simple 
diagram showing the origin of the toxicological data (e.g., human, rodent, 
etc.) and the method used (e.g., inclusion of uncertainty factors), as shown 
generically in Figure 1.  Figure 1 is used as the initial template, with only the 
relevant portions shown for any given chemical.  More detailed schematics of 
the methods and approaches used to derive BEs may be more appropriate for 
technical audiences; examples are shown in the accompanying chemical-
specific dossiers in this issue.  
 

Uncertainty FactorsLaboratory
Animal Data

Human Biomarker
Concentration BE

Exposure Guidance 
Value (RfD, TDI, etc.)

Internal Dose in 
Laboratory Animal 

Animal 
Pharmacokinetics

Human 
Pharmacokinetics

Uncertainty Factors

Uncertainty FactorsLaboratory
Animal Data

Human Biomarker
Concentration BE

Exposure Guidance 
Value (RfD, TDI, etc.)

Internal Dose in 
Laboratory Animal 

Animal 
Pharmacokinetics

Human 
Pharmacokinetics

Uncertainty Factors

 
Figure 1: Generic description of method for deriving the BE.  See the BE 
derivation guidelines (Hays et al., in press) for further discussion of this figure. 

 

There are numerous sources of exposure guidance values that can be used as 
the basis for BE derivation including RfDs, Tolerable Daily Intake (TDI) values, 
RfCs, and MRLs (Minimum Risk Levels).  These guidance values can refer to 
different routes of exposure (oral, inhalation, dermal), different health 
endpoints and different exposure durations (e.g., chronic, acute).  The BEs are 
derived from the “Point of Departure” (POD) defined as the “…point on a dose-
response curve established from experimental data, e.g., the benchmark dose, 
generally corresponding to an estimated low effect level (e.g., 1% to 10% 
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incidence of an effect) or a No Observed Adverse Effect Level (NOAEL) or 
Lowest Observed Adverse Effect Level (LOAEL).  Depending on the mode of 
action and available data, some form of extrapolation below the POD may be 
employed for low-dose risk assessment or the POD may be divided by a series 
of uncertainty factors to arrive at a reference dose” (USEPA, 2007a).  The 
value in notating the BEs with superscripts and/or subscripts was considered 
so that the variations in the underlying guidance would be transparent.  
However, it was felt that this would unnecessarily complicate the 
communication of the BE, and that the interested reader should instead be 
referred to the related chemical-specific derivation document.  In addition, the 
exposure guidance values on which the BEs are based, along with details such 
as the populations considered by the guidance values (e.g., general 
population, sensitive subpopulations, infants), should be available to the 
reader via a hyperlink to an appropriate website.  Given that some BEs are 
derived  starting with the PODs, it was recognized that a notation to 
differentiate between BEs associated with the exposure guidance values and 
BEs associated with PODs would be required.  Therefore, use of BEPOD is 
acceptable for use in the technical BE dossiers and for communicating to 
technical (risk assessment) audiences.  

Information on BEs developed for the general public and health care providers 
must include a statement on the restrictions associated with the use of the BE.  
We provide language here that mirrors the language used by the American 
Conference of Industrial Hygienists (ACGIH) to describe limitations on their 
Threshold Limit Values (TLVs®) (ACGIH, 2001):  

BEs are guidelines to be used by environmental and health 
professionals. BEs are intended for use only as guidelines or 
recommendations to assist in the evaluation of general population or 
special population biomonitoring data.  BEs are not intended to be 
used for assessing biomonitoring data from individuals, or for 
diagnostic purposes.  In addition, BEs are not bright lines between 
safe and unsafe levels of chemicals in the body. BEs are not 
regulatory standards. 

 

Comparison of population biomonitoring data with 
the BE  
An important use of the BE is as a screening value for comparison with human 
biomonitoring data.  The comparison of biomonitoring data to the relevant BE 
value can assist risk managers in assessing the potential need for research, 
exposure reductions, or assessment of other alternatives. Such a comparison 
may provide information to the public as well.  While comparisons with 
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population data can provide valuable information regarding general exposures 
to a given chemical, there are important limitations that must be considered.  

Individual data:  Numerous private laboratories advertise their ability to 
measure environmental chemicals in blood, urine, or other human tissues and 
fluids.  Thus, individuals may obtain measures of an array of chemicals in their 
bodies.  While it may seem enticing to use a BE to try to interpret these 
individual measures, it is generally not scientifically valid to use the BE as an 
interpretive tool for individual biomonitoring data.  One principal reason is that 
the level measured in an individual will be influenced by a large number of 
factors, and typically only one measurement is available.  This is especially the 
case for chemicals with short half-lives in the body, where daily (or even 
hourly) fluctuations in biomarker levels in an individual will not be captured by 
the one measurement and may misrepresent the typical level in the individual 
(i.e., single measurements should not be used to establish baseline levels for 
an individual because all human health parameters fluctuate).  ACGIH has 
described factors that can impact a worker’s biomarker levels (ACGIH, 2001), 
some of which are applicable to general population exposures to chemicals in 
the environment:  

• Physiological makeup and health status: body build, diet, metabolism, 
body fluid composition, age, gender, pregnancy, medication, and 
disease state. 

• Exposure: work rate intensity and duration, skin exposure, temperature 
and humidity, co-exposure to other chemicals, work habits, community 
and home air pollutants, water and food components, personal 
hygiene, smoking, alcohol and drug intake, exposure to household 
products, or exposure to chemicals from hobbies or from another 
workplace. 

• Methodological: specimen contamination or deterioration during 
collection and storage; bias of selected analytical method. 

In addition, the BE value is based on PODs and exposure guidelines that are 
not derived for individuals and are not meant to serve as bright line values 
separating “safe” and “unsafe”.  For example, a BE based on an RfD will have 
the same underlying definitional aspects as the RfD from which it was derived.  
As previously noted, the RfD is defined as an “estimate of a daily oral 
exposure for a given duration to the human population (including susceptible 
subgroups) that is likely to be without an appreciable risk of adverse health 
effects over a lifetime.” It is derived from a “…. suitable point of departure, 
with uncertainty/variability factors applied to reflect limitations of the data 
used” (USEPA, 2007b).  As is clear from this definition, there are various 
aspects of the RfD that make it unsuitable for application to interpretation of 
individual “safe” levels, including (i) “estimate of daily dose,” which does not 
necessarily account for episodic exposures and peak exposures; (ii) “likely to 
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be without appreciable risk” which leaves open to interpretation the actual risk 
level which cannot be known; (iii) uncertainty/variability factors, which can 
span several orders of magnitude, and are meant to account for uncertainties 
stemming from such factors as interspecies extrapolation and susceptible 
populations; and (iv) a duration of exposure (lifetime) which is unlikely to be 
accurately reflected by a single biomarker measurement. 

Workplace population data: BEs are analogous to the Biological Exposure 
Indices (BEIs) developed by ACGIH in that both are designed to represent 
biomonitoring levels estimated to be related to exposures at an EGV (TLVs in 
the case of BEIs).  BEs developed for workplace standards were recognized as 
potentially valuable for comparison to biomonitoring studies conducted among 
workers, but BEs derived from workplace standards would not be considered 
appropriate for comparison to biomonitoring studies from general populations.  
If BEs are developed for workplace standards, the difference between BE and 
BEI values should be noted.  

General population data: The most appropriate data for comparing to BEs are 
general population data, as populations capture a large range of variation and 
also best reflect the effectiveness of large-scale (i.e., population-scale) 
interventions (e.g., removing lead from gasoline).  In comparing this type of 
data to a BE, the population’s characteristics should be described and the 
data’s original reference cited.  The difficulty in comparing the BE to 
population data is related to the quality of the population data: how will the 
public know whether the data are of high quality and that the selection of the 
data for comparison was not biased?  One source of high quality US population 
data that can be used is CDC’s data published in their biennial National Report 
on Human Exposure to Environmental Chemicals (CDC, 2007).  There may be 
instances where it will be useful to compare the BE to data from a smaller 
region or smaller special groups (e.g., groups with atypical exposures) and 
best professional judgment will need to be applied. 

Graphical representation of the BE comparison to population data should be 
included in the communication material.  Log scale graphics are to be avoided 
whenever possible due to the difficulty the general population will have in 
interpreting such a graphic.  

 

Interpreting biomonitoring data that exceed 
chemical-specific BEs 
 

In order to interpret concentrations of chemicals in humans in comparison to 
BEs, it is important to describe the objectives of deriving BEs and what 
purposes BEs are and are not meant to serve.  BEs provide a tool for 
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interpreting human biomonitoring data in relation to existing exposure 
guidance values.  BEs are not diagnostic tools, and as stated previously should 
not be used to provide clinical interpretation of an individual’s biomonitoring 
data.  Thus, exceedances need to be discussed in the context of population 
data.  BEs are not risk assessment values, as they do not provide information 
on sources, frequency, or duration of exposure, and as such, exceedances 
would not necessarily trigger remedial activities.  However, values such as 
RfDs can provide a model for communication regarding BE exceedances, 
because for exposure at levels slightly above the RfD, it is not anticipated the 
exposed individuals will experience adverse health effects, given the 
conservative factors built into the RfD.  Similarly, measured biomarker 
concentrations slightly above levels consistent with existing exposure guidance 
values will not necessarily result in adverse health effects. The definition of a 
guidance value called the Provisional Tolerable Monthly Intake (PTMI) sheds 
light on why this is so (FAO/WHO, 2001): “The PTMI is not a limit of toxicity 
and does not represent a boundary between safe intake and intake associated 
with a significant increase in body burden or risk.  Long-term intakes slightly 
above the PTMI would not necessarily result in adverse health effects but 
would erode the safety factor built into the calculations of the PTMI.  It is not 
possible given our current knowledge to define the magnitude and duration of 
excess intake that would be associated with adverse health effects.”  The 
derivation of BE values with demarcated regions of low, medium, and high 
priority for risk assessment follow-up provide a similar basis for general 
evaluation, with the degree of elevation above the low priority region, as well 
as the duration of that elevation, related to the degree to which built-in safety 
factors may be eroded (Figure 2).  

The general public and others will still likely be interested in interpretation of 
population biomonitoring data that exceed chemical-specific BEs.  Analogies 
from the medical realm exist that can be used to assist in the interpretation of 
exceedances.  Cholesterol provides a useful analogy for interpreting 
exceedances of BEs; while it is an endogenous substance and not an 
environmental chemical, the public is generally aware that cholesterol is 
present in the body and that cholesterol can be used as a biomarker for 
potential health risks.  Further, a discussion of cholesterol can be used to bring 
forth to the public underlying concepts that are transferable to environmental 
chemicals - such as “dose-response” and “acceptable” or “normal” levels.  
People generally understand that there is a “dose-response” relationship 
between increasing blood cholesterol and the risk of heart disease (i.e., while 
high cholesterol levels are a risk factor for coronary heart disease (CHD), 
elevated levels do not mean that CHD is inevitable, but rather that the risk of 
CHD is greater) (NCEP, 2005).  They also understand that the range of 
“normal” values may change over time as new knowledge is developed.  
People further understand individual variability, in that not everyone with a 
high fat diet has high cholesterol levels (Clifton et al., 1990; Robinson et al., 
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2006).  Thus, a generic description of blood cholesterol may be a valuable tool 
for communicating information about biomonitoring levels exceeding the BE. 

  

 
Figure 2: Interpretation of population biomonitoring data exceedance of BEs 

 

BEs as screening metrics of environmental exposure and exceedances can 
therefore inform decision makers regarding the priority of the chemicals for 
further attention.  However, BEs as risk management tools are only as robust 
as the underlying PODs/guidance values and pharmacokinetic models on which 
they are based. The range of the BEs (either resulting from BEs established for 
different exposure guidance values or resulting from the range between BEPODs 
and BEs for the same exposure guidance value) will inform the risk manager 
regarding the uncertainty of the BE estimate, with a large band suggesting 
greater uncertainty.  

The use of BE values to identify levels of low, medium, and high priority for 
risk assessment follow-up is recommended.  Such follow-up may include 
additional assessment or investigation of exposure pathways and exposure 
levels, additional collection or assessment of toxicology or health effect data, 
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assessment of potential exposure interdictions or public health education 
measures, risk-benefit assessments, or other risk assessment or risk 
management actions, as determined to be appropriate by public health 
agencies.  The use of only three levels of priority acknowledges the 
uncertainties in the BE values, and seeks to provide to the public a simple 
scale that can be used to interpret population-based biomonitoring results.  
For chemicals associated with non-cancer health endpoints, the definition of 
the priority levels in relationship to the derivation of underlying exposure 
guidance values is as follows (Figure 2): 

• High priority biomarker concentrations are those that exceed the 
biomarker concentration estimated to be associated with the human 
equivalent POD (termed the human equivalent BEPOD).  This biomarker 
concentration may have been estimated based on one of two starting 
points:  

1. From the POD in an animal toxicology study (animal no-adverse-
effect-level) in combination with appropriate duration adjustment 
factors and interspecies uncertainty factors to account for presumed 
animal-to-human differences in intrinsic sensitivity to the chemical 
as well as, where appropriate, presumed animal-to-human 
differences in pharmacokinetics.   

2. Directly from human toxicology or epidemiology data when such 
data serve as the basis for the exposure guidance value.  

• Medium priority biomarker concentrations are those below the 
biomarker concentration associated with the human equivalent POD, 
but are above the BE value derived consistent with the exposure 
guidance value (termed the BE).  The BE value corresponding to the 
exposure guidance value is derived from the estimate of the biomarker 
concentration consistent with the human equivalent no-adverse-effect-
level in combination with appropriate within-human (intraspecies) 
uncertainty factors.  These uncertainty factors account for presumed 
interindividual differences in intrinsic sensitivity to the chemical, and, 
where appropriate, for presumed interindividual differences in 
pharmacokinetics. 

• Low priority biomarker concentrations are those at or below the 
biomarker concentrations consistent with the exposure guidance value.  
These concentrations are consistent with exposures deemed of low risk 
under the conventional chemical risk assessment paradigm. 

 

The derivation of these cut-points and selection of appropriate uncertainty 
factors are discussed in detail in the accompanying paper presenting BE 
derivation guidelines (Hays et al. 2008).  
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How should the level of confidence in the BE be 
expressed?  
Confidence in the BE is related to uncertainties associated with aspects of the 
science that underlie the BE derivation, including understanding of the mode 
of action that determines the relationship between the measured biomarker 
and the critical dose metrics related to adverse effects of the chemical, and to 
the robustness of the pharmacokinetic data and models utilized in the 
derivation of the BE.  Because of the technical nature of these issues, the 
more appropriate place for a detailed discussion of these uncertainties is in the 
BE derivation documentation (Hays et al., 2008).  This discussion, however, 
needs to be converted to a description of confidence that can be understood 
by those outside the scientific community.  It is critically important that 
communication materials include discussions of uncertainty (NRC, 2006), and 
according to Frewer (2004), “Uncertainty should be communicated in explicit 
and understandable ways, and should be focused on the need of the target 
audience; experts may have underestimated the ability of lay audiences to 
understand uncertainty, and lack of clear information on uncertainty has 
increased public distrust – communication about uncertainty may increase the 
communicator’s credibility.  Risk communication needs to focus on sources and 
magnitude of uncertainties.”  It is important that the level of confidence in the 
BE is captured so that risk managers, health care providers, and the general 
public may reliably use the BE to gauge the level of concern that may be 
applied to measured human exposures.  Adequate documentation regarding 
the confidence in the BE must be developed.  

The value of distinguishing among different types of uncertainty has been 
noted (Frewer, 2004) and examples of this type of uncertainty assessment 
have been reported.  The Netherlands National Institute for Public Health and 
the Environment (RIVM) developed a matrix covering each area of potential 
uncertainty for use in assessing and communicating uncertainties (Janssen et 
al., 2005).  The World Health Organization (WHO, 2006) assessed separate 
sources of uncertainty (e.g., the level of uncertainty, appraisal of knowledge 
base, the subjectivity of choices) and ranked characteristics of uncertainty as 
high, medium, or low.  

Distinguishing among different types of uncertainties could lead to the 
identification of areas where improvement in the database is needed.  These 
may be as simple as instances in which data could be developed to support 
assumed values or cases in which the biological plausibility of a given 
assumption could be supported with additional evidence.  In both of these 
instances, the value of improved information should be made apparent.  For 
situations where appreciable effort may be required to refine estimates of a 
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parameter value, the quantitative impact of that parameter must justify the 
expenditure of resources.  

In communicating the confidence in the BE, the following points should be 
made: First, scientific data are subject to a number of sources of uncertainty.  
Second, the choice of uncertainty factors applied in the derivation of the 
exposure guidance value involves the application of scientific judgment and 
policy considerations.  Similarly, for cancer the choice of the model used for 
the analyses involves scientific judgments and policy considerations.   Thus, 
the BE, based on scientific data and uncertainty factors or cancer modeling, is 
also subject to uncertainty.  Thirdly, the pharmacokinetic data or model used 
in the derivation of the BE inevitably carries with it uncertainty, and the 
degree of uncertainty varies with the robustness of the data or model.  
Therefore, it is useful to broadly categorize the confidence in the BEs as high, 
medium, or low, with assessments of the level of confidence in the overall 
database, as well as assessments of confidence in understanding regarding the 
mode of action and the relationship between the biomarker and the critical 
internal dose metric.  In order not to overstate the precision of the BE, the BE 
should normally be expressed in only one or two significant figures along with 
a simple scale showing low, medium, and high levels of priority for risk 
assessment/management follow-up.  

Confidence in the communicator is critical to successful communication with 
the public.  Successful public communication requires honesty and 
transparency, with all of the relevant facts made freely available, along with 
any assumptions that have been made to deal with uncertainties or data gaps.  
In particular, the public will want to know how much precaution has been 
invoked in estimating the BE in the face of scientific uncertainty.  Peer review 
can enhance the credibility of and confidence in BE values presented to the 
public.  In documenting the BE derivation, it will be useful to include a 
prioritized list of data gaps and, more importantly, data needs that would 
permit a better estimation of the BE.  Finally, definitions of uncertainty and 
variability should be included in the confidence section, which would serve to 
enhance the public’s understanding of the concept of uncertainty.  

 

Key questions for communicating information 
related to BEs  
In addition to providing the BE value(s), comparing population biomonitoring 
data to the BEs, descriptions of the interpretation of exceedances of 
biomonitoring data, and a narrative/graphic discussing the confidence in the 
BE, several additional topics will likely be of interest to the general public.  
These topics, given in the form of queries, are: (i) What health effect is the BE 
based on? (ii) How are people exposed to the chemical? (iii) Where can I get 
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more information? These questions, along with recommendations for shaping 
responses as part of the communications documentation, are given here.  

(i) What health effect is the BE based on? 

BEs are based on exposure guidance values that are derived with the goal of 
minimizing the likelihood of any adverse health effect occurring from the 
chemical exposure.  To this end, exposure guidance values based on non-
cancer endpoints examine available data on all adverse effects known to result 
from exposure to a chemical in tested species based on available scientific 
studies.  The most sensitive observed effect is identified, and the highest 
identifiable exposure that does not produce an observable impact on this 
endpoint is identified as the POD for derivation of an exposure guidance value.  
This endpoint is not necessarily the health impact of greatest concern, but 
protection from the most sensitive (lowest dose) outcome will necessarily 
protect against outcomes at higher doses, which may be of lesser or greater 
concern.  The POD is then reduced by application of a series of inter- and 
intra-species uncertainty factors to account for presumed differences in 
sensitivity between animals and humans (with humans presumed to be more 
sensitive) and within human beings (with a portion of the population presumed 
to be more sensitive by several fold than the typical member of the 
population).  Finally, in many cases, exposure guidance values include 
additional uncertainty factors designed to protect against the possibility that 
an untested endpoint might occur at lower exposure levels than the most 
sensitive endpoint previously identified and adjustments for less than lifetime 
exposures (when applicable). 

In the case of cancer risk-based exposure guidance values, typical guidance 
values (for example, risk-specific doses or, in this case, risk-specific BE 
values) are based upon extrapolation of a dose identified to cause a low but 
detectable increase in cancer in experimental animals to a level considered to 
present a very low risk (for example, an upper bound estimate of a one in a 
million risk level).  

A tenet of risk communication is that if the type of harm elicits feelings of 
dread, this should be acknowledged (OECD, 2002; Leiss, 2004).  It is 
anticipated that BEs will bring forth a range of reactions and sentiments, 
depending upon the health effect to which they are linked and whether 
population data show exceedances above the BE.  However, it is important to 
communicate to the public an understanding of the numerous elements of 
conservatism (i.e., health-protective assumptions) incorporated in this 
process.  Non-cancer exposure guidance values and therefore BEs derived 
from such values are based upon downward extrapolation of exposures shown 
to cause minimal (e.g., from benchmark dose analysis) or no observable 
health effects, and cancer-based exposure guidance values similarly identify 
exposures that present de minimis risk levels.  The BE documentation provides 
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a summary of the toxicological no-observed-adverse-effect-levels identified as 
the basis for the derivation of the exposure guidance values for each chemical. 

(ii) How are people exposed to the chemical?  

According to the National Research Council (NRC, 2006), providing a sense of 
individual control reduces perceived risk.  In addition, risk communication 
should “empower individuals to make informed decisions about hazards within 
their control” (Russel, 1991).  A minimum necessary component of risk 
communication is the specification of what is known about exposures and 
whether sensitive populations including children are likely to be exposed 
(OECD, 2002).  Neither biomonitoring data nor BE values provide any 
information on sources or routes of exposure.  However, the existence of 
biomonitoring data - with or without concomitant BE values - may prompt 
people to think more carefully and be more interested in their own potential 
sources of exposure.  Providing information on sources of exposures may be a 
useful way of contributing to an individual sense of control, and a clear 
comprehension of potential sources and routes of exposure to a chemical may 
assist in understanding the import of a biomonitoring result.  However, as 
noted by Anderson et al. (2006), “[k]nowledge gaps are more typical than is 
established science, especially when children are the exposed population.….”  
While interested parties may desire information on specific products, activities, 
etc. associated with increased exposures, whether to adults or to children 
(including in utero exposure), such information is often not available or may 
vary by population subgroup, geographic region, or lifestyle factors.  

Because the derivation and application of BE values to interpretation of 
biomonitoring data provide no information regarding routes and sources of 
exposure, a detailed discussion of exposure pathways and sources is outside 
the scope of BE communication materials.  However, where available, BE 
communication materials can refer readers to other established sources for 
such information.  Such information is readily available for many chemicals 
(Table 1).  Example sources include the chemical-specific assessments 
produced by the ATSDR (ToxFAQs™) (www.atsdr.cdc.gov/toxfaq.html).  
Information can also be found in the EPA’s Toxicity and Exposure Assessment 
for Children's Health (TEACH) (http://www.epa.gov/teach/), Hazardous 
Substances Databank (http://toxnet.nlm.nih.gov/cgi-bin/sis/htmlgen?HSDB) 
and (although fairly technical in nature) in European Union risk assessments 
(http://ecb.jrc.it/DOCUMENTS/Existing-
Chemicals/RISK_ASSESSMENT/REPORT/).  Information on household product 
exposures can be found at the National Library of Medicine website “Household 
Products Database” (http://hpd.nlm.nih.gov/index.htm); however, this 
database does not provide information on exposures due to ambient levels of 
a chemical, or dietary exposures.  When reliable information is available, it is 
appropriate to provide a reference or electronic link to the needed information. 
Available information should be reviewed by the BE documentation working 
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group to assure that it is acceptable and reasonably consistent. Ideally, more 
than one authoritative source should be provided, as this eliminates potential 
or perceived bias and greatly improves public confidence in the information 
provided.  

 

Table 1: Chemicals included in one example of a source for exposure 
information (EPA’s Toxicity and Exposure Assessment for Children's Health 
(TEACH) (http://www.epa.gov/teach/)  

  

2,4-Dichlorophenoxyacetic Acid Mercury (Elemental) 

Arsenic Mercury (Inorganic) 

Atrazine Mercury (Methylmercury and Ethylmercury) 

Benzene Nitrates and Nitrites 

Benzo(a)pyrene (BaP) Permethrin and Resmethrin (Pyrethroids) 

DEET Phthalates 

Dichlorvos Polychlorinated Biphenyls (PCBs) 

Formaldehyde Trichloroethylene 

Manganese Vinyl Chloride 

 

“The TEACH Web site contains summaries of scientific literature and U.S. 
federal regulations relevant to children’s environmental health. TEACH 
currently focuses on information that pertains to 18 chemicals of concern.  The 
goal of the TEACH project is to complement existing children’s health 
resources. TEACH does not provide an evaluation or critique the validity of the 
relevant scientific studies; nor does TEACH derive toxicity values. Instead, the 
goal of TEACH is to summarize, compile, and organize information obtained 
from numerous resources into one online resource. TEACH is designed to 
support numerous efforts throughout the country that target the protection of 
children’s health.”  

The nature of the BE derivation may impact the type of source and exposure 
information necessary for a comprehensive understanding of a BE value.  In 
particular, when a metabolite results from multiple primary chemical 
exposures or is itself present in the environment or when a biomarker (such as 
DNA adducts) may reflect exposure to more than one chemical entity or agent, 
consideration should be given to the entire spectrum of agents likely to 
contribute meaningfully to a particular biomarker value.  Similarly, when a 
biomarker may result from endogenous production of a chemical (i.e., 
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acetone, methanol) or may be the result of various disease states or 
therapeutic interventions, this should be acknowledged and the likely 
contribution to BE values estimated, if feasible. 

(iii) Where can I get more information? 

Sources of additional information relevant to a variety of audiences should be 
provided in the BE document if available.  An effort should be made to identify 
a number of authoritative sources that, collectively, can provide information 
appropriate for both professional and lay audiences.   

When possible, the information for lay audiences should be provided in a 
language or languages and at the appropriate reading level for the anticipated 
audience. 

Authoritative and technically correct sources are important.  Governmental 
agency, industry, academic, and/or nongovernmental organization websites 
that contain appropriate information should be included, with the recognition 
that consistency among multiple sources serves to augment the reader’s 
confidence in the reliability of the information provided. 

Appropriate sources should be identified and referenced in the communication 
materials for the BE.  Possible sources for evaluation are shown in Table 2. 

 

Key requirements for effective communication 
with health care professionals 
One of the greatest challenges for risk communication is: “How can health 
providers communicate information in a clear and simple way when the nature 
of the information itself is complex, ambiguous, and full of uncertainties?” 
(Butterfield and Salazar, 2004).  Furthermore, the National Research Council 
(2006) has suggested that “Most doctors are notoriously ignorant about 
environmental exposures and health issues.”  An additional challenge is that 
patients “often receive exposure information that is educationally or 
linguistically inappropriate for them” (Butterfield and Salazar, 2004). 

Physicians may play a critical role in helping to advise, inform, and interpret 
biomonitoring data for the lay public, in addition to their role in the health and 
regulatory communities.  Further, they may serve to provide medical 
evaluation, treatment, and screening efforts that may in some cases be 
appropriate for individuals in exposure ranges of high public health priority.  

Physicians come to the table with knowledge of diseases and disease 
etiologies, considerable experience with multi-factorial disease, and at least a 
basic understanding of dose-response as related to therapeutic interventions.  
However, unless specifically experienced in environmental or occupational 
medicine, they may have limited knowledge in this area.  Further, unless 
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serving in a regulatory capacity, most physicians have a very limited 
knowledge of risk assessment and regulatory processes - often at a lay public 
level of understanding.  Physicians inexperienced in this area will have a 
corresponding lack of experience communicating with patients on 
environmental issues.  

Like other professionals, physicians desire to appear knowledgeable and wish 
to meet patient expectations. This has become a particular challenge in the 
era of Internet information, as patients may arrive with a considerable body of 
knowledge (correct or otherwise), and physicians may find themselves at a 
loss for immediate response.  It is important, when possible, to provide 
information to the medical community in advance of their likely patient 
encounters in the face of an ongoing biomonitoring effort.  For example, BE 
derivation documents should be accompanied by a short (2-page) summary of 
information relevant to the BE derivation and applications.  Physician training 
should include the recognition that there are many different chemicals in the 
environment, and that even experts in environmental medicine must often 
undertake compound-specific research to address patient needs.  Physicians 
without the requisite training regarding environmental chemicals and 
biomonitoring can turn to environmental medicine and occupational medicine 
clinics or university departments for advice and guidance. 
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Table 2: Example sources for additional chemical-specific information 

SOURCE    REFERENCE  COMMENT 

ATSDR ToxFAQs™) (http://www.atsdr.cdc.gov/to
xfaq.html 

 Many available 
in Spanish 

EPA Toxicity and 
Exposure Assessment 
for Children's Health 
(TEACH) 

http://www.epa.gov/teach/  

Hazardous Substances 
Databank 

http://toxnet.nlm.nih.gov/cgi
-bin/sis/htmlgen?HSDB 

 

EPA  RED documents http://www.epa.gov/pesticide
s/reregistration/status.htm 

Pesticide 
information 

EXTOXNET http://extoxnet.orst.edu/ Pesticide 
information 

ATSDR website “Case 
Studies in 
Environmental 
Medicine” 

http://www.atsdr.cdc.gov/HE
C/CSEM/csem.html 

 

ATSDR Case Studies in 
Pediatric Environmental 
Health 

http://www.atsdr.cdc.gov/HE
C/CSEM/pediatric/goals_obje
ctives.html 

Mercury 
information 

California’s 
Occupational Safety 
and Health 
Administration 

 Cohen et al., 
2006 

National Institute of 
Environmental Health 
Sciences 

http://www.niehs.nih.gov/he
alth/topics/agents/index.cfm 

 

International 
Programme on 
Chemical Safety 
Concise International 
Chemical Assessment 
Documents 

http://www.who.int/ipcs/publ
ications/cicad/cicads_alphabe
tical/en/index.html 

 

Nongovernmental 
organization sites 

  

Industry sites   
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General biomonitoring background information for 
physicians 
As noted previously, the BE is not intended to be used for comparison with 
individual biomonitoring data.  However, situations may arise in which a 
patient obtains data on levels of a chemical or chemicals in their body and 
brings these data to their health care provider, requesting interpretive 
information.  While it is impractical to incorporate all of the details of a 
complete physician communication effort into this document, a number of 
important points are given here that could be conveyed to physicians as part 
of a biomonitoring education effort:  

• Physicians order diagnostic tests with the expectation that the results 
will be relevant to assessing or diagnosing the health status of the 
patient.  Such tests, by design, provide information on parameters in a 
patient with clinically relevant ranges.  When such test results are 
outside of the “normal” range, they are generally presumed to be 
associated with the presence of, or increased risk of, some type of 
illness, disorder, or pathology.  However, with few exceptions, 
biomonitoring data are obtained independent of an effort to diagnose or 
evaluate disease, and lacking a known physiologically relevant range, 
the levels of detection are generally set by the limits of laboratory 
technology or by the range of existing marker concentrations - neither 
of which necessarily relate to any clinical endpoint. Even with tests for 
which a general population range is determined statistically (usually the 
range of values encompassing 95% of the population), it does not 
necessarily follow that a value in excess of this range is associated with 
any clinical outcome, although it may represent an unusual exposure 
situation requiring further investigation.  Finally, chemical risk 
assessments are often based on subtle physiological changes observed 
in animal studies (e.g., increased kidney weight) as early indicators of 
toxic response.  In such cases, it may be impossible to interpret an 
exceedance in terms of any disease process or outcome relevant to the 
patient.  It may not be possible to monitor such endpoints in patients 
and furthermore the same specific endpoint may not be the earliest 
observable endpoint in humans.  

• The detection of a chemical in the body does not imply that a disease 
state or other adverse outcome necessarily has occurred or will occur. 
Individuals are exposed to many different chemicals, and the ability to 
detect them is related to advances in analytical technology, not 
necessarily clinical relevance.  In general, extensive additional 
information is necessary to establish that a disease state is present, 
that other causes have been excluded, that dose and timing are 
sufficient for the detected chemical to induce the disease, that the 
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relationship is biologically plausible, and that a disease outcome, if 
present, is therefore reasonably likely to be related to the detected 
biomarker.  In most instances, the multi-factorial nature of disease 
causation and the limits of biomonitoring make causal attribution 
impossible in the individual case, and even within a population.  
Because EPA incorporates uncertainty factors when establishing 
recommended exposure limits, “simple exceedance of an exposure 
guidance value (e.g., RfD), or the corresponding BE, does not 
necessarily imply that an exposure level associated with adverse effects 
has been experienced” (Hays et al., 2007). However, if a biomarker 
concentration approaches or exceeds those associated with the human 
equivalent POD underlying the exposure guidance value, there is a 
greater concern for an adverse health effect.  

• The results of a biomonitoring test must be carefully considered as to 
their relevance, based on toxicokinetic and other considerations.  A 
single value for a compound with a very long half-life, or a marker 
reflective of chronic exposure, may be interpretable in the context of a 
chronic exposure BE recommendation. However, a single value for a 
biomarker which fluctuates significantly relative to the time frame of 
the BE is not likely to be reflective of long-term exposure (as is also 
true for monitoring of environmental media). This is particularly true 
for lifetime-based BEs, but may be equally true even for acute 
exposure BEs if the half-life of the biomarker is short.  When a single or 
limited set of laboratory determinations does not allow for appropriate 
determination of exposure over the time frame relevant to the BE, it is 
not appropriate to attempt to interpret the result.  Instead, it may be 
necessary to either obtain more data or to rely only upon data on 
population averages.  

• When levels vary or fluctuate, patients often over-interpret such values 
to reflect trends. Physicians should avoid this error - a rise or fall in 
many cases is simply fluctuation unless some change has occurred in 
the underlying exposure.  Identification of a true trend would require 
multiple samplings over an extended period of time.  

• Biomarker values can establish the presence of a chemical (or 
metabolite, etc.) in the body, but cannot determine the source of the 
exposure.  If this can be determined at all, it would require ancillary 
information to establish one or more sources and exclude others.  

• Biomarkers of long-term exposure similarly cannot distinguish the 
actual time of exposure (again, similar to one-time monitoring of 
environmental media).  Even for materials with a known excretion 
pattern, the laboratory value cannot distinguish a distant higher 
exposure from a more recent lower exposure.  Biomarkers of more 
acute exposure, which reflect relatively rapid decay in biomarker levels, 
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can be used to ascertain that exposure has occurred within the time 
frame of the biomarker, but cannot distinguish details of exposure 
pattern within that time frame (unless multiple samples are obtained) 
and will of course fail to reflect any exposure earlier than the time 
frame for which the assay is relevant. 

• An ideal biomarker would be closely related to environmental exposure 
and would also be closely related, both statistically and biologically, to 
the critical internal dose metric.  However, such a marker may not be 
available for all chemicals. For example, if a small fraction of a 
compound undergoes highly variable metabolism to a new compound 
responsible for the adverse effect of interest, the parent compound 
levels may relate very well to exposure, but correlate poorly with 
outcome, while the metabolite level will correlate well with outcome, 
but is a poor index of exposure. Neither metric is intrinsically superior, 
and the choice of metric (if one cannot measure both for cost, 
technical, or other reasons) will depend upon the purpose to which the 
value will be put. If one wished to determine levels of environmental 
exposure based upon biomonitoring, a close link to the exposure is 
needed.  If, however, one wished to perform a 
pharmacokinetic/pharmacodynamic-based risk assessment, a marker 
closely related to the adverse effect is essential, even if it is a poor 
metric of exposure.  It is incumbent upon the health care provider to 
understand the nature of the biomarker used, and whether it is a 
reliable measure of exposure, risk, or both.  

• In some instances, biomarker concentrations may be highly dependent 
on route of exposure. If, for example, a compound undergoes extensive 
first-pass hepatic metabolism, the quantity of chemical delivered orally 
(food, water) may produce a very different biomarker concentration 
than the same material delivered via inhalation. It is incumbent on the 
developers of the communication document for a BE to furnish the 
health care provider with an understanding of the exposure route 
assumptions, if any, relevant to the BE value determination and to 
consider whether the BE value or range is applicable if such 
assumptions have been violated.  

 

Talking to patients about BEs and biomonitoring 
There are few clinical indications for ordering biomonitoring analyses for 
patients in the general population in the absence of information suggesting a 
toxic exposure.  However, patients may come to physicians with biomonitoring 
data that they have obtained independently.  The following should be 
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considered by the physician in assisting patients in interpretation of such 
biomonitoring data. 

1. Consideration of why the data were obtained by the patient.  Does the 
patient have a suspicion regarding the air or water at their place of 
residence due to odors, tastes, or a nearby facility?  Is there an 
occupational exposure about which the patient is concerned?  Such 
information will provide important context in evaluation of the 
biomonitoring data and may lead the physician to refer the patient to 
an occupational medicine specialist or to a local or state public health 
agency for additional information. 

2. Consideration of the concentrations measured in the context of 
available data for the general population.  As discussed above, CDC is 
compiling significant databases of biomonitoring data that provide 
information on the concentrations of many chemicals in the general US 
population (www.cdc.gov/nceh).  Such information is relevant for the 
interpretation of individual biomonitoring data.  For example, if 
biomarker concentrations in a patient are substantially elevated over 
those generally found in the general population, further evaluation and 
investigation (beginning with a repeated measurement at an accredited 
and reputable laboratory) may be appropriate if those values also 
exceed the “low” priority BE range, perhaps in conjunction with local or 
state public health agencies or in conjunction with an occupational 
physician. 

As discussed above, BE values in general are appropriate for screening of 
population-based biomonitoring data, but not for assessment of measured 
concentrations in individuals or for diagnosis of any condition.  With that 
caveat in mind, physicians may find BE values useful in assisting patients with 
interpretation of biomonitoring data that the individual obtains independently 
or with concerns about media reports of biomonitoring results.  Detailed 
patient guidance for particular chemicals must, by definition, be chemical-
specific and is beyond the scope of this document.  Nonetheless, a number of 
important generalizations can be made regarding advice which is likely to be 
appropriate for individuals or groups with biomonitored level of chemicals at 
low, medium, or high priority levels.  

Low Priority - Individuals with levels in this range have biomarker 
concentrations consistent with exposures at or below existing exposure 
guidance values. For these individuals, risk attributable to the exposure is 
negligible to zero (i.e., for threshold effects they are far below threshold), and 
specific advice regarding the exposure itself or regarding risk mitigation 
related to the exposure is not warranted. The primary role of the health care 
provider is to provide context and reassurance.  



 140 

Medium Priority - Individuals in this category have biomonitoring levels higher 
than those in the Low Priority category, but are generally below levels that are 
expected to be associated with adverse effects in humans.  For such 
individuals, two types of advice may be appropriate. First, they might be 
provided with chemical-specific, practical advice regarding actions they may 
take in order to reduce exposure, if such information is available and the 
actions are reasonable. It is not clear that such action is necessarily warranted 
or beneficial; nonetheless, this may afford the individual a modicum of choice 
and an opportunity for control of exposure. Second, if there are multifactorial 
health endpoints of concern with a particular chemical, the patient might be 
advised as to lifestyle or other changes that might mitigate risk. For example, 
if cardiovascular disease is an endpoint of concern for a particular compound, 
it may be helpful to point out that via exercise, addressing cholesterol issues if 
necessary, and managing blood pressure, they may compensate for some 
small degree of risk attributable to chemical exposure.  

High Priority - In this category, it is essential to properly advise the patient as 
to what, precisely, a “high priority” for risk assessment follow-up means in the 
context of a particular chemical. This is especially important with cancer 
endpoints, as a high public health priority indicates only that a theoretical 
1:10,000 cancer risk has been exceeded.  The overall risk of cancer mortality 
(not necessarily specific cancers of concern for the chemical at hand) is 
influenced by many different exposures and risk factors for cancer overall can 
be mitigated to a far greater degree by recognized health practices such as 
colonoscopy.  Within this category, there are again two types of advice that 
might be given.  First, immediate re-testing should be conducted to determine 
whether the measurement represents a repeatable level. Second, specific 
instruction for reduction in exposure may be appropriate if this can be 
achieved with practical interventions.  The utility and practicality of this type of 
intervention is dependent upon routes and sources of exposure and by many 
other factors, and must be determined on a case-by-case basis.  Third, there 
may be utility in screening for particular medical conditions either on a one-
time or ongoing basis so that early intervention can be provided. 

Conclusions 
While the risk communication literature specific to biomonitoring is sparse, 
many of the concepts developed for traditional risk assessments apply.  These 
include transparency, discussions of confidence and uncertainty, and materials 
that are readily comprehensible to a wide range of audiences.  Communication 
of BEs will require outreach, education, and development of communication 
materials specific to several audiences including the lay public and health care 
providers.  These guidelines should be used to help shape how these 
communications materials are developed. 
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Abstract 
Recent efforts by the US Centers for Disease Control and Prevention and other 
researchers have resulted in a growing database of measured concentrations 
of chemical substances in blood or urine samples taken from the general 
population.  However, few tools exist to assist in the interpretation of the 
measured values in a health risk context.  Biomonitoring Equivalents (BEs) are 
defined as the concentration or range of concentrations of a chemical or its 
metabolite in a biological medium (blood, urine, or other medium) that is 
consistent with an existing health-based exposure guideline.  This document 
reviews available pharmacokinetic data and models for 2,4-
dichlorophenoxyacetic acid (2,4-D) and applies these data and models to 
existing health based exposure guidance values from the US Environmental 
Protection Agency to estimate corresponding BE values for 2,4-D in plasma 
and urine.  These values can be used as screening tools for evaluation of 
biomonitoring data for 2,4-D in the context of the existing USEPA risk 
assessment and for prioritization of the potential need for additional risk 
assessment efforts for 2,4-D. 

Introduction 
Measurements of environmental chemicals in air, water, or other media can be 
compared to health-based exposure guidelines to identify chemical exposures 
that may be of concern, or to identify chemicals for which a wide margin of 
safety appears to be present.  Interpretation of biomonitoring data for 
environmental compounds is hampered by a lack of similar screening criteria 
applicable to measurements of chemicals in biological media such as blood or 
urine.  Such screening criteria would ideally be based upon data from robust 
epidemiological studies that evaluate a comprehensive set of health endpoints 
in relationship to measured levels of chemicals in biological media.  However, 
development of such epidemiologically-based screening values is a resource- 
and time-intensive effort.  As an interim effort, the development of 
Biomonitoring Equivalents (BEs) has been proposed (Hays et al. 2007). 
 
A Biomonitoring Equivalent (BE) is defined as the concentration or range of 
concentrations of chemical in a biological medium (blood, urine, or other 
medium) that is consistent with an existing health-based exposure guideline.  
Existing chemical-specific pharmacokinetic data are used to estimate 
biomarker concentrations associated with the Point of Departure (POD, a dose 
corresponding to the low end of the dose-response relationship such as a No 
Observed Effect Level [NOEL] or Benchmark Dose [BMD]) and to estimate 
biomarker concentrations that are consistent with the guidance value.   BEs 
can be estimated using available human or animal pharmacokinetic data.  
Guidelines for the derivation and communication of BEs are available in (Hays 
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et al., 2008).  BEs are designed to be screening tools to gauge which 
chemicals have large, small or no margin of safety compared to existing 
health-based exposure guidelines.  BEs are only as robust as are the 
underlying health-based exposure guidelines that they are based upon and the 
underlying animal toxicology studies and pharmacokinetic data used to derive 
these health-based exposure guidelines.  BEs are not designed to be 
diagnostic for potential health effects in humans, either individually or among 
a population. 
 
2,4-Dichlorophenoxyacetic acid (2,4-D) (CAS number 94-75-7) is used as a 
herbicide to control broadleaf weeds in the cultivation of wheat, corn, barley, and 
sorghum and in rangeland and pastureland.  It is the active ingredient in more 
than 1500 herbicide products.  There are few data documenting specific exposure 
pathways  or media for human exposure to 2,4-D in the general population. 
(http://www.epa.gov/ttn/atw/hlthef/di-oxyac.html).   
 
This BE dossier describes the scientific basis for and derivation of BE values for 
2,4-D and discusses issues that are important for the interpretation of 
biomonitoring data using Biomonitoring Equivalents.  This dossier.is not 
designed to be a comprehensive compilation of the available hazard, dose-
response or risk assessment information for 2,4-D.   

Current Health-Based Exposure Guidance Values 
 
Acute high-level oral or inhalation exposure to 2,4-D causes neurotoxicity, with 
symptoms including stiffness of arms and legs, incoordination, lethargy, anorexia, 
stupor, and coma in humans.  2,4-D is also an irritant to the gastrointestinal tract, 
causing nausea, vomiting, and diarrhea, and can cause a rash or dermal irritation 
after direct skin exposure.  The most sensitive effects observed following chronic 
exposure in animals are hematologic, renal, and hepatic effects.  At higher doses, 
decreased fetal weights, increased fetal mortality, and skeletal abnormalities have 
been observed in offspring of treated animals.  Additional information and 
references regarding 2,4-D toxicity are available at the USEPA Air Toxics Web site 
(http://www.epa.gov/ttn/atw/hlthef/di-oxyac.html).   
 
Health-based exposure guidelines and toxicity values have been established for 
many chemicals for the general population by the USEPA (Reference Doses or 
Reference Concentrations [RfD or RfC]), the Agency for Toxic Substances and 
Disease Registry (ATSDR) (Minimal Risk Levels or MRLs), and Health Canada and 
the World Health Organization (Tolerable Daily Intakes or TDIs).  The chronic 
health-based exposure guideline values are designated with different names and 
have somewhat different definitions, but generally describe a rough estimate for a 
chemical that are expected to be without adverse or deleterious effects in the 
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general population, including sensitive subpopulations1.  For chemicals considered 
to be carcinogenic, the USEPA also establishes estimates of the cancer potency of 
the chemicals by assigning a quantitative estimate of the upper bound of potential 
increased cancer risk associated with a unit of intake or air concentration (unit 
cancer risks, or UCRs).  Finally, several organizations set chemical-specific air 
concentrations that are considered to be safe for workers in the occupational 
environment (for example, Threshold Limit Values [TLVs], Permissible 
Exposure Limits [PELs], and Maximum Air Concentrations [MAKs]).  These 
values are generally not appropriate for application to the general population 
on a chronic basis, but can provide perspective for evaluating non-workplace 
environmental exposures. 
   
 
Several health-based exposure guidelines and toxicity values are available for 2,4-
D.  The USEPA Integrated Risk Information System (IRIS) evaluated 2,4-D in 
1988 and established a chronic RfD.  However, more recently, the USEPA Office of 
Pesticide Programs conducted an updated review of 2,4-D and adopted a revised 
chronic RfD as well as acute RfDs (applicable to single day exposures) for 2,4-D 
(USEPA 2004).  These revised values are described in Table 1, including 
information regarding the studies used as the basis for the derivation, the 
identified point of departure (POD) (no observed adverse effect level [NOAEL], 
lowest observed adverse effect level [LOAEL], or benchmark dose) and the 
uncertainty factors applied to the POD to obtain the RfD.  USEPA has not classified 
2,4-D with respect to carcinogenicity and has not established any UCR estimates 
for 2,4-D. 
 

Pharmacokinetics 
The pharmacokinetics of 2,4-D have been studied in two studies of human 
volunteers.  Kohli et al. (1974) and  Sauerhoff et al. (1977) studied the fate of 
2,4-D after oral administration of single doses of 5 mg kg-1 in six and five 
human volunteers, respectively, reporting time courses for both plasma 
concentrations and urinary excretion (Sauerhoff et al. report plasma time 
courses for only three of the five individuals studied).   2,4-D was  
 

                                          
1 “An estimate (with uncertainty spanning perhaps an order of magnitude) of a 
daily oral exposure to the human population (including sensitive subgroups) 
that is likely to be without an appreciable risk of deleterious effects during a 
lifetime. It can be derived from a NOAEL, LOAEL, or benchmark dose, with 
uncertainty factors generally applied to reflect limitations of the data used. 
Generally used in EPA's noncancer health assessments.”  
http://www.epa.gov/NCEA/iris/help_gloss.htm  
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Table 1:  Description of studies and endpoints used to establish the point of 
departure (POD) and the identified uncertainty factors (UFs)  used in the 
derivation of the USEPA OPP reference doses (RfDs) for 2,4-D (USEPA 2004). 

 
 
 
eliminated as the parent compound (~82%) or as a conjugate of the parent 
compound in urine (Sauerhoff et al. 1977).  Different estimates of the 
elimination pharmacokinetics of 2,4-D were made by the two groups.  
Sauerhoff et al. (1977) estimated an average urinary elimination half-life of 
approximately 17 hours and a plasma half-life of approximately 11 hours.  
This elimination rate is rapid enough that pseudo-steady state plasma levels 
would be reached within a few days of constant exposure.  At that point, the 
total quantity of compound eliminated per day in urine would be equivalent to 
the amount absorbed into the body (from dietary or other exposure sources).  
Kohli et al.  (1974) found slower overall elimination kinetics, with a plasma 
half-life of approximately 33 hours.   The differences between the two models 
stem primarily from significant differences in measured plasma concentrations 
at time points 5 to 7 days after administration, with Kohli et al. reporting 
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significantly higher remaining plasma concentrations after this time period.  
Both groups fit their plasma concentration data to a one compartment kinetic 
model.  The parameters derived by these authors can be used to predict 
plasma concentrations of 2,4-D following repeated exposures.  Under either 
set of kinetic assumptions, however, continuing exposure at the RfD or other 
daily exposure guideline for more than 1 week of exposure would result in a 
steady-state in which the amount excreted daily in urine would be 
approximately equivalent to the amount absorbed each day.    
 
The pharmacokinetics of 2,4-D have been studied in numerous species 
including rats, the species used in the studies that serve as the basis for the 
RfD values (reviewed in Timchalk 2004).   As in humans, 2,4-D does not 
undergo oxidative metabolism but is excreted in urine as the parent compound 
or a conjugate in rats.  Renal excretion occurs via active transport, and is 
saturable in rats at chronic dosing rates between 10 and 100 mg kg-1 d-1 
(Timchalk 2004, Saghir et al. 2006, van Ravenzwaay et al. 2003).  In general, 
toxicity is not observed below doses required to saturate the active renal 
transport mechanisms.  A pharmacokinetic model for 2,4-D in rats has been 
developed with a focus on examining distribution to the adult and developing 
rat brain (Kim et al.1994, 1995, 1996, 2001).  More recently, Saghir et al. 
(2006) duplicated the dietary exposure regimens in rats used in the studies 
underlying the RfD derivation for 2,4-D and other pesticides and collected 
blood and urine samples from dosed rats at various time points to evaluate the 
daily variation in plasma and urine levels.  The measured plasma 
concentrations in rats exposed at the NOEL allow direct comparison with the 
human plasma data reported by Sauerhoff et al. (1977) from human 
volunteers ingesting a single dose of 2,4-D. 

Biomarkers and Dose Metrics 
The objective of using BEs is to provide a human health risk framework for 
evaluation of human biomonitoring data.  The choice of the biomarker (analyte 
and medium) and dose metric (peak, daily average, creatinine corrected, etc.) 
should be optimized to facilitate this objective.  The key criterion for the choice 
of a biomarker and dose metric then is that they be as closely related to the 
critical dose metric associated with toxicity as possible and feasibly obtained in 
a biomonitoring study.  This, in turn, means that the biomarker should be  (i) 
the compound that causes the toxicity (parent or metabolite), or (ii) should be 
just upstream on the metabolic pathway from the toxic compound, and (iii) as 
directly related to the target tissue concentration as possible.  Likewise, the 
dose metric should be chosen to reflect the mechanism of toxicity of the 
compound, where known. 
 
Several mechanisms of action of toxicity for 2,4-D are known, but these are most 
clearly observed after high exposure acute toxicity events.  These include (but are 
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not limited to) dose-dependent cell membrane damage, uncoupling of oxidative 
phosphorylation, and disruption of acetylcoenzyme A metabolism (Bradberry et al. 
2000).  The specific mechanisms of action underlying the neurotoxicity and other 
effects observed at lower exposures are not fully understood, and a full discussion 
of the mechanism of action of 2,4-D is outside the scope of this review.  
Researchers have developed models relating tissue exposure in the brain to 
plasma concentrations of 2,4-D, indicating that plasma concentration is a useful 
surrogate for brain concentrations (Kim et al. 1995).  With respect to potential 
developmental effects, plasma concentrations probably are superior to 
administered dose measures as surrogates for target tissue dose, but no specific 
research on this point has been done.  Since 2,4-D does not undergo oxidative 
metabolism in mammals (reviewed in Timchalk 2004), it is likely that the 
toxicity moiety for most endpoints is the parent compound, 2,4-D.  Based on 
this conclusion, the concentration of 2,4-D in plasma should be directly 
relevant to the critical dose metric(s) for a range of toxic endpoints, even if 
the specific mechanism of action and critical dose metrics are not fully 
understood. 
 
Because 2,4-D is excreted as the parent compound in urine, most 
biomonitoring evaluations of exposure to 2,4-D have relied on urinary samples 
(Knopp et al. 1991, Knopp et al. 1994; CDC 2005).  A few kinetic studies have 
examined plasma concentrations of 2,4-D in humans and animals as well 
(Kohli et al. 1974, Saghir et al. 2006, van Ravenzwaay et al. 2003, Sauerhoff 
et al. 1977).  The relative ease of collection of urine samples compared to 
blood samples contributes to this choice.  From a toxicologic point of view, 
plasma concentrations of 2,4-D are probably more informative for predicting 
target tissue concentrations and responses (for example, neurotoxic 
responses).  This would be particularly true under conditions of episodic, 
higher-level exposures.  However, under conditions of chronic, low-level 
exposures, urinary excretion rates should be specific and quantitatively 
relevant in a framework of a mass-balance assessment.  That is, under 
exposure conditions that approximate steady-state, daily urinary excretion 
should equal daily intake.  Table 2 summarizes the advantages and 
disadvantages of available biomarkers. 
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Table 2: Possible analytes and media for use as a biomarker of exposure in 
biomonitoring studies 

 

 

BE Derivation  
 
This section presents the methods used to derive BE values for use in 
evaluation of biomonitoring data for 2,4-D and the resulting BE values.   As 
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discussed above, either plasma or urine can be used as the medium for 
biomonitoring.   
 
The following BE values are derived and presented for assessment of urinary 
concentrations of 2,4-D:     

 Estimated human creatinine-adjusted urine concentrations under 
conditions of exposure at the chronic RfD, or following single day 
exposure at the acute RfD (see Table 1 for RfD values). 

 Estimated concentration of 2,4-D in urine on a volume basis (ug L-1) 
following exposure at the chronic RfD, or following single day exposure 
at the acute RfD. 

 
For plasma, the following values are derived and presented: 

 Measured laboratory rat plasma concentrations at the point of 
departure, 5 mg kg-1 d-1 (a NOAEL), used as the basis of the derivation 
of the chronic or acute RfD, as appropriate;  

 Measured peak human plasma concentrations following acute dosing 
with the same dose, 5 mg kg-1 d-1 as reported in two studies of 
volunteer exposure;  

 Human plasma concentrations consistent with both the acute and 
chronic RfDs RfD were estimated in two ways: 

o Using the available human pharmacokinetic models to estimate 
the plasma concentration resulting from steady-state exposure 
at the chronic RfD or single dose exposure at the acute RfD; and 

o Estimated human plasma concentrations derived based on 
extrapolation of measured plasma concentrations in animals 
dosed at the PODs that underlie the acute and chronic RfDs. 

Methods 
The basic methods and approaches for deriving BE values are described in 
Hays et al. (2007), with specific guidelines for derivation presented in Hays et 
al. (2008).   The key considerations to be assessed in selecting a method for 
derivation include: 

 Identification of internal dose metrics that are likely to be relevant to 
the mechanism of action;  

 Evaluation of the relationship between the biomarker and the relevant 
internal dose metric; and  

 Consideration of the available pharmacokinetic data. 
 
For 2,4-D, as discussed above, plasma concentrations are likely to be highly 
relevant to the critical internal dose(s) associated with toxic responses.  Thus, 
plasma concentration as a biomarker is directly relevant to toxic responses.  In 
contrast, urinary concentration is less directly related to critical internal dose 
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metrics, but rather, serves most directly as a biomarker of exposure.  Thus, 
the approaches for derivation of BE values for these two biomarkers differ.   
 
For urinary 2,4-D concentration, a simple mass balance approach is taken 
here, estimating the 24-hour average concentration of 2,4-D in urine expected 
at steady-state exposure at the RfD.  For plasma 2,4-D as the biomarker, an 
approach that takes into account plasma concentrations in the laboratory 
experiment at the POD along with appropriate uncertainty factors is used.  
These approaches are detailed below. 
 
 

Urine 
 
As discussed above, the straightforward elimination kinetics of 2,4-D (as 
parent compound in urine with essentially no metabolism) and the lack of 
direct relationship between urinary concentration and critical internal dose 
metrics suggests a simple mass-balance approach for derivation of BE values 
for urinary 2,4-D concentration, illustrated in Figure 1.  The following sections 
discuss the implementation of this approach for 2,4-D.   
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Figure 1:  Schematic for derivation of the urinary chronic BERfD 
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Chronic exposure conditions.   An ideal biomonitoring regimen for 2,4-D and 
for other compounds excreted in urine would include collection of 24-hour 
urine specimens so that daily excretion could be quantified directly.  In 
practice, however, collection of such samples is difficult and impractical for 
large biomonitoring studies such as the NHANES/CDC effort.  As a result, 
urinary concentrations are generally reported based on spot urine sample 
collection.   The absolute concentration of compounds in such samples can 
vary substantially due simply to differences in hydration rates and to other 
factors (reviewed by Mage et al. 2004).  Thus, in addition to reporting 
absolute urinary concentrations of such chemicals (for example, in units of µg 
L-1), CDC and other researchers generally also report levels adjusted to 
creatinine levels (e.g., µg chemical g-1 creatinine).   
 
While hydration status introduces variability into interpretation of urinary 
concentrations on a volume basis, creatinine adjustment also introduces 
variability into the analysis (Garde et al. 2004).  As reviewed by Mage et al. 
(2004) and Barr et al. (2005), creatinine excretion is a function of age, 
gender, and lean body mass (a function of height and weight), dietary 
patterns, and other factors including kidney function status.  Daily creatinine 
excretion can vary substantially: typical estimates for adults vary by a factor 
of 4 or more, from approximately 0.5 to more than 2 g d-1 depending on those 
factors and other sources of individual variability 
(www.nlm.nih.gov/medlineplus/ency/article/003610.htm), and variability in 
creatinine excretion rates in children may be greater (Kissel et al. 2005; 
O’Rourke et al. 2000).   Because the total intake at any health-based exposure 
guideline such as the RfD is also a function of weight (these values are 
generally specified in terms of mg of intake per kg bodyweight per day), 
estimates of the creatinine-adjusted concentration in urine associated with 
exposure at the RfD can vary substantially among individuals.   
 
Two main approaches to derivation of urinary BE values are taken here:  
creatinine adjustment (µg chemical g-1 creatinine) and urinary volume 
adjustment (µg chemical L-1 of urine).   
 
 (1) Creatinine-adjusted basis 
The modeling approach taken in this effort adopts the same basic assumptions 
used by Mage et al. (2004) in their back-extrapolation of estimated doses for 
pesticides and metabolites analyzed in urine based on NHANES III data. The 
values derived are based on the assumption that there is no pathology 
involved, such as kidney failure or a muscle wasting disease; typical food 
intake patterns are assumed.  That is, creatinine production will be assumed 
to be from a mixed diet rather than from a strict vegetarian diet, which could 
reduce creatinine production and excretion, or from a highly meat-intensive 
diet, which could increase creatinine excretion. 
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The maximum rate of renal transport for 2,4-D is assumed not to be exceeded 
at the RfD, an assumption supported by the available kinetic data in both 
humans and laboratory animals (Timchalk 2004).  
Adults.  Mage et al. (2004) derived predictive equations specific for men and 
women to estimate daily creatinine excretion as a function of height, weight, 
and age based on established formulas scaled to body surface area (equations 
3a and 3b in Mage et al. 2004):  
 

5.05.1 **)140(93.1 hBWACnMale −=      (1) 
And 

5.05.1 **)140(64.1 hBWACnFemale −=      (2) 
 
Where Cn is creatinine excretion in µg d-1, A is age in years, BW is bodyweight 
in kg, and h is height in cm.   
 
These formulas for adults were used in a probabilistic assessment 
incorporating gender-specific approximate distributions of height, weight, and 
age in the adult US population for two age groups:  20 to 60 yrs, and 60 to 80 
yrs, corresponding to age categories used in the past by CDC to report results.  
The modeling was conducted using Crystal Ball ® version 7.2.2.  Table 3 
presents the distributions used for each of the key parameters for men and 
women.  For each selection of height, weight, and age from the distributions, a 
specific creatinine excretion rate in µg/d was calculated.  For each iteration of 
the simulation, excretion of 2,4-D equal to a daily dose corresponding to the 
RfD times the specific bodyweight for that iteration was assumed.  This daily 
excretion amount of 2,4-D was divided by the iteration-specific creatinine 
excretion estimate.  The result is the predicted creatinine-adjusted 
concentration of 2,4-D in µg g-1 Cn for that iteration of the simulation:   
 

CF
hBWACn

BWRfDD chronic
adjCn *

),,(
*]4,2[ =− −     (3) 

 
Where the RfD is given in mg kg-1 d-1, BW in kg, Cn in µg d-1 from eq. (3) 
above, and CF is a conversion factor equal to 109.   
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Table 3: Distributions used for parameters in the Monte Carlo model of urinary 
creatinine excretion. 

 
 
 
Children.  In children, height and weight are correlated with age in complex 
relationships, so a more direct approach based on empirical distributions of 
creatinine excretion from the literature was used.  Daily (24-hour) creatinine 
excretion per kg bodyweight was reported by age groups by Remer et al. 
(2002) based on measured creatinine in 24-hour urine samples taken from 
225 boys and 229 girls (Table 4).  This is the most current and largest data 
set available regarding children’s creatinine excretion rates, although a 
limitation of this data set is that it is composed entirely of Caucasian children. 
This distribution of normal creatinine excretion as a function of body weight for 
specific age groups can be used to estimate the range of concentrations of 
2,4-D per g creatinine that is consistent with exposure at the RfD for each age 
group.  Values for the mean, median, 5th, and 95th percentile were calculated 
by dividing the RfD by those values as reported for each age group and 
gender. 
 
Acute exposure conditions.  The USEPA OPP has also identified permissible 
acute (single day) exposure levels for the general population and for females 
aged 13 to 50 (see Table 1).  These values could apply in circumstances 
involving direct use of 2,4-D or other close contact to the compound during 
application.  In human volunteers given a single dose of 2,4-D, Sauerhoff et 
al. (1977) found that approximately 50% of the total dose was excreted in 
urine within the first 24 hours.  Thus, the creatinine-adjusted concentration 
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estimated to be associated with a single exposure at the acute RfD, BERfD acute, 

urine  can be estimated as follows: 
 

  (4) 
 
 
 

Where the BERfD chroni, urine is the BE value resulting from eq. (3).  This approach 
was used to scale the estimated chronic creatinine-adjusted values for the 
corresponding acute RfD values. 
 
 
Table 4: Age-based reference ranges for 24-hr urinary creatinine excretion in 
225 boys and 229 girlsa. 

 
a Values from Remer et al. (2002), Table 2, converted from mmol kg-1 d-1 to 
mg kg-1 d-1 using the molecular weight of creatinine, 113.12 g mol-1. 
 
 
 (2) Urinary volume basis 
Estimates of average 24-hour urinary volume are available in the literature for 
both adults and children (Perucca et al. 2007; Remer et al. 2006).  These 
values can be used to derive an estimate of average 24-hour urinary 
concentration consistent with steady-state exposure at the RfD for use as a 
screening value.   For each group at steady state exposure, a quantity of 2,4-
D equal to the estimated daily intake at the RfD is assumed to be excreted in 
the 24-hour urinary volume (V24-hr), so that the predicted concentration in 
urine (ug L-1) following steady-state exposure at the chronic RfD can be 
calculated as follows: 

5.0*,, ⎥
⎦

⎤
⎢
⎣

⎡
=

chronic

acute
urinechronicRfDurineacuteRfD RfD

RfD
BEBE
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]4,2[       (5) 

 
For adults, 24-hour urinary volume estimates from the literature for healthy 
adult men and women are summarized by Perucca et al. (2007, Table 2).  A 
weighted average for the four studies of healthy individuals tabulated there 
yields estimates of average urinary volumes for men and women of 1.7 and 
1.6 L/24 hours, respectively, with coefficients of variation of approximately 
30%.  Remer et al. (2006) reported that 24-hour urinary volume for children 
aged 6-12 (average bodyweight for boys and girls of 28.4 and 28 kg, 
respectively) was not sex dependent and averaged 0.66 L per 24 hours.  No 
data were found for 24-hour urinary volume for adolescents or children under 
6 years of age.  For adolescents, an assumption was made that urinary 
volume is equivalent to that of adults; for children under 6, an assumption 
was made that urinary volumes are similar to those for children aged 6 to 12.  
In both cases, these assumptions may overestimate actual urinary volumes, 
resulting in underestimates of urinary BE values for these age groups. 
 
To derive urinary concentration values associated with exposure at the acute 
RfD, the assumption was again made that following a single-day exposure at 
the acute RfD, 50% of the acute ingested dose would be excreted in urine in 
the first 24 hours following exposure, as for the creatinine-based values (eq. 
4).   
 
 (3) An alternative method:  Mass per time basis 
Finally, because the assumption of steady-state implies that the amount 
excreted in urine is equal to the RfD, an estimate of 24-hour excretion on a 
mass per time basis can be made for different standard bodyweights assuming 
steady-state exposure at the chronic RfD.  If urinary spot collections are 
reported with sufficient information (volume of collection, time since last void, 
and concentration of analyte), estimates of urinary elimination in mass per 
time can be estimated and compared directly to a standard excretion rate 
equal to the chronic RfD on a mg/kg-d basis.  For acute exposure scenarios, 
the excreted mass per time in the first 24 hours following exposure can be 
compared to 50% of the acute RfD on a mg/kg-d basis.   Specific values are 
not calculated here due to the lack of requisite information in current reports 
of biomonitoring data.  However, if appropriate data were collected, the 
calculations can easily be made for a given bodyweight through use of the 
RfD. 
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Plasma 
As discussed above, guidelines for derivation of BE values call for an 
assessment of relevant dose metrics, relationship between those metrics and 
the biomarker concentration, and evaluation of the available pharmacokinetic 
data.   In addition, the availability of both human and animal pharmacokinetic 
data influences the approach used to derive BEs (Hays et al., 2008).  The 
derivation of chronic and acute BE values for 2,4-D in plasma are described 
below.   
 
Chronic BE value.  Figure 2 presents a schematic of the approach used to 
derive the chronic BE values for 2,4-D in plasma.  The approach involves the 
following steps:   

 Estimation of the relevant internal dose metric in the animal study at 
the POD.  As discussed above, plasma concentration is likely to be 
directly related to the critical target tissue doses, and is also the 
biomarker of interest.  Thus, the estimation of plasma concentration in 
the animal study at the POD is the BEPOD_animal. 

 Extrapolation to a human equivalent internal dose metric through 
application of an interspecies uncertainty factor component for 
pharmacodynamic differences between the laboratory species and 
humans (UFA-PD).  No component for pharmacokinetic differences is 
applied because the pharmacokinetics are explicitly accounted for 
through the use of measured plasma concentrations in the animal 
study at the POD, and the interspecies extrapolation is being conducted 
on an internal dose basis. 

 Assessment of the biomarker concentrations in humans associated with 
that internal dose metric.  For 2,4-D, the relevant internal dose metric 
(plasma concentration) is the monitoried biomarker, and the 
concentration in plasma is the human equivalent BEPOD; and  

 Application of appropriate uncertainty factors.  These factors include 
components for intra-species pharmacodynamic and pharmacokinetic 
sensitivity (UFH-PD and UFH-PK) and for database uncertainties (UFD) 
consistent with the derivation of the chronic RfD.   
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Figure 2: Schematic of approach to derivation of the plasma chronic 
BERfD 
 
 
 
In assessment of the application of uncertainty factors, the pharmacokinetic 
component of the intraspecies (within human) uncertainty factor that is 
normally applied in external dose-based risk assessments is replaced by the 
measurement of plasma concentration concentration during biomonitoring.  
That is, persons who are pharmacokinetically sensitive will demonstrate higher 
plasma concentrations than those who are not from the same external dose.  
Since the risk assessment process used in the derivation of the BE is based on 
target internal dose metrics, no additional component of the intraspecies UF 
for pharmacokinetic sensitivity is necessary in the derivation of the BE value.  
This topic is discussed in more detail in the BE derivation guidelines (Hays et 
al., 2008). 
Acute BE values.  Two approaches were evaluated for the derivation of acute 
BE values for plasma.  The acute RfD values are based upon studies in rats 
employing single-dose gavage administration of 2,4-D (see Table 1).  
Measured peak concentrations of 2,4-D in plasma in rats in the dose ranges 
used in these studies are available from pharmacokinetic studies (Kim et al. 
1994; see Table 7).  The bolus doses used in these studies are in the non-
linear range for pharmacokinetics, resulting in substantial elevations in plasma 
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concentrations above those that would be predicted on the basis of the dietary 
administration plasma data from Saghir et al. (2006).   Because of the non-
linearity in kinetics and the challenges presented by the single-dose 
administration (transient concentration profiles), the full complement of inter- 
and intra-species uncertainty factors, including pharmacokinetics components 
(composite uncertainty factors of 1000 for both acute RfD values), were 
retained in the extrapolation from the peak plasma values in rats at the POD 
to human plasma BE values. 
A second approach was available.  As discussed above, both Kohli et al. 
(1974) and Sauerhoff et al. (1977) assessed the pharmacokinetics of 2,4-D in 
human volunteers following ingestion of 5 mg/kg of 2,4-D, measuring plasma 
concentrations and urinary excretion over a period of 6 to 7 days following 
ingestion.  Based on these data, each group of authors estimated parameters 
for a one-compartment model of plasma clearance (Table 5).  The clearance 
values estimated are generally consistent with allometric scaling from several 
other species (Timchalk 2004) and produce estimates for short term average 
blood concentration following a bolus dose that are somewhat consistent, but 
the models predict plasma concentrations that diverge over the course of 
chronic exposure.  In order to provide context for the BE values derived using 
the approach described above and in Figure 2, both of these one compartment 
models were used to estimate the plasma concentrations of 2,4-D associated 
with exposures at the acute RfD values in a single exposure event.  The 
average of the estimates derived from the two models of 24-hour average 
plasma concentration in humans exposed at the acute RfD values provide an 
alternative basis for the acute BE values. 
 
Table 5:  Parameters used in the one compartment models of plasma 
clearance of 2,4-D from Sauerhoff et al. (1977) and Kohli et al. (1974) 
 

Parameter Sauerhoff et al. 
(1977) model 

Kohli et al. 
(1974) model 

Oral absorption rate, hr-1 0.3085 0.274 

Volume of distribution, ml kg-1 
BW 288.5 101 

Elimination rate, hr-1 0.0785 0.021 
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Results of Modeling and Identification of BE 
Values 

Urine 
 
Creatinine-adjusted basis 
The estimated ranges of creatinine excretion resulting from the prediction 
formulas correspond well to the typical “normal” range for creatinine excretion 
of approximately 0.5 to 2 g/day, although the upper end of the predicted 
distributions for men were somewhat higher, ranging up to approximately 2.8 
g/day.  Selected percentiles of the distributions of creatinine-adjusted 2,4-D 
concentrations consistent with the chronic RfD predicted by gender and age 
group are tabulated in Table 6 for each gender and age group ranging from 
children aged 3 through adults aged 80.  The pattern of estimated 
concentrations of 2,4-D per g creatinine reflect known patterns in creatinine 
excretion with age.   Creatinine excretion in infants and very young children, 
as well as elderly persons and especially elderly women, is lower than in 
healthy older children and adults.  As a result, the creatinine-adjusted 
concentration of 2,4-D in these young and elderly age groups consistent with 
exposure at the RfD is somewhat higher.  Within each age group, the 5th and 
95th percentiles of creatinine-adjusted 2,4-D concentration generally differed 
by a factor of two or less.  The central tendency across age groups is relatively 
consistent. The average of the median values for adults (males and females) is 
approximately 290 µg g-1 creatinine; this value is also consistent with the 
range of median values identified for children of various ages.  Because BEs 
are screening values, estimated BE values are generally presented with only 
one significant figure.  Thus, the chronic BERfD for urinary 2,4-D concentrations 
on a creatinine-adjusted basis is 300 µg g-1 creatinine.   

The age-specific estimates of creatinine-adjusted 2,4-D concentrations at the 
chronic RfD presented in Table 6 were adjusted using equation 4 to obtain the 
corresponding BE values associated with the acute RfD values (which vary by 
age and sex, see Table 1).  For women of childbearing age (ages 13-50), the 
BE value associated with the acute RfD of 0.025 mg kg-1 d-1is 700 µg g-1 
creatinine.  For the remainder of the population, the acute RfD of 0.067 mg 
kg-1 d-1 corresponds to a BE of 2000 µg g-1 creatinine.   
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Table 6:  Selected percentiles of the estimated creatinine-adjusted urinary 
concentration of 2,4-D consistent with exposure at the US EPA OPP chronic 
RfD for individuals by gender and age group.  Values for adults were 
generated through Monte Carlo modeling; values for children were estimated 
by dividing the RfD (in mg/kg-d) by the percentiles of total 24-hour urinary 
creatinine excretion from Table 3 for each age group. 
 
 

 
 
 
 
Urinary volume basis 
The assumptions used in the calculation of urinary concentrations consistent 
with exposure at the chronic and acute RfDs and the resulting urinary 
concentrations are presented in Table 8.   The variations in estimated 
concentrations reflect variations in estimated urine volume, bodyweight (which 
affects the daily dose consistent with the RfD), and the difference in the acute 
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RfD for women of childbearing age compared to the rest of the general 
population.  The results presented in Table 8 demonstrate that for chronic 
exposure, a BE value of approximately 200 µg L-1 is consistent with exposure 
at the RfD for all age groups evaluated.   
BE values corresponding to the acute RfDs were again derived using equation 
4.  The age-specific urinary BE values on a volume basis consistent with 
exposure at the acute RfD presented in Table 8 vary due to factors discussed 
above (variations in bodyweight, urinary volume, and RfD value).  Rounded to 
one significant figure, the acute BE value (appropriate for single-day episodic 
exposures) for women of childbearing age is 400 µg L-1; the value for the 
remainder of the population is 1,000 µg L-1. 
 

Plasma 
Table 7 summarizes the available measured 2,4-D concentrations in animals 
and humans at various doses under both dietary and gavage dosing regimens 
and presents the modeled plasma concentrations in humans following various 
dosing regimens at the chronic RfD and for the acute RfD values using the two 
available models.   
Table 9 presents the derivation of the plasma BE value associated with the 
chronic RfD using the approach outlined above and in Figure 2.  The derived 
BE value, 5 µg L-1, is similar to the plasma concentrations associated with 
exposure at the chronic RfD using the Sauerhoff model, but is lower than the 
values obtained using the Kohli model.    
BE values for assessing plasma 2,4-D concentrations following short term (1 
day) exposures are 80 and 200 µg L-1 for females (age 13-50) and the rest of 
the general population, respectively (Table 10).  These values represent the 
average from the two available models of the estimates of 24-hour average 
blood concentrations following a single oral dose at the acute RfD values (see 
Table 7).   These values are similar to the values that would result from 
application of the full composite uncertainty factors used in the derivation of 
these acute RfD values (1000; see Table 1) to the estimated rodent plasma 
concentrations at the POD for each RfD value (see Table 7). 
The urinary and plasma BE values corresponding to the chronic and acute RfD 
values are summarized in Table 10. 
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Table 7:  Comparison of modeled and measured plasma concentrations after 
various exposure scenarios in humans and rats. 

 
a Cmin and Cmax measured over the course of 24 hours in rats dosed for 28 days via diet (Saghir 
et al. 2006) 
b Peak concentration following oral gavage administration to rats (male and female, respectively 
(van Ravenzwaay et al. 2003) 
c Range of peak measured concentration measured by Kohli et al. (1974; six volunteers) and  
Sauerhoff et al. (1977; three volunteers) following ingestion of a single dose of 5 mg/kg. 
d Modeled range of Cmin to Cmax consistent with chronic exposure at the RfD (0.005 mg/kg-d) 
under the specified exposure pattern using the specified one compartment model (Sauerhoff et al. 
1977 or Kohli et al. 1974). 
e Peak concentration estimated by interpolation using Figure 2, Kim et al. (1994) 
f Average plasma concentration over 24 hours as estimated for a single dose as described using 
the specified one-compartment model (Sauerhoff et al. 1977 or Kohli et al. 1974) 
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Table 8: Assumptions for bodyweight, 24-hour urinary volume, and estimates 
of volume-based urinary concentration of 2,4-D consistent with exposure at 
the chronic or acute RfDs for different age and gender groups. 

 
a Estimated from Table 11-6 of the USEPA (2001) Interim Child-Specific Exposure Factors 
Handbook 
b Assumed intake at the chronic RfD from Table 1; urinary concentration estimated using Eq. 5. 
c Assumed intake at the age- and gender-specific acute RfD values presented in Table 1; urinary 
concentration estimated using Eq. 6, which assumes that 50% of a single dose will be eliminated 
in urine in the first 24 hours. 
d Remer et al. (2006). 
e Weighted average from studies of healthy adults presented in Table 2 of Perucca et al. (2007).  
Values for adolescents were assumed to be the same as for adults. 
 
 
 

a Average estimated from measured 24 hour AUC from Saghir et al. (2006). 
 
 
 
 
 
 

Table 9: Derivation of the BERfD for plasma concentration of 2,4-D consistent 
with the USEPA chronic RfD. 
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a Composite UFs for intraspecies extrapolation and database uncertainties from the human 
equivalent BEPOD to the target value, BERfD. 
 
 

Sources of Variability and Uncertainty 
This section presents a brief overview of sources of variability in the estimates 
of plasma and urine concentrations that are consistent with exposure to 2,4-D 
at the RfD values listed in Table 1.  
 

i. Model uncertainty 
In the case of the urinary BE values, model uncertainty is very low because 
2,4-D is not metabolized and essentially 100 percent of intake is excreted in 
urine.  Thus, under the conditions of chronic, steady-state exposure, by 
definition, the daily urinary excretion rate will be equal to the daily intake rate.  
 
With respect to the plasma BE values, the chronic BE values are derived 
directly from measured plasma concentrations in rats exposed to 2,4-D under 
the conditions of interest in the key study underlying the derivation of the 

Table 10: Summary of derived BE values for 2,4-D in plasma and urine.  These 
values represent an estimate of the central tendency for each of the BE values; 
however, normal variability in hydration status and creatinine excretion rates can 
result in approximately 2-fold variation from the central tendency of the urinary 
BE values.  Similar variability around the plasma values might occur due to timing 
of recent exposures. 
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chronic RfD (Saghir et al., 2006).  Thus, the estimate of relevant internal dose 
at the POD has low uncertainty, and extrapolation of this dose metric on an 
internal dose basis to humans also has low uncertainty.   
 
However, with respect to the acute plasma BE values, uncertainty regarding 
model parameters has an impact.  The acute BE values were derived using two 
approaches, which produced similar results.  In one approach, the two simple 
pharmacokinetic models for 2,4-D derived from human exposure studies were 
used to predict 24-hour average plasma concentrations following a single 
exposure at the acute RfD values, and the results from the two models were 
averaged to estimate the BE values.  In the other approach, measured plasma 
concentrations in rats following single dose gavage administration were used 
to estimate peak plasma concentrations at the POD for each key study.  These 
peak plasma concentrations are well into the range of non-linear kinetics 
where the renal transport maximum is exceeded.  In light of this, the full 
composite uncertainty factor was applied to each of these values, resulting in 
an estimate of plasma concentrations consistent with the acute RfD values.  
The two approaches produced nearly identical results.  Thus, although the 
human pharmacokinetic models produce somewhat disparate results, the 
overall estimate of the acute plasma BE values is consistent from two 
approaches, and the model uncertainty has limited impact on the derived BE 
values. 
 

ii. Exposure patterns 
Exposure to 2,4-D at the RfD via the oral route of exposure could theoretically 
occur with a number of temporal patterns ranging from a single exposure once 
per day to a more distributed exposure across time.  It is possible that higher 
creatinine-adjusted urinary levels than those predicted here could occur in a 
given spot urine sample depending upon when the sample was taken 
compared to when an exposure occurred, even though exposure did not 
exceed the RfD.   However, data from Sauerhoff et al. (1977) indicate that 
approximately equal proportions of a single dose of 2,4-D are eliminated in the 
first 12 hours after dosing compared to the 2nd 12 hours after dosing.  This 
would suggest that due to the kinetics of absorption, distribution in plasma, 
and renal transport into urine, under chronic exposure conditions variations in 
spot sample creatinine-adjusted concentrations associated with the pattern of 
within-day exposure would be relatively minor.   
Estimated peak blood plasma levels vary depending upon whether chronic 
exposure is estimated following single daily doses or divided doses.  The 
degree of variation associated with this factor is approximately 15%.  The 
variation between peak following a single dose and the average steady-state 
concentration is approximately 10%.  
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iii. Analytical issues 
The sample preparation and analytical methodologies used by the Centers for 
Disease Control and Prevention (CDC) to assess urinary 2,4-D concentrations 
capture both the conjugated and unconjugated 2,4-D excreted in urine 
(personal communication, L. Needham).  The BE values presented here 
assume that the conjugated compound is detected analytically.  However, if 
the analytical method used in a given study does not capture the conjugated 
compound, the BE values here should be reduced by approximately 15% to 
reflect only the unconjugated parent compound expected to be excreted in 
urine before being used as a screening tool.   
 

iv. Pharmacokinetics 
The available pharmacokinetic data for 2,4-D is extensive, with data available 
for several species including humans (Timchalk 2004).  However, within-
human variability in the pharmacokinetics is less well characterized.  As 
discussed above, the two studies of pharmacokinetic behavior of 2,4-D in 
human volunteers resulted in different estimates of plasma clearance rates  
that result in substantially different estimates of chronic steady-state plasma 
concentrations following exposure at the RfD.  This pharmacokinetic 
uncertainty impacts the estimation of peak or steady-state plasma 
concentration values associated with exposure at the chronic RfD, but would 
have little impact on the estimation of BE values for steady-state urinary 
elimination rates which would, by definition, be determined only by the RfD 
and the creatinine adjustment factors.  The human pharmacokinetic models 
were not used directly in the estimation of the chronic plasma BE values 
derived here (Table 9), so the substantial uncertainty associated with the 
prediction of steady-state plasma concentrations due to the observed 
variability in pharmacokinetics of 2,4-D in human volunteers does not directly 
impact the BE values estimated here. 
 

v. Gender and age 
Known effects of gender and age on creatinine excretion rates were explicitly 
taken into account in the estimation of urinary BE values in this effort.  
However, some variability can still occur, with variations of two-fold (in either 
direction from the mean values given here) possible.  Other effects of gender 
and age, for example on the efficiency of renal organic acid transport systems, 
could also affect the estimated BE values for plasma, but no data were found 
to address this issue.   
 

vi. Health status 
Conditions that affect the body’s glomerular filtration rate or creatinine 
excretion rate would affect the accuracy of the creatinine-adjusted BE values.  
Conditions that result in reduced creatinine excretion would result in higher 
creatinine-adjusted values being consistent with exposure at the given RfD 
values.   
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Conditions that affect the efficacy of the renal organic acid transport system 
could result in reduced clearance rates and therefore higher plasma values 
associated with exposure at the chronic RfD.  However, no information on how 
these issues might specifically impact the kinetics of 2,4-D could be found. 
 

vii. Smoking, drugs, alcohol or other co-exposures 
No specific information was found regarding the potential effects of smoking, 
drugs, or alcohol consumption on the estimated 2,4-D BE values presented 
here.  Drug or other exposures that impact or compete for renal organic acid 
transport mechanisms in the kidney could impact elimination of 2,4-D, 
particularly if the serum concentrations of these drugs or 2,4-D approach the 
renal transport maximum for the organic acid transporter systems involved.   
In the recent evaluation of chronic and acute RfDs by USEPA OPP (USEPA 
2004), explicit consideration was given to information regarding the renal 
clearance of these compounds, and the RfD values for 2,4-D were set at levels 
that were expected to be well below the renal transport maximum for 2,4-D. 
 

viii. Genetic variability 
Recent studies have examined polymorphisms in the renal organic acid 
transport (OAT) system proteins (reviewed in Kerb 2006).  To date, few 
polymorphisms have been observed in the OAT system, and the overlapping 
functionality of different OAT transporter proteins suggest that modifications to 
individual proteins may have limited effects on overall clearance.  However, 
information regarding such genetic variability is still quite limited.  
  

ix. Variation in hydration status affecting urinary excretion 
The use of creatinine adjustment addresses some of the variability associated 
with variations in hydration state; however, it introduces additional variability 
as discussed above.  Factors impacting creatinine production or excretion 
could affect the accuracy of the BE values, as discussed above.  For the BE 
values set on a volume basis, the variations in hydration status could have a 
several-fold effect on the observed concentrations in urine taken from spot 
samples (Scher et al., 2007), and a lower influence on the concentrations 
observed in 24-hour samples. 

Confidence Assessment 
 
Guidelines for derivation of BE values (Hays et al. 2008) specify consideration 
of two main elements in the assessment of confidence in the derived BE 
values:  robustness of the available pharmacokinetic models and data, and 
understanding of the relationship between the measured biomarker and the 
critical or relevant target tissue dose metric. 
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Confidence in Plasma BE values:  The use of plasma concentrations as 
biomarker for 2,4-D exposure is attractive from the toxicological perspective 
because plasma concentrations should be directly relevant to critical target 
tissue concentrations and don’t require corrections for hydration state as is 
needed for urinary excretion of 2,4-D.  Furthermore, the study relied upon as 
the basis of the chronic RfD BE derivation, Saghir et al. (2006) reports careful 
and detailed measurements of plasma concentrations in rats exposed at the 
POD under the relevant experimental conditions.  The chronic BERfD for plasma 
thus is based on a relevant biomarker and is derived based on robust 
pharmacokinetic information.  For both aspects, confidence is high in the 
derived BE values.   
 
For the acute plasma BE values, data on plasma concentrations in humans 
following acute exposures were relied upon.  These data draw from two 
studies in human volunteers, and the two studies demonstrated variability 
among individuals.  Thus, while the biomarker is considered to be relevant to 
the internal dose metric (high confidence), confidence in the pharmacokinetic 
data is medium, and overall confidence in the estimated plasma 
concentrations consistent with the acute RfD values is medium.   
 
Summary of Confidence Ratings for Plasma BE Values: 

• Relevance of biomarker to relevant dose metrics: HIGH 
• Robustness of pharmacokinetic data/models: HIGH for chronic BE, 

MEDIUM for the acute BE values. 
 
Confidence in Urinary BE values:  The basic concept that daily urinary 
excretion equals daily intake under chronic, steady-state conditions lends 
support to use of BE values based on urinary excretion.  Because most 
biomonitoring efforts use spot samples rather than 24-hour collections, issues 
associated with temporary alterations in hydration status arise.  Both a 
creatinine-adjusted and urinary volume-based analysis are presented here.  
Each method incorporates some variability in the resulting estimates (Garde et 
al. 2001).  However, the variability inherent in each of the methods is 
acceptable in the context of use of these values as screening tools.  Levels of 
2,4-D in urine are less directly related to relevant target tissue concentrations 
than are plasma concentrations; , however, urinary excretion of 2,4-D is 
probably well correlated with plasma levels.   Refinement of biomonitoring 
data collection practice and reporting to expand the information available 
about spot collection samples would also be helpful in interpretation of results.  
Specifically, when spot samples are collected, an estimate of the time of last 
void and reporting of the volume of the collected sample, as well as the 
concentration of analyte in the sample, would allow for an estimate of mass 
excreted per unit time, which can be interpreted directly in terms of the RfD 
values.  Issues related to the variability in spot sample concentrations may 
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impact interpretation of biomarker concentrations following acute exposure 
episodes more than under chronic exposure conditions. 
 
Summary of Confidence Ratings for Urinary BE Values: 

• Relevance of biomarker to relevant dose metrics: MEDIUM 
• Robustness of pharmacokinetic data/models: HIGH for chronic BE 

values; MEDIUM for acute values. 
 

Discussion and Interpretation of BE Values 
 
The BE values presented here represent the concentrations of 2,4-D in plasma 
and urine that are consistent with exposure at the exposure guideline values 
that have been established by the USEPA (Table 1), based on the current 
understanding of the pharmacokinetic properties of this compound.  These BE 
values should be regarded as interim screening values that can be updated or 
replaced if the exposure guideline values are updated or if the scientific and 
regulatory communities develop additional data on acceptable or tolerable 
concentrations in human biological media.    
 
The BE values presented here are screening values and can be used to provide 
a screening level assessment of measured plasma or urine levels of 2,4-D in 
population- or cohort-based studies.  Comparison of measured values to the 
values presented here can provide an initial evaluation of whether the 
measured values in a given study are of low, medium, or high priority for risk 
assessment follow-up (see Figure 3, for example).   Based on the results of 
such comparisons, an evaluation can be made of the need for additional 
studies on exposure pathways, potential health effects, other aspects affecting 
exposure or risk, or other risk management activities.  Further discussion of 
interpretation and communications aspects of the BE values is presented in 
LaKind et al. (2008). 
 
BE values do not represent diagnostic criteria and cannot be used to evaluate 
the likelihood of an adverse health effect in an individual or even among a 
population.  Measured values in excess of the identified BEs may indicate 
exposures at or above the current health-based exposure value  
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A 
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Figure 3:  Guide for interpretation of measured concentrations of 2,4-D in 
urine or plasma in the context of the chronic BERfD.  Measured concentrations 
below the BERfD present a low priority for risk assessment follow-up, while 
those exceeding that value but below the human equivalent BEPOD indicate 
medium priority, and those in excess of that value suggest high priority.  A) 
BE values for 2,4-D in plasma; B) BE values for 2,4-D in urine (creatinine 
adjusted). 
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that serves as the basis for the BE.  However, because of various 
uncertainties, including those associated with correction for hydration status, 
an exceedance (particularly in an individual) may be an artifact of temporary 
unusually low hydration or creatinine excretion, particularly if the exceedance 
is relatively small. 
 
In addition, such health-based exposure guidelines are generally derived with 
a substantial margin of safety built in, and these values are not “bright lines” 
distinguishing safe from unsafe exposures.  In the case of 2,4-D, the RfD 
values derived by USEPA OPP are 1,000-fold lower than the exposure levels 
resulting in no observed adverse effects in rat studies.  Chronic RfD values are 
set at levels that are designed to be health-protective for daily exposure for a 
full lifetime of exposure.  For short-lived compounds, an exceedance of the 
corresponding BE value in a single sample of blood or urine may or may not 
reflect continuing elevated exposure.  Thus, occasional exceedance of the RfD 
or the BERfD in an individual in a cross-sectional study does not imply that 
adverse health effects are likely to occur, but can serve as an indicator of 
relative priority for further risk assessment follow-up.  Further discussion of 
interpretation and communications aspects of the BE values is presented in 
LaKind et al. (2008). 
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Abstract 
Recent efforts by the US Centers for Disease Control and Prevention and other 
researchers have resulted in a growing database of measured concentrations 
of chemical substances in blood or urine samples taken from the general 
population.  However, few tools exist to assist in the interpretation of the 
measured values in a health risk context.  Biomonitoring Equivalents (BEs) are 
defined as the concentration or range of concentrations of a chemical or its 
metabolite in a biological medium (blood, urine, or other medium) that is 
consistent with an existing health-based exposure guideline.  This document 
reviews available pharmacokinetic data and models for toluene and applies 
these data and models to existing health based exposure guidance values from 
the US Environmental Protection Agency, the Agency for Toxic Substances and 
Disease Registry, Health Canada, and the World Health Organization, to 
estimate corresponding BE values for toluene in blood.  These values can be 
used as screening tools for evaluation of biomonitoring data for toluene in the 
context of existing risk assessments for toluene and for prioritization of the 
potential need for additional risk assessment efforts for toluene. 

Introduction 
Measurements of environmental chemicals in air, water, or other media can be 
compared to health-based exposure guidelines to identify chemical exposures 
that may be of concern, or to identify chemicals for which a wide margin of 
safety appears to be present.  Interpretation of human biomonitoring data for 
environmental compounds is hampered by a lack of similar screening criteria 
applicable to measurements of chemicals in biological media such as blood or 
urine.  Such screening criteria would ideally be based upon data from robust 
epidemiological studies that evaluate a comprehensive set of health endpoints 
in relationship to measured levels of chemicals in biological media.  However, 
development of such epidemiologically-based screening values is a resource- 
and time-intensive effort, and appropriate data for such values may never be 
available for many compounds.  As an interim effort, the development of 
Biomonitoring Equivalents (BEs) has been proposed (Hays et al. 2007). 

A Biomonitoring Equivalent (BE) is defined as the concentration or range of 
concentrations of chemical in a biological medium (blood, urine, or other 
medium) that is consistent with an existing health-based exposure guideline.  
Existing chemical-specific pharmacokinetic data are used to estimate 
biomarker concentrations associated with the Point of Departure (PODs; such 
as No Observed Effect Levels [NOELs], Lowest Observed Effect Levels [LOELs], 
or Benchmark Doses [BMDs]) used as the basis for the exposure guidance 
value and to estimate biomarker concentrations that are consistent with the 
guidance value.   BEs can be estimated using available human or animal 
pharmacokinetic data.  Guidelines for the derivation and communication of BEs 
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are available (Hays et al., 2008; LaKind et al., 2008).  BEs are designed to be 
screening tools to gauge which chemicals have large, small or no margin of 
safety compared to existing health-based exposure guidelines, and are 
designed to provide a basis for prioritization of chemicals for risk assessment 
follow-up.  BEs are only as robust as the underlying health-based exposure 
guidelines that they are based upon and the underlying animal and/or human 
pharmacokinetic data used to derive the BEs.  BEs are not designed to be 
diagnostic for potential health effects in humans, either individually or among 
a population. 

Toluene is used as a solvent in numerous products including industrial paints, 
adhesives, coatings, inks, and cleaning products.  Toluene is also added to aviation 
fuel to improve octane ratings and as a raw material for the manufacture of 
polymers used to make nylon, plastic soda bottles, and polyurethanes.  It is 
also used in processes for manufacture of pharmaceuticals, dyes, cosmetic nail 
products, and in the synthesis of organic chemicals including benzene.  
According to the US Environmental Protection Agency (USEPA), the primary 
pathway for exposure to toluene is inhalation from ambient and indoor air, 
although ingestion may also occur through trace amounts of toluene that may 
occur in food or water.  Intentional inhalant abuse can result in high exposure to 
toluene vapors.  Additional general information regarding toluene can be found at 
http://www.epa.gov/ttn/atw/hlthef/toluene.html.  

This dossier describes the scientific basis for and derivation of BE values for 
toluene and discusses issues that are important for the interpretation of 
biomonitoring data using Biomonitoring Equivalents.  This BE dossier is not 
designed to be a comprehensive compilation of the available hazard, dose-
response or risk assessment information for toluene.   

Current Health-Based Exposure Guidance Values 
The primary effects of toluene in both humans and animals after either acute 
or chronic exposure are effects on the central nervous system (CNS).  Acute 
exposure to high concentrations of toluene causes symptoms including fatigue, 
sleepiness, headaches, and nausea.  Chronic exposure to toluene at levels 
above current occupational exposure guidelines has been associated with 
subtle changes in sensory function including reduced color vision (reviewed in 
USEPA 2005).  High level exposures through intentional inhalant abuse or 
accidental or intentional ingestion of toluene have also been reported to cause 
effects on the liver, kidneys, and other organ systems.  With respect to 
carcinogenicity, both the International Agency for Research on Cancer (IARC) 
and the US Environmental Protection Agency (USEPA) consider toluene as “not 
classifiable” as to human carcinogenicity (Groups 3 and D, respectively) (IARC, 
1999; USEPA, 2005). 
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Health-based exposure guidelines and toxicity values have been established 
for many chemicals for the general population by the USEPA (Reference Doses 
or Reference Concentrations [RfDs or RfCs]), the Agency for Toxic Substances 
and Disease Registry (ATSDR) (Minimal Risk Levels or MRLs), and Health 
Canada and the World Health Organization (WHO) (Tolerable Daily Intakes or 
TDIs).  Although these health-based exposure guidance values have different 
labels and slightly different definitions, they all generally describe an 
approximation of daily intake rates (or air concentrations) for a chemical 
expected to be without adverse effects in the general population, including 
sensitive subpopulations1.  For chemicals considered to be carcinogenic, the 
USEPA also establishes estimates of cancer potency by assigning a 
quantitative estimate of the upper bound of potential increased cancer risk 
associated with a unit of intake or air concentration (unit cancer risks, or 
UCRs).  Finally, several organizations set chemical-specific air concentrations 
that are considered to be safe for workers in the occupational environment (for 
example, Threshold Limit Values [TLVs], Permissible Exposure Limits [PELs], 
and Maximum Air Concentrations [MAKs]).  These values are generally not 
appropriate for application to the general population on a chronic basis, but 
can provide perspective for evaluating non-workplace environmental 
exposures. 

Several health-based exposure guidelines and toxicity values are available for 
toluene including guidelines for both inhalation and oral exposures.  These 
values are summarized in Table 1.  As discussed above, toluene is generally 
not considered to be carcinogenic so no cancer potency estimates for toluene 
are available.  In addition, biological monitoring values for toluene in blood or 
toluene metabolites in urine in occupationally exposed individuals (Biological 
Exposure Indices (BEIs) and Biological Tolerance Values (BATs)) have also 
been established (ACGIH, 2001; Angerer et al., 1998).  As discussed above, 
these are not appropriate for application to the general population. 

Pharmacokinetics 
The pharmacokinetics of toluene have been studied extensively in 
human volunteers and persons occupationally exposed as well as in  

 

 

                                          
1 See the definition of RfD at 
http://www.epa.gov/NCEA/iris/help_gloss.htm#r; definitions for ATSDR MRLs 
are included in ATSDR Toxicological Profiles at 
http://www.atsdr.cdc.gov/toxpro2.html.  Definition of the TDI is available at 
http://ptcl.chem.ox.ac.uk/MSDS/glossary/tolerable_daily_intake.html 
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Table 1: Health-based exposure guidance values for toluene from various agencies. 
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laboratory animals.   Toluene is well absorbed following inhalation and 
oral exposure.  Toluene undergoes metabolism, principally via CYP2E1, 
and metabolites are excreted in urine.  Toluene is also eliminated as 
parent compound in urine and exhaled air.  The recent USEPA IRIS 
review of toluene includes a detailed description of the metabolic 
pathways for toluene (USEPA, 2005).  Detailed physiologically-based 
pharmacokinetic (PBPK) models for toluene in humans and laboratory 
rats have been developed by several groups of researchers and can 
accurately predict blood levels associated with a variety of inhalation 
exposure regimens (human and rat models by Tardif et al. 1993, 1995; 
human models by Jang, 1996; Pierce et al. 1998).   

Biomarkers  
The objective of using BEs is to provide a human health risk framework 
for screening-level evaluation of human biomonitoring data.  The choice 
of the biomarker (analyte and medium) should be optimized to 
facilitate this objective.  The key criterion for the choice of a biomarker 
is that it be as closely related to the appropriate dose to the target 
tissue as possible and that it be practical for collection in a 
biomonitoring study.  This, in turn, means that the biomarker should be 
(i) the compound that causes the toxicity (parent or metabolite), or (ii) 
should be just upstream on the metabolic pathway from the toxic 
compound, and (iii) as closely related to the target tissue as possible.   

Several potential biomarkers are available for assessing internal 
exposure to toluene (Table 2).  Toluene is excreted unchanged in 
exhaled air.  However, as a quantitative biomarker, toluene in exhaled 
breath is relatively insensitive and it is difficult to obtain reliable, 
reproducible measurements.  In the occupational setting, exposure to 
toluene has been monitored through measurement of metabolites in 
urine and parent compound in blood (ACGIH, 2001).  However, use of 
urinary metabolites of toluene as markers for assessing exposure in 
persons in the general population is of limited utility because neither 
marker measured, hippuric acid or ortho-cresol, is specific to toluene 
exposure.  Instead, each can be observed as metabolites of numerous 
parent compounds (Dossing et al., 1983).  Hippuric acid levels in urine 
are relatively poorly correlated with exposure even under occupational 
exposure conditions (Truchon et al., 2001).  Under conditions of higher  
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Table 2: Potential biomarkers of exposure to toluene. 

 

occupational exposure levels, elevated ortho-cresol levels are closely 
correlated with inhalation exposures, but at environmental exposure 
concentrations ortho-cresol levels are non-specific.  For instance, 
ortho-cresol is present in cigarette smoke.  Thus, it cannot serve as a 
specific marker for toluene exposure at low environmental levels 
(Dossing et al., 1983).  Two other urinary metabolites, S-p-
toluylmercapturic acid and S-benzylmercapturic acid, could potentially 
serve as specific markers for toluene exposure (Angerer et al., 1998; 
Inoue et al., 2004).  However, current analytical techniques are 
probably not sensitive enough to quantitate concentrations following 
environmental exposures, and insufficient data on quantitative 
relationships between these metabolites and toluene exposure or blood 
levels are currently available.  Finally, unchanged toluene in urine has 
also been proposed as a biological marker for exposure to toluene in 
the occupational setting (Fustinoni et al., 2007; Kawai et al., 2008).  
There is relatively little literature relating toluene in urine to external 
exposures, and none of the current models for toluene 
pharmacokinetics explicitly include this pathway to allow quantitative 
prediction of elimination in urine under differing exposure conditions.  
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Thus, although toluene in urine may prove useful as a specific 
biomarker for environmental exposure to toluene, the current data are 
not sufficient to rely on toluene in urine for the biomonitoring 
equivalent process.  Thus, no urinary biomarker for exposure to 
toluene is currently useful for assessing general environmental 
exposures. 

Toluene has also been measured in blood and correlated with inhalation 
exposure levels in persons exposed occupationally (see, for example, 
Neubert et al., 2001), in volunteers under conditions of controlled 
exposure (see, for example, Pierce et al., 1998), and in the general 
population (see, for example, Sexton et al., 2005).   Toluene in blood 
has also been identified as a useful biomarker in the occupational 
setting (ACGIH, 2001).   

Identification of relevant dose metrics depends upon the health 
endpoints that are the bases of the health-based screening values.  The 
available health-based criteria presented in Table 1 focus on two health 
endpoints.  The USEPA oral RfD is based on subtle kidney toxicity 
following oral gavage dosing in rats, while the ATSDR acute and 
intermediate MRL values are based on changes in neurological 
endpoints in rats and mice.  Inhalation criteria from all agencies are 
based on subtle neurological effects observed in humans after acute 
and chronic exposure to toluene.   

The mechanisms of the renal toxicity observed in rats following 
subchronic oral gavage in the National Toxicology Program study are 
unknown, but recent in vitro studies by Al-Ghamdi et al. (2003a, b) in 
proximal tubule cell cultures suggest that the toxicity may be 
attributable to benzyl alcohol, a toluene metabolite produced via 
CYP2E1.  Al-Ghamdi et al. (2003a, b) showed that inhibiting CYP2E1 
activity prevented toxicity in cell culture following toluene exposure.  
Renal toxicity has also been observed in humans following intentional 
or accidental ingestion of large amounts of toluene and following 
chronic inhalation abuse (Stengel et al. 1998).  However, such toxicity 
has not been reported in occupational populations exposed to more 
moderate air concentrations.  For example, Stengel et al. (1998) 
reported a no-observed-adverse-effect-level (NOAEL) at the TLV of 50 
ppm (188 mg/m3) for renal function changes in a chronically exposed 
occupational cohort.  Renal toxicity is most likely a phenomenon 
associated with high peak toluene blood levels resulting in high rates of 
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metabolism and subsequent activity of metabolites in the kidney (Al-
Ghamdi et al., 2003a; Al-Ghamdi et al., 2003b).   

Neurological responses following inhalation exposure to toluene in 
humans or oral exposure in rats and mice are likely to be related 
directly to brain concentrations of toluene, which in turn are directly 
related to blood concentrations (Benignus et al., 2007; Bushnell et al., 
2007).  The RfC for toluene derived by USEPA is based on evaluation of 
potential neurotoxicity, which appears to be the most sensitive 
endpoint identified in numerous studies of long-term occupationally 
exposed populations (see USEPA, 2005, for a complete description of 
these studies and populations).  These studies are characterized by 
long-term exposure with monitored air exposure concentrations.  The 
mechanisms underlying the observed neurotoxicity are not fully 
understood, but appear to be related to concentrations of the parent 
compound (rather than metabolites) reaching the brain (van Asperen et 
al., 2003; Benignus et al., 2007; Bushnell et al., 2007).  However, 
there are insufficient data to conclusively identify whether peak or 
average toluene concentration in blood is the most appropriate dose 
metric for various neurological responses.  The direct correlation 
between toluene blood concentration and neurological responses 
supports use of blood concentration of toluene as a biomarker, and 
under chronic exposure conditions, average blood concentration should 
be directly relevant. 

BE Derivation  

Methods 
i. Urine 

As discussed above, data do not support the use of urinary markers for 
toluene exposure at environmental exposure levels at this time, although, as 
discussed above, selected specific metabolites or unchanged toluene in urine 
might serve as reliable biomarkers if more data can be developed and 
analytical techniques for those markers become sufficiently sensitive.  No 
urinary BE values were derived for toluene exposure. 

ii. Blood 

In order to estimate human blood levels associated with exposure to toluene 
at the various health-based inhalation and oral exposure guidelines detailed in 
Table 1, the human PBPK model for toluene developed by Tardif et al. (1993; 
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1995) was implemented.  Models by Pierce et al. (1996; 1998) and Jang 
(1996) were also available.  Each is similar to the model developed by Tardif 
et al. (1995), but of the three, the Tardif et al. (1995) model has been used 
the most extensively and was therefore chosen for use in this BE derivation.  
The rat PBPK model by Tardif et al. (1993) was also used to estimate blood 
concentrations in rats at the dose levels used as the point of departure for 
derivation of the oral RfD and oral MRL values.  These blood concentrations at 
the point of departure for risk assessment can provide additional context for 
interpretation of measured blood concentrations in humans in the general 
population.   

Both the human and the rat PBPK models required minor modifications to 
incorporate the oral route of exposure.  These additions are described below.   

Rat model.  The PBPK model of Tardif et al. (1993) for toluene inhalation 
exposure in rats was implemented in MS Excel® with physiological and 
physicochemical parameters as described in Tables 1 and 2 of that publication.  
The model was modified to incorporate oral dosing by adding a virtual 
gastrointestinal tract compartment with a first-order absorption process to the 
liver.  To parameterize the absorption rate from oral dosing, the 
gastrointestinal absorption rate was calibrated visually against graphical data 
from Sullivan and Conolly (1988) for the time course of blood toluene 
concentrations following oral gavage at four different dose levels in Sprague-
Dawley rats.  The absorption rate from the rat gastrointestinal tract was 
adjusted to result in peak blood concentrations between 2 and 2.5 hours post-
gavage, as reflected in the Sullivan and Conolly (1988) data set.  All other 
parameters were retained as reported by Tardif et al. (1993).  The parameters 
used in the rat oral and inhalation toluene PBPK model are presented in Table 
3.   

Adult human model.  The human PBPK model of Tardif et al. (1995) with 
parameters as reported by Nong et al. (2006, Table 1) for toluene inhalation 
exposure was similarly implemented in MS Excel®.  The model was able to 
accurately reproduce the central tendency of the measured blood and exhaled 
air concentrations in an independent data set for volunteers exposed to 50 
ppm toluene for 2 hours from Pierce et al. (1998; results not shown). 
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Table 3: Model parameters used in the rat and human PBPK models. 

 
a From Tardif et al. (1993) 
b From Tardif et al. (1995) and Nong et al. (2006) 
c Fit to data sets as described in text 
 

An oral dose route was also added to the human PBPK model.  Addition of this 
dose route required parameterization of an oral absorption rate constant.  An 
oral absorption rate was calibrated against the time course to peak exhaled air 
concentrations following administration of toluene at measured drip rates for 
specified time periods to human volunteers via nasal-gastric tube (Baelum et 
al., 1993).  The exhaled air concentrations peaked approximately 15 to 30 
minutes following cessation of exposure.  The full set of model parameters for 
the adult human model is included in Table 3.   
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Evaluation of BEs for oral exposure guidelines.  The general approach for the 
derivation of BE values for the oral exposure guidelines is presented in Figures 
1 and 2.   

For those exposure guidance values derived based on rat toxicity study data, 
the rat and human PBPK models were used in combination to derive BE 
values.  Briefly, the process (Figure 1) is as follows: 

• Step 1: Calculate relevant animal internal dose at POD.   In this case, 
effects on liver and/or kidney following chronic gavage administration 
of toluene are the most sensitive effects and serve as the basis for the 
derivation of oral exposure guidelines.  These effects are likely related 
to production of metabolites in these organs.  Production of these 
metabolites is likely to be proportional to area under the curve of 
toluene in these organs.  Thus, toluene area under the curve for kidney 
(modeled as richly perfused tissue) or liver (modeled explicitly) was 
selected as the relevant internal dose metric, and an estimate of the 
target organ AUC at the duration- and LOAEL-to-NOAEL adjusted POD 
was made for each of the oral exposure guidelines.  The average blood 
concentration in the animals at the POD (BEPOD_animal) was also 
estimated using the PBPK model. 

• Step 2: Interspecies extrapolation.  Interspecies extrapolation of this 
relevant internal dose metric to a corresponding human target organ 
AUC by application of an interspecies uncertainty factor for 
pharmacodynamic differences.  An interspecies factor for 
pharmacokinetic differences was also applied.  This factor accounts for 
unknown differences between humans and the experimental animals of 
interest in the pharmacokinetics of the metabolites believed to be 
responsible for the organ-specific toxicity.   

• Step 3: Calculate BEPOD.   Application of the human pharmacokinetic 
model to identify an average blood concentration corresponding to the 
relevant target organ internal dose measure identified above (human 
equivalent BEPOD). 

• Step 4:  Calculate BE.  Application of relevant intraspecies uncertainty 
factor(s) and any additional applicable uncertainty factors identified by 
the organizations that derived the oral exposure guidelines initially (for 
example, database uncertainty factors sometimes applied by USEPA).  
Because the measured biomarker is directly related to the internal dose 
metric of interest, direct measurement of this biomarker concentration 
replaces application of the pharmacokinetic component of the 
intraspecies uncertainty factor in derivation of the BE values (Hays et 
al. 2008); only the pharmacodynamic factor is appropriate on an 
internal dose basis in this case. 
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Figure 1 Schematic of approach used to estimate BE values for toluene in 
humans corresponding to oral exposure guidance values based on rat toxicity 
data.  NOAELadj POD:  Point of departure, adjusted for duration and LOAEL to 
NOAEL, as appropriate; UFA-PD:  component of interspecies uncertainty factor 
for pharmacodynamic sensitivity; UFA-PK:  component of interspecies 
uncertainty factor for pharmacokinetic sensitivity; UFH:  intraspecies 
uncertainty factor; UFD:  uncertainty factor component for database 
uncertainties, where applicable.  See text for discussion. 

 

For those oral exposure guidance values derived based on mouse toxicity data 
(the WHO TDI and the ATSDR Intermediate MRL), a modified process outlined 
in Figure 2 was used because of the lack of a mouse PBPK model.  In this 
approach, the interspecies extrapolation is conducted on an external dose 
basis to obtain the human equivalent external dose POD.  The human average 
blood concentrations associated with this POD were then estimated using the 
human PBPK model to obtain the human equivalent BEPOD. 

 



 194 

Human
NOAELadj

POD
Human

PK Model

External 
Dose

Relevant 
Internal 

Dose

Animal

Human Human average blood concentration

Monitored
Biomarker

U
F H

-P
D

U
F D

Target
avg. blood 

conc.

U
F A

-P
K

U
F A

-P
D

Animal 
NOAELadj

POD

Human
NOAELadj

POD
Human

PK Model

External 
Dose

Relevant 
Internal 

Dose

Animal

Human Human average blood concentration

Monitored
Biomarker

U
F H

-P
D

U
F D

Target
avg. blood 

conc.

U
F A

-P
K

U
F A

-P
D

Animal 
NOAELadj

POD

 

Figure 2: Schematic of approach used to estimate BE values for toluene in 
humans corresponding to oral exposure guidance values based on mouse 
toxicity data.  UFH-PD:  Component of intraspecies uncertainty factor for 
pharmacodynamic sensitivity. 

 

Evaluation of BEs for inhalation exposure guidelines.  The general approach for 
the derivation of BE values for the inhalation exposure guidelines is presented 
in Figure 3.  Each of the applicable guidelines is derived based on human data.  
Thus, the derivation process does not involve an interspecies extrapolation.  
Briefly, the process is as follows: 

• Step 1:  Calculate the BEPOD. The steady-state blood concentrations in 
humans exposed at the duration- and LOAEL-to-NOAEL adjusted PODs 
(based on human study data) were modeled using the PBPK model 
described above.  Because blood concentration has been identified as a 
directly relevant dose metric for neurological effects, the relevant 
internal dose metric and the monitored biomarker concentration are the 
same.  Thus, these modeled blood concentrations are the BEPOD values 
used in the derivation of the BEs for the inhalation exposure guidelines. 
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• Step 2:  Calculate the BE.  Application of relevant intraspecies 
uncertainty factor(s) and any additional applicable uncertainty factors 
identified by the organizations that derived the oral exposure guidelines 
initially (for example, database uncertainty factors sometimes applied 
by USEPA).  As above, because the measured biomarker is directly 
related to the internal dose metric of interest (they are the same for 
this set of exposure guidelines, blood toluene concentration) direct 
measurement of this biomarker concentration replaces application of 
the pharmacokinetic component of the intraspecies uncertainty factor in 
derivation of the BE values (Hays et al. 2008); only the 
pharmacodynamic factor is appropriate on an internal dose basis in this 
case. 

Human
NOAELadj

POD
Human

PK Model

External 
Dose

Relevant 
Internal 

Dose

Animal

Human Human average blood concentration

Monitored
Biomarker

U
F H

-P
D

U
F D

Target
avg. blood 

conc.

Human
NOAELadj

POD
Human

PK Model

External 
Dose

Relevant 
Internal 

Dose

Animal

Human Human average blood concentration

Monitored
Biomarker

U
F H

-P
D

U
F D

Target
avg. blood 

conc.  

Figure 3: Schematic of approach used to estimate BE values for toluene 
corresponding to inhalation exposure guidance values.  See text for discussion. 

Results of Modeling and Identification of BE 
Values 

iii. Urine 
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As discussed above, no specific and useful urinary markers for toluene 
exposure at environmental exposure levels currently exist.  No urinary BE 
values were derived for toluene exposure. 

iv. Blood – Oral Exposure 

All of the available chronic oral exposure guidelines are based upon 
extrapolation from the same study of subchronic (13-week) administration of 
toluene by gavage to rats or mice at duration-adjusted doses of 223, 446, 
893, 1786, or 3571 mg/kg-d (NTP, 1990).  Two organizations, the USEPA and 
Health Canada, based their guidance values on liver or kidney toxicity 
observed in the rat gavage study, while the WHO based its oral guidance value 
on results from the mouse study.  The ATSDR also derived exposure guidance 
values for acute (1 to 14 day) and intermediate (up to 1 year) exposures.  The 
acute MRL was derived based on a single dose rat gavage study, while the 
intermediate MRL was derived based on a 28-day mouse drinking water study.   

Table 4 presents the modeling results and BE derivation for the oral exposure 
guidance values based on rat toxicity data using the general approach outlined 
in Figure 1.   Table 5 presents the corresponding results and BE derivation for 
those oral exposure guidance values derived from mouse toxicity data 
according to the approach in Figure 2. 

v. Blood – Inhalation Exposure 

All of the available inhalation exposure guidance values are based on studies 
of human occupationally exposed populations with a focus on a range of 
potential neurological effects.  Several studies in human occupational cohorts 
provide LOAEL or NOAEL exposure estimates for all studied neurological 
endpoints including both transient and persistent effects, as well as for a wide 
range of other biochemical and health effect endpoints.  Different agencies 
have made slightly different choices in their selection of points of departure for 
derivation of exposure guidance values, as summarized in Table 1.  Selected 
occupational exposure levels were adjusted to an equivalent continuous 
exposure concentration from intermittent exposures experienced in the 
workplace.  This adjustment is applied to account for the presumption that the 
general public could be continuously exposed in air.  Note that this adjustment 
implicitly assumes that the average concentration (or area-under-the-curve) is 
the critical dose metric.  However, it is possible that peak concentrations or 
time above  



 197 

Table 4: Estimated internal dose metrics and average human blood 
concentrations consistent with the derivation of oral exposure guidance values 
for toluene based on rat toxicity data (see Figure 1). 

 
a Average daily toluene concentration in kidney resulting from once daily bolus dosing at the 
NOAELadj POD as estimated from the richly perfused compartment of the PBPK model. 
b Average daily toluene concentration in liver resulting from once daily bolus dosing at the 
NOAELadj POD as estimated from the liver compartment of the PBPK model. 
c Measurement of a biomarker that is directly relevant to the internal dose metric of interest 
replaces the default uncertainty factor for pharmacokinetic sensitivity.  See text for discussion. 
d See text for discussion. 
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Table 5: Derivation of BEs for oral exposure guidance values for toluene 
based on mouse toxicity data (see Figure 2). 

 
a Measurement of a biomarker that is directly relevant to the internal dose metric of interest 
replaces the default uncertainty factor for pharmacokinetic sensitivity.  See text for discussion. 
b See text for discussion. 
 

a threshold level is as - or more - important than average concentration in 
producing neurotoxic effects.  Estimated peak blood concentrations following 
exposure under actual occupational exposure concentrations are 
approximately 3-fold higher than the duration-adjusted average blood 
concentrations (modeling not shown).  The ATSDR has also derived an acute 
duration MRL (1 to 14 day exposure) based on dose-response for neurological 
effects observed in a volunteer study. 

The results of PBPK modeling and BE derivation for the inhalation exposure 
guidance values are presented in Table 6.  The BE values from different  
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Table 6: Estimated internal dose metrics and average human blood 
concentrations consistent with the derivation of inhalation exposure guidance 
values for toluene based on human toxicity data for central nervous system 
(CNS) effects (see Figure 3). 

 
a See text for discussion. 

 

agencies differ substantially due to different judgments regarding whether 
selected occupational exposure levels represent NOAELs or LOAELs.  The BE 
values corresponding to the USEPA RfC and the Health Canada Inhalation TDI 
are higher than the human equivalent BEPOD values derived from the WHO and 
ATSDR exposure guidance values.  
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Discussion of Sources of Variability and 
Uncertainty 

vi. Model uncertainty 

The PBPK model used here has been used extensively to evaluate data sets for 
human and rat inhalation exposure and can reproduce the observed blood 
concentration vs. time behavior from independent data sets.  The model 
incorporates understanding of the physiological, physicochemical, and 
metabolic determinants of toluene pharmacokinetics.  However, as discussed 
above, its application to oral exposures introduces some additional uncertainty 
due to the behavior of rapidly-eliminated volatile compounds and the 
uncertainties associated with estimation of peak blood concentrations 
associated with bolus oral dosing.  At very high oral exposures, saturation of 
metabolism may become an issue resulting in non-linear relationships between 
external doses and resulting blood concentrations.  However, at 
environmentally relevant exposures, such saturation is unlikely to occur.  
Thus, as a tool for predicting the central tendency of blood concentrations 
associated with inhalation exposure to toluene, the model uncertainty is low, 
while uncertainty is somewhat higher for estimating peak concentrations 
following oral exposures.  Another potential uncertainty relates to the 
modeling of kidney concentrations.  The existing published PBPK models used 
here do not include an explicit kidney compartment.  The use of the “richly 
perfused” compartment for simulation of kidney concentrations is appropriate, 
but inclusion of an explicit kidney compartment could be considered if future 
data support this refinement of the model. 

 

vii. Analytical 

The analytical methods for measuring toluene in blood are well established 
(ACGIH 2001).  The variability due to analytical issues should be minor in the 
context of the BE values. 

viii. Interindividual Variations in Pharmacokinetics 

Differences in body composition (body fat levels, etc.), level of physical 
activity, metabolic capability, and other factors can lead to variations in blood 
concentrations of toluene associated with a given exposure level.  Data sets 
from controlled exposure experiments show variations in blood levels in 
individuals exposed to the same external air concentrations.  Pierce et al. 
(1998) exposed individuals to controlled concentrations of toluene in air for 
two hours and followed blood concentrations for approximately 100 hours after 
exposure ceased.  At each time point, variations of a factor of two to three 
from the mean were observed among the individuals, consistent with a default 
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assumption that interindividual pharmacokinetic differences could account for 
3-fold variations from the mean.  These experimental results are consistent 
with the variations predicted when physiological variability is incorporated into 
PBPK modeling using the Tardif et al. models (Tardif et al. 2002). 

ix. Gender and Age 

Nong et al. (2006) conducted a modeling study to evaluate the impact of the 
development of CYP2E1 metabolic capability in infants and children on the 
predicted blood concentration of toluene following inhalation exposure.  Nong 
et al. (2006) used data on the concentration of hepatic CYP2E1 protein 
(Johnsrud et al. 2003) and the change in liver tissue volume as a function of 
age to estimate total CYP2E1 metabolic capability as a fraction of adult 
capability.  Using these data with age-specific physiologic parameters in the 
Tardif et al. (1995) PBPK model, Nong et al. predicted that blood levels in 
newborn infants could be as much as 3 times higher than blood levels 
predicted in adults at the same air exposure level.  Predicted blood 
concentrations in older children and adolescents were more similar to those 
predicted in adults.   Nong et al. (2006) noted that this degree of variability 
was consistent with the pharmacokinetic component of the interindividual 
uncertainty factor used in the derivation of the RfC.  No data on the impact of 
gender on the pharmacokinetics of toluene were identified, other than those 
resulting from physiological variability, which can be accounted for using the 
PBPK model.  Varying bodyweight and other physiological parameters in the 
model to account for female vs. male physiology does not result in marked 
changes in predicted blood concentrations (variations generally less than 
about 10 percent) (Pelekis et al., 2001).  

x. Smoking, drugs, alcohol co-exposures 

Ethanol can inhibit metabolism of toluene through competition for CYP2E1 
(Baelum, 1991).  Thus, coexposure to these or other compounds that are 
substrates for or inhibitors of CYP2E1 may result in prolonged elevation of 
toluene blood concentrations compared to those resulting from exposure to 
toluene alone.  Smoking is a source of toluene exposure and smokers 
consistently demonstrate higher blood concentrations of toluene than non-
smokers (see, for example, Churchill et al. 2001).  However, no information is 
available regarding the impact of smoking on elimination rates of toluene. 

xi. Polymorphisms in enzymes or other factors 

Researchers are beginning to identify polymorphisms in genes coding for key 
metabolic enzymes and examine the impact of such polymorphisms on 
potential responses.  Polymorphisms in several of the enzymes known to be 
involved in the metabolism of toluene, including CYP2E1, have been identified.  
However, researchers have focused on correlating the occurrence of such 
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polymorphisms with susceptibility to various conditions (see, for example, 
Heuser et al,. 2007; Kezic et al., 2006) rather than directly assessing the 
effects of these polymorphisms on metabolic capability.  Some studies have 
indicated an impact of such polymorphisms on enzymatic activity, but data are 
limited to date (reviewed in Gemma et al., 2006).  Thus, we cannot draw any 
conclusions regarding the impact of such polymorphisms on predicted blood 
concentrations in individuals exposed at an exposure guideline.  Such 
polymorphisms may account for some of the variability in blood levels 
observed among individuals after controlled exposures (see above).   

Confidence Assessment 
Guidelines for derivation of BE values (Hays et al., 2008) specify consideration 
of two main elements in the assessment of confidence in the derived BE 
values:  robustness of the available pharmacokinetic models and data, and 
understanding of the relationship between the measured biomarker and the 
critical or relevant target tissue dose metric. 

Confidence in BE values based on oral exposure guidelines:  As discussed 
above, the oral exposure route introduces additional uncertainties in 
estimating blood BE values corresponding to the oral exposure guidelines.  
These uncertainties stem from uncertainty regarding the appropriate dose 
metric (for example, area under the curve vs. peak target organ 
concentrations) and uncertainty in the active metabolite responsible for liver 
or kidney toxicity.  In this assessment we have relied on area under the curve 
of the parent compound in the target organ of interest as the relevant dose 
metric.  However, if peak concentration (or peak metabolite production) is 
more relevant, then uncertainty regarding the appropriate oral absorption rate 
value for the models (which impacts estimates of peak, but not average, blood 
concentrations), and uncertainty regarding the appropriate dosing regimen to 
assume for exposure at the health based exposure guidelines (once per day 
bolus vs. divided dose; again, impacting peak but not average blood 
concentrations) affects confidence in the BE values.  Blood concentration as a 
biomarker for toluene should be directly related to average target organ 
concentration, but may be less informative regarding peak target organ 
concentration.  For this reason, confidence in the BE values associated with 
the oral dosing route is lower than that for the inhalation exposure route.      

Summary of Confidence Ratings for BE Values for oral exposure guidance 
values: 

• Relevance of biomarker to relevant dose metrics: MEDIUM 

• Robustness of pharmacokinetic data/models: MEDIUM 
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Confidence in BE values based on inhalation exposure guidelines:  Blood 
toluene concentrations are directly related to target tissue concentrations in 
the brain.  The available PBPK models are well-validated and have been 
extensively used in combination with occupational datasets in humans.  The 
BE values for inhalation exposure guidance values for toluene based on blood 
concentration as the biomarker thus have HIGH confidence for both aspects. 

Summary of Confidence Ratings for BE Values for inhalation exposure 
guidance values: 

• Relevance of biomarker to relevant dose metrics: HIGH 

• Robustness of pharmacokinetic data/models: HIGH 

 

The summary confidence ratings are presented in Tables 4, 5 and 6.   

Discussion and Interpretation of BE Values 
The BE values presented here represent the concentrations of toluene in blood 
that are consistent with exposure at the exposure guideline values that have 
been established by various agencies (Table 1).  These BE values should be 
regarded as interim values that can be updated or replaced if the exposure 
guideline values are updated or if the scientific and regulatory communities 
develop additional data on acceptable or tolerable concentrations in human 
biological media based directly on epidemiological data.  

The BE values presented here are screening values and can be used to provide 
a screening level assessment of measured blood concentrations of toluene in 
population- or cohort-based studies.  Comparison of measured values to the 
values presented here can provide an initial evaluation of whether the 
measured values in a given study are of low, medium, or high priority for risk 
assessment follow-up.  Figure 4 illustrates the presentation of the BE value 
corresponding to the Health Canada inhalation TDI.  Measured biomarker 
values in excess of the human equivalent BEPOD indicate a high priority for risk 
assessment follow-up.  Values below the BEPOD but above the BE suggest a 
medium priority for risk assessment follow-up, while those below the BE 
values suggest low priority for risk assessment follow-up.  Based on the 
results of such comparisons, an evaluation can be made of the need for 
additional studies on exposure pathways, potential health effects, other 
aspects affecting exposure or risk, or other risk management activities.  
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Figure 4: Example presentation of the BE value corresponding to the Health 
Canada inhalation TDI.  The BEPOD corresponds to the average blood 
concentrations estimated at the identified human no-observed-adverse-effect-
level used as point of departure for the guideline derivation.  The BE value 
presents the blood concentration consistent with the TDI (see Table 6 and the 
text for details on the derivation).  Similar graphs could be prepared for the BE 
values derived for each of the available exposure guidance values. 

 

Numerous exposure guideline values and thus BEs exist for interpreting 
human biomonitoring data for toluene.  Selecting the most appropriate BE 
(and BEPOD) for interpreting biomonitoring data may depend on several factors 
including: the year the exposure guidance value was established (and thus 
potentially reflects advancement in understanding of toluene toxicity, 
mechanism of action, or available studies for deriving an exposure guideline 
value); whether the exposure guidance value was based upon animal or 
human toxicity data; the route of exposure from which the exposure guideline 
value was derived (and thus potentially reflects the more predominant 
pathway for exposure in the environment); the degree of uncertainty involved 
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in the derivation of the exposure guidance value; and other judgments 
regarding the reliability of the underlying exposure guidance value.   

BE values do not represent diagnostic criteria and cannot be used to evaluate 
the likelihood of an adverse health effect in an individual or even among a 
population.  In the case of toluene, BE values corresponding to exposure 
guidance values from different agencies differ widely, and interpretation of 
biomonitoring data results may depend upon which guidance value is regarded 
as most reliable and appropriate for a given situation.  Further discussion of 
interpretation and communications aspects of the BE values is presented in 
LaKind et al. (2008). 
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Abstract 
Recent efforts by the US Centers for Disease Control and Prevention and other 
researchers have resulted in a growing database of measured concentrations 
of chemical substances in blood or urine samples taken from the general 
population.  However, few tools exist to assist in the interpretation of the 
measured values in a health risk context.  Biomonitoring Equivalents (BEs) are 
defined as the concentration or range of concentrations of a chemical or its 
metabolite in a biological medium (blood, urine, or other medium) that is 
consistent with an existing health-based exposure guideline.  This document 
reviews available pharmacokinetic data and models for cadmium and applies 
these data and models to existing health based exposure guidance values from 
the US Environmental Protection Agency, the Agency for Toxic Substances and 
Disease Registry, Health Canada, and the World Health Organization, to 
estimate corresponding BE values for cadmium in blood and urine.  These 
values can be used as screening tools for evaluation of biomonitoring data for 
cadmium in the context of existing risk assessments for cadmium and for 
prioritization of the potential need for additional risk assessment and risk 
management efforts for cadmium. 

 

Introduction 
Measurements of environmental chemicals in air, water, or other media can be 
compared to health-based exposure guidelines to screen which chemical 
exposures may be of concern, or to identify chemicals for which a wide margin 
of safety appears to be present.  Interpretation of biomonitoring data for 
environmental compounds is hampered by a lack of similar screening criteria 
applicable to measurements of chemicals in biological media such as blood or 
urine.  Such screening criteria would ideally be based upon data from robust 
epidemiological studies that evaluate a comprehensive set of health endpoints 
in relationship to measured levels of chemicals in biological media.  However, 
development of such epidemiologically-based screening values is a resource- 
and time-intensive effort.  As an interim effort, the development of 
Biomonitoring Equivalents (BEs) has been proposed (Hays et al. 2007). 

A Biomonitoring Equivalent (BE) is defined as the concentration or range of 
concentrations of chemical in a biological medium (blood, urine, or other 
medium) that is consistent with an existing health-based exposure guideline.  
Existing chemical-specific pharmacokinetic data are used to estimate 
biomarker concentrations associated with the Point of Departure (PODs; such 
as No Observed Effect Levels [NOELs], Lowest Observed Effect Levels [LOELs], 
or Benchmark Doses [BMDs]) and to estimate biomarker concentrations that 
are consistent with the guidance value.   BEs can be estimated using available 
human or animal pharmacokinetic data.  Guidelines for the derivation and 
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communication of BEs are available in (Hays et al., 2008).  BEs are designed 
to be screening tools to gauge which chemicals have large, small or no margin 
of safety compared to existing health-based exposure guidelines.  BEs are only 
as robust as are the underlying health-based exposure guidelines that they are 
based upon and the underlying animal toxicology studies and pharmacokinetic 
data used to derive these health-based exposure guidelines.  BEs are not 
designed to be diagnostic for potential health effects in humans, either 
individually or among a population. 

This BE dossier is not designed to be a comprehensive compilation of the 
available hazard, dose-response or risk assessment information for cadmium.  
Rather, this dossier describes the scientific basis for and derivation of BE 
values for cadmium and discusses issues that are important for the 
interpretation of biomonitoring data using Biomonitoring Equivalents. 

Cadmium (Cd; CAS # 7440-43-9) is an element that occurs naturally in the 
earth’s crust.  Cadmium has an atomic weight of 112.4 g mole-1, is silver-
white malleable metal and has an oxidation state of +2. The naturally 
occurring isotopes are 106 , 108 , 110, 111, 112, 113, 114  and 116. Cd 
compounds consist of acetate, sulfide (yellow pigment), sulfoselenide, 
selenium sulfide (red pigment), stearate, oxide, carbonate, sulfate, and 
chloride. Of the many inorganic Cd compounds, several are quite soluble in 
water, e.g., cadmium acetate, chloride, and sulfate; cadmium oxide and 
sulfide are almost insoluble. Cadmium oxide and cadmium carbonate might, 
however, be soluble at gastric pH.  Cadmium is used in batteries, pigments, 
metal coatings, plastics, and some metal alloys (ATSDR, 1999).  General 
population exposures to cadmium are estimated to be principally from food 
(highest levels are in leafy vegetables and potatoes) and tobacco smoke 
resulting from cadmium’s presence in the earth’s crust and uptake into plant 
materials (ATSDR, 1999; Nordberg et al. 2007). 

 

Current Health-Based Exposure Guidance Values 
 

Ingestion of very high doses of cadmium can irritate the stomach, leading to 
vomiting and diarrhea and even death (ATSDR, 1999).  The toxic endpoint of 
most relevance for chronic exposures to cadmium is an accumulation of 
cadmium levels in the kidney, leading to kidney damage. The International 
Agency for Research on Cancer (IARC) considers cadmium and cadmium 
compounds to be carcinogenic to humans (Group 1).  The USEPA considers 
cadmium to be a probable human carcinogen by the inhalation route, with 
local carcinogenic effects on the lung.   Reviews on cadmium toxicity are 
available (ATSDR, 1999; Nordberg et al., 2007). 
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Health-based exposure guidelines and toxicity values have been established for 
many chemicals for the general population by the USEPA (Reference Doses or 
Reference Concentrations [RfD or RfC]), the Agency for Toxic Substances and 
Disease Registry (ATSDR) (Minimal Risk Levels or MRLs), and various 
organizations outside the United States including Health Canada (HC) and the 
World Health Organization (WHO) (Tolerable Daily Intakes or TDIs).  The chronic 
health-based exposure guideline values are designated with different names and 
have somewhat different definitions, but generally describe an estimate of daily 
intake rates (or air concentrations) for a chemical that are expected to be without 
adverse or deleterious effects in the general population, including sensitive 
subpopulations1.  For chemicals considered to be carcinogenic, the USEPA also 
establishes estimates of the cancer potency of the chemicals by assigning a 
quantitative estimate of the upper bound of potential increased cancer risk 
associated with a unit of intake or air concentration (unit cancer risks, or UCRs).  
Finally, several US and international governmental bodies and independent 
organizations set chemical-specific air concentrations that workers can be 
repeatedly exposed to without experiencing adverse health effects (for example, 
Threshold Limit Values [TLVs], Permissible Exposure Limits [PELs], and 
Recommended Exposure Limits [RELs].  These values are generally not 
appropriate for application to the general population on a chronic basis, but can 
provide context for assessing estimated environmental exposure levels.  That is, 
occupational exposure guidelines provide an estimate of exposure levels that are 
not expected to cause adverse effects in a healthy working population exposed on 
an occupational schedule.   

Several health-based exposure guidance values and toxicity values are available 
for cadmium.  Noncancer exposure guidelines from the USEPA, the WHO and 
ATSDR are described in Table 1, including information regarding the studies used 
as the basis for the derivation, the identified point of departure (POD) (no 
observed adverse effect level [NOAEL], lowest observed adverse  

effect level [LOAEL], or benchmark dose) and the uncertainty factors applied to 
the POD to obtain the exposure guidance values.  All non-cancer exposure 
guidance values have been established to protect against cadmium’s effects on the 
kidney (deemed to be the most sensitive endpoint in humans). Cancer risk 
estimates have also been derived for cadmium by the USEPA and Health Canada 

                                          
1 “An estimate (with uncertainty spanning perhaps an order of magnitude) of a 
daily oral exposure to the human population (including sensitive subgroups) 
that is likely to be without an appreciable risk of deleterious effects during a 
lifetime. It can be derived from a NOAEL, LOAEL, or benchmark dose, with 
uncertainty factors generally applied to reflect limitations of the data used. 
Generally used in EPA's noncancer health assessments.”  
http://www.epa.gov/iris/gloss8.htm 
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to protect against respiratory system tumors resulting from inhalation exposures 
based on data from occupationally exposed workers. Since it is currently believed 
that these tumors only occur following inhalation of cadmium dusts, derivation of a 
BE is not appropriate because biomonitoring data cannot distinguish the route of 
exposure (Hays et al., 2008).  

 

 

Pharmacokinetics 
 

Absorption of cadmium from the gastrointestinal tract is estimated to be low, 
ranging from 0.5% to 12% (average 2%).  Absorption following inhalation 
depends on the particle size and solubility of the cadmium compounds. It is 
estimated that 25-50% inhaled cadmium fumes are absorbed systemically. 
Some of an inhaled dose of cadmium will be cleared to the gastrointestinal 
tract. Factors that promote absorption of cadmium following oral ingestion are 
low intake of iron, calcium, zinc, copper, or protein.  Dermal absorption of 
cadmium is considered negligible (Lauwerys and Hoet, 2001; Friberg et al., 
1974, Nordberg et al., 1971).  Transfer of cadmium to the fetus appears to be 
minor under relevant environmental exposure levels (Friberg et al., 1974); 
however, some studies have shown that the concentration of cadmium in cord 
blood is roughly 50% of the concentration in maternal blood (ATSDR, 1999). 

In blood, cadmium is predominantly bound to the red blood cells and albumin 
(Lauwerys and Hoet, 2001; ATSDR, 1999).  Cadmium enters the liver where it 
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is then bound to metallothionein and redistributed to the bloodstream.  
Because of its small size, cadmium-metallothionein is efficiently transported to 
the kidney tubules via glomerular filtration (Nordberg et al., 2007).  Besides 
kidney, liver is another principal site of storage for cadmium, with skin, bones 
and muscle being other tissue storage sites. Following chronic exposures, 
kidney has the highest concentrations of cadmium.  

Cadmium is not biotransformed. The biological half-life of cadmium in humans 
is estimated to range from 6 – 38 years in the kidney and 4 - 19 years in the 
liver.  Cadmium absorbed systemically is eliminated from the body via urinary 
and fecal excretion (Friberg et al., 1974; ATSDR, 1999).  Cadmium can be 
excreted in human milk at concentrations 5-10% of maternal blood 
concentrations (ATSDR, 1999). 

Several models of cadmium kinetics in humans have been developed.  Most of 
the pharmacokinetic/toxicokinetic models developed for cadmium have been 
for the purpose of estimating an intake or exposure required to yield a target 
kidney cortex concentration.  Models have ranged from simplistic one-
compartment PK models (IPCS, 1992) to multi-compartment linear 
pharmacokinetic models (Kjellstrom and Nordberg, 1978; Nordberg and 
Kellstrom, 1979).  The more elaborate eight-compartment linear 
pharmacokinetic model of Kjellstrom and Nordberg takes into account the 
transfer of cadmium between the muscles, liver, and kidneys.  The best-fit of 
the empirical data was achieved with shorter (8–14 years) half-lives for each 
compartment (Kjellstrom and Nordberg, 1978). The multicompartment PBTK 
model as amended by Choudhury et al. (2001) provides a good agreement 
between estimated lifetime daily intakes of cadmium and urinary 
concentrations of cadmium measured in a sample of the U.S. population from 
NHANES III.  The value of the multicompartment model lies in the possibility 
of using it to calculate relationships between intake and Cd concentrations in 
several tissues, including blood and urine, after both short- and long-term 
exposure (Beckett et al. 2007, Nordberg et al. 2007).  

Cadmium pharmacokinetics are reviewed in more detail by Friberg et al. 
(1974, 1985) and by ATSDR (1999).  

 

Biomarkers 
 

Table 2 summarizes the advantages and disadvantages of available 
biomarkers for cadmium.  The advantages of using biomonitoring to assess 
cumulative exposures to cadmium have been known for decades (Lauwerys 
and Hoet, 2001).  While blood, urine, feces, and hair have all been suggested, 
blood and urine have generally been the biomarkers of choice for assessing 
cadmium exposures.  Generally, urinary cadmium concentrations (U-Cd) are 
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believed to be an indicator of chronic exposures and steady-state renal 
cadmium concentrations, while blood cadmium concentrations (B-Cd) are 
believed to reflect both recent exposure and cadmium in the body 
accumulated over time (Lauwerys and Hoet, 2001; Alessio et al., 1993, 
Nordberg et al., 2007).   

 

Table 2: Available biomarkers for cadmium. 

The concentration of cadmium in the renal cortex is believed to be the critical 
dose metric associated with cadmium induced proteinuria, and urinary 
cadmium levels are believed to be directly correlated with renal cortex 
cadmium concentrations (Orlowski et al., 1998; Satarug et al., 2002, Nordberg 
et al., 2007).  Therefore, urinary cadmium concentration is likely to be a close 
surrogate for the critical dose metric and thus cadmium-induced proteinuria 
(JECFA 2001; ACGIH 2001).  Given that cadmium concentrations in blood are 
likely to be more transient in nature than renal cortex levels, blood cadmium 
concentrations, while still useful, may not be as directly correlated with the 
critical dose metric associated with the critical toxic response. 

 

BE Derivation  
 

The approach used for derivation of BE values is dictated by consideration of 
several factors: 

• Whether the exposure guidance value was derived based on animal 
toxicology data or human epidemiology studies.  For cadmium, human 
studies form the basis for all relevant exposure guidance values. 
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• How directly related the biomarker is to the mechanism of action and 
thus critical dose metric for the compound.  For cadmium, urinary 
cadmium concentrations are directly relevant to the critical internal 
dose metric for the most sensitive human toxic response, renal cortex 
cadmium concentration.    

• The availability of PK data or models for humans, the animal species of 
interest (when the guidance value is derived from animal toxicity data, 
or both.   For cadmium, substantial human data are available relating 
urinary cadmium to the critical dose metric and relating blood cadmium 
concentrations to urinary concentrations.   

All available non-cancer exposure guidance values (Table 1) are based on 
protecting against kidney toxicity as evidenced by proteinuria (of some form) 
in humans.  These exposure guidance values have relied on estimates of 
internal dose (either renal cortex concentration or urinary concentration) from 
human populations as the POD.  Thus, derivation of BE values associated with 
these exposure guidance values begins with consideration of these POD 
values.  Figure 1 presents a schematic of the approach used to derive the BE 
values.  Briefly, the approach is as follows: 

• Identify the critical dose metric associated with the POD.   

• Estimate the urinary cadmium concentration (creatinine-adjusted) 
associated with the POD (BEPOD). 

• Convert the urinary creatinine-adjusted BEPOD to a volume-adjusted 
urinary concentration and to a blood concentration using available 
pharmacokinetic data to obtain the BEPOD values for these biomarkers.   

• Divide the BEPOD by appropriate intraspecies uncertainty factors used in 
the derivation of each respective exposure guidance value to derive the 
BE values. 
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Figure 1: Schematic of approach used to estimate BE values for cadmium in 
humans corresponding to oral exposure guidance values.  Current exposure 
guidance values are based upon estimates of human internal doses (renal 
cortex Cd concentration or urinary Cd concentration).  POD:  Point of 
departure; UFH-PD:  component of intraspecies uncertainty factor for 
pharmacodynamic sensitivity. See text for discussion of approach. 

 

 

These steps are described in detail below, and are also presented and 
summarized in Table 3. 

Identification of the critical dose metric at the POD.    All three of the available 
non-cancer exposure guidance values were developed using human data on 
kidney effects as the basis for derivation.   US EPA (2007) developed an RfD 
using a Point of Departure (POD) of 200 µg Cd g-1 renal cortex wet weight as a 
no-observed-effect-level (NOEL)  for proteinuria in humans.   The joint 
FAO/WHO PTWI for cadmium was derived by choosing a urinary cadmium 
concentration associated with an absence of proteinuria.  Finally, ATSDR relied 
on a study of a Japanese population (Nogawa et al., 1989) that estimated 
daily cadmium dietary dose (estimated from cadmium concentration in rice 
used for food in the region) that resulted in rates of β2-microglubulinuria 
equivalent to those in a control population (approximately 5%).  In addition, 
Nogawa and Kido (1993) also evaluated the creatinine-adjusted urinary 
cadmium concentrations in the same study population.  The dietary intake of 
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0.0021 mg kg-1 d-1 identified by ATSDR as a point of departure was associated 
with a urinary concentration of 5.4 µg g-1 cr, (3.8 µg L-1).    

 

Table 3: Biomonitoring Equivalents (BEs) for exposure guidance values and 
underlying PODs. 

a Calculated using equation 1 discussed in text. 
b Calculated assuming a ratio of 0.73 g cr/L urine.  See text for discussion. 
c Calculated using the average of equations 4 and 5 in text. 
d Calculated as the average of values for men and women reported in Table 1 from Nogawa and 
Kido (1993). 
e See discussion in text. 
 

BE values are derived here only for exposure guidance values derived for non-
cancer endpoints.  As discussed above, the cancer slope factors established for 
cadmium are based on a carcinogenic response observed in the respiratory 
tract of exposed workers, which is believed to be a local, rather than systemic, 
response to inhalation exposure to cadmium-containing dusts.  Because 
biomonitoring data cannot provide information on the route of exposure, and 
exposure to cadmium in the general population occurs via mixed routes, 
derivation of a BE for the cancer endpoint for cadmium is inappropriate.  The 
following sections describe the derivation of BE values for the available non-
cancer exposure guidance values for cadmium. 

 Methods 
 
The advantages of relying on biomonitoring for assessing cadmium exposures 
have been known for decades (Nordberg et al., 2007).   As a result, there 
have been several studies that have attempted to correlate biomonitoring 
levels of cadmium with internal dose metrics (such as renal cortex cadmium 
levels).  The following section reviews the approaches available for calculating 
BEs by relating renal cortex cadmium levels with both urinary and blood 
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cadmium concentrations and relating urinary and blood cadmium 
concentrations. 

 

1. Urinary BE derivation 

    (1) Creatinine-adjusted basis 
There have been two major approaches to developing an understanding of the 
relationship between cadmium concentrations in the renal cortex and in urine.  
One approach has measured the concentrations of cadmium post-mortem (in 
cadavers) in the renal cortex and in urine.  The other approach has utilized x-
ray fluorescence to determine the concentration of cadmium in vivo in the 
kidney and in urinary voids.  The former has the advantage of being able to 
more accurately quantify cadmium concentrations in the renal cortex (as 
opposed to using x-ray fluorescence).  The latter approach has the advantage 
of quantifying cadmium concentrations in urine voids (as opposed to the 
former which relies on collecting a urine sample post-mortem from the 
bladder).  Since the US EPA RfD is based on a renal cortex critical 
concentration of 200 µg g-1 as determined from cadavers (personal 
communications; Drs. Monica Nordberg [Karolinska Institute] and Bruce 
Fowler [ATSDR]), the relationship between renal cortex and urine cadmium 
concentrations developed from cadavers is considered more relevant for the 
calculation of BEs based on the 200 µg g-1 critical renal cortex cadmium 
concentration.   

Two studies have correlated cadmium concentrations in renal cortex and urine 
in human cadavers (Orlowski et al., 1998; Satarug et al., 2002).  Orlowski et 
al. conducted a careful analysis and found that the concentration of protein in 
urine samples from the cadavers increased with time post-death and were 
elevated compared to urine samples from a control (living) population, even 
for urine samples collected within one day of death.  The authors attributed 
this to autolysis of the bladder wall and concluded that this was falsely 
elevating  urinary cadmium concentrations measured in autopsy specimens 
through release of cadmium from bladder wall tissue that occurred during 
autolysis (Orlowski et al., 1998).  The authors used two approaches for 
correcting for this additional urinary cadmium contribution, providing 
consistent results for the correlation between renal cortex and urinary 
cadmium concentrations.  Satarug et al. (2002) did not correct for this 
phenomenon.  The Orlwoski et al. study also included individuals with renal 
cadmium concentrations that covered a broader range than those found by  
Satarug et al. (2002) (see Figure 2).  The relationship between renal cortex 
and U-Cd (creatinine adjusted) reported by Orlowski (r=0.85) is: 

U-Cd (µg g-1 cr) = 0.12 + 0.031 * K-Cd (µg g-1 w.w.),   (1) 

Where K-Cd is the concentration of cadmium (Cd) in the kidney in units of µg 
Cd per gram kdney wet weight (w.w.). 
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The study authors report lower correlation coefficients between renal cortex 
cadmium concentrations and U-Cd reported on a volume basis, but did not 
report the equation for this relationship.  Equation (1) will be used to relate 
renal cortex cadmium concentrations with urinary cadmium concentrations 
(creatinine adjusted). 
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Figure 2: Comparison of modeled relationship between renal cortex cadmium 
and urinary cadmium concentrations from Orlowski et al. (1998) and Satarug 
et al. (2002).  The Satarug et al. model predicts very high urinary cadmium 
concentrations for a range of renal cortex cadmium concentrations considered 
typical for the non-occupationally exposed population.  Use of the Satarug 
model would yield higher BE estimates for cadmium in urine for a given critical 
renal cortex cadmium concentration. 

 
 
   (2) Conversion to a urinary volume basis 
 
The concentration of cadmium in spot urine samples (expressed as either µg/g 
cr or µg/L) have been found to correlate with 24-hour urine composites 
(Alessio et al., 1993).  No studies could be found that provide either data or 
evaluations of correlations between renal cortex cadmium concentrations and 
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urinary cadmium concentrations reported on a volume basis.  Instead, a 
relationship between rates of daily creatinine excretion and daily urine volume 
among humans can be used to extrapolate from the relationship above 
relating renal cortex and creatinine adjusted U-Cd.   

Mage et al. (2004) derived predictive equations specific for men and women to 
estimate daily creatinine excretion as a function of height, weight, and age 
based on established formulas scaled to body surface area (equations 3a and 
3b in Mage et al. 2004):  

5.05.1 **)140(93.1 hBWACnMale −=      (2) 

And 

5.05.1 **)140(64.1 hBWACnFemale −=       (3) 

Where Cn is creatinine excretion in µg d-1, A is age in years, BW is bodyweight 
in kg, and h is height in cm.   

These formulas for adults were applied to standard bodyweights (70 kg for 
men, 55 kg for women) and average US heights for men and women (175 and 
160 cm for men and women, respectively) to estimate average creatinine 
production per day.   Using these standard heights and body weights, average 
daily creatinine excretion is predicted to be 1.5 and 0.9 g d-1 for men and 
women, respectively.  The average between men and women (1.2 g day-1) will 
be used in these calculations. 

For adults, 24-hour urinary volume estimates from the literature for healthy 
adult men and women are summarized by Perucca et al. (2007, Table 2 in that 
publication).  A weighted average for the four studies of healthy individuals 
tabulated there yields estimates of average urinary volumes for men and 
women of 1.7 and 1.6 L per 24 hours, respectively, with coefficients of 
variation of approximately 30%.  The average between men and women (1.65 
L d-1) will be used in these calculations.  

Taking the ratio of these two estimates provides a scaling factor of 0.73 g cr L-

1 urine.  The U-Cd concentrations reported in units of µg/g cr can be converted 
to units of µg L-1 using this ratio.   

2. Blood cadmium concentrations 

No studies were found that related renal cortex cadmium with blood cadmium 
concentration in cadavers.  Only one study, Börjesson et al. (1997), attempted 
to correlate kidney and blood cadmium concentrations in living individuals 
using x-ray fluorescence.  However, this study found a poor correlation 
between renal cortex and blood cadmium concentrations and since the critical 
renal cortex dose metric was determined using cadavers, this study does not 
provide a reliable means of relating cadmium concentrations in renal cortex 
and blood.   
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Several investigators have attempted to correlate urinary and blood cadmium 
concentrations.  Shimbo et al. (2000) obtained matched urine and blood 
samples from 607 non-smoking women from the general population in 30 
different survey sites, representing 7 different administrative regions in Japan.  
Equations representing the relationship between B-Cd (µg L-1) and U-Cd (µg g-

1 cr) were reported for an analysis of all individual volunteers and also as 
averaged for the 30 different survey sites and for the 7 different regions.  In 
the full dataset, the relationship between urinary and blood Cd (r=0.64) was 

Log [U-Cd (µg g-1 cr)] = 0.42 + 0.7 * log [B-Cd (µg L-1)]   (4) 

In a study of thirty occupationally exposed workers, Börjesson et al. 
(1997) also found a good correlation between B-Cd (µg/L) and U-Cd 
(µg/g cr).  A linear relationship between the two was derived 
independently using data reported in Börjesson et al. (1997): 
 
B-Cd (µg L-1) = 0.9 + 0.7 * U-Cd (µg g-1 cr),  (R2=0.6) (5) 
 
Alessio et al. (1993) collected blood and urine samples from 105 
occupationally exposed volunteers.  A good correlation between B-Cd (µg/L) 
and U-Cd (µg/L) was found, with a linear relationship (r=0.69):  

B-Cd (µg L-1) = 1.29 + 0.30 * U-Cd (µg L-1)     (6) 

Since an extra step in extrapolation is needed to relate urinary cadmium 
concentration in units of µg L-1 to renal cortex cadmium concentration 
(adjustment for urinary creatinine excretion), the relationship established by 
Alessio et al. (1993) relating B-Cd and U-Cd in units of µg L-1 will not be 
utilized in calculating BEs.  

A plot of the modeled relationships obtained by Shimbo et al. (2000) and 
Börjesson et al. (1997) provide somewhat different results over the U-Cd 
concentration range of interest, (see Figure 3).  Possible reasons for this 
difference are gender or smoking status (Shimbo et al. studied exclusively 
female non-smokers while Börjesson et al. (1997) included almost exclusively 
male participants and the smoking status was not reported) or differences in 
exposure levels (Shimbo et al. conducted their study among the  general 
population, while the Börjesson et al. data were derived from occupational 
exposures with generally higher concentrations of urinary and blood cadmium 
than observed by Shimbo et al.).  Without more information, the estimated 
blood cadmium BE values are based on an average of the estimates obtained 
from equations 4 and 5. 
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Figure 3: Comparison of the modeled relationships between urinary cadmium 
(U-Cd; µg g-1 cr) and blood cadmium (B-Cd; µg L-1) concentrations from two 
studies (equations 4 and 5 in the text).  In the derivation of the BE values, 
these models are applied to the urinary BEPOD values to estimate 
corresponding blood concentrations.  The urinary BEPOD values for the USEPA 
RfD and ATSDR MRL are 6.3 and 5.4 µg g-1 cr, respectively; in this range the 
two models illustrated here agree well. 

 

Results of Modeling and Identification of BE 
Values 
 

The BEPOD values for urine and blood based on the exposure guidance values 
from Table 1 are presented in Table 3.   

The BEPOD for the USEPA RfD was estimated using the relationships between 
renal cortex and urinary concentrations and between urinary and blood 
concentrations as described above.  

The BEPOD for the ATSDR MRL was established based on data from Nogawa and 
Kido (1993) identifying the urinary concentration corresponding to the dietary 
NOAEL in their research population identified by the ATSDR as the NOAEL for 
the MRL derivation.   This urinary cadmium concentration is the BEPOD for the 
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ATSDR MRL (Table 3).  The estimated blood concentration associated with the 
urinary BEPOD was estimated using equations 4 and 5 above.   

The Joint FAO/WHO PTWI (WHO JECFA 2001) was established by determining 
an exposure that would protect against a critical urinary cadmium 
concentration (2.5 µg g-1 cr) associated with a NOAEL for proteinuria, and this 
value can be regarded as the BEPOD.  However, none of the documentation 
describing the establishment of the PTWI provides a clear description of 
uncertainty factors applied to this value or other methods used to establish the 
PTWI.  Therefore, a BE is not calculated for the WHO PTWI for cadmium.   

The BEPOD values are extrapolated to BE values through application of 
appropriate intraspecies uncertainty factors.  Guidance for evaluation of such 
uncertainty factors is provided in the BE Derivation Guidelines (Hays et al., 
2008).  Because the biomarkers used here relate directly to the critical internal 
dose metric, the biomarker concentrations measured in individuals will directly 
reflect pharmacokinetic uncertainties that typically are accounted for through 
application of the default pharmacokinetic uncertainty factors for relating 
external to internal doses.  That is, biomarker concentrations in individuals 
who absorb cadmium more efficiently or eliminate cadmium less efficiently 
than average will reflect these pharmacokinetic sensitivities directly in 
elevated biomarker concentrations.  Because the biomarkers are directly 
related to the critical dose metric, no additional pharmacokinetic uncertainty 
factor components are required in the BE derivation; only the default 
pharmacodynamic uncertainty factor component (one half an order of 
magnitude) is explicitly retained (Hays et al., 2008). 

Table 3 presents and summarizes the BEPOD values and extrapolation of these 
values to the BE values associated with the exposure guidance values in Table 
1.   The BEs based on EPA’s RfD and ATSDR’s MRL are very similar, reflecting 
the high degree of consensus among agencies regarding the point of departure 
and tolerable exposures to cadmium.   Because the full derivation of the WHO 
JECFA PTWI was not available, only the BEPOD value could be derived for this 
exposure guidance value.  This value is lower than the BEPOD values identified 
by the other agencies.   

 

Discussion of Sources of Variability and 
Uncertainty 
This section presents a brief overview of sources of variability in the BE values 
derived and presented in Table 3. 
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Uncertainty in Methods Used to Calculate BEs 
Biomonitoring has long been recognized as a valuable and important means of 
quantifying exposure to cadmium and as a tool in helping to understand the 
dose-response relationship between cadmium exposure and effects (Lauwerys 
and Hoet 2001). As a result, there have been sufficient studies conducted over 
the past two decades exploring the relationship between cadmium levels in the 
renal cortex and levels measured in matrices easily biomonitored and 
exploring the relationships among cadmium levels in the various matrices.  As 
a result, there is high confidence in the empirical relationships used to 
calculate the BEs.  Additional research into the correlation between cadmium 
in blood and urine among individuals exposed to cadmium at environmentally 
relevant levels could improve this confidence.  

 

Interindividual variability 
While relationships between biomarker concentrations and the critical renal 
cortex concentrations are well established, there remains individual variability 
in the relationships between biomarkers.  For example, Shimbo et al. (2001), 
in their study relating urinary and blood concentrations of cadmium, 
demonstrate up to 3-fold variation (above or below the mean) among 
individuals in the measured urinary concentration of cadmium associated with 
a blood cadmium concentration.  Similarly, the relationship reported here 
relating urinary concentrations on a creatinine-adjusted basis to a volume-
adjusted basis represents an average relationship, and individuals may excrete 
more or less than the average amount of creatinine in a 24-hour period, or 
excrete more or less than the average amount of urine, particularly when 
samples are taken on a spot basis (rather than 24-hour collection).  These 
factors can also result in a total of approximately a 2- to 3-fold variation in 
measured concentrations in an individual at any given time (Scher et al. 
2007). 

Exposure patterns 
Given the long half-life of cadmium in blood and urine, intra-day, daily, weekly 
and even monthly variations in cadmium exposures will have a minimal impact 
on biomonitoring levels.  Historically elevated exposures (either because of 
temporal trends in background exposures or as a result of past occupational 
exposures) will likely persist as elevated biomarker concentrations for many 
years and even decades. Regardless, the direct relationship between cadmium 
in urine (and blood) and renal cortex still provides a direct measure of 
potential health risks.   
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Analytical issues 
The analytical methods for quantifying cadmium in urine and blood are well 
established (ACGIH, 2001; CDC, 2005).  The CDC notes molybdenum oxide 
interferes with the quantification of cadmium at low levels in urine using ICP-
MS (CDC, 2005).  

Gender and age 
Because of cadmium’s long half-life in humans, the concentration of cadmium 
in blood and urine increases with age.  Women tend to have higher 
concentrations of cadmium in blood and urine, presumably because of a higher 
percent absorption following oral exposures (ATSDR, 1999). 

  

Smoking, drugs, alcohol or other co-exposures 
Cigarette smoke is a significant source of cadmium exposure.  Smokers are 
consistently found to have higher concentrations of cadmium in their blood 
and urine.  Alcohol does not appear to impact the pharmacokinetics or levels 
of exposure to cadmium. 

Confidence Assessment 
Guidelines for derivation of BE values (Hays et al., 2008) specify consideration 
of two main elements in the assessment of confidence in the derived BE 
values:  robustness of the available pharmacokinetic models and data, and 
understanding of the relationship between the measured biomarker and the 
critical or relevant target tissue dose metric. 

Summary of Confidence Ratings for BE Values: 

Urinary cadmium is either directly used to establish the exposure guidance 
value (e.g., ATSDR’s MRL) or is directly related to the internal critical dose 
metric of renal cortex cadmium concentrations (e.g., EPA’s RfD).  The 
concentration of cadmium in blood is thought to be also related to renal cortex 
cadmium concentrations, although there may be more variability in this 
relationship because cadmium in blood may reflect recent exposure more 
directly than it reflects renal cortex concentration (which is influenced 
primarily by long-term exposures).  B-Cd has been found to be fairly well 
correlated with U-Cd, therefore, B-Cd is likely to be directly related to the 
critical dose metrics. The empirical data used to calculate the BE are robust 
and have been replicated in multiple studies.  Additional confidence could be 
gained by analyzing large biomonitoring databases (such as CDC’s NHANES) 
that include paired urinary and blood samples to further evaluate the 
correlation between U-Cd and B-Cd and the factors that influence that 
relationship   
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• Relevance of biomarker to relevant dose metrics: HIGH for urinary BE 
values; MEDIUM for blood BE values. 

• Robustness of pharmacokinetic data/models: HIGH for urinary BE 
values; MEDIUM for blood BE values. 

The summary confidence ratings are presented in Table 3.   

Discussion and Interpretation of BE Values 
Ideally, screening levels for biomonitoring data would be based on a robust set 
of studies of health effects in humans related directly to measured levels of 
the compound in urine or blood.  Such screening values exist for a limited 
number of environmental chemicals (e.g., lead and mercury).  The database 
for such an evaluation seems to exist for cadmium.  However, in the absence 
of such a concerted effort to develop such a relationship, estimates of 
chemical concentrations consistent with existing health-based exposure 
guidelines can serve as screening values for initial interpretation of measured 
concentrations in biological media (e.g., blood and urine).   

The BE values presented here represent the concentrations of cadmium in 
blood and urine that are consistent with the derivation of exposure guideline 
values that have been established (Table 1), based on the current 
understanding of the pharmacokinetic properties of this compound.  These BE 
values should be regarded as interim screening values that can be updated or 
replaced if the scientific and regulatory communities update the underlying 
exposure guidance values based on new assessments of acceptable or 
tolerable concentrations in human biological media.  

The BE values presented here are screening values and can be used to provide 
a screening level assessment of measured blood and urine concentrations of 
cadmium in population- or cohort-based studies.  Comparison of measured 
values to the values presented here can provide an initial evaluation of 
whether the measured values in a given study are of low, medium, or high 
priority for risk assessment follow-up.  Measured biomarker values in excess of 
the BEPOD indicate a high priority for risk assessment follow-up.  Values below 
the BEPOD but above the BE suggest a medium priority for risk assessment 
follow-up, while those below the BE values suggest low priority.  Based on the 
results of such comparisons, an evaluation can be made of the need for 
additional studies on exposure pathways, potential health effects, other 
aspects affecting exposure or risk, or other risk management activities.   

BE values do not represent diagnostic criteria and cannot be used to evaluate 
the likelihood of an adverse health effect in an individual or even among a 
population.  Further discussion of interpretation and communications aspects 
of the BE values is presented in LaKind et al. (2008). 
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Abstract 
Recent efforts by the US Centers for Disease Control and Prevention and other 
researchers have resulted in a growing database of measured concentrations 
of chemical substances in blood or urine samples taken from the general 
population.  However, few tools exist to assist in the interpretation of the 
measured values in a health risk context.  Biomonitoring Equivalents (BEs) are 
defined as the concentration or range of concentrations of a chemical or its 
metabolite in a biological medium (blood, urine, or other medium) that is 
consistent with an existing health-based exposure guideline.  This document 
reviews available pharmacokinetic data and models for acrylamide and applies 
these data and models to existing health based exposure guidance values from 
the US Environmental Protection Agency, the Agency for Toxic Substances and 
Disease Registry, Health Canada, and the World Health Organization, to 
estimate corresponding BE values for acrylamide in blood and urine.  
Specifically, BEs are calculated for AA hemoglobin valine terminal adducts [N-
(2-carbamoylethyl)valine (AAVal)] and GA hemoglobin valine terminal adducts 
[N-(2-carbamoyl-2-hydroxyethyl)valine (GAVal)], and the AA glutathione 
conjugate N-acetyl-S-(2-carbamoylethyl)cysteine (AAMA) in urine.  These 
values can be used as screening tools for evaluation of biomonitoring data for 
acrylamide in the context of existing risk assessments for acrylamide and for 
prioritization of the potential need for additional risk assessment and risk 
management efforts for acrylamide. 

Introduction 
Measurements of environmental chemicals in air, water, or other media can be 
compared to health-based exposure guidelines to identify chemical exposures 
that may be of concern, or to identify chemicals for which a wide margin of 
safety appears to be present.  Interpretation of biomonitoring data for 
environmental compounds is hampered by a lack of similar screening criteria 
applicable to measurements of chemicals in biological media such as blood or 
urine.  Such screening criteria would ideally be based upon data from robust 
epidemiological studies that evaluate a comprehensive set of health endpoints 
in relationship to measured levels of chemicals in biological media.  However, 
development of such epidemiologically-based screening values is a resource- 
and time-intensive effort.  As an interim effort, the development of 
Biomonitoring Equivalents (BEs) has been proposed (Hays et al. 2007). 

A Biomonitoring Equivalent (BE) is defined as the concentration or range of 
concentrations of chemical in a biological medium (blood, urine, or other 
medium) that is consistent with an existing health-based exposure guidance 
value.  Existing chemical-specific pharmacokinetic data are used to estimate 
biomarker concentrations associated with the Point of Departure (PODs; such 
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as No Observed Effect Levels [NOELs], Lowest Observed Effect Levels [LOELs], 
or Benchmark Doses [BMDs]) and to estimate biomarker concentrations that 
are consistent with the guidance value.   BEs can be estimated using available 
human or animal pharmacokinetic data.  Guidelines for the derivation and 
communication of BEs are available in (Hays et al., 2008).  BEs are designed 
to be used as screening tools to gauge which chemicals have large, small or no 
margin of safety compared to existing health-based exposure guidelines.  BEs 
are only as robust as are the underlying health-based exposure guidelines that 
they are based upon and the underlying animal toxicology studies and 
pharmacokinetic data used to derive these health-based exposure guidelines.  
BEs are not designed to be diagnostic for potential health effects in humans, 
either individually or among a population. 

Acrylamide monomer (chemical formula CH2=CHCONH2 , MW=71.1) is used to 
make polyacrylamide, an inert water soluble polymer that has applications in 
the agricultural, construction, waste water treatment, pulp and paper 
processing, and medical research fields and is used in some personal care 
products.  Acrylamide also occurs in some foods due to a natural reaction 
between specific amino acids and reducing sugars during baking or frying 
(Dybing and Sanner, 2003).  Finally, acrylamide is a component of cigarette 
smoke.  Thus, exposures to acrylamide among the general population are 
believed to occur primarily through exposure to cigarette smoke and through 
consumption of many baked or fried foods, including potato chips, fried 
potatoes, and some breads and cereals. 

The most sensitive effects associated with chronic exposures to acrylamide in 
laboratory animals have been neurotoxicity and an elevation of several tumor 
types in rats.  The USEPA (2007a) has established a Reference Dose (RfD) 
based on the most sensitive endpoint of nerve damage in rats exposed to 
acrylamide in drinking water.  The USEPA has established a cancer slope factor 
(CSF) based on multiple tumor types in rats again exposed via drinking water.  
The European Union has conducted their risk assessment based on two critical 
endpoints and respective NOAELs determined in rats (see Table 1). 

This BE dossier is not designed to be a comprehensive compilation of the 
available hazard, dose-response or risk assessment information for 
acrylamide.  Rather, this dossier describes the scientific basis for and 
derivation of BE values for acrylamide based on existing exposure guidance 
values for acrylamide and discusses issues that are important for the 
interpretation of biomonitoring data using Biomonitoring Equivalents. 
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Table 1: Health-based exposure guidance values for acrylamide. 

 
NOEL:  No observed effect level; LOEL: Lowest observed effect level; LOAEL:  Lowest observed 
adverse effect level; POD:  Point of departure; CSF:  Cancer slope factor 

 

Background 

Pharmacokinetics 
Acrylamide (AA) is readily and rapidly absorbed following oral ingestion, with 
estimates of oral bioavailability ranging from 30-44% following dietary 
administration and 60-98% following aqueous gavage (Doerge et al., 2005a).  
Acrylamide is absorbed via the dermal route, but to a much lesser extent 
(estimated at 6.6% of an equivalent oral dose; Fennell et al., 2006).  Once 
absorbed, AA either reacts with glutathione to form N-acetyl-S-(2-
carbamoylethyl)cysteine (AAMA: considered a deactivation pathway; see 
Figure 1) or is metabolized via CYP2E1 to form glycidamide (GA; considered 
an activation pathway).  The extent of glutathione conjugation and conversion 
to glycidamide varies among species (Shipp et al., 2006), making some 
species more susceptible to AA toxicity.  GA also reacts with glutathione to 
form mercapturic acids N-Acetyl-S-2-(2-hydroxy-2-carbamoylethyl)cysteine 
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(GAMA) and N-Acetyl-S-(1-carbamoyl-2-hydroxyethyl)cysteine.  AA, GA and 
the mercapturic acids are predominantly excreted in the urine.  Both AA and 
GA form adducts with sulfhydryl groups on hemoglobin, proteins and with DNA 
(Shipp et al., 2006).   
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Figure 1: Approach for calculating blood-based BEs for exposure guidance 
values related to non-cancer effects.  PK:  pharmacokinetic; UFH-PD:  
pharmacodynamic component of the intraspecies uncertainty factor. 

 

The kinetics of AA and GA in serum, the formation of hemoglobin and liver 
DNA adducts, and excretion of metabolites in urine have been studied in mice 
and rats following single dose administration and following six weeks of 
drinking water exposures (shown to represent steady-state exposures in terms 
of levels of hemoglobin adducts) (Doerge et al. 2005a, Tareke, et al., 2006).  
Controlled dosing studies in humans have also determined the kinetics of AA 
and GA excretion in urine (Fennell et al., 2006; Boettcher et al., 2006; Fuhr et 
al., 2006), and hemoglobin adduct formation following single oral dose 
administration and dermal application (Fennell et al., 2005).  The terminal 
elimination half-lives of urinary excretion of AA, AAMA and GAMA in humans 
are approximately 2.4, 17.4, and 25.1 hours, respectively, following a single 
oral dose of approximately 12.4 µg/kg (Fuhr et al., 2006).  

AA hemoglobin valine terminal adducts [N-(2-carbamoylethyl)valine (AAVal)] 
and GA hemoglobin valine terminal adducts [N-(2-carbamoyl-2-
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hydroxyethyl)valine (GAVal)] have been studied extensively because of their 
potential utility in serving as integrated biomarkers of exposure to AA.  AA and 
GA hemoglobin adducts can be observed following a single acute exposure in 
animals and humans.  The rate of removal of hemoglobin adducts appears to 
be limited by the rate of red blood cell (RBC) turnover.  Species differences in 
AA conversion to GA, rate of reaction of each analyte with hemoglobin and 
RBC turnover will impact steady-state circulating levels of AA and GA 
hemoglobin adducts in the various species for equivalent doses of AA.  
Therefore, species differences in RBC turnover will have an impact on steady-
state levels of hemoglobin adducts, which may have no reflection of species 
potential sensitivity towards AA and GA toxicity. 

Physiologically based pharmacokinetic (PBPK) models have been developed for 
acrylamide in rats (Kirman et al., 2003) and in mice, rats and humans (Young 
et al., 2007) to quantitatively account for the various species-specific rates of 
metabolism, excretion, reaction with hemoglobin and DNA, and hemoglobin 
turnover.  The most recent model (Young et al., 2007) was parameterized to 
predict serum concentrations of AA and GA, their respective hemoglobin 
adducts, and the excretion of metabolites in urine in the mouse and rat.  In 
the human model, all AA- and GA- specific parameters were parameterized 
using only urinary excretion data following controlled human oral dosing 
studies.  No serum measurements of AA and GA were available following oral 
doses in humans at the time the model was developed.  The Young et al. 
model was parameterized for all species by optimizing the chemical specific 
parameters against each individual study, thereby creating a unique 
parameter set for each animal and human study simulated.  As a result, the 
authors have not generated a “mean” or “median” estimate for each chemical-
specific model parameter that could be used to estimate the mean or median 
response among the human population.   

Biomarkers and Dose Metrics 
The objective of using a BE is to help put human biomonitoring data into a 
health risk context.  The choice of the biomarker (analyte and medium) and 
dose metric (peak, daily average, creatinine corrections, etc.) should be 
optimized to facilitate this objective.  The key criteria for the choice of a 
biomarker and dose metric then is that the choice should be as closely related 
to the mechanism of toxicity as possible and feasibly obtained in a 
biomonitoring study.  This means that the biomarker, ideally, should be for the 
compound that causes the toxicity (parent or metabolite) or should be just 
upstream on the metabolic pathway from the toxic compound and the 
biomarker should be as closely related to the target tissue as possible.  
Likewise, the dose metric should be chosen to reflect the mechanism of 
toxicity of the compound. 
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Several potential biomarkers are available for assessing internal exposures to 
acrylamide (Table 2; see Dybing et al., 2005 for a thorough review of each 
possible biomarker for acrylamide exposures).  Biomarkers of exposure to 
acrylamide monomer have included AA and GA in serum, AA and GA 
hemoglobin adducts (AAVal and GAVal, respectively), and concentrations of 
AA, and mercapturic acids of AA (AAMA) and GA (GAMA) in urine.   

 

Table 2: Available biomarkers 

 

 

Identification of relevant dose metrics depends upon the health endpoints that 
are the basis of the exposure guidelines.  The available health-based criteria 
presented in Table 1 focus on neurotoxicity and cancer health endpoints.   The 
tumor response has been linked with the GA metabolite (Ghanayem et al., 
2005 a and b) and is likely associated with the area under the GA serum curve 
(AUC; Shipp et al., 2006).  Neurotoxicity is less well defined in terms of the 
mechanism of action, but is likely associated with AUC or peak serum AA, GA 
or both (Shipp et al., 2006).   

Blood.  Of the available biomarkers, serum AA and GA concentrations have the 
advantage of being the most closely related to the critical dose metric.  
However, the short half-life of AA and GA in serum makes them difficult to 
detect and interpret (because of the episodic nature of the likely blood profiles 
resulting from the episodic nature of exposures and short half-life in blood).  
When a biomarker has an extremely short half-life (such as AA and GA in 
serum), it is advantageous to select a biomarker with a longer half-life (Hays 
et al., 2008). 

Levels of AA and GA hemoglobin adducts have been popular biomarkers for AA 
exposures because they are indicative of integrated (area under the curve, or 
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AUC) serum concentrations of AA and GA, respectively, over a period of time 
of a few months.  The level of circulating AAVal and GAVal is a function of the 
AUC of AA and GA in serum, the affinity of AA and GA for the valine molecule 
on hemoglobin and the rate of removal of hemoglobin adducts resulting from 
RBC turnover (Fennell et al., 1992; 2005).  Species differences in the rate of 
reaction between AA, GA and hemoglobin and species differences in RBC 
turnover will yield disparate circulating levels of hemoglobin adducts even for 
the same serum AUC levels, complicating interpretion of AA and GA 
hemoglobin adduct concentrations across species.  However, knowing the 
species-specific rates of reaction and removal provides the information 
necessary to make this translation.   

Urine.  Urinary excretion of AA, GA, AAMA and GAMA have also been explored 
as possibly useful biomarkers.  The excretion of AAMA is indicative of the 
deactivation of AA.  GAMA is indicative of the deactivation of GA, but can also 
be reflective of the relative efficiency of the initial oxidation of AA to GA.  As a 
result, the ratio of GAMA to AAMA has been explored as a measure of relative 
species differences in metabolic activation of AA and as a measure of potential 
polymorphisms in humans.  However, it has recently been shown that the ratio 
of GAMA to AAMA varies in individual urine voids following a single oral dose 
because of differences in the kinetics of elimination of the two analytes 
(Bjellaas et al., 2005; Boettcher et al., 2006).  Therefore, this ratio is not 
reliable for assessing potential polymorphisms among individuals (Boettcher et 
al., 2006).  The ratio of GA to AA hemoglobin adducts may prove more useful 
for this issue. 

In humans, AAMA is the predominant metabolite excreted in urine (Boettcher 
et al., 2006; Fuhr et al., 2005; Fennell et al., 2006).  A new technique of 
quantifying AAMA (Boettcher and Angerer, 2005) provides an advantage over 
previous analytical methods in which AAMA was indistinguishable from the 
mercapturic acid metabolite of acrylonitrile (Dybing et al., 2005).  AAMA is 
eliminated more slowly than the parent compound, providing a more stable 
marker of longer-term exposure levels.  However, relying solely on AAMA as a 
biomarker to be interpreted from a potential health risk perspective may be 
misleading as a result of ignoring the important role GA plays in the 
carcinogenic action of acrylamide and may also play in non-cancer, 
neurotoxicity, effects.  AAMA is most useful as a biomarker of exposure, as the 
data indicate that approximately 50% of administered dose of AA in humans is 
consistently excreted in urine as AAMA (Boettcher et al., 2006; Fuhr et al., 
2005; Fennell et al., 2006). 

Possible analytes, biological media and the advantages and disadvantages of 
each biomarker for acryalmide are summarized in Table 2. 
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BE Derivation  
This section presents the methods used to derive BE values for use in 
evaluation of biomonitoring data related to acrylamide, and also presents the 
resulting BE values. As discussed above, analytes in either serum or urine can 
be used as biomarkers.   

 

The approach used for derivation of BE values is dictated by consideration of 
several factors: 

• Whether the exposure guidance value was derived based on animal 
toxicology data or human epidemiology studies.  For acrylamide, 
animal studies form the basis for all relevant non-cancer and cancer 
based exposure guidance values. 

• How directly related the biomarker is to the mechanism of action and 
thus critical dose metric for the compound.  For acrylamide, the 
biomarker most directly relevant to the critical dose metric is 
concentration of AA and GA in serum.  AAVal and GAVal and AAMA in 
urine are less directly related to the critical dose metric for acrylamide.    

• The availability of PK data or models for animals and humans.   For 
acrylamide, pharmacokinetic data exists in both the animals of interest 
(rats) and in humans.   

Based on the guidelines for deriving BEs (Hays et al., 2008), the selected 
approach for deriving blood-based BEs (AA, GA, AAVal, and GAVal in blood) for 
the non-cancer based exposure guidance values is depicted in Figure 1.  The 
selected approach for deriving urine-based BEs for acrylamide (AAMA 
concentration in urine) is illustrated in Figure 2, and the approach for deriving 
BEs for cancer-based exposure guidance values is depicted in Figure 3. Using 
these approaches, the following pharmacokinetic extrapolations are required: 

 
• In rats, relate external oral dose to AA and GA serum concentrations 

• In humans, relate target serum area under the curve (AUC) for AA and 
GA concentrations to steady-state AAVal and GAVal concentrations. 

• In humans, relate external oral dose into AAVal, GAVal, and urinary 
AAMA concentrations. 

The following section outlines the methods used to calculate the appropriate 
BEs.  
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Figure 2: Approach for calculating urinary BEs for exposure guidance values 
related to non-cancer effects.  UFA:  Interspecies uncertainty factor; UFH:  
Intraspecies uncertainty factor. 
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Figure 3: Approach for calculating blood and urine-based BEs for exposure 
guidance values related to carcinogenic effects.  RSD:  risk-specific dose. 

 
 

Methods 
i. Urine 

Relating external oral dose to AAMA in urine in humans. The excretion of AA, 
AAMA and GAMA has been measured in human volunteers receiving a single 
oral dose of acrylamide at a dose of either 12.4 µg/kg (Fuhr et al., 2005) or 13 
µg/kg (Boettcher et al., 2006).  These studies provide estimates of the 
percentage of a daily dose of acrylamide that is excreted in urine.  The most 
abundant metabolite, AAMA, accounts for approximately 50% of an oral dose 
being excreted in urine (with a urinary half-life of approximately 17 hours), 
and AAMA is specific to acrylamide exposures.  This relationship can be used 
to calculate (assuming linear extrapolation) concentrations of AAMA in urine 
(either on a volume basis or creatinine adjusted) in humans exposed at the 
human equivalent BEPOD, RfD (a dose which is approximately 20 times lower 
than the doses tested in these studies) or at risk-specific doses (RSDs) 
yielding theoretical cancer risks of 10-4 or 10-6.   



  

 

 244 

Under steady-state exposure conditions consistent with chronic exposure at 
the RfD, the daily elimination of AAMA on a molar basis should be equal to 
approximately 50% of the intake associated with the RfD (Fuhr et al., 2005; 
Boettcher et al., 2006).  The daily mass of AAMA excreted in urine as a 
function of the daily intake of AA can be estimated as follows: 

5.0** ⎥
⎦

⎤
⎢
⎣

⎡
=

AA

AAMA
urine MW

MW
AAAAMA       (1) 

Where AAMAurine is the mass of AAMA excreted in urine per day (mg); AA is 
the total daily dose of acrylamide (mg); MWAAMA and MWAA are the molecular 
weights of AAMA and AA (234.1 and 71.1), respectively. 

An ideal biomonitoring regimen for compounds excreted in urine would include 
collection of 24-hour urine specimens so that daily excretion could be 
quantified directly.  In practice, however, collection of such samples is difficult 
and impractical for large biomonitoring studies such as the NHANES/CDC 
effort.  As a result, urinary concentrations are generally reported based on 
spot urine sample collection.   The absolute concentration of compounds in 
such samples can vary substantially due simply to differences in hydration 
rates and to other factors (reviewed by Mage et al. 2004).  Thus, in addition to 
reporting absolute urinary concentrations of such chemicals (for example, in 
units of µg/L), CDC and other researchers generally also report levels adjusted 
to creatinine levels (e.g., µg chemical/g creatinine).   

While hydration status introduces variability into interpretation of urinary 
concentrations on a volume basis, creatinine adjustment also introduces 
variability into the analysis (Garde et al. 2004).  As reviewed by Mage et al. 
(2004) and Barr et al. (2005), creatinine excretion is a function of age, 
gender, and lean body mass (a function of height and weight), dietary 
patterns, and other factors including kidney function status.  Daily creatinine 
excretion can vary substantially; typical estimates for adults vary by a factor 
of 4 or more, from approximately 0.5 to more than 2 g/day depending on 
those factors and other sources of individual variability 
(www.nlm.nih.gov/medlineplus/ency/article/003610.htm), and variability 
in creatinine excretion rates in children may be greater (Kissel et al. 2005; 
O’Rourke et al. 2000).   Because the total intake at any health-based exposure 
guideline such as the RfD is also a function of weight (these values are 
generally specified in terms of mg of intake per kg bodyweight per day), 
estimates of the creatinine-adjusted concentration in urine associated with 
exposure at the RfD can vary substantially among individuals.   

Two main approaches to derivation of urinary BE values are taken here:  
creatinine adjustment (µg chemical/g creatinine) and urinary volume 
adjustment (µg chemical/liter of urine).   
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    (1) Creatinine-adjusted basis 
Average daily creatinine excretion for children, adolescents, and men and 
women was estimated using two approaches.  The modeling approach taken in 
this effort adopts the same basic assumptions used by Mage et al. (2004) in 
their back-extrapolation of estimated doses for pesticides and metabolites 
analyzed in urine based on NHANES III data: 

• No pathology, such as kidney failure or a muscle wasting disease, is 
present; and 

• Typical food intake patterns are assumed.  That is, creatinine excretion 
will be assumed to be the result of a mixed diet rather than from a 
strict vegetarian diet, which could reduce creatinine production and 
excretion, or from a highly meat-intensive diet, which could increase 
creatinine excretion. 

Adults.  Mage et al. (2004) derived predictive equations specific for men and 
women to estimate daily creatinine excretion as a function of height, weight, 
and age based on established formulas scaled to body surface area (equations 
3a and 3b in Mage et al. 2004):  

5.05.1 **)140(93.1 hBWACnMale −=      (2) 

And 
5.05.1 **)140(64.1 hBWACnFemale −=      (3) 

Where Cn is creatinine excretion in µg d-1, A is age in years, BW is bodyweight 
in kg, and h is height in cm.   

These formulas for adults were applied to standard bodyweights (70 kg for 
men, 55 kg for women) and average US heights for men and women (175 and 
160 cm for men and women, respectively) to estimate average creatinine 
excretion per day.   

Children and adolescents.  Daily (24-hour) creatinine excretion per kg 
bodyweight was reported by age groups for children and adolescents by Remer 
et al. (2002) based on measured creatinine in 24-hour urine samples taken 
from 225 boys and 229 girls.  This is the most current and largest data set 
available regarding children’s creatinine excretion rates, although a limitation 
of this data set is that it is composed entirely of Caucasian children.  Based on 
these data, average creatinine excretion rates of 17 mg/kg per day for 
children under age 14 and 22 mg/kg per day for children ages 14 to 18 were 
used with average bodyweights for these age groups to estimate average daily 
creatinine excretion (see Table 3). 
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Table 3: Assumptions for bodyweight, 24-hour creatinine excretion, 24-hour 
urinary volume, and estimates of creatinine-adjusted and volume-based 
urinary concentrations of AAMA consistent with exposure at the USEPA chronic 
RfD of 0.0002 mg kg-1 d-1 for different age and gender groups. 

 
a Estimated from Table 11-6 of the USEPA (2001) Interim Child-Specific Exposure Factors 
Handbook 
b Eq. 4 
c Estimated from Remer et al. (2002): average creatinine excretion for boys and girls under age 
13, 17 mg/kg BW per day; average creatinine excretion for adolescents aged 14-18, 22 mg/kg BW 
per day 
d Remer et al. (2006) 
e Weighted average from studies of healthy adults presented in Table 2 of Perucca et al. (2007).  
Values for adolescents were assumed to be the same as the average for adults. 
f Equations. 2 and 3 for average US height and specified bodyweights for men and women. 
 

For each age and gender group the estimated daily intake of AA at the RfD 
(based on bodyweight) was converted to estimated daily output of AAMA in 
urine using equation 1 above.  The daily output was normalized to average 
daily creatinine excretion for each age and gender group, and the resulting 
creatinine-adjusted urinary concentrations of AAMA are reported in Table 3. 

   (2) Urinary volume basis 
Estimates of average 24-hour urinary volume are available in the literature for 
both adults and children (Perucca et al. 2007; Remer et al. 2006).  These 
values can be used to derive an estimate of average urinary concentration 
consistent with steady-state exposure at the RfD for use as a screening value.   
For each group at steady state exposure, the expected quantity of AAMA 
excreted daily corresponding to intake of AA at the RfD is estimated using 
equation 1 above.  This quantity of AAMA is assumed to be excreted uniformly 
in the 24-hour urinary volume (V24-hr), so that the predicted concentration in 
urine (µg L-1) following steady-state exposure at the chronic RfD can be 
calculated as follows (combining the urinary volume adjustment with equation 
(1) above: 
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For adults, 24-hour urinary volume estimates from the literature for healthy 
adult men and women are summarized by Perucca et al. (2007, Table 2 in that 
publication).  A weighted average for the four studies of healthy individuals 
tabulated there yields estimates of average urinary volumes for men and 
women of 1.7 and 1.6 L/24 hours, respectively, with coefficients of variation of 
approximately 30%.  Remer et al. (2006) reported that 24-hour urinary 
volume for children aged 6-12 (average bodyweight for boys and girls of 28.4 
and 28 kg, respectively) was not sex dependent and averaged 0.66 L/24 
hours.  No data were found for 24-hour urinary volume for adolescents or 
children under 6 years of age.  For adolescents, an assumption was made that 
urinary volume is equivalent to that of adults; for children under 6, an 
assumption was made that urinary volumes are similar to those for children 
aged 6 to 12.  In both cases, these assumptions may overestimate actual 
urinary volumes, resulting in underestimates of urinary BE values for these 
age groups.  The assumptions are summarized in Table 3. 

ii. Biomarkers in blood and serum  

Relating external oral dose to AA and GA serum concentrations in rats.  
Several groups have measured the serum concentrations of AA and GA in 
F344 rats following a single 30 minute 0.1 mg/kg dietary dose of AA (Doerge 
et al., 2005a) and following chronic (1 mg kg-1 d-1) drinking water exposures 
(Tareke et al., 2006; Doerge et al., 2005b).  Doerge et al. (2005a) measured 
serum AA and GA concentrations in F344 rats at multiple times points up to 12 
hours following a 30 minute dietary ingestion and report several model-
independent PK parameters, including area under the curve (AUC, time zero to 
infinity), maximum concentration, and half-life for AA and GA in serum.  
Tareke et al. (2006; also reported in Doerge et al., 2005b) measured serum 
AA and GA concentrations once per week over a three week drinking water 
exposure period.  The authors conclude that steady-state was achieved.  
Based on the short half-life of AA and GA in serum in rats (approximately 
three hours for both) as measured by Doerge et al.(2005a), it is likely that the 
levels of AA and GA in serum return to non-detect levels each day and no 
accumulation occurs over multiple day dosing.  

 

The daily average serum concentrations of AA and GA in rats following a single 
dose of AA in diet (~0.1 mg kg-1) and three weeks exposure to AA in drinking 
water (~1.0 mg kg-1 d-1) are remarkably similar when normalized to dose (see 
Table 4) yielding average serum concentrations of both AA and GA of 0.65 µM 
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in blood per mg kg-1 d-1 administered dose (Table 4).  These data indicate that 
the relationship between daily dose and average serum concentrations of AA 
and GA is linear between these two dose levels (0.1 – 1.0 mg kg-1 d-1) in rats 
and the NOEL from both the RfD and CSF is between this dose range and there 
is high confidence in estimating the average serum concentrations of AA and 
GA at the PODs in rats.  Use of the EU POD for reproductive effects (5 mg kg-1 
d-1) is outside this dose range and thus introduces some uncertainty into the 
calculation of the BEPOD for this exposure guidance value. Therefore, a value of 
0.65 µM (AA or GA) per mg (AA oral dose) kg-1 d-1 will be used to relate an 
oral dose to average daily serum concentrations of AA and GA in rats exposed 
to AA in diet or drinking water.  

 

Table 4: Concentrations of biomarkers in rats exposed to AA via drinking 
water for 6 weeks (data from Tareke et al., 2003) and following a single 
dietary (30 minute) exposure (data from Doerge et al., 2005a). 

 
a Calculated as AAAUC/24 hrs or GAAUC/24 hrs. 
b Calculated as 10 times the average AA or GA @ 0.1 mg kg-1 d-1 

NM:  Not measured. 
 

 

Relating serum AA and GA AUC concentrations to steady-state AAVal and 
GAVal concentrations in humans.  The next step in developing BEs for 
acrylamide involves relating a steady-state serum AA and GA daily AUC to the 
expected chronic steady-state concentrations of AAVal and GAVal in humans.  
The most direct method for this extrapolation involves knowing the rates of 
AAVal and GAVal formation (as a function of serum AA and GA AUCs) and the 
rates of AAVal and GAVal removal (as a function of RBC turnover) in humans.  
These data have been developed by Fennell et al. (2005) and Bergmark et al. 
(1993) (see Table 5).  The rates of AAVal formation determined by the two 
different groups agree quite well.  However, the rates of GAVal formation 
determined by the two groups differ by a factor of less than two, with the 
rates of formation determined by Fennell et al. (2005) being the lower of the 
two.  Fennell et al. (2005) indicate the difference might be a result of the 
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different methods used.  Without more conclusive evidence as to which one is 
the most appropriate, the values reported by Fennell et al. (2005) will be used 
for the calculation of Bes.  This choice results in somewhat lower predicted 
values for the resulting BE values than would result from use of the estimates 
by Bergmark et al. (1993).   Using the rates of AAVal and GAVal adduct 
formation reported by Fennell et al. (2005) and an RBC lifespan of 120 days 
(Osterman-Golkar et al., 1976), the following equation is used to calculate the 
steady-state levels of AAVal and GAVal (Bergmark et al., 1993; equations 1 
and 2 combined): 

2
** RBC

AAAUC
t

kAAAAVal =        (5a) 

2
** RBC

GAAUC
t

kAAGAVal =       (5b) 

where AAVal is in units of µmoles/g globin, AAAUC is the daily serum AA AUC 
(µM*hr d-1), kAA is the rate constant for the reaction of AA with the N-terminal 
valine residue of hemoglobin (Table 5), and tRBC is the lifespan of human RBCs 
(120 days).  The same equation is used to calculate steady-state GAVal 
concentrations corresponding to measured GA concentrations.  

Table 5: Estimated rates of formation of AAVal and GAVal as a function of AA 
or GA serum AUC in humans.  These rate constants were derived from in vitro 
studies of the rate of hemoglobin adduct formation in human serum (Fennel et 
al. 2005). 

  

Relating chronic oral risk-specific doses of AA to AAVal and GAVal in humans.  
The  USEPA estimated cancer risk-specific doses corresponding to 1x10-4 and 
1x10-6 risk levels.  These chronic oral doses were derived from rat bioassay 
data and incorporate both interspecies extrapolation factors for 
pharmacokinetic considerations and dose-response modeling.  Ideally, an 
internal dose-based risk assessment based on the rat bioassay data should be 
conducted in order to extrapolate serum concentrations of AA or GA in the rat 
bioassay to human serum AA or GA concentrations (and corresponding AAVal 
and GAVAl concentrations) at the risk-specific doses.  However, this would 
require redoing the USEPA risk assessment including the dose-response 



  

 

 250 

modeling, and this effort is beyond the scope of a BE derivation (Hays et al., 
BE derivation guidelines, 2008).   

Instead, for the BE derivation, observed relationships between intake of AA in 
humans and resulting steady-state AAVal and GAVal concentrations are used 
here to estimate the AAVal and GAVal concentrations predicted at steady-state 
exposure at the risk-specific doses (see Figure 4 for a schematic of the 
approach).  Controlled single-dose exposure studies have been conducted in 
humans in order to understand the rates of formation and elimination of AA 
and GA derived hemoglobin adducts (Fennell et al., 2005).  The relationship 
between daily increments in AAVal and GAVal in humans as a function of dose 
were determined by Fennell et al. (2005) (see Figure 4).  The expected 
amount of hemoglobin adducts that would accumulate from chronic steady-
state exposures can be calculated using knowledge of the amount of adduct 
formed per day and the kinetics of RBC turnover (Fennell et al., 2005; Fennell 
et al., 1992).  In humans, the lifespan of RBCs is 120 days, and thus the 
steady-state level of AAVal and GAVal associated with chronic oral exposures 
can be estimated as follows: 

2
** RBC

AAValAAAA
t

FRDAAVal −=       (6a) 

2
** RBC

GAValGAAA
t

FRDGAVal −=       (6b) 

As above, tRBC is the lifespan of human RBCs (120 days); DAA is the daily dose 
of acrylamide (mg kg-1 d-1) and FRAA-AAVAl and FRGA-GAVal are the rates of 
formation of AAVal and GAVal (53 and 23 pmol per mg globin per daily dose of 
AA in mg kg-1 d-1, respectively). These relationships can be used to calculate 
the BE values for AAVal and GAVal in blood associated with steady-state 
exposures at the cancer risk specific doses.  
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Figure 4: Relationship between daily increment in AAVal and GAVal (fmol/mg 
globin) in humans as a function of single daily oral doses of acrylamide 
(mg/kg).  Data from Fennell et al. (2005).  DAA:  Dose of acrylamide. 

 

Results of Modeling and Identification of BE 
Values 

BEs for biomarkers in Urine 
Table 3 presents the estimated concentrations of AAMA in urine (creatinine-
adjusted and on a volume-adjusted basis) associated with chronic exposure at 
the RfD for various age and gender groups.  The degree of variability predicted 
for the central tendency among age and gender groups is relatively low, 
reflecting the fact that creatinine production and urinary production are 
relatively consistent on bodyweight basis (see Table 3), although individual 
variations in hydration status (particularly for spot urine samples) or creatinine 
excretion (due to variations in diet, lean muscle mass, etc.) could result in 
variations by factors of two to three in either direction from these values for 
an individual.  Since the concentration of AAMA in urine of rats exposed to AA 
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has no biological relevance to humans, a BEPOD_animal is not calculated for AAMA 
in urine. 

The urinary BE values presented in Table 3 vary little by age and gender 
group.  Based on the relative homogeneity of the derived values, a single 
value each was chosen for the creatinine-adjusted and volume-based urinary 
AAMA BEs across all age and gender groups (Tables 6 & 7).  These values can 
be used as screening tools for examining biomonitoring data based on 
measurements of AAMA in urine. 

BEs for biomarkers in blood or serum – oral exposure 
The blood based biomarkers for acrylamide include AA and GA and the 
respective hemoglobin adducts AAVal and GAVal.  The serum concentrations of 
AA and GA are likely to be the most directly related to the critical dose metric 
for neurotoxicity, cancer and reproductive hazards.  The hemoglobin adducts 
of each are essentially a biomarker of de-activated AA and GA.  However, 
since the concentration of hemoglobin adducts of the two analytes are directly 
related to the AUC of the serum concentrations of each, the concentration of 
AAVal and GAVAl are likely to be directly related to the critical dose metric (at 
least on an integrated basis for the past two months worth of exposures {e.g., 
half of the lifespan of RBCs in humans}).  Hemoglobin adduct concentrations 
may not be a relevant biomarker for assessment of the likelihood of acute 
effects that might arise from acute high level exposures.  

BEPOD_animal values were estimated for the concentration of AA and GA in serum 
of rats exposed at the POD for the USEPA RfD.  However, given the species 
differences in RBC half-lives, BEPOD_animal values were not calculated for AAVal 
and GAVal., because these values would not be meaningful in the 
interpretation of human biomarker measurements.  BEPOD_animal values for AA 
and GA in serum could also be estimated for the NOAEL values identified in the 
European risk assessment for acrylamide (ECB 2002) through a linear 
extrapolation from the BEPOD_animal estimated for the USEPA RfD.  Under such 
an approach, the NOAEL for nerve damage of 0.5 mg kg-1 d-1 would 
correspond to AA and GA average serum concentrations of approximately 0.3 
µM for each analyte.  These values could be used in a margin-of-exposure 
assessment of measured biomarker concentrations in humans.  These values 
are not carried through the BE process in this document, however, because no 
exposure guidance values were derived based on those values in the EU risk 
assessment. 

Human equivalent BEPOD values were estimated for the blood-based markers 
through application of the interspecies uncertainty factor for pharmacodynamic 
differences (UFA-PD, estimated as ½ an order of magnitude).  However, the 
interspecies pharmacokinetic uncertainty factor was replaced in the derivation 
by extrapolation on the basis of highly relevant biomarkers (AA and GA in 



  

 

 253 

serum) and explicit accounting for human reaction rate kinetics for hemoglobin 
adduct formation and human red blood cell turnover rates.   

  

 

Table 6: Derivation of BE values for the USEPA non-cancer RfD. 

 
a See Table 4.  Molecular weights: AA: 71.1 g mole-1; GA: 87.1 g mole-1 

b See text for discussion of the selection of the pharmacokinetic component of the interspecies 
uncertainty factor.   
c Calculated using rate constants for reaction of AA or GA with N-terminal valine reside of 
hemoglobin as determined by Fennell et al. (2005) using equations 5a and 5b (see text and Table 
5). 
d See Table 3 for details on estimation of BE values for urinary AAMA.   
e See text for discussion of the selection of the pharmacokinetic component of the intraspecies 
uncertainty factor. 
f See text for discussion of confidence in BE values. 
NC – Not Calculated 
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Table 7: Biomonitoring Equivalents for USEPA cancer risk-specific doses 
 

 a Estimated using equations 6a and 6b to convert risk-specific doses into steady-state 
concentrations of hemoglobin adducts (see text). 
b Estimated using the same approach as illustrated in Table 3. 
c See text for discussion of confidence in BE values 
 

BE values associated with the USEPA RfD were also estimated for the 
biomarkers AAVal and GAVal (see Table 6).  These values were estimated 
through application of the pharmacodynamic component of the intraspecies 
uncertainty factor (UFH-PD) to the human equivalent BEPOD values.  
Measurement of these biomarkers in humans will reflect pharmacokinetic 
variability directly, so no additional uncertainty factor component for 
pharmacokinetic variability is appropriate in the BE derivation.  BE values for 
AA and GA in serum were not calculated because of the highly transient nature 
of these biomarkers.  Interpretation of measurements of AA or GA in serum is 
more complicated in a risk assessment context than interpretation of the more 
persistent AAVal and GAVal, which provide information about the serum AUCs 
of AA and GA over time,  

Finally, based on the relationships between AAVal and GAVal and chronic daily 
dose of acrylamide described above (equations 6a and 6b), BE values 
associated with the RSDs associated with a 10-4 and 10-6 theoretical cancer 
risk in humans were estimated (see Table 7). 

Discussion of Sources of Variability  

Uncertainty in Methods of BE Calculations 
Two different types of studies (one acute and one chronic dosing study in rats) 
provide consistent measures of serum AA and GA levels when normalized to 
dose at doses that bracket the PODs/NOELs for most non-cancer and cancer-
based exposure guidance values.  Therefore, the degree of extrapolation is 
minimal and the measurements are in the test species of interest and by the 
same dosing route as the critical studies.  The measurements of the same 
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analytes in humans at doses near these NOELs in rats also provides relevant 
data for calculations of BEs.  The large degree of extrapolation to estimate BEs 
at risk specific doses associated with 10-4 and 10-6 cancer risks is substantial 
and introduces some uncertainties. 

Replicate estimates of both the AAVal and GAVAl rates of formation in humans 
and measurements of urinary excretion of AAMA in humans following 
controlled oral doses provides consistent (nearly identical estimates from two 
studies for the rate of AAVal formation, and estimates that vary by less than a 
factor of two for the rate of GAVal formation) and reliable information for 
calculating BEs. 

Analytical 
The analytical methods for measuring AA and GA in serum and AA/GA derived 
hemoglobin adducts appears fairly robust and reproducible.  Recent 
publications have also demonstrated methods sufficient to identify AAMA in 
urine specific to acrylamide (Boettcher et al. 2005; earlier methods resulted in 
inclusion of acrylonitrile-derived mercapturic acid conjugates as well).  

Interindividual Variations in Pharmacokinetics 
The activation of AA is mediated by the activity of CYP2E1, an enzyme known 
to be inducible by chronic exposures to certain drugs and alcohol.  Those 
individuals with higher CYP2E1 activity may develop higher serum GA levels 
(and possibly lower AA levels) and higher GA hemoglobin adduct levels from a 
given dose of AA.  When a controlled dose of AA was given to human 
volunteers, the levels of AA and GA hemoglobin adducts varied with a 
coefficient of variation (CV) approaching 30% at the higher doses (3 mg kg-1) 
(Fennell et al., 2005).  Interindividual coefficients of variation ranging from 
~20 to 30% were also found for urinary excretion of AAMA and GAMA 
following controlled doses in humans (Fuhr et al., 2006).    

Gender and Age 
In rodents, female rats tended to have slightly higher levels of serum GA and 
GA hemoglobin adducts for comparable doses of AA (Tareke et al., 2005).  
Insufficient data exists to determine if there is a gender difference in the 
kinetics of AA metabolism and/or hemoglobin binding characteristics in 
humans.  It is not known if this slight gender difference is real and/or if it 
occurs in humans.  CYP2E1 enzymes are not expressed at full adult levels 
during childhood (Nong et al., 2006).  As a result, infants and young children 
would be predicted to have a slower rate of metabolic conversion of AA to GA.  
It is not known how hemoglobin binding characteristics differ among children, 
therefore, it is premature to estimate how levels of AAVal or GAVal may differ 
in children from adults.  
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Smoking, drugs, alcohol co-exposures 
Concurrent exposure to ethanol or phenobarbital could inhibit metabolism of 
AA through competition for CYP2E1.  Thus, coexposure to these or other 
compounds that compete for CYP2E1 may result in prolonged elevation of AA 
blood concentrations and a shift towards greater proportion of AA excreted as 
AAMA and formation of AAVAl compared to GAVAl.  Chronic exposures to 
certain drugs and alcohol can result in induction of CYP2E1 activity and 
thereby increase the metabolic conversion of AA to GA (although concurrent 
exposure to ethanol may inhibit metabolism through this pathway).  Smoking 
is a known source of AA exposures (Boettcher et al. 2005) and it has been 
shown that smokers have higher levels of AA and GA hemoglobin adducts 
(Bjellaas et al., 2007; Hagmar et al., 2005, among others).   

Polymorphisms in enzymes or other factors 
Researchers are beginning to identify polymorphisms in genes coding for key 
metabolic enzymes and examine the impact of such polymorphisms on 
potential responses.   Key metabolic enzymes involved in AA metabolism 
include CYP2E1 (metabolic activation) and glutathione S transferase (GST; 
metabolic deactivation).  Further, GST deactivates GA, therefore, any 
polymorphisms that result in decreased GST activity or levels of glutathione 
(GSH) would be expected to result in higher circulating serum levels of AA and 
GA.  However, known polymorphisms of GST, GSTT1 and GSTM1 have been 
found to result in no difference in AA-related hemoglobin adduct levels 
following incubation in vitro (Paulsson et al., 2005).   

Other sources of variability 
Use of urinary biomarkers involves consideration of variations in biomarker 
concentrations that occur due to variability in hydration status and urinary 
volume.  When spot urine samples are collected, concentrations of biomarkers 
can vary substantially (by 2 to 3-fold or more) due to variations in hydration 
status rather than differences in exposure level.   

Confidence Assessment 
Guidelines for derivation of BE values (Hays et al., 2008) specify consideration 
of two main elements in the assessment of confidence in the derived BE 
values: 1) robustness of the available pharmacokinetic models and data, and 
2) understanding of the relationship between the measured biomarker and the 
critical or relevant target tissue dose metric. 

Summary of Confidence Ratings for BE Values: 

There is considerable pharmacokinetic data available in rats and humans 
exposed to AA and in vitro studies that measure the rate of hemoglobin adduct 
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formation.  The measurement of levels of AA and GA in blood following chronic 
(steady-state) drinking water exposures and acute dietary exposures in rats at 
doses that bracket most PODs used for developing the existing exposure 
guidance vales is highly relevant for estimating the BEPOD values.  The 
availability of human kinetic data following single oral doses of AA is also 
relevant for the calculation of the BEs.    

The confidence in the derivation of urinary BE values is affected most by the 
reliability of the estimate of the proportion of dose excreted as AAMA.  
Because the BE values rely on the assumption of steady-state exposure, the 
daily excreted amount of AAMA is equal to the fraction of the daily intake at 
the RfD that is assumed to be excreted as AAMA.  Several studies provide 
similar results on the proportion of AAMA excretion in urine.  

Estimation of BE values corresponding to intake at the RSD values for cancer 
risk of 10-4 and 10-6 requires extrapolation beyond the range of the available 
experimental data.  The required extrapolation is 1 to 2 orders of magnitude 
for the 10-4 RSD, but increases to 3 to 5 orders of magnitude for the 10-6 risk 
level.  This increases the uncertainty in the estimate of the BE values 
associated with the risk-specific doses.   

The critical dose metric associated with neurological effects and tumor 
response is likely to be associated with tissue (or serum as a surrogate) 
concentrations of AA and/or GA.  The USEPA’s draft risk assessment for AA 
concludes that serum AA and GA AUC are appropriate dose metrics for 
neurological effects and tumor response, respectively (USEPA, 2007b).  
Therefore, biomarkers that rely on serum AA and GA are highly relevant to the 
critical dose metrics of AA effects. Hemoglobin adducts (AAVal and GAVal), 
while not the critical dose metrics, are directly related to the critical dose 
metric since AAVal and GAVal levels are believed to be directly related to the 
AUC of AA and GA in blood.  Unless new research identifies mechanisms 
whereby the concentrations of AAVal and GAVal are not directly related to AA 
and GA in blood, these biomarkers should be considered relevant to the critical 
dose metrics of AA effects.  Urinary excretion of deactivation products of AA 
(such as AAMA) will be less directly related to the critical dose metric. 

• Relevance of biomarker to relevant dose metrics: HIGH for AA and GA 
in serum and AAVal and GAVal; MEDIUM for urinary BE values (AAMA). 

• Robustness of pharmacokinetic data/models: MEDIUM - HIGH for all BE 
values; however, extrapolation of the BE values to the 1x10-6 risk-
specific dose introduces additional uncertainty due to the required 
degree of extrapolation from the observed dose range. 

 

The summary confidence ratings are presented in Tables 6 and 7.   
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Nothing in the BE process addresses the validity of the low dose linear 
assumption for cancer response to acrylamide, which is a subject of active 
research and evaluation (Shipp et al. 2006).  If linear low-dose extrapolation 
of the experimental cancer response to acrylamide is determined to be 
inappropriate, or if other aspects of the cancer risk assessments are modified, 
the risk specific dose values used here and the associated BE values will need 
to be updated accordingly.  As discussed above, one approach that may 
provide a more biologically sound risk assessment may involve dose-response 
evaluation on an internal dose basis using the measured serum AA and GA 
concentrations in rats associated with external doses (see Tareke et al. 2005; 
Doerge et al., 2005a; Doerge et al., 2005b). 

Discussion and Interpretation of BE Values 
Ideally, screening levels for biomonitoring data would be based on a robust set 
of studies of health effects in humans related directly to measured levels of 
the compound in urine or blood.  Such screening values exist for a limited 
number of environmental chemicals (e.g., lead and mercury).  In the absence 
of a robust database, estimates of chemical concentrations consistent with 
existing health-based exposure guidelines can serve as screening values for 
initial interpretation of measured concentrations in biological media (e.g., 
blood and urine).   The analysis presented here for acrylamide demonstrates 
that relatively simple data sets on rates of adduct formation and correlating 
urinary excretion with intake values can provide a basis for estimating 
screening values or development of an internal dose-based risk assessment.  
While a fully-developed PBPK model provides many advantages, such models 
are not always necessary for screening-level evaluations of biomarker 
concentrations. 

The BE values presented here (Tables 6 and 7) represent the concentrations of 
serum AA and GA, AA and GA hemoglobin adducts, and urinary AAMA that are 
consistent with the USEPA RfD and risk-specific doses that have been 
established (Table 1), based on the current understanding of the 
pharmacokinetic properties of this compound.  The USEPA has recently 
released their update draft cancer and non-cancer risk assessments for 
acrylamide, and other international organizations are also evaluating 
acrylamide. The BE values presented in this document should be regarded as 
interim screening values that can be updated or replaced if the scientific and 
regulatory communities update the current exposure guidance values or 
develop additional data on acceptable or tolerable concentrations in human 
biological media based directly on epidemiological data or if a risk assessment 
based on a measure of internal dose is developed.  

The BE values presented here are screening values and can be used to provide 
a screening level assessment of biomarkers in a population- or cohort-based 
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study.  Comparison of measured values to the values presented here can 
provide an initial evaluation of whether the measured values in a given study 
are well below, in the range of, or above the levels that would be expected in 
the general population exposed at a given tolerable exposure guideline such as 
an RfD.  Based on the results of such comparisons, an evaluation can be made 
of the need for additional studies on exposure pathways, potential health 
effects, or other aspects affecting exposure or risk.   

BE values do not represent diagnostic criteria and cannot be used to evaluate 
the likelihood of an adverse health effect in an individual or even among a 
population.  Measured values in excess of the identified BEs may indicate 
exposures at or above the current health-based exposure guideline that serves 
as the basis for the BE at the time of the measurement in the specific 
individuals, but may not be representative of lifetime exposure levels.  
However, such guidelines are generally derived with a substantial margin of 
safety built in, and these values are not “bright lines” distinguishing safe from 
unsafe exposures.  Further discussion of interpretation and communications 
aspects of the BE values is presented in LaKind et al. (2008). 

Comparison of measured biomonitoring values to the BEs presented here can 
provide an initial evaluation of whether the measured values in a given study 
are of low, medium, or high priority for risk assessment follow-up.  Measured 
biomarker values in excess of the human equivalent BEPOD indicate a high 
priority for risk assessment follow-up.  Values below the human equivalent 
BEPOD but above the BE suggest a medium priority for risk assessment follow-
up, while those below the BE values suggest low priority.  Based on the results 
of such comparisons, an evaluation can be made of the need for additional 
studies on exposure pathways, potential health effects, other aspects affecting 
exposure or risk, or other risk management activities.   

 

References 
Barr, D. B., Wilder, L. C., Caudill, S. P., Gonzalez, A. J., Needham, L. L., and 

Pirkle, J. L. 2005. Urinary creatinine concentrations in the U.S. 
population: implications for urinary biologic monitoring measurements. 
Environ Health Perspect 113, 192-200. 

Bergmark, E., Calleman, C. J., and Costa, L. G. 1991. Formation of 
hemoglobin adducts of acrylamide and its epoxide metabolite 
glycidamide in the rat. Toxicol Appl Pharmacol 111, 352-363. 

Bjellaas, T., Olesen, P. T., Frandsen, H., Haugen, M., Stolen, L. H., Paulsen, J. 
E., Alexander, J., Lundanes, E., and Becher, G. 2007. Comparison of 



  

 

 260 

estimated dietary intake of acrylamide with haemoglobin adducts of 
acrylamide and glycidamide. Toxicol Sci. 

Bjellaas, T., Janák, K., Lundanes, E., Kronberg, L., Becher, G. 2005.   
Determination and quantification of urinary metabolites after dietary 
exposure to acrylamide.  Xenobiotica 35, 1003-18. 

Bjellaas, T., Stolen, L. H., Haugen, M., Paulsen, J. E., Alexander, J., Lundanes, 
E., and Becher, G. 2007. Urinary acrylamide metabolites as biomarkers 
for short-term dietary exposure to acrylamide. Food Chem Toxicol 45, 
1020-1026. 

Boettcher, M. I., and Angerer, J. 2005. Determination of the major 
mercapturic acids of acrylamide and glycidamide in human urine by LC-
ESI-MS/MS. J Chromatogr B Analyt Technol Biomed Life Sci 824, 283-
294. 

Boettcher, M. I., Bolt, H. M., and Angerer, J. 2006. Acrylamide exposure via 
the diet: influence of fasting on urinary mercapturic acid metabolite 
excretion in humans. Arch Toxicol. 

Boettcher, M. I., Bolt, H. M., Drexler, H., and Angerer, J. 2006. Excretion of 
mercapturic acids of acrylamide and glycidamide in human urine after 
single oral administration of deuterium-labelled acrylamide. Arch 
Toxicol 80, 55-61. 

Boettcher, M. I., Schettgen, T., Kutting, B., Pischetsrieder, M., and Angerer, J. 
2005. Mercapturic acids of acrylamide and glycidamide as biomarkers 
of the internal exposure to acrylamide in the general population. Mutat 
Res 580, 167-176. 

Burek, J. D., Albee, R. R., Beyer, J. E., Bell, T. J., Carreon, R. M., Morden, D. 
C., Wade, C. E., Hermann, E. A., and Gorzinski, S. J. 1980. Subchronic 
toxicity of acrylamide administered to rats in the drinking water 
followed by up to 144 days of recovery. J Environ Pathol Toxicol 4, 157-
182. 

Doerge, D. R., Young, J. F., McDaniel, L. P., Twaddle, N. C., and Churchwell, 
M. I. 2005a. Toxicokinetics of acrylamide and glycidamide in Fischer 
344 rats. Toxicol Appl Pharmacol 208, 199-209. 

Doerge, R.D., Gamboa de Costa, G., McDaniel, L.P., Churchwell, M.I., 
Twaddle, N.C., Beland, F.A.  2005b. DNA adducts derived from 
administration of acrylamide and glycidamide to mice and rats.  
Mutation Research 580,131-141. 

Dybing, E., Farmer, P. B., Andersen, M., Fennell, T. R., Lalljie, S. P., Muller, D. 
J., Olin, S., Petersen, B. J., Schlatter, J., Scholz, G., Scimeca, J. A., 
Slimani, N., Tornqvist, M., Tuijtelaars, S., and Verger, P. 2005. Human 



  

 

 261 

exposure and internal dose assessments of acrylamide in food. Food 
Chem Toxicol 43, 365-410. 

Dybing, E., and Sanner, T. 2003. Risk assessment of acrylamide in foods. 
Toxicol Sci 75, 7-15. 

European Chemicals Bureau (ECB) 2002.   European risk assessment report:  
Acrylamide.  Accessed 11/30/07 at 
http://ecb.jrc.it/DOCUMENTS/Existing-
Chemicals/RISK_ASSESSMENT/REPORT/acrylamidereport011.pdf. 

Fennell, T. R., and Friedman, M. A. 2005. Comparison of acrylamide 
metabolism in humans and rodents. Adv Exp Med Biol 561, 109-116. 

Fennell, T. R., Sumner, S. C., Snyder, R. W., Burgess, J., and Friedman, M. A. 
2006. Kinetics of elimination of urinary metabolites of acrylamide in 
humans. Toxicol Sci 93, 256-267. 

Fennell, T. R., Sumner, S. C., Snyder, R. W., Burgess, J., Spicer, R., Bridson, 
W. E., and Friedman, M. A. 2005. Metabolism and hemoglobin adduct 
formation of acrylamide in humans. Toxicol Sci 85, 447-459. 

Fuhr, U., Boettcher, M. I., Kinzig-Schippers, M., Weyer, A., Jetter, A., Lazar, 
A., Taubert, D., Tomalik-Scharte, D., Pournara, P., Jakob, V., 
Harlfinger, S., Klaassen, T., Berkessel, A., Angerer, J., Sorgel, F., and 
Schomig, E.  2006. Toxicokinetics of acrylamide in humans after 
ingestion of a defined dose in a test meal to improve risk assessment 
for acrylamide carcinogenicity. Cancer Epidemiol Biomarkers Prev 15, 
266-271. 

Garde, A. H., Hansen, A. M., Kristiansen, J., and Knudsen, L. E.  2004. 
Comparison of uncertainties related to standardization of urine samples 
with volume and creatinine concentration. Ann Occup Hyg 48, 171-179. 

Ghanayem, B. I., McDaniel, L. P., Churchwell, M. I., Twaddle, N. C., Snyder, 
R., Fennell, T. R., and Doerge, D. R.  2005. Role of CYP2E1 in the 
epoxidation of acrylamide to glycidamide and formation of DNA and 
hemoglobin adducts. Toxicol Sci 88, 311-318. 

Hagmar, L., Wirfalt, E., Paulsson, B., and Tornqvist, M.  2005. Differences in 
hemoglobin adduct levels of acrylamide in the general population with 
respect to dietary intake, smoking habits and gender. Mutat Res 580, 
157-165. 

Hays, S. M., Becker, R. A., Leung, H. W., Aylward, L. L., and Pyatt, D. W.  
2007. Biomonitoring equivalents: a screening approach for interpreting 
biomonitoring results from a public health risk perspective. Regul 
Toxicol Pharmacol 47, 96-109. 



  

 

 262 

Hays, S.M., Aylward, L.L., LaKind, J.S., Bartels, M.J., Barton, H.A.,  Boogaard, 
P.J., Lipscomb, J., Krishnan, K., Nordberg, M., Okino, M., Tan, Y.-M., 
Viau, C., Yager, J.W., Brunk, C., DiZio, S., Dourson, M., Goldstein, D.A, 
Kilpatrick, M.E., Krewski, D., 2008.  Guidelines for the derivation of 
biomonitoring equivalents:  Report from the Biomonitoring Equivalents 
Expert Workshop.  Reg. Toxicol. Pharmacol. 51;3(Supplement 1):S4-
S15. 

Johnson, K. A., Gorzinski, S. J., Bodner, K. M., Campbell, R. A., Wolf, C. H., 
Friedman, M. A., and Mast, R. W.  1986. Chronic toxicity and 
oncogenicity study on acrylamide incorporated in the drinking water of 
Fischer 344 rats. Toxicol Appl Pharmacol 85, 154-168. 

Kirman, C. R., Gargas, M. L., Deskin, R., Tonner-Navarro, L., and Andersen, 
M. E. 2003. A physiologically based pharmacokinetic model for 
acrylamide and its metabolite, glycidamide, in the rat. J Toxicol Environ 
Health A 66, 253-274. 

Kissel, J. C., Curl, C. L., Kedan, G., Lu, C., Griffith, W., Barr, D. B., Needham, 
L. L., and Fenske, R. A. 2005. Comparison of organophosphorus 
pesticide metabolite levels in single and multiple daily urine samples 
collected from preschool children in Washington State. J Expo Anal 
Environ Epidemiol 15, 164-171. 

LaKind, J.S., Aylward, L.L., Brunk, C., DiZio, S., Dourson, M., Goldstein, D.A., 
Kilpatrick, M.E., Krewski, D., Bartels, M., Barton, H.A., Boogaard, P.J., 
Lipscomb, J., Krishnan, K., Nordberg, M., Okino, M., Tan, Y.-M., Viau, 
C., Yager, J.W., Hays, S.M.,  2008.  Guidelines for the communication 
of biomonitoring equivalents:  Report from the Biomonitoring 
Equivalents Expert Workshop.  Reg. Toxicol. Pharmacol. 
51;3(Supplement 1): S16-26. 

Mage, D. T., Allen, R. H., Gondy, G., Smith, W., Barr, D. B., and Needham, L. 
L. 2004. Estimating pesticide dose from urinary pesticide concentration 
data by creatinine correction in the Third National Health and Nutrition 
Examination Survey (NHANES-III). J Expo Anal Environ Epidemiol 14, 
457-465. 

Miller, M. J., Carter, D. E., and Sipes, I. G.  1982. Pharmacokinetics of 
acrylamide in Fisher-344 rats. Toxicol Appl Pharmacol 63, 36-44. 

O'Rourke, M. K., Lizardi, P. S., Rogan, S. P., Freeman, N. C., Aguirre, A., and 
Saint, C. G. 2000. Pesticide exposure and creatinine variation among 
young children. J Expo Anal Environ Epidemiol 10, 672-681. 

Paulsson, B., Warholm, M., Rannug, A., and Tornqvist, M. 2005. In vitro 
studies of the influence of certain enzymes on the detoxification of 
acrylamide and glycidamide in blood. Adv Exp Med Biol 561, 127-133. 



  

 

 263 

Perucca, J., Bouby, N., Valeix, P., and Bankir, L. 2007. Sex difference in urine 
concentration across differing ages, sodium intake, and level of kidney 
disease. Am J Physiol Regul Integr Comp Physiol 292, R700-705. 

Remer, T., Fonteyn, N., Alexy, U., and Berkemeyer, S. 2006. Longitudinal 
examination of 24-h urinary iodine excretion in schoolchildren as a 
sensitive, hydration status-independent research tool for studying 
iodine status. Am J Clin Nutr 83, 639-646. 

Remer, T., Neubert, A., and Maser-Gluth, C.  2002. Anthropometry-based 
reference values for 24-h urinary creatinine excretion during growth 
and their use in endocrine and nutritional research. Am J Clin Nutr 75, 
561-569. 

Shipp, A., Lawrence, G., Gentry, R., McDonald, T., Bartow, H., Bounds, J., 
Macdonald, N., Clewell, H., Allen, B., and Van Landingham, C.  2006. 
Acrylamide: review of toxicity data and dose-response analyses for 
cancer and noncancer effects. Crit Rev Toxicol 36, 481-608. 

Tareke, E., Twaddle, N. C., McDaniel, L. P., Churchwell, M. I., Young, J. F., and 
Doerge, D. R.  2006. Relationships between biomarkers of exposure 
and toxicokinetics in Fischer 344 rats and B6C3F1 mice administered 
single doses of acrylamide and glycidamide and multiple doses of 
acrylamide. Toxicol Appl Pharmacol 217, 63-75. 

United States Environmental Protection Agency (USEPA) 2007a.  Acrylamide.  
Integrated Risk Information System (IRIS) record accessed 11/30/07 
at http://toxnet.nlm.nih.gov/. 

United States Environmental Protection Agency (USEPA) 2007b.  Toxicological 
review of Acrylamide (CAS No. 79-06-1) In support of summary 
information on the Integrated Risk Information System (IRIS) 
http://cfpub.epa.gov/ncea/cfm/recordisplay.cfm?deid=187729  

Young, J. F., Luecke, R. H., and Doerge, D. R. 2007. Physiologically based 
pharmacokinetic/pharmacodynamic model for acrylamide and its 
metabolites in mice, rats, and humans. Chem Res Toxicol 20, 388-399. 



  

 

 264 

 



 265 

Chapter 11 

Biomonitoring Equivalents (BE) Dossier for 
Trihalomethanes  
 

 

Lesa L. Aylward1, Judy S. LaKind2, Sean M. Hays3 

 

 
1 Summit Toxicology, LLP, 6343 Carolyn Drive, Falls Church, VA  22044  USA 
2 LaKind Associates, LLC, 106 Oakdale Avenue, Catonsville, MD  21228  USA 
3 Summit Toxicology, LLP, 165 Valley Road, Lyons, CO  80540  USA 
 
 

 

 

 

 

 

 

 

 

 

 

 

 

 

Published:  Regulatory Toxicology and Pharmacology, 51 (3 Supplement 1): 
S68-S77. 

DOI: 10.1016/j.yrtph.2008.05.005 



 266 

 

Abstract 
 

Measurements of whole blood concentrations of trihalomethanes (THMs) have 
been reported in persons in the general population.  Risk assessments based 
on administered doses of THMs have been conducted for both cancer and non-
cancer health endpoints by the US Environmental Protection Agency; however, 
no health-based standards exist for interpreting measured blood 
concentrations of THMs.  Existing physiologically based pharmacokinetic 
models for laboratory rats, dogs, and humans were used to estimate the 
average blood concentrations consistent with the points of departure , 
reference doses (RfDs), and, where applicable, cancer potency estimates to 
provide biomonitoring equivalents (BEs) for these exposure guidance values.  
The models were also used to characterize the short term variations in blood 
concentrations that could result from various exposure regimens, even when 
exposures remain consistent with the underlying RfDs.  The BE values derived 
in this exercise can be used as one component of a screening level assessment 
of future population biomonitoring THM data. 

Introduction 
The benefits of disinfecting drinking water as a means of protecting the public 
from disease-causing microorganisms such as typhoid, hepatitis, Giardia and 
cholera are clear (USEPA, 2006a).  At the same time, the reaction of drinking 
water disinfectants with naturally occurring organic matter in the water supply 
produces disinfection byproducts (DBPs).  The most widely used disinfectant – 
chlorine – produces DBPs such as trihalomethanes (THMs, which for the 
purposes of this paper include chloroform [trichloromethane], bromoform 
[tribromomethane or TBM], bromodichloromethane [BDCM], and 
dibromochloromethane [DBCM]) as well as other classes of compounds (e.g., 
haloacetic acids) (USEPA, 2006a).  Toxicological studies of THMs have 
consistently demonstrated that liver and kidney toxicity are the most sensitive 
endpoints in laboratory animals (USEPA 2005).  At doses above those 
producing liver and kidney toxicity, effects on reproductive and developmental 
endpoints and increases in tumor incidence in several target organs (liver, 
kidney, and large intestine) have been observed (USEPA, 2005).  A variety of 
ecological and cross sectional studies of human populations have examined 
possible associations between exposure to these compounds in drinking water 
and certain adverse health effects, such as specific cancers or reproductive 
effects (reviewed in USEPA 2005; see also King et al., 2000; Nieuwenhuijsen 
et al., 2000; Dodds et al., 2004; Toledano et al., 2005; Villanueva et al., 
2007a).  The US Environmental Protection Agency (USEPA) has set limits on 
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allowable levels of THMs in drinking water supplies, recognizing that DBPs are 
the unwanted but unavoidable consequence of treating drinking water, and the 
risks associated with exposures to DBPs must be considered in light of the 
important public health benefits associated with disinfection. 

Numerous investigations have provided data on exposures to THMs from 
activities such as water consumption, showering, and bathing.  However, 
because of the pharmacokinetic and chemical characteristics of THMs (rapidly 
eliminated, high volatility) and the fluctuating nature of human exposures (due 
to variation in human activities and to the variable concentrations of THMs in 
water at any given time), reliable dose estimates are difficult to obtain.  
Sophisticated exposure analysis coupled with physiologically based 
pharmacokinetic (PBPK) models has provided evaluations of the relative 
contributions of various exposure pathways to internal doses of THMs (Haddad 
et al., 2006; USEPA 2006c).   With the availability of analytical methods for 
measuring THMs in human blood (Bonin et al., 2005), researchers have sought 
to use biomonitoring data to better determine exposures to THMs on a 
population basis.  However, there are no readily available methods for 
interpreting biomonitoring data in a public health risk context because the 
tolerable exposure guidelines established by USEPA and other agencies are 
based on external air concentration or daily dose.  

Screening criteria for evaluation of biomonitoring data would ideally be based 
upon data from robust epidemiological studies that evaluate a comprehensive 
set of health endpoints in relationship to measured levels of chemicals in 
biological media.  However, development of such epidemiologically-based 
screening values is a resource- and time-intensive effort.  As an interim effort, 
the development of Biomonitoring Equivalents (BEs) has been proposed (Hays 
et al. 2007).  A BE is defined as the concentration or range of concentrations 
of chemical in a biological medium (blood, urine, or other medium) that is 
consistent with an existing health-based exposure guideline.  Chemical-specific 
pharmacokinetic data are used to estimate biomarker concentrations 
associated with the Point of Departure (PODs; such as No Observed Effect 
Levels [NOELs], Lowest Observed Effect Levels [LOELs], or Benchmark Doses 
[BMDs]) and to estimate biomarker concentrations that are consistent with the 
guidance value.   BEs can be estimated using human or animal 
pharmacokinetic data.  Guidelines for the derivation and communication of BEs 
are available in (Hays et al., accompanying article).  BEs are designed to be 
screening tools to gauge which chemicals have large, small or no margin of 
safety compared to existing health-based exposure guidelines.  BEs are only 
as robust as are the underlying health-based exposure guidelines that they are 
based upon and the underlying animal toxicology studies and pharmacokinetic 
data used to derive these health-based exposure guidelines.  BEs are not 
designed to be diagnostic for potential health effects in humans, either 
individually or among a population. 
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The value of the development of BEs for THMs and other environmental 
chemicals is that the method directly addresses the problem noted by the 
National Research Council (NRC, 2006), that “We do not know how to convey 
the biomarker-presence-does-not-indicate-health-effects message effectively.”  
THMs present a case in which substantial data on mechanism of action and 
detailed pharmacokinetic models are available.  Application of the BE 
approach, using forward dosimetry, provides a relatively straightforward 
method for providing a set of screening values for an initial evaluation of 
human biomonitoring data from a public health risk perspective.  Reported 
concentrations of THMs in human blood can be compared to BEs to evaluate 
whether population blood concentrations are above, below, or close to blood 
concentrations that are consistent with exposure guidance values as 
determined by USEPA. 

This BE dossier describes the scientific basis for and derivation of BE values for 
THMs and discusses issues that are important for the interpretation of 
biomonitoring data using BEs.  This BE dossier is not designed to be a 
comprehensive compilation of the available hazard, dose-response or risk 
assessment information for THMs.   

 Current Health-Based Exposure Guidance Values 
Health-based exposure guidance and toxicity values have been established for 
many chemicals for the general population by the USEPA (Reference Doses or 
Reference Concentrations [RfDs or RfCs]), the Agency for Toxic Substances 
and Disease Registry (ATSDR) (Minimal Risk Levels or MRLs), and various 
organizations outside the US including Health Canada and the World Health 
Organization (WHO) (Tolerable Daily Intakes or TDIs).  Although these health-
based guidance values have different labels and slightly different definitions, 
they all generally describe an approximation (with uncertainty spanning an 
order of magnitude) of daily intake rates (or air concentrations) for a chemical 
expected to be without adverse  effects in the general population, including 
sensitive subpopulations1.  For chemicals considered to be carcinogenic, the 
USEPA also establishes estimates of cancer potency by assigning a 
quantitative estimate of the upper bound of potential increased cancer risk 
associated with a unit of intake or air concentration (unit cancer risks, or 
UCRs).   

USEPA has established RfDs for noncancer toxicity for the four THM 
compounds.  These RfDs are estimates of oral exposure levels (in terms of 

                                          
1 See the definition of RfD at http://www.epa.gov/iris/gloss8.htm; definitions 
for ATSDR MRLs are included in ATSDR Toxicological Profiles at 
http://www.atsdr.cdc.gov/toxpro2.html.  Definition of the TDI is available at 
http://ptcl.chem.ox.ac.uk/MSDS/glossary/tolerable_daily_intake.html 
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mg/kg-d) that are anticipated to be without appreciable risk of adverse health 
effects over a lifetime of exposure based on extrapolation from animal studies.  
Table 1 presents a summary of the existing USEPA RfDs for the THMs including 
a description of the studies used, the most sensitive endpoints, and the 
identified POD used to estimate RfDs for each compound.  The RfDs are based 
on hepatic effects for all four compounds, with the critical study being in rats 
for DBCM, BDCM, and TBM and from a study in dogs for chloroform.  

 

Table 1: Description of studies and endpoints used to establish the point of 
departure (POD) and the identified uncertainty factors (UFs) used in the 
derivation of the USEPA reference doses (RfDs) for four THM compounds.  RfD 
for chloroform from USEPA’s Integrated Risk Information System (USEPA 
2006b); information on RfDs for brominated THM compounds from USEPA 
(2005). 

† BMDL10: Statistical lower bound on the benchmark dose associated with a 10 percent increase in 
the occurrence of the critical response. 

 

USEPA has concluded that the carcinogenicity of chloroform observed in 
animal studies occurs as a result of repeated cytotoxicity and cytolethality 
resulting from high peak tissue concentrations and high rates of metabolism 
following repeated dosing (USEPA 2006a; USEPA 2006b).  Based on this 
determination of mode of action for carcinogenicity, USEPA has concluded that 
exposures to chloroform below the RfD set for non-cancer endpoints will be 
protective for the cancer endpoint.  EPA has not made a similar determination 
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regarding the mode of action or cancer risks from DBCM, BDCM or TBM, 
relying instead on the default linear, non-threshold extrapolation approach to 
estimate cancer risks.  In the recent assessment of brominated 
trihalomethanes conducted by the USEPA Office of Water, dose-response 
assessments of cancer bioassay data for the three brominated trihalomethane 
compounds were presented (USEPA 2005).  Table 2 gives an overview of the 
estimates of human equivalent benchmark doses for a 10% increase in tumor 
risk at the responding tumor sites and of the selected cancer slope factors 
(derived using the linearized multistage model and scaling to bodyweight to 
the ¾ power) for the three THM compounds other than chloroform (USEPA 
2005).  

 

Table 2: Overview of benchmark dose assessment of point of departure 
(human equivalent LED10) and selected cancer slope factors (CSFs) for THM 
compounds (USEPA 2005) 

a  LED10: Human equivalent (scaled using bodyweight3/4) lower bound on the estimated dose 
associated with a 10% increase in tumor occurrence 
b  Cancer slope factor derived using the linearized multistage model and bodyweight3/4 scaling.  
Only the final CSF selected for each compound as assessed in the USEPA (2005) Drinking Water 
Criteria Document for Brominated Trihalomethanes is reported here  
c  From USEPA IRIS, further discussion is provided:  “…the RfD for noncancer effects is derived 
from the most sensitive endpoint in the most sensitive species. The RfD is based on fatty cysts 
[sic] formation (fat accumulation) in the liver and elevation of SGPT in dogs (Heywood et al., 
1979). Hepatic fat accumulation and elevated SGPT are considered early signs of impaired liver 
function resulting from chloroform-induced cytotoxicity. This effect occurs at doses at or below 
those that cause increased labeling index, morphological changes, or cellular necrosis, so 
protection against this effect is believed to protect against cytolethality and regenerative 
hyperplasia. Accordingly, the RfD of 0.01 mg/kg/day presented in Section I.A.1 can be considered 
protective against increased risk of cancer.” 
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Pharmacokinetics 
The pharmacokinetics of THM compounds have been extensively 
investigated in laboratory rodents.  The compounds are rapidly 
metabolized, volatile, and lipophilic, and toxicity is believed to arise due 
to the production of reactive metabolites (reviewed in Meek et al. 
2002; USEPA 2005).   PBPK models have been developed for all four 
compounds based on experiments in laboratory rats and mice (Corley 
et al. 1990; Lilly et al. 1997; Lilly et al. 1998; Lucienne da Silva et al. 
1999) and extended to humans through the use of allometric scaling of 
metabolic parameters (Haddad et al. 2006).  The pharmacokinetic 
models are discussed further in the Methods section below. 

Biomarkers  
The objective of using BEs is to provide a human health risk framework for 
screening-level evaluation of human biomonitoring data.  The choice of the 
biomarker (analyte and medium) should be optimized to facilitate this 
objective.  The key criteria for the choice of a biomarker are that it be as 
closely related to the appropriate dose to the target tissue as possible and that 
it be practical for collection in a biomonitoring study.  This, in turn, means that 
the biomarker should be (i) the compound that causes the toxicity (parent or 
metabolite), or (ii) should be just upstream on the metabolic pathway from 
the toxic compound, and (iii) as closely related to the target tissue as possible.   

Identification of relevant dose metrics depends upon the health endpoints that 
are the bases of the health-based screening values.  The available health-
based criteria presented in Table 1 focus on two health endpoints. 

Exposures to THMs have been biomonitored by quantifying the parent 
compounds in blood, exhaled air, and to a limited degree in urine.  The most 
common matrix has been blood, and thus BEs are derived for THMs in whole 
blood in this paper.   

BE Derivation  
In this analysis, we utilize the underlying PODs for health-based exposure 
guidance values (RfDs) for the four THMs to derive estimated blood 
concentrations (BEs) consistent with the derivation of the RfD values.  We also 
estimate BE values based on the cancer risk assessments conducted by 
USEPA.  We then compare these BEs to available data on THMs in human 
blood, describe the uncertainties in the BE derivation for THMs, and discuss 
interpretation of biomonitoring data sets for these compounds in the context 
of the BEs and the risk/benefit considerations for water disinfection. 
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Methods 
Of the four THMs, the most extensive database for understanding the 
pharmacokinetic relationship between exposures and resulting blood levels is 
for chloroform.  This is, to some degree, because of its historical use as an 
anesthetic during surgery (Poobalasingham and Payne, 1978).  There are 
considerably fewer available data on the brominated THMs.  However, efforts 
in recent years to develop a family of PBPK models for the four THMs (Corley 
et al. 1990; Lilly et al. 1998; Lucienne da Silva et al., 1999; Haddad et al., 
2006) have provided a fairly robust and consistent means of estimating the 
relationship between THM exposures and resulting tissue and blood THM 
concentrations.  Therefore, these PBPK models form the basis for derivation of 
the BEs.   

Models.  The pharmacokinetics of chloroform have been studied extensively in 
animals and to a limited degree in humans, and a well-accepted PBPK model is 
available for chloroform (Corley et al. 1990).  PBPK models for the other three 
THM compounds have been developed for rats (Lilly et al. 1998; Luciene da 
Silva et al. 1999) and recently these models have been adapted for humans 
(Haddad et al. 2006) through the use of allometric scaling of metabolic 
parameters.  These are the same basic models used by USEPA in their 
examinations of exposure pathways for THMs (Teuschler et al., 2004) and by 
other researchers examining the relationship between biomonitored levels of 
THM compounds and external exposure patterns (Tan et al., 2006; Tan et al., 
2007). PBPK models were implemented in Microsoft Excel® for all four THM 
compounds for humans and rats and for chloroform in dogs.  Physiological and 
chemical-specific metabolic parameters for the human models were taken 
from Haddad et al. (2006).  These models have been used to predict blood 
levels in humans associated with exposures to THMs via inhalation and 
ingestion (Tan et al., 2006; Tan et al., 2007) but have undergone limited 
validation against human experimental data.  Parameters for the rat PBPK 
models for DBCM, BDCM, and TBM were taken directly from Lucienne da Silva 
et al. (1999); for chloroform, the rat model parameters from Corley et al. 
(1990) were used.  These models have been more extensively validated 
against rat pharmacokinetic data.  Finally, the rat and human PBPK models 
were extended to the dog by Meek et al. (2002) in order to assess the liver 
toxicity data from Heywood et al. (1979), which is the basis for the chloroform 
RfD.  The dog model as parameterized by Meek et al. (2002) was implemented 
here to estimate blood levels in dogs at the POD used to derive the chloroform 
RfD.  However, that model has not been validated against experimental 
pharmacokinetic data in dogs, but instead includes physiological and 
anatomical parameters specific for dogs in combination with metabolic 
parameters averaged from those used in the rat and human models.  

Non-cancer.  The approach to estimating blood concentrations consistent with 
the USEPA RfDs for the four THMs is illustrated in Figure 1.  The critical effects 
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observed in animal studies in response to exposure to all four THMs were 
effects on liver (summarized in Table 1).   Although the specific mechanism(s) 
of action for these effects are not known, they likely involve production of 
reactive metabolites that result in hepatotoxicity.  The critical  

 

Figure 1: Flowchart of approach for deriving BE values for the THM 
compounds for non-cancer endpoints.   Effects on hepatic tissue were the 
most sensitive endpoint observed in animal studies for each of the THM 
compounds.   Based on this, for each compound, the hepatic area under the 
curve (AUC) resulting from the external dose point of departure (POD) was 
estimated using the animal pharmacokinetic (PK) model.  An equivalent 
human POD in terms of liver AUC was estimated by applying the default 
uncertainty factor for animal to human pharmacodynamic differences (UFA-PD).  
The human PK model was used to estimate the average blood concentration 
associated with this hepatic AUC.  Finally, remaining uncertainty factors for 
human variability in pharmacodynamics (UFH-PD) and database uncertainties 
(where designated by USEPA) were applied to estimate target average blood 
concentrations.   See text for further discussion of uncertainty factors and 
approach. 
 

dose metric may be related to either rate of production or peak or average 
concentration of metabolites in liver tissue (USEPA 2006c).   For the purposes 
of the modeling conducted here, the following assumptions were made: 
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• Daily metabolite production in the liver (mg/L per day) is a relevant 
dose metric for the critical effect.   

• Exposures in the range encountered in the environment will not result 
in saturation of the metabolic capability for individual compounds, nor 
are combined exposures sufficiently high to result in metabolic 
interactions/inhibitions among THM compounds (Tan et al. 2007; 
USEPA 2006c). 

 

As a consequence of the model structure, daily area under the curve (AUC) of 
the concentration of the parent THM compound in liver is directly proportional 
to daily metabolite production when metabolism is not saturated.   Thus, 
hepatic AUC of the parent compound was selected as a biologically relevant 
dose metric for the critical non-cancer effects used as the bases for derivation 
of the RfDs.  The relationship between the relevant dose metric, hepatic AUC, 
and average blood concentrations (the biomarker likely to be measured in 
humans) was investigated under different exposure scenarios (all oral, all 
inhalation, or mixed oral and inhalation) using the human PBPK models to 
confirm that blood concentration could be reliably used as a surrogate for 
hepatic AUC.   Based on the results of that assessment, the following steps 
were taken: 

• The 24-hour hepatic AUC in the laboratory animals at the POD for each 
THM was estimated using the animal PBPK models. 

• The 24-hour hepatic AUC at the POD was extrapolated to the 
corresponding human equivalent hepatic AUC by applying an 
uncertainty factor of one-half an order of magnitude, representing the 
pharmacodynamic component of the interspecies default uncertainty 
factor (UFA-PD).  The pharmacokinetic component of the interspecies 
UF was not applied because the extrapolation is conducted using a 
relevant internal dose metric. 

• The human PBPK models were used to evaluate the relationship 
between hepatic AUC and 24-hour average blood concentration, and a 
value for 24-hour average blood concentration consistent with the 
human equivalent hepatic AUC POD was estimated. 

The resulting human 24-hour average blood concentration at the POD was 
combined with the intraspecies uncertainty factor for pharmacodynamic 
variability (UFH-PD) and, where designated by USEPA, the uncertainty factor 
for database uncertainties selected by USEPA (UFD), to identify target average 
blood concentrations consistent with the derivation of the RfD.  The 
pharmacokinetic component of the intraspecies UF was not applied because 
measured blood concentrations in humans are the endpoint metric.  
Pharmacokinetically “sensitive” humans will display higher blood 
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concentrations for the same external dose; thus, blood concentrations 
measured in a sample population will directly reflect this component of 
variability and no additional UF needs to be applied to the calculated target 
blood concentrations to account for this factor.  In essence, humans are the 
perfect PBPK “model” and the pharmacokinetic variability present will be 
reflected in the sampling results. 

Cancer.  Figure 2 illustrates the approach to the derivation of BE values based 
on the cancer risk assessment by USEPA.  The starting point for the derivation 
is the lower bound on the estimated dose associated with a 10% increase in 
tumor frequency (LED10) from the animal bioassays.  Because increases in 
tumors were observed in several tissues and because the mechanism or mode 
of action for the tumor responses are not known, no specific internal dose 
metric could be selected as most relevant.  However, blood concentrations are 
directly related to tissue concentrations throughout the body based on the 
organ-specific partition coefficients and are thus at least reflective of the 
relative magnitude of internal concentration within a given tissue.  Because no 
data have been generated to validate mouse PBPK models for the two 
compounds (DBCM and BDCM) with cancer slope factors based on mouse 
tumor response data, animal PBPK modeling was not conducted for the POD.  
Instead, the human equivalent to the POD (the LED10 scaled to bodyweight3/4, 
as identified by USEPA [2005]) was entered as an input into the human PBPK 
models for each of the three compounds with cancer slope factors to estimate 
daily average blood concentrations at this human equivalent POD. In addition, 
the risk-specific doses for risks from 1x10-6 to 1x10-4 were calculated based on 
the oral cancer slope factors estimated by USEPA (2005) (Table 2) for the 
three brominated THMs.  Human blood concentrations were modeled assuming 
daily bolus doses at these risk-specific doses to identify the average and 
estimated repeated peak blood concentrations consistent with these doses. 
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Figure 2: Flowchart of approach to estimating cancer risk-specific average 
blood concentrations.  No specific internal dose metric was identified as most 
relevant due to the variability in tumor sites observed and the lack of a 
validated PBPK model in mice (the most sensitive species for carcinogenic 
responses to DBCM and BDCM).  LED10:  Lower bound on the estimated dose 
associated with a 10 percent increase in tumor incidence, as estimated by 
benchmark dose modeling conducted by USEPA (2005).  BW3/4:   Interspecies 
dose scaling via bodyweight to the ¾ power. 

Results of Modeling and Identification of BE 
Values 
Relationship between hepatic AUC and average blood concentrations.  Using 
the human PBPK model for each compound, the relationship between hepatic 
AUC and average blood concentrations was assessed under oral-only and 
inhalation-only exposure scenarios.  The relationship between the two metrics 
was linear but route-specific (Figure 3 for chloroform; other THMs give similar 
results).  Under conditions of oral exposure, hepatic AUC is much greater for a 
given blood concentration than under conditions of inhalation exposure.  This 
is consistent with the underlying physiology, as oral exposures result in direct 
absorption of compound from the gastrointestinal (GI) tract into the liver, with 
subsequent distribution to the venous blood supply.   In contrast, inhalation 
exposures result in direct uptake to blood from the lungs, and subsequent 
distribution to liver is controlled by blood flow into the liver.  For the purposes 
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of using blood concentrations as a surrogate for liver AUC, an assumption of 
oral-only exposure results in the most conservative (i.e., lowest) estimates of 
blood concentration consistent with a target hepatic AUC, and this assumption 
was used in the BE derivation.  Under conditions of mixed exposure routes or 
all inhalation exposure, higher average blood concentrations would be required 
to result in the target hepatic AUC.    

 

 

Figure 3: Relationship between chloroform blood concentration and liver AUC 
in humans estimated using a PBPK model for inhalation-only exposure and 
oral-only exposure.  Mixed exposures result in values of average blood 
concentration for a given hepatic AUC that are intermediate between those 
from the oral- and inhalation-only scenarios. 
 
 
Non-cancer endpoints.  The hepatic AUC associated with the POD for each THM 
compound using the PBPK models for dogs (chloroform) and rats (the 
brominated THMs) are reported in Table 3.   The corresponding human 
equivalent hepatic AUC POD and corresponding average human blood 
concentrations (estimated from the human PBPK models for each THM) are 
also reported.   Finally, the estimated average blood concentration consistent 
with the derivation of the RfD (BERfD) for each compound is presented.   
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Because of the rapid elimination kinetics and highly volatile nature of these 
compounds, blood concentrations at any given time point during a day can 
deviate substantially from the average estimate presented here and yet still be 
consistent with exposures not exceeding the critical hepatic AUC dose metric.  
For example, ingestion of a single dose of a THM equal to the RfD (through 
drinking water consumption, for example) can result in a rapid rise in  blood 
concentration to a peak more than five times higher than the 24-hour average 
concentration that would be associated with that same dose.  Inhalation of 
THM compounds also results in a rapid rise and then fall in blood 
concentrations upon removal of the airborne exposure source.  

Table 3: Estimated internal dose metrics and 24-hour average human blood 
concentrations consistent with the derivation of the RfD for each THM (see 
Figure 1). 

Estimation of the magnitude of such peaks can be made using PBPK modeling 
by accounting for numerous sources of variability including variations in oral 
absorption rate and characteristics of the exposure episode.  However, 
estimates of such peaks are far less certain than the 24-hour average blood 
concentrations, which are relatively stable, and essentially insensitive to the 
oral absorption rate and exposure episode characteristics.  But evaluation and 
interpretation of biomonitoring data for THMs must recognize that at any given 
time during the course of a day, concentrations in an individual several times 
higher than the target daily average concentration can occur without 
necessarily indicating exposures in excess of those considered to be tolerable. 
Conversely, concentrations below the daily average concentration would also 
be encountered depending on when sampling occurred in relation to exposure.   

Figure 4 illustrates the impact that varying only the oral absorption rate 
parameter in the PBPK model has on predicted blood concentrations following 
a single oral exposure.  Because of the uncertainty associated with accurately 
predicting peak levels of biomarkers associated with a once daily exposure, 
experts at a recent workshop addressing technical and communications 
challenges in deriving biomonitoring equivalents recommended that for short-
lived compounds, estimates of daily average blood concentrations were more 
reliable than estimates of peaks and are best used as a screening tool to 
evaluate average measured concentrations in a population (Hays et al., 2008).  
However, in individuals, the existence of transient peaks substantially above 
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the BE should be recognized as potentially consistent with the BE values (Hays 
et al., 2008).   

 

 

Figure 4: PBPK model simulations showing the impact of varying ka (the rate 
of absorption of chloroform from the GI tract) following an oral dose of 20 µg 
of chloroform in tap water over a ten minute period.  The PBPK model of 
Haddad et al. (2006), used in this evaluation, incorporated an allometrically 
scaled ka equivalent to approximately 0.7 for a 70-kg individual. 
 

Cancer risk.  Using the approach described in Figure 2, the human equivalent 
POD and risk-specific doses associated with cancer risks of 1x10-6 to 1x10-4 

were identified, and the daily average blood concentrations associated with 
daily exposure at these risk-specific doses were modeled (Table 4).   The PBPK 
models implemented here were also used to predict peak blood concentrations 
associated with single daily dose exposures at the risk-specific doses to 
provide an indication of the degree of variation that might plausibly be 
attributed to different exposure scenarios (Table 4).  As discussed above, 
transient peak blood concentrations several times the averages presented in 
Table 4 are also consistent with exposure at these risk-specific doses, but it is 
difficult to obtain a reliable estimate of such peaks.  However, for rapidly 
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metabolized compounds, it is important to recognize and reflect the 
substantial variation in measured blood concentrations that may result from 
equivalent daily exposures under differing temporal patterns (Hays et al., 
2008). 

 

Table 4: Human equivalent LED10 estimates for cancer endpoints (USEPA, 
2005), corresponding average and peak blood concentrations at the LED10 
estimated using the human PBPK models, and extrapolated average and peak 
modeled human blood concentrations for the 10-6 to 10-4  risk range for three 
THM compounds.   Chloroform is not included in this table because USEPA has 
determined that the noncancer RfD is protective for cancer in humans. 
 

 

 

Discussion of sources of variability and 
uncertainty 
 A number of issues affect the interpretation of, and confidence in, the BEs 
developed for the four THMs.  These factors include the impact of temporal 
variations in exposure patterns for rapidly-eliminated compounds, 
uncertainties regarding the pharmacokinetic models used, mechanistic 
considerations related to the carcinogenicity of the THMs, interpreting blood 
levels above the BEs, and methods for addressing simultaneous exposures to 
four THM compounds.  These issues are discussed below.  

Temporal variations: exposure, sampling, and short half-life.  For compounds 
with very short elimination half-lives such as the THMs, both the variability in 
recent exposure behaviors and the longer term exposure profiles are relevant 
to interpreting blood levels with respect to BE values.  Activities of an 
individual have implications for understanding whether measured levels in that 
individual represent a peak exposure (e.g., did the study participant shower 
immediately prior to sample collection? Were levels of THMs in the tap water 
at peak levels when the activity occurred?) or more typical exposures.  
Researchers are working to evaluate the relationships between exposure 
patterns and pathways and note the significant changes in blood 
concentrations that follow usage of THM-containing water (Backer et al., 2008; 
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Ashley et al., 2005; Villanueva et al., 2007b).  However, this type of 
information is not necessarily captured by questionnaire data or available for 
use in interpreting cross-sectional population-based biomonitoring data.  
Interpretation is further complicated by the fact that the concentrations of 
THMs in drinking water fluctuate (Ashley et al., 2005), with concentrations 
depending on such factors as the season, water temperature, amount of 
chlorine added by the treatment facility, and the amount of organic matter in 
the source water (USEPA, 2006a).  The RfD and other health-based chronic 
exposure guidelines are set at levels designed to be protective for exposures 
over a specified period of time (e.g., one week, several months, or a lifetime), 
while biomonitoring data provide only a snapshot at a particular point in time.  
This will necessarily limit the interpretation of cross-sectional biomonitoring 
data for such compounds in terms of chronic health risks without substantial 
additional data on current and ongoing exposure characteristics.    

Pharmacokinetic variability and uncertainties in PBPK models.  The PBPK 
models implemented here represent a central estimate of the metabolic and 
elimination behavior of these compounds in adult humans.  Previous modeling 
studies of the variability in physiological or metabolic parameters in the 
general population demonstrate differences in elimination profile on the order 
of 2- to 3-fold for volatile organic compounds (Pelekis et al. 2001) (for 
example, due to differences in metabolic capability between adults and 
children [Nong et al., 2006]).  Few data are available from controlled exposure 
studies to assess the performance of these pharmacokinetic models for THMs 
in humans.  Figure 5 presents a small data set on changes in blood 
concentrations (measured minus baseline concentrations) following controlled 
ingestion of water with measured chloroform concentrations for ten individuals 
(data from Backer et al. 2000) and PBPK model simulations of the same 
exposures.  The range of observed changes in blood levels of chloroform is 
significant, even though each individual was exposed to a similar amount of 
chloroform (however, no information on individual bodyweights was available).  
More recently, Backer et al. (2008) have reported that polymorphisms in 
metabolizing enzymes may also contribute to variability in THM 
pharmacokinetics.   
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Figure 5: Comparison of chloroform PBPK model predictions (solid lines) with 
experimental data on blood levels resulting from water ingestion (closed 
circles).  Data from Backer et al. (2000) represent measured change from 
baseline chloroform concentrations in whole blood following ingestion of 1 L of 
water (measured water concentrations ranging from 18 to 23 µg l-1) over 10 
minutes.  Measurements were taken 10 minutes and 60 minutes following end 
of ingestion.  Horizontal lines and crosses represent median and mean 
measured values for 10 individuals at each time point, respectively.  Modeled 
profiles demonstrate predicted blood concentrations following ingestion of the 
water at that range of concentrations using the model of Haddad et al. (2006).  
The model results are within the range of the measured data, but the model 
under-predicts the median measured changes in blood concentrations by a 
factor of about 2, and there is significant inter-individual variability in the 
observed changes in blood concentrations following ingestion of water. 
 
Figure 5 also highlights several other important issues.  First, the PBPK model 
simulations using the mean parameter set predict changes in blood chloroform 
concentrations a factor of two to three lower than the median and mean of the 
observed changes.  A Monte Carlo simulation incorporating variability in 
physiological and metabolic parameters (parameter distributions from Tan et 
al., 2007) produced estimates that encompassed the mean and median 
observed changes in blood concentrations, but the upper bound of the 
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simulated changes were still more than a factor of two lower than the upper 
bound observed in this sample of ten individuals (results not shown).  Second, 
changes in blood chloroform concentration from baseline varied by 
approximately a factor of 3 between the mean increase and the greatest 
observed increase in blood chloroform levels, even within this small sample of 
10 individuals exposed to similar doses of chloroform under controlled 
conditions. These data suggest that although the models used in the 
derivation of the BE values produce results within the range of the observed 
data, the models tend to under-predict the average and range of impacts of 
the bolus ingestion of chloroform.   In contrast, an initial analysis of a recent 
data set published for BDCM (Leavens et al. 2007) suggests that the current 
published PBPK models may over-predict average blood concentrations 
associated with bolus ingestion of BDCM.   

One consequence of the choice of target hepatic AUC following oral exposure 
as the critical dose metric is that many of the details of the PBPK models 
become irrelevant to the estimation of the human average blood concentration 
corresponding to the target hepatic AUC.  That is, under conditions of linear 
kinetics (conditions which hold in the conceivable exposure ranges for humans 
exposed environmentally to THMs), the modeled relationship between daily 
hepatic AUC and daily average blood concentration depends solely on the 
partition coefficient between liver and blood.  There are few published data on 
variability in partition coefficients among individuals.  In one recent study, 
blood to air partition coefficients for six volatile organic compounds were 
relatively consistent across individuals, with coefficients of variation of less 
than 20% and less than 10% differences between males and females and 
between adults and children (Mahle et al., 2007).  The model parameters for 
metabolism and oral absorption rate do not affect the relationship between 
daily hepatic AUC and estimated average blood concentration for compounds 
such as these that undergo nearly complete metabolism and elimination over 
the course of a day. In contrast, estimates of peak concentrations in liver or 
blood are highly sensitive to metabolic and absorption rate parameters.   
However, the BE values derived here for cancer endpoints, which translate 
external exposures at risk specific doses directly to predicted average blood 
concentrations, are sensitive to the metabolic parameters of these models.  
Additional data sets involving controlled exposures should be conducted to 
refine and parameterize the human models for these compounds. 

Mechanistic considerations related to the carcinogenicity of the THMs.  The 
four THM compounds are considered by USEPA to be carcinogenic. However, 
USEPA has determined, based on well-studied mechanistic considerations, that 
chloroform is not likely to produce cancer in humans at exposures below the 
RfD (Schoeny et al., 2006).  While no mode of action has been established for 
the other THMs (USEPA, 2005), a recent cancer bioassay for BDCM found no 
excess incidence of tumors in female mice and male rats exposed to BDCM via 
drinking water (NTP, 2006) at daily doses just below the lower end of the 
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previous, positive, NTP gavage study dose range.  The study protocol used 
three administered dose levels and a relevant route of administration (drinking 
water) at the maximum palatable concentrations of BDCM.  No increases in 
tumors at any site in either species were observed, in contrast to the findings 
of liver, kidney, and large intestine tumors in the previous corn oil gavage 
bioassays (summarized in USEPA 2005).  Because the maximum doses used in 
this bioassay are approximately one half of the lowest doses used in the corn 
oil gavage studies, no clear conclusions regarding the effect of vehicle can be 
drawn.  However, these data suggest the possibility that, as for chloroform, 
the carcinogenic response to BDCM in the corn oil gavage bioassay may be 
sensitive to peak concentrations resulting from bolus administration in corn oil 
gavage and perhaps of less relevance to human drinking water exposures.   

Confidence Assessment 
Guidelines for the derivation of BE values (Hays et al., 2008) specify 
consideration of two main elements in the assessment of confidence in the 
derived BE values:  Robustness of the available pharmacokinetic models and 
data, and understanding of the relationship between the measured biomarker 
and the critical or relevant target tissue dose metric. 

Robustness of pharmacokinetic data and models.  In the case of the THMs, the 
pharmacokinetic data and models for rodents are based on substantial data 
sets, while those available for humans have not been assessed against much 
experimental data.  In the case of the non-cancer BE derivations, the most 
sensitive parameter within the human PBPK model is the partition coefficient 
between liver and blood.  This value is dictated largely by the 
physical/chemical properties of these compounds, which are reasonably well 
understood (Gargas et al. 1989) and available data indicate relatively low 
variability in partition coefficients among individuals (Mahle et al., 2007); 
therefore confidence in this aspect of the non-cancer BE values is high.  The 
cancer risk-based BE values are more sensitive to metabolic parameters for 
the individual compounds, and as discussed above, the limited available 
human data sets suggest that the model predictions of average blood 
concentrations for a given risk-specific dose may be underestimates for 
chloroform and overestimate the actual average BDCM concentrations.  In 
addition, the cancer risk-specific doses require extrapolation far below the 
range of observed data used to derive the basic model parameters in rodents 
and in humans.  Thus, confidence in this aspect of the derivation of BE values 
for cancer is low. 

Relationship of measured biomarker to critical or relevant dose metric(s).  The 
non-cancer endpoint of interest for all four compounds is liver toxicity, which 
may be related to production of reactive metabolites.  Thus, the critical dose 
metric will be related to metabolite production and could be related to either 
cumulative or peak metabolite concentrations.  Hepatic AUC of the parent 
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compound is directly related to daily cumulative metabolite production when 
linear metabolism conditions hold; however, peak metabolite concentration is 
not directly related to hepatic AUC of parent compound.  As discussed above, 
modeling of actual peak liver concentrations is highly uncertain.  For this 
reason, daily cumulative metabolite production was selected as the relevant 
dose metric.  Daily average blood concentration, the biomarker metric used in 
the non-cancer BE derivation, is directly related to daily liver AUC, so 
confidence in this element of the non-cancer BE derivation is high.  For cancer, 
various target organ sites are of interest based on the results of laboratory 
rodent studies, and the mechanism of action is not agreed upon for THM 
compounds other than chloroform, although reactive metabolites are likely to 
be important.  Despite a lack of detailed mechanistic information for all four 
THM compounds, average blood concentrations are likely to be relevant for 
critical internal dose metrics for most cancer target sites observed, except 
potentially the intestinal tumors observed following gavage administration of 
TBM, which might indicate a local, portal of entry response not directly related 
to blood concentrations.  Based on this assessment, confidence in this element 
of the cancer risk-specific BE values is medium. 

Overall, these assessments suggest high confidence in the non-cancer BE 
values, and low to medium confidence in the cancer risk-specific BE values. 

Discussion and Interpretation of BE Values 
The BE values presented here are screening values and can be used to provide 
a screening level assessment of measured blood levels of THMs in population- 
or cohort-based studies.  BE values do not represent diagnostic criteria and 
cannot be used to evaluate the likelihood of an adverse health effect in an 
individual or even among a population.  BEs are not “bright lines” separating 
safe from unsafe blood levels.  Chronic RfD values are set at levels that are 
designed to be health-protective for daily exposure for a full lifetime of 
exposure.  The BE values identified here are tied to daily average blood 
concentration.  For short-lived compounds, transient blood concentrations 
several times higher (and lower) than these target daily average 
concentrations would be expected in individuals resulting from episodic use of 
drinking water under conditions in which the target average daily 
concentration was not exceeded.  Thus, a measured blood concentration 
exceeding the corresponding BE value in a single sample of blood from an 
individual may or may not reflect continuing elevated exposure.   

As discussed above, for short-lived compounds, BEs should be used as tools to 
evaluate biomonitoring data on a population basis, rather than for assessment 
of an individual person’s biomonitoring levels.  If the mean of the population-
based biomonitoring data is below the BEs, then  in general  the population is 
experiencing exposures lower than those considered consistent with the RfD or 
a target cancer risk range, even though some of the blood samples may show 
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higher concentrations.  However, the potential for heterogeneous exposures 
within the population, combined with the transient nature of blood 
concentrations of these compounds, will limit the ability to interpret upper tails 
of the distribution of measured blood concentrations from cross-sectional 
studies.  Figure 6 illustrates the BE values derived for DBCM in this paper in a 
framework that can be useful for interpretation of biomonitoring data 
according to guidelines developed for the interpretation and communication of 
BE values (LaKind et al., 2008).   

 

 

Figure 6: Example display of BE values for DBCM in accordance with the 
guidelines for BE communication (LaKind et al., in press).   The BE values 
presented here are appropriate for evaluation of the central tendency of 
biomonitoring data from population studies, rather than for interpretation of 
data for individuals (see text discussion).  Figures present the general 
demarcations between regions of low, medium, and high priority for risk 
assessment or risk management follow-up based on values from Tables 3 and 
4.  A) Display of the non-cancer BERfD and underlying derivation values.  B) 
Display of the cancer risk-based BE values. 
 
 
Exposure guidance values from organizations other than USEPA could also be 
used as the basis for derivation of BE values and interpretation of 
biomonitoring data.  The Agency for Toxic Substances and Disease Registry 
(ATSDR) has established chronic oral MRL values for chloroform (0.01 mg/kg-
d), DBCM (0.09 mg/kg-d), and TBM (0.02 mg/kg-d) (ATSDR 1997; ATSDR 
2005).  In general, these values are based on similar toxic endpoints (and in 
most cases, the same toxicity studies) as are the USEPA values.  Differences 
in the values are generally due to different methods for identifying a POD 
(benchmark dose modeling by the USEPA versus application of uncertainty 
factors for LOAEL to NOAEL by ATSDR) and different judgments regarding 
uncertainty factors required.  In general, the BE values derived from the 
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USEPA RfDs can be extrapolated linearly to derive BE values corresponding to 
the ATSDR MRL values. 

Implications of Simultaneous Exposures to Four THM Compounds.  THMs are 
regulated in drinking water as a combined group of four compounds with an 
MCL (maximum contaminant level) of 80 µg/L (USEPA 2006a).  However, as 
indicated by the range of RfD values and related BERfD values, the toxic 
potency is not equivalent for these compounds, and equal exposures do not 
result in equal blood levels due to differences in metabolic rates, partition 
coefficients, etc.  Thus, assessment of the concentration of THMs in blood by 
summing the concentrations of the four compounds may not be scientifically 
justifiable.  One approach for combining available data for these compounds 
might involve a hazard quotient/hazard index approach, analogous to the 
approach used for risk screening across compounds in assessments of 
exposure to multiple chemicals at hazardous waste sites.  In the case of THM 
compounds, all four compounds demonstrate liver toxicity as among the most 
sensitive non-cancer toxicological effects in animal studies, lending support to 
a hazard index approach.  Specifically, the concentrations in blood of each 
THM could be related to that compound’s BERfD value for an individual, with the 
resulting ratios summed to obtain the hazard index (HI): 

∑
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The current mixtures risk assessment paradigm implies no excess risks when 
the HI is below 1.  This method requires examination of biomonitoring data on 
an individual-by-individual basis, and thus may be limited to situations where 
the biomonitoring data for all of the individual compounds are available on an 
individual by individual basis.  However, as discussed above, blood 
concentrations in an individual are likely to fluctuate widely due to the rapid 
absorption and elimination of these compounds, and hazard indices of greater 
than 1 may occur in an individual without necessarily indicating daily or long 
term exposures in excess of those consistent with the RfD.   Assessment of the 
impact of combined exposure to THMs on cancer risk estimates could 
theoretically proceed in an analogous manner, with estimated compound-
specific risks summed across the three brominated THM compounds, similar to 
approaches used in assessing cancer risks from mixtures on an external 
exposure basis.  However, the risk assessment paradigm for both cancer and 
non-cancer endpoints incorporates an assumption of constant exposure for a 
full lifetime.  Conclusions regarding either cancer or non-cancer risks based on 
biomonitoring data derived from cross-sectional studies for rapidly-
metabolized compounds such as THMs must be tempered by the recognition 
that such biomonitoring efforts may not accurately reflect long term average 
blood concentrations in individuals. 
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Risk/Benefit Considerations for Drinking Water Disinfection.  As noted by EPA 
(USEPA, 2006a), DBPs present a case in which there are obvious trade-offs 
between decreasing the potential risks associated with DBPs and increasing  
risk from exposure to pathogens in drinking water and “[e]liminating or 
significantly decreasing disinfection to stop disinfection byproduct formation 
would seriously compromise overall public health protection” (USEPA, 2006a).  
Complicating attempts to quantify the risk/benefit “trade-off” is the lack of 
commonly used methods for comparing two distinctly different types of risks, 
i.e., a potential risk of cancer from lifetime exposure to DBPs versus health 
benefits associated with protection against acute illness from exposures to 
pathogens in untreated waters.  One attempt to perform such an analysis 
focused on reduction of risk of infection by Cryptosporidium parvum compared 
with risk of renal cell cancer from exposure to bromate in water disinfected by 
ozonation (Havelaar et al., 2000).  The authors used the concept of disability 
adjusted life-years (DALYs) and found a net health benefit associated with 
disinfection of drinking water, even though estimated bromate levels were 
above World Health Organization guidelines (Ashbolt, 2004).  These results 
cannot be applied directly to this current assessment because the method of 
water treatment, and therefore the DPBs formed, differ.  However, it is 
believed that the potential risks associated with DBP exposure are insignificant 
compared to the microbial risks that would transpire without disinfection (Bull 
et al., 1995). 

Conclusions.   
The BE values developed and described here provide quantitative tools that 
can be used in a screening-level assessment of biomonitoring data for 
chloroform, DBCM, BDCM, and TBM in human blood.  These levels do not 
represent a bright line between safe and unsafe exposure levels, nor can they 
serve as diagnostic values for application to individual measured levels.  
Instead, the BE values presented here can provide a health-based context for 
evaluating biomonitoring data sets and assist in prioritization of further 
research, risk characterization, and risk management activities. BE values do 
not represent diagnostic criteria and cannot be used to evaluate the likelihood 
of an adverse health effect in an individual or even among a population.   

Interpretation of measured blood concentrations of THMs will continue to pose 
challenges due to the rapid metabolism and elimination of these compounds.  
While these BE values refer to long-term average concentrations of THMs in 
blood, biomonitoring results for individuals are generally based on single, 
snapshot measurements of compounds and are highly influenced by whether 
an exposure (for example, due to showering or drinking water) has occurred 
recently.  Thus, the BE values derived here, which correspond to 24-hour 
average blood concentrations consistent with exposure guidance values, are 
most appropriately applied to assess the central tendency and overall pattern 
of results for a sampled population, rather than extreme values or individual 
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measurements.  In addition, these BE values should be used in combination 
with other tools and information to evaluate and interpret biomonitoring data 
for the THMs.  Further discussion of interpretation and communications 
aspects of BE values is presented in LaKind et al. (2008). 
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Abstract 
 

Recent efforts worldwide have resulted in a growing database of measured 
concentrations of chemicals in blood and urine samples taken from the general 
population.  However, few tools exist to assist in the interpretation of the 
measured values in a health risk context. Biomonitoring Equivalents (BEs) are 
defined as the concentration or range of concentrations of a chemical or its 
metabolite in a biological medium (blood, urine, or other medium) that is 
consistent with an existing health-based exposure guideline, and are derived 
by integrating available data on pharmacokinetics with existing chemical risk 
assessments.  This study reviews available health based exposure guidance 
values for cyfluthrin from Health Canada, the United States Environmental 
Protection Agency (U.S. EPA), and the World Health Organization/Food and 
Agriculture Organization.  BE values corresponding to the oral reference dose 
(RfD), or acceptable daily intake (ADI) estimates from these agencies were 
derived based on data on excretion fractions of the urinary metabolite 4-
fluoro-3-phenoxybenzoic acid (FPBA), which is a metabolite specific to 
cyfluthrin.  These values may be used as screening tools for evaluation of 
biomonitoring data for cyfluthrin as the metabolite FPBA in the context of 
existing risk assessments and for prioritization of the potential need for 
additional risk assessment efforts for cyfluthrin relative to other chemicals. 

Introduction  
 
Interpretation of measurements of concentrations of chemicals in samples of 
urine or blood from individuals in the general population is hampered by the 
general lack of screening criteria for evaluation of such biomonitoring data in a 
health risk context.  Without such screening criteria, biomonitoring data can 
only be interpreted in terms of exposure trends, but cannot be used to 
evaluate which chemicals may be of concern in the context of current risk 
assessments.  Such screening criteria would ideally be based on robust 
datasets relating potential adverse effects to biomarker concentrations in 
human populations (see, for example, the blood lead screening criterion).  
However, development of such epidemiologically-based screening criteria is a 
resource and time-intensive effort.  As an interim approach, the development 
of Biomonitoring Equivalents (BEs) has been proposed, and guidelines for the 
derivation and communication of these values have been developed (Hays et 
al. 2007; Hays et al. 2008; LaKind et al. 2008).   

A Biomonitoring Equivalent (BE) is defined as the concentration or range of 
concentrations of chemical in a biological medium (blood, urine, or other 
medium) that is consistent with an existing health-based exposure guidance 
value such as a reference dose (RfD) or Tolerable Daily Intake (TDI).  Existing 
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chemical-specific pharmacokinetic data are used to estimate biomarker 
concentrations that are consistent with the Point of Departure (POD) used in 
the derivation of an exposure guidance value (such as the RfD or TDI), and 
with the exposure guidance value itself.  BEs can be estimated using available 
human or animal pharmacokinetic data (Hays et al. 2008), and BEs have been 
derived for numerous compounds including acrylamide, cadmium, 2,4-
dichlorophenoxyacetic acid, toluene, and others (reviewed in Hays and 
Aylward 2009).  BEs are intended to be used as screening tools to provide an 
assessment of which chemicals have large, small, or no margins of safety 
compared to existing risk assessments and exposure guidance values.  BE 
values are only as robust as are the underlying exposure guidance values and 
pharmacokinetic data used to derive the values.  BEs are not intended to be 
diagnostic for potential health effects in humans, either individually or among 
a population. 

Pyrethrins are the active component within the flowers of Chrysanthemum 
cinerariaefolium, which has been known to have valuable insecticidal 
properties for more than a century (LaForge and Markwood, 1938). 
Pyrethroids are synthetic pyrethrins which are more potent than pyrethrins.  
Cyfluthrin (CAS name and number: Cyano(4-fluoro-3-phenoxyphenyl) methyl-
3-( 2,2-dichloroethenyl)-2,2-dimethylcyclopropanecarboxylate; 68359-37-5); 
molecular weight 434) is a synthetic pyrethroid used in agricultural 
applications to control a wide range of insects on a wide range of crops, as an 
application directly on livestock, and in residential and commercial 
applications.  Humans are exposed to pyrethroids from consumption of foods 
with trace residues of cyfluthrin and/or from contact following applications in 
and around residential or commercial buildings and lawns (Williams et al., 
2003; Leng et al., 2003). 

Of the pyrethroids, there are two principal types, Type I and Type II, 
distinguished by their presence (Type II) or absence (Type I) of a cyano group 
attached to the phenoxybenzyl portion of the pyrethroid molecule.  Cyfluthrin 
is a Type II pyrethroid (Figure 1).  Type I and Type II pyrethroids insecticidal 
properties result from binding to and altering sodium channel dynamics in 
nervous system tissues, resulting in disturbance of membrane polarization and 
abnormal discharge in targeted neurons (Wolansky et al., 2006).  This results 
in paralysis in insects, leading to dehydration and starvation caused by an 
inability to feed normally.  The pyrethroids are less toxic to mammals, but 
subtle neurological effects can be observed (Wolansky et al., 2006).   

Available Data and Approach 
Exposure guidance values, critical effects, and mode of action.  Table 1 
presents the available chronic and acute exposure guidance values derived for 
cyfluthrin.  For each guidance value, the point of departure (POD), the 
toxicological endpoint of interest, and the applied uncertainty factors are 
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summarized.  The United States Environmental Protection Agency (USEPA) 
had developed Reference Doses (RfDs) for cyfluthrin as early as 1987; these 
values have been updated several times, and the most recent available 
evaluation is summarized in Table 1.  The US EPA has also derived an acute 
RfD for cyfluthrin that is applicable for the general population, including 
children.  The US EPA acute RfD is essentially identical to the chronic RfD.  A 
joint meeting of the World Health Organization (WHO) and the Food and 
Agriculture Organization (FAO) of the United Nations has established a chronic 
and acute Acceptable Daily Intake (ADI).  Both values are based on the same 
study and endpoint.  The justification in doing so was that the neurotoxicity 
associated with both chronic and acute exposures are one in the same and are 
a result of: 

 The maximum concentration of cyfluthrin blood 

 Cyfluthrin does not accumulate to higher blood concentrations with 
chronic exposures, and 

 The neurotoxicity associated with cyfluthrin is reversible (FAO/WHO, 
2006). 

 Therefore, the WHO/FAO established a chronic ADI based on an acute 
dosing study. 

 

Figure 1: Structure of a) cyfluthrin, molecular weight 434; and b) its major 

metabolite 4-fluoro-3-phenoxybenzoic acid (FPBA).  

 

Neurotoxicity is the predominant result from exposures to pyrethroids. These 
chemicals exert their effect by prolonging the open phase of the sodium 
channel gates when a nerve cell is excited (Wolansky et al. 2006).  Two 
different types of pyrethroids (Type I and Type II) are recognized, based on 
differences in basic structure (the presence or absence of a cyano group in the 
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alpha position) and the symptoms of poisoning in laboratory rodents. 
Cyfluthrin is a Type II pyrethroid, which includes a cyano group.  The effects 
caused by Type II pyrethroids involve pawing and burrowing behavior, 
followed by profuse salivation, increased startle response, abnormal hindlimb 
movements, and coarse whole body tremors that progress to sinuous writhing 
(choreoathetosis) in rodents. Clonic seizures may be observed prior to death. 
Body temperature usually is not increased, but may decrease. The term CS-
syndrome (from choreoathetosis and salivation) has been applied to Type II 
responses.   

Table 1: Health-based exposure guidance values for cyfluthrin from various 

agencies. 

RfD: Reference Dose, for chronic exposure 

ADI: Acceptable Daily Intake 
NOAEL:  No observed adverse effect level 
 

It is generally accepted that the cleavage of the ester bond in pyrethoids is a 
detoxification step and the metabolites are non-toxic (Gray and Soderlund 
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1985).  The parent compounds are generally accepted as the toxic moieties, 
but it can not be ruled out that some metabolic intermediaries could also be 
toxic (Gray and Soderlund 1985). Breakdown of the pyrethroids in the 
environment is believed to result in non-toxic compounds.  Pyrethroids are far 
more toxic to insects than mammals because insects have increased sodium 
channel sensitivity, smaller body size and lower body temperature and 
mammals are protected by rapid metabolism to non-toxic metabolites 
(Bradberry et al., 2005).  As stated above, neurotoxicity is related to peak 
concentrations of the parent compound (including cyfluthrin) in blood (and 
nervous tissues) (WHO/FAO, 2006). 

 

Pharmacokinetic data and models.  Cyfluthrin has three active chiral centers 
and eight different isomers.  Beta-cyfluthrin is a stereo enriched mixture of 
one isomeric pair that is toxicologically more potent than the mixture of all 
eight stereoisomers.  The pharmacokinetics of each isomer are similar (Leng 
et al. 1997a).   

The pharmacokinetics of cyfluthrin have been studied in rodents in support of 
the registration process of cyfluthrin.   The relevant studies have generally not 
been published in the peer-reviewed literature and are not available to the 
public.  However, most of the information has been summarized in various 
regulatory agency documents (INCHEM 1987; WHO 1997).   

In both rodents and humans, cyfluthrin is almost completely (90-100%) and 
rapidly absorbed following ingestion (half-life of absorption is on the order of 
0.5 hours; WHO, 1997).  Absorption is rapid following inhalation as well (Leng 
et al. 1997a).  The volume of distribution in rodents is on the order of 17% of 
body volume, consistent with distribution primarily in the extracellular fluid 
compartment (Inchem 1987).  Elimination of cyfluthrin in plasma in rats 
exposed orally followed a biphasic elimination with half-lives of 2.1 and 21 
hours (WHO 1997).  Metabolism of cyfluthrin (and all pyrethroids) involves 
cleavage of the parent compound at the ester bond by non-specific esterases 
and oxidases.  For cyfluthrin, this results in cis- and trans-3-(2,2-
dichlorovinyl)-2,2-dimethylcyclopropanecarboxylic acid (cis-/trans-DCCA) and 
4-fluoro-3-phenoxybenzoic acid (FPBA; molecular weight 232).   

In humans exposed to single oral doses of Type II pyrethroids, the elimination 
half-time based on the appearance of metabolites in the urine has been 
estimated to be between 6 and 13 hours (Leng et al. 1997b; Leng et al. 1999; 
Woollen et al. 1992) with approximately 35–50% of the administered dose 
excreted in urine as metabolites during the first 5 days after dosing, with peak 
urinary excretion rates observed during the first 24 hours after dosing 
(Eadsforth and Baldwin 1983; Eadsforth et al. 1988; Leng et al. 1997b; 
Woollen et al. 1992).  The half-life of cyfluthrin in blood of four workers 
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following cyfluthrin intoxications ranged between 0.3 and 2 hours (Leng et al. 
1999).  No estimates of volume of distribution or clearance were provided. 

Data from a single volunteer following a controlled oral dose of cyfluthrin is 
also available (Leng et al. 1997b).  A volunteer consumed 0.03 mg/kg (total 
dose of 2.6 mg) in a bolus dose.  Urine voids were collected through 48 hours 
and FPBA and cis-/trans-DCCA were quantified.  The appearance of 
metabolites in urine followed first-order kinetics with a half-life of elimination 
of 6.4 hours (Leng et al. 1997b).  The authors found that of the 2.6 mg of 
cyfluthrin consumed, “a total of 1 mg cyfluthrin equivalent was recovered in 
the urine” (Leng et al. 1997b).  Of this 1 mg cyfluthrin equivalent excreted in 
the urine, “the total amount of FPBA was twice as much as the total amount of 
cis-/trans-DCCA” (Leng et al., 1997b).  Via personal communication with the 
study lead author (Dr. Gabrielle Leng), it was confirmed that this translates 
into 0.66 mg (1 mg × 0.66) of FPBA excreted following an oral dose of 2.6 mg 
cyfluthrin, yielding a mass fraction of 0.25 (0.66/2.6).  On a molar fraction 
basis, this equates to: 

47.0

/434
6.2

/232
66.0

=

⎟⎟
⎠

⎞
⎜⎜
⎝

⎛

⎟⎟
⎠

⎞
⎜⎜
⎝

⎛

mMolemg
cyfluthrinmg

mMolemg
FPBAmg

               (1) 

The assumption is made by Leng et al. (1997b) and other authors that the 
fraction of FPBA not recovered in urine is likely to be eliminated via fecal 
excretion. 

 

Biomarker selection.  The available biomarkers for cyfluthrin exposures are 
summarized in Table 2.  As discussed above, evidence suggests that the 
parent compound, cyfluthrin, is responsible for the neurotoxic potential 
following cyfluthrin exposures. Therefore, the concentration of cylfuthrin in 
blood or plasma is most relevant to the neurotoxic mechanism of action.  Most 
biomonitoring studies, however, measure the concentration of the metabolites, 
FPBA and/or cis-/trans-DCCA, in urine.  FPBA is a specific metabolite to 
cyfluthrin.  However, DCCA is a common metabolite of several pyrethroids.  
Therefore, FPBA in urine can be interpreted unambiguously as resulting from 
cyfluthrin exposure, while interpreting DCCA levels in urine is problematic 
unless a cumulative approach is used to calculate a BE that encompasses all 
the pyrethroids that share DCCA as a metabolite.  This level of effort is beyond 
the scope of this cyfluthrin-specific BE derivation, and thus a BE for 
interpretation of cis/trans DCCA in urine will not be developed here. 

To meet the needs for interpreting most biomonitoring studies, a BE will be 
derived for FPBA in urine.  At this point, a BE for cyfluthrin in blood, while 
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desirable, is not able to be calculated because the data from which a BE could 
be calculated is proprietary.  If this data is made public at some future time, 
the derivation of a BE for cyfluthrin in blood could be considered and 
evaluated.    

 

Table 2: Potential biomarkers of exposure to cyfluthrin. 

 

 

BE Derivation 
Urinary BE Values. We adopt here a urinary mass balance approach to derive 
BE values for cyfluthrin.  The specific approach to calculation of BE values is 
illustrated in Figure 2.  Based on the data of Leng et al. (1997b), an 
assumption is made that, on a mass basis, 25% of the exposure dose of 
cyfluthrin is excreted as FPBA.  Under the conditions of steady-state daily 
exposure consistent with the derivation of each of the chronic exposure 
guidelines presented in Table 1, the daily excretion of FPBA can be predicted 
as a fraction of the intake at the exposure guidance value.  The daily mass 
excreted of FPBA can then be divided by the daily urinary volume or daily 
creatinine excretion to obtain an estimate of the 24-hour average urinary 
concentration.  Values are derived for each chronic exposure guidance value 
from Table 1 under conditions of chronic steady-state exposure at a) the 
human-equivalent point of departure (POD) (the external dose estimated after 
application of uncertainty factors for LOAEL to NOAEL, duration adjustment, 
and interspecies extrapolation) and b) at the exposure guidance value itself.   
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The process of BE derivation for FPBA proceeds in the following steps for each 
of the available exposure guidance values:   

 Identify the POD used as the basis for the derivation of the ADI or RfD 

 Apply any uncertainty factors used in the ADI or RfD derivation to 
account for exposure duration, lowest observed adverse effect level 
(LOAEL) to NOAEL extrapolation, severity of endpoint, and interspecies 
extrapolation to identify the human-equivalent POD. 

 Estimate the daily urinary excretion of FPBA on a mass basis using 
equation 1 and rationalized by average urine volume and average 
creatinine excretion.  The result of this calculation is the urinary BEPOD. 

 Apply the intraspecies uncertainty factor and any database deficiency 
UFs, if applicable, to the BEPOD to derive the BE (see Figure 2). 

 

 

Figure 2: General schematic for derivation of urinary BE values for cyfluthrin.  
Animal POD includes adjustments for duration, and severity of effect.  UFA:  
Interspecies uncertainty factor; UFH:  Intraspecies uncertainty factor. 

 

An acute RfD was also developed by USEPA (Table 1).  Acute RfDs are usually 
set at levels higher than chronic RfDs.  For cyfluthrin, the acute RfD is 
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essentially identical to the chronic RfD.  This is most likely because acute 
neurotoxicity is the most relevant endpoint of interest and is the basis of the 
chronic RfD.  This would also imply that chronic (lifetime) exposures to 
cyfluthrin would not result in more severe effects than would be predicted 
following acute exposures.  The approach for developing BEs for compounds in 
urine consistent with acute RfDs involves calculating the fractional excretion of 
the compound that would be eliminated in the first day following an acute 
exposure (Aylward and Hays, 2008).  The appearance of FPBA in urine has a 
half-life of approximately 6 hours.  Thus, in the first day, four half-lives would 
have passed, resulting in approximately 94% of total excretion in the first day 
following an acute exposure.  Therefore, this rapid of elimination will yield a 
BE almost identical to the BE for a chronic RfD assuming steady-state (100% 
of a daily dose excreted per day).  Therefore, the approach for developing the 
BE for the acute RfD for cyfluthrin follows the same approach as for the 
chronic RfD and ADI outlined above.  

The estimate of the mass fraction of cyfluthrin excreted as FPBA (0.25) was 
combined with age-specific estimates of bodyweight and average 24-h urinary 
volumes or average 24-h creatinine excretion to provide an estimate of the 
24-h average urinary concentration of FPBA associated with a unit dose of 
cyfluthrin per day (Table 3) for different age groups. Because the average 
urinary FPBA concentrations associated with a unit dose of cyfluthrin varied 
little across age groups, the average across all age groups was estimated and 
carried forward. 

Using these estimates of the 24-h average urinary concentrations of FPBA 
associated with a unit dose of cyfluthrin, the urinary concentrations (on both a 
volume and creatinine-adjusted basis) of FPBA associated with each of the 
exposure guidance values from Table 1 can be estimated.  For each of the 
guidance values, BE values associated with the human-equivalent POD as well 
as the final guidance value are presented in Table 4.   

BE for cyfluthrin in blood. The most direct method of calculating a BE for 
cyfluthrin in blood is to use measured steady-state concentrations of cyfluthrin 
in blood in the species for each respective exposure guidance value or use a 
pharmacokinetic model to calculate the concentrations of cyfluthrin in blood 
consistent with each exposure guidance value in the animal. Studies in dogs 
and rats form the basis of the USEPA’s chronic RfD and acute RfD, 
respectively.  The WHO chronic and acute ADI was based on studies in rats. 
Pharmacokinetic studies of cyfluthrin have been conducted in rats (WHO, 
1997), however, none of the studies have been published in the peer-reviewed 
literature nor have been made available for inspection at this time.  Therefore, 
this data cannot be used for support of a BE for cyfluthrin in blood.  If the data 
are made publicly available, a BE for cyfluthrin in blood can be developed at 
that time.  Estimates of half-life of cyfluthrinin in blood in humans are 
available (Leng et al., 1999).  However, no estimates of volume of distribution 
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or clearance in humans (either of which is required to develop a one-
compartment model) are available.  Therefore, insufficient pharmacokinetic 
data are currently available in humans to calculate a BE for cyfluthrin in blood. 

 

 

 

 

Table 3: Estimated steady-state urinary concentrations of FPBA per unit dose 
of cyfluthrin by age group. 

  

a The fraction of a cyfluthrin dose excreted in urine is estimated based on a mass fraction of 0.25. 
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Table 4: Derivation of BE values consistent with exposure guidance values 
from Table 1. 

 
a Uncertainty factors:  UFL – LOAEL to NOAEL; UFs – subchronic to chronic; UFA – interspecies 
uncertainty factor; UFH – intraspecies uncertainty factor. 
b Apportionment of uncertainty factors not described; a composite uncertainty factor of 25 was 
applied to the POD to obtain the ADI of 0.04 mg/kg-d.  No BEPOD was developed because of 
uncertainty about apportionment of uncertainty factors. 
 
 
 

 

Sources of Variability and Uncertainty 
Several sources of variability and uncertainty are associated with the BE 
values presented in Table 4.  One source of variability that will impact the 
measured concentrations in urine is the relatively short half-life of excretion of 
FPBA in urine (half-life of 6.4 hours). We examined the potential quantitative 
impact of this factor on spot urine concentrations using a one-compartment 
pharmacokinetic model based on the data of Leng et al. (1997b). Specifically, 
we simulated two possible patterns of exposure at the RfD:  a) a daily single-
dose exposure at the chronic RfD, a pattern which might be indicative of an 
isolated residential application or coming in contact with a park or other 
community facility which had recently used a pyrethroid pesticide product, and 
b) daily exposure to three doses equal to 1/3 the chronic RfD, a pattern which 
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might occur if dietary exposure is the primary route of exposure to cyfluthrin 
(Figure 3).  The first scenario represents an extreme exposure pattern that is 
consistent with the RfD. Under the assumption of three daily exposures, we 
also explored the expected variations in urinary concentrations due to 
variations in urinary void periods equal to once per hour, once every two 
hours, and once every six hours.  For the simulations, we assumed that an 
individual with 70 kg bodyweight produced a total of 1.7 L of urine per day 
(see Perucca et al. 2007) at a constant rate, corresponding to 0.071 L/hr.  
This was the void volume for the simulations entailing a urination event every 
hour.  For the 2-hr void period, urination events occurred every 2nd hour at a 
volume of 0.142 L, and for the 6-hr void period, urination events occurred 
every 6th hour at a volume of 0.426 L.  

The simulation results suggest that in population biomonitoring efforts using 
spot urine samples, concentrations of FPBA exceeding the BE based on 24-h 
average concentrations by a factor of about two could be observed in some 
individuals even if exposures to cyfluthrin do not exceed the RfD. For this 
reason, the guidelines for BE derivation and communication (Hays et al. 2008; 
LaKind et al. 2008) specify that, for compounds with short biological half-lives, 
comparisons between BE values and population biomonitoring data should be 
made on a population basis using the central tendency of the population 
values.  This analysis also suggests that more reliable evaluations of cyfluthrin 
exposure levels could be made based on 24-h urine collections rather than 
spot samples. 

Other sources of potential variation in measured urinary concentrations, even 
under conditions of exposure consistent with the RfD, include variations in 
hydration status and creatinine excretion rates, and individual variations in 
metabolism patterns, which could impact measured concentrations in spot 
urine sample by a factor of two to three (Scher et al. 2007).  The 
appropriateness of adjustment for hydration status using creatinine excretion 
has been debated (Garde et al. 2004; Scher et al. 2007; Barr et al. 2005) 
because creatinine excretion also can vary substantially due to variations in 
dietary pattern as well as other individual factors, and the variability in 
children may be greater than in adults (Kissel et al. 2005; O’Rourke et al. 
2000).  However, we have no information to suggest that creatinine 
adjustment for measures of FPBA in urine is particularly inappropriate.  Thus, 
we provide this additional calculation of BE values on that basis as well as on a 
urinary volume basis for use when results are reported on a creatinine-
adjusted basis.  Further discussion of issues surrounding creatinine adjustment 
is presented in Aylward and Hays (2008).  Samples collected for a 24-hour 
period would be expected to be less influenced than spot samples by both 
variations in hydration status and creatinine excretion. 
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Figure 3: Variations in modeled urinary FPBA concentrations expected under 
three scenarios of exposure pattern at the Health Canada ADI (20 µg/kg/d) 
and timing of urinary collection over the course of three days.  Each simulation 
assumes daily exposure at the ADI in either a single dose at 7:00 a.m., or in 
three equally divided doses, one each at 7:00 a.m., noon, and 6:00 p.m.  The 
illustration assumes a constant daily urinary volume of 1.7 L/d, corresponding 
to a constant urine production rate of 0.07 L/hr. 

 

Several sources of uncertainty affect the interpretation of the BE values for 
FPBA presented here.  The derivation of BE values here is based on data 
collected from a single individual.  However, the definition of the underlying 
exposure guidance values includes qualifications that the estimates span an 
order of magnitude.  Like the EGVs, the BEs are screening tools that in some 
cases may be quite robust (for data rich compounds) and some that are not 
(for data poor compounds). However, the BE provides an estimate that 
provides a starting point for interpreting biomonitoring data.  Furthermore, 
especially for compounds that are excreted in urine and a mass balance 
approach is used to calculate the BE, the degree of variability in estimates of 
fractional excretion for metabolites will have less variability than might be 
predicted for parent compound in blood, for instance.  The most extreme case 
of variability in this fractional excretion estimate would result if there were a 
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subpopulation in which a far lower fraction of FPBA was excreted in urine than 
observed in the volunteer study described by Leng et al. (1997).  No data are 
available to characterize the interindividual variability in this fraction; 
however, because urinary monitoring for FPBA has been used as a marker for 
occupational exposure in a variety of studies (Leng et al., 1996; Leng et al. 
1997a; Leng et al. 1999), it seems clear that excretion in urine is a 
predominant route of elimination of the FPBA metabolite. 

Confidence Assessment  
The guidelines for derivation of BE values (Hays et al. 2008) specify 
consideration of two main elements in the assessment of confidence in the 
derived BE values:  robustness of the available pharmacokinetic data and 
models, and understanding of the relationship between the measured 
biomarker and the critical or relevant target tissue dose metric.  As discussed 
above, the pharamcokinetic data that supported the development of the BE for 
cyfluthrin was based on data from one individual.  Variability in the molar or 
mass fraction excretion as FPBA is expected among the human population.  
The estimates from the one volunteer in Leng et al. (1997b) may not be 
accurate of the mean of the human population.  However, the estimate of the 
mean fractional excretion of FPBA is not expected to change by a significant 
amount (less than a factor of 2-3).  Obtaining additional data from more 
volunteers would help refine this estimate. 

The mode of action for the neurotoxic effects of cyfluthrin is associated with 
the parent compound, not the metabolites.  Therefore, ideally, a BE for 
cyfluthrin in blood would be developed to help reduce uncertainties with 
interpreting biomonitoring data for cyfluthrin.  The metabolites of cyfluthrin, 
including FPBA, are believed to be non-toxic.  Therefore, the excretion of FPBA 
is not directly related to the mode of action of cyfluthrin.  The excretion of 
FPBA is, however, believed to provide a stable estimate of cyfluthrin 
exposures, provided substantial exposures to the metabolites directly from the 
environment do not occur.  Unfortunately, no data could be found which has 
quantified the extent to which humans may be exposed to FPBA directly.  
Additional research on this topic may be warranted. 

 Robustness of pharmacokinetic data:  LOW 

 Relevance of biomarker to relevant dose metrics:  LOW - MEDIUM 

 

Discussion and Interpretation of BE Values 
The BE values presented here represent estimates of the 24-h average 
concentrations of FPBA in urine that are consistent with the existing exposure 
guidance values for cyfluthrin resulting from the risk assessments of cyfluthrin 
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conducted by various governmental agencies as listed in Table 1.  The values 
were derived based on current understanding of the pharmacokinetic 
properties of this compound in humans.  No BE values based on serum 
concentrations were derived at this time due to inadequacies in the database.  
However, if the database improves, this decision could be revisited.  These BE 
values should be regarded as interim screening values that can be updated or 
replaced if the exposure guidance values are updated or if the scientific and 
regulatory communities develop additional data on acceptable or tolerable 
concentrations in human biological media.   

Dietary exposure has been suggested by some to be the primary route of 
exposure to pyrethroids (Heudorf and Angerer 2001; Schettgen et al. 2002), 
although this has recently been refuted (Lu et al. 2006).  By replacing 
conventional diets with organic diets, Lu et al. were able to show that dietary 
exposures are a small contribution to overall pyrethroid exposures in children.  
The greatest contributor to pyrethroid exposures were self-reported use of a 
pyrethroid containing product in the home or lawn (Lu et al. 2006).  
Consequently, it would be anticipated that humans may have a small 
background exposure to pyrethroids from the diet, with possible short-term 
transient elevated exposures following applications of pyrethroid-containing 
products in the home, on the lawn, or coming in contact with other facilities 
(parks, golf courses, commercial buildings) that have recently used a 
pyrethroid-containing product.  As a result, a randomized population-based 
biomonitoring study (like NHANES) might capture some elevated levels of 
FPBA resulting from acute exposures associated with recent applications of 
cyfluthrin.  The results from the one-compartment simulations provided in 
Figure 3 provide some insights on how to interpret some of these higher 
exposures.  As shown in Figure 3, a peak FPBA urine concentration that is 
approximately two times the steady-state levels predicted for the BE may still 
be consistent with exposures to the RfD if exposed via an acute episode.  
Furthermore, the peak concentration of cyfluthrin in blood is most relevant to 
the neurotoxicity mode of action (FAO/WHO, 2006). By analogy, the peak 
concentration of FPBA in urine may also be relevant for this type of 
interpretation.  Measuring cyfluthrin in blood as a biomarker of exposure 
would be even more relevant.   

The appropriate uses and limitations of BE values, particularly for compounds 
with relatively short biological and urinary half-lives such as FPBA, have been 
discussed previously (Hays et al. 2008).  The BE values can be used as a 
screening tool to evaluate population- or cohort-based biomonitoring data in 
the context of existing risk assessments.  As discussed above, because of the 
likely variations in measured urinary concentrations resulting from the 
relatively short biological half-lives of FPBA, the BE values for this compound 
are best used for assessment of the central tendency of measured values in a 
study.  In accordance with the guidelines for communication using BE values 
(LaKind et al. 2008), measured urinary concentrations below the BE values 
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represent relatively low priority for risk assessment follow-up.  Concentrations 
in excess of the BE values, but less than the BEPOD values represent medium 
priority for risk assessment follow-up, while those in excess of the BEPOD 
indicate high priority for risk assessment follow-up.  Based on the results of 
such comparisons, an evaluation can be made of the need for additional 
studies on exposure pathways, potential health effects, other aspects affecting 
exposure or risk, or other risk management activities.   

BE values do not represent diagnostic criteria and cannot be used to evaluate 
the likelihood of an adverse health effect in an individual or even among a 
population.  Measured values in excess of the identified BE values may 
indicate exposures at or above the current exposure guidance values that are 
the basis of the BE derivations.  However, as discussed above, measured 
concentrations of FPBA in spot urine samples above the BE values, which are 
based on 24-h average urinary concentrations, would be expected even if 
exposures do not exceed the exposure guidance values due to the transient 
concentration profiles in urine expected for FPBA, variations in hydration 
status, and other factors discussed further above.  Thus, interpretation of data 
for individuals or of tails of the distribution in population-monitoring studies is 
not appropriate. 

In addition, the exposure guidance values for cyfluthrin were derived with a 
substantial margin from doses that resulted in no observed effect in the most 
sensitive animal toxicity studies.  Thus, these values are not “bright lines” that 
distinguish safe from unsafe exposure levels.  Chronic exposure guidance 
values are set at exposure levels that are expected to be protective over a 
lifetime of exposure.  For short-lived compounds such as cyfluthrin, an 
exceedance of the corresponding BE value in a single urine sample may or 
may not reflect continuing elevated exposure.  Occasional exceedances of the 
BE value in individuals in cross-sectional studies do not imply that adverse 
health effects are likely to occur, but can serve as an indicator of relative 
priority for further risk assessment follow-up.  

Further discussion of interpretation and communication aspects of the BE 
values is presented in LaKind et al. (2008) and at 
www.biomonitoringequivalents.net. 
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Abstract 
Trihalomethanes (THMs) can form as byproducts during drinking water 
disinfection which is crucial for limiting human exposure to disease-causing 
pathogens.  The US Environmental Protection Agency (EPA), recognizing the 
importance of water disinfection for public health protection and potential risks 
associated with THM exposure, developed disinfection byproduct rules with the 
parallel goals of ensuring safe drinking water and limiting the levels of THMs in 
public water systems.  The National Health and Nutrition Examination Survey 
(NHANES) THM blood data can be used as a means for assessing US 
population exposures to THMs; Biomonitoring Equivalents (BEs) can provide 
human health risk-based context to those data.  In this paper, we examine the 
blood THM levels in the 1999-2004 NHANES data to (i) determine weighted 
population percentiles of blood THMs, (ii) explore whether gender and/or age 
are associated with blood THM levels, (iii) determine whether temporal trends 
can be discerned over the six-year timeframe, and (iv) draw comparisons 
between population THM blood levels and BEs.  A statistically-significant 
decrease in blood chloroform levels was observed across the 1999-2004 time 
period.  Age-related differences in blood chloroform levels were not consistent 
and no gender-related differences in blood chloroform levels were observed.  
The concentration of all four THMs in the blood of US residents from the 2003-
2004 NHANES data set are below BEs consistent with the current US EPA 
Reference Doses.  For bromodichloromethane and dibromochloromethane, the 
measured median blood concentrations in the US are within the BEs for the 
10-6 and 10-4 cancer risk range, while measured values for bromoform 
generally fall below the 10-6 cancer risk range.  These assessments indicate 
that general population blood concentrations of THMs are in a range 
considered to be a low to medium priority for risk assessment follow-up, 
according to the guidelines for interpretation of biomonitoring data using BEs. 

 

Introduction 
Trihalomethanes (THMs, including chloroform, bromodichloromethane [BDCM], 
dibromochloromethane [DBCM], and bromoform) are short-lived chemicals to 
which there is widespread human exposure.  THMs are produced when 
chlorine-based chemicals are used to disinfect public drinking water; the goal 
of disinfection is to protect human health by reducing human exposure to 
disease-causing pathogens.  However, toxicological studies have 
demonstrated the potential for adverse health effects from THM exposure at 
elevated levels, including toxicity to the liver and kidneys and carcinogenicity 
under chronic bioassay conditions (USEPA, 2006c; USEPA, 2005).  In addition, 
epidemiological studies have suggested potential associations between 
exposure to THMs and adverse reproductive outcomes (Bove et al., 2002; 
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Windham et al., 2003; Tardiff et al., 2006).  Thus, the US Environmental 
Protection Agency (USEPA), recognizing both the importance of water 
disinfection for public health protection and the potential risks associated with 
THM exposure, developed Disinfection Byproduct Rules (USEPA, 2001; 
2006a,b) with the parallel goals of ensuring safe drinking water and limiting 
the levels of THMs in public water systems.  

The Centers for Disease Control and Prevention (CDC) has released nationally 
representative data on blood levels of THMs in the US collected during three 
sampling periods (1999-2000, 2001-2002, and 2003-2004) as part of the 
National Health and Nutrition Examination Survey (NHANES) (CDC, 2003, 
2005).  The NHANES data can be used as part of a population-based exposure 
assessment.  However, limited tools are available for linking the biomonitoring 
exposure data to human health risk.  

Various approaches have been used to attempt to interpret the NHANES 
biomonitoring data in terms of human health.  One approach involves deriving 
correlations between the biomonitoring levels and health effects from 
epidemiological studies.  These efforts have difficulty reconciling the transient 
and variable nature of the short-lived biomarkers with chronic effects/diseases 
(LaKind et al., 2008). Another approach involves estimating the plausible 
distribution of doses that would yield the resulting distribution of 
biomonitoring data. The estimated doses can then be compared to established 
exposure guidance values derived by regulatory agencies, like the Reference 
Dose (RfD) established by the USEPA (Tan et al., 2006, 2007). However, this 
approach is complex, especially for compounds with short half-lives, multiple 
routes of exposure, and intermittent exposure patterns, and the inherent 
uncertainties of the reverse dosimetry approach for short-lived compounds 
have been noted (Hays et al., 2007; Sohn et al., 2004).  

The concept of Biomonitoring Equivalents (BEs) was introduced to provide a 
method for conducting a screening-level human health risk evaluation of 
biomonitoring data (Hays et al., 2007).  BEs, developed to serve as an 
interpretive and risk management tool, are concentrations or ranges of 
concentrations of a chemical in a biological medium such as blood or urine 
consistent with existing health-based exposure guidelines like the RfD (Hays 
et al., 2007, 2008; LaKind et al. 2008).  BEs are screening tools for assessing 
whether biomonitoring data indicate a large, small, or no margin of safety 
compared to existing health-based exposure guidelines.  In general, BEs are 
derived from chemical-specific human or animal pharmacokinetic data in a 
manner that reconstructs the risk assessment’s underlying exposure guidance 
values (e.g., RfDs, Reference Concentrations) on an internal dose basis.  
Detailed guidelines for the derivation and communication of BEs are available 
(Hays et al., 2008; LaKind et al., 2008) and BEs have been developed for 
THMs (Aylward et al., 2008).  
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In this paper we examine the blood THM levels in the 1999-2004 NHANES 
data in order to (i) determine weighted population percentiles of blood THMs 
for each sampling period, (ii) explore whether gender and/or age are 
associated with blood THM levels, (iii) determine whether temporal trends can 
be discerned over the six-year timeframe, (iv) and draw comparisons between 
population THM blood levels and health-based BEs for individual compounds as 
well as mixtures.  

 

Methods 
 

Analysis of NHANES blood data 
THM levels in blood were measured using solid-phase microextraction coupled 
with gas chromatography and high resolution mass spectrometry (Bonin et al. 
2005). These blood THM data are available for the time periods 1999-2000 
(http://www.cdc.gov/nchs/about/major/nhanes/lab99_00.htm), 2001-2002 
(http://www.cdc.gov/nchs/about/major/nhanes/nhanes2001-
2002/lab01_02.htm ), and 2003-2004 
(http://www.cdc.gov/nchs/about/major/nhanes/nhanes2003-
2004/lab03_04.htm ).  For each of the time periods, percentiles for the 
sampled population were computed using weights given by CDC (CDC, 2006).  
For weighted quantiles, an R package called Hmisc which contains a weighted 
quantile function was used (Harrell, 2008; R Development Core Team, 2008).  
Confidence intervals for quantiles were calculated using a weighted bootstrap 
method described by Chamberlain and Imbens (2003).  For examination of 
percent nondetects for each of the sampling periods, unweighted data were 
used.  Data on individuals aged 20 to 59 years were given by CDC, and 
percentiles for the different age groups within the population were estimated.  
Temporal trends for the three timeframes were assessed.  The hypothesis test 
used is based on finding the largest value of α such that simultaneous 
confidence intervals with coverage probability 1- α (based on asymptotic 
normal approximation to the distribution of the median estimates) for the 
three years’ medians fail to overlap.  Measurements below the limit of 
detection (LOD) were assigned a value of the LOD/√2.  In general, detection 
limits ranged from 0.3–2.4 pg/ml for all three sampling periods.  Throughout 
this paper, the units for blood THMs are pg/ml, or parts per trillion (ppt).  A 
small number of participants within each sampling period had levels of THMs 
that were above the calibration range (1999-2000: chloroform at 455 and 
1570 pg/ml; 2001-2002: chloroform at 623, 693, and 22,000 pg/ml; 2003-
2004: bromoform at 310 pg/ml).  These values were included in the analyses.   
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Development of BEs for THMs  
Detailed information on the method for deriving BEs for THMs is given in 
Aylward et al. (2008).  The BE derivation is based on reproducing the existing 
cancer and non-cancer risk assessments on an internal dose basis in order to 
derive estimates of average blood concentrations consistent with external 
dose benchmarks for cancer (risk-specific doses corresponding to 10-6 and 10-4 
risk levels) and non-cancer (human-equivalent point of departure and 
reference dose).  Each BE is derived through consideration of the toxicological 
data underlying the respective exposure guidance value, understanding of the 
pharmacokinetics of THMs in humans, and application of appropriate 
uncertainty factor components to the toxicological point of departure.  The BEs 
can be used as screening tools to identify whether the measured population 
concentrations are in the region of low, medium, or high priority for risk 
assessment follow-up (Hays et al., 2008; LaKind et al., 2008).  In accordance 
with the BE derivation and communication guidelines (Hays et al., 2008; 
LaKind et al., 2008), biomarker concentrations below the BERfD (biomarker 
concentration consistent with the RfD) are identified as indicating “low 
priority” for risk assessment follow-up, while concentrations in excess of the 
BERfD but below the BEPOD (biomarker concentration consistent with the 
human-equivalent point of departure) indicate medium priority, and those in 
excess of the BEPOD indicate high priority for risk assessment follow-up.  For 
cancer endpoints, the corresponding regions of priority are delineated by the 
BEs associated with the 10-6 and 10-4 risk levels.  The BEs for the four THMs 
based on the currently available exposure guidance values are summarized in 
Table 1.  If alternative risk assessments based on different underlying 
toxicological or epidemiological data are conducted, different evaluations of BE 
values would be required.  Details regarding the assumptions and approaches 
used in their derivation, as well as detailed discussion regarding their 
limitations and appropriate uses, are presented in Aylward et al. (2008).  
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Table 1: Summary of Biomonitoring Equivalent (BE) values for trihalomethane 
compounds.  As discussed in the text, the BE values are used to delineate 
concentration ranges corresponding to low, medium, or high priority for risk 
assessment follow-up.  The values presented here are 24-hour average 
concentrations consistent with the exposure guidance values (reference doses 
or cancer risk-specific doses).  Full details on the derivation, limitations, and 
appropriate application of these BE values are presented in Aylward et al. 
(2008). 

 
a Blood concentration estimated based on the relevant internal dose metric in the animal species 
divided by the appropriate interspecies uncertainty factor (see Aylward et al. 2008 for details on 
derivation). 
b Blood concentration in humans consistent with the RfD. 
c Not applicable.  Chloroform is not included because the US Environmental Protection Agency has 
concluded that the RfD of 0.01 mg/kg-d is protective against cancer risk and no slope factor has 
been established (USEPA, 2008a) 
 

Evaluation of THM mixtures in blood 
Multiple THMs tend to be formed during water disinfection and likely lead to 
simultaneous exposure to more than one THM.  Therefore, a mixtures risk 
assessment approach is needed.  Regulation of THMs in drinking water is 
based on a sum of the concentrations of the four compounds; however, the 
differing toxicological potencies among the four compounds necessitates 
understanding which compounds contribute to the mixture of THMs in blood.  
One approach used for mixtures risk assessment in environmental settings for 
non-cancer endpoints is the Hazard Index (HI) approach.  Briefly, the ratio of 
the measured dose of each compound in a mixture to the chemical-specific 
reference value (reference dose, for example) is calculated, and these hazard 
quotients are summed to obtain a hazard index for the suite of chemicals 
considered.  The current mixtures risk assessment paradigm implies no excess 
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risks when the HI is below 1.  Such an approach is most defensible when the 
chemicals of interest have similar modes of action and target organ toxicities 
(USEPA, 2007), and when non-additive interactions among the chemicals of 
interest are neither known nor suspected.  

The BEs present an opportunity to attempt a similar approach to the mixtures 
biomonitoring data available in the NHANES data.  Briefly, for each individual 
in the NHANES 2003-2004 dataset, we calculate an HI as follows: 

HI = [THMi]
BERfD,ii=1

4

∑  

where the ratios of each THM compound concentration in blood to its BE 
associated with the RfD (BERfD) are summed.  We provide the population-
weighted median and 95th percentile of the estimated HI values across the 
individuals in the NHANES 2003-2004 dataset. 

 

Results  

 
Weighted population percentiles of blood THM levels for each sampling period 
and temporal trends 
Selected weighted population percentiles (pg/ml, 95% CIs) for three NHANES 
sampling time periods are given in Table 2.  Median levels of chloroform show 
a statistically significant decline from 1999-2000 to 2003-2004 (p<0.0002).  
Median levels of bromodichloromethane increased across the first two 
sampling periods, but then declined in 2003-2004 compared to the earliest 
data.  An overall decline in median dibromochloromethane levels was found.  
Levels of bromoform appear to have first increased and then declined.  
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Table 2: Blood trihalomethane (THM) concentrations (pg/ml) and 95% confidence 
intervals (CIs) for selected percentiles for the three time periods 1999-2000, 2001-
2002, and 2003-2004 from National Health and Nutrition Examination Survey data for 
individuals age 20 years and older (weighted data). 

 
a confidence interval 
b Median Limit of detection (LOD) (range of LODs): 2003-2004, 0.62 (0.21-0.62)  
c Median LOD (range of LODs): 1999-2000, 0.23 (0.21-0.24); 2001-2002, 0.23 (0.20-0.27); 
2003-2004, 0.62 (0.21-0.62) 
d Median LOD (range of LODs): 1999-2000, 0.52 (0.49-0.55); 2001-2002, 0.54 (0.49-0.83); 
2003-2004, 1.5 (0.55-1.5) 
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Gender and age differences for blood THM levels within sampling periods 

Focusing on chloroform (which had the lowest percentage of nondetects of the 
THMs across all three sampling periods; Table 2), there are no consistent 
trends by age or between men and women across the three sampling periods 
(Table 3).  The difference in median blood chloroform levels for both men and 
women decreased considerably between 1999-2000 and 2003-2004 (Table 3).  
For 1999-2000, while the trend appears to be one of decreasing concentration 
with increasing age in aggregate, no consistent decrease by age group was 
found when the sampled population was analyzed by gender (data not 
shown). 

 

Table 3: Influence of age and gender on temporal trends of chloroform blood 
levels in the US. 

 

 

Comparison of blood THM levels to BEs 
In order to provide public health perspective on the blood THM levels from the 
NHANES study, the most current data (the 2003-2004 sampling period) were 
compared to the BEs developed for each of the four THMs.  For chloroform, 
the BE is based on a value derived for noncancer effects that is also 
considered to be protective for cancer (USEPA, 2008a).  For the three other 
THMs, BEs are available for both noncancer and cancer endpoints.  The 2003-
2004 NHANES median and 95th percentile blood THM values are compared to 
their respective BEs in Table 4.  
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Median and 95th percentile chloroform levels are approximately 20 and 4 times 
lower, respectively, than the BERfD.  Median and 95th percentile 
bromodichloromethane and dibromochloromethane levels are both below the 
respective noncancer BERfD but within the 10-4 to 10-6 range BE for cancer.  
Median and 95th percentile bromoform levels are below the noncancer-based 
BE and below the cancer-based BEs at the 10-6 level.  Figure 1 (adapted from 
Aylward et al., 2008) illustrates the measured NHANES data for 
bromodichloromethane in the context of the estimated BEs based on the 
cancer risk endpoint for this compound.  In accordance with recommendations 
presented in the guidelines for communication using BEs (LaKind et al., 2008), 
regions of low, medium, and high priority for risk assessment follow-up are 
defined based on whether measured concentrations are below the BERfD and/or 
the 1 x 10-6 risk level (low priority), in the range of 1x 10-6 to 1 x 10-4 risk 
(medium priority) or in excess of 1 x 10-4 risk (high priority).  For 
bromodichloromethane, the median and 95th percentile measured 
concentrations in the NHANES 2003-2004 fall into the “medium” priority 
range.  The measured concentrations of all four THMs are below their 
respective BERfD values, indicating low priority for risk assessment follow-up 
(based solely on comparison to the non-cancer endpoints). 

Table 4: Blood trihalomethane (THM) levels (pg/ml) for the 2003-2004 
National Health and Nutrition Examination Survey data and corresponding 
cancer- and noncancer-based Biomonitoring Equivalents (BEs). 
 

 
a confidence interval 
b Median limit of detection (LOD) (range of LODs): 0.62 (0.21-0.62) 
c Median LOD (range of LODs): 1.5 (0.55-1.5) 
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Figure 1: Measured National Health and Nutrition Examination Survey 
(NHANES) blood concentrations (median, 95th percentile) in the context of 
estimated Biomonitoring Equivalents (BE) for bromodichloromethane (BDCM) 
based on cancer risk specific doses at levels consistent with the 10-6 and the 
10-4 risk-specific doses (adapted from Aylward et al., 2008).  The measured 
blood bromodichloromethane concentrations fall within this range, indicating a 
“medium” priority for risk assessment follow-up in the framework established 
in the BE guidelines for communication (LaKind et al., 2008). 
 

The non-cancer mixture assessment for the four THM compounds using the 
additive HI approach for each individual resulted in HIs below 1 at the median 
(0.2) and 95th percentile (0.8) of the population based on the NHANES 2003-
2004 dataset.  

 

Discussion 
The availability of nationally representative data on blood THM levels in the US 
over multiple years allows for a first look at temporal, gender, and age trends 
for these chemicals. In addition, with the use of BEs, public health 
interpretation of these levels can be provided.  
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A statistically significant decrease in blood chloroform levels was observed 
across the 1999-2004 time period.  This decrease in blood chloroform levels 
coincides with the implementation of the Stage 1 Disinfectants and 
Disinfection Byproducts Rule, which required water systems to reduce the 
annual average of total THM levels to less than 0.08 mg/L (USEPA, 2001) from 
a previous limit of 0.1 mg/L.  Large surface water systems were required to 
comply with the Stage 1 Disinfectants and Disinfection Byproducts Rule by 
January 2002 (USEPA, 2001).  This regulation was implemented to reduce 
THM exposure and is likely to have contributed to the desired effect. Indeed, 
we find decreasing blood chloroform between 1999-2000, 2001-2002 and 
2003-2004.  While the relationship between the Stage 1 Rule and decreasing 
levels of blood chloroform levels could be a causal one, decreases in blood 
chloroform levels could have resulted from differences in a variety of other 
factors (e.g., changes in non-disinfected private well use, rate of swimming, 
source water bromide levels) across the three sampling periods. 

Consistent declines were not observed for blood levels of the other THMs, but 
the analyses were impeded by the fact that levels were closer to or below 
limits of detection.  For this reason, we focused on chloroform in our analyses 
of age- and gender-related trends.  Age-related differences in blood 
chloroform levels were not consistent.  For example, median levels generally 
decreased with increasing age group for the 1999-2000 period, but this was 
not observed for the 2001-2002 data; there was a small, non-significant 
difference in levels between youngest and oldest age groups in the 2003-2004 
time period.  We did not find gender-related differences in blood chloroform 
levels for any of the time periods.  

The derivation of BE values is one effort to provide context and information 
useful for interpretation of biomonitoring data; these values are not regulatory 
risk assessments or determinations.  The US blood THM levels from the 2003-
2004 data set are below BEs consistent with the current USEPA RfDs for these 
compounds, and indicate levels between the 10-6 and 10-4 cancer risk range 
for bromodichloromethane and dibromochloromethane (and below the 10-6 
risk level for bromoform).  The non-cancer mixture assessment for the four 
THM compounds using the additive HI approach for each individual resulted in 
HIs below 1 at the median and 95th percentile of the population (HIs of 0.2 
and 0.8, respectively) based on the NHANES 2003-2004 dataset.  These 
assessments indicate that, based on the NHANES 2003-2004 data and the BEs 
derived from EPA guidance values, general population blood concentrations of 
THMs are in a range that would be considered to be a low to medium priority 
for risk assessment follow-up.  

The statistical evaluation of biomonitoring data from NHANES and the 
comparison of these data to BEs for the THMs presented here must be 
considered in the context of the characteristics of THM compounds.  THMs are 
volatile and are rapidly metabolized and eliminated from blood following 
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exposure.  Exposures to THMs in water can occur from consumption of water 
but also following inhalation or dermal exposure during use of water for 
showering, cooking, dishwashing, and other activities (Ashley et al., 2005).  
Such exposures can result in rapid increases in blood concentration followed 
by rapid declines (Ashley et al., 2005).  Thus, measurement of THM 
concentrations in blood at any given time does not provide information for an 
individual regarding either long-term or peak exposure levels.  However, the 
cross-sectional nature of the NHANES study does provide a broad overview of 
the range of values likely to be encountered in the general US population on a 
typical ongoing basis.  

The BEs used here to provide a screening level evaluation of the NHANES data 
are based on time-weighted average (not peak) daily blood concentrations 
consistent with the current reference doses and cancer risk-specific values for 
the various compounds (changes in those reference values would necessitate 
reconsideration of the BEs).  These BEs and their underlying reference values 
are based on an assumption of ongoing, lifetime exposures, and interpretation 
of cross-sectional data (whether biomonitoring data or data on concentrations 
in drinking water) must always be made with this limitation in mind.  In 
comparison, someone experiencing a single, bolus, once per day exposure 
equivalent to an RfD could experience a peak blood concentration of 
chloroform approximately five times the 24-hour theoretical average blood 
concentration at that same exposure, which is the concentration reported as 
the BE.  Thus, comparison of the cross-sectional data with these BEs based on 
the lifetime exposure assumption must be made cautiously, given both the 
inherent within-day variability as well as the potential for variation over longer 
time frames for these types of data.  Comparison of the NHANES data to the 
BEs provide a rational basis for a screening-level assessment of the public 
health risks indicated by these data, but results at the upper or lower tails of 
the NHANES dataset distributions (which may represent transient peak or 
minimum blood concentrations, respectively) should be interpreted in 
comparison with the BEs only with a great deal of caution.  

The analytical sensitivity achieved in the NHANES 1999-2004 datasets was 
sufficient to allow detection of the THM compounds in the majority of sampled 
individuals, and so avoids the limitations of the earlier NHANES III analyses 
(sampling conducted from 1988 to 1994; Ashley et al., 1994).  However, 
given the highly transient nature of these compounds, public health 
interpretation of ongoing exposures would be enhanced by the development of 
biomarkers of THM exposures that have longer half-lives.  Such biomarkers 
might include urinary metabolites (if stable and selective markers could be 
discovered) or protein adducts resulting from the reaction of the THM 
compounds or their metabolites with proteins in blood.  Biomarkers that 
represent more of an integrative measure of exposure would reduce some of 
the issues with interpreting the tails of the current THM in blood biomarkers.  
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The NHANES study design is a complex, multistage, probability sample 
designed to represent the civilian, non-institutionalized population and, as 
such, is not designed to necessarily capture individuals who may be 
occupationally exposed (for example, persons who work in recreational 
facilities with swimming pools or in water treatment facilities) or special 
populations such as frequent or competitive swimmers.  Thus, conclusions 
drawn from examination of the NHANES blood concentration data are limited 
to members of the typical general population and may not apply to these 
special population groups.  Furthermore, studies that attempt to measure 
potential peak levels of THMs in blood of individuals experiencing temporary 
and intermittent activities that might be associated with high THM exposures 
(taking a shower and/or swimming in a chlorinated swimming pool) should not 
be interpreted using the BERfD since these BEs are designed to be associated 
with interpreting steady-state life-time average blood levels of THMs.  Rather, 
the biomonitoring levels associated with these types of intermittent and 
temporary elevated exposures may be more appropriate to interpret using a 
BE associated with an acute exposure guidance value such as the acute 
duration Minimal Risk Level (MRL) set by the Agency for Toxic Substances and 
Disease Registry (ATSDR).  Such BEs would likely be several-fold higher than 
the BEs based on lifetime chronic RfD values. 

The mixture evaluation presented here is drawn from methods used in risk 
assessments for situations involving exposure to multiple compounds.  In the 
case of THM compounds, the similarities in non-cancer response endpoints 
across compounds (liver toxicity) supports, at least in theory, consideration of 
the mixture using a hazard index approach, and incorporates an assumption 
that the exposure levels encountered in the general population are not likely 
to approach levels in which metabolic interactions and inhibition would occur 
(Haddad et al. 2006).  We recognize that this approach has not been validated 
for assessments based on biomonitoring data, but present this analysis as a 
potential application of an existing risk assessment approach.  Other 
approaches to mixtures can be contemplated, and the BEs may be useful in 
those approaches as well. 
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Abstract 
Background:  Several extensive studies of exposure to 2,4-
dichlorophenoxyacetic acid using urinary 2,4-D concentrations in samples from 
the general population, farm applicators and farm family members are now 
available.  Reference doses (RfDs) exist for 2,4-D, and Biomonitoring 
Equivalents (BEs; concentrations in urine or plasma that are consistent with 
those RfDs) for 2,4-D have recently been derived and published.  Objective:  
Review the available biomonitoring data for 2,4-D from the United States and 
Canada and evaluate in the context of the BE values.  Data Sources:  Data 
on urinary 2,4-D excretion in general and target populations from recent 
published studies are tabulated.  The derivation of BE values for 2,4-D is 
summarized.  The biomonitoring data are compared to appropriate BE values 
to draw general conclusions regarding the margin of safety for 2,4-D 
exposures within each population group.  Data Synthesis:  The biomonitoring 
data indicate margins of safety of approximately 200 at the central tendency 
and 50 at the extremes in the general population.  Median exposures for 
applicators and their family members during periods of use appear to be well 
within acute exposure guidance values.  Conclusions:  Biomonitoring data 
from these studies indicate that current exposures to 2,4-D are below 
applicable exposure guidance values.  This case study demonstrates the value 
of biomonitoring data in assessing population exposures in the context of 
existing risk assessments using the BE approach.  Risk managers can use this 
approach to integrate the available biomonitoring data into an overall 
assessment of current risk management practices for 2,4-D. 
 

Introduction 
Biomonitoring data for 2,4-dichlorophenoxyacetic acid (2,4-D) in urine 
samples are now available from a number of studies of both the general 
population (including preschool aged children) and farm applicators and their 
family members (Alexander et al. 2007; Arbuckle and Ritter 2005; Arbuckle et 
al. 2002, 2004, 2006; CDC 2005; Morgan et al. 2008).  Such data provide an 
integrated measure of absorbed dose from all pathways and routes of 
exposure.  The hazards of 2,4-D were recently assessed by the United States 
Environmental Protection Agency (USEPA 2004) and the Canadian Pest 
Management Regulatory Agency (PMRA 2007) .  The USEPA-derived reference 
doses (RfDs) for acute and chronic exposure to 2,4-D are based on external 
exposure metrics (administered dose), which are not directly useful for 
evaluating biomonitoring data.  However, Biomonitoring Equivalent (BE) 
values corresponding to RfDs for acute and chronic exposure scenarios are 
now available (Aylward and Hays 2008) and can be used as a tool for 
assessing the biomonitoring data directly in a public health risk context, 
without requiring calculation of corresponding external dose, as has previously 
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been done (Mage et al. 2004).  This paper reviews urinary biomonitoring data 
for 2,4-D from several studies in the general population and in farmers and 
farm family members and evaluates the data in the context of the BE values 
for 2,4-D presented in Aylward and Hays (2008) to assess the current margin 
of safety for population exposures to 2,4-D in the United States and Canada. 

Methods 

Biomonitoring data 
Urinary biomonitoring data for 2,4-D are available from several studies of both 
general population adults and children and from studies of farmers and farm 
family members: 

• The National Center for Environmental Health of the Centers for 
Disease Control and Prevention (CDC) measured 2,4-D in urine samples 
collected from a complex, stratified random sample of the civilian, non-
institutionalized population of the U.S., ages 6 to 59, during 2001-2002, as 
part of the National Health and Nutrition Examination Survey (NHANES) 
(CDC 2005).   

• Morgan et al. (2004, 2008) recently examined the exposures of 135 
preschool children and their adult caregivers to 2,4-D at their homes in 
North Carolina and Ohio  from the Children’s Total Exposure to Persistent 
Pesticides and Other Persistent Organic Pollutants (CTEPP) study.  
Participants were randomly recruited from homes in six North Carolina and 
six Ohio counties. Participants were recruited by field staff from homes 
between February 2000 and February 2001 in NC and January 2001 and 
November 2001 in Ohio.  Monitoring was performed over a 48-hour period 
at the participants’ homes.  Spot urine samples and environmental samples 
including air, soil, dust, hand wipes and food were collected and analyzed 
for 2,4-D. 

• Alexander et al. (2007) reported urinary 2,4-D data from the Farm 
Family Exposure Study.  Participants in the study included 34 farmers in 
Minnesota and South Carolina who were licensed applicators and their 
spouses and children (n=53) living on the farm property.  Participants 
collected 24-hour urine samples the day prior to, the day of, and for 3 days 
following application of 2,4-D on their farms during the 2000 or 2001 
growing season. 

• Curwin et al. (2005) measured urinary 2,4-D concentrations in 16 
farmers 1 to 5 days following their application of 2,4-D on the farm during 
the spring and summer of 2001.  Samples were composited from urine 
samples collected in the evening and the following first morning sample. 

• The Pesticide Exposure Assessment Study measured the extent to 
which agricultural pesticide applicators and their families in Ontario, 
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Canada are exposed to pesticides during normal handling practices 
(Arbuckle et al. 2002, 2004; Arbuckle and Ritter 2005).  Farmers from the 
previously conducted Ontario Farm Family Health Study (Arbuckle et al. 
1999), who had reported using phenoxyacetic acid herbicides were 
telephoned in early 1996 to determine their eligibility for the current study.  
To be eligible, the farmer had to: 1) be planning to use 2,4-D or (4-chloro-
2-methylphenoxy) acetic acid (MCPA) in the coming growing season, 2) be 
the individual who would be handling the herbicides on the farm, 3) have 
his or her home on the farm property, and 4) be currently living with his or 
her spouse.  A total of 126 families provided a spot urine sample prior to 
handling either 2,4-D or MCPA and then provided two consecutive 24-hour 
samples following use of the herbicide.  All samples were collected in 1996. 

• The Agricultural Health Study/Pesticide Exposure Study (AHS/PES) was 
designed to evaluate exposure to 2,4-D and chlorpyrifos in a subset of 
individuals enrolled in the Agricultural Health Study, which is a large, 
prospective epidemiological study of pesticide applicators and their spouses 
in Iowa and North Carolina to study the relationships between agricultural 
exposures and disease.  Participants in the AHS were contacted randomly 
and surveyed to ascertain their planned use of the 2,4-D and chlorpyrifos, 
and then a subset of participants were enrolled in the Pesticide Exposure 
Study (Thomas et al. 2009).  Urinary samples were collected during 2001 
and 2002, and included a preapplication first morning void sample, as well 
as a 24-hour sample starting the day of application (“Day 1”) and, 
optionally, for days 2 through 5 as well.   

 

Reference Doses and Biomonitoring Equivalents   
The USEPA recently conducted a review of 2,4-D and adopted both a chronic 
oral RfD as well as acute RfDs (applicable to single day exposures) for this 
herbicide (USEPA 2004).  The derivations of the BE values associated with the 
RfD values are summarized in Table 1.   BEs are defined as the concentration 
of a chemical or its metabolite in a human biological medium (usually blood or 
urine) that is consistent with existing exposure guidance values (see Hays and 
Aylward, 2009; Hays et al. 2007, 2008) for further description and discussion 
of the BE approach and application).   

The pharmacokinetics of 2,4-D have been studied in two sets of human 
volunteers (Kohli et al. 1974; Sauerhoff et al. 1977).  Both found that 2,4-D is 
eliminated in urine either as the unchanged parent compound (80-95%) or as 
a conjugate, with urinary half-lives on the order of 1 day.  There was no 
evidence of oxidative metabolism, consistent with data from other mammalian 
species (Timchalk 2004).  Based on these pharmacokinetic data, continuing 
exposure for more than 1 week of exposure would result in a steady-state in 
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which the amount excreted daily in urine would be approximately equivalent to 
the amount absorbed each day.  

Table 1: Reference doses established by USEPA (2004) for 2,4-D and 
derivation of corresponding BE values.  Details of the derivation are presented 
in Aylward and Hays (2008). 

 
a Derivation based on USEPA (2004) memorandum indicating 1) POD same as for general 
population chronic RfD, and 2) desired MOE of 100, based on UFs of 10 each for inter- and intra-
species variation.   
b Uncertainty factor applied to account for the lack of a developmental neurotoxicity study and the 
need for a repeated 2 generation bioassay with a focus on thyroid and immunotoxicity endpoints. 
c cr = creatinine 
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Because 2,4-D is excreted as the parent compound in urine, most 
biomonitoring evaluations of exposure to 2,4-D have relied on measurements 
(quantifying both free and conjugated parent compound) in urine samples 
(Knopp and Glass 1991; Knopp 1994; CDC 2005), although a few kinetic 
studies have examined plasma concentrations of 2,4-D in humans and animals 
as well (Kohli et al. 1974; Saghir et al. 2006; Sauerhoff et al. 1977; van 
Ravenzwaay et al. 2003).  The relative ease of collection of urine samples 
compared to blood samples contributes to this choice.  From a toxicological 
point of view, plasma concentrations of 2,4-D are probably more informative 
for predicting target tissue concentrations and responses (for example, 
neurotoxic responses).  This would be particularly true under conditions of 
episodic, higher-level exposures.  However, under conditions of chronic, low-
level exposures, urinary excretion rates of 2,4-D should be specific and 
quantitatively relevant in a framework of a mass-balance assessment.  That is, 
under exposure conditions that approximate steady-state conditions 
(consistent with the definition of chronic RfDs and related exposure guidance 
values; see, for example, the definition of reference dose provided under the 
USEPA IRIS program at http://www.epa.gov/IRIS/help_gloss.htm#r), daily 
urinary excretion of 2,4-D should equal daily intake.   

The straightforward elimination kinetics of 2,4-D (as parent compound or 
conjugate in urine with essentially no oxidative metabolism) and the lack of 
direct relationship between urinary concentration and critical internal dose 
metrics suggests a simple mass-balance approach for derivation of BE values 
for urinary 2,4-D consistent with chronic exposure at the chronic RfD.  The 
process of deriving the BEPOD and BERfD values for 2,4-D is detailed in Aylward 
and Hays (2008) and summarized below and in Table 1.   

The point of departure (POD) for the USEPA chronic RfD is a no-observed-
adverse-effect-level (NOAEL) of 5 mg/kg-d in rats fed 2,4-D chronically in the 
diet.  Applying an uncertainty factor (UF) of 10 for interspecies variation, the 
human equivalent POD is 0.5 mg/kg-d.  Calculating the average concentration 
of 2,4-D in urine in humans associated with this chronic daily dose (after 
application of the interspecies UF) yields the BEPOD. The daily mass intake at 
the human equivalent POD was estimated for a variety of child and adult body 
weights.  Estimated distributions of daily creatinine excretion or urinary 
volume as a function of sex, age, and body size were used in a Monte Carlo 
analysis to estimate a distribution of creatinine-adjusted urinary 2,4-D 
concentrations for various age and sex categories (methods are described in 
detail in Aylward and Hays, 2008).  The average of median estimated 
creatinine-adjusted 2,4-D concentration consistent with chronic exposure at 
the human equivalent POD (the BEPOD) for 2,4-D for adults (males and 
females) is approximately 20,000 µg/L or 30,000 µg/g creatinine.  These 
values were consistent with the range of median values identified in the 
simulations for children of various ages.  Concentrations at the 95th percentiles 
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of the estimated distributions were generally within a factor of 2 of the median 
values.   

The BE associated with the chronic RfD was derived by dividing the BEPOD by 
the UF of 10 for intraspecies variation and the UF of 10 applied by USEPA for 
database uncertainties (for a total composite UF of 1,000 applied to the animal 
NOAEL POD).  BE values corresponding to the acute RfDs were derived in a 
similar fashion, except that the assumption of steady-state was not made.  
Based on the urinary elimination half-life of approximately 1 day, an 
assumption was made that one-half of the intake doses at the human 
equivalent POD for the acute RfD values would be eliminated in the first 24 
hours following exposures.  Average urinary 2,4-D concentrations (both 
absolute and creatinine-adjusted) corresponding to one-half the human 
equivalent POD doses were estimated, and the intra-species and database 
uncertainty factors were then applied to obtain the BERfD_acute values.  These BE 
values are appropriate for use when the exposure is short term and episodic 
and the timing of the sample collection compared to exposure is known.   The 
derivation and resulting values are summarized in Table 1.   

 

Results 
Urinary 2,4-D concentrations measured in studies of general population groups 
(CDC, 2005; Morgan et al. 2008) are summarized in Table 2.  Exposure 
pathways for persons in the general population may include ingestion of 
residues in food products, inhalation, and direct contact with dust (Morgan et 
al. 2004, 2008).  The measured urinary concentrations are presented in the 
context of the appropriate BE values based on the USEPA chronic RfD in Figure 
1.   The urinary levels of 2,4-D observed in the general population samples are 
far below the BE value corresponding to the USEPA chronic RfD, with median 
and upper bound measured concentrations more than 100- and 50-fold below 
the BERfD.    

Corresponding data for farmers and members of their families obtained in the 
days immediately following application of 2,4-D (Alexander et al. 2007; 
Arbuckle and Ritter 2005; Arbuckle et al. 2002, 2004; Curwin et al. 2005; 
Thomas et al. 2009) are summarized in Table 3.   Exposure pathways for non-
applicators on the farm may include secondary exposure to field, farm 
machinery, or the applicator, and drift of herbicide during application with 
resulting inhalation, dermal and oral  exposure following contact with residues 
on surfaces in the home.  Urinary concentrations collected from farm family 
members in the day or days immediately following application of 2,4-D fell 
below the applicable acute BE values.   

Measured urinary concentrations in farmers involved in application of 2,4-D 
are presented in the context of BE values corresponding to the USEPA target 
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margin of exposure for occupational exposure in Figure 2.  Again, the data 
suggest an overall margin of safety, with median or geometric mean levels in 
farmers involved in application of 2,4-D more than 25-fold below the 
occupational BE target value.  However, some individuals had single spot 
urinary concentrations that approached the occupational BE target value.  The 
highest urinary level of 2,4-D reported in Thomas et al. (2009) on Day 5 
following application was 2500 µg/L, in excess of the occupational BE value of 
2000 µg/L (data not shown).  However, all other reported occupational 
measurements were below the occupational BE. 

 

Table 2: Urinary biomonitoring data for samples from the general population 
in the United States. 

 
a LOD for NHANES 2001-2002 was 0.2 µg/L 
b n=55 
c n=59 
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Figure 1: Urinary 2,4-D concentrations (µg/L) in general population studies 
presented in the context of the BE value corresponding to the USEPA RfD for 
general population chronic exposures.  The NHANES symbol represents the 
95th percentile for all tested participants (median values were below the LOD; 
see Table 2).  The symbols for data from Morgan et al. (2008) represent the 
median values for the children and adults from two states; bars extend to the 
95th percentile for each group.  The shaded regions represent concentration 
ranges associated with low, medium, and high priority for risk assessment 
follow-up based on the criteria described in the BE communications guidelines 
(LaKind et al. 2008). 
 



 344 

Table 3: Concentrations of 2,4D measured in urine collected following acute 
exposure due to agricultural use of 2,4-D.  Concentrations reported are 2,4-D 
in urine samples collected 1 day following application of 2,4-D on farms in 
applicators (Alexander et al. 2007; Arbuckle et al. 2002; Thomas et al. 2009) 
and family members (spouses and children; Alexander et al. 2007; Arbuckle et 
al. 2004) or in applicators 1 to 5 days following application (Curwin et al. 
2005). 

 
a Geometric mean for farmers who reported spraying 2,4-D themselves in the 
previous 1 to 5 days. 
b Geometric mean 
c All spouses were female and all applicators were male. 
* LOD = 1 µg/L. 
NR= Not reported 
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Figure 2: Urinary 2,4-D concentrations (µg/L) in applicators on the day 
following application of 2,4-D presented in the context of the  human-
equivalent BEPOD and target BE values associated with the occupational risk 
assessment (USEPA 2004; see Table 1).  Symbols represent the median (or, in 
the case of Curwin et al. 2005 and Thomas et al. 2009, the geometric mean) 
and the bars extend to the maximum measured value in each study (not 
reported for Curwin et al. 2005).   See the Figure 1 caption for interpretation 
of the shaded concentration regions. 
 
 
 
 

Discussion 
Available biomonitoring data for 2,4-D in both the general and agricultural 
populations indicate that current uses and practices suggest exposures that 
are below the acceptable exposures identified by the USEPA.  General 
population values indicate a margin of safety compared to the BERfD of 
approximately 200 at the central tendency and greater than 50 at the upper 
percentiles of exposure.  Margins of exposure compared to the human-
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equivalent BEPOD are 100-fold greater.  These conclusions hold whether 
comparisons are made using volume or creatinine-adjusted concentrations.  
Median or average urinary 2,4-D concentrations for applicators are 
consistently below the BE values associated with occupational exposure 
targets set by USEPA (2004); however, evidence exists for exceptions near 
the occupational BE target value in a few individuals from the studied 
populations.   Biomonitoring data for spouses and children of applicators on 
the day following use of 2,4-D also fall below the BE values associated with 
general population acute exposure RfDs set by USEPA (2004).   

Other studies have reported related biomonitoring data.  Arcury et al. (2007) 
studied children from North Carolina farm worker families in 2004.  Multiple 
pesticides (or metabolites) were measured in urine samples from these 
children (1 to 6 years of age).  The median 2,4-D concentration was below the 
limit of detection (LOD) of 0.2 µg/L (42% of the 60 sampled children had 
detectable concentrations of 2,4-D, but the range of detected concentrations 
was not reported).  Garry et al. (2001) measured urinary 2,4-D in small 
numbers of forestry applicators who used a variety of methods to apply the 
herbicide.  Backpack sprayers had the highest measured urinary 
concentrations during time periods of use, with a median of 160 µg/L and a 
range up to 1700 µg/L (n=7).  Other modes of application such as use of 
boom sprayers or aerial applications resulted in lower urinary 2,4-D 
concentrations, with all measured values below 500 µg/L for boom sprayers 
and below 100 µg/L for other modes.  These values are consistent with the 
concentrations observed in farm applicators from the Alexander et al. (2007) 
study, and are also below the occupational BERfD presented in Table 1.   

The evaluation presented here is based on BE values derived from the USEPA 
risk assessment of 2,4-D (USEPA 2004).  However, the Canadian PMRA has 
also recently estimated acceptable daily exposures to 2,4-D (PMRA 2007).  
The derived acute and chronic reference doses are based on the same 
underlying data as used by the USEPA, with similar or identical choices of 
POD.  However, the PMRA assessment generally applied total uncertainty 
factors approximately 3-fold lower than those applied by USEPA, resulting in 
exposure estimates that are approximately 3-fold greater than those set by 
the USEPA.  Thus, the BEPOD values associated with the PMRA risk assessment 
would be essentially identical to those for the corresponding USEPA exposure 
guidance values.  Although BE values were not specifically derived based on 
the PMRA assessments, corresponding urinary BE values would be 
approximately 3-fold higher than those derived based on the USEPA RfDs.  BE 
values corresponding to the PMRA Acute RfD (ARfD) values for acute exposure 
in the general population and in females of reproductive age equal to 1,000 
and 4,000 µg/L, respectively (2,000 and 7,000 µg/g creatinine).  The BE value 
corresponding to the PMRA acceptable daily intake (ADI) for chronic exposure 
would be 700 µg/L (1,000 µg/g creatinine).  Thus, reliance on the PMRA risk 
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assessment does not change the overall conclusion of a substantial margin of 
safety under the various exposure scenarios. 

Uncertainties and Limitations.    
BE values are derived based on expected average concentrations (either 
volume based or creatinine-adjusted) in urine under conditions consistent with 
the underlying exposure guidance value (chronic or acute exposure 
conditions).  Some variability in concentration is expected due to use of spot 
urine samples, inter-individual variability in creatinine excretion rates, and 
variability in urinary volume due to hydration status.  Morgan et al. (2004, 
2008) investigated the variability of 2,4-D concentrations among spot urine 
samples (i.e., first morning void, after lunch, and before bedtime) collected 
over the course of 48 hours from 28 adults and 28 children.  The maximum 
measured spot urine value was within a factor of 3 of the mean value in 53 of 
the 56 individuals, consistent with previous assessments of variability among 
spot samples (see, for example, Scher et al. 2007).   

2,4-D is relatively short-lived, with a urinary half-life on the order of one day, 
so for an individual in the general population, a single measurement does not 
characterize long-term exposure.  However, the NHANES urinary data for 2,4-
D are representative of the United States population and samples were 
collected at various times through the year.  NHANES data would be expected 
to capture indications of higher exposures if they were occurring with any 
frequency, unless such variations were highly seasonal and geographically 
isolated.  Urinary concentration data from Morgan et al. (2004, 2008) collected 
from two different geographical regions of the United States (NC and OH) over 
the course of a year suggest somewhat higher exposures than reflected in the 
NHANES dataset, but both sets indicate general population exposures far 
below health-based exposure guidance values.   

A notable deficit in the available data for the general population pertains to 
residential uses of  2,4-D. Unlike exposures to 2,4-D users in agricultural 
populations, systematic evaluations of domestic use of the chemical are not 
available. These episodic exposures would not likely be captured in the 
NHANES or Morgan et al. (2008) data.  To the extent that domestic 
applications do not result in exposures greater than those resulting from 
agricultural applications, human exposures should be within the margin of 
safety demonstrated by these existing study data.  More research is needed to 
understand the domestic usage patterns of 2,4-D in residential settings and 
the resulting potential human exposures to this herbicide in the United States 
and Canada. 

The RfD values derived by the USEPA are based on non-cancer endpoints.  
2,4-D has also been assessed for potential carcinogenic effects.  Non-Hodgkin 
lymphoma (NHL) was associated with herbicides and 2,4-D in a series of case-
control studies initiated more than 20 years ago (Hoar et al. 1986; Zahm et al. 
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1990).  Subsequent case-control and cohort studies have not confirmed these 
early observations (Burns et al. 2001; DeRoos et al. 2003; Hartge et al. 2005; 
Pearce et al. 1989; Schroeder et al. 2001; Woods et al. 1987).  Recent 
reviews of NHL (Alexander et al. 2007) and 2,4-D (Garabrant and Philbert 
2002) have concluded that the epidemiologic evidence remains “scant” and 
unsupportive for this association. 

BE values are screening values and are not intended for use as definitive 
measures of risk for individuals.  They do not represent a bright line between 
safe and unsafe levels, but rather allow evaluation of biomonitoring data in a 
public health risk context consistent with the existing risk assessment for 2,4-
D (LaKind et al. 2008).  Biomarker concentrations below the BERfD indicate a 
low priority for risk assessment follow-up, while concentrations in excess of 
the BERfD but below the BEPOD indicate a medium priority for risk assessment 
follow-up.  Values in excess of the BEPOD indicate a high priority for risk 
assessment follow-up.  Risk assessment follow-up may include examination of 
the underlying risk assessment, exposure pathway investigations, or other risk 
management activities (LaKind et al. 2008).  Acute RfDs and the 
corresponding BE values are targeted at isolated, single-day exposures, and 
are only appropriate for use in evaluating biomonitoring data when there is 
specific knowledge of a potential acute exposure.  The biomonitoring data 
reviewed here for both members of the general population and applicators 
generally falls into the range of low priority for risk assessment follow-up, 
according to the guidelines for BE communication (LaKind et al. 2008).  

 

Conclusions 
Considerable population-level and micro-level data are now available regarding 
domestic and agricultural exposures to 2,4-D as measured by urinary 2,4-D 
excretion.  These data suggest that current usage patterns and risk 
management efforts by industry and government are likely keeping average 
exposure to 2,4-D for the general population and in farm family members , 
and likely other persons potentially exposed due to proximity during usage of 
this herbicide, to levels well below current non-cancer reference values 
established both by the USEPA’s Office of Pesticide Programs and by Canada’s 
PMRA.   
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This thesis contains the collection of papers that represent the conception, 
advancement and implementation of Biomonitoring Equivalents (BEs). 

In Part I, five papers provide the origin and development of guidelines for the 
derivation and communication of BEs.  In Part II, a series of six papers 
summarize the BEs for nine compounds and provides a range of technical 
issues for the types of BEs that must be derived. Part III contains two papers 
that provide examples for how human biomonitoring data should be 
interpreted in the context of the BEs.  The following discussion summarizes the 
main concepts in each part and provides some lessons learned along the way 
of conducting these studies and writing these papers.   

 

Origin and Development of Guidelines for 
the Derivation and Communication of 
Biomonitoring Equivalents 
 

When thinking of ways to interpret human biomonitoring data, a simple 
question came to mind:  What level of a chemical specific biomarker would be 
expected if the average human were exposed to the Reference Concentration 
or some other exposure guidance value set by a regulatory agency for that 
chemical?  It is a simple concept.  But once one starts to consider all the 
technical issues associated with this simple question, one quickly realizes there 
are many issues and options for answering this simple question.   

After writing the first paper outlining the concept of the BE (Hays et al., 2007; 
Chapter 2 in this thesis), it was realized that these issues and options needed 
to be debated by the scientific community, or at least a panel of experts, so as 
to develop some guiding principles for deriving BEs.  It was also recognized 
that while the BE is simple in concept, there was a real potential to misuse 
how biomonitoring data should be interpreted in the context of the BE and 
how the interpretation should be communicated. Therefore, an expert 
workshop was assembled, a series of charge questions were developed and 
the workshop was designed to debate the charge questions and derive 
overriding principles to guide the derivation and communication of BEs.   

 

Derivation of Biomonitoring Equivalents 
The original conception of the BE recognized the flexibility in approaches for 
translating an external dose to a corresponding BE (Figure 1). If human 
pharmacokinetic information is available, a target external dose can be 
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converted into the corresponding expected internal dose (concentration of 
parent compound or metabolite in blood and/or urine) in humans (pathway 1 
in Figure 1).  Alternatively, if pharmacokinetic data are available in the animal 
species used in the study that provides the point of departure (POD) on which 
the exposure guidance value is based, the internal dose in the animal at the 
point of departure (POD) can be estimated and then the appropriate 
uncertainty factors (UFs) corresponding to those used in the derivation of the 
exposure guidance value can be applied to derive a BE (pathway 2, Figure 1).  
This flexibility offers many advantages and affords the opportunity to leverage 
an internal dose based reconstruction of the exposure guidance value when 
sufficient information is known and available. 

 

 

 

Figure 1: Paralellogram of approaches for deriving a Biomonitoring Equivalent 
 

 

The most straightforward approach, but perhaps the least informative, 
involves pathway 1, but this requires some information on the 
pharmacokinetics of the compound(s) of interest in humans.  The alternative 
approach, which involves reconstructing the exposure guidance value on an 
internal dose basis (pathway 2), may provide a more toxicologically relevant 
estimate of the biomarker concentration that is consistent with the exposure 
guidance value (Andersen, 1987; Anderson, 1995; Andersen et al., 1995).  
This approach requires at least limited information on the mode of action for 
the associated toxic endpoint of interest to allow identification of the critical or 
at least a relevant internal dose metric.  When sufficient information is 
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available to follow the internal dose reconstruction pathway, uncertainty in the 
risk assessment may be reduced, and is informed by internal dose-based risk 
assessment concepts (Hays et al., 2008).   

The BE derivation process results in two estimates of the biomarker 
concentration at relevant points in the risk assessment process: the BEPOD, 
consistent with the human equivalent point of departure (after application of 
all LOAEL to NOAEL, duration, and interspecies extrapolation adjustments), 
and the final BE value, consistent with the exposure guidance value 
(accounting for intraspecies and other uncertainty factors, such as database 
uncertainty factors).  Uncertainty factor components applied on the derivation 
of the external exposure guidance value are retained, except under specific 
circumstances when inter- or intra-species extrapolations are made using a 
dose metric that is equal to or directly relevant to the critical dose metric.  In 
this situation, pharmacokinetic components of the uncertainty factors may be 
replaced by the modeled or measured pharmacokinetic data.  In this respect, 
the BE methodology is consistent in concept the derivation and application of 
chemical-specific adjustment factors (Dorne and Renwick 2005).  Use of 
toxicologically relevant biomarkers as the metric for exposure measurement 
and setting benchmarks bypasses the need to model the pharmacokinetics 
that relate external to internal doses (either within or between species).   
Measured biomarker concentrations reflect these processes explicitly on a 
chemical-specific basis, replacing pharmacokinetic uncertainty factor 
components (either default or chemical-specific).   An additional BE value is 
calculated when the mode of action is known and the biomarker is the same as 
the critical dose metric (BEPOD_Animal), which is the BE value associated with the 
POD in the animal used as the basis for the exposure guidance value.  Key 
steps in the BE derivation process for non-cancer and cancer endpoints are 
described in detail in Hays et al. (2008), and outlined briefly below. 

 

Identification of the target organ and any available 
understanding regarding the mode of action for toxicity.   

The first step in a BE derivation is to evaluate the animal or human exposure-
response data used as the basis for the derivation of the exposure guidance 
value to assess the understanding of mode of action.  Based on that 
understanding, an assessment of the critical or relevant dose metrics should 
be made.  Even though a specific mechanism of action may not be known, 
often information is available that will allow an assessment of whether the 
toxic moiety is the parent compound or a metabolite.  Similarly, some 
information may be available regarding relevant dose metrics for the toxic 
moiety, for example, target organ average or area under the curve (AUC) 
exposure versus peak exposures.   
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Identification of potential biomarkers.   

Selection of biomarkers for a given chemical should consider several factors so 
that the analytical data can be interpreted in a health risk context.  The 
biomarker should be specific to the chemical of interest.  Ideally, the 
biomarker should be the toxic moiety, or, failing that, a marker just upstream 
in the metabolic pathway from the toxic moiety or a marker that is directly 
related to the toxic moiety.  Another consideration is the stability of the 
biomarker.  Longer-lived species provide a more stable assessment of 
exposure.  Finally, the invasiveness of the required sampling is also a 
consideration.  In many cases, not all of these criteria can be satisfied with a 
single biomarker.  However, evaluation of potential biomarkers on these 
characteristics provides a useful framework to assist in recognition of the 
strengths and limitations of the resulting biomonitoring data. 

 

Identify and assess available pharmacokinetic data and 
models in humans and the relevant animal species.   

Available pharmacokinetic data, including measurements of blood or tissue 
concentrations of the parent or metabolite compound in the relevant species 
used in the exposure guideline derivation, should be identified and assessed 
for relevance in the BE derivation process.  Although fully validated PBPK 
models are useful, they are not necessary; examples of the use of more 
limited pharmacokinetic data are presented in the case study for acrylamide 
(Chapter 10).  The derivation of a BE will involve estimating the relevant 
internal dose associated with the POD from the critical study used to derive 
the exposure guidance value.  This can be derived using either measured data 
(for example, measured serum concentrations of acrylamide and glycidamide 
in rats dosed at or near the point of departure for the risk assessment), simple 
pharmacokinetic approaches that involve either linear relationships (see the 
acrylamide BE – Chapter 10, the cadmium BE – Chapter 9, or the cyfluthrin BE 
– Chapter 12), a simple one-compartment pharmacokinetic model (see the 
2,4-D BE – Chapter 7), or use of a PBPK model (see the toluene BE – Chapter 
8).  Likewise, extrapolations between the relevant internal dose metric and the 
measured biomarker may also be required (see the acrylamide BE – Chapter 
10 or the THM BEs – Chapter 11) involving similar types of methods of 
extrapolation. 
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Calculating BEs for biomarkers in urine.   

Derivation of BE values for urinary biomarkers may proceed along a parallel 
path, or may be derived based on a simple mass balance approach.  Under the 
assumption of steady state exposure (consistent with the definition of most 
chronic exposure guidance values), a mass balance may be assumed between 
the amount taken in and the amount of metabolite excreted (see the 2,4-D BE 
– Chapter 7 or the cyfluthrin BE – Chapter 12).  If key metabolites 
representing a substantial fraction of the parent compound are known, the 
urinary concentration of these metabolites consistent with the exposure 
guidance value can be estimated, taking into account typical daily urinary 
volumes (Perucca et al., 2007) and/or daily creatinine excretion rates (Mage et 
al., 2004).  While these parameters vary due to hydration status or individual 
factors affecting creatinine excretion rates, the use of typical values can 
provide a central estimate of typical urinary concentration consistent with the 
exposure guidance value, appropriate for use as a screening value. 

 

Confidence rating.   

An important component of the BE derivation process is to make a judgment 
about the confidence of the BE.  In particular, two components of the BE are 
assessed for confidence.  First, a determination of how relevant the biomarker 
is to the relevant internal dose metric (if known) should be made.  Second is 
an assessment of how robust the available pharmacokinetic data are for 
making the extrapolations necessary in calculating the BE.  For each 
component, a low, medium or high measure should be given and 
communicated along with the BEs.   

 

Discussion of variability and uncertainty.   

Each BE dossier also presents a discussion of factors that contribute to 
variability or uncertainty regarding the BE estimates and thus may impact the 
interpretation of biomonitoring data.  These factors include age, gender, 
smoking status or other lifestyle factors, genetic variability, uncertainty in 
pharmacokinetic data and models, and other factors as appropriate.  Where 
possible, the magnitude of variability or uncertainty should be described. 
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Communication and Interpretation Using BE 
Values 
An important focus of the BE Expert Workshop discussions was the challenge 
of appropriately communicating both the uses and limitations of BE values in 
the interpretation of biomonitoring data.  BE values are designed to be used as 
screening tools to allow for initial evaluation of biomonitoring data in the 
context of existing public health risk assessments.  Measured concentrations of 
the biomarker in population studies (such as those conducted by CDC through 
the NHANES program [CDC, 2005]) can be compared to the available BE 
values to assess whether biomarker concentrations are well below, near, or 
above the appropriate BE value.  In this respect, the interpretation and uses of 
these values are consistent with the interpretation and uses of the underlying 
exposure guidance values.  That is, the BE values can be used for prioritization 
when multiple chemicals are being assessed, in order to identify those that 
appear to be well below, near, or above levels consistent with the underlying 
exposure guidance values.  The resulting communication message is thus one 
of relative priority (low, medium, or high) for further risk assessment follow-
up.  Biomarker concentration regions of low, medium, and high priority are 
identified, respectively, as those below the BE, those between the BE and the 
BEPOD, and those above the BEPOD.  Figure 2 presents a generic schematic for 
conveying the regions of relative priority for risk assessment follow-up based 
on the BE values. 

 

Figure 2: Communication model for interpreting human biomonitoring data in 
the context of the BE and BEPOD 
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Consistent with this framework for interpretation, several limitations and 
restrictions on the use of BE values are required.  BE values are not 
diagnostic, and cannot be used to predict the likelihood of an adverse effect in 
individuals or a population; they are not bright lines separating “safe” from 
“unsafe” exposures.  The exposure guidance values underlying the BE value 
derivations generally are framed in terms of lifetime average exposures; 
biomonitoring data generally present snapshots reflecting current exposures, 
so this needs to be taken into account when considering conclusions regarding 
lifetime risks based on the relationship between such data and the BE values.  
These limitations should be explicitly conveyed when BE values are used to 
interpret biomonitoring data. 
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Figure 3: PK model simulation of monoethyl hexyl phthalate (MEHP) kinetics 
in urine excretion following oral exposures (once or three times daily) to di-
ethylhexyl phthalate (DEHP) and under different assumptions of urine void 
timing.  
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Interpretation of data for highly transient (rapidly metabolized and eliminated 
compounds) is particularly challenging.  Because both peaks and very low (or 
non-detectable) concentrations of biomarkers may occur under exposure 
conditions consistent with the exposure guidance values (see Figure 3), BE 
values for such compounds are targeted at average concentrations, and 
interpretation of biomonitoring data for a population should likewise consist of 
a comparison of central tendency measures (rather than upper bound or 
extreme values) to the BE values.  Extra caution should be used in drawing 
any conclusions regarding exposures for such compounds based on cross-
sectional biomonitoring studies.  

 

Interpretation of Biomonitoring Data Using BE Values 

The BE values have their greatest utility as a tool for prioritization of risk 
assessment and management efforts.  Biomonitoring data showing the 
detection of chemical compounds in human blood or urine provoke powerful 
reactions in the public, particularly when there is no framework for 
interpretation of the measured values in a health risk context.  Risk 
management efforts may be focused on a chemical simply because it is 
detected, or because the chemical is considered to be “toxic.”  However, 
potential health risks are a function of both hazard and exposure.  Human 
biomonitoring data, which provide a snapshot of exposure integrated from all 
sources, coupled with interpretation using BE values, provides an opportunity 
to include a health risk perspective, based on current risk assessments for the 
chemicals, in decisions regarding chemical risk management efforts.   

The ratio between the BE value and the measured values in a given 
biomonitoring study can be regarded as a “margin of safety” (MOS).   When 
levels of multiple chemicals are measured in a population, estimation of the 
chemical specific MOS values can serve as a prioritization tool for risk 
managers, providing one basis for focusing efforts and resources on chemicals 
with the lowest MOS.  Table 1 illustrates this effort in practice using the BE 
values for the case study compounds in this thesis and recent data from 
general population biomonitoring studies.  The measured levels are designated 
as indicating relative priority for risk assessment follow-up, in accordance with 
the communication guidelines developed in the Biomonitoring Equivalents 
expert workshop (LaKind et al., 2008 – Chapter 6).    
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Table 1: Margins of Safety (MOS) for a range of compounds for which BEs 
exist and population based biomonitoring data are available 

Chemical  Margin of Safety  
(MOS) 

Priority for Risk 
Assessment Follow-up 

Acrylamide < 1 High 

Cadmium ~ 2 Low – Medium 

Chloroform > 10 Low 

Toluene > 50 Low 

2,4-dichlorophenoxyacetic 
acid 

> 100 Low 

Cyfluthrin > 1000 Low 

 

 

Note that the evaluation presented in Table 1 relies upon BE values derived for 
a single exposure guidance value for each of these four compounds.  
Additional exposure guidance values exist for each compound and will provide 
different estimates of the MOS.  In addition, not all of the biomonitoring data 
sets listed in the table are based on population-representative data.  Finally, 
for many compounds, exposures may be transient or change over time, so the 
conclusions regarding the measured biomarker concentrations must be 
evaluated in terms of potential temporal variations.  However, even with these 
limitations, the biomonitoring data in the context of the BE values provide a 
relatively clear picture, with two compounds, cadmium and acrylamide, 
demonstrating a far narrower margin of safety in the context of the existing 
risk assessments for these compounds, and therefore being designated as 
having higher priority for risk assessment follow-up. 

An alternative approach evaluates the ratio between the BEPOD (biomarker 
concentration associated with the human equivalent point of departure) and 
measured biomarker levels to estimate a “margin of exposure (MOE)”.   This 
approach is analogous to approaches often used to evaluate chemical 
exposure levels in the European Union (Barlow et al., 2006).  However, unlike 
typical margin of exposure evaluations, which compare external exposures to 
a point of departure (such as a NOAEL) from animal studies, the BEPOD is 
already set at a level that includes interspecies extrapolation uncertainty 
factors.  In addition, intraspecies variability in pharmacokinetics will be 
reflected in the measured biomarker concentrations.  These differences 
between a conventional, external exposure-based assessment of MOE and the 
proposed approach using the BEPOD needs to be clearly recognized when 
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conducting such MOE comparisons, and the typical targets for margin of 
exposure will likely need to be reconsidered to take these factors into account.  

Screening large sets of biomonitoring data with measurements of multiple 
analytes will require derivation of additional chemical-specific BE values.  As 
BEs are derived for increasing numbers of compounds, the value of such 
human biomonitoring data for population risk evaluation, prioritization, and 
management will increase. 

 

Future Opportunities 
As BEs are used and advanced over the years to come, new opportunities will 
arise.  The following are a few already being considered. 

Integration With Internal Dose Based Risk 
Assessments 
The guidelines for the derivation of BEs are very similar to the current practice 
being employed to derive exposure guidance values that are based on mode of 
action and internal dose metrics.  Increasingly, as the risk assessment process 
has evolved, exposure guidance values are starting to be developed more with 
just such a focus -- on mode of action and internal dose metrics. Therefore, as 
part of this evolution, there is a natural fit for the BEs to be developed along 
with such exposure guidance values.  For example, the recent risk assessment 
from the USEPA for 1,1,1-trichloroethane (USEPA, 2007) focused on data 
regarding neurological effects from studies of human volunteers exposed to 
known air concentrations.  These studies also included values of blood 
concentrations at the point of departure used in the risk assessment.  These 
data form a natural basis for the development of a BE value corresponding to 
the RfC. 

 

Deriving Screening BEs for Compounds with no 
Exposure Guidance Values 
For some compounds being biomonitored, there are no existing exposure 
guidance values, even though there may be toxicity and pharmacokinetic data 
available.  There are several possible approaches for such situations.  One 
approach might involve selecting a POD from available toxicology studies 
(even if the studies have some limitations from a toxicological standpoint) and 
a standard set of conservative uncertainty factors to derive a provisional BEPOD 
and BE.  Another approach could leverage the Threshold of Toxicological 
Concern (TTC; Kroes et al., 2000) or other similar approaches to derive BEs 
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for a class of compounds.  In some cases there may be an exposure guidance 
value, but pharmacokinetic data could be lacking. In such instances application 
of a generic PBPK model (Liao et al., 2007) may provide the means to develop 
a provisional BE.  In such instances, these types of provisional BEs could be 
used as place holders until a thorough chemical risk assessment is conducted 
and exposure guidance value is derived.  The provisional BE approach could 
also help to inform decisions regarding which chemicals might warrant priority 
attention for such risk assessment efforts.    

 

Improving Selection Criteria for Biomarker 
Selection 
Derivation of a BE involves a careful evaluation of the mode of action and the 
most relevant internal dose metric and the biomarkers that are most closely 
related to the relevant internal dose metric.  This effort helps to identify which 
biomarkers are the most easily interpretable from a health risk context for the 
individual compound.  As such, sometimes the most easily interpretable 
biomarker (from a toxicological point of view) does not coincide with the most 
convenient medium to collect (blood versus urine) or the analyte most easily 
quantified.  When there is this discrepancy, it may help focus researchers as to 
which biomarker to sample.  Conversely, such a discrepancy may help drive 
research to help reduce uncertainties associated with interpreting certain 
biomarkers from a health risk standpoint.  There are other situations that will 
arise in which the biomarker commonly sampled is not specific to the 
compound of interest (e.g., t,t-muconic acid in urine is a metabolite of both 
benzene and sorbic acid).  While this approach has value in the workplace 
(because exposures in the workplace are higher and thus background 
exposures to other compounds not of interest do not interfere or contribute as 
greatly), this becomes a problem for interpreting biomonitoring data from 
general environmental exposures.  The BE approach helps identify such 
situations and focus research efforts on issues that will enhance the value of 
collected biomonitoring data.  

Identify Analyte Concentration(s) of Interest 
Another advantage of the BE is that it provides a range of chemical-specific 
biomonitoring levels of interest. This may be helpful in the design of 
biomonitoring-based studies that must achieve a balance between detection 
limits desired, volume of biological sample needed, and analytical costs 
associated with lower limits of detection.  The BE provides a benchmark to 
identify the range of biomarker concentrations that may be of interest and 
therefore a means to target a limit of detection.  If the current limits of 
detection are far below the BE, resources may be saved by raising the limit of 
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detection and still providing sufficient context for interpretation.  Alternatively, 
if the achievable limits of detection are far above the BE and/or BEPOD, then 
the analytical data may not be useful in the context of examination of lower-
level exposures that are relevant in the risk assessment context.    

 

Lessons Learned 
Some important lessons have been learned during the process of the BE 
values for the case study chemicals.  Because BE values and the measured 
biomarker levels are both based on internal dose measures, fully-developed 
PBPK models, which ultimately focus on relating internal dose metrics to 
external doses, are often not necessary.  Of the case study chemicals, a fully 
developed PBPK model was used only for toluene.  For the other chemicals, 
simpler approaches were available based on available data sets in the 
literature that directly relate internal dose measures to the toxicological effects 
of interest.  In addition, because the BE approach focuses on estimating 
steady-state biomarker levels consistent with exposure guidance values, 
transient target tissue concentrations associated with complex dosing 
regimens do not need to be replicated.   Simple pharmacokinetic relationships 
available from the literature, assumption of urinary excretion mass balance, 
and data sets correlating measured blood concentrations in animals or humans 
with relevant administered doses can be used to estimate biomarker 
concentrations at the point of departure.  Lastly, in situations where no 
available pharmacokinetic data exists for calculating a BE, a relatively simple 
pharmacokinetic study can be designed and executed in the species of interest 
to measure blood concentrations associated with the dosing regimen at the 
POD (see, for example, Saghir et al., 2006).  Such data have been 
recommended for routine inclusion in toxicity testing protocols (Barton et al., 
2006) and can be leveraged to estimate BE values.  

Communicating the meaning of the public health risks of biomonitoring data in 
relation to the BEs will always pose challenges.  On the one hand, 
biomonitoring data invokes a much more personal response than does telling 
someone, or a population, that there is a specific chemical in the air they 
breath or the food they eat, or water they drink.  People also know that 
chemicals are present in the consumer products they use (often times visible 
on the product ingredients list).  However, for most people, knowing that the 
chemical is in their body invokes a drastically different response. Contrasting 
this, exposure guidance values (e.g. TDIs, RfDs, etc.) are established to 
protect public health and are used as risk management tools to help risk 
managers decide what clean up levels are required for a contaminated site, to 
help regulate residuals of pesticides on crops, etc.  As such, since the BEs are 
derived from these exposure guidance values, they must necessarily convey 
the same meaning and serve the same purpose (as a risk management tool).  



 370 

Despite this, since they are used to interpret biomonitoring data, there is 
always a temptation to perceive them as being able to help communicate 
meaning of interpretation to the individual faced with understanding their own 
biomonitoring data.  It is not typically satisfying to tell an individual that an 
interpretation tool is useful for interpreting biomonitoring data from a 
population, but is less than useful for interpreting that person’s own individual 
levels.  This dichotomy will have to be dealt with in the future and some 
scientifically credible and reasonable communication tools will have to be 
developed to help bridge this gap.  

 

Conclusions 
Biomonitoring Equivalents provide a practical and flexible approach to 
interpreting human biomonitoring data in a public health risk context by 
leveraging existing chemical risk assessments and existing pharmacokinetic 
data in animals and/or humans.  By the nature of both the underlying risk 
assessments and the likely limitations in available data, BEs must be regarded 
as screening tools with an inherent level of uncertainty associated with them.  
However, the BE approach serves as a rational, science-based first step that 
has many practical advantages.  The BE process does not seek to replace the 
existing risk assessments for chemicals, but rather seeks to translate those 
risk assessments so that biomonitoring data can be interpreted in the context 
of those existing risk assessments.  The BE approach provides a framework for 
potentially improving risk assessments by focusing on mode of action and 
relevant internal dose metrics and provides a useful framework for identifying 
the most relevant chemical-specific biomarker(s).  As more BEs become 
available, a major utility of the BEs will be for risk prioritization and identifying 
which chemicals warrant more attention compared to those chemicals which 
have sufficient margins of safety. 

As more BE values are developed, more lessons will undoubtedly be learned.  
Likewise, as BE values and biomonitoring data become more widely available, 
more applications in the public health and regulatory arenas will be identified.  
Having a metric to interpret human biomonitoring data will also help to expand 
the arenas where biomonitoring data itself will be useful and may expand the 
routine monitoring of chemicals in people.  It is likely that having a metric like 
BEs will spur biomonitoring studies of target populations with special 
exposures and populations that may be sensitive because of differences in 
pharmacokinetics.  The future will obviously identify new opportunities and 
challenges for the application of BEs and may identify needs for modifications 
to the BE guidelines for derivation and communication.  
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SAMENVATTING 
 
 

Ontwikkeling en toepassing van Biomonitor 
Equivalenten voor de interpretatie van biomonitor 
gegevens in relatie tot gezondheidsrisico’s voor 
de mens  
 
Dit proefschrift bevat een aantal hoofdstukken, waarin de totstandkoming en 
ontwikkeling van Biomonitor Equivalenten (BE’s) beschreven wordt. Het gaat 
ook in op de toepassing van BE’s voor het interpreteren van humane 
biomonitorgegevens bij de gezondheidsrisicoschatting voor de mens. Het 
gebruik van biomonitoren betreft het verzamelen van biologische monsters 
(bijvoorbeeld bloed, urine, haar, nagels, borstvoeding, huidbiopten) van 
mensen. Hierin kunnen concentraties van chemicaliën gemeten worden om 
iets te zeggen over de mate van blootstelling van individuen of groepen en de 
verdeling van chemicaliën in hun lichaam.  

Biomonitoring is tot de “gouden standaard” verklaard voor 
blootstellingschattingen, omdat het de meeste gebruikelijke onzekerheden 
wegneemt in de voorspelling van hoeveel van een bepaalde chemische stof 
iemand opneemt na inslikken of inademen,  of via de huid binnenkrijgt vanuit 
grond, huisstof, voedsel, etc. De ontwikkeling hiervan heeft geleid tot de 
uitvoering van een groot aantal nationale en regionale biomonitor-
programma’s. Eén van de doelen van het uitvoeren van deze programma’s is 
het bepalen van welke stoffen een gezondheidsrisico vormen voor de 
onderzochte groepen, en voor welke chemicaliën het nodig is om nieuwe of 
aanvullende risico beschermende maatregelen te nemen. 

De uitdaging is hierbij echter dat er te weinig normen bestaan om op basis van 
biomonitor-gegevens een antwoord te geven op de vraag: “welke biomonitor-
niveaus zijn veilig?” voor een willekeurige stof. Dit hangt samen met het feit 
dat regelgevende instanties uitgaan van aanvaardbare/acceptabele 
blootstellingniveaus, die vrijwel altijd gebaseerd zijn op externe blootstelling 
(bijvoorbeeld mg/kg/dag of ppm). De laatste 30 jaar hebben regel- en 
wetgevende instanties dit soort waarden ontwikkeld voor honderden 
verschillende verbindingen.  

Biomonitor Equivalenten (BE’s) zijn ontwikkeld om de discrepantie tussen de 
risicoschatting gebaseerd op externe en interne blootstelling te overbruggen. 
Een BE wordt gedefinieerd als de concentratie van een verbinding of zijn 
metaboliet in een biologisch medium (bijv. bloed of urine), die overeenkomt 
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met een bestaande externe blootstellingwaarde zoals een TDI (tolerable daily 
intake) of referentiedosis (RfD). 

 

Hoofdstuk 2  beschrijft het ontwikkelen van de BE. Toen het idee van een BE 
werd voorgesteld, is erkend dat er een zekere flexibiliteit is in omrekenen van 
een externe dosis naar een bijbehorende BE. Als humane biokinetische1 
gegevens bekend zijn kan een externe dosis worden omgezet in de te 
verwachten interne dosis (concentratie van een uitgangstof of metaboliet in 
bloed en of urine) in de mens. Wanneer de biokinetische gegevens bepaald 
zijn in dierexperimenten en de toxiciteitsgegevens hiervan tevens dienen als 
startpunt (point of departure, POD) voor de risicoschating bij de mens, dan 
kan de interne dosis corresponderend met het POD gebruikt worden om een 
BE af te leiden. Hierbij moet echter wel rekening worden gehouden met 
diverse onzekerheden, zoals verschillen in soortgevoeligheid en biokinetiek, en 
veiligheidsfactoren worden ingebouwd. Een dergelijke flexibele benadering 
biedt duidelijke voordelen en geeft de mogelijkheid om te komen tot een 
interne dosis op basis van de een reconstructie van de blootstellingwaarde, 
mits er genoeg informatie beschikbaar is. Wanneer, een BE echter wordt 
gebruikt voor de interpretatie van biomonitorgegevens, die afkomstig zijn van 
metingen van de achtergrondblootstelling voor de gehele bevolking, levert dat 
een aantal specifieke vragen op.  

 

Om de vele technische en communicatieve uitdagingen die horen bij de 
implementatie van het BE-concept aan de orde te stellen is er in juni 2007 een 
workshop georganiseerd. Hier werd met name ingegaan op belangrijke vragen 
over de afleiding (hoofdstuk 3) en communicatie (hoofdstuk 5) met betrekking 
tot het gebruik van BE waarden. Het hoofddoel van deze bijeenkomst was om 
richtlijnen te ontwikkelen voor de afleiding (hoofdstuk 4) van Biomonitor 
Equivalenten, zodat de internationale gemeenschap een standaard set van 
richtlijnen had voor de ontwikkeling en toepassing hiervan.  

 

In Hoofdstuk 3 zijn deze vraagstellingen ontwikkeld voor de belangrijkste 
problemen, die kunnen ontstaan bij de ontwikkeling van BE’s. De belangrijkste 
vragen hierbij waren: 

                                          
1 Opgemerkt wordt hier dat het begrip farmacokinetiek, toxicokinetiek en biokinetiek 
uitwisselbaar in het proefschrift gebruikt kunnen worden. De betreffende terminologie 
heeft in de afgelopen decennia meerdere veranderingen ondergaan. Afhankelijk van de 
auteur of het tijdschrift heeft hierbij één van deze termen over de afgelopen jaren de 
voorkeur genoten.   
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1) Als blootstellingsnormen op basis van toxiciteitsstudies in  dieren zijn 
opgesteld, is het voor het afleiden van BE’s  dan beter om diergegevens 
dan wel biokinetische (BK) modellen te gebruiken om de interne dosis te 
berekenen; of is het beter om humane gegevens of BK modellen te 
gebruiken voor het afleiden van deze BE’s? 

2) Zijn bij het bepalen van de interne dosis alle onzekerheidsfactoren 
(uncertainty factors, UF) van toepassing die bij het opstellen van de BE’s 
zijn gebruikt? 

3) Welke speciale vereisten zijn er bij het afleiden van BE’s voor 
blootstellingsnormen die betrekking hebben op aan kanker  gerelateerde 
eindpunten? 

4) Welke speciale vereisten zijn er bij het afleiden van BE’s voor stoffen 
met een relatief korte half-waarde tijd? 

 

De bevindingen van deze BE expertworkshop leidden tot beslisschema’s, die in 
onderlinge samenhang,  het BE Model zijn gaan vormen (hoofdstuk 4). Het 
proces voor de afleiding van BE ‘s resulteerde in twee bepalingen van de 
biomarker concentratie op relevante punten in het risicoschatting proces:  

1) de BEPOD,die overeenkomt met het humane referentie uitgangspunt. 
Hierin zijn de extrapolaties van LOAEL naar NOAEL, voor de duur van 
het experiment en van soort naar soort reeds verwerkt. 

2)  Een uiteindelijke BE waarde die overeenkomt met de 
blootstellingsnorm. Hierbij wordt eveneens  rekening gehouden met 
verschillen tussen diersoorten en andere onzekerheidsfactoren, 
bijvoorbeeld door het  onvolledig zijn van de database. 

Onzekerheidsfactoren die worden toegepast bij de afleiding van externe 
blootstellingwaarden blijven behouden. Uitzonderingen vormen die speciale 
omstandigheden, waarbij inter- of intra species extrapolaties gedaan zijn op 
basis van een dosismetrie-waarde, die gelijk is aan of in direct verband staat 
met de kritische dosis. In die gevallen kunnen biokinetische 
onzekerheidsfactoren worden vervangen door berekende of gemeten 
biokinetische gegevens. Wat dit betreft heeft de BE methode dezelfde 
voordelen als de afleiding van normen met toepassing van chemical-specific 
adjustment factors. 

Het gebruik van toxicologisch relevante biomarkers als maatstaf voor 
blootstellingmetingen en het vaststellen van de benchmark omzeilt de 
noodzaak van het kinetisch modelleren van de externe dosis naar de interne 
dosis (zowel tussen als binnen soorten). 

Gemeten biomarker-concentraties weerspiegelen expliciet de processen op een 
stof-specifieke basis, waarbij biokinetische onzekerheidsfactoren worden 
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vervangen, hetzij door standaard (“default”) uitgangswaarden, hetzij door 
stof-specifieke waarden. Een extra BE waarde kan worden berekend als het 
werkingsmechanisme bekend is en de biomarker gelijk is aan de “critical dose 
metric” of wel een BEPOD proefier. Dit is de BE waarde die geassocieerd wordt met 
de POD in proefdieren en gebruikt wordt voor het vaststellen van 
blootstellingnormen.  

 

Bij het afleidingsproces van BE’s zijn nog andere belangrijke overwegingen te 
maken. De eerst stap in dit proces is het evalueren van de dosis-response 
relaties (vanuit dierstudies of humane gegevens), die gebruikt zijn als basis 
voor de afleiding van de blootstellingsnormen om zodoende de wijze van 
werking van de stof te begrijpen. Met deze kennis kan dan een inschatting van 
de kritische of relevante dosis gemaakt worden.  

De keuze van een bepaalde biomarker voor een stof moet gedaan worden op 
basis van verschillende factoren, zodat de analytische gegevens adequaat 
toegepast kunnen worden voor gezondheidsrisicoschatting. Idealiter moet de 
biomarker de stof zelf zijn, of als dat niet kan, mogelijk een stap verder in het 
stofwisselingsproces dat eventueel samenhangt met de toxische werking. 
Eventueel kan een biomarker direct gerelateerd zijn aan het toxische 
aangrijpingspunt (receptor). Een andere overweging is de levensduur van de 
biomarker: langdurig aanwezige (bio)markers geven een betrouwbaarder idee 
van de blootstelling. Tot slot moet het al dan niet invasief zijn van 
bepalingsmethode in beschouwing worden genomen. 

De best beschikbare kinetische gegevensset of biokinetisch (BK) model 
moeten gebruikt worden voor het omzetten van een externe naar een interne 
dosis. Voorts moet de betrouwbaarheid van de BE worden geëvalueerd, 
waarbij twee factoren van belang zijn. Ten eerste de degelijkheid van de BK 
database en ten tweede in hoeverre de biomarker voldoende gerelateerd is 
aan de kritische dosis.  

Ten slotte worden de factoren die mogelijk van invloed zijn op variabiliteit en 
onzekerheid van de BE schattingen bediscussieerd, zodat de  waarde van de 
interpretatie van biomonitor-gegevens juist kan worden beoordeeld. Hierbij 
gaat het om bijvoorbeeld om leeftijd, geslacht, rookgewoonte en andere 
leefstijlfactoren, genetische variantie, onzekerheid in de biokinetische 
gegevens en bijbehorende modellen. Zoveel mogelijk zal de omvang van de 
variabiliteit en de bijbehorende onzekerheid beschreven moeten worden.  

 

Het interpreteren van biomonitorgegevens kent een aantal unieke uitdagingen 
omdat dit samen beïnvloed kan worden door persoonlijke interpretaties. In het 
licht hiervan zijn éénduidige richtlijnen nodig voor dergelijke interpretaties of 
afleidingen. Evenzeer moet worden erkend dat er behoefte is aan richtlijnen 
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ten aanzien van de communicatie met het publiek over hoe om wordt gegaan 
met biomonitor-gegevens voor BE’s. Een deel van de eerder genoemde expert 
workshop over BE’s werd besteed aan de ontwikkeling van een leidraad voor 
de communicatie over BE’s (hoofdstuk5).  

In het bijzonder werden de volgende punten nader besproken: 

1) Welke definitie beschrijft nauwkeurig de betekenis van BE’s en de 
toepassing ervan? 

2) Zijn BE’s toe te passen bij het interpreteren van biomonitor-gegevens 
van individuen?  

3) Wat moet er besloten worden als persoonlijke of populatie 
biomonitorgegevens de BE overschrijden? 

4) Hoe moet deze boodschap worden vertaald voor risicomanagers, artsen 
en het algemene publiek? 

 

In hoofdstuk 6 zijn richtlijnen voor de communicatie over de interpretatie van 
biomonitor-gegevens voor BE’s nader uitgewerkt. De definitie en het nut van 
BE’s volgt direct uit het nut en het gebruik van bestaande 
blootstellingsnormen waarvan deze zijn afgeleid. BE’s zijn ontwikkeld als 
screening tools voor een eerste evaluatie van biomonitorgegevens voor de 
bestaande risicobeoordelingen in de volksgezondheid.  

Gemeten biomarkerconcentraties in populatiestudies (zoals uitgevoerd door de 
CDC in het National Human and Nutrition Examination Survey Program in de 
VS) kunnen worden vergeleken met beschikbare BE waarden om na te gaan of 
biomarker-concentraties onder, rond of boven de van toepassing zijnde BE 
waarde zitten. In dit kader is de interpretatie en het gebruik van de waarden 
in overeenstemming met de interpretatie en het gebruik van de onderliggende 
normen. Dat wil zeggen dat de BE waarden gebruikt kunnen worden voor de 
prioriteitstelling als meerdere chemicaliën worden onderzocht, om zodoende 
de waarden te bepalen die ver onder, rond of boven de waarden, die dan weer 
in overeenstemming zijn met de zijn onderliggende standaardwaarden. De 
uiteindelijke boodschap is dan de vaststelling van een relatieve prioriteit (laag, 
gemiddeld of hoog) voor een verder uitgewerkte risicobeoordeling.  

Indeling van biomarkerconcentraties in klassen met een lage, gemiddelde en 
hoge prioriteit kan als volgt worden gedefiniëerd:  onder de BE, tussen de BE 
en BEPOD, en boven de BEPOD. In overeenstemming met deze analyses zijn er 
grenzen aan het gebruik van een BE te stellen. BE waarden zijn niet 
diagnostisch en kunnen niet gebruikt worden om de kans op een 
onomkeerbaar effect in een individu of in de populatie te voorspellen. Het zijn 
geen scherpe grenzen tussen veilige en niet veilige blootstellingen. De 
blootstellingsnormen waarvan de BE’s zijn afgeleid zijn meestal gebaseerd op 
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gemiddelde levenslange blootstelling, terwijl biomonitorgegevens het effect 
van huidige blootstelling weergeven. Hiermee dient rekening gehouden te 
worden bij het trekken van conclusies over levenslange risico’s gebaseerd op 
een relatie tussen dergelijke gegevens en de BE waarden. Deze beperkingen 
moeten expliciet worden benoemd als BE waarden worden gebruikt voor het 
interpreteren van biomonitorgegevens.  

 

In de hoofdstukken 7 tot en met 12 worden een aantal BE’s afgeleid voor 2,4-
dichloorfenoxyazijnzuur (hoofdstuk 7), tolueen (hoofdstuk 8), cadmium 
(hoofdstuk 9), acrylamide (hoofdstuk 10), trihalomethanen (hoofdstuk 11) en 
cyfluthrin (hoofdstuk 12). De methode voor het afleiden van BE voor stoffen 
uitgescheiden via de urine wordt beschreven in hoofdstuk voor 2,4-D. 
Hoofdstuk 8 gaat in op het afleiden van een BE op basis van biokinetische 
modellen en een biomarker die direct gerelateerd is aan het mechanisme van 
toxische werking. De methodologie voor het afleiden van BE waarden voor 
stoffen met blootstellingsnormen gebaseerd op humane toxicologische studies 
wordt nader beschreven in hoofdstuk 9. Hoofdstuk 10 geeft de 
afleidingsmethode van BE’s voor biomarkers die hemoglobine-adducten 
veroorzaken. In hoofdstuk 11 word een BE-benadering beschreven van 
biomonitorgegevens voor een mengsel van stoffen met een vergelijkbaar 
werkingsmechanisme. Hoofdstuk 12 beschrijft de afleiding van een BE waarde 
voor een biomarker wanneer dit een specifieke metaboliet is, in dit geval een 
pyrethroïde pesticide. 

 

In hoofdstuk 13 en 14 worden voorbeelden gegeven hoe biomonitorgegevens 
geïnterpreteerd kunnen worden. Dit kan enerzijds van toepassing zijn voor 
een algemene populatie en anderzijds voor een doelgroeppopulatie (meestal 
hoog blootgesteld). Uitgewerkt wordt hoe deze gegevens moeten worden 
toegepast bij het bepalen van een risico voor de volksgezondheid. 
Geconcludeerd moet worden dat BE waarden hun grootste nut hebben als 
instrument bij de prioritering in risico-beoordeling en -management taken. 
Biomonitorgegevens die duidelijkheid geven over het aantonen van stoffen in 
humaan bloed of urine zijn hierbij een krachtig instrument, in het bijzonder als 
er geen richtlijn is voor het interpreteren van gemeten waarden voor de 
volksgezondheid. Risicomanagement kan gericht zijn op een enkele 
verbinding, omdat deze is aangetoond, of omdat deze als toxisch wordt 
beschouwd. Mogelijke gezondheidsrisico’s zijn zowel afhankelijk van het 
potentiele gevaar van een stof alsmede van de blootstelling. Humane 
biomonitorgegevens op een bepaald tijdstip geven een inzicht in de 
geïntegreerde blootstelling aan alle aanwezige bronnen. Deze kunnen 
gecombineerd met BE waarden worden gebruikt en bieden daardoor de 
mogelijkheid om gezondheidsrisico’s vast ste stellen. De verhouding tussen 
een BE en een biomonitorwaarde kan eveneens beschouwd worden als een 
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veiligheidsmarge (Margin of Safety-MOS). Indien meerdere chemicaliën door 
middel van biomonitoring worden aangetoond in een populatie, kan op 
bovengenoemde wijze een schatting van de stofspecifieke veiligheidsmarge 
dienen voor een prioritering door risicomanagers. Dergelijke maatregelen 
kunnen dan weer de basis vormen voor maatregelen die als eerste gericht zijn 
op de verbindingen met de laagste MOS. 

 

Samenvattend kan geconcludeerd worden dat Biomonitor Equivalenten (BE’s) 
een praktische en flexibele benadering bieden voor de interpretatie van 
humane biomonitorgegevens en de bepaling van het volksgezondheidsrisico. 
Door de aard van de onderliggende risicobeoordelingen en de beperkingen in 
de beschikbare gegevens moeten BE’s allereerst worden beschouwd als 
meetmethoden met een inherent niveau van onzekerheid. De BE benadering 
biedt echter ook een eerste rationeel wetenschappelijk onderbouwde stap  in 
de risicoschatting met duidelijke voordelen. 

Duidelijke moet zijn dat het BE proces niet streeft naar vervanging van de 
bestaande risicoschatting van chemicaliën, maar een bijdrage wil leveren aan 
de interpretatie hiervan, waardoor biomonitorgegevens optimaler kunnen 
worden gebruikt in de bestaande procedures voor de risicoschatting. 

De BE benadering geeft tevens een leidraad voor mogelijke verbeteringen in 
de risicoschatting van stoffen door zich te richten op het toxische 
werkingsmechanisme en relevante interne dosis. Daarnaast biedt het een 
raamwerk voor het identificeren van de meest relevante stof-specifieke 
biomarkers. Hoe meer BE’s er beschikbaar komen, des te waardevoller zullen 
BE’s zijn voor het vaststellen van prioriteiten en het identificeren van stoffen 
met een mogelijk te geringe veiligheidsmarge.  
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Summary 
 

This thesis contains a series of manuscripts and chapters that summarize the 
conception and development of Biomonitoring Equivalents (BEs) and their 
application for helping to interpret human biomonitoring data in a public health 
risk context.  Biomonitoring involves the collection of biological samples (e.g., 
blood, urine, hair, nails, breast milk, tissues biopsies) from humans and 
measuring the concentration of chemicals to provide a measure of a person’s 
(or population’s) exposures and retention of chemicals in their bodies.  
Biomonitoring has been called the ‘gold standard’ of exposure assessment 
because it eliminates much of the uncertainty associated with predicting how 
much chemical people ingest, breath or absorb dermally, especially for 
chemicals found in soil, dust, food, and consumer products.  As a result, 
numerous national and regional biomonitoring programs are becoming 
common.  Part of the objective of conducting these biomonitoring programs is 
to identify the chemicals which pose a public health risk to the populations 
being sampled and to determine which chemicals warrant new or additional 
risk management or product stewardship efforts so as to reduce exposures.  
The challenge, though, is that few standards exist to allow an evaluation of 
biomonitoring data to answer this important question of “what are safe 
biomonitoring levels” for each chemical.  This is because regulatory agencies 
have developed tolerable/acceptable exposure limits for chemicals based on 
external dose (e.g., mg/kg/day or ppm).  Over the past 30 years, regulatory 
agencies have developed these exposure guidance values for hundreds of 
compounds.  The Biomonitoring Equivalents (BEs) were developed to help 
bridge this gap by developing an approach for converting these external dose-
based risk assessments into internal dose equivalents or equivalent 
concentrations of chemical in urine.  A BE is defined as the concentration of a 
chemical or metabolite in a biological medium (e.g., blood, or urine) that is 
consistent with an existing (external) exposure guidance value such as a 
tolerable daily intake (TDI) or reference dose (RfD).   

Chapter 2 contains the original conception of the BE.  When proposing the idea 
for a BE, we recognized the potential flexibility in approaches for translating an 
external dose to a corresponding BE.  If human pharmacokinetic information is 
available, a target external dose can be converted into the corresponding 
expected internal dose (concentration of parent compound or metabolite in 
blood and/or urine) in humans.  Alternatively, if pharmacokinetic data are 
available in the animal species used in the study that provides the point of 
departure (POD) on which the exposure guidance value is based, the internal 
dose in the animal at the point of departure (POD) can be estimated and then 
the appropriate uncertainty factors (UFs) corresponding to those used in the 
derivation of the exposure guidance value can be applied to derive a BE.  This 
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flexibility offers many advantages and affords the opportunity to leverage an 
internal dose based reconstruction of the exposure guidance value when 
sufficient information is known and available.  Numerous other issues arise 
when using a BE to interpret biomonitoring data resulting from general 
population background exposures. 

In recognition of the many technical and communications challenges likely to 
be encountered in the implementation of the BE concept, an expert workshop 
was convened in June, 2007, to address a series of charge questions on the 
derivation (Chapter 3) and communication (Chapter 5) of BE values.  The 
purpose of the meeting was to develop guidelines for the derivation (Chapter 
4) and communication (Chapter 6) of Biomonitoring Equivalents so the 
international community could have a common set of guidelines to direct the 
development and implementation of BEs. 

In Chapter 3, charge questions were developed to address the main issues 
that might arise during derivation of BEs.  The critical issues needing to be 
addressed involved;  

1) When exposure guidance values are based on animal toxicology 
studies, is it more appropriate to use animal data or pharmacokinetic 
(PK) models to calculate the internal dose at the POD or is it more 
appropriate to use human data or PK models to derive the BE from the 
exposure guidance value? 

2) When leveraging internal dose, do all of the Uncertainty Factors (UFs) 
used in the derivation of the BEs apply? 

3) What special requirements are involved in deriving BEs for exposure 
guidance values based on cancer endpoints? 

4) What special requirements are involved in deriving BEs for compounds 
with short half-lives? 

The findings from the BE Expert Workshop resulted in a series of decision 
models that, in combination, constitute the BE Model (Chapter 4).  The BE 
derivation process results in two estimates of the biomarker concentration at 
relevant points in the risk assessment process: the BEPOD, consistent with the 
human equivalent point of departure (after application of all LOAEL to NOAEL, 
duration, and interspecies extrapolation adjustments), and the final BE value, 
consistent with the exposure guidance value (accounting for intraspecies and 
other uncertainty factors, such as database uncertainty factors).  Uncertainty 
factor components applied on the derivation of the external exposure guidance 
value are retained, except under specific circumstances when inter- or intra-
species extrapolations are made using a dose metric that is equal to or directly 
relevant to the critical dose metric.  In this situation, pharmacokinetic 
components of the uncertainty factors may be replaced by the modeled or 
measured pharmacokinetic data.  In this respect, the BE methodology is 
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consistent in concept with the derivation and application of chemical-specific 
adjustment factors.  Use of toxicologically relevant biomarkers as the metric 
for exposure measurement and setting benchmarks bypasses the need to 
model the pharmacokinetics that relate external to internal doses (either 
within or between species).   Measured biomarker concentrations reflect these 
processes explicitly on a chemical-specific basis, replacing pharmacokinetic 
uncertainty factor components (either default or chemical-specific).   An 
additional BE value is calculated when the mode of action is known and the 
biomarker is the same as the critical dose metric (BEPOD_Animal), which is the BE 
value associated with the POD in the animal used as the basis for the exposure 
guidance value.   

The BE derivation process involves other important considerations. The first 
step in a BE derivation is to evaluate the animal or human exposure-response 
data used as the basis for the derivation of the exposure guidance value to 
assess the understanding of mode of action.  Based on that understanding, an 
assessment of the critical or relevant dose metrics should be made. Selection 
of biomarkers for a given chemical should consider several factors so that the 
analytical data can be interpreted in a health risk context.  The biomarker 
should be specific to the chemical of interest.  Ideally, the biomarker should be 
the toxic moiety, or, failing that, a marker just upstream in the metabolic 
pathway from the toxic moiety or a marker that is directly related to the toxic 
moiety.  The persistence of the biomarker should be considered, longer-lived 
species provide a more stable assessment of exposure.  Finally, the 
invasiveness of the required sampling is also a consideration.  The best 
available PK data and/or model should be used for converting external dose to 
an internal dose.  The confidence in the BE should be evaluated, considering 
two important factors.  The first is the robustness of the PK database.  The 
second being how closely the biomarker is related to the critical dose metric.  
Lastly, factors that might impact the variability and uncertainty in the BE 
estimates are discussed so that the impact on the interpretation of 
biomonitoring data can be jduged.  These factors include age, gender, 
smoking status or other lifestyle factors, genetic variability, uncertainty in 
pharmacokinetic data and models, and other factors as appropriate.  Where 
possible, the magnitude of variability or uncertainty should be described. 

Biomonitoring data poses unique challenges for interpretation largely because 
it evokes strong personal responses.  Similar to needing guidelines for the 
derivation, it was recognized that guidelines were needed for how to 
communicate the interpretation of biomonitoring data in the context of BEs.  
As part of the BE Expert Workshop, a series of charge questions were 
developed to help guide discussions and focus on the important issues with 
communicating BEs (Chapter 5).  In particular, the main issues needing to be 
resolved were: 
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1) What definition of the BE accurately captures the meaning and 
application of BEs? 

2) Does the EB have application for interpreting biomonitoring data from 
individuals? 

3) What should be said when personal or population biomonitoring data 
exceed the BE? 

4) How should this message be made applicable for communicating to risk 
managers, physicians and the lay public?  

Chapter 6 provides the guidelines for communicating the interpretation of 
biomonitoring data in the context of the BEs.  The definition and utility of BEs 
follows directly from the meaning and utility of the existing exposure guidance 
values from which they are derived.  BE values are designed to be used as 
screening tools to allow for initial evaluation of biomonitoring data in the 
context of existing public health risk assessments.  Measured concentrations of 
the biomarker in population studies (such as those conducted by CDC through 
the National Human and Nutrition Examination Survey program) can be 
compared to the available BE values to assess whether biomarker 
concentrations are well below, near, or above the appropriate BE value.  In 
this respect, the interpretation and uses of these values are consistent with 
the interpretation and uses of the underlying exposure guidance values.  That 
is, the BE values can be used for prioritization when multiple chemicals are 
being assessed, in order to identify those that appear to be well below, near, 
or above levels consistent with the underlying exposure guidance values.  The 
resulting communication message is thus one of relative priority (low, 
medium, or high) for further risk assessment follow-up.  Biomarker 
concentration regions of low, medium, and high priority are identified, 
respectively, as those below the BE, those between the BE and the BEPOD, and 
those above the BEPOD.  Consistent with this framework for interpretation, 
several limitations and restrictions on the use of BE values are required.  BE 
values are not diagnostic, and cannot be used to predict the likelihood of an 
adverse effect in individuals or a population; they are not bright lines 
separating “safe” from “unsafe” exposures.  The exposure guidance values 
underlying the BE value derivations generally are framed in terms of lifetime 
average exposures; biomonitoring data generally present snapshots reflecting 
current exposures, so this needs to be taken into account when considering 
conclusions regarding lifetime risks based on the relationship between such 
data and the BE values.  These limitations should be explicitly conveyed when 
BE values are used to interpret biomonitoring data. 

In chapters 7 through 12, a series of BEs are derived for 2,4-
dichlorophenoxyacetic acid (chapter 7), toluene (chapter 8), cadmium 
(chapter 9),  acrylamide (chapter 10), trihalomethanes (chapter 11) and 
cyfluthrin (chapter 12).  The methodology for deriving BEs for compounds 
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excreted in urine is presented in chapter 7 for 2,4-D.  Chapter 8 provides 
methodology for deriving BEs using physiologically based pharmacokinetic 
(PBPK) modeling and for a biomarker that is directly related to the mode of 
action.  Chapter 9 provides methodology for deriving a BE for a compound in 
which the exposure guidance value is based on human toxicology studies.  
Chapter 10 provides the methodology for deriving BEs for hemoglobin adduct 
biomarkers.  Chapter 11 provides an approach for evaluating biomonitoring 
data for a mixture of compounds with similar modes of action.  Chapter 12 
reiterates the approach for deriving BEs for biomarkers in urine in which the 
biomarker is a specific metabolite of a pyrethroid pesticide.  

Chapters 13 and 14 provide examples of how to interpret general population 
and targeted (potentially highly exposed) population biomonitoring data in a 
public health risk context. The BE values have their greatest utility as a tool 
for prioritization of risk assessment and management efforts.  Biomonitoring 
data showing the detection of chemical compounds in human blood or urine 
provoke powerful reactions in the public, particularly when there is no 
framework for interpretation of the measured values in a health risk context.  
Risk management efforts may be focused on a chemical simply because it is 
detected, or because the chemical is considered to be “toxic.”  However, 
potential health risks are a function of both hazard and exposure.  Human 
biomonitoring data, which provide a snapshot of exposure integrated from all 
sources, coupled with interpretation using BE values, provides an opportunity 
to include a health risk perspective.  The ratio between the BE value and the 
measured values in a given biomonitoring study can be regarded as a “margin 
of safety” (MOS).   When levels of multiple chemicals are measured in a 
population, estimation of the chemical specific MOS values can serve as a 
prioritization tool for risk managers, providing one basis for focusing efforts 
and resources on chemicals with the lowest MOS.  

Biomonitoring Equivalents provide a practical and flexible approach to 
interpreting human biomonitoring data in a public health risk context by 
leveraging existing chemical risk assessments and existing pharmacokinetic 
data in animals and/or humans.  By the nature of both the underlying risk 
assessments and the likely limitations in available data, BEs must be regarded 
as screening tools with an inherent level of uncertainty associated with them.  
However, the BE approach serves as a rational, science-based first step that 
has many practical advantages.  The BE process does not seek to replace the 
existing risk assessments for chemicals, but rather seeks to translate those 
risk assessments so that biomonitoring data can be interpreted in the context 
of those existing risk assessments.  The BE approach provides a framework for 
potentially improving risk assessments by focusing on mode of action and 
relevant internal dose metrics and provides a useful framework for identifying 
the most relevant chemical-specific biomarker(s).  As more BEs become 
available, a major utility of the BEs will be for risk prioritization and identifying 
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which chemicals warrant more attention compared to those chemicals which 
have sufficient margins of safety. 
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