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Chapter 1
General introduction
Michiel (M.J.J.M.) Verhofstad

Chapter 1

Background
Freshwater ecosystems provide many valuable ecosystem services to humans worldwide,
such as drinking water, irrigation water for crops, and food for humans (e.g. fish)
(Carpenter et al., 2011). Within the shallower parts of these freshwater ecosystems (depth
< ~10 m) different types of aquatic plants may grow (Middelboe & Markager, 1997;
Sondergaard et al., 2013). Aquatic plants come in many shapes and sizes and can be
grouped into four general growth forms: emergent species, free floating species, sediment
rooted species with floating leaves, and completely submerged species (Fig. 1; Lacoul &
Freedman, 2006). Emergent species root in the sediment and extend the majority of their
aboveground biomass above the water surface, for example common reed (Phragmites
australis). Free floating species have leaves that float on top of the water surface and
their roots (if present) are not rooted in the sediment, for example duckweeds (Lemna
spp.). Other species with floating leaves are rooted in the sediment and make up the third
group, for example water lilies (e.g. Nymphaea spp.). The last group of species grows
completely below the water surface, but may flower either above or below the water
surface, for example Myriophyllum spicatum (sediment rooted submerged),
Ceratophyllum demersum (rootless submerged), or Charophytes (i.e. freshwater macro
algae).

Benefits
Aquatic plants, and in particular submerged species, are of paramount importance for
ecosystem functioning as they perform a multitude of important functions in the
ecosystem (Carpenter & Lodge, 1986; Phillips et al., 2016). For example, they provide
food for invertebrates, fish, and waterfowl (Fig. 2; Hargeby et al., 1994; Hansson et al.,
2010). They additionally provide habitat for many invertebrate and fish species, but also
for other primary producers, such as epiphyton (i.e. algae growing on top of substrates,
such as plant shoots) (Fig. 2; Hargeby et al., 1994; Schriver et al., 1995; Perrow et al.,
1999; Phillips et al., 2016). Furthermore, rooted aquatic plants can alter the abiotic
conditions in the water and sediment and can affect the microbial community in the
sediment through radial oxygen loss of their roots (Lamers et al., 2012a).
Submerged plants also provide important ecosystem services for humans, such as
maintaining clear water by competing with phytoplankton for nutrients and light, but
also by suppressing the phytoplankton via chemical warfare (i.e. allelopathy) (Fig. 2;
Gopal & Goel, 1993; Van Donk & Van de Bund 2002; Hilt & Gross 2008; Bakker et al.,
2010; Blindow et al., 2014). Rooted submerged plants can furthermore reduce sediment
resuspension by stabilizing the sediment with their roots (Fig. 2; SandJensen, 1998;
Horppila & Nurminen, 2003; Wang et al., 2010). Next to increasing water quality, several
species of aquatic plants even have direct befits to humans. Some species have been used
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Figure 1. Scheme of aquatic plant growth forms.

for centuries as an agricultural fertilizer. For example, Stratiotes aloides has been
mentioned frequently as an excellent fertilizer especially for potato crops in Dutch
newspapers up until around 1941: “In Drenthe, gelyk elders, met veel voordeel tot
mestftof gebruikt wordende zekere Waterplant, genaamd Scheeren, Kaarden,
Krabbeschaar, zynde de Stratiotes aloides van Linnæus [...]” Vriesche Courant 26Nov
1808. The use of aquatic plants was not unique to the Netherlands, but likely occurred all
over the world where aquatic plants were available (Edwards, 1980). For example, old
drawings of people harvesting aquatic plants have been found in Japan as well (personal
communication, Syubei Ban, 2016; Fig. 3).

Figure 2. Main ecosystem functions of submerged aquatic plants.
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Figure 3. A. Photograph of manual aquatic plant harvesting in the Netherlands around 1941
(Stevens, 1941; courtesy of OudHilversum, the Netherlands). B. Ink on paper drawing of manual
aquatic plant harvesting in lake Biwa, Japan around 1866 (Hakuen Hirose, 1866; courtesy of Otsu
City Museum of History, Japan).

Problematic growth
Despite the many benefits of aquatic plants, they are not always deemed desirable.
Sometimes aquatic plants are considered a nuisance by humans all over the world when
they become overabundant (Murphy, 1988a; Nichols, 1991; Madsen, 1998; Richardson,
2008). Occasionally, aquatic plants grow so fast that they fill up the entire water column
and form dense mats at the water surface (Stallings et al., 2015). This can cause large
nuisance problems for humans (‘woekerende waterplanten’ in Dutch). These large plant
stands can for example impair recreational use of the ecosystem such as swimming,
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boating, surfing, or fishing (Nichols, 1991; Charrudatan, 2001; Hilt et al., 2006). Large
stands can also reduce water flow in rivers and canals that can lead to problems for the
supply of irrigation water in irrigation channels, but can also increase the risk of flooding
from clogged drainage channels (Sprecher et al., 1998; Bal et al., 2011). Dense surface
mats of aquatic plants can even increase mosquito habitat and thus potentially increase
the spread of mosquitoborne diseases in more tropical regions of the world (Madsen,
1998; Anderson, 2003).

1

Overabundance of aquatic plants is not only a problem for human use of the ecosystem,
they can also negatively affect ecological functioning of the ecosystem. For example,
dense surface mats can lead to periods of anoxic conditions in the water and sediment
underneath these canopies, that can in turn affect aquatic fauna and water quality
(Schwarz & HowardWilliams, 1993; Miranda & Hodges, 2000; Burlakova & Karatayev,
2007; Nakamura, 2008). Additionally, these dense stands are often characterized by low
plant species diversity and are dominated by one or a few highly competitive species
(Anderson, 2003; Richardson, 2008). Furthermore, these dense stands degrade habitat
diversity and quality for a variety of animals within freshwater ecosystems (Nichols, 1991;
Anderson, 2003; Stallings et al., 2015).
Often, research on nuisance growth of aquatic plants focused on problems caused by
invasive plant species, but many native species can cause similar problems (Mitchell,
1996; Charrudatan, 2001; Anderson, 2003; Hilt et al., 2006; Richardson, 2008; Hussner
et al., 2017).

Aims of the Thesis
During this PhDproject I focused on the problems caused by submerged aquatic plants.
It is still unclear how and when nuisance growth of submerged plants actually occurs. It
also remains uncertain how the problem can best be managed or halted successfully
without negatively impacting other parts of the ecosystem, as management is often
ineffective and its results are unpredictable. In this PhDproject I therefore aimed to (1)
identify the main problems caused by nuisance aquatic plant growth and define when
these problems may occur. (2) Identify why this problem is occurring at this moment in
many parts of the world, including the Netherlands. (3) Identify what ecosystem
managers of shallow freshwater ecosystems can do about the problems and finally (4)
identify possible economical use that the nuisance aquatic plants could provide. I will
explain the content of this thesis in more detail in the following sections.

11

Chapter 1

(1) Defining and characterizing the nuisance problem
Surprisingly, I noticed early on that there was no clear definition of what a ‘nuisance
causing’ aquatic plant stand was. No general consensus was present on the dimensions
(i.e. areal cover or height) at which plants started to be considered a nuisance. This is
probably because there simply is no overall threshold level above which submerged
plants are a nuisance and below which they are not. The threshold depends on the local
services the ecosystem provides (Murphy, 1988a; Mitchell, 1996). Therefore, the first step
in this PhDproject was to quantitatively define the nuisance problems, so that nuisance
could be researched in a quantitative and scientific manner. In Chapter 2 I explored
how scientists, ecosystem managers, and policy makers can define the threshold level
above which plants cause problems and potentially need to be managed, depending on
the services provided by the ecosystem. I used a typical Dutch shallow lake as a case study
to illustrate how to define the thresholds in practice.

(2) Conditions enabling nuisance
Second, I aimed to identify under what environmental conditions submerged plant stands
grow to a problematic size. Scientific literature already provided a theory: high nutrient
availability combined with clear water (enough light availability) would lead to fast
growth of competitive submerged plants (Bloemendaal & Roelofs, 1988; Carr &
Chambers, 1998; Bornette & Puijalon, 2011). Under these conditions space and light
become limiting for the plants (i.e. selfshading). Several species will therefore grow very
fast towards the surface to capture as much light as possible.
If nutrient availability is indeed to blame, it is logical to assume that nuisance growth of
aquatic plants would also have occurred during the onset of eutrophication (e.g. Bates &
Hentges, 1976), before the water became turbid by algal growth and could no longer
support submerged plant life. Indeed, during the first half of the 20th century problematic
aquatic plant growth was already reported in the western world (Hasler, 1945). Clear
water and high nutrient availability likely also occur after restoration of eutrophicated
waters. In these ecosystems, the decades of nutrient loading have made the sediment
extremely nutrient rich. Improving water quality leads to high light availability combined
with high sediment nutrient availability for rooted plants in these restored ecosystems,
which may result in mass development of macrophytes (Bloemendaal & Roelofs, 1988;
Barko et al., 1991; Carr & Chambers, 1998; Bachmann et al., 2002; Lamers et al., 2012b;
Lamers et al., 2015).
However, to our knowledge, there is a lack of field data to support the theory that massive
submerged plant growth is mainly governed by light and nutrient availability. In
Chapter 3 we explored how sediment nutrient availability and water clarity affected the
probability of nuisance submerged plant presence in shallow Dutch lakes and ponds.

(3) Tackling the nuisance problem
Treating the cause of a problem is always better than treating the symptoms (e.g. Finlay &
Vogt, 2016). However, it is not yet clear what ultimately determines whether a site will
12

General introduction

Table 1. Main pros and cons of the main aquatic plant management methods.

1

harbor nuisance aquatic plant growth or not. And even if we assume for now that
nutrients in the sediment are the main cause under conditions where light availability is
high enough, it may not always be possible for ecosystem managers to reduce the nutrient
levels in the ecosystem to such a degree that no plant can grow large enough to cause
problems. This is likely why ecosystem managers, more often than not, use management
methods to tackle the symptoms of the nuisance problem. In general, the main methods
applied can be grouped under Chemical control (e.g. herbicide application), Biological
control (e.g. introducing herbivores) and Mechanical control (e.g. mowing), all with their
pros and cons (see Table 1). In this PhDproject I focused on mechanical control methods
and specifically on the harvesting of nuisance submerged plants (i.e. cutting and removal
of cut biomass). I focused on this method because it can be a relatively ecofriendly and
highly controllable management method for reducing plant height, which simultaneously
removes nutrients from the ecosystem via the harvested plant biomass (e.g. Quilliam et
al., 2015; Finlay & Vogt, 2016). Another reason to focus on this method is that it is one of
the most used management methods worldwide, even though the effects of harvesting are
still unpredictable and often shortlived (Stallings et al., 2015; Finlay & Vogt, 2016;
Hussner et al., 2017).
I performed several experiments aimed at increasing the predictability of the effects of
harvesting and thereby increasing the effectiveness of the management method itself.
One of the reasons why the effects of harvesting may be unpredictable could be that
different submerged plant species respond differently to harvesting. Another reason
could be that the effect that harvesting has on submerged plants is affected by the
13
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environmental conditions, such as light and nutrient availability (Lacoul & Freedman,
2006; Bornette & Puijalon 2011). It is well known that nutrient availability is a major
driver of the growth rate of submerged aquatic plants (Barko & Smart, 1986; Best et al.,
1996; Angelstein et al., 2009; Cao et al., 2012; Xie et al., 2013; Martin & Coetzee, 2014).
Nutrient availability thus likely affects the plants’ regrowth after cutting as well. In
Chapter 4 I explored the effects of harvesting on three different species of nuisance
causing submerged plants and how nutrient availability affected their response to
harvesting, using controlled greenhouse experiments.
Intense harvesting can be very stressful for the plants. I therefore additionally needed to
assess whether the submerged vegetation can handle sustained harvesting without
collapsing, so that the important functions the plants perform in the ecosystem will not
be lost. In Chapter 5 I show the results of a large outdoor experiment, where the
submerged vegetation was harvested with 4 different frequencies (i.e. from once a year to
monthly harvests). Here, I explored how the targeted plant species responded to repeated
harvesting. In Chapter 6 a complex shallow lake ecosystem model, PCLake, was used to
explore how the vegetation of an entire lake may respond to repeated harvesting over
multiple years. We also tested at what intensity harvesting becomes too stressful for the
submerged plants, leading to a collapse of the vegetation, and whether this is affected by
the nutrient loading of the system.
On a more detailed level, I also investigated how the aquatic plant species composition
and diversity might be affected by management. In Chapter 5, I explored how different
harvesting frequencies affected aquatic plant species composition and abundance. In
Chapter 7 I zoomed out and explored how harvesting management in general may
influence aquatic plant biodiversity on the landscape scale.

(4) Potential uses of nuisance aquatic plant growth
Finally, harvesting fast growing plants could potentially remove large amounts of plant
biomass from ecosystems and thus large amounts of nutrients fixed within the plant
biomass. Because phosphorus is a finite natural resource and is essential for agricultural
food production, this plant biomass should not be treated as waste, but as a useful
product (Chapter 9). Both in Chapter 5 and in Chapter 6, I investigated how many
nutrients can be removed by harvesting submerged aquatic plants and whether
harvesting is a viable method to remove nutrients from the ecosystem.
There are several very promising applications for the harvested submerged plant biomass
(Chapter 9). As mentioned at the start of this introductory chapter, aquatic plants have
already been used as agricultural fertilizer or soil conditioner for centuries and this
practice still has high potential today (Ho et al., 2015; Quilliam et al., 2015). If these
plants are used as a fertilizer on fields close to the site where the plants were harvested,
transportation is cheap and should reduce the application of external fertilizer. This in
turn helps to close the local nutrient cycle (Quilliam et al., 2015). Furthermore, aquatic
plants may also be used as feed for cattle (Edwards 1980; Kalita et al., 2007; Quilliam et
al., 2015) or as a basis for biofuel (Abbasi et al., 1990; O’sullivan et al., 2010; Wilkie &
14
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Evans, 2010; Quilliam et al., 2015).
The optimal use of the biomass partly depends on the characteristics of the biomass
(Muñoz Escobar et al., 2011), such as water content and elemental composition (i.e.
stoichiometry) (Edwards, 1980). These biomass characteristics not only differ among
aquatic plant species, but can also vary greatly within a single species over space and time
(Fig. 4). In the experiment reported in Chapter 5 I explored how the C, N, P, K harvest
varies over time. Furthermore, the elemental composition can be influenced by the
nutrient availability in the ecosystem. I explored the elemental composition of submerged
plants over a large spatial scale in Chapter 8.

1

Figure 4. Variation in biomass characteristics of several free floating and submerged aquatic plant
species. The plant parts that were measured are indicated by the shape and color of the points.
Most often the entire plant or the entire above ground biomass (i.e. shoots) were measured
(diamond shapes). Data was collected from 92 articles or reports (Verhofstad, unpublished data).
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Relevance of the Thesis
In this PhDproject I gathered knowledge on 1) when aquatic plants are considered a
nuisance, 2) under what environmental conditions the chance of nuisance growth is
highest, 3) how submerged aquatic plants respond to harvesting, and explored 4) how the
harvested biomass can be used. This knowledge will increase the predictability and
effectiveness of submerged plant management. It will enable the development of
sustainable submerged plant management, help to predict how many nutrients can be
removed from the ecosystem via harvesting and what the most viable applications of the
harvested biomass are. The combination of experimental work, literature surveys,
modeling methods and extensive field surveys used in this thesis will additionally
contribute to fundamental scientific knowledge on submerged vegetation dynamics and
the effects of mechanical management of selected species.
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Abstract
Throughout the world, mass development of native and nonnative submerged
macrophytes leads to nuisance problems for humans. However, often neither the type of
nuisance nor the characteristics of nuisance vegetation have been uniformly quantified,
leaving nuisance vegetation as a largely unsubstantiated qualification. The lack of a
synthesis of when submerged plants cause nuisance hampers comparative research on
the environmental conditions leading to nuisance. Furthermore, defining and
evaluating management goals to reduce nuisance caused by submerged plants is not
possible when characteristics of the nuisance vegetation remain unquantified.
In this study, we performed a literature review and gathered stakeholder information
to identify (1) which problems are caused by nuisance submerged macrophytes; (2)
which plant characteristics underlie ‘nuisance’; (3) and which species cause nuisance.
We (4) synthesized this information into a framework to classify submerged vegetation
as either ‘nuisance’ or ‘nonnuisance’ using a case study to illustrate the principles.
We found that most nuisance problems that affect human use of the ecosystem can be
grouped into problems for boat traffic, swimming, fishing, and hydrological
functioning of the system. Additionally, a multitude of ecological effects have also been
reported, but these were outside of the scope of this study. Vegetation cover and canopy
depth below the water surface are main determinant characters for nuisance.
Therefore, both invasive and native eutrophilic species with a vertical growth strategy
are particularly problematic, but other species can also cause nuisance.

Introduction
Freshwater ecosystems fulfil a wide range of ecological functions. They also provide many
services for humans, including fresh water supply (e.g. for consumption and irrigation),
food supply (e.g. fish), transportation routes, recreation, hydropower, and cooling water
(Jackson et al., 2001; Aivazidou et al., 2016). Submerged vegetation is considered vital in
shallow water ecosystems for performing a number of ecosystem functions which result
in enhanced stability of a clear water state in shallow freshwater ecosystems (Carpenter &
Lodge, 1986; Jeppesen et al., 1997; Van Donk & Van de Bund, 2002; Hilt & Gross, 2008).
Submerged aquatic plants also provide food and habitat for other autotrophs and both
vertebrate and invertebrate animal species and can thereby increase freshwater
biodiversity (Hargeby et al., 1994; Schriver et al., 1995; Perrow et al., 1999; Mazzeo et al.,
2003; Declerck et al., 2005; Bakker et al., 2016). An important target in restoration of
degraded aquatic ecosystems is therefore the restoration of stable and diverse aquatic
vegetation (Moss et al., 1996; Hilt et al., 2006; Bakker et al., 2013b). However, aquatic
plants can also be perceived as problematic, in particular when they occur in large
amounts (i.e. mass development) and interfere with human use of the freshwater
ecosystem (Chambers et al., 1999; Hilt et al., 2006; Zehnsdorf et al., 2015).
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Clear water and high availability of nutrients in the sediment are thought to facilitate this
nuisance growth of macrophytes (Barko & Smart, 1986; Bini et al., 1999; Angelstein et al.,
2009; Verhofstad et al., 2017). Next to nutrient effects, macrophytes generally also grow
faster when temperature and light irradiance increase during the seasons (Kunii, 1984;
BarratSegretain, 2004; Bornette & Puijalon, 2011). The annual timing of strong
macrophyte development often coincides with high anthropogenic use of aquatic
ecosystems, as water recreation peaks during the summer months. Nuisance growth of
invasive submerged macrophytes, such as Myriophyllum spicatum L., Elodea nuttallii
(Planch.) St. John, Egeria densa Planch. and Cabomba caroliniana Gray, have caused
many problems for humans worldwide (Smith & Barko, 1990; Di Nino et al., 2005;
Wilson et al., 2007; Tamayo & Olden, 2014). However, these effects are not limited to
invasive species (Anderson, 2003; Hilt et al., 2006), as any macrophyte species that
forms large stands may cause nuisance to one of the freshwater ecosystem functions or
services.

2

Whereas nuisance growth of submerged macrophytes is regularly reported both in
scientific and in popular media, it is largely undefined what ‘nuisance’ actually is. What
characteristics (e.g. species composition, plant height, plant cover, etc.) does a vegetation
have to be a nuisance to humans? To our knowledge, no quantitative method is available
to classify whether submerged vegetation creates nuisance for specific ecosystem services
or not. In this study, we developed a quantitative approach to identify and classify
submerged nuisance aquatic vegetation.
We performed a review of international scientific literature to: (1) identify which
problems are caused by nuisance submerged macrophytes and to which ecosystem
services these are related; (2) identify macrophyte characteristics which were used to
describe the vegetation as ‘nuisance’; (3) identify which species have been reported to
grow to nuisance levels and whether these are native or nonnative species. We used an
average Dutch lake as a case study to (4) illustrate our framework classifying a vegetation
as either ‘nuisance’ or ‘nonnuisance’ using selected plant characteristics and
differentiating on the functions and services the ecosystem fulfils.

Methods
Literature survey
We performed a systematic search of the scientific literature, to find the most common
problems reported with submerged macrophytes, the vegetation characteristics linked to
these problems, and which species most often cause these problems. To find relevant
scientific peerreviewed papers, the Web of Science search engine was used with the
following query:
Query: “TOPIC: (nuisance OR noxious OR problematic) AND (macrophyte* OR (aquatic
AND plant*) OR (aquatic AND weed*))”.
21
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This search yielded 346 hits on the 10th of February 2017 covering a wide range of aquatic
systems and geographic regions (see Supplementary Table S 1). Based on the title and
abstract, papers were selected for processing if they contained information on problems
caused by submerged freshwater nuisance macrophytes and/or criteria which described
macrophytes as nuisance and/or which species were considered a nuisance. Papers
describing invasive nonnative species were only included in the analysis if the plants
were considered a nuisance because of the amount at which they occurred, not just
because of the fact that they were nonnative to that specific site. We found 81 papers that
met our criteria from waterways and waterbodies located in North and SouthAmerica,
Europe, Africa and Australia, with the USA being the largest source of scientific studies
(Table S 1). Several scientific papers cited local ‘grey literature’ next to peerreviewed
papers and this local knowledge is therefore indirectly also included in this review. From
the selected paper, we extracted (1) problems mentioned that were caused by submerged
macrophytes, (2) macrophyte vegetation characteristics linked to nuisance, and (3)
nuisance macrophyte species reported.

Case study
Finally, we used the information gathered from the literature review to develop a
framework classifying a macrophyte stand as either nuisance or not, depending on local
conditions, such as, ecosystem service provided and water depth. To define the threshold
levels at which submerged macrophytes cause nuisance that our framework requires, the
information in the scientific literature was insufficient. For our case study, we therefore
gathered additional information concerning the perception of nuisance in the
Netherlands from recreational specialists at Alterra (Wageningen University and
Research centre, The Netherlands), the Netherland’s Sport Fishing Association (SVN),
and the Dutch Water Sports Industry Association (HISWA). We also included
information from a survey among 1269 interviewed Dutch recreationalists (for more
detailed information see Goossen et al., 1997). This survey contained information on how
important people value water quality and aquatic vegetation for engaging in recreational
activities as fishing, swimming, and boating (Goossen et al., 1997). We used a model
shallow (2 m) freshwater ecosystem as our case study, because these ecosystems are very
common and typical for the Netherlands and many other countries (e.g. Gulati & Van
Donk, 2002; Søndergaard et al., 2007). The framework can be tailored to specific
waterbodies or waterways by surveying local users about their problems with aquatic
vegetation and incorporating corresponding threshold levels of plant abundance into the
classification scheme. The thresholds mentioned in our case study (see results section)
are given specifically for the location that is actually used by the community, not for the
entire ecosystem. We further assumed homogeneous vegetation distribution in the case
study and will discuss spatial heterogeneity and implications for the whole ecosystem in
the discussion.
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Results
Recorded problems
A wide range of plant induced problems have been reported depending on the use of the
aquatic system at hand (Table 1). The main problems can be categorized as problems for
boat traffic, fishing, swimming, and hydrodynamics. Additional problems that were
mentioned less frequent included problems concerning decreased aesthetics, increased
sedimentation, and altered nutrient cycles (grouped under the category ‘Other’ in Table
1). Many studies (n = 38) also mentioned problems that can be categorized as problems
for ecological functioning, especially with regard to nonnative species. Because these
problems for nature do not necessarily directly impair the anthropogenic functions
described, they are outside of the scope of this paper and included in the ‘Other’ category,
but we strongly recommend this to be taken up in future research.

2

Characteristics of nuisance submerged vegetation
Vegetation that was considered to be a nuisance was mainly characterised by high plant
growth rate, tall height, high coverage, forming (near) monospecific vegetation, and / or
high biomass (Table S 3). Plant height (n = 24) and coverage (n = 45) were the most
frequently described plant parameters related to nuisance. Most striking was that only 5
of the 78 scientific papers used in this review provided a quantitative measure of nuisance
Table 1. Summary of the main services provided by the freshwater ecosystem where nuisance
aquatic plants cause problems as stated in scientific literature. See Table S 2 and reference list
(Table S 1) for actual references.
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vegetation, namely > 50 % plant cover, < 0.5 m plant canopy depth, or > 0.5 m plant
height under 1 – 2 m of water depth (Brandrud & Roelofs, 1995; Mataraza et al. 1999;
David et al. 2006; Richardson 2008; Alwin et al. 2010). In most papers a specific biomass
per square metre, coverage, or plant height at which the vegetation was considered as a
nuisance was lacking. Several authors did not provide a description of nuisance
vegetation but only stated that macrophytes were a nuisance because they ‘caused
problems’. Together with the description that plants are a nuisance if they are locally very
abundant, these descriptions have been categorized as ‘Other’ (Table S 3), as they cannot
easily be attributed to any measurable plant characteristic.

Nuisance species reported
A diverse group of 33 different submerged macrophyte species were reported as being a
nuisance (Table 2). Most frequently mentioned (≥ 6 references) were: M. spicatum,
Hydrilla verticillata Royle, Ceratophyllum demersum L., E. densa, Lagarosiphon major
Moss, Elodea canadensis Michaux, and Potamogeton pectinatus L. M. spicatum was
reported most often as being a nuisance species, namely in 25 papers. Several macrophyte
species have been reported to be a nuisance both in their native and introduced range (7),
while others have mainly been reported as nuisance in either their native (17) or
introduced ranges (8) (Table 2).

Determining thresholds: Case study
Following the literature (Washington et al., 1992; Table S 3), we propose that classifying
nuisance for human use can best be done by combining both plant canopy depth and
plant cover as factors (Fig. 1A). With plant cover we indicate the percent surface area
occupied by macrophytes. Plant canopy depth is the difference between water depth and
plant height, i.e. the thickness of the water column above the vegetation canopy.
Submerged macrophytes become a direct nuisance for man when too many shoots
physically touch humans (swimming) or manmade objects (boating and fishing) in both
waterbodies and waterways, or when they obstruct flow in waterways (impede
hydrodynamics). To separate nuisance from nonnuisance vegetation based on the two
selected plant parameters, it is essential to first identify at what canopy depth and cover
submerged macrophytes will pose a problem for the different types of ecosystem services
the aquatic ecosystem may deliver (Murphy, 1988a). The first step in determining the
threshold levels above which submerged macrophytes will be considered a nuisance for
specific ecosystem services is thus to identify which services are provided by the
ecosystem. To determine these nuisance threshold levels, we suggest surveying the local
users about how many plants are perceived to impair the ecosystem service at hand.
Because perception is very subjective and can be exaggerated, we suggest incorporating
the available scientific knowledge on actual problems caused by submerged plant growth
where possible. Additionally, quantitative metrics about the users of the ecosystem
services can also help to remove perception bias. With quantitative metrics we mean for
example the size and draught of the recreational boats used for the ecosystem service:
24
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boating. In the following sections, we will illustrate in more detail how to determine the
threshold values for all ecosystem services mentioned, using the Netherlands as an
example.
Thresholds for Boat traffic
In many freshwater ecosystems a large portion of boat traffic will consist of recreational
vehicles. Aquatic macrophytes will become a nuisance when they entangle the propellers
of motorboats or hit and wrap around the keel or swards of sailing boats. This results in
reduced recreational use of the location (Eiswerth et al., 2000; Dodds et al., 2009).
Threshold levels thus depend on the draught of the boats present at a location. For our
case study, a cover of as low as 5 % within the navigational area is suggested to cause
nuisance for boating if macrophytes grow tall enough to come in contact with the boat
(HISWA, personal communication). A survey of nearly the entire Dutch recreational fleet
(for details see WaterrecreatieAdvies, 2005) and advice provided by HISWA made it
possible to roughly group the majority of vessels into two and estimate the draught of the
most common recreational boats. The report by WaterrecreatieAdvies (2005) described
the amount of vessels, type and estimated size of boats present in the Dutch recreational
fleet. The first group consists mainly of small boats (until 1 to 1.25 m draughts) stored on
land, but which are still frequently used. The second group consists of vessels which are
mainly docked at marinas or water sports associations and mainly consist of larger boats
with larger draughts up until around 2 m. Because almost all boats will draw at least 0.5
m of water, all recreational boat traffic will have problems if macrophytes are present
between 0 and 0.5 m below the water surface and cover at least 5%. The majority of the
Dutch fleet will encounter problems when macrophyte canopy depth lies between 0 and 1
m deep. A smaller portion of the fleet in our case study (roughly half to two third) still
encounters problems when macrophyte canopy depth is between 1 and 2 m below the
water surface. When macrophytes are present deeper than 2 m only very few vessels will
encounter problems, even when macrophyte cover is high.

2

Thresholds for Fishing
Lines getting entangled in vegetation pose a major problem of submerged macrophytes
for fishermen. Catch is lost and/or lines can break, leading to loss of gear and pollution of
the environment. High vegetation density results in reduced recreational use of affected
sites (Eiswerth et al., 2000). According to the Netherland’s Sport Fishing Association
(SVN) the recreational fishermen regard a macrophyte cover of between 10 and 40 % as
optimal for fishing in our case study (Peters and Van Emmerik, 2013). In the USA, a
similar cover of between 20 and 40 % has been suggested as optimal for a stable fish
population (AERF, 2005). A cover of 50 % and higher is considered a nuisance (SVN,
personal communication). Depending on the species of fish targeted, different fishing
methods will be applied. When fishing for bottom dwelling species macrophytes of only a
few centimetres tall can already cause problems. When fishing for species that prefer the
open water macrophytes can grow much taller before becoming a nuisance. As a
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Table 2. Submerged macrophytes recorded in scientific literature as nuisance species or as dominant
species in nuisance vegetation and whether they were nonnative in the location at hand. Number
between square brackets indicates number of cases. For the geographical location of the studies, see
Table S 1.
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waterbody or waterway will most likely be used to fish for both types of fish, a
macrophyte cover of 50 % or higher is classified as a nuisance for fishing independent of
canopy depth in our case study. Macrophytes can also hamper fishing by causing
problems for boat navigation, but these problems are described under the section
concerning ‘Thresholds for Boat traffic’.
Thresholds for Swimming
When macrophytes reach very high densities they can become dangerous for swimmers,
the shoots can entangle arms and legs leading to dangerous situations. However, even
when macrophyte densities are not dangerously high, many people are still deterred from
swimming by submerged macrophytes touching their skin. At what cover and canopy
depth people will find submerged macrophytes a nuisance will depend on personality and
culture. Recreational swimmers in the Netherlands generally do not mind the presence of
‘some vegetation in the water’ (Goossen et al., 1997). Taking the average length of
humans into account, plants present at 2 m or deeper will almost never be considered a
nuisance in our case study. Plants present at 1.5 to 0 m deep might be considered a
nuisance as people are likely to be able to touch them while swimming. As presence of
some vegetation will still be considered tolerable and not deter people to swim in
waterbodies or waterways on a warm day, the cover at which macrophytes will be
considered a nuisance has been arbitrarily set at 10 % in our case study, but should be
adjusted to reflect local views.
Thresholds for Hydrodynamics
One of the main functions of waterways in particular, but also of hydropower reservoirs,
is the transport of water (either to drain or to supply). Everything present in the water
column will create resistance to the water flow and thereby reduce discharge capacity of
the system. Massive development of submerged macrophytes can thereby severely reduce
the amount of water which can flow through the system in a given time, increasing the
chance of flooding (Bal et al., 2011). Several authors examined the hydraulic resistance of
submerged macrophytes and the effects on water flow, however no clear threshold level
for cover and canopy depth above which the vegetation will cause a significant problem
was reported. The nuisance threshold will depend on the characteristics of the
macrophyte species (e.g. flexibility), minimum flow capacity requirement of the water
system at a specific time, pattern of the vegetation in the aquatic system and the bottom
morphology of the waterway (Green, 2005; Vereecken et al., 2006; Bal et al., 2011).
Modelling indicated increased flow resistance at vegetation blockage of a channel of more
than 50 % (for details and model conditions see: Green, 2005). Empirically, more than 42
% PVI (i.e. water volume inhabited by plants) did increase flow resistance under
experimental conditions (Vereecken et al., 2006). However, up to 60 % of vegetation in
an artificial channel showed a flow resistance (Vereecken et al., 2006) that would not
necessarily lead to flooding problems in rivers (Bal et al., 2011). Summarizing, a PVI of 50
% appears to be a good starting point threshold level at above which macrophytes will
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cause hydrological problems in our case study. It should be noted that the spatial pattern
of the vegetation influences the resistance it will inflict on water flow (Green, 2005;
Vereecken et al., 2006; Bal et al., 2011). Furthermore, plant fragments can also easily clog
pipes and pumps used for cooling water or irrigation (Richardson, 2008). However, no
general threshold value can be given as this will depend on the local specification of the
pump (e.g. size and power), diameter of the pipes, mesh size of debris screens, etc.

2

Compiling the framework
Different ecosystems may provide different ecosystem services, the first step in classifying
nuisance should thus be to identify which services are provided by the ecosystem at hand.
Here we will show how to develop a classification scheme for a model shallow lake in the
Netherlands that provides all the ecosystem services discussed above. We combine all
these threshold values for cover and canopy depth from the separate ecosystem services
and create one classification scheme for nuisance submerged macrophytes for our case
study. We chose an ecosystem with a water depth of 2 m as an illustrative case study, but
the same method can be applied in waterbodies and waterways with different depths.
Threshold nuisance submerged macrophyte levels of cover and canopy depth for boat
traffic, fishing, and swimming of the case study can be used in the classification scheme
without having to be transformed using our site specific water depth (B, F, S in Fig. 1A,
respectively). Because our classification framework requires both canopy depth and cover
as main factors, the threshold PVI value of the hydrodynamics category needs to be
converted to these two parameters. The PVI can be calculated by dividing submerged
macrophyte volume by water volume. Submerged macrophyte volume can be calculated
by multiplying plant height with plant cover. To calculate the macrophyte canopy depth
and cover at the threshold level PVI for nuisance we thus need to know the water depth. A
threshold PVI of more than 50 % is reached at any combination of 75 to 100 % plant
cover and canopy depth of 0.5 m below the water surface or less in our schematic (H in
Fig. 1A). Even though the PVI is easy to calculate in theory, determining the PVI of plants
under field conditions can be difficult. Variation in shoot densities within a plant patch
can make it difficult to accurately assess true cover. Furthermore, water flow can reduce
plant height by pushing the shoots downwards making actual height estimates
challenging. Overall, submerged plants will not cause problems in our case study when
they lie on the bottom and cover less than 50 % of the surface or when they cover less
than 5 % of the area, irrespective of canopy depth at that site (Fig. 1A).

Discussion
Nuisance problems, vegetation characteristics, and nuisance
species
A wide variety of problems for human use and ecological functioning of ecosystems
caused by submerged macrophytes have been reported. Four main categories could be
identified for human related problems: problems for boat traffic, fishing, swimming, and
29

Chapter 2

hydrodynamics. Each category (i.e. ecosystem service provided) has a unique threshold
level at which plants become a nuisance. Threshold levels for nuisance of measurable
vegetation parameters were largely absent in the scientific literature, but vegetation cover
and canopy depth below the surface were most often used to describe nuisance. In our
classification framework, we therefore combined plant cover with plant canopy depth as
the main factors determining if a macrophyte stand will cause nuisance for a specific
ecosystem service, or not.

Figure 1. A: Case study (water depth = 2m) classification of nuisance macrophyte vegetation by
plant canopy depth and plant cover depending on ecosystem services provided by the aquatic
system, as proposed by the authors for sites in the ecosystem where the functions are performed.
Letters indicate that macrophytes are classified as nuisance for each anthropogenic function: B1
(small recreational boats); B2 (large recreational boats); F (fishing); S (swimming); and H
(hydrodynamics, i.e. water flow in this case). For a graphical representation, see Figure 1C. Darker
(red) fills indicate more services are impaired by macrophytes.
B: Probability of maintaining two important ecosystem services (i.e. clear water and fish
populations) in shallow aquatic systems considering the total area of the ecosystem. Lighter fills
are generally considered more desirable for the stability of the clear water state. The school of fish
indicates the plant cover that is suggested as optimal for fish populations. See discussion section:
‘Aquatic plant problems versus services’ for more details on how these thresholds were chosen.
Fish size has no informative meaning.
C: Graphical representation of the ecosystem services impaired by submerged plant growth, as
reported in Figure 1A.
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Dozens of submerged macrophyte species were recorded in the scientific literature as
causing problems for humans. Most of these species are known to possess a vertical
growth strategy and some are notorious for forming surface canopies (e.g. E. densa,
Elodea spp., H. verticillata, L. major, M. spicatum, Potamogeton pectinatus, and P.
crispus). Species with these characteristics likely pose the biggest risk. Many of these
species also require this vertical growth to reach the water surface in order to flower (see
Duarte & Kalff, 1990). However, several other species reported to cause nuisance are not
readily associated with this type of growth (e.g. Charophytes and Najas flexilis, Wingfield
et al., 2006; Table 2). The list of species that can cause nuisance presented here is not
exhaustive. Many more species have the potential of becoming a nuisance when
environmental conditions allow for excessive growth. Environmental conditions enabling
nuisance growth will most likely vary between species (reviews by Lacoul & Freedman,
2006; Bornette & Puijalon, 2011).

2

Applying and improving the nuisance classification framework
Integrating ecosystem morphology
We used an ecosystem with a depth of 2 m as an illustrative case study to convert
nuisance threshold PVI values into canopy depth and cover. Because of the shallow depth
of these ecosystems, light can often reach the bottom enabling submerged macrophyte
growth throughout the ecosystem (e.g. Trebitz et al., 1993; Hilt et al., 2006; Pot & Ter
Heerdt, 2014). Therefore, these shallow ecosystems may be particularly vulnerable for
problems concerning nuisance growth of macrophytes (e.g. Burlakova & Karatayev, 2007;
Alwin et al., 2010). The classification scheme can easily be adapted for waterbodies and
waterways with different depths, as the nuisance threshold value itself remains
unchanged. However, the deeper a system becomes, the less likely macrophytes are to
reach the threshold value for canopy depth, and thus nuisance, due to the physiological
limitations of the plants (Lacoul & Freedman, 2006).
Integrating macrophyte species characteristics
Many submerged macrophyte species have been a nuisance, but several species have been
reported more often than others. This could be due to specific species’ traits such as the
ability to quickly grow tall and form surface canopies or show strong lateral expansion,
thereby increasing the likelihood of becoming a nuisance, although species without the
same traits can also become a nuisance, but perhaps not as often. Including information
on specific plant species on potentially relevant plant traits like toughness (Bociag et al.,
2009), flexibility or maximum shoot density could thus further improve the classification
framework by including species specific threshold levels at which macrophytes are
considered a nuisance. The impact species specific traits can have on the nuisance
threshold levels can, for example, be included in the framework by adding a species
specific correction factor (i.e. ranging from 01) to the general threshold levels. Here, a
very mechanically strong species will have a factor of 1 and very weak species will have a
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lower correction factor.
The present study focussed on submerged freshwater macrophytes, but similar problems
concerning nuisance growth of species with different growth forms, such as floating
species have been reported (e.g. Spencer et al., 2006; Arthur et al., 2007; Wu & Wu,
2007; O'Sullivan et al., 2010; Perna et al., 2012). In contrast to submerged species,
floating leaved species such as Eichhornia crassipes or Trapa natans, but also emergent
species such as Ludwigia spp. or Phragmites australis, may be even more likely to cause
nuisance problems, because they inherently grow on or through the water surface and
thus have a high chance of causing nuisance problems to ecosystem users. Due to the
general nature of the nuisance problems and the vegetation characteristics used to
classify nuisance, our proposed classification can easily be adapted and extended to
include macrophyte species with different growth forms. For example, the plant canopy
depth factor will not be useful in the classification framework when applied to floating
leaved species (i.e. canopy depth is always 0). However, the cover threshold values of the
framework are still valid.
Integrating varying ecosystem services and local perception
While performing the review, it became apparent that it was impossible to create one
threshold value of cover and depth above which aquatic plants will be perceived as a
nuisance (e.g. Suren, 2009) and our classification will thus benefit from including site
specific information on perception of nuisance. For example, Chambers et al. (1999)
summarized that the tolerable upper limit of aquatic plant cover, before complaints are
filed and management is triggered, lies between less than 1% and up to 50% in Canada.
This is in agreement with our case study and shows the large range this threshold can
have due to local views and usage requirements of the different assigned ecosystem
services. We therefore propose that managers and scientist tailor the framework to the
ecosystem at hand by (1) identifying the ecosystem services provided by the ecosystem,
(2) determine at what percent cover and canopy depth the plants will impair each of the
services provided, and (3) assess if a corresponding reduction in macrophytes is
beneficial for the ecosystem or if it will lead to conflicts among different services with
different plant requirements. A large reduction in submerged macrophyte PVI can
potentially have detrimental effects on the ecosystem and the ecosystem services
provided.

Aquatic plant problems versus services
Eliminating nuisance submerged vegetation via management may reduce anthropogenic
problems for usage of aquatic systems, but many ecosystem services also rely on the
ecosystem functions performed by submerged plants, such as maintaining good water
quality and healthy fish populations.
Water quality is very important for recreation (Goossen et al., 1997). Fishing, hunting,
and bird watching also benefit from submerged plant presence, as these plants may
attract waterfowl and increase fish stocks (Noordhuis et al., 2002; AERF, 2005; O’Hare et
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al., 2007; Hansson et al., 2010; Peters & Van Emmerik, 2013). Removing too many plants
can increase the risk of complete loss of submerged vegetation, development of
potentially toxic phytoplankton blooms, and thus indirectly jeopardize several human
uses of the system (Van Nes et al., 2002a; Dodds et al., 2009; Kuiper et al., 2017).
However, it is unknown how much plant volume is actually needed for a stable clear
water ecosystem (Hilt et al., 2006), because the minimum PVI required will differ per
ecosystem and depends on factors including: macrophyte traits; nutrient status of the
system; presence, type and abundance of fish, and many more (e.g. Søndergaard & Moss,
1997; Hilt & Gross, 2008; Bakker et al., 2010). Most likely, PVI in temperate freshwater
ecosystems should be higher than 15 to 30 % to maintain a clear and macrophyte
dominated lake (Søndergaard & Moss, 1997; Hilt et al., 2006; Nakamura et al., 2008;
Søndergaard et al., 2010), but no threshold PVI level was found for waterways. However,
a too high PVI of (close to) 100 % can be detrimental for water quality and ecosystem
stability, especially when extensive surface canopies are formed. This can result in very
low oxygen concentrations near the bottom in the macrophyte stands (Schwarz & Howard
Williams, 1993; Miranda & Hodges, 2000; Nakamura et al., 2008).
Next to increasing water clarity, submerged vegetation may additionally have a direct and
positive impact on one ecosystem service in particular: fishing, likely because the aquatic
plants provide food and habitat for many animals, including fish (Carpenter & Lodge,
1986), thereby maintaining a stable fish population. Similar to the provision of clear
water, no single optimal value of macrophyte PVI for fish populations was found in the
scientific literature. Macrophyte cover values in the region of 2060 % have been
suggested to be beneficial for fish populations and fishing (Dibble et al., 1996; AERF,
2005; Peeters & Van Emmerik, 2013). Very high macrophyte densities can result in low
oxygen levels and potentially decreases fish populations (Miranda & Hodges, 2000).
However, this optimal macrophyte cover may not be true for all fish species or aquatic
ecosystems (e.g. stratified temperate lakes: Cheruvelil et al., 2005).
Using these suggested PVI and cover values and using our case study ecosystem with a
depth of 2 m as an example, we developed an additional classification scheme showing
when too few, or too many plants are present in the lake to maintain the two beneficial
ecosystem functions discussed (Fig. 1B). Because these threshold values may vary among
different ecosystems (Murphy, 1988a), we advise to perform an ecosystem analysis to
tailor the values to specific ecosystems.

2

Spatial heterogeneity
It now becomes apparent that it is nearly impossible to use an entire shallow lake for the
anthropogenic functions discussed while keeping the ecosystem in the plant dominated
state with clear water (see Fig. 1A versus 1B). This seems only possible if abiotic factors
prevent nuisance submerged plant growth all together (e.g. very low nutrient
concentrations, high flow velocity, or rocky substrates). However, this does not mean that
ecosystem managers will have to choose for either (1) an aquatic system in the plant
dominated state, but without the possibility of unhampered anthropogenic functions, or
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(2) a system without any submerged macrophytes and a high chance of poor water
quality. It merely stresses the importance to incorporate whole ecosystem functioning
and spatial aspects into the management plans for selected human uses of the system
(Finlay & Vogt, 2016). This is especially true, because it is not always possible to assign
the different ecosystem functions and services to different aquatic ecosystems.
So far, we have not addressed the spatial heterogeneity of aquatic plants and ecosystem
services, but many ecosystem services do not require the whole aquatic ecosystem.
Swimming, for example, will mainly be restricted to the area surrounding a beach or an
easy access point and will remain close to the shoreline. So, the canopy depth and cover of
the vegetation needed to prevent nuisance to the swimmers will only apply locally.
Similar arguments can be made for boating and fishing. Consequently, management only
needs to take place in areas where macrophyte growth actually causes problems (Finlay &
Vogt, 2016). Other parts of the ecosystem can still be occupied by submerged
macrophytes to maintain their functions for the ecosystem as a whole. Furthermore,
submerged macrophytes themselves often show a patchy distribution in aquatic
ecosystems and activities could thus be allocated towards the sites with fewer plants. If
the underlying causes of nuisance submerged macrophyte growth cannot be removed,
harvesting nuisance aquatic plants may be a suitable management method to temporarily
alleviate local problems (Quilliam et al., 2015; Finlay & Vogt, 2016; Hussner et al., 2017).
An additional advantage of this method is that it removes nutrients that are incorporated
in the plant biomass from the ecosystem, which can be used for a wide variety of useful
applications, for example as agricultural fertilizer or food for cattle (Edwards, 1980;
Quilliam et al., 2015).

Conclusions
Our classification framework shows that the amount of plants considered to be a
nuisance depends on the services the ecosystem fulfils. The framework combines
vegetation cover and canopy depth as main factors for the quantitative classification of
nuisance versus nonnuisance submerged vegetation. The classification framework can be
used to define and evaluate lake and waterway management goals, as it is possible to
quantitatively define nuisance and desirable vegetation dimensions, depending on the
ecosystem service provided. The use of our classification framework in future research
also enables researchers to compare individual studies where nuisance macrophyte
growth is reported as well as review the underlying causes of nuisance growth.
Whereas submerged macrophytes can become nuisance vegetation for multiple
ecosystem services, we stress that submerged macrophytes simultaneously provide
essential services in shallow freshwater ecosystem, for example, maintaining stable clear
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water conditions. Therefore, we suggest that lake management should strive for spatial
differentiation of human activities and plant growth if the underlying mechanisms
enabling nuisance cannot be removed.

2
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Abstract
After restoration, eutrophicated shallow freshwaters may show mass development of
only one or two submerged macrophyte species, lowering biodiversity and hampering
recreation. It is unclear which environmental factors govern this high percentage of the
volume inhabited (PVI) by submerged macrophytes, and whether the development of a
more diverse, low canopy vegetation is likely to occur if dominant species decline in
abundance.
We hypothesized that (1) adequate light and high sediment nutrient availability leads to
massive development of submerged macrophytes, and (2) that macrophyte species
richness is low at high PVI, but that this is not caused by a lack of viable propagules of
nondominant species (especially charophytes).
To test these hypotheses, fifteen shallow waters in the Netherlands were studied with
respect to submerged vegetation (including propagules), water, and sediment
characteristics.
The probability of high submerged macrophyte PVI is highest in shallow waters where
light availability in the water layer and phosphorus availability in the sediment are
abundant. These conditions typically occur upon restoration of eutrophic waterbodies
by reducing water nutrient loading or applying biomanipulation. Other factors, as top
down control, can additionally influence realised PVI.
Viable propagules of species other than the dominant ones, including charophytes, were
found in most of the sediments, indicating that once the dominant species declines, there
is local potential for a diverse submerged vegetation to develop. Results can be used to
predict when mass development occurs and to tackle the factors causing mass
development.

Introduction
Shallow waters worldwide suffer from high anthropogenic nutrient input leading to loss
of submerged macrophytes by dominance of floating macrophytes, algae or
cyanobacteria. Submerged macrophytes are key players in these ecosystems, because they
provide a positive feedback for a clear water state and enhance biodiversity (Carpenter &
Lodge, 1986). A wide variety of restoration measures have been taken to restore water
transparency and submerged macrophyte vegetation in eutrophicated lakes, in particular
through the reduction of external nutrient input and the removal of zooplanktivorous and
sediment disturbing fish (i.e. biomanipulation) (Gulati & Van Donk, 2002; Jeppesen et
al., 2007). After successful restoration of water transparency, a diverse vegetation of
submerged macrophytes can reappear (Bakker et al., 2013; Pot & Ter Heerdt, 2014).
The restoration of clear water in eutrophicated lakes may also lead to massive
development of submerged macrophytes, which is often characterised by monospecific
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stands of eutrophic vascular species with a vertical growth strategy and surface canopy
formation, leading to a high percentage of volume inhabited (PVI) in the water column
(Hilt et al., 2006; Lamers et al., 2012). These massive stands of tall submerged
macrophytes can prevent the development of a more diverse vegetation by being superior
competitors for light and space over slower growing species, especially isoetid and
charophyte species. Additionally, mass development of submerged macrophytes can
cause problems for human use of lakes, for example for recreation and navigation
(Zehnsdorf et al., 2015). It is, however, unclear whether these large macrophyte stands
are always species poor, or whether other species may still be present below the canopy of
the dominant species. It is also unclear whether there is local potential for a more diverse
and lowgrowing vegetation to develop in these ecosystems. In particular the
development of charophytes is of interest in this respect, because they maintain low
canopies that cause less interference with human use of lakes (e.g. Van Nes et al., 2002a).
Charophytes are additionally favoured by water managers because they are promotors of
good water quality (Bakker et al., 2010; Blindow et al., 2014), they can maintain large and
longlived propagule banks (Bakker et al., 2013), and they are rapid colonizers of new or
restored water bodies (Noordhuis et al., 2002; Pot & Ter Heerdt, 2014). Charophyte
species can in principle be a dominant component of a stable clear water state in
eutrophic shallow lakes (Van Nes et al., 2002b).

3

The exact size of the macrophyte stand at which it causes problems depends on the
specific ecosystem service provided by the lake (Mitchell, 1996). We will therefore not use
a single threshold level to describe problematic stands, but will investigate which factors
influence submerged macrophyte PVI in general under field conditions. Both light energy
(photosynthetically active radiation, PAR) and nutrient availability highly influence the
growth and abundance of autotrophs, including submerged macrophytes (Bornette &
Puijalon, 2011). Light availability for the plants can be reduced for example by
phytoplankton growth in the water column or by periphyton growth on the macrophytes
(Hilt et al., 2006; Bornette & Puijalon, 2011; Phillips et al., 2016). Restoration measures
are often aimed at improving light availability (Bakker et al., 2013). An oftenoverlooked
component that may determine whether mass development of macrophytes occurs after
water clarity has been restored is sediment nutrient availability (e.g. Bachmann et al.,
2002; Eigemann et al., 2016). Rooted submerged macrophytes are able to acquire
nutrients from the sediment (Carignan & Kalff, 1980; Halbedel, 2016). Generally, high
abundance of macrophytes in the water column, expressed as PVI, may thus occur more
frequently at high sediment nutrient conditions (Barko et al., 1991; Carr & Chambers,
1998; Figure 1). Indeed, laboratory growth experiments have shown that submerged
macrophyte species grow faster or taller at increasing sediment nutrient concentrations
(e.g. Barko & Smart, 1986; Angelstein et al., 2009; Martin & Coetzee, 2014). However, to
our knowledge, field evidence is still largely lacking (Bachmann et al., 2002).
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In this study, we hypothesised that: (1) high submerged macrophyte PVI will occur when
sufficient light is available for submerged macrophytes to germinate and grow, and
sediment nutrient availability supports high growth rates. (2) Massive stands of
submerged macrophytes will consist of a lower number of plant species than stands with
lower PVI, but viable propagules of species other than the dominant species will be
present in the sediment top layer below massive stands, especially from charophyte
species.
To test these hypotheses, we measured vegetation and environmental parameters and
sampled the propagule bank in shallow lakes and ponds in the Netherlands, varying in
submerged macrophyte abundance, throughout the growing season. We focused on both
N and P in the nutrient analyses, because they are both considered to be key nutrients in
determining the growth of photoautotrophs in shallow lakes (Moss et al., 2013).
Figure 1. Theoretical
relashionship between
submerged plant PVI
and sediment nutrient
levels. At increasing
nutrient availability,
submerged macrophyte
PVI increases, but
diversity decreases. At
high water turbidity, for
example by high water
nutrient load, submerged
macrophytes are
inhibited irrispective of
sediment nutrient levels.
Figure is adapted from
Lamers et al., 2012:
Fig. 1.

Methods
Study sites
We selected 15 shallow lakes and ponds throughout the Netherlands that were
eutrophicated and have undergone restoration management and/or experienced
problems with massive stands of submerged vegetation (see Table 1 & Supplementary
Table S 1 for restoration methods applied and study site characteristics). Most of the
intensive restoration measures have taken place many years ago and will therefore not
have influenced the amount of submerged plants present directly, but only indirectly via
the abiotic conditions as a result of the management. Most of these abiotic conditions are
measured in this study. In several lakes, submerged plants are still harvested locally, but
these harvested sites were avoided in our study. The surveyed aquatic ecosystems can be
characterized as meso to eutrophic (based on surface water nutrient concentrations)
water with moderate to high surface water alkalinity and pH (lake average alkalinities: 1.4
 4.6 meq.L1 and daytime pH: 8.3 – 9.6). Total P in the surface water averaged (±SE)
0.13±0.03 mg P.L1, whereas total N averaged 0.31±0.03 mg N.L1 in sites with
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submerged macrophytes. In sites without submerged macrophytes, total P and N in the
surface water averaged 0.09±0.01 and 0.59±0.05 mg.L1, respectively.
We selected four sites per ecosystem using the following two criteria: (1) they should be
situated in open water, where water depth is between 1 and 1.5 metres and (2) their
position in the waterbody is most northern (N), eastern (E), southern (S) or western (W),
respectively for each site. We avoided areas with apparent direct anthropogenic
disturbance including: macrophyte mowing sites, harbours, navigation channels, and
areas close to beaches or fishing locations. Sites heavily shaded by large shoreline trees
were also avoided.

3

Table 1. Lake description and recorded management measures.
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Because vegetation was expected to vary not only spatially, but also temporally within an
ecosystem, sites were visited three times throughout the growing season, using a small
flatbottomed boat. All sites were visited in three rounds: from May 13 until June 26,
from July 8 until August 15, and from August 21 to October 4, using a highsensitivity
GPS device to determine each location (eTrex® H., Garmin Ltd., Southampton, UK).

Macrophyte survey
At each site we measured water depth and depth of the submerged macrophyte canopy
below the water surface (hereafter referred to as ‘canopy depth’), from which submerged
macrophyte height was calculated (water depth – canopy depth). We visually estimated
total cover (%) and relative abundance per species (%) at four spots around the perimeter
of the boat using an aquascope (also known as a bathyscope). This resulted in a survey
area of approximately 1015 m2 per site. We used submerged macrophyte height and
cover, together with water depth, to calculate PVI. To account for possible rare species
present underneath the dominant vegetation, we additionally used a rake to sample the
vegetation (30.4 cm wide rake with: large, 6.6 cm, teeth 2.7 cm apart; and small, 0.6 cm,
teeth 0.6 cm apart). The rake was thrown four times, once at each corner of the boat, and
was dragged one metre across the sediment. If a species was found using the rake that
was not observed by the visual inspection from the boat, the macrophyte was assumed to
lie on the bottom (i.e. recorded plant height = 1 cm). All raked macrophytes were
collected and abundance per species was estimated as well as total coverage using a
conversion table provided by Immers et al. (2015), adapted by our own field observations
(see Table S 2). If visibility was too low for visual cover estimation, cover was only
estimated using the rake (115 cases). In 68 % of the 115 cases no submerged macrophytes
were found at all. Furthermore, in 96 % of the 115 cases with too low visibility the
estimated submerged macrophyte PVI was less than 5 %. Therefore possible bias in
submerged vegetation measurements due to the different estimation methods is likely
very small.

Water and sediment sampling and field measurements
We took four 2 L surface water samples, one from each corner of the plot, and mixed
them in a bucket. This mixed sample was used for on the spot turbidity measurements
(Turb430IR, WTW GmbH, Weilheim, Germany). Water was filtered using Whatman GF/
F glass microfiber filters (GE Healthcare GmbH, Germany) and stored at 20 °C upon
arrival at the lab for later inorganic nutrient (N and P) analyses. The filters were dried
(60°C) and stored for suspended solid nutrient analysis. Light (Photosynthetically Active
Radiation: PAR) was measured at regular depth intervals in the ecosystem (LI250 light
meter and underwater quantum sensor, LICOR inc., Lincoln, NE, USA). The light
extinction coefficient of the water was calculated using PAR measurements at 31 and 56
cm depth. The coefficient was not calculated if the aquatic vegetation was too dense, i.e.
when vegetation severely shaded the sensor and no open space could be made.
The top 1015 cm of sediment was collected during the first visit using a core sampler
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(inner diameter 5 cm). Four cores were taken at each site, one at each corner of the boat,
and immediately put into a single airtight bag per site to limit exposure to oxygen. If no
sediment sample could be taken during the first round due to equipment failure by hard
substrate, the sample was taken during subsequent visits (18/60 cases). On the same day,
sediment was homogenized inside the closed bag and porewater was extracted overnight
in the dark at 4 °C. To extract porewater, we pierced the bag and inserted a rhizon
(Rhizon SMS, RRP B.V., Wageningen, the Netherlands) through the hole. The hole was
sealed with tape. Porewater was stored at 20 °C until nutrient analyses. Three
subsamples (approx. 45 mL each) of the homogenized sediment were taken from the bag
and dried at 60 °C for determination of moisture content and for analyses of total and
extractable nutrients.

3

Chemical analyses
We measured inorganic nitrogen (NO2N; NO3N; NH4N) and phosphorus (PO4P)
concentrations in filtered surface water and sediment porewater colourimetrically with an
autoanalyser system (QuAAtro SFA, Seal Analytical, Germany). Total carbon and
nitrogen of sediment and surface water suspended solids were analysed using a CN
analyser (FlashEA 1112 Series, Thermo Scientific, MA, USA). The sediment samples and
surface water suspended solids were ashed to determine total P concentration (30 min. at
550 °C). We subsequently digested the ashed solids with a 2.5 % persulphate solution in
an autoclave at 121 °C for 30 minutes and analysed the solution colourimetrically on the
autoanalyser. We calculated total N and P of the surface water by adding the amount of
inorganic N or P to the amount of N or P in the suspended solids, respectively.
To estimate the amount of plant available nitrogen in the sediment, a KClextraction was
performed on the dried sediment as applied by Tang et al. (2017). 12.5 mL 1 M KCl was
added to 2.5 g of dried sediment and subsequently shaken for 2.5 h at 250 rpm. Two
subsamples (2 ml each) were centrifuged for 10 min at 10,000 rpm and the supernatant
was stored at 20 °C for nitrogen analysis on the autoanalyser. We estimated plant
available P in the sediment using an adapted POlsen protocol, as applied by Tang et al.
(2017). 50 mL 0.5 M NaHCO3 (at pH 8.5) was added to 2.5 g of dried sediment and
subsequently shaken for 30 min, after which the solution was immediately filtered
(Whatman Grade 42, GE Healthcare Europe GmbH, Eindhoven, the Netherlands).
Sulphuric acid (1.04 mL, 2.5 M) was added to 10 mL of the filtrate in an Erlemeyer flask.
The flask was shaken until no more gas development was visible. The filtrate was filtered
once more (Whatman Grade 42) and stored at 20 °C until analysis for phosphate on the
autoanalyser system. When insufficient sediment material was available for both N and P
extractions (n = 13 sites with submerged macrophytes), Pextraction was prioritized and
when insufficient sample was present, a corresponding reduction in reagent volume was
applied to keep sediment:reagentratio equal (n = 2 and 5 sites with submerged
macrophytes for N and P, respectively).
We converted sediment nutrient concentration to mmol per litre of sediment
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(mmol.Lsediment1) by using the sediment moisture content (grams / grams wet weight) and
the sediment’s specific density (grams wet weight.Lsediment1).

Germination experiment
To identify viable propagules in the sediment, four samples of the sediment toplayer
(approx. 35 cm thick) were taken at each field site during the first visit using an Ekman
type bottom grab sampler of 15 x 15 cm (l x w). These four samples were pooled on site
and stored in the dark at 4 °C upon arrival at the lab that same day. Samples were kept at
4 °C (cold stratification) for at least 1 week before using them in the germination
experiment. We used 1 L of homogenized sediment per site, divided over four containers
(1.5 L white PP), each containing 0.25 L of sediment. This created a layer of
approximately 1.5 cm, which is thin enough for many submerged species to germinate
(Van Zuidam et al., 2014 and literature therein). This sediment was spread on top of a 3
cm thick layer of clean sand (grain size: 0.4 to 0.8 mm) and the container was filled with
5 cm of tap water. Four aquaria containing only clean sand and tap water were used as
negative controls. We gently refilled the water twice a week to compensate for
evaporation. Macrophyte germination was followed for at least 2 months in a climate
controlled greenhouse between June and August 2013, after which no further
germination was observed (air temperature set at 21°C and 16 °C during the day and
night, respectively at natural light). No macrophytes developed in any of the controls.

Statistical analysis
We performed a logistic regression analysis to test our hypothesis that submerged
macrophytes will only be present at a location with adequate light availability (‘glm’
function in R). For this analysis, we used the average turbidity from all three visits and
binary data on whether submerged macrophytes were encountered at any of the sites,
during any visit (‘1’) or not at all (‘0’). We used data from the whole ecosystem to test this,
as water quality (incl. turbidity) was often highly correlated within an ecosystem. This is
likely caused by to the relatively small size of the sampled waterbodies (0.1 to 4.97 km
longest length; Table 1).
To test whether the chance of mass development of submerged macrophytes will increase
with increasing sediment nutrient availability, we included only waterbodies where more
than 1% submerged macrophyte cover was found in at least one of the three visits in the
following analyses. We set this limit at 1 % because sites with a lower cover often only had
loose fragments of submerged plants, making up this 01 % cover. We therefore believe
that this fragment was probably transported into the system via connected ecosystems
with more abundant submerged macrophyte vegetation. Another reason for setting the
threshold at 1 % is that in all of the sites with a year maximum cover of 01 %, no
submerged macrophytes were found at all in at least 1 of the visits. We used the following
variables to describe the vegetation: maximum submerged macrophyte cover (%),
maximum submerged macrophyte canopy height (%), and maximum PVI (%). The
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‘maximum’ in these parameters refers to the highest value recorded for each individual
site over all three visits. Because cover and height were both highly correlated with PVI
(Spearman rank correlation: ρ=0.96 and 0.70, respectively, p<0.001), we only present
results on PVI.
To test whether the maximum PVI of submerged macrophytes related positively with the
sediment nutrient parameters, we used mixed models with a sediment nutrient
parameter as fixed factor and ‘Waterbody ID’ as random factor. The ‘Waterbody ID’
factor is a character variable stating the name of the waterbody. For several sediment
parameters, 1 – 3 waterbodies had to be excluded from this analysis due to missing data.
We used the ‘lme’function in R for the analyses (‘nlme’ package version 3.1118) and p
values were conservatively adjusted to correct for multiple tests by Bonferroni’s method.
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The restoration potential with regard to local development of diverse submerged
vegetation with charophytes was assessed by comparing species richness found in the
field with species richness of the plants germinated in the greenhouse from gathered
sediment from the waterbodies, using pairedsample ttests (‘t.test’ function). There is
local potential for creating a more species diverse vegetation with charophytes if the
amount of species found in the field is lower than the amount of species germinating
from viable propagules in the sediment collected from the same site.
To explore possible correlations between variables, Spearman rank correlations between
all measured environmental parameters and maximum PVI can be found in table A.3. We
used the ‘rcorr’ and ‘corrplot’ R functions from ‘Hmisc’ version 3.170 and ‘corrplot’
version 0.73 packages, respectively. For these correlations, the critical pvalue (α) was
adjusted for multiple comparison with the number of other parameters tested against PVI
(α = 0.05/29).
All statistical analyses were performed using the R programme (version 3.1.2).

Results
Submerged macrophyte PVI and light
The probability that submerged macrophytes were present at a location was inversely
related to waterbody turbidity, with almost no submerged macrophyte presence above a
turbidity of 14 NTU (Fig. 2). This corresponds to 1 to 4 % light reaching the bottom,
calculated from linear regression between the measured light extinction coefficient (LEC)
and turbidity (Trb) values (LEC = 0.59*Trb + 0.598; R2 = 0.76; p < 0.001, n = 132). Below
this critical turbidity level the PVI varied extensively, with no significant correlation
between turbidity and submerged macrophyte PVI (R2 = 0.06, p = 0.11).
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Figure 2. Maximum PVI of submerged macrophytes per site (n = 60) in relation to the average
turbidity of the surface water of the entire lake (left yaxis). The maximum of the 3 PVI’s measured
in one site during 3 visits is taken as ‘Maximum PVI’. Site with and without submerged vegetation
are represented by closed and open circles represent, respectively. Line: Logistic regression on
average turbidity per waterbody in relation to the presence or absence of submerged macrophytes
at any of the 4 sampled sites in the waterbody (p = 0.04; right yaxis).

Submerged macrophyte PVI and sediment nutrients
When the light availability did not prevent submerged plants from growing, no significant
relation between sediment nutrient concentrations and submerged macrophyte PVI was
found using the mixed model analyses (Table 2). However, nonparametric correlation
analyses between PVI and environmental variables of sites where submerged
macrophytes were found did show a significant positive correlation between plant
available P in the sediment and yearly maximum PVI (ρ = 0.53; padj. = 0.045; Fig. 3A), but
not for any of the other sediment nutrient parameters (Fig. 3BF; Table S 3). A high
submerged macrophyte PVI was possible over a wide range of sediment nutrient levels
(Fig. 3).

Local restoration potential: Species richness and viable
propagules
Submerged macrophyte species were found in 11 of the visited ecosystems and species
richness in the field was positively correlated with submerged macrophyte PVI (R2adj. =
0.32, p < 0.001 on log transformed data, Fig. S 1). However, this positive correlation is
driven by a sharp increase in species richness when PVI increases from < 1% to 5 %,
whereas at > 5% PVI species richness appears unrelated to macrophyte PVI (Fig. S 1).
In the 11 ecosystems where submerged macrophytes were encountered in the field,
submerged macrophytes also emerged from the incubated sediment (Table 3).
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Table 2. Correlation between environmental nutrient parameters (predictor variables) and
maximum submerged plant PVI (dependent variable) with Waterbody ID (i.e. ecosystem name) as
random factor. The maximum of the 3 PVI’s measured in one site during 3 visits is taken as ‘Max
submerged plant PVI’. Predictor variables were expressed in mmol.L1. Pvalues were adjusted for
multiple tests using the Bonferroni method for multiple comparisons. Unadjusted Pvalues are also
provided.

3

Charophyte species emerged from the sediments from 8 of these waterbodies.
Significantly more charophyte species emerged from the sediment compared to the
number of charophyte species found in the corresponding field site, on average 1.0 and
0.5 species from the sediment and the field, respectively (pairedsample ttest on sites
with submerged macrophytes: t = 2.55; df = 39; p = 0.015). No submerged macrophytes
emerged from the sediments from the 4 waterbodies where no submerged macrophytes
were found at any of the four sampled sites in the field (Table 3).

Discussion
We found that submerged macrophytes almost exclusively occurred (i.e. cover > 1 %) at
turbidity levels below 14 NTU, confirming the first part of our hypothesis. When turbidity
was below 14 NTU, a weak correlation between PVI and plantavailable P in the sediment
was found (also see Sterner et al., 1997), with high PVI mainly occurring at Olsen P levels
above 0.35 mmol.Lsediment1. Interestingly, a high PVI was observed over a wide range of
sediment nutrient levels. The local propagule bank in sites with submerged vegetation
contained additional species to the ones present in the vegetation itself, often including
charophyte species. This confirms our hypothesis that most sites had the potential to
develop submerged vegetation of higher macrophyte diversity.

Submerged vegetation, light and nutrients
In our study, submerged macrophytes were almost exclusively present at sites where light
(PAR) at the bottom was higher than 1 to 4 % of the irradiance at the water surface. This
threshold is also applicable for many other submerged macrophyte species than the ones
found in our study (Bornette & Puijalon, 2011). Mixed model analyses of our field data
did not support the hypothesis that this variation was primarily caused by sediment
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Figure 3. The relationship between sediment nutrient parameters and submerged plant volume
(PVI) in sites with submerged macrophytes (i.e. > 1% cover). The maximum of the 3 PVI’s
measured in one site during 3 visits is taken as ‘Maximum submerged plant PVI’. For all PVI
values, see Table S 4.
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Table 3. List of all macrophyte species found growing in the waterbody and/or that emerged from
the incubated sediment samples in the greenhouse germination experiment. Only submerged
species are used in the analyses.

3
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nutrient availability. Using Spearman rank correlation, we did demonstrate that the
chance of mass development of submerged macrophytes increased with increasing
sediment P availability for plants (Fig. 3; Table S 3). These conflicting statistical results
are partly caused by the limited number of sites sampled within one waterbody on which
the mixed model regression is based (n = 4). The significant Spearman rank correlation
can thus be the result of the higher number of data points available for this test. Whereas
controlled experiments do show positive effects of sediment nutrients on submerged
plant growth (e.g. Barko & Smart, 1986; Angelstein et al., 2009; Martin & Coetzee, 2014),
the relationship between nutrient availability and submerged plant PVI under field
conditions is weak (this study; Backmann et al., 2002; Demars & Edwards, 2007),
pointing at either nutrients being nonlimiting for PVI in our sites or at additional
controlling factors.

Other factors impacting PVI
Here we will discuss these possible reasons for the lack of a strong relationship between
PVI and sediment nutrient availability under field conditions. First, shallow freshwater
ecosystems are particularly vulnerable for submerged macrophyte reaching high PVI.
Light availability will generally be higher in shallower water due to the limited depth of
the water column. This enables submerged macrophytes to germinate and meet their
light requirements for growth in shallow waters, even when the actual light attenuation in
the water is high (i.e. high turbidity; Søndergaard et al., 2013). Additionally, several fast
growing species may still grow 1 to 2 m tall, and thus reach the water surface, even if
environmental conditions limit their growth rates (e.g. Rattray et al., 1991). Our data
substantiated this, as macrophyte stands with a high PVI occurred over a wide range of
sediment nutrient levels.
Second, whereas the probability of the occurrence of high submerged macrophyte PVI
may increase with sediment nutrient level, the realised PVI may not reach its full
potential due to inhibition by other factors. Abiotic factors, such as carbon limitation (e.g.
low CO2 levels due to higher pH) and high sediment organic matter content, can reduce
macrophyte abundance (e.g. Barko & Smart, 1986; Raun et al., 2010). Strong effects of
carbon limitation on PVI do not seem likely in our ecosystems, as surface water pH did
not significantly correlate with submerged macrophyte PVI during the first two sampling
dates (Table S 3). During the last sampling date, surface water pH correlated positively
with maximum PVI, indicating that the high pH (and potentially low CO2) was more
likely a consequence of high plant growth than a factor that severely limited macrophyte
growth. In addition, most of the dominant species in our ecosystems, for example E.
nuttallii and M. spicatum, are also able to take up and use HCO3 for growth when CO2
concentrations are low (Eighmy et al., 1992; Hussner & Jahns, 2015). Strong growth
limitation by high sediment organic matter content is also not probable in our sites with
submerged plants, as organic matter content did not significantly correlate to PVI during
our visits and only few sites (8) had more than 20 % sediment organic matter (data not
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shown; Barko & Smart, 1986). However, even when sediment and water properties are
optimal for macrophyte growth, the realised macrophyte abundance can still be regulated
topdown. Herbivory by invertebrates, fish, or waterfowl can strongly regulate submerged
vegetation composition and abundance (Van Donk & Otte, 1996; Gross, Feldbaum &
Choi, 2002; Bakker et al., 2016). This has also been observed in one of our sampled
ecosystems, Lake Zwemlust, where coots (Fulica altra) and rudd (Scardinius
erythrophthalmus) substantially decreased macrophyte abundance (Van Donk & Otte,
1996). Additionally, periphyton can also regulate submerged macrophyte growth by
reducing light availability to the plants (Phillips et al., 2016) , which may severely limit
plant standing crop, even more so in combination with grazing (Hidding et al., 2016). We
therefore propose that these additional topdown factors severely limit submerged
macrophyte PVI under field conditions, which can thus obscure bottomup mechanisms
underlying the mass development of submerged macrophytes.

3

Development of macrophytes during eutrophication and after
restoration of clear water
Here we will discuss when massive stands of submerged macrophytes are likely to
develop and we outline these concepts in Figure 4. The chance of high macrophyte PVI
will increase with eutrophication of oligo to mesotrophic waterbodies (Fig. 4: panel 1 to
panel 2). Indeed, it has been observed that macrophyte abundance can be enhanced
during eutrophication when water is still clear, leading to mass development (e.g. Hasler,
1947), before the system is dominated by floating macrophytes or algae after continued
eutrophication (SandJensen & Borum, 1991; Sayer et al., 2010; Fig. 4: panel 2 to panel
4).
When lakes are restored by gradually reducing the nutritional status of the water, the
potential for high submerged macrophytes PVI will most likely increase when water
transparency improves, while the sediment is still high in historically loaded nutrients
(Fig. 4: panel 4 to panel 2), as high water nutrient levels lead to sediment storage (Tang et
al., 2017). One condition first needs to be met, however: viable propagules need to be
present for the vegetation to develop at all (this study; Hilt et al., 2006). When
propagules are present, the reduction in nutrient loading and the improvement of water
transparency in temperate lakes has enabled macrophytes to return (Jeppesen et al.,
2005), and has facilitated mass development of macrophytes (Hilt et al., 2006; Zehnsdorf
et al., 2015; Fig. 4: panel 4 to panel 2a).
A similar effect can be expected after the removal of sediment disturbing or
zooplanktivorous fish (i.e. biomanipulation). Below a certain threshold of nutrient
concentrations, biomanipulation can instantly improve water transparency (e.g. Meijer et
al., 1999; Bernes et al., 2015), while the concentration of nutrients in the ecosystem
remains similar (Fig. 4: panel 4 to panel 2a). Indeed, many lakes initially show a rapid
increase in water transparency after biomanipulation (Bernes et al., 2015), which may
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Figure 4. Graphical representation of factors impacting macrophyte PVI. Main abiotic factors are
different nutrient levels (xaxis) and light availability (yaxis), which can be limiting or nonlimiting for
submerged macrophyte growth. Standing submerged macrophyte PVI is further impacted by top
down pressures, e.g. herbivores (represented as fish or waterfowl), but also shading by periphyton.
Red (filled) arrows indicate eutrophication first leading to increased submerged macrophytes
production, but eventually leading to disappearance of submerged macrophytes. Green (open)
arrows indicate restoration measures to regain submerged macrophytes either through reducing
nutrient availability or additional measures such as biomanipulation. Panel 1: Low growing diverse
vegetation (1a) or almost no submerged vegetation due to high topdown pressures (1b). Panel 2:
Massive development of tall growing submerged macrophytes (2a) or less vegetation and no mass
development due to high topdown pressures (2b). Panel 3: No submerged plants due to low light,
mainly caused by suspended particles other than algae (e.g. suspended sediment). Panel 4: No
submerged plants due to low light, mainly caused by algae, cyanobacteria and possibly also by
floating plants. Part of the information presented in this figure is based on literature instead of our
own data, including the effects of herbivory, waveaction and extreme nutrient limitation. See
discussion for more details.

well result in mass development of submerged macrophytes (Strand & Weisner, 2001;
Van de Bund & Van Donk, 2002; Pot & Ter Heerdt, 2014).

Restoring target vegetation
When submerged macrophytes finally reappear after successful restoration of
eutrophicated ecosystems, species with a vertical growth strategy (for example several
Potamogeton, Myriophyllum, or Elodea spp.) are most likely able to benefit from this
‘new’ situation with clear water and high sediment nutrient availability (Meijer et al.,
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1991; Hilt et al., 2013). In our study, E. nuttallii was often dominant and showed the
highest PVI, but seven other species also became dominant in macrophyte stands,
including several Potamogeton species. All these dominant species are known to possess
a vertical growth strategy and can form canopies at the water surface.
When management efforts further decrease nutrient availability by either physically
removing (e,g, dredging) or chemically binding them, other species, in particular
charophytes, can potentially outcompete these dominant vascular plants (Hidding et al.,
2010; Richter & Gross, 2013), provided that viable propagules are present. In our study,
there was a local species pool (including charophytes) from which other species could
take over once the dominant species declines in abundance. The period of mass
development of tall growing species may thus be a transient phase that can give way to
the development of a less dense diverse submerged vegetation including charophytes, as
recently observed in one of the water bodies studied here: Loenderveense Plas Oost (Pot
& Ter Heerdt, 2014). Such a shift from vegetation dominated by species with a vertical
growth strategy to vegetation with shorter species has also been observed in several other
lakes during oligotrophication. In Lake Krankesjön in Sweden for example, submerged
vegetation redeveloped after a period of high turbidity (Hargeby et al., 1994).
Potamogeton pectinatus first expanded in Krankesjön, but was largely replaced by Chara
tomentosa within 6 years, which coincided with a decrease in total P levels in the lake
(Hargeby et al., 1994). Similarly, in Lake Veluwemeer in the Netherlands, the P load of
the surface water was reduced leading to recovery of submerged macrophytes. In this lake
Potamogeton perfoliatus expanded first, while a subsequent transition towards
charophytes took place (Noordhuis et al., 2002).

3

Reducing external nutrient input alone, however, does not guarantee a rapid transition
towards a diverse vegetation that will not cause nuisance to people, as macrophyte
recovery may potentially take decades (Eigemann et al., 2016). Additional reduction of
the availability of nutrients stored in the sediment by, for example dredging or chemical P
binding, is likely required and has promoted the development of a more desired
vegetation in several ecosystems (Immers et al., 2015; Spears et al., 2016). However, the
extent of nutrient reduction required may not be achievable for all ecosystems (Zehnsdorf
et al., 2015), as mass development can already occur under low nutrient concentrations
and even charophytes can occasionally grow to problematic proportions (personal
observation on Nitellopsis obtusa in lake Duinigermeer; Sidorkewicj et al., 1998;
Schneider et al., 2013). When substantial nutrient reduction is not feasible, or when
macrophyte species remain to cause nuisance after nutrient reduction, other
management techniques can be applied to reduce nuisance locally. For example, mowing
and removing macrophyte biomass (i.e. mimicking high grazing pressure) could directly
reduce localized nuisance problems and simultaneously remove nutrients from the
system, which can then be reused as fertilizer for example (e.g. Quilliam et al., 2015;
Kuiper et al., 2017).
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Conclusions
Light availability and propagule presence determine if submerged macrophytes are
encountered or not. Under adequate light levels, sediment nutrient availability was not
the major driver in determining rooted submerged macrophytes PVI. We found that high
submerged macrophyte PVI was possible over a large range of sediment nutrient levels.
The presence of viable propagules, including charophytes, in most of our ecosystem’s
sediments indicates that once the dominant species diminish, either as a result of
oligotrophication over time or after active management, there is local potential for a more
diverse submerged vegetation to develop. We propose that the enhanced risk of mass
development of submerged macrophytes may be a typical phase when restoring eutrophic
shallow ecosystems to a more oligotrophic state. During this transition, water becomes
clear, but the sediment still holds ample nutrients. This increases the risk of mass
development of submerged macrophytes, but whether mass development is realised
depends on other limiting factors, in particular topdown control by herbivores, which
can be mimicked by active mowing and removal of aquatic macrophytes.
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Supplementary
Figure S 1. Yearly maximum
submerged plant PVI (of 3 visits)
versus mean number of species
found in 2013 at a site in the field.
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Table S 1. A. Descriptive statistics of lake morphological and water characteristics of each lake per visit. B. Descriptive statistics of lake sediment
characteristics. “E” represents “10^”.
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Table S 1 (continued). B. Descriptive statistics of lake sediment characteristics. “E” represents “10^”.

Chapter 3

60

Factors enabling mass development of macrophytes

Table S 2. Submerged plant cover estimation by using a rake. A full bucket represents approx. 25%
of cover, if more material was collected than that fits in the bucket, the cover was estimated by the
density of plants on the rake itself. Adapted from Immers et al. (2015) using own observations.
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Table S 3. Nonparametric correlations between environmental factors and yearly maximum PVI from sites
with submerged vegetation present measured during the first (A), second (B) and/or third (C) visit. From all
the measured parameters (D), only parameters are plotted here that correlated significantly with
submerged plant parameters during at least one visit. ‘X’ indicates nonsignificant correlations and colour
and size of the circles represent Spearman’s Rho. Critical pvalue is adjusted to the number of
comparisons with maximum PVI: critical p = 0.05/29 = 0.0017. (Sediment was measured only once per
location during the 3 visits, see Methods section of the main text).
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Table S.4. Vegetation cover, canopy depth below the surface, and PVI per lake, site and sampling round.
If the visibility was too low to visually see submerged plants, the secchi depth is given indicated by ‘>’.
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Abstract
Nuisance growth of submerged aquatic plants is a worldwide problem. A widely used
management technique is the mechanical cutting of the plants, but the effects remain
unpredictable and cutting is often unsuccessful to effectively reduce the problems
associated with nuisance growth.
To better understand and predict the effects harvesting has on nuisance submerged
plants, we asked: (1) How does cutting affect the growth, biomass composition (i.e.
nutrient and water content) and biomass allocation (i.e. rootsshoots) of common
submerged aquatic plants that can cause nuisance? (2) Does the effect of cutting depend
on sediment nutrient availability?
To answer these questions, we performed a fullfactorial greenhouse experiment
applying three sediment nutrient levels and a cutting treatment to three submerged
plant species. We measured the effects of the treatments on plant height and biomass
production.
Cut Potamogeton perfoliatus shoots remained shorter than uncut shoots four weeks
after cutting, but had no significant effect on Myriophyllum spicatum and Elodea
nuttallii. Cutting did not affect total biomass production, composition, or allocation.
Nutrient availability affected M. spicatum’s response to cutting, but not for the other
species. Reducing nutrient availability had a much stronger negative effect on the
plants than cutting in our experiment and is arguably a better longterm management
strategy against nuisance plant growth.

Introduction
Shallow freshwater ecosystems provide many services to humans, including supplying
drinking and irrigation water, providing food and fiber, and degrading pollutants
(Carpenter et al., 2011). Submerged plants play a major role in maintaining these
ecosystem services in shallow freshwater lakes and waterways through their ecosystem
functions (Carpenter & Lodge, 1986), including increasing water transparency by
competing with algae and reducing sediment resuspension with their roots. Additionally,
submerged plants provide food and habitat for a variety of animal species, including fish
and water birds (Bakker et al., 2016; Wood et al., 2016).
However, in some cases submerged aquatic plants can grow so massively that they cause
problems for human use of the ecosystem (Hilt et al., 2006; Verhofstad & Bakker, 2017).
Large expanses of tall plants can, for instance, impair recreation and reduce water flow,
causing flooding (Verhofstad & Bakker, 2017; Nichols, 1991; Vereecken et al., 2006). To
counteract these problems, water managers apply various management techniques,
costing large sums of money each year (Hilt et al., 2006; Hussner et al., 2017). In this
study, we focused on mechanical control (e.g. cutting and harvesting) as it is widely used
worldwide and has several advantages over other methods. First, mechanical cutting
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directly reduces plant length and thus the plant’s potential to cause nuisance. Second,
mechanical cutting depth and cutting area are highly controllable. Cutting can therefore
reduce localized nuisance problems while maintaining a viable plant population in the
rest of the ecosystem that can keep performing its important ecosystem functions (Finlay
& Vogt, 2016). Harvesting the cut biomass furthermore prevents the release of inorganic
nutrients from the decaying plant material into the water and also allows for the biomass
to be used as a valuable resource as, for example, agricultural fertilizer or as a green
energy source (Edwards, 1980; O’Sullivan et al., 2010; Quilliam et al., 2015). This helps to
close the local nutrient cycle (Chowdhury et al., 2017). The nutrient concentration and
water content of the biomass are important quality variables for these applications of the
harvested biomass (Edwards, 1980; O’Sullivan et al., 2010; Quilliam et al., 2015).
Environmental nutrient availability and the cutting regime itself may affect these biomass
characteristics, but also may affect the plant’s investment in various parts of the plant,
such as roots or shoots (e.g. Cronin & Lodge, 2003; Miler & Straile, 2010; Velthuis et al.,
2017).

4

Even though mechanical cutting is widely used and has several advantages over other
removal methods, it’s effectiveness in reducing the nuisance caused by excessive
submerged plant growth varies considerably (Hussner et al., 2017). This variation in
success rate may be caused by several mechanisms: First, some aquatic plants might
generally be very tolerant to cutting and show rapid regrowth in length and biomass
causing low success rates of cutting management (Painter, 1988; Abernethy et al., 1996;
Richardson, 2008). Second, management success rates may also vary because different
submerged plant species respond differently to cutting, for example due to differences in
biomass allocation towards shoots versus roots when cut. Third, the impact of cutting
may depend on environmental conditions. Aquatic plant growth rates generally increase
with nutrient availability up until their maximum growth rate (Barko & Smart, 1986;
Bornette & Puijalon, 2011) or until the plants become light limited due to growth of
periphyton and phytoplankton (Bakker et al., 2013a; Hidding et al., 2016). Therefore, the
plant’s resilience to cutting and their regrowth potential likely increases with
environmental nutrient availability, until phytoplankton growth prevents their regrowth
(e.g. Kuiper et al., 2017), but empirical proof is still largely absent.
To improve our understanding and predictions of the effects of harvesting on nuisance
submerged plants, we focused on the following questions: How does cutting affect the
growth, biomass composition (i.e. nutrient and water content) and biomass allocation
(i.e. roots versus shoots) of common submerged aquatic plants that can cause nuisance?
Does the effect of cutting depend on sediment nutrient availability? We hypothesized that
(1) cutting will reduce plant length, plant biomass, plant tissue nutrient concentration
and will increase root:shootratios during several weeks after cutting. Furthermore, we
hypothesized that (2) cutting will have a larger impact on the plants at lower nutrient
availability, because of reduced regrowth potential due to resource limitation.
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To test these hypotheses, we performed a controlled greenhouse experiment, where the
plants were grown for two months. We used a fullfactorial design with three nutrient
levels and one cutting treatment (i.e. cut – uncut) and measured plant shoot and root
growth to assess how nutrient availability affected the plants’ response to cutting. Elodea
nuttallii, Myriophyllum spicatum and Potamogeton perfoliatus were chosen as study
species, because they represent major genera of rooted submerged plants and are all
common and reported to cause nuisance worldwide (Hilt et al., 2006; Zefferman &
Harris, 2016; Verhofstad & Bakker, 2017). Hence, choosing these species will enable us to
assess the generality of the response to cutting of nuisance causing submerged
macrophytes. Furthermore, they are all able to take up nutrients from the sediment (i.e.
the primary source in our study) (Smith & Barko, 1990; Christiansen et al., 2016;
Halbedel, 2016).

Methods
Plant collection and acclimation
We collected shoots of E. nuttallii from a culturing pond of the Netherlands Institute of
Ecology (NIOOKNAW, 51°59'17.2"N5°40'25.0"E) and shoots of M. spicatum from a
constructed wetland near Elst in the Netherlands (51°55'35.6"N5°53'23.6"E). Shoots of
P. perfoliates were ordered from a local supplier (WaterplantGigant, De Mortel, the
Netherlands). After collection, the plants were gently cleaned with tap water to remove
algae and fauna. Only healthy looking shoots were selected and the upper 20 cm was cut
off and used for acclimation to greenhouse conditions. These rootless shoots were planted
in 200 L cattle tanks (diameter = 66 cm, height = 60 cm) for the acclimation. The cattle
tanks were first filled with approximately 30 L of clean sand (grain size = 0.40.8 mm)
and 50 grams of slow release fertilizer (Basacote 6M 16812 PLUS; referred to as ‘SRF’)
were mixed into this layer of sand. Approximately 10 L of clean sand was added on top to
reduce nutrient leakage from the sediment into the overlying water layer. The cattle tanks
were subsequently filled with tap water up until the 200 L mark. Shoots were planted 5
cm into the sediment using tweezers. Each of the three species was planted in a separate
tank. The acclimation lasted for 2 weeks. At the end of the acclimation period, most
shoots developed roots, appeared healthy, and had grown. At this time, the daytime pH of
the surface water in the acclimation tanks ranged from 9.0 to 9.9 with an alkalinity of 0.6
to 0.9 meq L1.

Experimental setup
Because we aimed to add a similar amount of dry weight (DW) of each plant species in
each experimental aquarium of the main experiment (see Fig. 1 for the dimensions and
specifications), we harvested six 15 cm long shoot samples of all three species one day
before starting the main experiment to determine their fresh weight to dry weight ratio
(FW:DW ratio). The following day we cut the top 15 cm of all healthy shoots from the
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Figure 1. Schematic of the cylindrical glass experimental
aquarium. Values represent the dimensions in cm. The
sediment was put in a white PP container with a diameter of
11 cm. Total sediment volume was 1 L and total aquarium
volume was 13.4 L. The periphyton strip consisted of a 21*2
cm strip of mildly textured GBC Polyclearview PP.

4

acclimation tanks and cleaned them in the same way as after collection. Using the
measured FW:DW ratio, we divided them into equal treatment portions of 4.0 g FW, 1.7 g
FW, and 3.5 g FW, for E. nuttallii, M. spicatum, P. perfoliatus, respectively. This resulted
in 7  11 shoots, 3  4 shoots, and exactly 3 shoots per portion for E. nuttallii, M.
spicatum, P. perfoliatus, respectively. We planted the preweighed shoots 5 cm into the
sediment of the experimental aquaria, using tweezers. This ensured that the shoot was
firmly fixed in the sediment and could easily access the nutrients released by the SRF. We
planted the individual shoots evenly over the sediment surface area. Because one portion
of E. nuttallii shoots consisted of around 10 shoots, we bundled two shoots together
during planting. After the shoots were planted, we filled the aquaria to the brim with tap
water (total oxidized nitrogen (TON) < 0.05 mgN L1; NH4 < 0.5 mgN L1; PO4 < 0.05
mgP L1). After filling, we added a periphyton strip to measure epiphyte growth (Fig. 1).
The aquaria were placed in three 2x18 aquaria rows with 50 cm in between the rows.
Daily light regime was set to 16 hours of light and 8 hours of dark and the water
temperature averaged (± SD) 24.4 ± 1.8 °C during the day and 22.7 ± 1.5 °C during the
night.

Nutrient and cutting treatments
For all three species, we setup a fullfactorial experiment with three sediment nutrient
levels (low, medium and high) and a cutting treatment (cut and uncut). For the low
nutrient treatment, we added 0.25 ± 0.01 g SRF L1 sand, for the medium treatment we
added 1.0 ± 0.01 g SRF L1 sand, and for the high treatment we added 2.0 ± 0.01 g SRF L1
of sand (mean ± SD; after Bakker et al. (2013a)). These nutrient treatments were earlier
tested to cover the gradient from nutrient limited to excess nutrient availability, for P.
perfoliatus (Bakker et al., 2013a). We separately tested the amount of inorganic nutrient
released by the SRF for each of the nutrient treatments in unvegetated control aquaria
(see Supplementary fig. 1 and 2 online for methods and results).
In the cut treatment, plants were cut 10 cm above the sediment (i.e. reset to initial height,
see following section) halfway through the experiment (i.e. after four weeks) to simulate a
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harvesting event. The cut parts were removed from the aquarium. All treatments were
replicated six times, resulting in 108 experimental units, excluding controls without
plants.

Harvest
At the end of the experiment we first removed the periphyton strip and inserted each
strip in a 50 ml tube and stored this in the dark at 4 °C for biomass measurements. We
then removed the container holding the sediment and plants from the aquarium. All the
shoot material was removed and gently washed to remove algae. If a substantial amount
of filamentous algae was present (i.e. enough to be able to collect it), we stored and
analyzed the algae as well (two cases: 0.15 and 0.04 g DW). Subsequently, the roots were
washed. The fresh shoot, root, and filamentous algae biomass was weighed, dried (60 °C)
and stored for DW and C:N:P analyses.

Pest control
Even though plants were thoroughly washed before planting some herbivorous
caterpillars still hatched in our experimental aquaria. We removed them immediately
from the aquaria to prevent severe damage to the plants. If we could not remove the
animals, for example when they were holding on tight to the plant, we killed those
animals using tweezers to avoid damaging or uprooting the plant.

Plant measurements
To follow plant growth and the effectiveness of cutting, the length of all shoots in an
aquarium was recorded twice a week by measuring the distance between the top of the
shoots and the brim of the aquarium. We subtracted this number from the distance
between the sediment surface and the top of the aquarium, giving the plant length. We
averaged the plant length per aquarium for the statistical analyses on plant height.
The C, N, and P concentration of all shoot and root biomass samples was determined as
follows. Samples were first ground to a powder using either a mill grinder or a ball
grinder, depending on the amount of material available. For C and N analysis, approx. 0.5
mg DW was folded into a tin cup and subsequently analyzed using a CNanalyzer
(FlashEA 1112 Series, Thermo Scientific, MA, USA). P content was determined by ashing
0.51 mg dry biomass for 30 minutes at 550°C. We then digested the samples with a 2.5 %
potassium persulphate solution in an autoclave at 121 °C for 30 minutes and analyzed the
supernatant colorimetrically with an autoanalyzer system (QuAAtro SFA, Seal Analytical,
Germany).

Periphyton measurements
Within one week after the experiment ended, the periphyton was scraped of both sides of
the periphyton strip with a toothbrush into a filter cup filled with demiwater. The
demiwater with periphyton was then pulled over a prewashed and preweighed Whatman
GF/F (GE Healthcare GmbH, Germany) glass microfiber filter under a vacuum. Finally,
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we rinsed the sides of the filter cup with demiwater to ensure no significant amounts of
periphyton remained in the setup. The filter was then dried at 60 °C to determine
periphyton DW.

Water measurements
Free NO2, TON, NH4 and PO4 in the surface water was measured at the start, one day
before cutting, one day after cutting (to assess nutrient leakage), and one day before the
end of the experiment. On these days, we took a water sample using a 15 ml tube and
stored it at 20 °C until analysis. One day before the analysis, samples were thawed
overnight at 4 °C. Inorganic nutrients were measured colorimetricaly on the auto
analyzer system mentioned above. No indications for nutrient leakage were found
(Supplementary Results S 1; Supplementary Figure S 2).
pH and turbidity were measured twice a week in the afternoon using a multimeter and
turbidity meter, respectively (Multi350i WTW GmbH, Germany, and Turb430IR, WTW
GmbH, Weilheim, Germany, respectively). For water quality results see Supplementary
results S 1.
Water temperature was measured every half hour using data loggers, placed around 10
cm above the sediment surface in six of the aquaria (iButton, HomeChip, Milton Keynes,
England). Four were placed in aquaria in the corners of the experimental setup and two
in the middle.
Surface water alkalinity was measured once a week. Fifty ml samples were collected
around 6 PM on the day before and stored in the dark at 4 °C overnight in closed, airtight
tubes. Alkalinity of a 20 ml subsample was determined via titration to pH 4.2 with a 0.01
M HCl solution (TitraLab 840® Radiometer Analytical SAS, France).

4

Sediment measurements
A sediment porewater sample (10 ml) was extracted weekly using rhizons and a 50 ml
syringe. The porewater was stored in 15 ml tubes at 20°C for free NO2, TON, NH4 and
PO4 analysis. Samples were diluted five or 10 times if necessary and analyzed as described
under the section ‘water measurements’.

Statistical analyses
We used ANOVAtests to analyze the biomass data, final plant length, and water
characteristics at the end of the experiment using ‘Species name’, ‘Nutrient level’, and
‘Cutting treatment’ as fixed factors, including all interactions between the factors. Test
assumptions for normality of residuals and equal variance among groups were visually
assessed using QQ and variance plots. If the data distribution did not meet the
requirements for the test the data was transformed. If we had to transform data with
zeros, we added the lowest value + 0.001 to all values to allow transformation.
Differences between the ANOVA results from the untransformed and from the
transformed data were very similar. If a factor explained a significant amount of variation
in the ANOVA model, a posthoc test was performed with Bonferroni padjustments to
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Table 1. Effect of the treatments on vegetation parameters. Sp (Initial): differences among species at the start of the experiment (grey fill). Sp:
effect of species, Nut: effect of nutrient availability, Cut: effect of cutting. When interactions are present, main effects are disregarded (grey text).
Bold faced p–values are statistically significant at 0.05.
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identify the differences among individual treatments. All tests were performed and all
graphs were made in R (version 3.1.2, R Core Team).

Data availability
The raw data generated during the current study will be placed in Data Dryad upon
publication of the paper.

Results
Effects of cutting on plants

Plant height
The effect of cutting on plant height differed among the plant species (Table 1). Cutting
significantly reduced the average length of P. perfoliatus shoots at low and medium
nutrient levels (Fig. 2: panel C). There were no significant effects of cutting on the other
species (Fig. 2).

4

Biomass production, dry matter content and nutrient concentration
The effect of cutting depended on plant species and nutrient level (Table 1). Cutting
significantly reduced standing biomass at the end of the experiment for M. spicatum at
the medium nutrient level (Fig. 3: panel D) but not for the other species.
Cutting significantly increased the final root:shoot ratio (Table 1: significant main effect).
This was mainly caused by the lower shoot mass of the cut plants, as the cut plants did
not produce significantly more roots than uncut plants (Table 1; Supplementary Fig. S 3).
Cutting did not significantly affect the total amount of biomass produced during the
entire experimental period for any species (Table 1; Supplementary Fig. S 4). Cutting also
did not significantly affect the final fresh to dryweight ratio (FW:DW) of the shoots
(Supplementary Fig. S 5) nor the N and P concentration of the shoots and roots (Table 1;
Fig. 4).

Effects of nutrient availability on cutting plants

Plant height
The effect of nutrient availability on the growth of the plants differed per species, but no
significant interaction of nutrient availability with cutting was observed (Table 1). The
uncut shoots of P. perfoliatus and M. spicatum were taller in the high nutrient treatment
than in the low nutrient treatment. For P. perfoliatus, this was also true for the cut shoots
(Fig. 2). Overall, E. nuttallii had the shortest shoots of all species and its height was not
significantly affected by sediment nutrient level (Fig. 2).
Biomass production
We found a significant interaction between cutting and nutrient availability on the
amount of standing biomass (DW) at the end of the experiment (Table 1). Here, cut
plants of M. spicatum had significantly less biomass (DW) than uncut plants in the
73

Chapter 4

Figure 2. Mean height of the shoots of the different plant species in the different treatments. Darker
fill represents higher nutrient availability, circles connected by dotted lines represent the cut plants
and triangles connected by solid lines represent uncut plants. The vertical dashed line shows the
cutting date. The horizontal dotdashed line shows the water depth. Error bars represent the
standard deviation of the mean. P. perfoliatus (C) grew to the water surface in several aquaria and
the total length of the shoots was only measured during the last measurement (grey area, panel
C), the maximum possible length was equal to the water depth during the earlier dates. Differences
among treatments are statistically significant at the end of the experiment if horizontal lines under
‘Posthoc’ do not overlap. For ANOVA results, see Table 1.
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medium nutrient treatment, but not in the other nutrient treatments (Fig. 3). No
significant interactions were identified in the posthoc analyses for the other two species.
Nutrient availability significantly increased most of the measured plant biomass
parameters, often with significant interactions with the species (Table 1). During the mid
experimental cutting, more biomass (DW) was removed at higher nutrient levels
compared to the low nutrient level for all species (Fig. 3).
Over the whole experimental period, all species except P. perfoliatus produced
significantly more biomass (DW), at high than at low nutrient availability
(Supplementary Fig. S 4). E. nuttallii produced on average around two times more
biomass at medium and high nutrient treatments than at the low nutrient treatment. At
medium and high nutrient treatments M. spicatum produced most DW of all species
during the experiment. P. perfoliatus and M. spicatum also produced significantly more
root biomass (DW) at low than at high nutrient availability, which was not the case for E.
nuttallii. Furthermore, uncut plants of M. spicatum had significantly higher root:shoot
ratios at low nutrient levels than at high nutrient levels at the end of the experiment,
indicating a higher investment towards root biomass (Supplementary Fig. S 3).

4

Plant dry matter content and nutrient concentration
The shoot FW:DW ratio was higher at higher nutrient availability for all species at the
end of the experiment, with no significant interaction with cutting (Table 1;
Supplementary Fig. S 5).
At the start of the experiment, M. spicatum had the lowest shoot FW:DW ratio among the
three species (9.3 ± 0.4, mean ± SE, ANOVA: F2,15 = 19.0, p<0.001), whilst it had the
highest ratio at the end of the experiment at medium and high nutrient treatments
(Supplementary Fig. S 5). The FW:DW ratios of E. nuttallii and P. perfoliatus at the start
were 12.5 ± 0.2 and 11.2 ± 0.5 (mean ± SE), respectively.
Increasing nutrient availability significantly increased plant N concentrations, but no
significant interaction was found between nutrient availability and cutting on any
biomass N or P parameter (Fig. 4; Table 1). Root, shoot and whole plant (i.e. roots +
shoots) N concentration of all three species was more than 2 times higher in the high
nutrient treatment than in the low nutrient treatment (Fig. 4AF, Table 1), which was also
reflected in the lower tissue C:N ratio (Supplementary Table S 1). Nutrient availability did
not significantly affect plant (i.e. shoot + root) P concentrations (Fig. 4GL, Table 1).
At the start of the experiment, shoot P concentrations were similar among the three
species (Table 1). M. spicatum had a significantly lower shoot N concentration at the start
compared to the other two species (around 0.2 mmol N g1 DW lower, Fig. 4A,C,E; Table
1). At the end of the experiment differences were larger. At the high nutrient treatment, E.
nuttallii had a significantly higher shoot N concentration than the other two species at
the end of the experiment, while M. spicatum had a significantly higher root N
concentration than the other two species.
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Figure 3. Amount of dry mass removed per gram of initial biomass for each of the three species
over the experimental period under the different cutting and nutrient treatments. Error bars show
the standard deviation of the mean. The amount of biomass removed during cutting differed
significantly among all species (F2,45 = 40.9; p < 0.001) and more biomass was removed from the
high compared to the low nutrient treatment (F2,45 = 21.6; p < 0.001). Lower case letters represent
significant differences in removed biomass at the end of the experiment among the treatments
(panels B,D,F). For ANOVA results, see Table 1.
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Discussion
In this study, we tested how three major nuisance species of submerged macrophytes
responded to a single cutting event and whether this response was affected by nutrient
availability. We found that all species were very tolerant to cutting and that nutrient
availability had a much larger impact on the plant’s growth and biomass characteristics
than our cutting regime. We found partial support for our hypotheses as cutting reduced
the standing biomass of M. spicatum during four weeks (hypothesis 1) and this effect was
only present at medium nutrient availability (significant interaction between cutting and
nutrient availability: hypothesis 2). Furthermore, cutting significantly reduced the height
of P. perfoliatus at the low and medium nutrient treatments, however no significant
interaction between cutting and nutrient availability was found for plant height. We
found limited effects of cutting on the other plant species and other measured plant
parameters, including total biomass production and biomass characteristics, over the
tested nutrient gradient. We thus conclude that these species are rather tolerant to
cutting over a very broad environmental nutrient gradient.

4

Effects of cutting
We will discuss three possible reasons for the lack of a strong effect of cutting on total
macrophyte biomass production and tissue nutrient concentrations in our experiments.
First, perhaps the plants became nutrient limited in all nutrient treatments around the
time of cutting due to nutrient depletion. This is unlikely however, as the slow release
fertilizer (SRF) constantly released nutrients over the experimental period (as
demonstrated by the unvegetated control aquaria, see Supplementary Figure S 1 & S 2)
and the plants continued to grow.
Second, perhaps low carbon availability limited the growth of the plants (Bornette &
Puijalon, 2011). In our experiment, surface water alkalinity and pH levelled off around
the time of cutting (0.60.8 meq.L1 and 910, respectively; Supplementary Figure S 6 and
S 7). This could indicate low carbon availability for the plants, and could have limited
growth of all plants. However, this is also not likely because the shoot length of the plants
still increased after the cutting took place. Of course, plants can also elongate their stems
by increasing water content instead of producing new cells and thus biomass (e.g. Dixon
et al., 2006). But this also was not the case in our study, as we did not observe that the
distance between leaves (i.e. internode length) increased (data not shown). This would be
the case if the plant had stretched instead of grown. Furthermore, shoot FW:DW ratio
was also similar at the time of cutting and at the end of the experiment. If carbon would
have severely limited macrophyte growth, we would expect a lower tissue carbon
concentration in the more productive treatment (i.e. high nutrient treatment). This was
not the case (Supplementary Table S 1). All three species have specific traits that allow
them to grow under low CO2 concentrations. They can use HCO3 when CO2 availability is
low (Eighmy et al., 1991; Raun et al., 2010; Hussner & Jahns, 2015). The alkalinity during
the acclimation phase was also relatively low (i.e. similar to the experiment itself).
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Figure 4. Mean nitrogen (AF) and phosphorus (GL) concentrations in shoots and roots at the end
of the experiment for the different treatments. Error bars represent the standard deviation of the
mean. Black horizontal and dotted lines (panels A,C,E,G,I,K) show the mean and standard
deviation, respectively of the initial N or P concentration of the planted shoots. Different lowercase
letters show statistically significant differences in shoot (normal face) or root (bold face) nitrogen or
phosphorus concentrations among species and nutrient treatment (ANOVA posthoc: p < 0.05).
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Figure 4 (continued).
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Therefore, the plants were already acclimated to low CO2 concentrations, which could
have increased their HCO3 uptake in the experiment even further (Hussner & Jahns,
2015).
We thus conclude that the most likely reason why growth was not affected by cutting is
that the tested species are very tolerant to cutting and that their growth rate is not
severely impacted by harvesting part of their aboveground biomass.
Cutting did not affect all species and plant parameters tested in our study, indicating that
cutting may have variable effects on submerged plants. Indeed, cutting has been reported
to decrease standing biomass, plant height, or growth across studies (Table 2). In other
cases, it had no effector even stimulated plant growth (e.g. Li et al., 2010). The large
variability in effects of cutting is likely due to different environmental conditions, species
characteristics and the cutting method applied (i.e. timing, frequency, and intensity)
(Table 2; Van Zuidam & Peeters, 2012).

Effect of environmental conditions on cutting response
Next to the effect of cutting on submerged macrophytes, we also investigated the
interactive effect that environmental nutrient availability could have on the plant’s
response to cutting. Increased nutrient availability significantly increased plant growth
and tissue N concentrations, but not P concentrations, in our study. We also found a
significant interaction between the response to cutting of the species and sediment
nutrient availability was the decreased growth (biomass DW) of cut M. spicatum at
medium nutrient availability, but not in the other nutrient treatments or for any other
measured plant parameters. Even though we did not find as strong interactions between
the effects of cutting and nutrient availability as we hypothesized, the overall lower
macrophyte growth in the low nutrient treatments indicates that repeated cutting may
have a longer lasting effect in more nutrient deprived sites, as regeneration of the tissue
will take longer and the plant’s resources may become exhausted. Nutrient availability
has been shown to significantly increase the regeneration rate of V. spiralis after cutting
(Li et al., 2010; Table 2), suggesting that the effect of cutting may be affected by nutrient
availability, at least under some conditions. The reported positive effect of nutrient
availability on V. spiralis regrowth may be due to more favorable abiotic conditions, as Li
et al. (2010) used higher temperatures, higher nutrient levels and higher sediment
organic matter than we did. It is therefore possible that the tested species in our study
might also show higher compensatory growth after cutting under these conditions.
Another important abiotic factor is light availability, as cutting may induce a stronger
reduction in biomass under low light conditions compared to higher light availability, as
shown for M. spicatum (Abernethy et al., 1996). In our study, there was no indication
that plants became light limited, as the plant received 16 h of light per day (mainly direct
sunlight), the water remained very transparent (Supplementary Figure S 8) and the
observed periphyton growth was very low across all treatments.
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Species characteristics
There are inherent differences among species in their response to cutting, as Abernethy et
al. (1996) showed that Elodea canadensis was less affected by cutting than M. spicatum
when subjected to the same treatments (Table 2). In our study, the different species often
responded differently to environmental nutrient availability as shown by many significant
interactions between species and nutrient treatment (Table 1). However, because we
found only very few significant interactions between species and cutting, E. nuttallii, P.
perfoliatus and M. spicatum responded very similarly to cutting stress under the
prevailing conditions.
M. spicatum and P. perfoliatus grew better than E. nuttallii at low sediment nutrient
availability in our experiment. M. spicatum and P. perfoliatus also produced more root
biomass per gram of initial biomass in the low nutrient treatment, while E. nuttallii did
not, which presumably helped M. spicatum and P. perfoliatus to achieve their higher
growth at low nutrient availability.
In our study, all three plant species were tolerant to mechanical cutting. However, cutting
may have a larger impact on other plant species (Sabbatini & Murphy, 1996; Zhang et al.,
2014), which could lead to shifts in plant community composition in response to cutting
(Zhang et al., 2014). Cutting vegetation in natural systems can consequently promote the
dominance of stress tolerant species through several mechanisms. First, stress tolerant
species are often able to reproduce by fragmentation (Nichols, 1991) and fragmentation is
stimulated by cutting, thus promoting the spread of the nuisance species (Hussner et al.,
2017). Second, the impact of cutting on the growth of stress tolerant species will be lower
than the impact on more sensitive species, increasing the competitiveness of the tolerant
species. Field studies have indeed indicated that cutting a submerged plant community
can enable stress tolerant species, such as Elodea nuttallii, Ceratophyllum demersum
and several Myriophyllum species to establish (Engel, 1990; Garbey et al., 2003). Cutting
tolerant species often only has short term effects on the tolerant species in the field
(Johnson & Bagwell, 1979; Engel 1990; Serafy et al., 1994), but can have longer effects on
other species (BaattrupPedersen & Riis, 2004; Van Zuidam & Peeters, 2012), thus
leading to selective pressures. Contrarily, examples are also available where cutting and
harvesting has increased submerged vegetation diversity and stimulated charophyte
abundance by reducing the abundance of the dominant plant species (Engel 1990;
HowardWilliams et al., 1996; Zhang et al., 2014; Verhofstad et al., 2017b). The response
the vegetation shows to cutting (i.e. either reduced or increased macrophyte diversity)
may depend on the combination of cutting stress intensity with productivity of the
system. The dominant nuisance species may have a competitive advantage in highly
productive systems, but may be outcompeted under low nutrient availability (Hidding et
al., 2010; Richter & Gross, 2013).

4
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Table 2. Effects of mowing on plant biomass and length for different submerged plant species, measured in controlled experiments. ‘MIN’
indicates a decrease and ‘PLUS’ indicates an increase in the measured parameters due to cutting and NS that the effect was not statistically
significant. Measured duration after cutting indicates the observed duration of the effect and thus represent the minimum time that the effect was
visible.
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Timing, frequency and intensity of cutting
We applied a cutting treatment once and measured its shortterm effects. Increasing the
cutting intensity (Wile, 1978; Madsen et al., 1988; Engel, 1990), cutting closer to the
sediment (Van Zuidam & Peeters, 2012), removing both roots and shoots, and timing
cutting when the plants are most vulnerable (i.e. taking lifehistory into account) will all
increase the impact of cutting (Garbey et al., 2003; Bal et al., 2006; Zhang et al., 2014).

Cutting as a management strategy
It is clear that cutting stress tolerant macrophyte species is not always effective as a
management method to control their nuisance growth. Cutting can be used successfully if
the goal is a rapid, but temporarily, relief from local nuisance problems by reducing the
plant height or biomass (Finlay & Vogt, 2016; Hussner et al., 2017). If parts of the shoots
remain intact, this management method simultaneously preserves the ecosystem
functions the plants provide (Finlay & Vogt, 2016), such as preventing algal blooms (e.g.
Kuiper et al., 2017). Sustainable harvesting by cutting can also be used successfully if the
goal is to use the submerged plants to extract nutrients from the water column in
constructed wetlands (i.e. nutrient polishing, Tang et al., 2017).
Cutting is not effective if the goal is to drastically reduce the dimensions of submerged
macrophyte stands for a long period of time, as effects of cutting are often shortlived
(weeks to months) and cutting may even stimulate the growth of stress tolerant species.
When the goal is to achieve a longterm reduction in plant height and biomass, altering
the growth conditions (i.e. bottomup management) is a more sustainable method (Finlay
& Vogt, 2016). Our study showed that reducing the nutrient availability has much larger
effects on the plants than cutting for all three species. Furthermore, a reduction in
nutrient loading may instill a shift in plant species community composition towards
shorter species, such as charophytes (Richter & Gross, 2013) that are less likely to cause
problems. However, even though reducing nutrient availability may reduce the growth of
aquatic plant species, it does not guarantee that no species will grow tall at all, as
nuisance growth of some species may even be possible under relatively low nutrient levels
(Schneider et al., 2013; Verhofstad et al., 2017a). The reduction in nutrient loading
required to prevent nuisance all together is arguably very difficult to achieve, but nutrient
reduction in general will already reduce the scale of the nuisance problems and its effects
will be longlasting.

Conclusions
Cutting once at 10 cm above the sediment had shortterm effects on common nuisance
plants and the plant’s response to cutting partially depended on nutrient availability. All
species grew faster at increasing nutrient availability. Cutting stress tolerant species will
therefore only have shortterm effects on the macrophyte vegetation in many nuisance
stricken ecosystems, as these are typically characterized by high nutrient availability.
Cutting and harvesting the biomass can in general best be used to rapidly reduce localized
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nuisance problems associated with high submerged macrophyte growth. However,
achieving longterm effects through harvesting management is either unlikely or very
expensive and destructive. Reducing nutrient availability will have larger and longlasting
effects on the productivity of the submerged macrophytes and their growth rate.
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Supplementary
Results S 1. Effects cutting on water quality

Water Nutrients
We measured the highest total oxidized nitrogen (TON) values in aquaria with cut E.
nuttallii. Cutting had no significant effect on surface water TON content at the end of the
experiment (Supplementary Fig. S 2; Supplementary Table S 2). We furthermore did not
observe a clear nutrient peak after cutting that would have indicated nutrients leaking
from the cut shoots. In general, free inorganic N and P concentrations in the surface
water were very low throughout the experiment; close or below the lowest analytical
standard (see Supplementary Fig. S 2).
pH and Alkalinity
The pH of the water increased during the experiment in all aquaria to around 10, except
in the controls where it remained stable. (Supplementary Fig. S 6; Supplementary Table S
2). Cutting generally lowered the pH slightly, but no significant differences between cut
and uncut aquaria were found within the same species and nutrient treatment in posthoc
analyses.
Alkalinity decreased over time in all experimental aquaria, but remained relatively stable
in the controls (Supplementary Fig. S 7). The alkalinity at the end of the experiment was
lower at low nutrient level than at high nutrient level in experimental aquaria with P.
perfoliatus and M. spicatum, however, no effect of nutrient availability was observed for
E. nuttallii (Supplementary Table S 2). Nutrient level also affected alkalinity in the
controls with higher nutrient levels leading to lower alkalinity.
Turbidity and Periphyton
The water remained very clear in all experimental aquaria and was around 1 NTU at the
end of the experiment (Supplementary Fig. S 8). Turbidity was generally highest at high
nutrient levels. We furthermore found a main effect of cutting, where cutting generally
decreased turbidity (i.e. increased water clarity; Supplementary Table S 2) however, these
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differences were not statistically significant in posthoc analyses. Periphyton growth was
very limited in all aquaria, with average periphyton biomass of 0.2 g DW m2 at the end of
the experiment. This low amount could not be measured accurately on the microbalans,
therefore no statistical analyses was performed.

Figure S 1. Mean inorganic nutrient
concentrations in sediment porewater
of unvegetated control aquaria over
the experimental period. Point fill
indicates the nutrient availability,
dotted vertical line indicates the
cutting date (13 July 2016), solid
vertical line indicates the end of the
experiment (11 August 2016) and the
error bars represent the standard
deviation of the mean. Lowercase
letters show statistically significant
differences in porewater nutrients on
the last sampling before the end
(Fertilizer level: p < 0.001).
To accurately measure nutrient
release, we added six additional
aquaria without plants for all three
nutrient treatments as controls to
measure actual nutrient availability
over time. We covered the control
aquaria with a cardboard box to
eliminate
light,
thus
preventing
photoautotrophic growth. We inserted
rhizons (Rhizon SMS, RRP B.V.,
Wageningen,
the
Netherlands)
through the entire sediment layer of
these control aquaria to sample the
porewater. Nutrient availability in the
control aquaria differed significantly
among the nutrient treatments, with
the lowest amounts of porewater
nutrient availability present in the low
nutrient aquaria and the highest
amounts present in the high nutrient
aquaria (Supplementary Fig. S 1). Part
of the total oxidized nitrogen (TON, i.e.
primarily nitrate in our case) released
by the SRF leaked to the surface
water. TON in the surface water of the
control
aquaria
increased
with
increasing
sediment
SRF
concentration (Supplementary Fig. S
2: Panel D).
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Figure S 2. Mean total oxidized nitrogen (TON) concentration in the surface water. Point fill
indicates the fertilizer level, dashed horizontal line indicates the lowest standard used, dashed
vertical line indicates the cutting date and the error bars represent the standard deviation of the
mean. Lowercase letters in panel D show statistically significant differences in surface water TON
on the last sampling before the end in the unvegetated control aquaria (Fertilizer level: p < 0.001).
For ANOVA results for the vegetated aquaria, see Supplementary Table 2 online. Here, surface
water TON was significantly higher in the high nutrient treatment than in the other treatments for E.
nuttallii and P. perfolatius (p > 0.05). No other differences were statistically significant in posthoc
analyses.
The nutrient levels in the surface water in the vegetated experimental aquaria were very low
throughout the experiment, often more than two times below the lowest calibration standard (i.e.
0.1 mg.L1, TONN, NO2N, PO4P, 1 mg.L1 for NH4N). Only TON was above the lowest
standard in most of the high nutrient aquaria at the end of the experiment. More TON was available
in the surface water in the high nutrient treatments compared to the lower nutrient treatments at the
end of the experiment (panels AC).
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Figure S 3. Mean root/shoot ratio at the end of the experiment (A,C,E) and amount of root biomass
dry weight produced during the twomonth experimental period for the different treatments (B,D,F).
Error bars show standard deviation of the mean. Different lowercase letters show statistically
significant differences, for ANOVA results, see Table 1.
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Figure S 4. Total amount of fresh (FW) and dry mass (DW) produced per gram of initial biomass by
the three species over the entire experimental period under the different treatments. Error bars
show the standard deviation of the mean. Lower case letters represent significant differences
between produced fresh weight (panels A,C,E) or dry weight (panels B,D,F). For ANOVA results,
see Table 1.
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Figure S 5. Shoot of the three species over the entire experimental period under the different
treatments. Error bars show the standard deviation of the mean. The fresh to dry weight ratio of
shoots removed during cutting differed significantly between E. nuttalli and M. spicatum (F2,43 =
7.2; p = 0.002) and overall the shoots had lower in the low nutrient treatment compared to the other
nutrient treatments (F2,43 = 18.9; p < 0.001). Lower case letters represent significant differences in
shoot FW:DW ratios of the biomass at the end of the experiment (panels B,D,F). For ANOVA
results, see Table 1.
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Figure S 6. Mean surface water pH. Point fill indicates the fertilizer level, dashed vertical line
indicates the cutting date, solid vertical line indicates the end of the experiment and the error bars
represent the standard deviation of the mean. Unvegetated aquaria: Fertilizer level p > 0.05. For
ANOVA results for the vegetated aquaria, see Supplementary Table S 2.

Figure S 7. Mean surface water alkalinity. Point fill indicates the fertilizer level, dashed vertical line
indicates the cutting date, solid vertical line indicates the end of the experiment and the error bars
represent the standard deviation of the mean. For ANOVA results for the vegetated aquaria, see
Supplementary Table S 2. In the control aquaria, Alkalinity was significantly different among all
three treatments (p < 0.001).

91

Chapter 4

Figure S 8. Mean surface water turbidity. Point fill indicates the fertilizer level, dashed vertical line
indicates the cutting date, solid vertical line indicates the end of the experiment and the error bars
represent the standard deviation of the mean. No statistics could be performed on the unvegetated
aquaria, due to too many zeros. For ANOVA results for the vegetated aquaria, see Supplementary
Table S 2.
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Table S 1. Mean ± SD of the initial (t = 0) and final (t = 8 weeks) shoot and root carbon concentrations, C:N ratios, C:P ratios, and N:P ratios per
species and treatment (n = 6). Species are abbreviated as: Enut (E. nuttallii), Mspi (M. spicatum), and Pper (P. perfoliatus). Ratios are given in
mol:mol.

Tolerance to harvesting over a eutrophication gradient

4

93

Table S 2. Effect of the treatments on surface water parameters at the last date of the experiment. Sp: effect of species,
Nut: effect of nutrient availability, Cut: effect of cutting. When interactions are present, main effects are disregarded (grey
text). Bold faced p–values are statistically significant at 0.05.
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Abstract
Water quality is still poor in many freshwater ecosystems around the world as a result
of anthropogenic nutrient loading. Constructed wetlands can be used to remove excess
nutrients. In these wetlands, helophytes or free floating aquatic plants are traditionally
used to absorb the nutrients. The nutrients are subsequently exported upon harvesting
of the plants. However, rooted submerged plants may be more effective to extract
nutrients from moderately eutrophicated ecosystems than helophytes or floating
species.
Here, we tested how the frequency of harvesting affected submerged biomass
production, biomass nutrient content and the resulting amount of nutrients removed, as
well as the vegetation composition and structure. Two Myriophyllum spicatum
dominated shallow ponds, with moderately low surface water nutrient loading (~5.6
mg N.m2.d1 and ~1.32 mg P.m2.d1) were used. Each pond was subjected to four
harvesting treatments: mowing 1x, 2x, 3x or 5x between May and September 2015.
Harvesting 2x or 3x removed most biomass and nutrients, while mowing either 5x or
only once at the end of the growing season removed the lowest amount of nutrients
from the system. Furthermore, the dominance of M. spicatum in the vegetation was best
maintained in plots mown 2x, while its cover declined in plots mown more frequently,
resulting in an increase of charophyte abundance.
We conclude that harvesting at an intermediate frequency is best when aiming to
remove the maximum amount of nutrients under a moderately low nutrient loading.
Harvesting more frequently may be a suitable management method to reduce
dominance of M. spicatum in situations where it causes nuisance problems due to
massive growth.

Introduction
Many aquatic ecosystems worldwide have been, and still are, impacted by human
induced eutrophication (Meuleman et al., 2004; Bernhardt et al., 2008; Cusell et al.,
2014; Chowdhury et al., 2017). Eutrophication leads to severe problems in freshwater
ecosystems, including the development of harmful phytoplankton blooms and hypoxia
(Hasler et al., 1947; Smith, 2003; Dodds et al., 2009; Chowdhury et al., 2017). To reduce
external nutrient loading, several measures have been taken, including the construction
of wastewater treatment plants and fertilizer application quota (e.g. Lewis et al., 2011;
European Union, 1991a,b; European Union, 2000).
New techniques are currently being tested to further improve water quality such as on
site chemical nutrient immobilization (Immers et al., 2015; Spears et al., 2015), the use of
phytoplankton in waste water treatment (Fernandes et al., 2015), but also the clever use
of aquatic plants (i.e. macrophytes) for water nutrient polishing (Vymazal, 2007;
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Kwakernaak et al., 2015; Smolders & Van Kempen, 2015; Tang et al., 2017). The concept
behind nutrient polishing with plants is that plants incorporate the nutrients into their
tissue during the growing season and can subsequently be harvested. The harvested
biomass can be used again for a variety of applications, for example as fertilizer, soil
conditioner or animal feed (Shilton et al., 2012; Ho et al., 2015; Quilliam et al., 2015),
potentially in combination with biogas production (Verma et al., 2007; O’Sullivan et al.,
2010).

Constructed wetlands
Traditionally, emergent and free floating macrophyte species have mainly been used for
nutrient removal in constructed wetlands and can remove around 250 to 630 g N.m2.y1
and 45 to 70 g P.m2.y1 under high nutrient loading (Vymazal, 2007). Generally, free
floating species can remove more nutrients than species with other growth forms,
providing that the harvesting regime permits their maximum growth rate (Vymazal,
2007; Tang et al., 2017). At high nutrient loading, the actual nutrient uptake by
macrophytes in general is far from 100% of the load (Vymazal, 2007; Tang et al., 2017).
Removing a majority of the N and P load by harvesting macrophytes is thus only viable
under moderately low environmental loadings, i.e. a load of < 10100 g N.m2.y1 and < 2
10 g P.m2.y1 depending on the macrophyte species and growth conditions (Vymazal,
2007; Tang et al., 2017; Kuiper et al., 2017).
In this study, we focus on temperate freshwater ecosystems with these moderately low
surface water nutrient levels. In these cases, using submerged macrophytes instead of
other growth forms may be especially beneficial for several reasons. First, submerged
macrophytes can potentially take up nutrients from the entire water column and are
better able to take up nutrients and grow in water with lower nutrient concentrations
than free floating species (Bornette & Puijalon, 2009; Van Gerven et al., 2015). Second,
submerged macrophytes have higher tissue nutrient concentrations than emergent
species (Demars & Edwards, 2008), due to a lower need for carbonrich structural tissue
for vertical growth. Third, many fast growing submerged macrophyte species exist and
they can reach high biomass of up to 1 kg dry mass m2 (e.g. Schwarz & HowardWilliams
1993; Di Nino et al., 2005; Morris et al., 2006; Van Zuidam & Peeters 2013).
Additionally, several submerged macrophytes, such as Elodea canadensis and
Myriophyllum spicatum, have a high tolerance to cutting (Painter 1988; Abernethy et al.,
1996; Richardson 2008). All these plant characteristics may allow managers to frequently
harvest the nutrients fixed in macrophyte tissue. We propose that these types of fast
growing and stresstolerant submerged macrophytes are therefore ideal to polish
nutrients from the surface water with moderately low nutrient loading.

5

Optimal macrophyte harvesting regime
To remove as many nutrients from the ecosystem as possible, harvesting should be done
such as to optimize macrophyte growth, nutrient content and regrowth potential after
cutting. If the regrowth potential of a submerged macrophyte species is too low compared
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to its harvesting frequency, then there is a risk that the entire vegetation could collapse
(Kuiper et al., 2017). Furthermore, harvesting may alter macrophyte species composition
and abundance. Depending on the harvesting frequency, the dominant fastgrowing
species may potentially strengthen its dominance, if it is tolerant to cutting (e.g. Johnson
& Bagwell, 1979; Engel, 1990; Serafy et al., 1994) or alternatively harvesting may reduce
its competitive strength and stimulate the growth of subordinate species by creating open
space (e.g. Engel 1990; HowardWilliams et al., 1996; Zhang et al., 2014). The change in
species composition and abundance may also alter the nutrient removal efficiency.

Maximum nutrient removal and impact on submerged
vegetation
Current scientific knowledge on submerged macrophyte growth and their tolerance to
harvesting is insufficient to design a sustainable harvesting plan aimed at maximizing the
removal of nutrients from the ecosystem while maintaining a stable submerged
macrophyte vegetation. In this study, we aimed to define a harvesting strategy which will
remove most nutrients from an ecosystem with the least amount of effort, without
impacting the submerged vegetation to the point of collapse. We designed an experiment
where we applied different harvesting frequencies to shallow constructed wetlands which
were planted with the submerged angiosperm M. spicatum. We measured water and
sediment nutrient concentrations, harvested macrophyte biomass, harvested nutrients,
macrophyte species composition, macrophyte cover and macrophyte height.

Methods
Study system
We used two shallow ponds of 30 x 15 metres and a water depth of approximately 75 cm
as experimental ecosystems, located near Bemmel, the Netherlands. The ponds were dug
in early 2014 and were subsequently planted with M. spicatum in April of the same year
(Fig. 1). The two ponds are part of a larger constructed wetland designed to remove
nutrients and increase water quality. This wetland consists of three consecutive sections:
a settling basin, a wetland with helophytes, and our M. spicatum ponds. The ponds serve
as the final step in the water purification process. The mean residence time of the surface
water in the ponds was approximately 8.1 days during the experimental period.

Nutrients and other environmental parameters
Water samples were collected weekly near the inflow of the M. spicatum ponds. At five
subsites within each pond, sediment porewater samples were collected from the upper
sediment layer with ceramic cups (Eijkelkamp, Giesbeek) in April and September of 2015.
These values were averaged per site to estimate average porewater nutrient
concentrations during the experiment. NaClextractions and OlsenP extractions of
sediment samples were carried out as described in Tang et al. (2016 & 2017).
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Figure 1. Schematic of the experimental setup in the two ponds of the constructed wetland.

The pH of surface water and porewater samples was measured using a pH electrode with
a Ag/AgCl internal reference (Orion Research, Beverly, CA, USA) and a TIM800 pH
meter. Total dissolved inorganic carbon concentrations were measured using infrared gas
analysis (IRGA, ABB Advance Optima, Zürich, Switzerland). To prevent metal
precipitation in the water samples, 0.1 ml (65 %) HNO3 was added to each 10 ml sample.
The samples were stored at 4°C until analyses. For the analyses of P, Ca, Mg, Fe, S, K, Si
and Al, inductively coupled plasma spectrophotometry (ICPOptical Emission
Spectrometer, Thermo Scientific iCAP 6000 Series ICP) was used, unless specified
otherwise. To determine nitrate (Kamphake et al., 1967), ammonium (Grasshoff &
Johanssen, 1972), orthophosphate (Henriksen, 1965), sodium, and chloride
concentrations, a 20 ml water sample was stored at 20°C and analyzed colorimetrically
with an Auto Analyzer 3 system (Bran and Luebbe). Sodium and potassium were
determined with a Technicon Flame Photometer IV Control (Technicon Corporation).
Overall the two ponds were similar to each other with regard to the nutrient
concentrations in the inflow surface water and porewater, but some differences were
present (see Table 1). The estimated inorganic N and total P load of the surface water of
the ponds was considered moderately low and averaged around 3.387.91 and 1.161.48
mg.m2.d1, respectively for N and P during the experimental period.

Harvesting treatments
We applied four different harvesting frequencies in the experimental ponds from May up
to September 2015: 5x (i.e. monthly), 3x (i.e. bimonthly), 2x (i.e. in May and September)
and 1x (i.e. in September). Each harvesting treatment was replicated eight times, with
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Table 1. Average nutrient concentrations of the surface water flowing into the ponds during the experimental period (1
May – 1 Oct 2015) and of the porewater and sediment (8 April and 23 September). Free N is calculated as NO3N +
NH4N and TIC as CO2C + HCO3C. ‘n’ indicates the number of data points for pond 1 and pond 2 separate over
which the mean and SD are calculated. Grey values for PO4 indicate the presence of too many identical values near
the detection limit; therefore no statistics could be performed. See Supplementary Table S 1 for additional variables.
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four replicates in each of the two ponds (Fig. 1). The spatial position of replicates was
chosen to account for a possible gradient in water nutrient availability that might develop
within each pond, because of the unidirectional flow of the water through each pond.
Experimental units consisted of 5 x 2 metre plots within the vegetated sections of the
ponds. The plots were separated from each other by 2 metres of uncut vegetation on the
longitudinal sides and by a 1 metre wide unvegetated path on the latitudinal sides. Upon
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harvesting, the submerged vegetation was manually cut at ~20 cm above the sediment
using hedge trimmers to maintain viable shoots. Directly after cutting, the cut material
from a single plot was collected and put in plastic bags. The bags were stored in the dark
at 4 °C upon arrival at the lab and were processed the next day.

Harvested biomass
The collected biomass samples were weighted, dried (48 h at 60 °C) and reweighted to
determine biomass water content and harvested dry weight. Because the harvested
biomass can potentially be used as agricultural fertilizer, and N, P and K are the most
important macronutrients, we focus on these elements in the macrophyte biomass
nutrient analyses. Dried macrophyte samples were ground to a powder and homogenized
after which 200 mg of dry macrophyte material was digested in a microwave oven (MLS
1200 Mega, Milestone Inc., Sorisole, Italy) using 4 ml 65% HNO3 and 1ml 30% H2O2 to
determine total P and K concentrations. The digested solution was analyzed with
inductively coupled plasmaoptical emission spectrometry (ICPOES; IRIS Intrepid II,
Thermo Electron Corporation, Franklin, MA, USA). Dry macrophyte material (3 mg) was
combusted to determine C and N content with an elemental analyzer (Carlo Erba NA
1500, Thermo Fisher Scientific, Waltham, MA, USA).

Vegetation survey
The vegetation cover and species composition was determined in all experimental plots 0
to 3 days before a harvesting event took place. Macrophyte and filamentous algae cover
was visually estimated separately for all species that were visible from above.
Additionally, we estimated the average height of the vegetation per plot by measuring the
distance from the vegetation canopy to the water surface and the water depth. The cover
and height estimates were always made by the same researcher to obtain consistent
results throughout the experiment. Macrophyte species were identified using
identification keys from Pot (2004) and Bruinsma et al. (1998).

Statistical analyses
A 2wayANOVA was used to analyse whether the total amount of harvested biomass,
harvested nutrients, and biomass nutrient concentration were significantly affected by
the harvesting frequency. Because two ponds with slightly different nutrient
concentrations were used in the experiment, ‘pond’ was a relevant parameter and thus
included as a fixed factor in the model (Dependent Variable ~ Harvesting frequency +
Pond). Test assumptions on data distribution (variance and normality) were visually
assessed before continuing to the model output. If the ANOVA test showed a significant
effect of harvesting frequency, Tukey posthoc multiple comparison tests were used to
identify which frequencies differed from one another.
Because some of our data did not meet the assumptions of the ANOVA tests, we used
KruskalWallis tests to analyse whether macrophyte cover, and submerged vegetation
canopy height was significantly different between harvesting frequencies. If the Kruskal
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Wallis test (kruskal.test function from stat package) indicated that the dependent
variable was significantly different among harvesting frequencies, MannWhitney tests
(wilcox.test function from stat package) were used to identify which treatments different
from each other. We adjusted the critical pvalue (α) in these KruskalWallis tests,
because individual tests were used for all four harvesting dates instead of one overall test
(significant effect of treatment at p < 0.0125; i.e. ). Ttests were used to test whether the
average nutrient availability of the surface water and sediment differed between the two
experimental ponds; if the data violated the assumptions of the ttest, a MannWhitney
rank test was used to identify statistically significant differences.
We performed all statistical calculations in R version 3.1.2 (R Core Team, 2014) using the
lm, Anova (with type II errors) and glht functions from the stats (R Core Team, 2014),
car (Fox and Weisberg, 2011) and multcomp (Hothorn et al., 2008) packages,
respectively.

Results
Harvested biomass and nutrients
Harvesting frequency strongly affected the amount of biomass harvested during one
growing season. Most biomass was harvested at harvesting frequencies of 2x or 3x per
season (Fig. 2). Harvesting with a frequency of either 1x or 5x per season removed around
32 % and 27 % less biomass than when harvesting 2x, respectively. Similar effects of
harvesting frequency are found on total harvested nitrogen, phosphorous, and potassium,
which are removed as component of the macrophyte biomass (Table 2). On average, a
little over 6 grams of N, 1 gram of P, and 3 grams of K per square metre was removed
from the ecosystem, when harvesting 2x per season.

Figure 2. Cumulative amount of
biomass (mean ± SE of dry mass)
harvested per m2 per harvesting
frequency. Different letters indicate
statistically significant differences
in the amounts of harvested
biomass
among
harvesting
frequencies at p < 0.05 (Tukey
posthoc; ANOVA: Df = 3,
F = 12.14, p < 0.001).
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Table 2. Total amount (g) of carbon, nitrogen, phosphorous and potassium harvested per m2 for
each harvesting frequency and pond. Different letters indicate statistically significant differences in
harvested nutrients per harvesting frequency and pond (ANOVA with Tukey posthoc tests).

5

Significantly more nutrients (NPK) were harvested from pond 1 compared to pond 2
(around 20% more, Table 2). Small differences between ponds were already present
during the first harvest, as harvested N already differed between ponds with slightly
higher amounts harvested in pond 2 during this first harvest (F = 4.60, p = 0.044;
Supplementary Fig. S 1). We also expected a nutrient gradient to develop in the ponds,
with the highest concentrations near the inflow and the lower concentrations near the
outflow. A small gradient in biomass C, N and P could be observed at the end of the
experiment in pond 2, but not in pond 1 (Supplementary Fig. S 2). This gradient was
similar for all treatments, owing to our experimental design.

Macrophyte abundance and species composition
Five submerged macrophyte species grew to the top of the vegetation in the experimental
plots during the experiment: M. spicatum, Elodea nuttallii, Potamogeton pusillus, Chara
globularis, and Chara vulgaris. M. spicatum remained the most dominant species in all
plots, after having being planted there one year earlier (Fig. 3A). The other species
spontaneously colonized the ponds from the connected waters. Harvesting significantly
impacted the submerged vegetation during the experiment. M. spicatum cover was lower
in the plots harvested 5x per season (i.e. monthly) than in plots harvested 2x or 1x per
season at 10, 15, and 20 weeks after the first harvest (Fig. 3A). After 15 and 20 weeks,
charophyte cover was higher in plots harvested 5x or 3x than in plots harvested only 1x at
the end (i.e. harvested after the last vegetation survey; Fig. 3A). We found significantly
more filamentous algae in plots harvested only 1x in September than in all other plots 10
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weeks after the first harvest. Fifteen weeks after the first harvest, significantly more
filamentous algae were also present in the plots harvested only 1x than in plots harvested
2x or 3x (Fig. 3B), possibly because they became trapped in the tall vegetation in the plots
harvested 1x. The canopy height, depicted as the distance of plants to the water surface,
was significantly lower in plots harvested 5x compared to plots harvested 2x or less
during all surveys except the first one, which was performed before the first harvest took
place (Fig. 3C).

Figure 3. Mean ± SE cover
of
M.
spicatum
and
charophytes
(A),
filamentous algae (B) and
the
average
distance
between the plant canopy
and the water surface (C).
Vertical arrows at the
bottom of panel C indicate
harvesting dates for each of
the harvesting frequencies.
Different letters in tables
next to the graphs indicate
statistically
significant
differences
between
harvesting frequencies on
that one date (Kruskal
Wallis tests (α = 0.0125 for
multiple comparisons over
time) with MannWhitney
posthoc), ‘ns’ indicate non
significant overall effect of
harvesting frequency. All
vegetation surveys were
performed right before the
harvesting event.
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Discussion
In this study, we successfully used submerged macrophytes to remove nutrients from a
constructed wetland with a moderately low surface water nutrient loading. Harvesting
frequency significantly influenced the amount of nutrients that could be recovered with a
clear optimum at the intermediate harvesting frequency of 2x or 3x per year.
Furthermore we found that increasing harvesting frequency had a large effect on
macrophyte cover, height and species composition and abundance.

Nutrient removal
During this period a total average of 17.0 mg N.m2.d1 and 2.7 mg P.m2.d1 was
sequestered via plant biomass from our ponds, excluding the first harvest and assuming
that the unharvested plants (see Fig. 1) sequestered the same amount of nutrients as in
the 1x harvested plots. Because the amount of N and P removed with the biomass was
higher than the estimated surface water load during the same period (see M&M section
2.2.), the plants must have taken up a significant amount of nutrients from the sediment
where nutrient availability was higher.
We removed most nutrients from the ecosystem by harvesting macrophytes at
intermediate frequencies, i.e. 2x or 3x during the growing season. These harvesting
frequencies removed 6 g N, 1 g P, and 3 g K per m2 over the experimental period, which
translates to an average of 42.9 mg N and 7.1 mg P.m2.d1 over the experimental period.
Other studies on nutrient recovery by submerged macrophytes are scarce (Vymazal,
2007); the nutrient uptake or recovery rates reported range from < 0.1 to 125 mg N.m2.d
1 and from < 0.1 to 48 mg P.m2.d1 (Peterson et al., 1974; Reddy & De Busk 1985;
Gumbricht, 1993b; Pietro et al., 2006; Tang et al., 2017). Our results are in the lower
range of these values, likely due to the moderately low surface water nutrient loading of
our ponds, as increased loading will increase nutrient sequestration up to a certain point
(Li et al., 2015a; Tang et al., 2017). Additionally, some of the studies used shortterm
uptake experiments to calculate the nutrient removal rates. This shortterm method can
give valuable insights into the nutrient uptake kinetics of the submerged macrophytes,
but may potentially overestimate longterm nutrient uptake in seminatural and natural
ecosystems.
Furthermore, the actual variation in nutrient removal not only depends on harvesting
method, as our study shows, but also on other factors including the macrophyte species
present in the vegetation. Different macrophyte species can show different growth rates,
differ in their nutrient uptake capacity, and respond differently to harvesting (e.g.
Gumbricht, 1993a; Abernethy et al., 1996; BarratSegratain, 2004; Angelstein et al.,
2009), leading to different amounts of nutrients being removed from the ecosystem
under identical conditions (Vymazal, 2007; Li et al., 2010a,b; Tang et al., 2017).
Plant growth conditions are additional factors influencing the amount of nutrients
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removed via macrophyte harvesting. Nutrient availability in the environment is a very
important factor that affects macrophyte growth and macrophyte stoichiometry (e.g.
Barko & Smart 1986; Xie et al., 2013), and thus subsequently influences the amount of
nutrients removed from an ecosystem by harvesting macrophyte biomass. M. spicatum
can grow taller and produce heavier shoots on more nutrient rich sediment (Xie et al.,
2013). However, in our study, water and sediment N and P concentrations were typically
higher in pond 2 compared to pond 1 or similar in both ponds, while biomass production
was significantly higher in pond 1 (Table 2). The higher biomass production in pond 1 is
most likely caused by the higher availability of inorganic carbon in this pond, as carbon is
an important nutrient for macrophytes growth (Maberly & Madsen, 1998; Hussner et al.,
2016). CO2 is the most beneficial form of carbon for the plants to take up (Maberly &
Madsen, 1998; Hussner et al., 2016). In both our ponds, output concentrations of CO2
were almost zero, indicating total CO2 removal by primary producers. As the CO2
concentration in the input surface water of pond 1 was much higher than in pond 2 (Table
1), this likely enabled the higher growth in pond 1.
Furthermore, microbial processes in the water and sediment can influence the amount
and the chemical form of the nutrient available for plants to take up (Vymazal, 2007;
Lamers et al., 2012). Additionally, microbes themselves can also directly remove nitrogen
from the ecosystem via denitrification and many microbial processes in the sediment can
be affected by the plant, for example via radial oxygen loss (ROL) of the roots (Lamers et
al., 2012). These microbial processes and microbeplant interactions may thus affect the
amount of nutrients that are removed from the ecosystem by harvesting submerged
plants (Vymazal, 2007; Tang et al., 2017). Increased harvesting might, for instance,
decrease the ROL of the roots potentially increasing denitrification rates in the sediment.
The availability of essential elements can also effect the elemental composition of the
biomass. Theoretically, harvesting macrophytes using the same method could thus
remove more nutrients from an ecosystem in absolute terms when the ecosystem is more
nutrient rich, providing that the macrophytes can maintain their growth rate. For
example, M. spicatum plants growing on more nutrient rich sediment stored less non
structural carbon in their tissue (e.g. starch) (Xie et al., 2013), likely lowering biomass
C:nutrient ratios (i.e. increasing relative nutrient concentration) and thus leading to more
nutrients being removed when harvesting the same amount of biomass. In our
experiment, however, the external nutrient loading was relatively low and the plants must
have taken up nutrients from the sediment. It is well known that rooted macrophytes are
able to obtain a large part of the required nutrients from the sediment (Carignan & Kalff,
1980; Halbedel, 2016). Our results further indicate that the inorganic carbon availability
can affect biomass production and as a result the total nutrient removal from the system.
In carbonlimited systems, the use of floating plant species could be beneficial, providing
water nutrient levels are high enough, because floating species can directly access
atmospheric CO2. Under these conditions, floating species, such as Eichhornia crassipes,
may be especially useful for removing nutrients from eutrophic water in warmer climates
(e.g. Chunkao et al., 2012). Furthermore, in sites with low water load, or with occasional
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water drawdowns, emergent species may be better suited than submerged or floating
plants, due to their higher drought tolerance. We propose that submerged plants in
particular are most suitable for nutrient polishing when water nutrient concentrations
are moderate to low, but carbon availability and water supply are high. Submerged
species are also highly suited for use in relatively deep water (up to a few meters) and can
take up nutrients from the entire water column (Bornette & Puijalon, 2009). In
temperate areas with strong seasonality, nutrient removal by harvesting any type of
aquatic plant will vary throughout the year, and will only be possible during the growing
season (Vymazal, 2007), unless the temperature and light availability are increased
artificially.
Additional to the multitude of harvesting methods applied, the influence of all the factors
described above may potentially explain the wide range of nutrient removal rates found
in literature.

Additional impacts of harvesting and additional applications
In addition to removing nutrients from the water, submerged macrophytes can
simultaneously provide more services, such as providing food for herbivores and creating
habitats for many aquatic species (Carpenter & Lodge, 1986; Hargeby et al., 1994;
Schriver et al., 1995; Perrow et al., 1999; Mazzeo et al., 2003; Declerck et al., 2005).
Constructed wetlands with submerged macrophytes can thus increase biodiversity
compared to traditional water treatment plants and polish moderately eutrophic surface
water so that it can be used as inlet water for more oligotrophic nature areas, for example.
It is important to realize that harvesting too many macrophytes can result in a complete
loss of submerged vegetation and turbid water, under nutrient rich conditions (Kuiper et
al., 2017), similar to effects caused by high herbivore pressures (Hidding et al., 2016).
Overall, we suggest adjusting the cutting depth to the macrophytes height, but to always
cut at some distance (e.g. 20cm) above the sediment to maintain enough viable
macrophyte biomass and reduce the risk of losing the entire vegetation.
In our study, we did not expect a large impact of harvesting at low frequencies on the
vegetation, because M. spicatum is known to tolerate stress well (Painter, 1988;
Abernethy et al., 1996). Indeed, harvesting the vegetation once, at the beginning of the
growing season, did not severely impact the vegetation in our ponds, as vegetation height
and cover was similar in plots harvested once compared to previously unmown plots.
Also in larger ecosystems, stress tolerant macrophytes, for example M. spicatum, Egeria
densa and Ceratophyllum demersum, are able to recover within several weeks from a
harvesting event (e.g. Crowell et al., 1994; HowardWilliams et al., 1996). However, less
tolerant macrophyte species may decrease in abundance under a harvesting regime (e.g.
Van Zuidam & Peeters, 2012). Overall, even tolerant species may be stressed more when
harvesting frequency increases (e.g. Madsen et al., 1988). Our study also shows this as
high harvesting frequencies negatively impacted M. spicatum cover and height, under the
prevailing nutrient loading. Simultaneously, this negative impact on the dominant
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species creates open patches in which other species can grow (e.g. Zhang et al., 2014;
Bakker et al., 2016). In our ponds, significantly more charophytes occurred and
vegetation was less dense in plots harvested 5x (i.e. monthly) than in plots harvested only
at the start of the experiment. In one of the monthly harvested plots, charophytes even
made up 27 % of the vegetation canopy in July.
The traits that make submerged macrophyte species, such as M. spicatum, ideal for
nutrient removal from constructed wetlands can also cause these species to become a
nuisance in other ecosystems. These fast growing submerged macrophyte species
occasionally grow so fast that they severely impair recreation, fishing, and hydrological
functioning of the system (Hasler et al., 1947; Nichols, 1991; Stallings et al., 2015;
Hussner et al., 2017). These plants then have to be managed to reduce these problems.
Because harvesting can impact macrophyte species composition and abundance,
harvesting can be applied to locally reduce nuisance problems caused by high cover of a
tall growing macrophyte species, such as M. spicatum, and simultaneously increase the
abundance of other macrophyte species in some cases (e.g. Engel, 1990; Howard
Williams et al., 1996; this study, but see: Johnson & Bagwell, 1979; Engel, 1990; Serafy et
al., 1994). Longterm harvesting schemes may lead to additional changes in vegetation
structure (e.g. Painter, 1988) that are not visible in singleyear experiments. Continued
monitoring of the vegetation in the constructed wetland is therefore advised.

Scale and costs of harvesting
The costs of harvesting submerged plants and the most suitable harvesting method will
depend on the size of the constructed wetland or ecosystem that requirs harvesting.
Several methods are available to cut submerged plants and remove the biomass from
aquatic ecosystems, such as manual cutting or using harvester boats (Murphy, 1988b;
Hussner et al., 2017). Manual harvesting, as we did, is a very controllable and precise
method to remove submerged plant biomass. However, it is only viable at a small scale
because it is very labor intensive, leading to high costs. Another widely used method to
harvest submerged plant biomass is using a harvester boat, which cuts the shoots at a pre
set depth and transports the cuttings into a hold on the boat, using a conveyor belt. This
method can be used when large scale harvesting is required. This method can cut a larger
area faster than manual harvesting, but is generally less precise and only suitable for
larger ecosystems. Using a harvester may cost around €100 per hour or around €350 per
metric ton of harvested biomass, depending on the density of submerged vegetation
(costs estimated using data from a Dutch shallow lake; Schollema, personal
communication, 2014). Because harvesting the vegetation is costly, identifying the
optimal harvesting frequency for the goal at hand (e.g. nutrient removal) is a very good
way to keep the costs as low as possible, without compromising on removal efficiency.
Using the harvested biomass for useful applications, such as bioenergy production and
agricultural fertilizer, may reduce the net cost of harvesting management even further
(Evans & Wilkie, 2010; Quilliam et al., 2015).
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Conclusions
We conclude that nutrient removal can be highly optimized by altering the harvesting
frequency. In general, we suggest that harvesting M. spicatum should be done twice per
growing season under a moderately low nutrient loading, if the goal is to remove as many
nutrients as possible with the least amount of effort. However, if the goal of management
is to reduce the abundance of a dominant, nuisance causing species and to stimulate
charophytes for example, we suggest harvesting the macrophytes more frequently.
As the growth and nutrient sequestration of rooted macrophytes strongly depends on
external nutrient loading, sediment nutrient concentrations and inorganic carbon
availability; we propose that varying the mowing frequency in experimental subplots can
help to determine the optimal mowing regime in newly constructed wetlands with
different nutrient availabilities.
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Figure S 1. Harvested amount (mean ± SE, n=4) of carbon (A,B), nitrogen (C,D), phosphorous
(E,F) and potassium (G,H) per harvest for pond 1 (left) and pond 2 (right) separately.
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Figure S 2. Temporal and spatial variation in harvested biomass C, N, P and K concentrations within
an experimental plot (i.e. squares) during the first (11May) and last (28September) harvest of the
experiment. The size and fill of the circles represent the biomass nutrient concentration; bigger and
darker circles indicate higher concentrations. The fill of the squares behind the circles shows the
treatment applied to the plot. Black crosses indicate that these plots were not harvested during this
harvesting date. The white arrow shows the direction of the water flow through the experimental
ponds. Due to the experimental design, all treatments were equally distributed along this flow path.
Table S 1. Average concentrations of additional nutrients of the surface water flowing into the ponds
during the experimental period (1 May – 1 Oct 2015) and of the sediment porewater (8 April and 23
September 2015). ‘n’ indicates the number of data points for pond 1 and pond 2 separately, over
which the mean and SD are calculated. ttest results are also given for the difference between
ponds.
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Abstract
Submerged macrophytes play an important role in maintaining good water quality in
shallow lakes. Yet extensive stands easily interfere with various services provided by
these lakes, and harvesting is increasingly applied as a management measure. Because
shallow lakes may possess alternative stable states over a wide range of environmental
conditions, designing a successful mowing strategy is challenging, given the important
role of macrophytes in stabilizing the clear water state. In this study, the integrated
ecosystem model PCLake is used to explore the consequences of mowing, in terms of
reducing nuisance and ecosystem stability, for a wide range of external nutrient
loadings, mowing intensities and timings. Elodea is used as a model species.
Additionally, we use PCLake to estimate how much phosphorus is removed with the
harvested biomass, and evaluate the longterm effect of harvesting. Our model indicates
that mowing can temporarily reduce nuisance caused by submerged plants in the first
weeks after cutting, particularly when external nutrient loading is fairly low. The risk
of instigating a regime shift can be tempered by mowing halfway the growing season
when the resilience of the system is highest, as our model showed. Up to half of the
phosphorus entering the system can potentially be removed along with the harvested
biomass. As a result, prolonged mowing can prevent an oligo to mesotrophic lake from
becoming eutrophic to a certain extent, as our model shows that the critical nutrient
loading, where the lake shifts to the turbid phytoplanktondominated state, can be
slightly increased.

Introduction
Shallow lake ecosystems depend on the presence of submerged aquatic plants
(macrophytes) for good water quality and high biodiversity (Heimans & Thijsse, 1895;
Carpenter & Lodge, 1986; Jeppesen et al., 1998). There is a positive feedback between
aquatic plants and water clarity, through which the plants enhance their own growing
conditions (Van Donk & Van de Bund, 2002; Scheffer, 2004). Such selfstabilizing
mechanism causes a tendency of the system to resist changes in external environmental
conditions, i.e. it promotes a clear water state within the context of alternative stable
states in lakes (Scheffer, 2004).
During the second half of the twentieth century, submerged macrophytes disappeared
from many shallow lakes in temperate regions because of external nutrient loading from
mainly anthropogenic sources (Gulati & Van Donk, 2002; Körner, 2002). Lakes switched
from a clearwater state, dominated by macrophytes, to a turbidwater state with few
plants, prone to harmful cyanobacterial blooms (Scheffer et al., 1993; Carpenter et al.,
1999). For many years since, tremendous management effort has been devoted to the
restoration of aquatic plant communities, mainly through the reduction of external
nutrient loading, especially phosphorus (P) (Cullen & Forsberg, 1988; Jeppesen et al.,
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2005; Hilt et al., 2006). Although lakes in the turbid state may also be resilient to
changes in external environmental conditions (Hosper, 1998), reduction of external
nutrient loading is effective in the long run (Jeppesen et al., 2005), and many of the
impacted lakes have recovered or are now recovering to a clearwater state with
submerged macrophytes (Sondergaard & Moss, 1998; Gulati & Van Donk, 2002).
Almost inevitable, the return of aquatic plants is accompanied by nuisance caused by
these plants (e.g. Van Donk, 1990). The nutrient availability in restored lakes is generally
still rather high, which in combination with improved light conditions allows for rampant
growth of rooted macrophytes (Lamers et al., 2012). These dense stands of aquatic plants
cause nuisance to bathers and swimmers, which generally dislike the touch of plants and
because invertebrates living on the macrophytes may cause itches and rash of the human
skin (Van Donk, 1990). Dense stands can also cause nuisance for fisherman as lines easily
get stuck and because a high macrophyte cover can have a negative effect on fish
abundance (Bickel & Closs 2009). Moreover, dense stands can impair (recreational) boat
traffic and can decrease lakefront property values. In fact, many functions and ecosystem
services may be impacted by the presence of plants (e.g. Van Nes et al., 1999; Anderson,
2003). As a result, current management practices are more and more focusing on the
reduction of aquatic plants, even though the reestablishment of an aquatic plant
community is still considered a prerequisite for the longterm success of lake restoration
measures (Van Nes et al., 2002a). In many rapidly developing countries nuisance growth
of aquatic plants is also readily apparent (Van Ginkel, 2011). There, the increased
availability of nutrients stimulates plant growth in precedence of a regime shift to a
phytoplankton dominated state – a part of eutrophication which also occurred in the
temperate lakes before the submerged macrophytes disappeared en mass during the last
century (Hasler, 1947).
A common human response to excessive growth of submerged macrophytes is mechanical
cutting and harvesting (Hilt et al., 2006; Hussner et al., 2016). However, when lakes have
alternative stable states, defining a sustainable mowing regime is challenging, given the
important role of macrophytes in stabilizing the clear water state. Theory predicts that
when a critical, in practice unknown, amount of vegetation is removed, positive feedbacks
propel the system to the turbid state with phytoplankton dominance (Scheffer et al.,
1993; Van Nes et al., 2002a). When less vegetation is removed, on the other hand, the
system may show a swift recovery back to the vegetated equilibrium state, undoing the
impact of mowing. Van Nes et al. (2002a) applied two dynamic aquatic plant models of
different complexity to analyze the response of aquatic plant populations to harvesting
and concluded that it may be almost impossible to maintain vegetation biomass at any
desired intermediate level. Consequently, Van Nes et al. (1999 & 2002a) suggest it may be
more fruitful to assign just a few key functions to entire lakes, than to pursue a
compromise between conflicting destinations. In most cases however, lake managers do
not have the luxury to divide functions over different lakes, for example due to legal
obligations, such as the Water Framework Directive (European Union, 2000).
A potentially viable option is to aim for a temporal relief of nuisance following a discrete
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mowing event. When this period of relief coincides with the moment users are relying on
the services provided by the lake, mowing can be convenient despite eventual recovery to
the vegetated equilibrium state. Van Nes et al. (2002a) did not consider the temporal
aspects of mowing in their plant modelling study, as they assumed continuous cutting
strategies for simplicity. Yet it remains a tall order for water quality managers to estimate
the amount of plant volume that can be safely removed, and predict the period of relief of
nuisance after mowing. The numerous field and laboratory studies that have investigated
the response of macrophytes and phytoplankton to harvesting (e.g. Engel, 1990; Nichols
& Lathrop, 1994; BarratSegretain & Amoros, 1996; Morris et al., 2003; Bal et al., 2006;
Morris et al., 2006) did not bring general applicable insights as the results were
ambiguous. Moreover, lake managers in NW Europe often lack experience as submerged
macrophytes were missing for a long time, while formal decision support schemes are
basically absent (Hilt et al., 2006). We argue that there is a need for an integrated
analysis to obtain a better understanding of the general consequences of plant removal in
relation to trophic state and ecosystem resilience.
In this research we use a comprehensive dynamic ecosystem model  PCLake  to study
the effect of mowing on shallow lake ecosystems with alternative stable states. This model
describes the main nutrient and food web dynamics of a nonstratifying shallow lake in
response to eutrophication and reoligotrophication (Janse & Van Liere, 1995; Janse,
1997), including many feedback mechanisms and processes that have been associated
with plants and alternative stable states in lakes. PCLake is frequently used by scientist
and water quality managers, mainly in the Netherlands and Denmark, to analyze the
complex dynamics of shallow lake ecosystems and to evaluate the effectiveness of
potential restoration measures (e.g. Van Liere & Janse, 1992; Janse et al., 1993; Janse et
al., 1998; Nielsen et al., 2014; Trolle et al., 2014). The model has been calibrated with
data from more than 40 temperate shallow lakes located in the Netherlands, Belgium and
Ireland (Janse et al., 2010). The aim of this calibration exercise was to obtain a best
overall fit for the whole set of lakes, rather than achieving an optimal fit for one specific
lake at the expense of others. As a result, the model has a fairly wide geographic
applicability and is suitable for generalized studies on temperate shallow lakes (Janse et
al., 2010). Hence, PCLake provides a consistent framework that can be used to study how
alternative stable states come about, and how they affect ecosystem functioning and
ecosystem management. For example, Janse et al. (2008) used the model to study how
general lake features, such as depth, fetch and sediment type determine the resilience of
shallow lakes to external nutrient loading. Likewise, PCLake has been used to evaluate
the importance of rising temperatures (Mooij et al., 2007; Mooij et al., 2009), littoral
pelagic coupling (Sollie et al., 2008), allochthonous particulate organic matter (Lischke et
al., 2014), tubedwelling invertebrates (Hölker et al., 2015) and herbivory by birds (Van
Altena et al., 2016).
We designed our study to cover several important aspects of mowing that are relevant to
ecosystem managers. Firstly, we evaluate how the impact of mowing depends on the
trophic status of the lake (i.e. external nutrient loading), mowing intensity and timing of
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mowing during the growing season. We express the effect of mowing both in terms of
remaining plant cover, and in terms of days without nuisance caused either by
macrophytes or cyanobacteria. This exercise also allows us to evaluate under which
conditions mechanical cutting of macrophytes results in a critical regime shift to the
alternative turbid state. Secondly, we use the model to obtain quantitative estimations of
the amount of P that can be removed from the system via harvesting of macrophytes.
Removal of P may help to remediate eutrophication effects in the lake, and potentially
can be recovered for sustainable reuse. Finally, we explore the long term impacts of
mowing to analyze whether mowing is a measure that also can be applied to help prevent
undesired eutrophication effects in shallow lakes.

Methods
Model description

General features
PCLake consists of a number of coupled ordinary differential equations and auxiliary
equations which describe the most important biotic and abiotic components of both the
water column and the sediment toplayer of a nonstratifying shallow lake (Janse, 1997).
By putting equal emphasis on the biotic and abiotic components, the model is unique in
its kind (Janssen et al., 2015). Primary producers are represented by submerged
macrophtyes and three groups of phytoplankton (diatoms, green algae and
cyanobacteria). The food web is completed by detrivorous macrozoobenthos,
zooplankton, zooplanktivorous fish, benthivorous fish and piscivorous fish. The abiotic
components in the sediment and in the water column are detritus, inorganic material,
dissolved phosphorus, ammonium and nitrate. All organic components are modelled in
dryweight (DW), nitrogen (N) and phosphorus (P), and hence the nutrienttodryweight
ratios of the organic components are variable. Internal fluxes of nutrients between the
sediment layer and the pelagic zone, including internal loading, are accounted for and
modelled dynamically. Processes such as diffusion, adsorption, burial, sedimentation and
resuspension are included (see Bryhn & Hakanson, 2007 for details). The main inputs to
the model are: dimensions (depth and fetch), water inflow, nutrient loading, particulate
loading, temperature, irradiation and sediment characteristics. PCLake has been
calibrated following a beyasian approach to parameter estimation and uncertinty analysis
(Aldenberg et al., 1995; Janse et al., 2010). The calibration focussed on higher level
variables that are of interest to water quality mangers, including chlorophylla, Secchi
depth, vegetation cover and nutrient concentrations in the water column (Janse et al.,
2010). In a recent multimodel ensemble study using an independent dataset, PCLake
came out as the most accurate model out of a set of three tested aquatic ecosystem
models (Trolle et al., 2014). Although PCLake has mainly been applied to temperate lakes
in NW Europe, successful case studies in Mediterranean Greece (Mellios et al., 2015) and
Subtropical China (Kong et al., 2016) suggest that the model may also be of value outside
the temperate zone. A full description of the model is presented by Janse (2005). A
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schematic overview of PCLake is presented in Supplementary Fig. S 1.
Alternative stable states
The PCLake model shows a nonlinear response to changing nutrient loadings, similar to
examples studied in the field (Janse, 1997). Lakes with a low external nutrient loading are
in the clearwater macrophytedominated state with low chlorophylla concentrations.
Lakes that receive a high external nutrient input reside in a turbid phytoplankton
dominated state. In between, a fairly abrupt shift between the contrasting states takes
place. The critical nutrient loading for a shift from a clear to a turbid state during
eutrophication (CNLeu) is at a much higher value than the critical nutrient loading where
the reverse switch takes place, back to clear conditions during reoligotrophication
(CNLoligo). Hence, at intermediate loading levels both the clearwater state and the turbid
water state can exist as alternative stable states and the prevalent state depends on the
foregoing conditions  a phenomenon known as hysteresis. Between the critical nutrient
loading values, strong perturbations, such as discrete mowing events, may instigate a
regime shift from one state to the other (Janse et al., 2008). Classical alternative stable
states theory predicts that a lake is more vulnerable to disturbances closer to a tipping
point, while the time it takes to recover from a perturbation increases (Van Nes &
Scheffer, 2007). Previous analyses with PCLake indicated that alternative stable states are
most likely to occur in lakes that are shallow (<4 m depth) and have a relatively small
fetch (<3000 m) (Janse et al., 2008).
Macrophytes
The submerged macrophytes in PCLake represent Waterweeds in general (Elodea spp.).
Waterweed species are nonnative yet widespread in NW Europe and they are often
among the first macrophytes to return after restoration measures have been taken
(Heimans & Thijsse, 1895; Perrow et al., 1997; Pot & ter Heerdt, 2014; Immers et al.,
2015). They are documented to cause nuisance by their mass development and are
subject to mowing management (Hilt et al., 2006; Zehnsdorf et al., 2015). In PCLake, the
growth of the submerged macrophytes (Fig. 1) is dependent on nutrient availability,
temperature and underwater light availability. Plants take up phosphate, ammonium,
and nitrate from both water column and soil pore water to achieve optimal P:biomass and
N:biomass ratios (Droop, 1974; Madsen & Cedergreen, 2002; Angelstein & Schubert,
2008; Baldy et al., 2015; Christiansen et al., 2016). Ammonium is preferred, but when the
ammonium concentration is low, the plants switch to nitrate uptake. The available light
for primary production forms a gradient with depth (Lambert–Beer’s law) and is
controlled by the light intensity at the water surface, which is set by a seasonal sine curve
(based on longterm averages for Dutch solar irradiance), and by the light attenuation by
the plants themselves (selfshading), phytoplankton, detritus and inorganic matter in the
water column as well as background extinction. It is assumed that the growing season
starts when a critical spring water temperature (9°C) is reached. This happens in mid
April, given the longterm averaged seasonal water temperature in Dutch lakes. The
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Figure 1. Basic processes of the aquatic plants in PCLake. The modelled processes are nutrient
uptake, production, respiration and nutrient excretion, mortality, grazing by birds and mowing. The
nutrient processes are modelled both in phosphorus and nitrogen. Herbivory by birds was not
considered in this study. The figure is adapted from Janse (2005).

growing season ends half September onwards, when part of the aboveground biomass is
allocated to the below ground biomass, and the mortality of the plants is raised for two
weeks such that 30% of the original biomass survives, i.e. the overwintering parts.
The submerged macrophytes are involved in several positive feedbacks with water clarity
that have been linked to the emergence of alternative stable states in shallow lakes
(Sondergaard & Moss, 1998; Scheffer, 1999; Horppila & Nurminen, 2003; Janse et al.,
2008). For example, they are able to suppress phytoplankton growth by being strong
competitors for nutrients while having a relatively low light extinction coefficient.
Moreover, they provide shelter for phytoplankton grazing zooplankton, and reduce the
resuspension caused by wind and benthivorous fish. Furthermore, vegetation promotes
growing conditions for piscivorous fish which exert topdown pressure on
zooplanktivorous fish. Finally, aquatic plants have the potential to lower the total amount
of available nitrogen in the system by promoting denitrification.
A mowing function is available in PCLake, which requires defining a date when the
mowing event takes place, the duration of the mowing event and a mowing intensity (i.e.
fraction of the biomass that is removed). The mowing intensity is independent of the
duration of the mowing event: a natural logarithm is used to calculate the amount of
biomass that is removed per day: h = ln(1.0–f)/p*V, where h is the harvested biomass (g
m2 day1), f is the intensity (), p is the duration (days) and V is the total aquatic plant
biomass in the lake (g m2). We applied a ‘clean’ mowing strategy throughout this study,
whereby all biomass is removed from the lake. We did briefly consider potentially
harmful side effects of mowing, including enhanced resuspension and incomplete
removal of plant material from the water column, but present these findings as an
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appendix as they did not affect the conclusions of our main analyses (see Supplementary
S 2).
Implementation
We used default parameter settings describing a lake that is representative for many
shallow lakes in the temperate zone, with a mean depth of 2 m, a 1000 m fetch, a water
inflow of 20 mm d−1 (100 day residence time), a lightly clayish soil (30% dry matter, of
which 10% organic matter, and 10% lutum), no infiltration or seepage and no
surrounding wetland area (c.f. Janse et al., 2010). The N:P ratio of the external nutrient
loading was set at 13, i.e. the estimated average N:P ratio for agricultural runoff in the
Netherlands (Wolf et al., 2003). In this setup, the calculated CNLeu and CNLoligo values
are 1.6 and 0.9 mg P m2 d1 respectively. To run simulations we used a C++ compiled
version of the PCLake model called from GRIND for MATLAB (Mooij et al., 2014).

Model simulations

Nutrient loading, mowing intensity and timing
In this study on the impact of mowing on the lake we varied three independent variables
of the model that can be controlled by lake managers: (1) external nutrient loading, (2)
mowing intensity and (3) timing of the mowing. We first focused on the interplay
between the first two. We simulated different combinations of external P loading, ranging
from 0.7 to 1.7 in steps of 0.05 (mg m2 d1), and mowing intensity, ranging from 0 to 0.9
in steps of 0.1 (). We did not consider P loadings above 1.7 mg m2 d1 as the modelled
lake then resides in the turbid water state without macrophytes. Each simulation was
started from a clear water state and we ran the model for 20 years before starting the
mowing procedure to ensure the lake to be in (seasonal) equilibrium. Note that internal
nutrient loading in PCLake is not an independent variable, and by running the model 20
years we achieve that the internal loading in the system associates with the corresponding
levels of external P loading. The initialization period was followed by three succeeding
years where a mowing event took place. We considered three years to include the effect of
mowing on the biomass in the next year (Kimbel & Carpenter, 1981). Each of the mowing
years comprised one discrete mowing event, taking place on July 1st. This is in compliance
with the guidelines provided by Rijkswaterstaat, responsible for the management of the
main waterways and water systems in the Netherlands, who discourage mowing during
the avian breeding season (Rijkswaterstaat, 2012). The duration of the mowing event (p)
was kept at the default value of 10 days in all of these and subsequent cases. Next, we
repeated the foregoing simulations, but this time focusing on different combinations of
mowing intensity and timing. Again the mowing intensity ranged from 0 to 0.9 in steps of
0.1, while the mowing dates ranged from June 1st to September 1st in steps of 7 days. We
performed this analysis for three different nutrient loading settings (0.8, 1.1 and 1.4 g P
m2 d1, respectively).
To evaluate the effects of the mowing actions we analyzed the summer average (June 10th
to September 15th) vegetation cover and total and cyanobacterial chlorophylla
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concentration in the final year of the simulations. In the model, the vegetation cover
increases linearly with the dry weight (DW) of submerged plants until 200 g DW m2 is
reached and the cover is 100%. Also, we calculated the days with nuisance during the
peak of the holiday season (beginning of July until the end of August) caused by either
submerged water plants or cyanobacteria. We presumed that water plants cause nuisance
when they cover more than 40% of the area (Gettys et al., 2014). For the cyanobacteria,
we followed the Dutch cyanobacteria protocol and took 12.5 mg m3 cyanochlorophyll as
a limit above which nuisance occurs (Nationaal Water Overleg, 2012). Shorttime human
exposure to concentrations higher than this value can cause skin rashes or
gastrointestinal sickness, and this risk should be communicated to bathing guests.
Additionally, we zoomed in on one intermediate nutrient loading (1.3 mg P m2 d1) and
present the withinseason dynamics of the vegetation cover and chlorophylla in response
to several different mowing intensities, to also obtain a more detailed view on the
dynamics of the lake.
Nutrient removal by harvesting
We kept track of the amount of P stored in aquatic plant biomass which was harvested
from the system in the final (third) year of mowing, to evaluate the potential to
impoverish the lake. The amount of P removed from the system via harvesting provides
an indication of the P that can potentially be recovered for reuse. In addition, we
calculated the relative removal of P, that is, the ratio of P in the harvested biomass to the
total amount of P added to the system via external loading. The relative removal thus
allows to assess the extent to which harvesting may contribute to the closing of the P
cycle.
Prolonged mowing and the resilience to nutrient loading
We used PCLake to analyze whether harvesting of macrophytes has the potential to
forestall eutrophication effects in the long run. More precisely, we analyzed how repeated
annual harvesting changes the CNLeu of the lake, that is, the amount of external nutrient
loading the lake can withstand without switching to a phytoplanktondominated turbid
state. Following Janse et al. (2008), we calculated CNLeu values for different
combinations of mowing intensity and timing, for which we took the same ranges as
presented in the foregoing analysis. For each combination the model was evaluated for P
loading rates ranging from 0.1 to 4 mg P m2 day1 in steps of 0.1. Each simulation started
with a clear and oligotrophic lake. The summer average Secchi depth (m) after 20 years
was used to evaluate the state of the lake, to determine which P loading is the CNLeu.
Previous analyses have shown that the ratio of Secchi depth to lake depth is a suitable
response variable to determine the CNLeu (c.f. Witteveen+Bos, 2010; Lischke et al.,
2014): above a ratio of 0.5 the lake is defined as clear, while below this ratio the lake is
defined as turbid. Mowing took place in each of the 20 years and comprised one discrete
mowing event lasting the standard 10 days.
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Results
Nutrient loading and mowing intensity
The model shows that the summer average plant cover can be reduced by mowing (Fig.
2a). When external nutrient loading is low, and no alternative equilibrium exists, plant
cover shows an almost linear decrease with increasing mowing intensity. At high nutrient
loadings however, mowing can trigger a regime shift to an alternative state with high
phytoplankton concentrations (Fig. 2b). The mowing intensity that leads to a regime shift
shows a nonlinear relationship with nutrient loading; the critical mowing intensity
decreases sharply when the external loading approaches the critical nutrient loading (1.61
mg m2 d1). In the vicinity of the critical nutrient loading, a mowing intensity of >30% is
sufficient to trigger a collapse.
Zooming in on the seasonal dynamics clearly reveals the time window where plant cover
is reduced due to mowing lasting for at least several weeks (Fig. 3a). It also shows that,
apart from the average plant cover, the maximum plant cover reached during the growing
season is also lowered with increasing mowing intensity. A detailed look reveals the
importance of considering three succeeding years: the 90% mowing treatment triggers a
regime shift, which only becomes apparent in the second and third year, when the plant
community collapses and phytoplankton blooms start to occur (Fig. 3b).

Figure 2. Combined effects of mowing intensity and nutrient loading on summer average plant
cover (a) and chlorophylla (b) in the final year of the simulations. Mowing starts on July 1st.
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An important question is how the response of the ecosystem to mowing translates to
nuisance experienced by lake users. Our approach illustrates that there is a sharp
boundary between nuisance caused by macrophytes and nuisance caused by
cyanobacteria when the nutrient loading is high (Fig. 4ac). On the other hand, when the
nutrient loading is fairly low (<1 mg m2 day1), mowing can create conditions where
hardly any nuisance is experienced during the peak of the summer holiday season (Fig.
4c), given that a substantial fraction of the submerged macrophytes is removed (>50%).

6

Figure 3. Effects of mowing on July 1st on summer average plant cover (a) and chlorophylla (b) in
three succeeding years for a lake receiving 1.3 mg P m2 day1.
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Figure 4. Combined effects of mowing intensity and nutrient loading on days with nuisance caused
by aquatic plants (a), cyanobacteria (b) or both aquatic plants and cyanobacteria (c) during July
and August (peak of the holiday season in the temperate region) in the final year of the simulations.
Mowing starts on July 1st.

Timing of mowing
The impact of harvesting varies during the growing season (Fig. 5), particularly when the
external nutrient loading is high (Fig. 5ab) and the lake is susceptible to a regime shift
(Fig. 2ab). When the nutrient loading is high, the modelled lake is most vulnerable in
late summer, when harvesting a fraction of 40% is sufficient to instigate a regime shift to
the phytoplankton dominated state. To a somewhat lesser extent, also mowing in early
summer eases a shift to the turbid state. The resilience to perturbations of the modelled
lake is highest during midsummer, as up to 80% of the vegetation can be removed,
resulting in a halving of the summer average plant cover (Fig. 5ab). The timing of
mowing is not particularly important when the external nutrient loading is low (Fig. 5e,f).
Large fractions of the plant biomass can be removed almost the entire growing season
without risking a regime shift, allowing to reduce the summer average plant cover up to
40%.

Nutrient removal by mowing
The amount of P harvested from the lake during a mowing event increases with mowing
intensity and nutrient loading, and is highest close to the point where mowing leads to a
regime shift, reaching a maximum of almost 230 mg P m2 (Fig. 6). The relative removal
of P increases with mowing intensity and can be as high as 58%. However, the relative
removal decreases with increasing nutrient loading. The associated dryweight of the
harvested plant biomass is presented in Supplementary S 3.

Prolonged mowing and resilience
Our model exercises show that in the long run repeated mowing is able to enhance the
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6

Figure 5. Combined effects of mowing intensity and mowing date on summer average plant cover
and chlorophylla in the final year of the simulations, for three different nutrient loadings: 1.4, 1.1
and 0.8 mg m2 day1, respectively.
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resilience of the clear water state to nutrient loading for a wide range of mowing
intensities and mowing dates, as it leads to an increase (max. 7%) of the critical nutrient
loading (CNLeu > 1.61 mg P m2 d1; Fig. 7). Mowing during July and August in
combination with an intermediate mowing intensity is most beneficial for enhancing the
CNLeu. Mowing in earlysummer or in latesummer can lead to a reduced resilience to
nutrient loading (CNLeu < 1.61 mg P m2 d1).

Figure 6. The amount of P (mg m2 year1) extracted from the system via harvesting of plant
biomass during the last year of mowing, for different combinations of external nutrient loading and
mowing intensity. The shade indicates the quantity. The relative removal, that is, the ratio of P in the
harvested biomass to the total amount of P added to the system via external loading, is presented
between squared brackets (%).
Figure 7. Effect of prolonged (long term)
mowing on the CNLeu (mg P m2 d1), i.e.
the amount of nutrient input the lake can
withstand without shifting to the turbid
water state, for different combinations of
mowing intensity and timing (start of the
mowing procedure). The colors indicate
whether mowing leads to an increase
(white) or decrease (dark grey) of the
critical nutrient loading (default 1.61 mg m
2 day1).
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Discussion
Temporal relief of nuisance
Our modelling study shows that mowing can result in a temporal reduction of plant cover
for a range of nutrient loadings and mowing intensities. These reductions of plant cover
can reduce nuisance for up to several weeks, especially when the mowing intensity is
fairly high and the external nutrient loading is low or moderate. Our model thus indicates
that mowing can facilitate multiusage of shallow lake ecosystems. At lower intensities
mowing also reduces the summer average plant cover, but this may be not sufficient to
actually reduce nuisance as the remaining cover still exceeded the threshold level, which
we fixed at 40%. Our model analyses indicate that it becomes more difficult to design a
convenient mowing strategy when the external nutrient loading is high; the attraction of
the alternative equilibrium is so strong that a rather small reduction in plant volume may
be sufficient to trigger a shift to phytoplankton dominance. Interestingly, our results
elucidate that a reduction of external nutrient loading alone is not an effective measure to
drive back nuisance caused by aquatic plants (Fig. 4), which emphasizes the need for
mowing. Because the risk of inducing a regime shift by mowing increases with external
nutrient loading, the successfulness of mowing to reduce macrophyte nuisance goes hand
in hand with the reduction of external nutrient loading. At what percentage of cover lake
users perceive plants as a nuisance will vary between lakes and types of users. We took
40% because this number is frequently used in the grey literature, mostly in relation to
growth of largemouth bass  a popular target species for sport fisheries (e.g. Gettys et al.,
2014). However, we can hypothesize that when lake users already perceive nuisance at a
lower plant cover (<40%) it will become increasingly difficult, or even impossible, to
manage the vegetation successfully by harvesting while maintaining clear water. Vice
versa, if local lake users would be more tolerant to the aquatic vegetation and perceive
nuisance at higher percent cover (>40%), it will be more easy to reduce nuisance and
maintain a clearwater ecosystem, especially when the external nutrient loading is not
close to the critical nutrient loading level (Fig. 4). Hence, before designing a management
scheme it is important to identify which stakeholders need to be served and at what
percentage of plant cover they actually perceive plants as a nuisance.

The importance of timing
Our model analyses indicate that the highest reductions of plant biomass can be achieved
by mowing in midsummer, while mowing in late summer appears to be least
recommendable. The latter is not just because the peak of the holiday season (and thus
recreational usage) is in midsummer, but also because the risk of inducing a regime shift
increases when mowing is conducted later in the growing season. In our model, mowing
late in the growing season provides the aquatic plants with little opportunity to regain
biomass before the growing season ends. This is in line with Engel (1990), who observed
slow regrowth after mowing in July compared to mowing in June, and ascribed this to
declining day length and water temperature. Consequently, in the following spring the
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macrophytes may start the competition with phytoplankton on their back foot, which
eases a shift to phytoplankton dominance (Scheffer, 2004: p.280). Mowing too early in
the growing season also bears a certain risk of triggering a regime shift, as our study
showed, particularly when the external nutrient loading is high. We hypothesize that this
is because the interspecific competition with phytoplankton in early June is still rather
strong, and setting back the submerged macrophytes favors phytoplankton growth. At the
peak of the growing season, on the other hand, the intraspecific competition among
macrophytes becomes more controlling, and mowing reliefs this intraspecific
competition. Hence, the net growth rate of the macrophytes directly after mowing relates
positively to mowing intensity (e.g. Fig. 2: the net growth rate after 30% and 60%
mowing is 0.017 and 0.022 day1, respectively). This compensatory growth is not
sufficient however to compensate for the entire loss of biomass, as plant cover does not
recover to preharvesting levels (Fig. 2).
The effect of timing on the impact of mowing may be different in field situations,
particularly when the macrophyte community comprises growth forms that  unlike e.g.
Elodea canadensis  produce overwintering organs (Scheffer, 2004: p.279). Hence, in
case of propagule forming macrophyte species such as several Potamogeton and
Myriophyllum species, these propagules may have already been formed when harvesting
takes place late in the growing season, wherefore the impact on the next growing season
is much smaller. Harvesting earlier in the season would then be an effective way to reduce
the potential for macrophyte plant growth in the succeeding year, as that would prevent
the formation of propagules (Wade, 1990). Interestingly, a reduction of plant volume in
the succeeding year is generally considered as a positive result of harvesting (e.g.
Dall’Armellina et al., 1996), while our modelling study hints that this strategy is not
without risks when lakes have alternative stable states and the external nutrient loading
is high.

Restrictions to harvesting
In our model study we harvested fractions of the macrophytes to levels that may be
unfeasible in real field situations. For example, there are practical reasons which frustrate
harvesting large quantities of aquatic plants, as it is a laborintensive and expensive
activity. A simple calculation learns that for our modelled (circular) lake with a diameter
of 1000 m, when receiving 1.2 mg P m2 day1, a harvesting intensity of 80% implies
removing more than 650 tons of fresh biomass in just a short time span, assuming a fresh
weight:dryweight ratio of 10 (e.g. Boiché et al., 2011; Dorenbosch & Bakker 2011;
Supplementary S 3). Secondly, local laws and regulations, such as the Dutch flora and
fauna law, may impose restrictions on harvesting intensity and timing. Plants provide
habitat and food for many species and it has been reported that significant amounts of
fish and macroinvertebrates are removed along with the plants during harvesting (Engel,
1990), which may include protected species. Furthermore, removing large quantities of
plants may conflict with the protection of waterbirds that feed on the plants or the fauna
living in macrophyte beds. A third reason is that in a field situation it will always be
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difficult to estimate the amount of aquatic plants that should be present to safeguard a
clear water state, forcing lake managers to take a conservative approach when designing
their plans. Hence, even though a submerged plant cover as low as 20% may coincide
with good water quality (e.g. Portielje & Van der Molen, 1998; Yanran et al., 2012), Hilt et
al. (2006) advise to take 50% vegetation cover as a rule of thumb, and suggest that
remaining stands after harvesting should still cover 50% of the lake. Also the Dutch
authorities advise to remove maximally 50% of the plant cover, and even suggests to mow
only 10% in case of native plant species (Rijkswaterstaat, 2012). In our study we used
Elodea sps. as model macrophytes, which are invasive in Europe. Our results show that
part of the macrophytes should be retained under mowing management to prevent
phytoplankton blooms under more eutrophic conditions. Implicitly this suggests that non
native macrophytes may be able to fulfil some of the ecosystem functions of native
submerged macrophytes, in this case maintaining water clarity (Carpenter & Lodge,
1986). This is in line with recent findings that nonnative macrophytes may fulfil
ecosystem functions similarly to their native counterparts and that their effectiveness
depends rather on species traits than their origin (Grutters et al., 2015; Grutters et al.,
2016). Hence in management, complete removal of nonnative macrophytes may be
counterproductive for the ecosystem, if there are no native macrophytes to fill the empty
place (Hussner et al., 2016).

Spatial heterogeneity
From our analyses it appears that harvesting 10% of the standing crop has only a
marginal effect on reducing nuisance. This situation may change however when it is
possible and desirable to spatially divide functions over the lake area. By harvesting in
such a way that only certain patches are cleared, it may become possible to reduce
nuisance locally e.g. in a zone designated for swimming or a channel for navigation. The
model we used (PCLake) is not spatially explicit and is therefore not suited to evaluate
the effect of a local disturbance by harvesting, as it is intended to provide a general
indication of the harvesting pressure the lake can withstand. There is only little known
about the effect of spatial heterogeneity on alternative stable states in shallow lakes.
Theoretical studies suggest that the potential of local disturbances to instigate an
ecosystemwide regime shift increases with interconnectedness (dispersion) within the
system (Van Nes & Scheffer, 2005), and decreases with spatial heterogeneity (Van de
Leemput et al., 2015). These studies thus suggest that alternative stable states are
unlikely to persist side by side in lakes which are very homogenous. This means that local
mowing becomes risky as overharvesting has catastrophic consequences for the entire
lake, albeit the regime shift may be gradual (Bel et al., 2012; Van de Leemput et al., 2015).
When lakes do exhibit spatial heterogeneity e.g. in terms of depth, fetch or sediment
composition, the response to a local perturbation becomes much more difficult to predict
(Van de Leemput et al., 2015), but this heterogeneity can potentially lead to coexistence
of contrasting states. The latter would create opportunities for localized harvesting
practices. A follow up step is to couple the ecological modules of PCLake to 2D
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hydrodynamic models to analyze harvesting in a spatial hydrodynamic context. This
development is still in its infancy however (e.g. Van Gerven et al., 2015).

Collateral effects
Generally, not all cut plant biomass is removed from the lake due to inefficiency of the
harvesting equipment (Hussner et al., 2016). The fragments that are not collected start to
decompose in the water column, thereby releasing nutrients and contributing to the
depletion of oxygen which in turn can stimulate internal nutrient loading from the
sediment (Hilt et al., 2006). Additionally, cutting machinery may cause resuspension of
sediments, which may reduce transparency and stimulate nutrient recycling. These side
effects of mowing are expected to be detrimental to ecosystem functioning
(Rijkswaterstaat, 2012), but it is difficult to quantify their true importance in the field.
For simplicity reasons, we did not consider the effect of collateral disturbance in our main
analyses. Yet, we did briefly look into their relative importance (presented in
Supplementary S 2), which revealed that, for the modelled circumstances and
assumptions, the effect of collateral damage is marginal. This finding is in line with
Carpenter & Gasith (1978) who reported short lived or insignificant effects on the littoral
environment after clearing a 0.2 ha patch. Only when a regime shift has already been
initiated, our model shows that the collateral effects of mowing stimulate the upheaval
(Supplementary S 2). However, we did not consider all potential side effects of mowing
invasive aquatic macrophytes. For example, a factor we did not consider in this study is
that many nuisance species (including Elodea spp.) spread by vegetative fragmentation
(Hilt et al., 2006; Redekop et al., 2016). Mowing can stimulate dispersal of nonnative
nuisance species when fragments are produced that easily ride with the flow and settle at
new places (Abernethy et al., 1996; Zehnsdorf et al., 2015). Especially when surrounding
lakes or waterways are still free of these exotics, the vegetative dispersal capacity of the
nuisance species that is being managed should be taken into consideration (Zehnsdorf et
al., 2015). Recently, Hussner et al. (2016) reviewed how management aimed at the
reduction or eradication of invasive aquatic plants can impact other (native) species
present in the ecosystem. Interestingly, these effects can be both positive and negative.
For example, Dawson et al. (1991) reported a case where 30 macroinvertebrate
individuals were removed per gram dry weight of cut aquatic plants, while Bickel & Closs
(2009) showed that total invertebrate biomass and abundance was significantly higher in
the areas where mowing took place compared to the untreated macrophyte beds.
Moreover, while Engel (1990) reported that up to 450 fish were removed per 100
kilogram fresh weight of cut aquatic plants, the potential for improving growth and size
structure of fishes by reducing macrophyte density has long been recognized (e.g. Wiley
et al., 1984; Olson et al., 1998). Furthermore, vegetation is a major food source for many
waterfowl species aquatic and it is known that herbivorous birds such as coots (Fulica)
can have a large impact on vegetation density (Van Altena et al., 2016). Interestingly, this
trophic interaction may give rise to an interaction effect between mowing and herbivory.
Hence, if a large quantity of vegetation is removed by means of mechanical mowing, this
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may either cause waterfowl to leave, but it may also cause birds to put extra pressure on
the remaining vegetation, potentially triggering a critical regime shift to the turbid state
(Van Altena et al., 2016).

Removal and recovery of nutrients
Because there are nutrients stored in plant tissue, as well as in material attached to the
plant surface such as periphyton and calcite incrustations, the removal of submerged
macrophytes may help to remediate the detrimental effects of eutrophication, both in the
lake where the plants are removed from, and in downstream aquatic ecosystems
(Carpenter & Adams, 1977b). Our modelling scenarios indicate that the highest amount of
P is extracted from the system when both the external P loading and the mowing intensity
are high. The relative removal however, which tells more about the capacity to actually
prevent further enrichment of the system via harvesting, increases with decreasing
nutrient loading, maximally reaching 58% in our analyses. While it should be noted that
periphyton and calcite incrustations are not explicitly modelled by PCLake, we find these
numbers to be grossly in line with estimations presented in the literature. For example,
for a eutrophic lake with 30% plant cover, Carpenter & Adams (1977b) estimated that a
relative removal of 37% of the P loading could be established if all plants would be
harvested. Conyers & Cooke (1983) reported that a relative removal of 44% could be
reached in a mesotrophic lake with 43% plant cover. Moreover, Wile (1978) presented a
case where harvesting operations resulted in the removal of 560 kg P, and estimated the
relative removal to be 47%. It is important to realize however that these numbers refer to
the relative removal of P from the system as a whole, and not solely from the water
column (Burton et al., 1978). Although many rooted macrophytes species are well capable
of assimilating nutrients directly from the water column through their shoots (Madsen &
Cedergreen, 2002; Angelstein & Schubert, 2008; Christiansen et al., 2016), at least part
of their nutrients may be obtained from the sediment, especially in systems where large
amounts of P are available in the sediment. As a consequence, removal of plant biomass
does not axiomatically offset the external loading of P into the water column, and hence
the incoming nutrients may perpetuate eutrophication. We postulate that the effect of
harvesting rooted macrophytes on ecosystem functioning is highest when the
macrophytes take up most of their nutrient directly from the water column. Furthermore,
while harvesting alone may not be able to completely offset the incoming nutrient fluxes
(Burton et al., 1978), we argue that the usefulness may be enhanced by the joint
application of complementary management measures, such the application of
phosphorus adsorbing natural soil and modified clay.
Harvested plant tissue can potentially serve as a source of nutrients, instead of only being
waste material. The use of aquatic plant biomass to fertilize agriculture fields is an old
practice (Roger & Watanabe, 1984), which is still carried out in many parts of mainly the
developing world. Recently harvesting aquatic plant biomass has been put forward as a
way to close the P cycle (Quilliam et al., 2015). Although excessive growth of macrophytes
indicates a local surplus of nutrients, P is a scarce element in many places, leading to
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phosphate starvation in crops, and global phosphate sources are declining rapidly
(Cordell et al., 2009; Childers et al., 2011). The recovery of valuable P thus has the
potential to increase the viability of harvesting as a management measure, which is
otherwise a costly procedure (Hilt et al., 2006). Currently there is no agreement on how
to maximize P uptake and removal by macrophytes (Quilliam et al., 2015). Our model
results suggest that it is beneficial for lake managers to reduce the external nutrient
loading as much as possible, as that will reduce the possibility of harvesting triggering an
unwanted regime shift to a state without macrophytes, and increase the relative removal
of P.

Prolonged harvesting
Model analysis of the longterm effects of harvesting suggests that harvesting can
potentially be used to prevent nutrient overenrichment by increasing the resilience of
the system to external loading, that is, by increasing the CNLeu (Fig. 7). It is important to
note however that in this analysis harvesting was executed every year, and that we started
off with a clear and oligotrophic lake  in the domain where no alternative state is
apparent. Because of the latter, almost all macrophytes can be removed at the start of the
analysis without risking a shift to the alternative state, as there simply is none. In turn,
the removal of macrophytes prevents the accumulation of nutrients in the system,
postponing the formation of an alternative equilibrium and hence increasing the CNLeu.
This implies that the history of the lake is an important factor to consider when designing
a mowing strategy. If nutrients have been able to accumulate in the lake prior to the
mowing activities, as in our first analyses, the resilience of the lake to perturbations such
as mowing may have already decreased and fairly small fractions of macrophyte removal
may be enough to instigate a regime shift (see Figure S 4 for an illustrative example).
Thus, based on the long term mowing scenarios we argue two points. The first is that
phytoremediation can be a worthwhile measure to prevent a lake from becoming
eutrophic when it is still oligotrophic and its capacity to withstand perturbations is still
high. The second is that it is much more difficult to use phytoremediation to impoverish a
lake when it is already eutrophic, even though the absolute removal of nutrients is high,
because the capacity to withstand perturbation is much reduced. As many vegetated lakes
in NW Europe have only recently recovered from the turbid state, and their sediments are
likely to be saturated with nutrients, mowing schemes should be designed with great care.

From model to practice
An important question is how the results of this theoretical exercise should be interpreted
by managers and can be useful in contemporary ecosystem management. Our point of
departure is that every water system is unique (n=1), but that there are general
mechanisms that are key to the ecological functioning of every lake. PCLake has been
developed to include the most important biotic and abiotic processes and lake
characteristics (Janse et al., 2008). Moreover, to strive for generality, the model has been
calibrated with data from >40 lakes with the aim to get the best overall fit (Janse et al.,
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2010). Hence, PCLake provides a coherent framework to investigate the effect of mowing
within an ecosystem context with alternative stable states, allowing us to focus on
important aspects of mowing, such as the intensity and timing, while keeping other
factors constant. An important purpose of such analysis is to provide scientists and
managers with working hypothesis about the way ecosystems function, and to contribute
to the development of theory. The insights that are obtained by simulations cannot easily
be derived from any other type of study, as the analyses would be too costly or unethical
to do in natural systems. As such, these insights complement the insights obtained by
alternative approaches, such as lab experiments and field observations (Peck, 2004;
Scheffer, 2004: p.313). PCLake is one of the very few integrated ecosystem models
available for this kind of simulations (Janssen et al., 2015)
On one hand, we argue that the insights obtained by our simulations are widely
applicable, as the model is built up of many general prevailing processes and principles.
For example, although Elodea is used as a model species, we expect that, at least in
qualitative terms, the response of other yet similar submerged angiosperms, such as
Lagarosiphon major or Egeria densa, will be comparable. Moreover, lake characteristics
have been chosen such that the model describes a hypothetical lake that is representative
for many small and shallow lakes in the temperate zone. Interestingly, PCLake has even
shown to be useful outside the temperate zone (e.g. Mellios et al., 2015; Kong et al.,
2016).
On the other hand we acknowledge that the results of PCLake are highly dependent on
the lake characteristics modelled. For example, Janse et al. (2008) showed that the
resilience of shallow lakes decreases with increasing depth and fetch, implying that in
larger and deeper lakes mowing can more readily result in a regime shift to the
phytoplanktondominated turbid state. Also the choice for a specific threshold level
where lake users perceive plants as nuisance has implications for our results. When for a
given case study, these controlling factors deviate too much from the settings used in this
study, the calculations presented here should be redone for the new setting. Please note
that such limitations apply to any type of experiment focusing on few independent
variables.
Of course, it is conceivable that the ecology of certain lakes may differ fundamentally
from the system currently portrayed by PCLake. For example, Blindow et al. (2014)
distinguish between a charophytedominated clear water state and an angiosperm
dominated clear water state, and report on notable differences in the strengths of the
exerted positive feedback loops with water clarity. Effects may be even more profound
when a certain process has a strong effect on the functioning of a specific lake, but is not
covered by the model. For example, grass carp (Ctenopharyngodon idella) has a strong
trophic interaction with aquatic plants (Hussner et al., 2016), however this fish species is
currently not included in PCLake. In all cases, a customized PCLake study, whereby the
model is adapted, calibrated and validated for a specific case, will provide the most
accurate predictions which can be readily employed in ecosystem management (e.g.
Witteveen+Bos, 2010; Nielsen et al., 2014; Trolle et al., 2014; Kong et al., 2016). The
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present study provides a clear example of how to set up a model analysis with PCLake to
evaluate the effect of mowing on shallow lake ecosystem functioning.

Conclusions
Our integrated modelling analysis of a typical shallow lake in the temperate zone
indicates that harvesting submerged macrophytes can be effective in temporarily
reducing nuisance in lakes which are oligo or mesotrophic, particularly when mowing is
executed in midsummer. Designing a successful mowing strategy becomes less easy with
increasing nutrient loading. More eutrophic lakes are less resilient to perturbations, and
when the external nutrient loading approaches the critical level, relatively small
reductions in plant cover are sufficient to trigger an unwanted shift to the alternative
phytoplankton dominated state. By extracting nutrients from the lake, negative effects of
eutrophication may be partially remediated. Our modelling indicates that the largest
amounts of P can be recovered close to the tipping point, although the highest removal of
P relative to the input of P is realized when the external P loading is low. Particularly
when a lake is still oligotrophic, phytoremediation can be an effective measure to
counteract slowly increasing nutrient inputs, while it appears more difficult to use
harvesting to impoverish a lake which is already eutrophic, as more eutrophic lakes are
also more sensitive to perturbations. These insights provide a basis for more tailored
studies on the effects of harvesting in specific lakes systems.
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Figure S 1. Schematic view of the structure of PCLake. Blocks denote the state variables of the
model. Shaded blocks denote compartments modelled in dry weight, phosphorus and nitrogen (and
silica in case of diatoms). Arrows denote mass fluxes. Respiration fluxes are not shown. Dotted
arrows denote ‘empirical’ relations. The biota in PCLake are modeled as functional groups. The
submerged macrophytes are assumed to be homogeneously distributed over the complete water
column and are rooted in the sediment. Other groups in the water column are phytoplankton (three
groups: ‘diatoms’, ‘green algae’ and ‘cyanobacteria’), zooplankton, planktivorous fish, benthivorous
fish and piscivorous fish. The biotic groups in the upper layer of the sediment include the
zoobenthos and the settled fractions of the three types of phytoplankton. The abiotic components in
the water column and in the sediment are detritus, inorganic material, dissolved phosphorus,
ammonium, and nitrate. A full description of the model is presented by Janse (2005). The figure is
modified after Janse (1997).
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Supplementary S 2: The importance of collateral disturbance
Although the aim of water managers is to remove cut biomass from the water, part of the
plant material is often left in the water due to inefficiency of the cutting machinery. This
plant material in the water leads to increased light attenuation and stimulates nutrient
recycling, disfavoring the growth of the remaining submerged water plants. Another
factor that is potentially detrimental to the remaining vegetation is temporarily enhanced
resuspension caused by the mowing procedure. This can for example result from thrust
engines on mowing boats that stir up the sediment, or because roots are pulled out from
the sediment during the cutting.
In the default version of PCLake only ‘clean’ mowing is considered, whereby all the mown
biomass is removed from the system, without additional resuspension. Therefore, we
modified the PCLake model equations in such a way that a defined fraction of the
clippings remains in the system as detritus. We estimated the fraction to be 20%.
Analogous to the detritus resulting from natural mortality, the largest share of this plant
material (90%) sinks to the bottom to become part of the detritus pool in the sediment
(Janse, 2005). Furthermore, we developed a function that causes the resuspension of the
sediment to increase linearly with mowing intensity, maximally reaching an additional 5
g m2 d1 of resuspended material, which is about 2.5 times the amount of sediment that is
on average resuspended due to benthivorous fish in a turbid lake (Janse, 2005 p.291).
The resuspension is only enhanced during the mowing period. We analyzed the effects of
these collateral disturbances on the withinseason dynamics of the vegetation cover and
chlorophylla for two different mowing intensities (60 and 90% respectively), an
intermediate nutrient loading (1.3 mg P m2 d1) and a single mowing date (July 1st). We
compared the results with the default simulations without collateral disturbance caused
by mowing.
For the used parameter settings, this analysis reveal no clear sign of collateral damage
(Fig. S 2ad). According to our model, enhanced resuspension and remaining of plant
material in the water column has a negligible effect when 60% of the submerged plants is
cut (Fig. S 2a,b), and this is still the case for a mowing intensity of 80% (results not
shown). Only when the mowing activity instigates a regime shift, which is the case for a
mowing intensity of 90%, the modelled collateral disturbances speed up the regime shift
(Fig. S 2c,d). Particularly the enhanced resuspension propels the lake faster to the
alternative state. A more elaborated (sensitivity) analysis is needed to elucidate the
importance of collateral disturbance. Important to note here is that we did not consider
the dispersal aspect of plant fragments generated by the mowing action: vegetative plant
fragments can easily spread with the water flow, potentially contributing to new invasions
of waterweed in uninhabited waters (Zehnsdorf et al., 2015). This factor should be taken
into consideration by water managers dealing with exotic species.
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Figure S 2. Effects of collateral disturbance caused by the mowing procedure on July 1st the
dynamics of plants and phytoplankton in three succeeding years for a lake receiving 1.3 mg P m2
day1, for 60 percent mowing and 90 % mowing. D is default (black line), R is enhanced
resuspension (red line), L is leaving 20 % of the mowed plant biomass in the water column (green
line) and R+D is a combination of the latter two (blue line).
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Figure S 3. Amount of vegetation dry weight biomass that is harvested from the system (g m2
year1). The shade indicates the quantity.

Figure S 4. We modelled a lake receiving 1.2 mg P m2 day1 and applied a mowing intensity of
80%. The only difference between the two scenario’s is that in one scenario mowing starts right
from the beginning, while in the other scenario mowing starts after twenty years. When mowing is
applied directly from the start, the systems moves to an equilibrium situation in which large
reductions in plant cover (80%) can be achieved (dashed line). When in the first twenty years no
mowing is applied, the system goes to a different equilibrium: after twenty years, when mowing is
applied for the first time, the same mowing intensity (80%) instigates a regime shift to the turbid
state (solid line). Hence, in the first twenty years nutrients have been able to accumulate in the
lake, which lowered the resilience of the lake to perturbations such as mowing.
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Abstract
The presence of a high diversity of different successional stages in a landscape may help
to conserve and promote landscapewide biodiversity. A strategy to achieve this is
using Cyclic Rejuvenation through Management (CRM), an approach employed in a
variety of different ecosystems. For this approach to be useful, (a) successional stages
are required to be different in community composition and (b) these differences need to
be caused by true replacement of species between stages. While potentially valid, these
assumptions are not commonly tested prior to application of CMR. In this study, we test
these assumptions to explore the usefulness of managing successional stage
heterogeneity to maximize landscapewide aquatic plant diversity.
We carried out vegetation surveys in 21 landscapes in the Netherlands and surveyed 24
individual ditch reaches in each landscape. Using a clustering approach combined with
knowledge from literature about vegetation succession in these systems, we assigned
our sampled communities to different successional stages. First, using stateoftheart
biodiversity partitioning methods, we quantified the relative importance of species
replacement among successional stages in shaping the aquatic plant communities in
Dutch polder systems. Next, through scenario analyses based on simulations we studied
the effects of reducing successional stage heterogeneity by management on landscape
wide biodiversity. Results showed that differences in aquatic plant community
composition among successional stages were an important factor contributing to
landscapewide aquatic plant diversity. Shifts between early successional stages were
characterized by higher replacement of species compared to late successional stages. In
a scenario of gradual decrease of heterogeneity through the systematic loss of the
earliest successional stages we found that 20% of the species richness in a polder was
lost, pointing towards the importance of maintaining early successional stages in a
polder landscape. This makes a compelling case for application of CRM within
agricultural drainage ditch landscapes to maximize the regional aquatic plant
diversity, offering potential for biodiversity in these often heavily modified
anthropogenic landscapes.
We argue that CRM can maintain and promote biodiversity without compromising the
hydrological function of the systems. While applied to drainage ditch systems, this data
driven approach is broadly applicable and may yield first indications of the potential
efficiency of applying a CRM scheme to optimize biodiversity.

Introduction
Land use intensification and global change have led to decreasing biotic diversity (Foley
et al., 2005). Much of this biodiversity loss is caused by increasing homogenisation of
communities (i.e. biotic homogenisation), and not by loss of local diversity (Dornelas et
al., 2014). This would imply that the diversity on a landscape scale decreases due to the
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disappearance of differences between local communities (Smart et al., 2006). This
threatens the multifaceted functioning of ecosystems at both local and landscape scale
(van der Plas et al., 2016).
Disturbance events create biotic diversity through resetting unidirectional natural
succession (Sousa 1984) in natural systems. Examples of such an event include fire
(Vandvik et al., 2005), scouring by peak river discharges (Tockner et al., 2000) or
landslides (Walker et al., 1996). In absence of these natural dynamics, for example
through human management of the ecosystem, there is a risk of loss of successional stage
heterogeneity within the landscape (Baptist et al., 2004). Different stages of ecological
succession may exhibit different species richness levels. A classic example on forest
succession (Odum, 1969, Whittaker, 1970) shows higher species numbers in intermediate
stages of succession. Furthermore, different successional stages may harbour very
different sets of species. Consequently, the landscape’s species diversity is not a function
of the local diversity alone, but also of the complementarity between stages present in the
landscape. Hence, to maximize the diversity of a landscape, both the local diversity of
successional stages, as well as the difference between communities of the different stages
needs to be considered. A line of though well represented in the classical partitioning of
the landscape diversity (γ) into a local component (α) and a turnover component among
local communities (β) (Whittaker, 1960; Jost et al., 2010).
To obtain ecologically diverse sites within a landscape that has lost its natural dynamics
due to human influence, management efforts need to be directed towards maintaining a
landscape with a variety of successional stages present. This has been widely applied in a
variety of ecosystems (Baptist et al., 2004; Vandvik et al., 2005) and is known by
different names (e.g. cyclic rejuvenation, rotational management, periodic ecosystem
reset). Here we use the term cyclic rejuvenation through management (CRM),which is
the practice of periodically resetting part of the habitat in a landscape to a (mostly) bare
state to create an ever changing dynamic spatial mosaic of habitat patches in different
stages of succession (Hinsch & Poethke, 2007). CRM in floodplain management, aimed at
systematic removal of part of the floodplain forests, increased biodiversity in channels
where natural reset of succession was absent (Baptist et al., 2004). Likewise, controlled
fire management can help preserve grassland diversity through CRM (Richards et al.,
1999). While good results have been obtained, the inherent success of this management
approach rests strongly on the assumption that successional stages are complementary to
one another. The more unique stages are with respect to their community composition,
the larger the gain for the regional species pool and thus overall landscape diversity.
Conversely, when successional stages are highly similar, CRM will have little effect on
landscapewide species diversity. Management is often a given in many anthropogenic
ecosystems, aimed at maintaining the ecosystem services we require (e.g. water storage or
food production; Power, 2010). CRM offers an approach for this management to take
place, while also realising an increase in biodiversity.
Manmade water systems such as agricultural drainage ditches are under continuous
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management to maintain the hydrological drainage of agricultural land (Hill et al., 2016).
However, their value for conservation of biodiversity is increasingly recognized as well
(Armitage et al., 2003; Herzon & Helenius, 2008; Clarke, 2015). Reshaping ditch banks,
removing vegetation and dredging organic sediment helps to maintain hydrological
functioning of the ditches, but may also support ecological function and diversity (Twisk
et al., 2003). Dredging removes nutrient rich sediments (Whatley et al., 2014) that would
otherwise result in a eutrophic ecosystem with high duckweed coverage and low
biodiversity (Liere et al., 2007; Gerven et al., 2015). Management in these systems is
constantly resetting the succession of these waterways (Van Strien et al., 1991; Clarke,
2015; Hill et al., 2016), making an often unorganized form of CRM the norm in these
systems.
For ditch ecosystems, the application of CRM has been suggested to positively influence
diversity at a landscape scale (Watson & Ormerod, 2004; Clarke, 2015; Hill et al., 2016).
Landscape level species diversity (γ) in these ecosystems is largely caused by differences
in community composition between individual sites (Goldenberg Vilar et al., 2014;
Whatley et al., 2014), indicated by a large βdiversity component. This high contribution
of βdiversity to the γdiversity points in the same direction, stressing the importance of
landscape heterogeneity. Despite these strong claims on the usefulness of CRM (Clark,
2015), no formal evaluation has been carried out, nor has it been widely adopted in ditch
management practices. A first step in the evaluation and adoption of such a management
practice is to illustrate the importance of successional stage heterogeneity for landscape
wide diversity. Differences in community composition may be caused by two inherently
different underlying scenarios, namely one of species richness difference and one of
species replacement (Baselga, 2010; Legendre, 2014). Richness difference refers to a
pattern in which a species rich stage exists in the landscape that holds all species, and all
other stages in the landscape are a subset of the community of this richer stage. The only
difference between the two stages is that one stage is richer than the other stage. In
contrast, a pattern of species replacement refers to a stage having a unique set of species
that does not occur in another stage. The stages differ in their species composition,
showing a replacement of species from one stage to the other. For CRM to truly be useful
for increasing landscape biodiversity, species replacement between different successional
stages is required (i.e. complementarity) and not difference in richness alone.
In this study, we created a dataset of 504 vegetation surveys in ditch reaches spread over
21 different regions (or landscapes) in the Netherlands to study the importance of
maintaining successional stage diversity on the regional species diversity (γ) of aquatic
vegetation. We characterised the dissimilarity among successional stages and its
underlying patterns to assess the complementarity of communities of different
successional stages for landscape biodiversity. We continued by examining the potential
effect of landscapewide heterogeneity in the presence of different successional stages on
the landscapewide diversity. This was done by calculating the biodiversity of simulated
landscapes with different combinations of successional stages. Based on these results we
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evaluated the hypothesized merit of CRM on promoting regional diversity in ditch
systems (Clarke, 2015) through proliferation of a diverse mosaic of habitats.

Methods
Study region and site selection
Our study took place in the peat meadow polder landscapes in the west of the
Netherlands. These landscapes were historically created by drainage of peatlands to
reclaim land for agriculture. This has led to the distinctive polder landscapes in which
long, narrow fields are intersected by a network of drainage ditches, with the whole
system being surrounded by dykes. Water level fluctuations within these landscapes are
strictly controlled. The ditches in these systems are generally eutrophic to hypertrophic
due to the longtime agricultural use of the adjacent fields. The fields are used primarily
for cattle farming, though there is still variation in land use intensity due to governmental
subsidies (agrienvironmental schemes) that compensate farmers for less intensive land
use and aim to stimulate nature values (Catry et al., 2017). Additionally, some fields are
owned by nature management organisations and are managed extensively with the aim of
creating and sustaining moist natural grassland vegetation and its associated biota. In all
cases the ditches are regularly managed to sustain their hydrological function. This is
done through removal of plant biomass (e.g. mowing) and dredging of organic sediments
from the ditch bottom. Within our study we selected 21 different polder landscapes of
roughly 200 hectares along a gradient of land management intensity. Within each of
these 21 landscapes 24 ditch reaches of 100 meters long were selected according to a
stratified random design (Figure S 1.1a). Vegetation surveys were carried out along the
100 meter transects using a Tansley scale (Tansley 1946), encompassing all species
growing in the water. These Tansley dominance classes of each plant species found were
converted to cover percentages using Table S 1.1. Furthermore, the thickness of the
organic sediment layer was measured in the centre of the ditch at five locations (every 20
m) within each ditch reach (Figure S 1.1b).

Progression of natural succession
The succession of vegetation within these ditches is strongly influenced by dredging
(Caspers & Heckman, 1981) and eutrophication (Portielje & Roijackers, 1995). Vegetation
and channel characteristics move from an open and deep system towards a shallow and
choked system filled with emergent and amphibious vegetation (Watson, 2004) and
eventually a carr, if left unmanaged (Barendregt et al., 1992; Lamers et al., 2002). The
latest stages are unlikely to be present in an agricultural setting, as they hamper the
hydrological function of the system. Relationships between succession and nutrient
loading (Portielje & Roijackers, 1995) and, more specifically, between successional stages
and nutrient loading (Van Zuidam & Peeters 2013) have been found and generally follow
the following patterns (Figure 1). First, succession of aquatic vegetation generally starts
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Figure
1.
Schematic
representation
of
the
theoretical progression of
succession in a drainage
ditch system based on
progression of functional
vegetation classes and
buildup
of
organic
sediment through time (a
e). (f) Duckweed dominated
ditch impairs succession.
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off with low abundance of early successional submerged species, such as charophytes and
vascular plants such as Ceratophyllum demersum and Elodea nuttallii. At this stage, the
sediment only holds a thin organic sediment layer. The fastest growing species eventually
become dominant and organic sediment builds up in the ditch. As succession progresses,
organic sediment accumulates further and additional submerged species such as
Potamogeton sp. and rooted floating species such as Nuphar lutea are found. Eventually,
as in other shallow aquatic systems (Carpenter, 1981), the organic sediment layer will
build up to the point that helophytes are able to occupy the centre of the ditch. If left
unmanaged, a swamp will develop. Hypertrophic ditches can have high duckweed
coverage, creating anoxic conditions and greatly reducing light irradiance to the ditch
bottom, thereby hampering the development of submerged and rooted floatingleaved
plants (Gerven et al., 2015). This threatens the existence of diverse aquatic life as a whole
due to oxygen depletion (Scheffer et al., 2003). This alternative stable state with high
duckweed coverage (Scheffer et al., 2003) will break the natural progression of vegetation
succession.

Defining successional stages
Based on the natural progression of succession, we defined functional types of vegetation
known to be indicative for different successional stages (Barendregt, Stam & Wassen
1992; Lamers, Smolders & Roelofs 2002; Watson & Ormerod 2004): charophytes,
submerged pioneer vegetation, submerged late successional vegetation, rooted floating
vegetation, unrooted floating vegetation (e.g. duckweeds) and helophyte vegetation
(Figure 1). Through cluster analysis we grouped sites together according to successional
stage properties (i.e. vegetation functional types and increasing sediment thickness). To
select the most suitable cluster technique and the optimal number of clusters we
compared kmeans, fuzzy, selforganizing tree algorithm, and model based clustering
approaches with the clValid package in R (Brock et al., 2011) using silhouette width and
connectivity as the selection criteria. This yielded a fuzzy clustering approach with 9
clusters as the best fitting solution with a connectivity of 192.8 and silhouette width of
0.241. We calculated the average coverage of the defined functional vegetation types and
the sediment thickness per cluster and organized them along a gradient of succession as
theoretically defined previously (Figure 1).

Successional stages and diversity
The regional, or landscapewide, biodiversity (γ) can be mathematically partitioned into
different components (Jost, 2007; Jost et al., 2010), i.e. the local average αdiversity of
ditch reaches and the βdiversity component describing community dissimilarity among
different ditch reaches. If different successional stages have a different plant community,
variation in successional stage will affect the γdiversity through the βcomponent. Part
of the βdiversity of a community may be attributed to within successional stage (βwithin),
while another part may be contributed to plant community differences between
successional stages (βbetween). To determine βwithin we first calculated the βdiversity for all
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sites within the same successional stage in a polder landscape. The mean of these values
gives βwithin at the polder level. To determine βbetween we first took the mean cover of each
species of all sites within the same successional stage in a polder. We then calculated the
βbetween from the resulting averaged species cover matrix using the standard method of
Jost (2007).
Because not all successional stages had equal number of sites within a landscape, we used
a random resampling procedure to correct for this bias as follows. Prior to calculating
βwithin and βbetween, an equal number of sites for all successional stages were randomly
sampled from the total pool of sites within a landscape. This procedure was replicated
1000 times, each time selecting a set of sites from the data in equal number for each
successional stage. The outcome of all resampling runs were averaged and used for
further analyses.
The βbetween component can be further partitioned into two additive components, a
component of true species replacement (repl) and a richness difference component (rich),
using a method first proposed by Baselga (2010) and Podani & Schmera (2011) and its
extensions (Legendre, 2014; Ensing & Pither, 2015). We partitioned the βbetween
component based on a Jaccard index and calculated a multisite βdiversity index and its
partitions for presence/absence data (Ensing & Pither, 2015). As no such indices have
been developed for our abundance data, we instead used the total variance of a
dissimilarity matrix of the community data based on a Ruzicka index (Jaccard based
index for abundance data) as per Legendre (2014).
Differences in community composition among different successional stages was tested
using a distancebased Redundancy Analyses using Jaccard and Ruzicka indices (dbRDA,
Legendre & Anderson, 1999). The same procedure was applied to test for differences in
species replacement (repl) and richness differences (rich) in the community among
different successional stages. Significant differences among successional stages were
assessed using random 1500 permutations. To deal with the unbalanced nature of the
data, we used the random resampling procedure mentioned before.

Scenario analyses to evaluate the effect of removal of
successional stage heterogeneity on γdiversity
To test the effect of removing successional stages from the landscape on γdiversity we
defined two scenarios with respect to different management strategies. Scenario 1
assumes that the system is actively managed by removing late successional stages from
the landscape. In this scenario, successional stage heterogeneity in the landscape
decreases to the point where a homogeneous landscape with only the first stage of
succession remains. This scenario will be referred to as the intensive management
scenario. We progressively remove successional stages, starting from stage 7 (i.e. the
highest in our dataset) and working back (e.g. removing stage 6 and 7, stage 5 to 7 etc.) up
to the point that a landscape consists solely of communities of stage 1. Scenario 2
assumes that the system is not managed and will progress towards the last stage of
succession. This scenario will be referred to as the extensive management scenario. In
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this scenario, we progressively remove successional stages, starting from stage 1 and
working forward (e.g. removing stage 1 and 2, stage 1 to 3, etc.) up to the point that a
landscape consists solely of communities of stage 7. The point of reference for both
scenarios is the most heterogeneous situation in which all 7 stages of succession are
present.
For the scenario analyses we generated 21 artificial landscapes by assigning 12 ditch
reaches from our entire dataset to the landscape. We randomly generated frequencies of
successional stage occurrence in the landscape from all possible combinations of
successional stages present in the scenario definition at hand (e.g. Scenario 1: stages
present: 1 to 3). This approach was taken to remove any bias by choosing a given
frequency beforehand, though this conservative approach did increase variation of the
landscapes diversity parameters (α, β, γ). The entire analysis was repeated 42000 times
to obtain 2000 sets of 21 landscapes, the same number of landscapes as present in the
original data. Changes in the diversity parameters were analyzed using linear mixed effect
models (lme) with the landscape identity as a random variable for both scenarios because
frequencies of successional stages were fixed within a generated landscape. This was done
for each of the 2000 sets of landscapes and the model parameters and significance test
values were averaged.
All analyses were performed in R version 3.3.2 using ggplot2 and vegan (Oksanen et al.,
2015) packages and custom code supplied with (Legendre, 2014).

Results
Of the nine defined successional clusters resulting from our fuzzy clustering approach, we
were able to organize seven clusters along a gradient of ditch succession based on the
expected development (Figure 1) of functional vegetation types and increasing thickness
of the organic sediment layer (Figure 2, Figure S 1.2). Organic sediment was initially
relatively thin and increases towards the end of the successional gradient in our clusters
(Figure 2). Furthermore, we found a progression from low abundant, early successional
submerged plant species towards late successional submerged and rooted floatingleaved
species. Eventually, most submerged species declined in the final successional stage 7.
Stage 1 was characterized primarily by low abundance of submerged vegetation and a
relatively thin organic sediment layer, compared to the other stages. Stage 2 and 3
exhibited a thicker sediment layer while showing increased abundance of early pioneer
species. These two stages are different in their cover of floating unrooted vegetation while
otherwise being largely similar (Figure S 1.2). Stage 4 showed a further increase of
submerged pioneers and the occasional low abundant late successional species that
increased further in abundance in stage 5. In stage 6, late successional submerged species
became dominant while early pioneers decreased in abundance. In stage 7, a thick organic
sediment layer was present and an overall decline in true aquatic vegetation. One
successional cluster (9) was not included due to high duckweed cover leading to a
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Figure 2. Progression of
plant cover (%) and organic
sediment thickness (m)
through
the
different
identified
successional
stages (17). Results shown
per functional vegetation
type and sediment data are
averaged values over all
ditch reaches in the given
successional stage cluster.
For specific cover per
species see Figure S 1.2.

stagnation of the vegetation succession. Successional cluster 8 was characterized by
relatively a thick organic sediment layer and overall low vegetation cover. This unusual
combination of thick organic sediment with a low production of vegetation places it
outside of the natural succession gradient (Figure 1), and hence this cluster was also
removed. A cause for this unexpected system state (cluster 8) could be a high removal of
vegetation (artificial or natural) with a lack of dredging activities, resulting in the thick
organic sediment layer found.
The partition of γdiversity into its components of alpha and beta (Figure 3a) revealed
that only a small part of the γdiversity could be attributed to the mean αdiversity of
ditch reaches (SR=11.9, H’=4.8). The remaining γdiversity was attributed to the β
diversity component (>60%), illustrating a large difference in community composition
among ditch reaches within a landscape. When examining the relative importance of
successional stage diversity within this βdiversity component, we found that a large part
of the βdiversity could be attributed to differences among successional stages (βbetween:
SR=80.4%, H’=77.3%, Figure 3b). This βdiversity, present among successional stages
(βbetween), could be attributed to replacement of species (51.7% (SR) and 40.4% (H’);
Figure 3c).
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7
Figure 3. (a) Total landscape diversity (γ) of field data on ditch vegetation split into components of:
1) mean local diversity of ditch reaches (αdiversity), 2) difference in community composition
between reaches within regions (βdiversity). (b) The βdiversity is further divided into a component
attributable to within successional stage differences between communities (βwithin) and between
successional stage differences (βbetween). (c) Relative contribution of species replacement (β
repl) and richness difference patterns (β rich) of the βbetween component as resulting from a
Jaccardbased partitioning method (Legendre, 2014). Both species richness (SR) and the exponent
of the ShannonWiener index (H’) diversity measures are shown for both graphs. Error bars show
2x standard errors around the mean.

Successional stages differed significantly in their aquatic plant community composition,
as shown by an RDA analysis of explaining community dissimilarity by successional
stages (Jaccard: R2adj=5.2%***, Ruzicka: R2adj=25.6%***). Species replacement was
significantly different among successional stages (Jaccard: R2adj=4.4%***, Ruzicka:
R2adj=8.6%***). Likewise, species richness difference was also significantly different
among successional stages (Jaccard: R2adj=6.2%***, Ruzicka: R2adj=62.3%***). When
comparing successional stages pairwise (Figure S 1.3, Figure S 1.4), we found varying
underlying patterns of these two components of βdiversity. For the species presence/
absence data (Jaccard) we found that βdiversity consisted of higher replacement in the
earlier successional stage combinations compared to later successional stage
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combinations. For the abundance based analyses (Ruzicka), these patterns were less
clear, though very high replacement as well as high richness differences occurred between
some pairs of successional stages.
Through scenario analyses, we assessed potential changes in the landscape γdiversity
through decreasing landscapewide successional stage heterogeneity. A landscape with all
seven successional stages had a mean γdiversity of 35 species. In scenario 1, where late
successional stages were progressively removed from the landscape, we did not find a
significant change in the γdiversity (LME: intercept=35.21, slope=0.40, p=0.0502,
marginal R2adj =5.2%, conditional R2adj =6.8%). Paradoxically, we could even observe an
increase in species richness of the landscape when only the first successional stage
remains (Figure 4a, table S 1.2). Removal of early successional stages (scenario 2) did
show a clear negative effect on the γdiversity (LME: intercept=36.36, slope=1.17,
p<0.001, marginal R2adj =35.9%, Conditional R2adj=36.5%). This was caused by the stark
decline in βdiversity (Figure 4b, Table S 1.2), leading to a total loss of 7 species; 20% of
the species pool of the landscape.
To further elucidate what caused the significant decrease found in scenario 2, we
partitioned the between successional stage βdiversity (βbetween) into its replacement and
richness difference components. Figure S.1.5 (Table S 1.3) showed that the decline in β
diversity of the sites in the landscape (βbetween) was driven by a decline in the loss of
complementary stages from the landscape, a decline in replacement (βrepl; LME:
intercept=0.39, slope=0.045, p<0.001, marginal R2=32.3%, Conditional R2=33.7%).
βrich was not significantly affected by the loss of successional stage heterogeneity
(p=0.401). In contrast to species richness, similar analysis on species abundance which
gives greater weight to highly abundant or dominant species, showed no significant effect
on the total βbetween (p=0.124). Results between species richness and Shannon diversity
were similar (Table S 1.3).

Figure 4 (on righthand page). Simulation results of scenario analyses showing the effects of
decreasing landscapewide successional stage heterogeneity on the landscape aquatic plant
diversity (γ) and its partitions (α, β) for both species richness (a) and Shannon diversity (b).
Numbers on the xaxis represent the successional stages included, e.g. 14 indicates stages 1 to 4
were included. On the left hand side, a scenario of intensified management is shown, where late
successional stages are progressively removed from the landscape (Scenario 1). On the right hand
side, a scenario of extensified management is shown, where early successional stages are
progressively removed from the landscape (Scenario 2). Error bars show 2x standard errors
around the landscapewide mean diversity values, based on 21 simulated landscapes with 12 ditch
reaches per landscape. Different letters indicate statistically significant differences between
successional group means. Solid lines show significant trends (p<0.05) along the gradient of
management, based on a linear mixed effect model where diversity effects are nested within polder
identity. Dashed lines show marginal trends (p<0.10).
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Discussion
Ecological succession is a prime force creating heterogeneity at a landscape level
(Amoros, 2001), which may be managed for optimal landscapewide species diversity.
Increasing landscapewide heterogeneity of successional stages may be accomplished by
temporally resetting successional stages through management activities, such as CRM
(Sousa, 1984; Vandvik et al., 2005). As CRM is a costly exercise, it is worthwhile to first
explore the potential of this method to maximize landscape diversity. We showed that,
rather than a trial an error approach, a comparative study of the species composition
present in the different successional stages within a system under consideration for this
management type can already give estimates of its potential effectiveness. We were able
to cluster the vegetation of different sites into successional stages matching prevailing
theory on vegetation succession based on sediment organic matter and plant functional
groups. Because we found differences in species composition among the different stages,
CRM may be an effective tool to increase aquatic plant biodiversity in ditch ecosystems.
When applied with an optimal spatial scheme, CRM can lead to a maximization of the
landscapewide diversity of aquatic plants in this heavily modified anthropogenic
landscape.

Complementarity of successional stages
A comparative study of the species composition present in the different successional
stages within a system under consideration for CRM is vital, because it provides
information on the relative contribution of the species present in different successional
stages to the landscape wide species pool. We found that βdiversity accounted for most
of the landscape ƴdiversity (for both SR and H’), that βdiversity was primarily
composed of differences among successional stages, and that βdiversity was at least in
part caused by species replacement (Figure 3). This is a first indication that heterogeneity
in successional stages could be of value in promoting and conserving aquatic plant
biodiversity at a landscape scale.

Assessing the effect of heterogeneity of successional stages on
landscape diversity
Picket and colleagues (Pickett et al., 2008) stated that no vegetation community (or any
community, for that matter) is static and acknowledged that this property is vital for
management success. Management may intercede in community dynamics in four basic
ways (Rosenberg & Freedman, 1984) through (1) designed disturbance, (2) controlled
competition, (3) controlled colonization and (4) controlled extinction (e.g. exotic species
management; Hussner et al., 2017). CRM is an artificial method of designed disturbance
aimed to replace the lack of natural disturbances. Additionally, species competition and
extinction, or more broadly ‘species interactions’ (Pickett et al., 2008), are influenced as
well through removal of vegetation by for example CRM. Finally, colonization is
facilitated by maintaining a diverse range of viable source populations for seeding newly
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reset habitat.
Heterogeneity of successional stages at a landscape scale has been shown to contribute to
the landscape’s diversity in different ecosystems (this study; Richards et al., 1999; Ward
et al., 2002). However, management aimed at maintaining a particular successional stage
is difficult, if not impossible, as natural succession will progress the community towards
later stages of succession over time. Hence, the most viable, long term, management
method lies in periodically resetting succession completely. By doing this in phases across
the landscape, an optimal rotation may be found in which all stages are present, i.e. the
optimal CRM strategy. In practice, management may, however, be more intensive or less
intensive than this optimal CRM, leading to loss of heterogeneity of successional stages.
This landscape homogenisation may support lower levels of biodiversity (Ward et al.,
2002) and may lead to biotic homogenisation between localities within the landscape. By
carrying out a scenario analysis using different combinations of existing communities, we
gained understanding of the implications and potential loss of diversity from ditch
systems through homogenisation of the landscape.
Our scenario analysis showed that more intensive management (Scenario 1), that moves
all sites towards earlier successional stages, had relatively little effect on the regional
diversity. This was contradictory to our expectation, but likely caused by a high β
diversity within successional stage 1. Pioneer stages are often characterized by a lack of
species dominance, allowing for colonisation by a diverse set of species from the
surrounding landscape that are likely to be outcompeted as succession progresses (e.g.
Hassall et al., 2012). Species composition in early stages of succession are known to be
strongly affected by the distance to (Brederveld et al., 2011), and diversity of, source
populations (Pickett et al., 2008) and the presence of a diverse and viable seed bank
(Sarneel et al., 2014; Van Leeuwen et al., 2014). When all connected reaches in a
landscape are reset simultaneously, there is no nearby source population remaining to
recolonize the site and landscape diversity would likely plummet (e.g. Prach et al., 2014).
This is especially true in hard resets where most of the existing seed bank is also removed
together with the sediment. Through CRM, the colonization potential of reset sites is
facilitated by creation of a diverse set of source populations. This also suggests that our
scenario results may well be an underestimation of the landscapewide diversity loss due
to intensive management (Scenario 1), as our scenario analysis does not account explicitly
for the loss of source populations from the landscape.
The other scenario (Scenario 2) is one of extensive management effort, where natural
succession moves all sites towards later successional stages. This extensive management
lead to clear declines in the landscapewide diversity (γ) in our scenario analysis, caused
by a drop in the βdiversity. Further analysis showed that this reduction in landscape
wide aquatic plant diversity was mainly caused by the loss of rare species from the
ecosystem. Conservation effort using a spatiotemporal heterogeneous management
method, such as CRM, will likely avoid this detrimental effect of homogenisation of the
landscape.
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Implications for ditch management aiming to increase plant
biodiversity
Complete succession from empty ditch to a carr has been suggested to take between 10
and 27 years in our ditch systems (Bakker et al., 1994), and maximum aquatic plant
diversity may take 34 years to develop after management (Milsom et al., 2004).
Combining these timeframes indicates that CRM should revisit each site every 10odd
years and that source populations for plant propagules should be available for at least 34
years to realize the highest plant diversity on a landscape scale. However, we suggest that
although these timeframes can be true for some ecosystems, factors such as productivity
of the ecosystem can severely impact the speed of succession (Carpenter, 1981; Portielje &
Roijackers, 1995). Hence, in high productive systems CRM should likely revisit a site
sooner than in a less productive system. If the site becomes hypertrophic and the entire
water surface is covered with floating plants such as duckweeds, growth of submerged
plants is hampered and submerged and emergent vegetation succession may be impaired.
In this case, management should restore this site directly by tackling the duckweed
problem to realize an increase in plant diversity. We therefore propose that the timing to
apply CRM should be assessed by surveying the vegetation and sediment organic matter
instead of using a fixed timeframe.
So far, we have focussed on how management may increase landscape wide aquatic plant
diversity, however, ditches have an important hydrologic transport function. This
function needs to be guaranteed at all times, hence it may often not be possible to let
vegetation succession reach the highest successional stages. Fortunately, hydrological
functioning and aquatic plant biodiversity do not appear to be mutually exclusive in the
sampled ditch systems. As our scenario analysis indicates, landscape wide aquatic plant
biodiversity was not severely reduced when the latest successional stages were excluded.
CRM could thus already reset the succession well before the latest successional stage is
reached and the ditch is filled up with organic sediment and helophytes, which would
impair the water transport function.

Conclusions
Agricultural drainage ditches are a nonnatural aquatic landscape that, nonetheless, can
contribute to the biodiversity of the landscape (Armitage et al., 2003; Verdonschot et al.,
2011; Clarke, 2015). Through a datadriven approach we demonstrate the usefulness of
successional stage heterogeneity of the landscape and discussed how CRM could
maintain this heterogeneity. Our approach allowed a stringent check of the inherent
requirements (difference and replacement of species between successional stages) for
useful application of CRM, before extensive management activities are carried out that
may be hitormiss. Our scenario analysis showed that decreasing successional
heterogeneity present in the landscape may reduce regional plant species richness by 20%
compared to a reference state in which all successional stages are present in the
landscape. As management of ditch systems is needed to preserve their hydrological
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functioning, the adoption of a spatially explicit management scheme that employs the
principles of CRM is both viable and costeffective. Furthermore, spatiotemporal
heterogeneous management, such as CRM, will help to ensure that viable source
populations of the different aquatic plants are present locally, from which species can
recolonize the managed sites. This combination of drainage and ecological function seems
achievable and fits well within the context of reconciliation ecology (Rosenzweig, 2003),
allowing for coexistence of relatively high levels of biodiversity in a seemingly
unhospitable landscape of anthropogenic activity.
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Figure S 1.1. (a) Example of one of the 21 polder landscapes with crosses indicating
the sampled ditch reaches. (b) Illustration of the ditch reach with the vegetation
transect (100m) and the five points at which organic sediment thickness was
measured.
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Figure S 1.2. A heatmap of cluster groups (columns) and species (rows) grouped by functional
types (colours). The colour intensity and the number in each cell gives the coverage of the plants
averaged over all sites within the given cluster. Total cover rows give the cumulative coverage of
the given vegetation type which were used as input for the cluster analysis yielding the clusters of
successional stages (cluster 17) and the two outgroups (8, 9). Clusters 17 have been arranged
along
the successional gradient (earlylate).
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Figure S 1.3. βdiversity (expressed as a multisite Jaccard dissimilarity index) between
communities of different successional stages (βD) and its partitions of species replacement (βrepl)
and richness difference patterns (βrich) for presence/absence data. Combinations of each
successional stage (17) against all other successional stages are shown. Significance against
random difference in community composition is indicated using symbols (***:p<0.001, **:p<0.01,
*:p<0.05) and error bars give 2 standard errors around the polder mean. The values given in the
upper triangle refer to the mean percentage of βdiversity which may be attributed to species
replacement. Values given in black indicate that the RDA model was statistically significant.
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Figure S 1.4. βdiversity (expressed as the total variance of a Ruzicka index distance matrix)
between communities of different successional stages (βD) and its partitions of species
replacement (βrepl) and richness difference patterns (βrich) for presence/absence data.
Combinations of each successional stage (17) against all other successional stages are shown.
Significance against random difference in community composition is indicated using symbols
(***:p<0.001, **:p<0.01, *:p<0.05) and error bars give 2 standard errors around the polder mean.
The values given in the upper triangle refer to the mean percentage of βdiversity which may be
attributed to species replacement. Values given in black indicate that the RDA model was
statistically significant.
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Figure S 1.5. Effects of decreasing landscapewide successional stage heterogeneity on the
between successional βdiversity (βD) and its partitions (βrepl, βrich) based on a scenario of
extensified management (scenario 2). (a) Changes in diversity based on species incidence data
using a multisite Jaccard dissimilarity index. (b) Changes in diversity based on species abundance
data using the total variance of a Ruzicka (abundance based Jaccard) dissimilarity matrix. Error
bars show the 97.5% confidence limits around the landscapewide mean diversity values based on
21 simulated landscapes with 12 sites per landscape. Letters indicating pairwise significance
between successional group means. Lines show significant trends (p<0.05) along the gradient of
management based on a linear mixed effect model where diversity effects are nested within polder
identity and dashed lines show marginally significant trends (p<0.10).

163

Chapter 7

Table S 1.1. Conversion of Tansley abundance classes to numeric classes and percentage cover.

Table S.1.3. Summary table of the different LME regression models and their parameters showing
the trends present in the scenario analyses outlined in Figure S 1.5.
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Table S.1.2. Summary table of the different LME regression models and their parameters showing
the trends present in the scenario analyses outlined in Figure 4.
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Abstract
In shallow freshwater ecosystems, aquatic plants are an important component of the
food web. Plant quality as food source for herbivores and detrivores is partly
determined by concentrations of essential elements including nitrogen (N) and
phosphorous (P). Changes in these concentrations through changing environmental
nutrient availability may affect food quality for consumers, leading to altered rates of
consumption and decomposition.
We provide a framework, illustrating mechanisms underlying variation in plant
nutrient concentrations within and among species, including differences in
homeostasis, nutrient utilization during nutrient limitation, and luxurious uptake.
These mechanisms combined potentially result in nonlinear associations between
environmental nutrient availability and plant tissue nutrient concentrations. In this
study, we investigated whether five widespread submerged macrophyte species show
this conceptual nonlinear association between environmental nutrient availability (N
and P) and tissue nutrient concentration in an extensive field survey across 193 sites in
the Netherlands.
We found high intraspecific variation in plant N and P concentrations. The plant’s
tissue P concentration, increased significantly with increasing environmental nutrient
availability. However, at high nutrient availability no further increase was observed in
two species, providing compelling evidence that the relationship between plant and
environmental nutrient concentrations can be nonlinear. This result is especially
relevant for ecosystems undergoing eutrophication or oligotrophication, since plant
nutrient concentration, and thereby food quality for their consumers, may increase
during eutrophication, whereas it may show a delayed response to lowering the
nutrient status of a eutrophic ecosystem (i.e. oligotrophication).

Introduction
Submerged aquatic plants are at the base of the food web and very important for the
functioning of shallow freshwater ecosystems (Carpenter & Lodge, 1986; Phillips et al.,
2016). Understanding how tissue nutrient concentrations of submerged aquatic plants
are affected by environmental nutrient availability is very important for understanding
dynamics in the aquatic food web. Autotrophs in general are considered to have a high
degree of flexibility in their tissue elemental concentrations and ratios (Duarte, 1992; Van
de Waal & Boersma, 2012; Hessen et al., 2013). The subsequent variation in plant tissue
nutrient concentrations may cause a stoichiometric mismatch with its consumers (Miler
& Straile, 2010; Hessen et al., 2013), with implications for the performance and
functioning of the higher trophic levels (e.g. Rowland et al., 2015). However, most studies
to date have focussed on the planktonic food web (Hessen et al., 2013), in which aquatic
vascular plants (i.e. macrophytes) are not included. Recently, the importance of herbivory
on aquatic vascular plants has been unequivocally confirmed (Bakker et al., 2016; Wood
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et al., 2017), indicating that aquatic plants are a vital component of aquatic food webs. In
turn, the plant’s nutrient concentration and stoichiometry can determine the intensity of
herbivore impact, with stronger consumption of plants with high tissue nutrient
concentrations (Dorenbosch & Bakker, 2011; Bakker et al., 2013a).
Differences in plant tissue nutrient concentrations may stem from: (1) species specific
differences in degree of elemental homeostasis, (2) the environmental nutrient
availability, and (3) species specific nutrient requirements.
First, different species may show different degrees of elemental homeostasis over an
environmental nutrient gradient from being fully homeostatic, i.e. regulators, (Fig. 1
panel A: solid red line) to being fully flexible, i.e. conformers, reflecting environmental
nutrient availability (Fig. 1 panel A: dashed blue line) (Meunier et al., 2014). The tissue
nutrient concentration of the flexible species will increase with increasing nutrient
availability while the nutrient concentration of the homeostatic species will not, leading
to differences in elemental composition among these species (Fig. 1: solid red line versus
dashed blue line).
Second, the degree of homeostasis within one species may not be uniform over the whole
nutrient gradient, but may depend on the environmental nutrient availability (Meunier et
al., 2014). We depicted three nutrient ranges in which a single plant species may exhibit
varying degrees of elemental homeostasis: (a) the environmental nutrient availability is
below the plant’s basal nutrient requirements (Fig. 1 panel A: “Negative GR”), (b) the

8

Figure 1. Conceptual framework showing possible responses of aquatic plant nutrient content to a
gradient of environmental availability of that nutrient. Panel A: The lines only depict the extreme
responses (i.e. fully flexible or fully homeostatic over the depicted ranges), but intermediate
responses are also possible. GR stands for ‘growth rate’. Panel B: Identical to panel A, but
showing possible contrasting responses of plant species with different nutrient requirements (grey
versus coloured, darker lines).

169

Chapter 8

environmental nutrient availability is above the plant’s basal nutrient requirements, but
below the concentration needed for maximum growth (Fig. 1 panel A: “Increasing GR”),
(c) the environmental nutrient availability is higher than required for maximum growth
(Fig. 1 panel A: “Nutrient not limiting growth”). In the first nutrient range (a), the plant
requires more nutrients than are available and growth is negative, leading to the eventual
death of plant tissue when conditions persist for extended periods of time (Fig. 1 panel A:
“Negative GR”). However, plants are able to grow in range b and c and may show varying
degrees of elemental homeostasis over both ranges. During the second range (b), the
nutrient is abundant enough to satisfy the plant’s basal requirements (i.e. is above its
nutrient compensation point) (e.g. Farquhar et al., 1980), but is low enough to limit the
growth of the species. In this range, the growth rate will increase under increasing
environmental availability of that nutrient, until another factor becomes limiting (Wersal
& Madsen, 2011b; Van de Waal & Boersma, 2012). For species with flexible tissue
nutrient concentrations, increasing availability of this growth limiting nutrient can
increase the tissue nutrient concentration (Duarte, 1992) and thereby increase its growth
rate (Ågren & Weih, 2012; Fig. 1: panel A: blue lines). Alternatively, a homeostatic species
(i.e. not flexible) will directly utilize the increasing nutrient availability towards new
biomass, while maintaining a relatively constant tissue nutrient concentration (Fig. 1:
panel A: red lines). During the highest nutrient range (c), nutrients are available in excess
and some species may show additional uptake and storage of this nutrient (i.e. luxury
uptake; Van de Waal & Boersma, 2012) leading to flexible elemental composition, while
others may not (Madsen & Cedergreen, 2002; Pietro et al., 2006; Li et al., 2015; Sistla et
al., 2015), resulting in elemental homeostasis in this nutrient range (Fig. 1: panel A:
dashed lines and solid lines, respectively).
Third, plants may have different tissue nutrient concentrations due to differences in
species specific nutrient requirements. In this case, inherent differences among species in
their nutrient requirements (e.g. Gerloff, 1975; Garbey et al., 2004; Gonzales et al., 2010)
may shift the entire nutrient uptake and associated growth rate patterns of a plant
mentioned in the previous two paragraphs (Sterner & Elser, 2002; Gonzales et al., 2010).
For example, one plant has a high nutrient requirement (Fig. 1 panel B: grey lines) while
another plant has a lower nutrient requirement (Fig. 1 panel B: coloured lines). The plant
with the lower requirements can start growing and reaches its maximum growth under
lower environmental nutrient availability than the plant with the higher requirements.
This can lead to differences in nutrient concentration between species under similar
growing conditions, even if they have similar intrinsic flexibility in tissue nutrient
concentrations, because the two species then show a different response over part of the
environmental nutrient range (e.g. Fig. 1: panel B).
The concepts depicted in Fig. 1 have so far not been tested for submerged aquatic plants
under field conditions. Moreover, field surveys measuring submerged macrophyte and
environmental carbon (C), nitrogen (N), and phosphorous (P) concentrations are rare.
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The surveys that exist generally found only weak correlations between environmental and
aquatic plant nutrient concentration and stoichiometry (e.g. Demars & Edwards, 2007;
Meyer et al., 2013; Xing et al., 2013). However, this is in contrast with controlled
experiments that have suggested stronger relationships between nutrient addition and
plant tissue nutrient concentrations (e.g. Cronin & Lodge, 2003; Xie et al., 2005; Bakker
et al., 2013a; Bakker & Nolet, 2014; Christiansen et al., 2016). This discrepancy between
experiments and field surveys may be caused by the relatively low numbers of sample
sites (~ 1 – 20) for each plant species in the field surveys, potentially resulting in
excluding part of the environmental nutrient range in which the species occurs.
Additionally, a nonlinear response in submerged plant tissue nutrient concentration
along an environmental nutrient gradient, as shown in Figure 1, may be expected
(Robach et al., 1995; Meunier et al., 2014; Sistla et al., 2015), thus obscuring the overall
correlations between the two variables.
In this study, we investigated whether five widespread submerged macrophyte species
show this conceptual nonlinear association between environmental nutrient availability
(N and P) and tissue nutrient concentration in an extensive field survey with 20 – 135
sampled sites per species.

Methods
Field sites and sampling methods
We focussed on Ceratophyllum demersum and Elodea nuttallii as our main target
species, because they are two of the most common and widespread submerged
macrophyte species of temperate shallow water ecosystems both occurring over a wide
range of aquatic habitats in the Netherlands (De Lyon & Roelofs, 1986). Additional
samples of the common species Myriophyllum spicatum, Potamogeton lucens, and
Potamogeton pectinatus were added to allow for more general conclusions on the
variability in elemental composition of common and widespread submerged macrophyte
species. We collected plant, water and sediment samples from 193 different sites in the
Netherlands. Most of the samples of C. demersum (108 out of 135) and E. nuttallii (83
out of 111) originated from drainage channels sampled from the end of May to mid
August of 2014. Additional samples of these species (E. nuttallii: 27; C. demersum: 28)
were collected from a variety of shallow freshwater ecosystems in June and July of 2008
and 2009, while also collecting samples of M. spicatum, P. lucens, and P. pectinatus (22,
21, 20 sites sampled, respectively).
To quantify environmental nutrient availability, we measured inorganic and total N and P
in the water and total and extractable N and P in the sediment, as most submerged plants
can take up nutrient from both media, depending on the relative nutrient availability
(Barko et al., 1991).
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Plant analyses
After drying (60 °C), plant dry mass (DW) was ground to a powder using a vegetation
grinder with a 0.5 mm mesh (IKA® MF 10 basic, IKA Werke GmbH and Co. KG /
Germany). To measure the C and N concentration of the plants, 0.5 mg of dry, ground
plant material was inserted into tin capsules and analysed using a CN analyzer (FlashEA
1112 Series, Thermo Scientific, Waltham, MA, USA). Total phosphorous of the plants was
measured by ashing (30 min. at 550 °C) 0.5 mg of dry, ground plant material, which was
subsequently digested in an autoclave at 121 °C for 30 minutes using a 2.5% persulphate
solution. These samples were measured colourimetrically on an AutoAnalyser system
(QuAAtro SFA, Seal Analytical, Norderstedt, Germany).

Surface water analyses
At each site, a sample of the water column was taken for nutrient analysis. Water was
ﬁltered in the field over prewashed GF/F ﬁlters (Whatman, 0.7 µm pore size), and the
ﬁltrate was analysed for dissolved inorganic nutrients (PO43, NO2, NO3, and NH4+)
using a QuAAtro39 AutoAnalyser (SEAL Analytical Ltd.). The total nitrogen and
phosphorous concentration was determined by analysing the suspended solids captured
on the GF/F filter after drying at 60 ºC. Suspended solid nitrogen concentration was
analysed using the CN elemental analyser. Suspended solid phosphorous was determined
using the potassium persulphate (K2S2O8; 2.5 % w/v) digestion method at 121 ºC after a
digestion step where samples are placed in a blast furnace at 550 ºC. Digested P (as PO43
) was measured on the AutoAnalyser. The total N and P concentrations were calculated
by adding inorganic water nutrients to the suspended solids nutrients.

Sediment analyses
The top 10 cm of the sediment was collected using a tube sampler (diameter = 13.5 cm).
Sediment samples were dried at 60 ºC for at least 96 h and analysed for total and
available nitrogen and phosphorous. Sediments were put through a grinder (IKA® MF 10
basic, IKA Werke GmbH and Co. KG / Germany) with a 1mm sieve, resulting in a fine
powder. Total N was determined through analysis of a 1 mg powdered subsample using
the CN elemental analyser. Total P was analysed using the same Pdigestion method
described above for particulate P determination, using a 5 mg subsample.
A KClextraction was performed on the dried sediment to estimate the amount of plant
available N. 12.5 ml 1 M KCl was added to 2.5 g of dried sediment and subsequently
shaken for 2.5 h at 250 rpm. 2 subsamples (2 ml each) were centrifuged for 10 min at
10,000 rpm and the supernatant was stored at 20 °C for colourimetrical nitrogen
analysis on the autoanalyser system. Plant available orthophosphate in the sediment was
estimated using an adapted POlsen protocol as follows. 50 ml 0.5 M NaHCO3 (at pH
8.50) was added to 2.5 g of dried sediment and subsequently shaken for 30 min and
immediately after that, the solution was poured over a filter (Whatman Grade 42, GE
Healthcare Europe GmbH, Eindhoven, the Netherlands). Sulphuric acid (1.04 mL, 2.5 M)
was added to 10 ml of the filtrate in an Erlemeyer flask. The flask was agitated until no
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more gas development was visible and the filtrate was filtered again (Whatman Grade 42)
and stored at 20 °C until analyses for phosphate concentration on the autoanalyser
system. When not enough dried material was available for both extractions, the P
extraction was prioritized and a corresponding reduction in reagent volume was applied
in order to keep the sediment:reagentratio equal between all samples if needed. See
Supplementary Table S 1 for nutrient concentrations of the plants, water and sediment.

Statistical analyses
To assess whether and how the plant tissue nutrient concentrations were associated with
environmental nutrient availability, we performed regression analyses. Because we
expected that this relationship would not be the same over the entire environmental
nutrient gradient (see Fig. 1), we compared the fit of two different models: (1) a linear
regression model, and (2) a segmented linear regression model. The best model was
selected by comparing the Akaike Information Criterions (AIC) of the models that
explained a significant part of the variation in the data (p < 0.05). The statistically
significant model with the lowest AIC was selected. To identify the best measure for the
environmental nutrient availability we first performed PCA analyses on the water
nutrient parameters (i.e. inorganic and total N and P) and sediment nutrient parameters
(i.e. extractable and total N and P). The first PCAaxis (PC1) represented the
environmental nutrient gradient best and captured 64 and 65 % of the variation of
environmental N and P, respectively (Supplementary Fig. S 1). In our analyses, we used
these PCaxes as proxies for the environmental N and P availability, as the measured
nutrient parameters were positively correlated (P: Spearman’s rho = 0.350.84, p <
0.001; N: Spearman’s rho = 0.380.86, p < 0.001). The environmental nutrient data was
scaled and centered for the PCA after removal of 3 outliers (i.e. all > 1.5 * interquartile
range) from the Pdata that strongly affected model outcome.
Pairwise ttests were used to analyse whether the shoot nutrient concentrations differed
among species when they were collected from the same site.
All statistical analyses were performed in R version 3.3.2 using additional Hmisc, car,
ggplot2, segmented, and vegan packages.

Results
Variation in plant versus environmental nutrient
concentrations
We found large variation in shoot C, N, and P concentration (Fig. 2) and N and P
concentrations almost exclusively determined shoot C:N and C:P stoichiometry,
respectively (Supplementary Fig. S 2). All species showed a positive association between
environmental P and plant P, at least over part of the environmental nutrient range (Fig.
3). For both C. demersum and E. nuttallii the segmented linear model fitted the data
best. These models showed an increase in plant P content with increasing P availability in
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the lower range of the studied environmental nutrient gradient. Above a certain threshold
value (i.e. the segmented model’s breakpoint), plant P did not increase with
environmental P (Fig. 3). The breakpoint on the PC1axis between the two lines of the
segmented model was similar for both species: 0.89±0.43 (SE) and 0.50±0.63 (SE) for C.
demersum and E. nuttallii respectively (Supplementary Table S 2). These breakpoints
correspond to water P concentrations of approximately 11 µmol.L1 inorganic PO4 and
approximately 20 µmol.L1 total P, and correspond to sediment P concentrations of
approximately 2.8 µmol.gdw1 OlsenP and approximately 30 µmol.gdw1 total P (i.e. mean
concentrations from sites with a PC1 value of between 01). The other three species were
all collected from sites in the lower part of the environmental nutrient gradient (Fig. 3).
The P concentration in P. pectinatus shoots significantly increased linearly over the
sampled environmental P gradient. The segmented model did fit the data best for M.
spicatum and P. lucens (Supplementary Table S 2). This was caused by only one data
point: the site with the highest environmental P concentration (Fig. 3). Without this point
the linear model fit the data best for M. spicatum (slope = 0.22, p = 0.005, intercept =
0.49), while neither the linear nor the segmented
found a significant association between plant and
environmental P for P. lucens (p > 0.05).
Contrarily
to
P,
no
associations
between
environmental N and plant N were found for any
species except M. spicatum (Fig. 3), even though the
overall variation in both plant and environmental N
was large (Fig. 2; Table 1). As for P, the range in
environmental N was much larger for C. demersum
and E. nuttallii than for the other three species.

Interspecific differences in elemental
composition
More statistically significant differences among
species were found in shoot P concentrations than in
shoot N concentration, when growing in the same site
(Table 1). E. nuttallii’s shoot P concentration was
similar to the P concentration of C. demersum, but
significantly higher than the P concentration of all
other species. C. demersum’s shoot P concentration
was significantly higher than the P concentration of P.
pectinatus, but not significantly different from the P
Figure 2. Range of shoot carbon phosphorous (P: top
panel), nitrogen (N: middle panel), and (C: bottom panel)
concentration (mmol.gdw1) of the sampled macrophyte
species. White dots show the individual data points, bars
show the range. CD: C. demersum, EN: E. nuttallii, MS: M.
spicatum, PL: P. lucens, and PP: P. pectinatus.
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concentration of all other species. E. nuttallii’s shoot N concentration was significantly
higher than the N concentration in P. pectinatus shoots and similar to the shoot N
concentrations of all other species. No other significant differences in shoot P or N
concentration were found among species growing in the same site.

8

Figure 3. Associations between the environmental phosphorous (P) or nitrogen (N) availability (i.e.
axis 1 extracted from the PCA) and shoot P or N concentrations of the five submerged plant
species. The dots show the unique data points, the lines show the model fit, and the grey area
shows the 95% confidence limits of the model. Only the best fitting model is plotted (blue line for
the linear model and red line for the segmented linear model). When environmental nutrient
availability could not explain a significant part of the variation in plant tissue nutrient concentration
(i.e. p > 0.05), no line is drawn. For model details see Supplementary Table S 2.
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Discussion
Variation in submerged plant tissue nutrient concentration
Autotroph flexibility in tissue elemental composition is generally considered to be high,
as reported for phytoplankton (Van de Waal & Boersma, 2012; Hessen et al., 2013). While
some common aquatic plant species have been described as being relatively homeostatic
(Hao et al., 2013), our study clearly illustrated high variability in tissue nutrient
concentration under field conditions when sampled across large environmental nutrient
gradients and with sufficient sampling intensity. We found a similar range in intra
specific submerged plant nutrient concentrations in the field as reported in reviews for
submerged plants in general (e.g. Duarte, 1992; Garbey et al.,, 2004) and a slightly lower
range than reported for phytoplankton in reviews (e.g. Duarte 1992; Van de Waal &
Boersma, 2012). Our study also provides compelling evidence for the existence of non
linear responses of plant tissue nutrient concentrations along a gradient of nutrient
supply under field conditions (Fig. 3). Additionally, we also found interspecific
Table 1. Pairwise differences in shoot nitrogen (N) and phosphorous (P) concentrations among five
submerged aquatic plant species collected from the same site. The values show the mean
differences in shoot nutrient concentrations (δ mmol.gdw1) between the pair of species and the
statistical significance of the difference (at p < 0.05 *). When the value is positive, the tissue
nutrient concentration of the species in top row was higher than the concentration of the species on
the left. Bold values highlight statistically significant differences. The last panel (Cases) shows the
number of sites in which each pair of species cooccurred. Species are abbreviated as: CD (C.
demersum), EN (E. nuttallii), MS (M. spicatum), PL (P. lucens), and PP (P. pectinatus). The ‘Grand
mean’ N and P concentrations (mmol.gdw1) of each species show the overall mean tissue nutrient
concentration for each species sampled in this study. Different superscript letters indicate
statistically significant differences in shoot nutrient concentrations among species (ANOVA: N:
F4,304=11.8 p<0.001; P: F4,304=19.9 p<0.001 with Tukey posthoc tests).
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differences in tissue nutrient concentration among some of the aquatic plant species
when sampled from the same site.

Associations with environmental nutrient concentrations
The conceptual framework (Fig. 1) illustrated that the relationship between
environmental and plant nutrient concentrations may not be uniform over the entire
environmental nutrient gradient for all species (also see: Robach et al., 1995; Meunier et
al., 2014; Sistla et al., 2015). We found significant associations between environmental
nutrient availability and plant tissue nutrients for P, but less so for N (also reported by
FernandezAlaez et al., 1999). In our study, the shoot P concentrations of C. demersum
and E. nuttallii were similar when growing in the same site and significantly increased
with increasing environmental P concentrations up until halfway along the sampled
environmental nutrient gradient (Fig. 3). Both species showed a similar breakpoint of the
model segments on the environmental nutrient gradient. In the upper half of the nutrient
gradient, the P concentration in the shoots of these two species showed no clear
association with environmental nutrient availability, possibly because P was no longer
limiting here. This closely matches the conceptual predictions of the ‘Flexible’ strategy in
our framework (Fig. 1: solid blue line). The other three species did not clearly show this
strategy in the available data. The P concentration in P. pectinatus shoots linearly
increased with increasing environmental P without levelling off. The linear association
between P. pectinatus tissue P and environmental P could indicate that P. pectinatus is
‘Fully flexible’ (Fig. 1: dashed blue line). However, looking at the environmental nutrient
range at which the samples of this species were collected (i.e. the lower half of the total
range), it is also possible that P. pectinatus will become more homeostatic at higher
nutrient availability, similar to C. demersum and E. nuttallii. The P concentration in the
shoots of P. lucens and M. spicatum was statistically significantly associated with
environmental P concentrations and the nonlinear model (i.e. segmented) fitted the data
best, but this was solely caused by one sampled site per species. Without these sites, a
linear association between plant and environmental P concentrations was found for M.
spicatum, while no statistically significant association was found for P. lucens. The large
effect of a single data point in the statistical models for P. lucens and M. spicatum is
probably caused by the lower sample size combined with the narrow range of
environmental nutrient availability under which these species have been collected
compared to the range of C. demersum and E. nuttallii. We can therefore not conclude
which of the strategies shown in Figure 1 these species likely possess.
Because we collected plants from sites over a wide range of nutrient availability (i.e. for C.
demersum and E. nuttallii), we expected that the associations between the environmental
nutrient availability and the elemental composition of these common macrophyte species
would be stronger than those commonly found in previous studies (e.g. FernándezAláez
et al., 1999; Demars & Edwards, 2007; Xing et al., 2013). Additionally, the use of
segmented models within the conceptual framework presented can aid in better
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understanding when nutrients are driving the elemental composition of plants and when
not. Our models showed a reasonably good fit on our field data (adjusted R2value of
0.200.40), but were not much stronger in explaining the variation in aquatic plant
nutrient concentration than the ones reported by others (e.g. Xing et al., 2013:
Spearman’s rho: 0.40.5), perhaps because these authors sampled only part of the
environmental nutrient range or because their nonsegmented correlation models fitted
well over part of the nutrient range (as for P. pectinatus in our study). The difficulty to
predict the plant nutrient concentrations with high accuracy from the environmental
availability may stem from the fact that true environmental nutrient availability is
difficult to accurately measure and because factors other than environmental nutrient
availability can affect plant nutrient concentration and stoichiometry, for example water
depth, temperature, light availability, lifehistory stage or growth form (Cronin & Lodge,
2003; Demars & Edwards, 2008; Ventura et al., 2008; Elser et al., 2010; Xia et al., 2014;
Xing et al., 2015; Zhang et al., 2016).

Implications for foodweb ecology
We want to stress that understanding how aquatic plants respond to environmental
nutrient availability is challenging, but very important for limnology. Whereas
phytoplankton and terrestrial plants mainly take up nutrients from respectively the water
column and the soil (but see: Farquhar et al., 1980), aquatic plants can use multiple
sources for resource acquisition, depending on their growth form (Lacoul & Freedman,
2006). Rooted submerged plants, as we mostly used, are able to take up nutrients from
both the water column as from the sediment. As a consequence, the relationship between
environmental nutrient availability and plant nutrient concentrations can be more
complex compared to other groups of primary producers. We showed that changing
environmental nutrient availability may lead to variation in tissue nutrient concentration
of submerged plants, but perhaps not over the entire nutrient gradient or for all elements
in the same way (P versus N in our study). Due to inherent differences in tissue nutrient
concentration among species and speciesspecific habitat preferences, changes in
environmental nutrient availability may also lead to a different species composition of the
aquatic vegetation (Lacoul & Freedman, 2006; Hirzel & Le Lay, 2008; Bornette &
Puijalon, 2011) and to subsequent differences in total vegetation elemental composition
(Demars & Edwards, 2007; Frost & Hicks, 2012).
Varying nutrient concentration and stoichiometry of the aquatic vegetation affects the
palatability (e.g. Dorenbosch & Bakker, 2011) and thereby affects the fitness of its
consumers (e.g. Miler & Straile, 2010). This, in turn, may have large effects on systems
undergoing eutrophication or oligotrophication (Van Altena et al., 2016) through changes
at a food web level (Sardans et al., 2012; Bakker et al., 2016; review mainly on plankton
by Hessen et al., 2013). Because we found no association between environmental nutrient
availability and plant tissue nutrient concentration in the higher part of the sampled
environmental nutrient range, some plants may become more nutrient rich during
eutrophication, but only up until a certain level of eutrophication. During continued
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eutrophication plant nutrient content and thus plant palatability may thus potentially
remain unaffected by the increased nutrient availability. Alternatively, during
oligotrophication, the plants’ nutrient concentration may not be affected by the reduced
nutrient availability at first, but might decrease after continued oligotrophication of
eutrophic ecosystems. This suggests that at first plants can contain relatively high
nutrient concentrations in ecosystems subject to oligotrophication, which may result in
high palatability and consumption, potentially inhibiting of plant growth and
colonization (c.f. Van Altena et al., 2016).

Conclusions
We have shown that submerged aquatic plants can be very flexible in their intraspecific
C, N, and P concentration, and that this variation within several species was associated
with nutrient availability in the field, at least for P. We provide compelling evidence that
this relationship can be nonlinear in aquatic plants, as predicted by the conceptual
framework. We found that P concentration in several plant species increased with
environmental availability in the lower environmental nutrient range, but not at high
environmental nutrient availability. Moreover, we showed that field surveys aimed at
assessing possible relationships between environmental and plant elemental nutrient
concentrations under field conditions should include plant samples over the entire range
of environmental nutrient availability present in the species’ niche. Together, this will
help to accurately estimate true intraspecific flexibility in tissue elemental composition
and thereby help to better understand the consumerresource dynamics of the food web
of shallow freshwater ecosystems and its repercussions on the ecosystem level under
changing environmental nutrient availability.
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Supplementary

Figure S 1. Principal component analyses of environmental phosphorous (P: panel A) and
nitrogen (N: panel B) parameters (PCA analyses on all data, scaled and centered). Percentages
between brackets in the axis title indicate the amount of variation in the data captured by the PC
axis. Left and bottom axis labels are for the dots, top and right axis labels for the arrows. PC1 was
used as a proxy for environmental nutrient availability in this study.

Figure S 2. Plant carbon to
nitrogen (C:N, above), carbon to
phosphorous (C:P, righthand page
top), and nitrogen to phosphorous
(N:P, righthand page botton) ratios
in relation to plant N or P
concentration. The relationships
between C:N – N and C:P – P
were highly significant for all
species (p < 0.001; Adjusted R2:
0.860.99). Shoot N:P was mainly
related
to
the
shoot’s
P
concentration (p < 0.009; Adjusted
R2: 0.290.90) and less so to N.
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Table S 1. Range (minmax) and mean ± standard deviation of the carbon (C) concentration of
the shoots of the plants and nitrogen (N), and phosphorous (P) concentration of the plants, water
and sediment. For water and sediment, both plant available (free) and total amounts are shown.
Number between brackets indicates sample size (n). Exponent indicates the applied power of 10,
for example: 93 = 9*103 = 0.009.
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Table S 2. Associations between plant and environmental nutrient concentrations as described by
the different statistical models used (i.e. linear and segmented linear). For the segmented model,
Slope 2  1 indicates the difference between the slope of the second segment and the slope of the
first segment. The segmented model could not identify any breakpoint in the data of E. nuttallii’s N
concentration, indicated by ‘NA’.
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Chapter 9

Nuisance submerged aquatic plants
In this PhDproject I aimed to (1) identify the main problems caused by nuisance
aquatic plant growth and define when these problems may occur. (2) Identify why this
problem is occurring at this moment in many parts of the world, including the
Netherlands. (3) Identify what ecosystem managers of shallow freshwater ecosystems
can do about the problems and finally (4) identify possible economical use the nuisance
aquatic plants could provide (Chapter 1).
After completing the project, it has become clear that nuisance growth of aquatic plants
is actually not a new ‘upcoming’ problem, but has also occurred in the past (e.g. Hasler,
1947; Murphy, 1988a). For example, Dutch newspapers already mention dense stands
of plants causing problems in the late 1800’s (e.g. Algemeen Handelsblad, 11July
1883). Here, the invasive Elodea canadensis was blamed. In this thesis, I identified that
many native species also caused nuisance. The problem is thus not limited to invasive
species (Chapter 2). Furthermore, nuisance aquatic plant growth is not unique to the
Netherlands, but is also a major problem in other European countries, the USA,
Australia, Africa and many other countries all over the world (Chapter 2; e.g.
Schoonbee, 1991; Mangan & Baars, 2013; Berger et al., 2015; Bickel & Schooler, 2015).

(1) What is nuisance?
Before I could research the problem, a clear and measurable definition or description of
the nuisance problem was required. However, I found out early on in the project that
such a definition of at what dimensions (i.e. cover and height) an aquatic plant stand
causes problems was not yet available. In Chapter 2 we therefore defined which
characteristics of an aquatic plant stand will determine whether it is considered to be a
nuisance or not, and at what threshold levels of these characteristics the plants cause
problems. I concluded that plant height, relative to the water surface (i.e. distance of
plants to the water surface), and plant cover largely determined whether or not they were
deemed a problem. Furthermore, I concluded that the threshold levels of height and
cover can be very different for different ecosystem users (i.e. ecosystem services provided
by the ecosystem). The general classification assumed that all species will equally be
considered a problem if they occur above the set threshold levels.
While this likely is true in general, incorporating speciesspecific traits may be used to
tailor the classification to specific lakes or waterways. Traits, such as tensile strength (i.e.
the force needed to break the plant) may cause a stronger species to be considered a
problem sooner than a weak species, as fewer stems of the strong species may already
impair a motor boat while the same amount of stems of a weaker species will not. I
therefore performed a pilot experiment to assess whether the force needed to break the
shoots of different species is indeed different among aquatic plants and whether this
strength is related to a measurable plant characteristic (BOX 1). Indeed, shoots of
different species can differ in strength, but a large variation within species was also
identified. I concluded that part of the strength a shoot has is determined by the area of
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the cross section of the stem, with thicker shoots being stronger (BOX 1: Fig. B1.2). It is
therefore likely that not all species will be considered a nuisance at the exact same
densities. Species specific information on, for example, their mechanical characteristics
could be used to tailor the classification scheme to a specific ecosystem.
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(2) Factors enabling nuisance submerged macrophyte growth
Now that I defined at what dimensions an aquatic plant stand can become a nuisance, I
can focus on under what conditions submerged macrophytes will generally grow tall with
high areal coverage. In Chapter 2, we concluded that many submerged plant species are
able to cause nuisance, including both native and nonnative species and even
charophytes. In Chapter 3 we concluded that the volume of the submerged macrophytes
(i.e. plant height / water depth * plant cover) can be high over a large range of
environmental nutrient availability, but the chance of high plant volume was highest
when the water transparency was high and the sediment available P was not too low. I
argue that these conditions are typical for reoligotrophicated ecosystems and for
ecosystems under mild nutrient loading. I also stressed that the bottomup processes,
enabling submerged plants to grow to nuisance proportions, can be obscured by top
down pressures, such as herbivory or strong water currents.
The window of opportunity for nuisance submerged plant growth is probably relatively
short during eutrophication compared to after restoration of clear water. If
eutrophication increases nutrient availability in the water to a certain point,
phytoplankton can become the dominant primary producer, resulting in the loss of
submerged vegetation (Gulati & van Donk, 2002; Jeppesen et al., 2005; Khan & Ansari
2005; Scheffer & van Nes, 2007).

(3.1) Management of nuisance growth
Now that we identified under what conditions nuisance is most likely to occur, I will
discuss which management methods can be used to effectively tackle the source of the
nuisance problem. Because the problem is likely caused by a too high productivity of the
ecosystem (i.e. high light and nutrient availability), changing these parameters will have
the best chance of longterm reduction of aquatic plant growth and thus nuisance
(Chapter 4; Bates and Hentges, 1976; Finlay and Vogt, 2016). Decreasing the light
availability (e.g. increase water turbidity, or increase water depth) however is often not a
suitable option, as this can adversely impact entire ecosystem functioning and may
impair other ecosystem services provided (Nichols, 1991). Therefore, trying to lower the
productivity of the ecosystem by decreasing nutrient availability seems most promising
(Finlay and Vogt, 2016). Similarly, reduced nutrient loading in eutrophicated ecosystems
subject to phytoplankton blooms resulted in vast improvements in ecosystem quality
(Jeppesen et al., 2005). Here, decreasing productivity by decreasing nutrient load,
reduced phytoplankton biomass and increased water quality and transparency.
However, because I have shown that at least some aquatic plant species are able to grow
tall, even under relatively low nutrient availability, it may not always be possible for
managers to reduce the productivity of the ecosystem until a level at which the plants will
be severely nutrient limited and do not grow tall anymore (Chapter 2 & 3). If reducing
nutrients is not possible because it is too expensive, too destructive or just not possible
due to the external nutrient input into the system, topdown (i.e. effect oriented)
measures can help alleviate the problems caused by tall aquatic plants. In this respect,
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mechanical harvesting can be a suitable management method (Chapter 5), as it directly
reduces submerged plant height, it removes nutrients from the ecosystem in the form of
plant biomass, it is highly controllable, and the harvested biomass can be used for a
variety of applications. However, care needs to be taken not to stress the plants too much
by too intensive harvesting, as the collapse of the submerged vegetation may result in
jumping out of the frying pan into the fire (Chapter 6). Only applying plant
management in the parts of the ecosystem where the plants actually cause problems may
reduce management cost and simultaneously maintain the important ecosystem
functions and services the plants perform in the unmanaged parts of the ecosystem.

(3.2) Effects of cutting on nuisance submerged macrophytes
To develop such a sustainable harvesting regime, I first needed to know how much stress
the plants can cope with and how the plants respond to cutting and harvesting. During
this project I performed literature surveys, controlled laboratory experiments, field
experiments, ecosystem modelling experiments and also surveyed actual field harvesting
events to assess of the effects of harvesting on submerged aquatic plants.
In the controlled laboratory experiment (Chapter 4) we found that major nuisance
causing species (i.e. Elodea nuttallii, Myriophyllum spicatum, Potamogeton perfoliatus)
are very tolerant to harvesting over a wide range of nutrient concentrations in the
environment. This high degree of tolerance was also observed in a large outdoor pond
experiment where M. spicatum regrew rapidly after harvesting, but high harvesting
frequencies (i.e. monthly) reduced M. spicatum length and reduced its overall cover
(Chapter 5). Our analysis with the shallow lake ecosystem model, PCLake, also
confirmed that plants are generally tolerant to harvesting and nuisance was reduced only
for a short period following a harvesting event (Chapter 6). This model simulation also
revealed that harvesting a large part of the submerged vegetation in an ecosystem with
alternative stable states could be dangerous. Harvesting too many plants, can decrease
the vegetation’s competitive ability against phytoplankton and can cause a collapse of the
vegetation and potentially toxic phytoplankton blooms. This effect may not be visible
after just one year of harvesting, but may take several years, according to our model
results.
Focusing on the ecosystem scale, indeed nuisance macrophytes generally seem to be very
tolerant to cutting and harvesting, as a literature survey, combined with our own
observations, showed that the effects of cutting management on the nuisance species
were often only visible within the year of cutting (Murphy, 1988b; BOX 2). However,
results varied among and within studies. Some studies showed that cutting may increase
the biomass of the nuisance species, while others reported a negative effect (BOX 2).
Additionally, the period after which the effects of cutting were visible differed among
studies. Some found almost no effects at all, while in others, the effects of cutting on the
vegetation remained visible for one more year or more (BOX 2).
But what will affect the response of plants to harvesting? Several factors of the harvesting
method will influence how severe and longlasting the effects of harvesting will be.
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Factors such as cutting frequency/intensity (i.e. period of cutting), cutting depth, and
timing of cutting can affect vegetation response to cutting. First, increasing the frequency
of cutting can reduce plant length throughout the season, slow their recovery, and reduce
standing biomass (Chapter 5, Wile, 1978; Madsen et al., 1988; Nielsen et al., 2006).
Second, cutting the plants at the sediment level is more destructive than leaving part of
the shoots intact and sensitive species can even die from cutting at the sediment level
(Van den Berg et al., 2001; Van Zuidam & Peeters, 2012). Third, plants are able to recover
easily if cut early in the growing season, therefore the effects of cutting generally last
longer when plants are cut just after peak biomass is reached (Engel, 1990; Garbey et al.,
2003; Bal et al., 2006). Overall, there generally is a need for multiple cutting events to
keep plant height low throughout the season. Hence Madsen et al. (1988) advised to start
harvesting management early in the season to keep the biomass low and decrease the
harvesting effort needed in subsequent harvests. However, in ecosystem with alternative
stable states, harvesting too many plants early in the season may result in a regime shift
towards phytoplankton dominance (Chapter 6).
(3.3) Effects of cutting on nontarget species
One important subject we have not yet explored is the effect of harvesting on nontarget
plant species. In some cases, harvesting may decrease the dominance of the nuisance
species (e.g. Chapter 5) and increase plant biodiversity (BOX 2). But the opposite has
also been reported, where cutting strengthens the dominance of the nuisance species,
because it is particularly tolerant to stress compared to the other plant species (BOX 2). It
remains unclear under what conditions harvesting will increase and when it will decrease
plant diversity, but ecosystem productivity may play a role (e.g. Chapter 4). Zooming
out to the landscape level, management may increase the diversity of the aquatic
vegetation on a landscape scale, if different sites are managed at different times; socalled
cyclic management (Chapter 7, Milsom et al., 2004; Palmik et al., 2013; Zhang et al.,
2014, but see BaattrupPedersen & Riis, 2004). This temporalspatial variation in
management should aim to create a diverse landscape with a lot of different habitats,
thereby increasing the amount of niches and thus the amount of species that can live in
this heterogeneous landscape (Chapter 7).
Next to affecting nontarget plant species, cutting and harvesting aquatic plants can also
impact animal species. For example, mechanical management (e.g. cutting) may reduce
macroinvertebrate diversity (Habib & Yousus, 2014) and kill fish (Sefary et al., 1994). On
the other hand, cutting management can also increase fish stocks in the longterm, by
creating more a diverse habitat (Olsen et al., 1998). Last, mowing machinery (e.g. cutter
boats) can also affect both flora and fauna indirectly by altering abiotics. For example,
mowing machinery may suspend sediment particles and thereby increasing turbidity and
reducing oxygen levels, depending on the type of mowing boat, the type of sediment, and
on the water depth. Harvesting may also decrease hydraulic resistance in waterways and
thereby increase flow (Bal & Meir, 2009), which is why if it so often used in channels and
ditches.
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(4) Useful applications of nuisance aquatic plants
So far, I have mainly discussed the negative aspects of massive growth of aquatic plants,
but there may also positive aspects of this massive growth of submerged plants. We
showed in Chapter 5 that the same species that can cause nuisance, can be ideal for
constructed wetlands designed for water polishing. These nuisance causing plant species
are especially useful because of the characteristics they possess that are also responsible
for the nuisance: rapid growth and tolerance to mechanical stress.
Theoretically, harvesting submerged plants may thus reduce nutrient availability in
natural ecosystems as well, thereby reducing the productivity of the system and thus
reducing nuisance growth of the plants themselves. However, the amount of nutrients
removed via harvesting of plant biomass is often low relative to the entire nutrient budget
of the ecosystem and will therefore unlikely be a viable method for reducing nutrient
availability to the required levels (i.e. oligotrophication) in more natural ecosystems,
especially when the ecosystem still receives high nutrient input (Chapter 6; Peterson et
al., 1974; Carpenter & Adams, 1977; but see Chapter 5).
In general, the harvested biomass from any ecosystem where nuisance growth needs to be
managed can potentially be used for a wide variety useful application (Bates & Hentges,
1976). All over the world aquatic plants have been, and still are, harvested, sold, and used
for a wide variety of applications, for example as agricultural fertilizer, as food for human
consumption, as animal feed or as a building material (for more information see: BOX 3).
The suitability of the harvested biomass for these different applications depends on
biomass characteristics, such as tissue nutrient concentration (Edwards, 1980; Quilliam
et al., 2015; BOX 3). I already showed in the introduction of this thesis (Chapter 1: Fig.
3), that there is large variation in biomass elemental composition, both among and within
aquatic plant species. In Chapters 4, 5 & 8 I showed that part of the variation can be
caused by the environmental nutrient availability and that biomass nutrient
concentration varies over the growing season. This information can be used to find the
best suited application for the biomass, depending on the location and timing of
harvesting.
In the western world, many of these applications of aquatic plant biomass have been
forgotten and have become disused. I would like to make a plea that we look towards
other parts of the world and to our own history and start reusing this harvested biomass
in a sustainable way. This may also help to reduce the net cost of aquatic plant
management (Quilliam et al., 2015). Perhaps the most promising application that can be
implemented rapidly is the use of the biomass as agricultural fertilizer and soil
conditioner. This application can be especially beneficial because it can help to close the
local nutrient cycle and reduce our dependency on finite phosphate rock if no additional
chemical fertilizers are used on the nearby agricultural lands (Quilliam et al., 2015;
Chowdhury et al., 2017). Another advantage of this application is that the biomass can
often be used locally, keeping transportation costs to a minimum. The biomass also needs
little to no processing before it can be used. Another advantage is that this application can
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be combined with other sustainable initiatives, such as using the biomass to produce
biofuel, as waste product of the biofuel production still holds most of the nutrients that
can thus be used as a fertilizer (O’Sullivan et al., 2010; Wilkie & Evans, 2010). Next to
biomass characteristics, the demand in the market also largely influences what biomass
applications are most viable (Quilliam et al., 2015). We believe that global research on the
suitability of biomass for all possible applications can aid in creating new markets.

Conclusions
The amount of plants that are considered problematic differs among different ecosystem
services and the perception of the local users of the ecosystem. Quantitatively describing
nuisance is essential for both science and ecosystem management as it provides scientists
and managers with measurable thresholds levels of nuisance, enabling the definition of
management goals and enabling the evaluation of whether the goals are reached.
I also conclude that it will be an important challenge to balance managing the nuisance
plant stands and maintaining enough plants to perform their important ecosystem
functions, because small plant stands can already be perceived as a nuisance by some
ecosystem users and harvesting too many plants may cause nuisance phytoplankton
blooms. Therefore, tackling the bottomup processes enabling nuisance growth of plants
is the only viable option for longterm, effective, and predictable management of the
nuisance problem, but this may often not be feasible. This low feasibility is expected
because nuisance growth can occur in a wide variety of shallow ecosystems, as many
ecosystems are not nutrient poor enough to limit the plants to grow tall. Furthermore,
many species, both native and invasive, have the potential to grow to nuisance
proportions. One possible solution around the problems with bottomup management
could be to spatially separate the ecosystem into parts that are managed topdown where
the ecosystem services for humans take place (e.g. recreation) and into parts where plants
are left unmanaged to perform their essential functions. Even though this management
scheme needs more research, I suggest that harvesting may be a good topdown solution
to reduce nuisance locally when the cause of the problem cannot be addressed. If
harvesting is applied correctly, it can directly reduce nuisance when it occurs, although
the effects are often shortlived. Another advantage of harvesting is that it removes
nutrients from the ecosystem. A downside of this method is that it is relatively expensive,
but spatially dividing the ecosystem and only managing parts where nuisance actually is a
problem may reduce the costs.

Perspectives
Last, I recommend that further research on aquatic plant physiology is vital for successful
management of nuisance aquatic plant growth, as this will increase our understanding on
how the plants will respond to their environment and to management and thereby
increase the predictability and effectiveness of management. Furthermore, it is important
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to monitor the vegetation for multiple years to gain insight in the ecosystem effects of
harvesting. I only found a few studies that monitored the effects of aquatic plant
management over many years, while the effects may be only visible over multiple years
(e.g. Chapter 6; Painter, 1988; as discussed for herbivory by Miler & Straile et al., 2010).
Another reason to monitor over multiple years is because factors influencing plant
growth, such as weather influences on water temperature, affect the vegetation in general
and thus possibly also the effects of harvesting (e.g. Zhang et al., 2016).
A final, but most important message is that we should not focus on the negative sides of
nuisance aquatic plants alone, but also always remember the multitude of benefits the
plants bring to the ecosystem, such as promoting clear water and providing habitat and
food for many species, which in turn also provide many ecosystem services to humans.
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To mow or not to mow

is the question managers of shallow freshwater
ecosystems often have to ask themselves these days. On the one hand, they want
submerged vegetation in the ecosystem because these plants provide many important
functions and services (Chapters 1 & 2). On the other hand, massive growth of these
submerged plants is a major problem for people using the ecosystems worldwide
(Chapter 2). Furthermore, very dense stands of just a few species may also impair the
beneficial ecosystem functions submerged plants generally have. Therefore, submerged
plants are often managed when growing to nuisance proportions with mechanical cutting
and harvesting being one of the most used management methods. However, this type of
management of the aquatic vegetation is often not successful or effects are shortlived
(Chapter 9). Because cutting management is expensive and time consuming, some
might wonder whether the plants should be mown at all.
In this thesis, I gathered scientific knowledge on which problems are caused by nuisance
submerged aquatic plants, which plant characteristics can be used to separate nuisance
from nonnuisance vegetation, which environmental factors affects plant tissue elemental
composition, plant growth, and the plant’s response to cutting. I discuss how this
knowledge can further our understanding of the nuisance problems and how it can aid
managers in tackling problems caused by rapid growth of submerged plants, while
maintaining the important ecosystem functions these plants provide.
In Chapter 2 I showed that the height and cover of the plants can best be used to
quantitatively differentiate between nuisance and nonnuisance vegetation and that the
height and cover threshold nuisance levels differ among the different services provided by
the ecosystem to human users. In Chapter 3 I found that light availability (i.e. clear
water) and the presence of viable propagules are essential for submerged plants to grow
in the field. The chance of nuisance submerged plant growth is highest when sediment
phosphorus was plentiful, but my results indicated that nuisance plant growth is likely to
occur over a wide range of environmental nitrogen and phosphorus concentrations
(Chapters 3 & 4). In Chapters 4 and 5 I showed that several common nuisance
causing species are very tolerant to cutting, thus explaining the shortterm effect cutting
generally has (Chapter 9). However, I proposed that effects of cutting will generally last
longer when growing conditions reduce the growth rate of the species, for example when
nutrient concentrations in the environment are lower, as this reduces the growth rate of
the species (Chapters 4 & 6).
Next to environmental factors, cutting intensity also affected the response of the
submerged vegetation to cutting management, where a higher intensity decreased the
dominance of the nuisance species (Chapter 5). Furthermore, I provided proof in
Chapter 7 that cyclic harvesting management in space and time may potentially increase
landscape wide aquatic plant diversity. Contrarily, a too high cutting intensity may lead to
a loss of the submerged vegetation and possibly result in algae blooms in systems with
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alternative stable states, also impairing several ecosystem services (Chapter 6). I argue
that ecosystem managers should not aim for a complete loss of the submerged vegetation
to combat nuisance aquatic plant growth, because the plants perform vital function in
shallow ecosystems (Chapter 1) that may also be required for several ecosystem services
to humans (Chapter 2).
Last, I investigated whether the nuisance submerged plant species can be used for
beneficial applications. In Chapter 5 I showed that Myriophyllum spicatum (shown on
the cover of this thesis) can be successfully used to remove nutrients from a constructed
wetland. Furthermore, the biomass that should be collected after cutting management
can be used for a wide variety of useful applications, ranging from biofuel to agricultural
fertilizer (Chapter 9). The suitability of the biomass for each application depends in part
on the biomass characteristics, such as tissue elemental composition and water content.
The biomass’ elemental composition can be highly variable even within a single plant
species and, in part, is associated with the availability of the elements in the environment
and with the time in the growing season, but may also differ interspecifically (Chapters
4, 5 & 8).
I conclude that the best method to tackle nuisance growth of submerged aquatic plants is
to tackle the bottomup processes enabling fast submerged plant growth, in particular the
abiotic factors enabling high productivity of the ecosystem (Chapter 9). However, as
this may not always be possible, topdown management such as cutting and harvesting,
can alleviate the problems caused by these plants if tailored to the ecosystem and location
at hand (Chapters 2, 5, 6 & 7). Harvesting parts of the plants directly reduces standing
biomass and vegetation height, removes nutrients, creates a valuable resource and if
applied well, maintains the plants important functions in shallow freshwater ecosystems.
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Chapter 12

Maaien of niet maaien

is de vraag die beheerders van ondiepe zoete
wateren zich tegenwoordig vaak moeten stellen, zowel in Nederland als elders in de
wereld. Aan de ene kant wil men waterplanten in het ecosysteem hebben, omdat deze
planten veel belangrijke ecologische functies vervullen en diensten leveren aan de mens
(Hoofdstukken 1 & 2). Aan de andere kant is de enorme groei van waterplanten een
belangrijk probleem geworden voor mensen die gebruikmaken van de ecosystemen
(Hoofdstuk 2). Bovendien kunnen hoge dichtheden planten, bestaande uit slechts een
paar dominante woekersoorten, de gunstige ecosysteemfuncties die o.a. ondergedoken
waterplanten in het algemeen vervullen negatief beïnvloeden. Maaien (en verzamelen) is
één van de meest gebruikte beheermethoden om de problemen van deze woekerende
planten te lijf te gaan. Dit type beheer van de waterplanten is echter vaak niet succesvol in
het langdurig terugdringen van de plantengroei (Hoofdstuk 9). Mede omdat het
maaibeheer duur en tijdrovend is, zou je je kunnen afvragen of de planten wel gemaaid
moeten worden.
In dit proefschrift heb ik wetenschappelijke kennis verzameld over welke problemen
veroorzaakt worden door woekerende waterplanten, welke eigenschappen van de planten
gebruikt kunnen worden om problematische vegetaties van nietproblematische
vegetaties te onderscheiden. Bovendien heb ik onderzocht welke milieufactoren de groei
van de plant en de reactie van de plant op maaien beïnvloeden. Ik bespreek hoe deze
kennis ons begrip van de problemen kan bevorderen en hoe deze kennis beheerders kan
helpen de problemen veroorzaakt door de snelle groei van ondergedoken waterplanten
aan te pakken, terwijl tegelijkertijd de belangrijke ecosysteemfuncties van planten
behouden blijven.
In Hoofdstuk 2 laat ik zien dat de hoogte en de bedekkingsgraad van de waterplanten
het best kunnen worden gebruikt om kwantitatief onderscheid te maken tussen
problematische en nietproblematische waterplantenvegetaties. Ook beargumenteer ik
dat de drempelwaarden voor dit onderscheid mede bepaald worden door de
ecosysteemdiensten die door het ecosysteem geleverd worden (o.a. varen versus
zwemmen). Uit Hoofdstuk 3 blijkt dat de beschikbaarheid van licht (d.w.z. helder
water) en de aanwezigheid van levensvatbare propagulen (o.a. zaden) essentieel zijn voor
de aanwezigheid van onderwaterplanten in ondiepe meren. Wanneer aan deze
voorwaarden voldaan wordt, is de kans op hoge dichtheden aan waterplanten
logischerwijs het hoogst op locaties met een ruime hoeveelheid voeding in de bodem
(m.n. fosfaat). Mijn resultaten wijzen er echter ook op dat de overlast van planten voor
kan komen over een brede gradiënt van voedingstoffen in het milieu, mede omdat relatief
lage dichtheden in sommige gevallen al als vervelend worden ervaren. (Hoofdstukken
2, 3 & 4). In Hoofdstukken 4 en 5 heb ik laten zien dat een aantal soorten
waterplanten die vaak voor overlast zorgen, erg tolerant zijn tegen knippen (maaibeheer).
Dit kan het kortstondige effect dat maaien vaak heeft verklaren (Hoofdstuk 9). Ik heb
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beargumenteerd dat de effecten van maaien over het algemeen langer duren wanneer de
milieuomstandigheden de groeisnelheid van de soort verlagen, bijvoorbeeld wanneer de
concentratie voedingsstoffen in het milieu lager zijn, aangezien dit de hergroei van de
plant vertraagd (Hoofdstukken 4 & 6).
Naast omgevingsfactoren beïnvloedt ook de maaiintensiteit de reactie van de
waterplanten op het maaibeheer, waarbij een hogere intensiteit de dominantie van de
woekersoort in sommige gevallen kan verminderen (Hoofdstuk 5). Anderzijds kan een
te hoge maaiintensiteit leiden tot verlies van de ondergedoken waterplanten en
eventueel resulteren in (blauw)algenbloei in ecosystemen, waardoor de meeste
ecosysteemdiensten ook worden aangetast (Hoofdstuk 6). Ik pleit er dus voor dat
ecosysteembeheerders niet te rigoureus ondergedoken waterplanten moeten verwijderen
ter bestrijding van de overlast, omdat de waterplanten vitale functies vervullen in ondiepe
ecosystemen (Hoofdstuk 1) die ook nodig zijn voor diverse ecosysteemdiensten voor de
mens (Hoofdstuk 2). Daarnaast hebben we in Hoofdstuk 7 beargumenteerd dat
cyclisch beheer in ruimte en tijd potentieel de biodiversiteit van de waterplanten op
landschapsschaal kan optimaliseren.
Tenslotte heb ik onderzocht of de woekerende waterplanten gebruikt kunnen worden
voor maatschappelijk relevante toepassingen. In Hoofdstuk 5 heb ik aangetoond dat
Myriophyllum spicatum (weergegeven op de voorkant van dit proefschrift) succesvol kan
worden gebruikt om in voedingsstoffen (o.a. N, P, K) uit het milieu terug te winnen.
Bovendien kan de biomassa, die na het maaien verzameld dient te worden, gebruikt
worden voor een breed scala aan toepassingen variërend van biobrandstof tot
landbouwmeststof (Hoofdstuk 9). De geschiktheid van de biomassa voor elke
toepassing hangt gedeeltelijk af van de eigenschappen van de biomassa, zoals de
elementaire samenstelling en het watergehalte. Deze elementaire samenstelling van de
biomassa kan zeer variabel zijn in waterplanten, zelfs binnen één plantensoort. De
samenstelling van de plant correleert deels met de beschikbaarheid van de elementen in
het omliggende milieu en deels met de tijd in het groeiseizoen, maar kan ook intrinsiek
verschillen tussen soorten (Hoofdstukken 4, 5 & 8).
Ik concludeer dat de beste methode om de overlast door woekerende onderwaterplanten
effectief en voor langere termijn tegen te gaan is, om de bottomup processen (d.w.z. de
groeicondities) aan te pakken die de woekerende plantengroei mogelijk maken. Denk
vooral aan de abiotische factoren die de hoge productiviteit van het ecosysteem mogelijk
maken, zoals het aanbod van meststoffen (Hoofdstuk 4 & 9). Aangezien dit lang niet
altijd mogelijk is, kan topdown beheer, zoals maaien en verzamelen, de problemen
veroorzaakt door woekerende waterplanten op een directe manier verminderen op de
locatie waar de problemen zich voordoen. Hierbij is het van belang de methode toe te
spitsen op de specifieke situatie van die locatie (Hoofdstukken 2, 5, 6 & 7). Over het
algemeen is aan te bevelen maar een deel van de waterplanten te maaien. Dit vermindert
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direct de biomassa en vegetatiehoogte, waardoor de overlast vermindert en zorgt ervoor
dat de planten hun belangrijke functies in het ecosystemen blijven vervullen, doordat niet
de hele vegetatie wordt verwijderd. Daarnaast is het ook belangrijk om de gemaaide
biomassa te verwijderen, omdat dit de voedingsstoffen die aanwezig zijn in de plant uit
het milieu verwijdert en daarnaast een potentieel waardevol product (biomassa) creëert.
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Dennis, Erik, Koos, Marta, Nico, and Suzanne, thank you very much for helping me with
the fieldwork and with the practical work during the extremely busy parts of the project
and for the stimulating conversations, especially during fieldwork! Erik and Marta, you
made it possible for me to study in the car during the long rides to and from field sites,
lightened the mood by hitting yourself with the rowing oar and putting the lifejackets on
backwards. I couldn’t have done as much without you all. Michaela, Ciska, Iris en Hans,
ook jullie bedankt voor de hulp bij verschillende analyses in het lab. Gregor, bedankt
voor je hulp in de kassen. Ook heb ik genoten van de muziek en inspirerende gesprekken
tijdens het carpoolen, jammer dat de files en het daarbij komende vroege opstaan dit
uiteindelijk hebben gestopt.
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Naast de wetenschappelijk samenwerking heb ik ook hulp en input gekregen van
waterschappen, recreatieschappen, belangenorganisaties en belanghebbenden bij het
uitvoeren van veldwerk en het verkrijgen van meetgegevens. Zonder jullie was het niet
mogelijk geweest een goed beeld te krijgen van de Nederlandse problemen m.b.t.
woekerende waterplanten en had veel van het veldwerk ook niet kunnen plaatsvinden.
Hartelijk dank daarvoor. In het bijzonder wil ik Martijn Hokken en Dick van der Molen
bedanken voor de prettige samenwerking bij De Munt, Peter Paul Schollema en Hermen
Klomp voor de prettige samenwerking bij het Oldambtmeer, en Gerard ter Heerdt voor
de prettige samenwerking bij Loenderveense Plas Oost in mijn eerste jaar. Ik heb
hierdoor veel geleerd over de Nederlandse ondiepe watersystemen en het beheer. Ook wil
ik Marloes bedanken voor het toepasbaar maken van een deel van mijn werk voor de
Nederlandse waterbeheerders in een STOWA rapport: 2017 08. Ik hoop nu zelf ook op
een meer directe manier bij te dragen aan de kwaliteit van de Nederlandse natte natuur
via mijn nieuwe baan bij FLORON. FLORON, ook jullie bedankt voor deze kans!
Binnen de afdeling Aquatische Ecologie van het NIOO, waar ook ik onderdeel van was,
heb ik ook mogen genieten van enerverende, kritische en inspirerende discussies met de
senior wetenschappers en postdocs: Ellen, Liesbeth, Wolf, Lisette, Steven, Dedmer,
Ying, Joost, Tania, Casper, Bert, Alena dank daarvoor! Wolf, ook bedankt voor
openhartige gesprekken over het leven.
Naast de ‘oude garde’ (niet vervelend bedoeld) hebben de mede PhD’ers een grote rol
gespeeld in mijn PhD waardoor ik zo graag op het NIOO was. Jan, je bent een held!
Bedankt voor de fijne gesprekken onder het genot van een gezamenlijk biertje en tijdens
de wandelingen naar de NIOOvijvers, waar we nog getuigen zijn geweest van necrofilie
bij amfibieën. Fijn dat we elkaar via het NIOO hebben mogen ontmoeten, succes met je
nieuwe leven in Scandinavië en hopelijk zien we elkaar snel weer. Luuk, fijn om een
gezellige mede muzikant in jou gevonden te hebben! Ik heb voor altijd een rijtje
‘kwalitatief hoogstaande’ grappen paraat dankzij jou. Thijs (bedankt voor de zuidelijke
gezelligheid), Peiyu (thank you for scaring away the burglar in Italy and keeping me safe
in my car with your chinese knot) Antonella (thank you for the epic parties), Sven
(bedankt, ook voor alle hulp in de laatste fase), Mandy (we drinken nog eens een Duvel!),
Laura (we go way back, dreissena!!!), Annette (bedankt buurvrouw), Karen (bedankt
voor de gezelligheid bij het koffieapparaat), Libin, Manqi, Marika and Wei, thank you all
for creating such a nice atmosphere at NIOO, at all the parties and at the conferences
with lots of ‘geouwehoer’ about everything and nothing. It wouldn’t have been the same
without you all. My special thanks goes out to my dear officemates, Kong, Kostas and
lately Kim, Tania (the parent) and Joost (holiday photo quizmaster) thank you all so
much for your help, great conversations (both science related and very notscience
related, but always open, considerate and honest) and perfect atmosphere created in the
‘Best Office’! Kim, thank you for looking after me when I was extremely busy and for
letting me stay in my bed after the unforgettable parties in Wageningen. Ook wil ik mijn
twee mede Vierlingsbekenaren bedanken waarmee ik al sinds de basisschool optrek. Bart
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en Ralf, super tof dat we dit PhDavontuur voor een groot deel samen hebben kunnen
aangaan! Wie had dat in groep 8 gedacht. Ook dank natuurlijk voor de gezelligheid en
voor alle antwoorden (ik zat in het team voor de sfeer, niet omdat ik nou zoveel nutteloze
feitjes weet) bij de Bèkse pubquiz!
Naast werken aan ‘woekerende waterplanten’ heb ik ook ongeveer vier jaar in de
personeelsvereniging (Party Planners!) gezeten, waar we vele mooie borrels en feesten
georganiseerd hebben. Party people: Jan, Maaike, Kim, Sven, Paolo, Vero, Marta,
Laura, Kristin, Ruth, Thomas, Rutger and Antonella thank you all for the great time we
had planning, preparing and organising all the ‘borrels’ and parties. What a great group
of people! I would also like to thank all the people from the reception/facility, who often
helped with parts of the party planning throughout the years. Bedankt Elly, Ninke,
Gerrie, Edith, Dick en overige leden van het ondersteunend personeel, ook voor al het
regelwerk en prettige gesprekken bij de balie! Peter (van de vogeltjes), bedankt voor je
inzichten in het reilen en zeilen van onze huiskoolmees Pluisje.
Naast de mensen waarmee ik samen heb gewerkt op het NIOO waren er nog een aantal
mensen die me geholpen hebben om dit werk af te kunnen ronden. Lieve pap en mam,
jullie hebben mij altijd gestimuleerd om te doen wat ik leuk vond. Ik wilde graag biologie
studeren, wat volgens sommigen een slechte keus was omdat daar geen werk in zou zijn.
Maar jullie hebben altijd gezegd dat ik dat gewoon moest doen, want als daar echt je
passie in ligt kom je er wel. Bedankt voor jullie steun! Suus, jou wil ik ook bedankt voor je
hartelijke berichtjes en interesse, en natuurlijk voor het organiseren van de
gezinsactiviteiten, waaronder de jaarlijkse kerstklaasavond, waarbij het hele gezin weer
samen komt om ouderwets gezellig slechte gedichten voor te lezen en cadeaus uit te
pakken. Oma, ook u wil ik graag bedanken voor uw interesse in mijn werk en dat u altijd
klaarstaat met een luisterend oor, een open blik en een lekker kopje Engelse thee. Ik
waardeer onze open gesprekken zeer!
Elke week is de zondagavond (19:07 precies) weer een hoogtepunt van mijn week. We
komen dan samen met een groep geweldige mensen om koffie, overdatum bier en
isotonische sportdrank te drinken en om vooral ook veel muziek te maken. Bram,
Mathijs, Jasper en Maik, ik wil jullie allemaal heel erg bedanken dat jullie na al die jaren
nog steeds met net zoveel plezier als ik naar Vierlingsbeek komen om samen nieuwe
muziek te maken en ook gewoon gezellig te ouwehoeren onder het genot van een pilsje.
Hierdoor heb ik zelfs in de hele drukke tijd op het werk, dit even kunnen loslaten.
Hopelijk zitten we als we 90+ zijn nog steeds elke zondagavond in de garage!
Ook wil ik Onno, Marjolein, Marco, Isa, Hilke, Clara, en Lisanne (CABOMBA!)
bedanken voor de leuke uitjes die we nog steeds doen samen. Allemaal biologen op hun
eigen werkveld, waardoor ik vaak weer geprikkeld wordt om de verbreding te zoeken,
maar het is vooral gewoon altijd erg gezellig.
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Als laatste kom ik bij de belangrijkste persoon die ik tijdens dit proces heb leren kennen.
Annieke, liefie, dankjewel voor je steun en vertrouwen in mij, niet alleen werk
gerelateerd, maar ook privé. Bedankt voor het meegaan op veldwerk, meedenken over
nieuwe ideeën, kritisch lezen van de hoofdstukken in dit boek. Bedankt ook voor het
geduldig aanhoren van mijn verhalen tijdens moeilijke perioden en het relativeren van de
zaken die soms minder liepen, dit zal niet altijd makkelijk geweest zijn. Je hebt van ons
huisje een echt thuis gemaakt voor mij. Ook heb ik veel leuke uitstapjes aan jou te
danken, die ik zonder zou waarschijnlijk nooit zou maken. Lekker pimpelen in de Bush,
op avontuur in China en Canada. Je bent mijn rots in de branding, op naar het volgende
avontuur!
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I, Michiel (M.J.J.M.) Verhofstad, was born on the 19th of September

1987 in Boxmeer and grew up in a charming village by the river Meuse called
Vierlingsbeek, the Netherlands. Early on, I developed a fascination for both nature and
technology and was always making (or breaking) stuff to find out how the world works.
After graduating from the Elzendaal College in Boxmeer in 2006, I studied biology at the
Radboud University Nijmegen, the Netherlands. In 2011 I received my master’s degree
‘cum laude’ after completing my theses on (1) dreissenid mussel ecology and physiology
and (2) nutrient removal from waste water using duckweeds. After graduating I kept
working on this last project as a junior researcher for a few months investigating the
suitability of using LEDlights within the project. Hereafter I kept working as a junior
researcher at the Radboud University, but on a new project: ‘Highport.Eefde’. In this
project we aimed to develop a regional development plan with a large and diverse group
of local stakeholders focused around the village of Eefde, the Netherlands. From 2012
until 2017 I was first appointed as a junior researcher at the Netherlands Institute of
Ecology (NIOOKNAW), the Netherlands, which was quickly extended to a full PhD
position. During this period, I investigated submerged aquatic plants and the associated
problems that occur when they become too abundant. I focused on why and under what
conditions these plants may cause problems, if cutting and harvesting parts of these
nuisance plants can be a successful management option, and if these nuisance plant
species have any useful applications. I am now going to apply and expand this knowledge
in my new job at FLORON, in which I will work to protect and improve (mainly Dutch)
aquatic flora and ecosystems.
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LinkedIn: https://www.linkedin.com/in/michielverhofstad36022742/
ResearchGate: https://www.researchgate.net/profile/Michiel_Verhofstad2
ORCIDID: orcid.org/0000000272544950
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Awards and certificates
2nd prize for oral presentation at the 2014 International Shallow Lakes Conference
(Antalya, Turkey)
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