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3 Introduction 

GENERAL INTRODUCTION 

Industrialization has improved the welfare of mankind but at the same time it 
has increased the pollution of the environment. The human population 
explosion and diversification of man's activities have resulted in a large 
uncontrolled flow of pollutants towards the aquatic environment. The question 
arises whether these pollutants pose a serious threat to the aquatic life. In 
order to assess the risks of pollutants to flora, fauna and public health a good 
understanding of the environmental chemistry of these pollutants is a 
necessity. Although during the last few decades research into the fate of 
pollutants in the environment has intensified still many gaps in our knowledge 
about their behaviour exist. 

One group of pollutants is referred to by the collective name heavy metals. 
Heavy metals are metals which in their elemental form have a density > 5 
g/cm3

. Those that cause the greatest concern are cadmium, copper, lead, 
zinc, chromium, nickel and mercury. Because these metals are present in the 
earth's crust in very low concentrations « 100 mg.kg-1

) they are often called 
trace metals. Metalloid elements such as arsenic and selenium are often also 
considered to belong to this group. 

In general some heavy metals are essential for animals, plants and/or micro
organisms and often play an important role in organisms by acting as catalysts 
in physiological processes. For optimal growth organisms require only very 
small concentrations of these elements. However, toxic effects can be expec
ted when the bioavailable concentration of heavy metals becomes excessive. 
High heavy metal concentrations may then replace essential elements in cells 
of these organisms and lead to a reduction in growth, activity, reproduction or 
even death. 

Heavy metals in the aquatiC environment 
Pollution of the aquatic environment with heavy metals can stem from various 
sources such as the chemical industry, metal industry, mining activities, 
agriculture, domestic wastes, gutter and rain pipes, sewage and traffic. 
The heavy metals can be present on/in particulate matter (solid phase), in 
solution (dissolved phase) or in liVing organisms (e.g. algea). In order to 
estimate the toxicity, bioavailability or mobility of heavy metals it is important to 
know how and in what phases the metals are present in the environment. 
Figure 1 shows a schematic classification of the dissolved compounds and 
particles found in natural waters (Suffle, 1988). The dissolved phase is operati
onally defined as the fraction that passes through a membrane with a pore 
width of 0.45 Mm. The fraction retained on the filter is considered as the parti
culate matter fraction. The figure shows that the chemical composition of natu
ral waters is very complex and that it contains numerous different compounds. 
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The distribution of the total amount of heavy metals over all these possible 
compounds is called speciation. 

Figure 1. Schematic classification, by size, of important organic and inorganic 
water compounds (Buffle, 1988). 

Fully characterized compounds Groups of homologous compounds 

Examples Complexing properties Examples 
Important clwacteristics for their 

complexing properties 

- relatively large molecules 
(MW ~ 3 X10'-10' 

- few complexing sites per molecule 
- weak polyelectrolyte properties 
- polyfunctionalism resulting from a 

large number of individual 
components 

- aggregate formation -_.- -. _.-  -- -.- .- ... - ... - .. 
- large macromolecules (MW > 104 

) 

- large number of sites per molecule 
- strong polyelectrolyte properties 
- gel formation 

--  - - --_. -- ---. _ .. - ..  -_.
colloidal or suspended particles -
(diameter;> few tens of nm) 

Hydrated H+. Na+, 
inorganic 
cations caH 

, Cuh 

- - - -_ .... -  -- --- --- -. -
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anions HeO;. F-, SO~-

HPO;·, NO; ,HS

- ~ . - . -  -  - -  - -  .  - -  - - 
Small amino-acids 
organic sugars 
molecules uronic acids 

urea 
hydroxy-acids 

- --  _. - --  - - - - -
forming unidentate 
complexes 
~ ion-pairs (e.g. Cl-. 

SO;") 
- co-ordination com

plexes (e.g. OW) 
-- ._-.  - --- - -_._

often forming co
ordination complexes 
(uni or multidentate) 

Fulvic compounds 

Peptides 

- --  - - - -- - -  --_.- --
Polysaccharide<: 
Proteins 
Humic substances 

- -  -  --  - -- --- -.- --
Polynuclear complexes 
Colloidal compounds 
Suspended particles 
e.g. Fe(llI) hydrous oxide 

Mn(lV) oxides 
Fe(lI) sulphides 
Al(IlI) hydrous oxide 
silicates and clays 
calcites, dolomite 

- large number of sites located on 
particle surface 

- important role of surface electric field 
- coagulation/flocculation reactions 

between particles 

Dissolved heavy metals 
Although the bioavailabllity of heavy metals will depend largely on the uptake 
mechanisms, dissolved heavy metals are usually considered to be the most 
readily available to biota. 

The dissolved heavy metals can be found as various species, which can be 
subdivided into the following categories: 
a. hydrated inorganic cations. 'Free' metal ions in coordination with water 
molecules. Examples are Cu(H 2 0)6 2 +, Pb(H2 0)62 +, Cd(H2 0)62 +; 
b. inorganic complexes. Metal ions associated (ion-pair) or co-ordinated with 
inorganic ligands such as chloride or sulphide. Examples are CdSo , CdCI+, 
CdC12o, Cd(HSh; 
c. organic complexes. Metal ions co-ordinated with dissolved organic com
pounds (DOC), such as humic and fulvic compounds. 

Heavy metals in the solid phase
 
Particulate matter consists of a mixture of inorganic and organic constituents.
 
The most common components of the particulate matter are quartz,
 
aluminiumsilicates more in particular clay minerals, hydrous oxides of iron and
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manganese, carbonates, sulphides and a large variety of other minerals. The 
organic constituents are mainly degradation products of land and water plants, 
with a large variety of organic compounds. In the solid phase the heavy metals 
will be fixed mainly by particulate organic matter, iron and manganese hydrous 
oxides, clay minerals, sulphides and to a lesser extent by carbonates. 

Processes which affect the distribution and speciation of heavy metals 
In the aquatic environment there is generally a transition from an oxygenated 
environment in the surface water to a more reduced environment in the sedi
ment. The change in redox environment may affect the distribution and specia
tion of heavy metals both in the surface water and in the sediment. 

Surface water 
In oxygenated surface water of rivers, lakes, estuaries and seas the distribu
tion and speciation of heavy metals between the solid and dissolved phase is 
controlled primarily by sorption processes. The extent of sorption of heavy 
metals depends on variables such as the: 

nature and surface of the solid phase; 
composition and concentration of competing and complexation 
ions or ligands in the water phase; 
pH; 
ionic strength; 
temperature. 

Because sorption processes in the surface water do not occur instantaneously 
kinetics also play an important role in the distribution. 

The distribution of an element between the water phase and the solid parti
culate matter phase in an equilibrium situation can be described by the so 
called partition coefficient (K ), which is defined as: p

Kp = (Eq.l) 

where C is the concentration of a heavy metal in the solid phase (mg.kg-1
)s 

and Cd is the dissolved heavy metal concentration (mg.I-1
). The K is an p

experimentally defined variable. The value of K will be affected by changes inp 
the above mentioned variables. 

A more sophisticated way to describe the relation between the concentration 
of an element in the solid phase and the concentration in solution is to use the 
Freundlich equation (eq. 1a). In this equation k and n are model parameters 
and 0 < n ~1. The parameters k and n are only valid for the system from which 
they are derived. This Freundlich equation can be expanded to incorporate 
sorption variables which affect the distribution. In that perspective Van der Zee 
and Van Riemsdijk (1987) developed a Freundlich sorption equation that 
incorporates the pH and the organic carbon concentration (Eq. 2b). 
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q k. en (eq.2a) 

q = k * . oc. (H) -0.5. en (Eq.2b) 

where: 
q = the concentration of sorbed (mg.kg-') 
C = concentration of the solute in the water phase 

(mg.I-') 
k, k*, n Freundlich parameters 

[k], [k*] = mg 1-n.ln.kg-1 

[n] = dimensionless 
organic matter content (%) 

= activity of protons in the water phase (mol.l-') 

Sediments 
In general sediments constitute a more reduced environment than surface 
water. Often the pore water is already depleted in oxygen within a few 
millimetres below the top of the sediment. This occurs as a result of the aero
bic decomposition of organic matter, which ;s further mineralized in a thermo
dynamically predictable sequence of microbially mediated reactions (i.e. 
oxygen reduction, denitrification, reduction of Mn and Fe oxides, sulphate 
reduction). The final step in the sequence is the fermentation of organic matter 
into bicarbonate and methane. These diagenetic reactions are given in table 1. 

Table 1 Oxidation reactions of organic matter (approximated by the Redfield 
ratio: C106H26Pl1oN,6P) in sediments. 

J. OXl'gell reduction: 
138 ()2 + C IOc,H 2(,PIION 1(,P +18 HCOj - 124 CO2 +16 NOj +HPO~-+140 H20 
2. Denittijication: 
94.4 NOj + CIO(,H2(,J01IONj(,P - 13.6 CO2 + 92.4 HCOj + 55.2 N2 + 84.8 H 20 +HPO~· 

3. A1nO? rcductioll: 
236 Mn'02 + CIQ(,H26JOIIONjc,P +364 CO2 + 104 Hi) - 470 HCOj +8 N2 +236 Mn2+ + HPO~· 
4. Fe?()J reducti(}/l: 
212 Fe2l)3 +C10(,H2c,30jlON!c,P +74OC02 + 316Hi) - 846HCOJ + 424 Fe2+ +16NH3 + HPO~
5. Sulphate reduction: 
53 SO~- + C1O(,H2(,30lIoN ](,p - 39 CO2 + 67 HCOj + 16NH ~ + 53HS· + 39 H20 + HPO~
6. Methallogenesis (!el7llcntation) 
(CHP)IQc,(NHJ)I(,(H3P04) -> 53C02 + 53CH4 + 16NH3 + H3P04 

These diagenetic processes have a large influence on the distribution and the 
speciation of heavy metals in sediments. As mentioned before, organic matter 
and hydrous oxides of iron and manganese are important hosts for heavy me
tals. Due to the diagenetic processes the organic matter is decomposed and 



7 Introduction 

upon reduction of the hydrous oxides of iron and manganese these solid 
oxides are dissolved under anaerobic conditions. As a result heavy metals 
bound by these components may be mobilized and the concentration of these 
metals in the pore water may increase. However, they can also be removed 
from the pore water again by diagenetic processes. Reduction of sulphate 
leads to the production of sulphide (see table 1), which may form under these 
conditions rather insoluble heavy-metal sulphide complexes. 

Aim of the present study 
The principal aim of this work was to compare the behaviour of heavy metals 
during diagenesis in three types of sediment: fresh, brackish and saline. A se
cond objective was to investigate the cause of the actual distribution of heavy 
metals over suspended particles and the solution in a salinity gradient from fresh
water to seawater. The research methods used in this study are based on the 

analysis and modelling of data obtained during field studies and on additional 
experimental sorption studies. 

The following research questions were addressed: 
What are the main diagenetic processess in fresh-water sediments and 
saline-water sediments and how do they affect the distribution and 
speciation of heavy metals? 
To what extent do physical processes (eg. advection, diffusion) and 
chemical processes (eg. mineralization, precipitation) determine the 
concentrations of heavy metals in pore water? Can these processes be 
quantified? 
Are the heavy metals desorbed from or adsorbed onto the particulate 
matter when fresh riverine water and saline water mix in the estuary? 

The field data are obtained from the Rhine/Meuse estuary (harbour area of 
Rotterdam) and from the fresh-water lake Ketelmeer. Lake Ketelmeer is an 
important sedimentation basin of the river IJssel, a northern branch of the river 
Rhine. 

In CHAPTER 2 attention is focused on the diagenetic reactions occurring in 
the sediment of the fresh-water lake Ketelmeer. Organic matter is an important 
host for heavy metals and its diagenetic decomposition may liberate 
associated heavy metals. Decomposition of organic matter results in the 
production of ammonium and phosphate, the concentration of which will 
therefore increase in the pore water. The chemical processes which determine 
the ammonium and phosphate behaviour in this fresh-water sediment are 
studied by means of thermodynamic equilibrium calculations and electron 
microbeam analysis. A simple one-dimensional steady-state model is used to 
estimate the rate constant for decomposition of the organic matter. 

In CHAPTER 3 the distribution of Cd, Cu, Zn, Ni, Zn, Cr and As in the fresh
water sediment of lake Ketelmeer is investigated. To establish the redox condi
tions in the sediment, we measured the pore-water profiles of nitrate, 
manganese, iron and sulphate. Chemical equilibrium calculations were 
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performed in order to identify the chemical mechanisms that may control the 
concentrations of heavy metals in the pore water. In addition, we studied 
heavy-metal minerals or their associations with ironsulphide precipitates with 
the use of electron microbeam analysis. The pore-water profiles were modelled 
by developing a one-layer and two-layer steady-state model. The purpose was 
to find out the contribution of the various physical-chemical processes to the 
concentration of heavy metals in the pore water. Moreover, the rate determing 
processes in the sediment which affect the mobilization and fixation of these 
heavy metals can be estimated. The mineralization rate constant in chapter 2 
was used in this study. 

CHAPTER 4 describes a study of two sediment cores collected in the Rhi
ne/Meuse estuary (harbour area of Rotterdam). One core was collected in the 
upper estuary in a fresh\brackish-water environment, the other in the lower 
estuary in a saline environment. Attention is focused on the differences 
between the diagenetic processes in a fresh/brackish-water sediment and in a 
saline sediment. Our aim was to study the influence of these processes on the 
behaviour of heavy metals in these sediments. In addition, sequential 
extractions were carried out to study the role played by pyrite in the fixation of 
heavy metals. 

CHAPTER 5 presents the results of two sampling campaigns conducted in the 
Rhine/Meuse estuary. Suspended matter samples were collected in the estu
ary along the salinity gradient and analysed for major elements and trace 
metals. The main purpose was to find out whether there is a gradient in the 
heavy-metal concentration as function of salinity. From environmental point of 
view it is important to discover whether heavy metals are desorbed from the 
suspended particles when a fresh water environment changes into into a sea 
water environment. 

In CHAPTER 6 the sorption behaviour of cadmium on suspended matter under 
various estuarine conditions is studied. In the estuarine environment there is a 
transition from a fresh-water to a saline-water environment. This means that 
heavy metals sorbed on the suspended matter in the riverine environment are 
brought into contact with the increased concentrations of ions (Cr, sot, Na +, 

K+, Ca2 +, Mg2 +). This leads to increased competition between the heavy 
metals and sea-water ions for the various sorption sites on the suspended 
matter. In addition, the increase in the concentration of anions in the sea water 
may result in an increase in the complexation behaviour. 

In the APPENDIX the pressure-filtration system used for the extraction of pore 
water from sediments is described. The pressure-filtration system is especially 
adapted for the analysis of heavy metals. 
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NITROGEN AND PHOSPHATE IN THE FRESH-WATER SEDIMENT 
OF LAKE KETELMEER (The Netherlands) 

Abstract- The composition of the pore water in sediments of the fresh-water 
lake Ketelmeer was determined at two locations. The pore-water profiles show 
an increase in the concentration of ammonium and phosphate with depth. 
Calculated ion-activity products (lAP) were used to assess indirectly if the 
pore-water composition is controlled by authigenic minerals. Under anoxic 
conditions, pore waters were found to be (super)saturated with respect to 
vivianite as well as to hydroxyapatite, but undersaturated with respect to 
struvite. The presence of vivianite under anoxic conditions could be confirmed 
by electron microprobe analysis. The pore-water profiles and related fluxes of 
ammonium and phosphate between sediment and bottom water were calcula
ted using a one-dimensional model based on a steady-state solution. Minerali
zation rate constants for decomposable organic matter were found to be 0.038 
y(1 and 0.446 y(1 for the two locations, respectively. The calculated ammoni
um fluxes were 4.9 mg N.m·2.d·1 at one location and 7.4 mg N.m·2.d·1 at the 
other. For phosphate the fluxes were at both locations 1.8 mg P.m·2.d·1. 

NOMENCLATURE 

a longitudinal dispersivity (m) 
C equilibrium concentration (mol.m'3) 

CRflP dissolved concentration of phosphate (P) and 
ammonium (N) (mol.m'3) 

C N.P dissolved ammonium (N) or phosphate (P) conceno 
tration at the sediment-water interface (mol.m'3) 

C N dissolved ammonium concentration at infinite depth OJ 

(mol.m'3) 

D	 molecular diffusion coefficient (m2.y(1)
D~'P effective diffusion coefficient for ammonium (N) or 

phosphate (P) (m2.y(1) 
F conversion factor (kg.m'3) 

J the flux of ammonium or phosphate across the 
sediment - water interface (kg (N,P).m·2.s") 
first order rate constant of decomposition of organic 
matter (y(1) 
first order rate constant of the formation of vivianite 
(y(1) 
partition coefficient for ammonium (N) and 
phosphate (P) 

N	 mass of nitrogen per unit mass of decomposable 
organic matter (mol.kg,1) 
mass of nitrogen per unit mass of decomposable 
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organic matter at the sediment-water interface 
(mol.kg-1) 

p mass of phosphorus per unit mass of 
decomposable organic matter (mol.kg-1) 
mass of phosphorus per unit mass of 
decomposable organic matter at the sediment-water 
interface (mol.kg-1) 
porosity 
net rate of production of ammonium 
(mol.m-3.s 1) 

or phosphate 

t time (s) 
e 
v 

tortuosity 
velocity of water relative to the sediment (m.s-1) 

w sediment accumulation rate (m.y(1) 
z distance from a point fixed in space (m) 

INTRODUCTION 

The Ketelmeer is an important sedimentation area at the mouth of the river 
IJssel, which is a northern branch of the river Rhine, and around 10 % of the 
Rhine discharge is transported by this river. Due to the discharge of the IJssel 
and adjacent lakes, which are polluted by agricultural waste, the Ketelmeer is 
enriched in nutrients such as phosphate. In spring and summer the uptake of 
phosphate may result in blooms of phytoplankton. 
In the adjacent lake IJsselmeer this has been a common phenomenon in the 
last few decades (Salomons and Mook, 1980). Besides of an external flux of 
nutrients towards the Ketelmeer an internal flux from the sediment towards the 
surface water may also be an important source (Brinkman and Van Raaphorst, 
1986). Due to the microbial decomposition of organic matter in the sediment, 
organic Nand P compounds are mineralized into ammonium and phosphate 
which will dissolve in the pore water. Moreover the reductive dissolution of 
ferric hydrous oxides under suboxic conditions in the sediment may be 
another source of phosphate (e.g. Berner, 1973; Froelich et al., 1979; Brink
man and Van Raaphorst, 1986; Boers and De Bles, 1991). On the other hand, 
phosphate and ammonium can be removed from the pore water by sorption 
reactions and authigenesis of minerals. In sediments it is possible that phosp
hate is removed by the formation of minerals such vivianite, apatite or struvite 
(e.g. Tessenow, 1974; Emerson and Widmer, 1978; Boers and Van Hese,
 
1988).
 
The main purposes of our study were: a) Elucidation of the mechanisms which
 
control pore-water concentrations of ammonium and phosphate. b) Quantifica

tion of the diagenetic processes and corresponding fluxes of ammonium and
 
phosphate through the sediment-water interface. These processes are quanti

fied using a simple one-dimensional steady-state model.
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STUDY AREA 

Lake Ketelmeer is a shallow fresh-water lake in the central part of the Nether
lands and forms an important sedimentation area for the river Rhine. Due to 
land reclamation activities a few decades ago, two polders were created, 
which now form the edges of the lake. The Ketelmeer has an open connection 
to the IJsselmeer (Fig. 1). Before the enclosure by means of a barrier dam in 
1932, the whole area was an inland sea called the Zuiderzee, with an open 
connection to the North Sea. As a result of the enclosure, the environment has 
changed from tidal salty water to fresh water. 
In the sediments underlying the Ketelmeer various geological formations can 
be distinguished. At the base are the Pleistocene sands (formation of Twente). 
In the western part of the lake these sands are covered by a base-peat layer. 
On top of these layers there are Holocene clay deposits (formations of Calais 
and Dunkirk), with intercalated peat deposits. The formation of Dunkirk 
consists largely of a marine deposit of the former Zuiderzee (Zu), covered by 
the recent fresh-water IJsselmeer deposits (IJm). These two layers can be 
distinguished from each other due to the presence of shell fragments (Mya 
arenaria) in the Zu deposit (Winkels and Van Diem, 1991). 
The hydrology of the Ketelmeer shows that water infiltrates through the 
sediment into the groundwater of the polders. The infiltration rate is controlled 
largely by the presence of the base-peat layer and is significantly lower where 
the peat layer is present. 

MATERIALS AND METHODS 

Study site and sampling 
The Ketelmeer sediment was sampled at two locations (Fig. 1). Sediment 
cores were taken by putting perspex (PMMA) tubes (internal diameter 7.6 em) 
in the sediment which was collected with a box corer. The cores were taken 
from locations with fine-grained sediments that consisted only of IJm-deposits. 
The sediment accumulation rate was estimated by the use of 134CS and 137CS 
measurements (Beurskens et al., 1993). At location K1, the accumulation rate 
was reported to be 1.0 ± 0.1 cm.y(l. Location K2 is situated within a former 
sand pit area with a reported accumulation rate of about 10 ± 2 cm. y(1. For 
each location one core was used for measuring pH and temperature by 
means of a 'punch-in' method applied directly after the core sampling. 

Pore-water analysis (see also AppendiX) 
After recovery, the cores were placed vertically in a nitrogen-filled glove box 
(02 < 0.003%). The nitrogen atmosphere was necessary to prevent the pore
water chemistry from altering during squeeZing (Bray et al., 1973; De Lange et 
al., 1988). The vertical position was necessary to prevent disturbance of the 
fluid mud top layer as far as possible. The cores were sliced into sections 
which varied from a thickness of 0.5 em in the top layer to 1.5 em deeper in 
the sediments. Pore waters were squeezed from sediment slices in a 
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Figure 1 Overview of the Rhine estuary and sampling locations in lake 
Ketelmeer (K1 and K2). Location K2 is situated in a former sand-pit area. 

Reeburgh-type press (Reeburgh, 1967) over a 0.2 J.Lm cellulose-acetate filter. 
The press, made of Teflon (PTFE), was also placed in the nitrogen-filled glove 
box. The collected pore water was immediately subdivided into two separate 
portions. One portion was used for the analysis of ammonium, nitrate and 
phosphate. Ammonium was analysed using the phenol-hypochlorite method 
(Helder and De Vries, 1979), and nitrate and phosphate were analysed by 
automated Strickland and Parsons (1968) methods. The second portion was 
acidified with concentrated HN03 (Suprapur) to a final 0.1 M acid concentrati
on. In this solution metals such as Fe were analysed by Inductively Coupled 
Plasma Atomic Emission Spectrometry (ICP-AES). 

Solid-phase analysis 
After the extraction of pore waters, the solids were stored in airtight glass 
bottles in an N2 atmosphere. A fraction of the solids was dried in the laborato
ry at 110 0 C. The dried solids (250 mg) were transferred into Teflon digestion 
vessels and were destructed with a mixture of 10 ml concentrated HF and 10 
ml HN03-HCI04-H20 (5:13:2). After destruction, the liquid was evaporated on a 
hot sand bath and the residue was taken up in aiM HCI solution. Major 
elements were measured by ICP-AES. Organic carbon was determined by 
combustion at 900 C and the produced CO2 was measured by IR-detection 0 

on a TOC analyser. Prior to the measurement inorganic carbon was removed 
by 1M HCI. For the detection of authigenic minerals, a slice (0.5 cm) of the 
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solid phase of core K1 from a depth of 20 em was freeze-dried under oxygen
free conditions, impregnated with an epoxy resin coated with carbon and 
scanned with an electron microbeam. The elements were then identified by 
means of X-ray fluorescence spectrometry. 

RESULTS 

Sediment characteristics 
The collected cores had a brownish top layer with a thickness of a few 
millimetres. Beneath this layer the sediment is dark-greyish. The colour of the 
sediment may give an indication of the oxidation state of iron (Lyle, 1983). The 
brownish colour of the thin top layer could be caused by coatings of ferric 
hydrous oxides, indicating an oxygenated environment, whereas the greyish 
colour indicates the presence of reduced iron species. Table 1 shows the 
contents of some major elements of cores K1 and K2. The location of the 
location K1 and K2 is given in figure 1. The results show that the major 
element distribution in both cores is very similar. In both cores the organic 
carbon content is between 3.06 and 5.93% and shows no remarkable gradient 
with depth. The total P content is between 0.28 and 0.5% and the pattern of P 
is similar to that of organic C. For core K1 particle-size determinations show 
that 25.6% of the particles in the 0-7 cm layer are smaller than 16j.Lm, whereas 
for core K2 the percentage is 31.5% (Winkels and Van Diem, 1991). Both 
cores can be characterized as finely grained, clay-rich sediments. Therefore, 
the fairly high AI content, constant with depth (Table 1), demonstrates that the 
sediments are rich in clay minerals. The total Fe content shows a distribution 
similar to that of AI. The Fe/AI (w/w) ratio is fairly constant with depth and 
remains between 0.64 and 0.71 for core K1, and between 0.71 and 0.75 for 
core K2. These ratios do not show a trend in the sediments. However, the pH 
profiles show a systematic decrease with depth. Mineralization of organic 
matter produces CO2 acidity in the sediment. The production of CO2 may 
cause dissolution of calcium carbonate minerals (Suess, 1979; Kroopnicke, 
1974). The Ca content (i.e. carbonates) of the sediment drops from 5.14% at 
the sediment surface to 4.11 % at a depth of 26 - 29 cm in core K1, whereas 
core K2 shows a decrease from 5.60% to approximately 4.69% (Table 1). 

Pore water results 
For both cores the profiles of ammonium and phosphate show that in the pore 
water the ammonium and phosphate concentrations are higher than in the 
bottom water (Fig. 2a,b). For phosphate there is a strongly increasing 
concentration in the top few centimetres of the sediment. Deeper in the 
sediment the phosphate concentration in pore-water reaches a maximum, and 
even shows a slight decrease with depth (Fig. 2b). The nitrate profiles show a 
similar pattern in both cores (Fig. 2c). Directly beneath the sediment - water 
interface a reduction of nitrate is observed. At a depth of approximately 2 cm 
beneath the interface, all the nitrate has been depleted from the pore-water 
solution. Figure 2d shows that for both cores the iron concentration increases 
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TABLE 1. Major element chemistry and pH of the sediment from the lake 
Ketelmeer at locations K1 and K2. 

Location K1: 

Depth pH AI Fe Ca Fe/AI Org C p 

(em) (%) (%) (%) (%) (%) 

-5-0 7.96 

0-0.5 7.56 4.46 3.05 5.14 0.68 4.03 0.33 

0.5-1.5 7.52 4.08 2.65 4.95 0.65 3.06 0.28 

1.5-3 7.52 4.15 2.70 4.91 0.65 3.11 0.30 

3-5 7.50 4.58 3.18 4.84 0.69 3.84 0.36 

5-7 7.46 4.59 3.25 4.89 0.70 3.78 0.37 

7-9 7.46 4.74 3.21 4.39 0.67 3.65 0.38 

9-11 7.39 4.70 3.24 4.55 0.69 3.86 0.41 

11-14 7.32 4.65 3.18 4.33 0.68 3.87 0.42 

14-17 7.29 4.44 2.86 4.00 0.64 3.42 0.34 

17-20 7.17 4.30 2.97 4.15 0.69 3.82 0.38 

20-23 7.18 4.14 2.82 4.13 0.68 4.11 0.37 

23-26 7.11 4.66 3.32 4.46 0.71 5.17 0.50 

26-29 7.17 4.91 2.97 4.11 0.70 4.57 0.44 

Location K2: 

-5-0 7.81 

0-1 7.70 4.66 3.49 5.60 0.74 4.71 0.40 

1-2 7.70 4.64 3.48 5.54 0.75 4.91 0.39 

2-3 7.68 4.67 3.40 5.14 0.73 4.97 0.40 

3-4 7.63 4.69 3.43 5.28 0.73 5.20 0.40 

4-5 7.58 4.73 3.42 5.16 0.72 4.84 0.40 

5-6.5 7.49 4.74 3.40 4.98 0.71 5.03 0.40 

6.5-8.5 7.42 4.94 3.51 4.85 0.71 4.31 0.40 

8.5-11 7.34 4.88 3.56 4.62 0.73 5.38 0.39 

11-13 7.28 4.96 3.63 4.53 0.73 5.30 0.41 

13-16 7.22 5.09 3.69 4.46 0.72 4.88 0.41 

18-21 7.25 5.14 3.67 4.57 0.71 5.12 0.41 

23-26 7.28 4.91 3.43 4.69 0.70 5.93 0.39 
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Figure 2 Pore-water concentration profiles of ammonium (a), phosphate (b), 
nitrate (c) and ferrous-ion (d) of core K1 (*) and core K2 (D) in sediments of 
Ketelmeer. The lines of ammonium and phosphate represent model curves. 
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with depth. The increase is not observed directly beneath the interface, but 
below a depth of approximately 0.5 - 1 cm is there an increase in the iron 
concentration. Whereas for dissolved phosphate a somewhat higher pore
water concentration is observed for core K1 in comparison to core K2, the 
opposite behaviour is observed for the iron profiles. For core K2 the dissolved 
iron reaches a concentration of 0.58 mM, whereas for core K1 a maximum 
concentration of 0.18 mM is observed at a depth of 24 cm beneath the 
interface. With respect to sulphate, both cores show that below a depth of 5 
cm beneath the interface all sulphate has been reduced. 

Vivianite formation 
Direct evidence for the presence of authigenic phosphate minerals was ob
tained by electron microbeam scanning with X-ray fluorescence spectrometry. 
In the sediments of the Ketelmeer, vivianite crystallites were observed in the 
anoxic zone of core K1. The vivianite crystallites attained sizes of up to more 
than 50 J.Lm (Fig. 3). Trace amounts of Ca and Mn could be seen in the 
crystallites using the X-ray spectrum. The existence of vivianite in the anoxic 
zone is in agreement with the results that Postma (1981) obtained in an other 
fresh-water sedimentation area. No evidence was found for the presence of 
other authigenic phosphate minerals such as hydroxyapatite or struvite. 

Figure 3 Electron microbeam analysis of vivianite minerals 

DISCUSSION 

The increase in the concentration of ammonium and phosphate in the pore 
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water (Figure 2a,b) is the result of the decomposition of organic matter (e.g. 
Berner, 1977; Martens et al., 1978). In the top few millimetres of the sediment 
the conditions will be oxic. Under these conditions nitrification of ammonium, 
which diffuses towards the surface water, is to be expected. However, the 
nitrate profiles (Figure 2c) show a strong decrease in concentration with depth. 
This may indicate either that the rate of denitrification exceeds the nitrification 
rate or that the nitrification process is not important in the top layer of the 
sediment. With respect to phosphate it will be strongly sorbed by ferric 
hydrousoxides umder oxic conditions (Berner, 1973). Under anoxic conditions 
as well ammonium as phosphate is released to the pore waters. This due to 
the mineralization of organic matter. In addition phosphate can be mobilized 
due to the reductive dissolution of ferric hydrous oxides under anoxic conditi
ons (Krom and Berner, 1981). The increase in the concentration of Fe with 
depth in the pore water (Fig. 2c) indicates the instability of ferric hydrous 
oxides. Some of the dissolved ferrous ions will react with sulphides to form 
iron sulphide precipitates (Berner, 1984). Moreover, ferrous ions can under 
anoxic conditions react with liberated phosphate to form ferrous phosphate 
precipitates, such as vivianite (Nriagu, 1972; Emerson, 1976). In Figure 4, the 
amount of ammonium (I1NH4) produced in the pore waters is plotted against 
the amount of phosphate (11 P04 ) produced. At low concentrations, just in the 
top layers of the sediment, there seems to be a fairly constant ratio between 
I1NH4 and I1P04 . These ratios (I1CN

/ I1CP
) are approximately 3.0 for core K1 and 

4.7 for core K2. At higher concentrations (greater depths) the ratio I1CN
/ I1CP 

starts to deviate from linearity, indicating a process of phosphate removal 
under anoxic conditions, possibly as a result of authigenic vivianite formation. 
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Figure 4 The produced ammonium concentration against the produced 
phosphate concentration in core K1 (*) and core K2 (D) in sediment of the 
Ketelmeer. The dashed lines represent the ratio of I1NH4 and AP04 in the top 
layer in the sediment. 
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Thermodynamic equilibrium calculations 
Indirect evidence for authigenic mineral formation can be obtained by calcula
ting the ion activity products (lAP) and comparing these with solubility pro
ducts of minerals. This method has however its limitations. Firstly, there is a 
lack of thermodynamic data for solids other than for the pure minerals that are 
crystalline. Besides, crystalline minerals do not seem to form very often. 
Secondly, lAP values are often overestimated because not all possible com
plexes, such as metal-organic complexes are taken into account (Emerson, 
1976; Krom and Sholkovitz, 1978). Thirdly, precipitation is often kinetically 
controlled instead of equilibrium controlled (Emerson and Widmer, 1978; 
Berner, 1980). 
In this study, the ion activity products (lAP) were calculated with the WATEQX 
program (Van Gaans, 1989). The Davies equation was used to convert the 
concentration into activity. For the calculation of the lAP of the authigenic 
phosphate minerals in the Ketelmeer sediments, various inorganic Fe2 

+_ 

phosphate complexes (e.g. FeHP04o, FeH2P04+) and Ca-phosphate com
plexes (e.g. CaHP04o) are taken into account. In Figure 4, the p(lAP) of the 
ions that possibly form authigenic minerals, i.e. vivianite (Fe3(P04)2.6H20, 
pK=36.0 (Emerson, 1976) or 33.5 (Tessenow, 1974); hydroxyapatite 
(Ca5(P04hOH; pK=54.5); struvite (MgNH4P04.6Hp; pK=13.2) and siderite 
(FeC03; pK = 10.21) are plotted against depth. 
The calculations show that pore water in the top layer of the sediment is 
undersaturated with respect to vivianite, but is saturated to supersaturated in 
deeper sediment layers (Fig. 5a). Similar results were obtained in other fresh
water sediments (Boers and De Bles, 1991). Vivianite as well as siderite may 
play a significant role in the regulation of the ferrous concentrations under 
suboxic and anoxic conditions in fresh-water sediments. The calculated 
supersaturation of vivianite and siderite may be due to the fact that organic 
ligands are disregarded. In core K1, the average DOC concentration is 
approximately 30 mg.I-1

. However, the composition of DOC in pore waters and 
of functional groups responsible for metal complexation in different redox 
environments is still poorly understood. Emerson (1976) estimated the 
complexing of Fe2+ with DOC, assuming that all DOC consists of citrate. He 
concluded, for a comparable situation, that when complexation with DOC 
would be significant, the DOC ligands must have a much stronger complexing 
ability for Fe2

+ than citrate ligands. The occurrence of vivianite in the anoxic 
layer of the Ketelmeer sediments was confirmed by electron microbeam 
analysis. With regard to other possible authigenic phosphate minerals, the lAP 
profiles of hydroxy-apatite show supersaturation at all depths (Fig. 5c). 
Although from a thermodynamic point of view, apatite should form before 
other phosphate minerals, this does not seem to occur in surface sediments of 
many lakes (Emerson, 1976). The formation of hydroxyapatite may be 
kinetically hindered (Stumm and Leckie, 1971; Boers and De Bles, 1991) and 
this may be why hydroxyapatite is unlikely to form in the sediments of the 
Ketelmeer. In contrast to hydroxyapatite the profile of struvite lAP, which is a 
phosphate as well as an ammonium mineral, shows undersaturation at all 
depths (Fig. 5d). 
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Figure 5 Ion activity products (lAP) of authigenic phosphate minerals such as 
vivianite (a), hydroxyapatite (b), and struvite (c) and of siderite (d). The straight 
line represent the solubility product of the various minerals. For vivianite the 
solubility products from two literature sources are included. 
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Modelling ammonium and phosphate diagenesis 

Model description 
This section presents a mathematical model of ammonium and phosphate 
diagenesis demonstrating their distribution in the sediment. The purpose of 
modelling the diagenesis of ammonium and phosphate is to obtain more 
information about the mineralization rate constants of decomposable organic 
matter. 
In general, the observed pore-water profiles are the result of various major 
processes such as diffusion, advection and chemical reactions. The chemical 
reactions may include production reactions such as desorption, dissolution or 
metabolization, and consumption reactions such as precipitation and 
adsorption. The pore-water profiles of ammonium and phosphate are 
evaluated quantitatively using a simple one-dimensional steady-state model. 
The general mass conservation equation for a dissolved component i of pore 
water has been described by Berner (1980): 

O(v.c~ + ERi (1)
Oz 

The resulting equation serves as the basic equation for the modelling of 
ammonium and phosphate diagenesis. 

Basic assumptions 
First, the major assumptions underlying this model are listed and discussed. 
These assumptions can be divided into two categories. First, some 
assumptions are made in order to simplify the model so that the analytical 
solution of the governing equations can be obtained. Most of these 
assumptions can be relaxed if one decides to construct a numerical solution. 
Other assumptions are introduced because of the lack of data and/or 
information on thermodynamic parameters. 
1. Percolation of water through the sediment is taken into account. At locations 
K1 and K2 (Fig. 1), the water percolation velocity is low because of the 
presence of a base-peat layer. The average downward advection rate at these 
locations is estimated to be v=6.4 cm.y(1. In the model a constant value is 
assumed. 
2. Molecular diffusion dominates the dispersion process. In general, when 
there is advection, an additional spreading of dissolved components occurs; 
this is known as hydrodynamic dispersion. In one dimension, this additional 
effect is given by a. I v \, where a is the longitudinal dispersivity (m) of 
sediments and I v I is the magnitude of percolation velocity (m.y(1). Assuming 
a value of 1 cm for a (which is an overestimation for fine sediments of limited 
thickness), one obtains an equivalent dispersion coefficient of 6.4 cm2.y(1, 
which is negligible compared to the estimated molecular diffusion coefficient 
(see below). 
3. The bulk sediment diffusion coefficient is obtained by correcting the 
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corresponding free ion diffusion coefficient in the pore water for the effect of 
the sediment structure (Berner, 1980): 

D=DoIW (2) 

On the basis of studies of Ullman and Aller (1982), 8 2 may be approximated by 
1/ ~, ~ being the porosity, for the type of sediments considered here. 
Estimated values of ON (for ammonium) and DP (for phosphate) are given in 
Table 2. These values agree well with results obtained by Krom and Berner 
(1980). 
4. Decomposition of nitrogen-bearing organic matter is described by first-order 
kinetics (Berner, 1980; Middelburg, 1990). This process, in a fixed frame of 
reference, is modelled by 

aN 
(3)

at 

5. Decomposition of organic matter produces phosphate as well. The rate of 
phosphate production is given by a relationship analogous to (3). The value of 
the decomposition constant of organic matter, ka , is taken to be the same for 
phosphate as for ammonium. It is likely that with regard to the sediments of 
the Ketelmeer, phosphate is also produced by the reduction of ferric 
hydroxides. In principle, one must model the two phosphate processes 
separately; for this, however, one needs information on the amount of ferric 
hydroxides available and their rate of reduction. At present such information is 
not available. Therefore, we assume that the reduction of ferric hydroxides 
occurs at the same rate as the production of phosphate resulting from the 
decomposition of organic matter. In the equation of mass conservation, 
therefore, one term is employed to represent both processes of phosphate 
production. 
6. Adsorption of ammonium occurs through the exchange of ammonium with 
calcium. This is probably the most significant adsorption mechanism in fresh 
water sediments (Davison and Woof, 1990). It is assumed that this process 
obeys a linear equilibrium isotherm. The adsorption coefficient for ammonium 
is estimated to vary between 0.5 and 2.0 (Bruggenwert and Kamphorst, 1982; 
Middelburg, 1990). 
7. Adsorption of phosphate is described by a linear isotherm similar to that for 
ammonium. The adsorption coefficient, Kp, is estimated to be 1.8 under anoxic 
conditions (Krom and Berner, 1980). It should be pointed out that the exact 
adsorption behaviour of phosphate in fresh-water sediments under anoxic 
conditions is not precisely known. On the one hand, the prevailing anoxic con
ditions cause ferric hydroxides to be instable and thus reduce the adsorption 
of phosphate on them. On the other hand, the pH in the sediments of the 
Ketelmeer decreases with depth, which will favour phosphate adsorption 
(Brinkman and Van Raaphorst, 1986). It is assumed that these two effects 
cancel each other out. 
8. Precipitation of vivianite occurs. It is assumed that the rate of precipitation is 
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given by a first-order kinetic formula: -k .(Cp-Ceq), where km is the rate 
constant of formation of vivianite (i\ Cnp is the actual concentration of 
phosphate in pore water (mol.m-3

), and Ceq is the equilibrium concentration of 
phosphate (mol.m-3

). 

9. Nitrification of ammonium in the top layer of the sediment is neglected. 
10. Finally, a steady-state is assumed, which means that the time derivative 
term is set to zero. 

Basic equations and modelling results 
By taking into account the basic assumptions and by transforming the t-z 
coordinate system into the t-x system by moving with the sediment - water 
interface one obtains for ammonium: 

d2C N dCNn N• - (w.(l+KN)+V)'~- + P.k.N = 0 (4a)
dx2 dx a 

dN (4b)
dx 

and for phosphate: 

d 2C P dC P PD P.--- - [w.(l+Kp)+v].-- + P.k.P - k .(C -Ceq) = 0 (5a)
dx 2 dx a m 

dP = _ k o •p (5b) 
dx w 

These equations will be subject to the following boundary conditions: 
N Pat x == 0; CN==CO , cP==co , N=No' P=Po 

x-->oo· cN_->c N cP_->c Pas ~ eq, l 

Equations (4) and (5) can be solved independently. Equation (4b) is solved as 
follows: 
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A similar equation is obtained for phosphate.
 
Substitutions of (6) in (4a) and solution of the resulting equation provides the
 
following expression for CN:
 

where: 

A similar procedure yields the following expression for CP: 

k c P = C/+(C /-Col).[1-exp(-a.x)]-K[exp(-a.x)-exp(- ;.x)] (9)e

where: 

1 

[[Cal.(1+K ) + v]2 + 4.k .DP] 2 - [w(1+K ) + v]
p m p

(10) 
2.DP 

and 

(11) 

Equations (7) - (11), together with the measurements, are used to determine 
the models parameters, following the procedure described below. Most 
parameters in these equations are known and/or can be estimated indirectly. 
As explained in the previous section, v, Cal, DN, DP, KN, Kp, CON, CoP, F, C.,Nand 
Ceq are obtained by observation and/or from the literature. The values 
employed here are listed in Table 2. Four basic parameters remain to be 
determined using the data of Figures 2a,b, i.e. ka, km , No, and Po. First the 
decomposition rate k is calculated by fitting expression (7) to the data of a 
ammonium. Next, No is directly computed from equation (8). 
As mentioned earlier, the same ka value is used for the production of 
phosphate. But then it should be realized that, whereas No is the amount of 
decomposable organic nitrogen, Po includes the amount of phosphate 
resulting from the reduction of ferric hydrous oxides, as well as from the 
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decomposition of organic matter. In determining Po' use is made of the 
3concentrations of I'JH4 + and P04 • in the top layer of the sediment. CN and cP 

seem to be linearly correlated, as seen in Fig.4. We will assume that there is a 
similar correlation between No and Po. However, corrections for the differences 
in concentration of ammonium and phosphate due to diffusion, advection and 
adsorption have to be taken into account (Berner, 1977): 

No _ AC N (D p.k + V.(,) + (1 +Kp}.(,)2)a (12) 
Po - AC p' (D N.k + V.(,) + (1 +K ).(,)2}

a N

where LlCN/ LlCP is the slope of the curve in Fig.4 at low concentrations.
 
Finally, when Po has been determined, km is obtained by fitting equation (9) to
 
the data for phosphate in Figure 2b. The fitted parameter values for both
 
curves are given in Table 2.
 

TABLE 2. Model parameters used for fitting pore water profiles of ammonium
 
and phosphate in the sediments of the lake Ketelmeer.
 

parameter Core K1 Core K2 

CON 0.033 mM 0.033 mM 

CoP 0.012 mM 0.012 mM 

Ceq 0.13 mM 0.15 mM 

DN 296 cm2/y 296 cm2/y 

Dp 125 cm2/y 125 cm2/y 

w 1 cm/y 10 cm/y 

v 6.4 cm/y 6.4 cm/y 

F 0.66 g/cm3 0.66 g/cm3 

No 72.0 p.mol/g 49.5 p.mol/g 

Po 33.8 p.mol/g 12.7 p.mol/g 

ka 0.038 y'1 0.446 y.1 

km 15 y'1 20 y'1 

The value of the decomposition rate, ka, for core K2 is about 11.5 times larger 
than that for core K1. This is probably due to the fact that, because of the high 
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rate of settling at location K2, the organic matter is fresher and thus more 
rapidly decomposable. Indeed, the decomposition rate of organic matter for 
marine depositional sediments is known to increase with the sediment 
accumulation rate. The following relationship was proposed by Toth and 
Lerman (1977) and Berner (1978): 

k = A *(,)2 (13)
a 

2where A is an empirical constant estimated to be 0.04 y.cm- . The 
decomposition rate of core K1 compares well with the value obtained from 
(13), whereas k for core K2 is much smaller than the value suggested by a 
(13). This is probably due to the range of validity of (13), which is confined to 
low settling rates typical of marine deposits. 
The No/Po ratio for both cores calculated from equation (12) (see Table 2) is 
lower than the ratio N/P=16 for decomposable organic matter (Redfield, 1958) 
and for the molar ratio (No/Po = 13) used by Boers and De Bles (1991) for the 
fresh-water lake Loosdrecht. This can be explained by two factors: i) there are 
differences in the composition of decomposable organic matter, ii) phosphate 
is released not only due to the decomposition of organic matter, but also due 
to the reduction of labile ferric hydrous oxides. It should be pointed out that in 
equation (12) the value of the effective molecular diffusion coefficient is used. 
However, in the top layer of the sediment the effective diffusion coefficient may 
be altered by processes such as bioturbation and wave currents which stir the 
top layer of the sediment (Berner, 1980; Toet and Blom, 1990). But given the 
fact that the pore-water profiles for various species in both cores show a 
gradual gradient in the top layer (Fig. 3) these processes are assumed to be 
negligible in this situation. 
From equations (9) - (11) the one unknown parameter that is left is the first
order constant (k ) for vivianite formation. Figure 6 shows the influence of m
taking different values for k on the phosphate profile of core K1. When nom 
vivianite is formed (k = 0), the phosphate profile looks similar to them 
ammonium profile. The other extreme value (k =00) shows a rapid formation of m 
phosphate minerals with C = Ceq' A trajectory of various km values between 
about 5-50 y(1 provides a good tit for the phosphate pore-water profiles. 

The mono-layer model used assumes steady-state diagenesis. However, a 
factor such as seasonal temperature variations, which is not taken into 
account in this study, may both affect the decomposition rate and the mineral 
formation rate. This may result in seasonal fluctuations of ammonium and 
phosphate in the sediment (Boers and Van Hese, 1988). Moreover, vivianite 
formation occurs at a depth where there is vivianite saturation. The top layer of 
the sediment shows undersaturation (Fig. 4) and thus for phosphate 
modelling, a multilayer model would be desirable. Supersaturation of vivianite 
deeper in the sediment would suggest that precipitation kinetics other than a 
first-order reaction rate is applicable. Emerson and Widmer (1978) concluded 
from flux calculations that precipitation of vivianite was a surface-controlled 
process, which could be described by rate processes of a higher order. 
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Figure 6 The sensitivity of the formation rate of vivianite (y-1) on the phosphate 
pore-water profiles (core K1) from sediment of lake Ketelmeer. 

Ammonium and phosphate fluxes 
The diagenetic reactions in the sediment result in differences in the 
concentrations of ammonium and phosphate in the surface water and in the 
sediment. Consequently, a flux of nutrients occurs across the sediment - water 
interface and into the surface water. This will adversely affect the surface-water 
quality. The result of diffusive and advective fluxes entering the surface water is 
given by 

a.... 
w 
0-20 

-25 

In this equation the subscript zero refers to the sediment - water interface. In 
Table 3, the flux of ammonium and phosphate towards the surface water is 
shown for both cores. The fluxes are determined mainly by diffusion 
processes, despite the high advective burial and infiltration rate for core K2. 
However, as mentioned earlier, additional (diffusive) processes in the top layer 
such as bioturbation and wave current mixing will increase the effective 
diffusion across the interface. Should one be interested in modelling these 
effects, then a depth-dependent diffusion coefficient or a multilayer model has 
to be developed. Another effect that may be important is the wind. A strong 



31 Nand P in sediments of lake Ketelmeer 

wind could result in a resuspension of the sediment top layer (Toet and Blom, 
1990). Due to this resuspension process, the anoxic sediment could interact 
with the oxygenated surface water, resulting in the dissolution of vivianite 
precipitates and thereby increasing phosphate concentrations in the surface 
water. None of these effects are considered here. 
Besides the additional mixing processes mentioned above, chemical 
processes will affect the real flux. For ammonium the flux can be affected by 
the nitrification in the top few millimetres of the sediment, and for phosphate 
the much stronger adsorption on ferric hydrous oxides at the oxic interface 
layer may affect the flux towards the surface water. 
It is difficult to extrapolate the fluxes to the entire Ketelmeer surface water, 
because the sediment types vary greatly (Winkels and Van Diem, 1991) and 
concentration profiles may vary substantially. 

TABLE 3. Calculated fluxes of ammonium and phosphate from the sediment 
towards the bottom water. 

II_F_I_ux_e_s I_c_o_re_K_1 I_c_0_r_e_K_2---------11 

I NH4 + 4.9 mg N.m·2.day·1 7.4 mg N.m-2 .day·1 

I PO/ I 1.75 mg P.m·2.day·1 1.83 mg P.m'2.day"1 

CONCLUSIONS 

Due to diagenetic processes pore-water in the sediments of the Ketelmeer 
contains higher concentrations of ammonium and phosphate than the surface 
water. Pore water nitrate is consumed directly beneath the sediment - water 
interface and dissolved iron also shows an increase in the concentration with 
depth. Calculations of the ion activity products (lAP) of various authigenic 
minerals point to (super)saturation with respect to vivianite and hydroxyapatite. 
Vivianite, which may be important in the regulation of the phosphate 
concentrations under anoxic conditions, is found in the sediment. The pore
water profiles of ammonium and phosphate are quantified by using a simple 
one-layer steady-state model. The model yields a mineralization rate constant 
for decomposable organic matter of 0.038 y(l for core K1 and of 0.446 y(l for 
core K2. Flux calculations for both cores show that the sediments are a source 
of the ammonium and phosphate found in the overlying water. 
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TRACE METALS IN THE FRESH-WATER SEDIMENT OF LAKE 
KETELMEER (The Netherlands) 

Abstract - The distribution of various trace metals was investigated in the 
fresh-water sediment of lake Ketelmeer. The pore-water profiles of N03", Mn, 
Fe and SO/- were measured to establish the redox conditions in the 
sediment. All N03- is depleted within a few millimetres beneath the sediment 
water interface, which indicates that anoxic conditions already exist in the top 
layer of the sediment. The dissolved Mn and Fe profiles show an increase in 
concentration with depth. All sot is reduced into sulphide species within the 
first 5 centimetres of the sediment. 
The pore-water profiles of Cd, Cu, Zn, Ni and As show concentration peaks 
primarily within the suboxic sediment layer. The peaks can be related to the 
decomposition of organic matter, the reduction of Fe and Mn hydroxides 
and/or the oxidation of sulphides. In the anoxic zone a decrease in the pore
water concentrations of Cd, Cu, Zn, Ni and As is found, which may be due to 
precipitation with (iron) sulphides. Thermodynamic equilibrium calculations 
show that the anoxic pore waters are supersaturated with respect to CuS, 
nearly saturated to CdS and NiS, but undersaturated with respect to ZnS. 
However, electron microprobe analysis revealed the presence of authigenic 
ZnS in the neighbourhood of iron sulphide precipitates. The Cr profiles show 
an anomalous behaviour compared to the other trace metal profiles. An 
increase in the Cr concentration with depth is found, which indicates that Cr is 
not closely associated with sulphides. Its increase with depth may be due to 
complexation with dissolved organic ligands. In this study the pore-water 
profiles of Cd are evaluated quantitatively by developing a one-layer and a 
two-layer steady-state model. A similar approach could be used for Cu, Zn, Ni 
and As. 

INTRODUCTION 

In sediments the distribution of trace metals between the water phase (pore 
water) and particulate matter phase as well as the speciation of trace metals 
will largely be influenced by the diagenetic processes occuring in the 
sediment. The diagenetic processes are driven by the decomposition of 
organic matter and concomitant reduction of oxygen, nitrate, manganese and 
iron hydrous oxides and sulphate. 
Due to the decomposition of organic matter and reductive dissolution of 
manganese and iron hydrous oxides, associated trace metals such as Cu, Cd, 
Pb, Cr, Zn, Ni or As can be released into the pore water. As a result of these 
processes an increase in trace-metal concentrations is often found directly 
beneath the sediment-water interface (e.g. Klinkhammer 1980; Klinkhammer et 
al. 1982; Lyle et al. 1984; Shaw et al. 1990). The enhanced trace-metal 
concentrations are found often in a suboxic environment, where oxygen is 
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absent and where a reduction of nitrate, manganese and ferric iron occur. 
However, the depth of the suboxic zone and intensity of this mobilization 
process may vary greatly and depends on the sediment type and depositional 
environment. 
Deeper in the sediment anoxic conditions prevail and reduction of sulphate 
and fermentation of organic matter takes place. In this environment the trace
metal concentrations are regulated mainly by sulphides (e.g. Boulegue et al. 
1982; Davis-Colley et al. 1985; Giblin et al. 1986). However, most of these 
studies have been performed in near-coastal, estuarine or marine environ
ments. In such environments the dissolved hydrogen sulphide species can 
reach concentration levels of 10-44 to 10-24 M (Davis-Colley et al. 1985). In 
fresh-water sediments, however, there is usually an abundant supply of 
decomposable organic matter but only a limited supply of sulphate. In this 
case, the sulphides produced are scavenged mainly from the pore water by an 
excessive amount of dissolved Fe2 

+ to form various iron-sulphide precipitates 
such as greigite, mackinawite or pyrite (Berner 1981). In such sediments 
ironsulphides may be important in controlling the trace-metal concentrations 
(Di Toro et al. 1992; Huerta-Diaz and Morse 1992). 
The aim of our study is to investigate the major diagenetic processes in fresh
water sediments in lake Ketelmeer and their control on trace-metal 
concentrations in the pore waters. Secondly, we develop a steady-state model 
for the purpose of quantifying the concentration-controlling processes of trace 
metals and relating them to chemical-physical processes such as diffusion and 
advection. In this model the rate and extent of organic matter decomposition 
(see Chapter 2,) is linked to the cycling of trace metals in sediments. 

STUDY AREA 

The Ketelmeer is a shallow fresh-water lake in the central part of the 
Netherlands, and is one of the important sedimentation areas of the river Rhine 
(Fig.1). A few decades ago two polders were created in this area as a result of 
land reclamation activities. These polders now form the edges of the lake. On 
the west side, the Ketelmeer has an open connection to lake IJsselmeer. 
Before enclosure by a barrier dam in 1932, the whole area was an inland sea 
(Zuiderzee) which had an open connection to the North Sea. Due to this 
enclosure, the environment changed from an estuary to a fresh-water lake. 
Various deposits can be distinguished in the sediment of lake Ketelmeer. The 
youngest geological stratum in the Ketelmeer sediment is the IJsselmeer (IJm) 
deposit with an average thickness of 0.45 m. Underneath this layer there is a 
salt-water deposit, the so called Zuiderzee (Zu) deposit. The distinction 
between Zu and IJm-deposits can be made on the basis of shell-fragments 
(Mya arenaria), which are present in the Zu-deposits (Beurskens et al. 1993). 
Geochronological reconstructions of the Ketelmeer sediments indicate that 
high levels of As and trace metals such as Cd, Cu, Zn, Ni, and Cr were 
deposited between 1955 and 1970 in the IJm-sediment layers. During the last 
few decades the trace-metal content of the sediments has decreased again as 



Trace-metals in sediment of lake Ketelmeer 39 

a result of the pollution-control measures taken in the drainage basin of the 
river Rhine (Beurskens et al. 1993). 
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Figure 1 Overview of the Rhine estuary and sampling locations in lake 
Ketelmeer (K1 and K2). Location K2 is situated in a former sand pit area. 

MATERIAL AND METHODS 

Study site and sampling 
Sediment cores were taken on 22 Apnl 1991 at two locations (K1 and K2 
respectively) in the Ketelmeer by means of a box corer (Fig. 1). The cores 
consisted of only fine-grained IJm-deposits. The sediment accumulation rate 
was estimated by means of 134CS and 137Cs measurements (Beurskens et al. 
1993). At location K1 the sediment accumulation rate is reported to be 1.0 ± 
0.1 cm.y(1, whereas for location K2, situated in a former sand-pit area, a high 
sediment accumulation rate of about 10 ± 2 cm.y(1 is reported. From each 
box core at least three subcores were collected, each with an internal diameter 
of 7.6 cm. One of the cores was used for measuring the pH and temperature 
by means of a 'punch-in' method, immediately after sampling. The other two 
cores were used for pore-water and sediment analysis. 

Pore-water analyses 
After collection, one subcore was placed upright in a nitrogen-filled glove box. 
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The nitrogen atmosphere was necessary to prevent any alteration in the pore 
water chemistry during squeezing (De Lange et al. 1988). The vertical position 
was necessary to prevent disturbance of the fluid top layer. The cores were 
cut into slices which varied from 0.5 em in the top layer to 1.5 em thickness 
deeper in the sediments. The pore waters were collected by squeezing the 
slices in a Reeburgh-type press (Reeburgh 1967) over a 0.2 J.Lm cellulose
acetate filter. The press was also placed in a nitrogen-filled glove box (02 < 
0.003%). To prevent trace-metal contamination of the pore waters, we used a 
press made of teflon (PTFE) and collection bottles of polyethylene (HOPE). 
The collection bottles were cleaned for some weeks in a 2 M HN03 solution 
and were then rinsed thoroughly with double-distilled water. The collected 
pore-water samples were immediately sub-divided into three separate portions, 
which were used for the different analyses. 
(1) Non-acidified portion. In this fraction nitrate was determined by automated 
Strickland and Parsons (1968) methods. The analyses were carried out directly 
after pore water collection. (2) Acidified portion. This fraction was acidified with 
concentrated HN03 (Merck Suprapur) to a final acid concentration of 0.1 M. In 
this solution we determined the major cations, trace metals and sulphur. The 
major cations and trace metals were analysed by Inductively Coupled Plasma 
Atomic Emission Spectrometry (ICP-AES) and Graphite Furnace Atomic 
Absorption Spectroscopy with Zeeman correction (ZGAAS). Arsenic was 
measured by AAS with hydride generation. The detection limits were 2.3 /1og/1 
for iron, 0.5 /1og/1 for manganese, 0.02 /1og/1 for cadmium, 0.1 /1og/1 for 
chromium, 0.6 /1og/1 for copper, 0.1 /1og/1 for nickel, 3.0 J.Lg/1 for zinc and 0.1 
/1og/1 for arsenic. Total sulphur as measured with the ICP-AES is attributed to 
sulphate. (3) DOC portion. The dissolved organic carbon (DOC) fraction was 
collected in glass bottles; these were pre-heated at 500 0 C and were covered 
with aluminium foil, which was also heated at 500 0 C. The method of analysis 
is similar to that by Henneke and De Lange (1990). Five ml of the DOC 
fraction was put into a glass ampoule, to which 250 /101 of 6% phosphoric acid 
and 200 mg of K2S20 S were added. The ampoules were purged for 6 min to 
remove inorganic carbon, and then were sealed for 3.5 h at 130 C for total 0 

oxidation of the dissolved organic matter. The generated CO2 was measured 
by IR-analysis. 

Solid phase analyses 
After extraction of the pore waters, the solids were stored in airtight glass 
bottles. A fraction of the solids was dried in the oven at 60 0 C. The dried solids 
(250 mg) were transferred into Teflon digestion vessels and were totally 
destructed with a mixture of 10 ml concentrated HF and 10 ml of HCL04

HN03-H20 (13:5:2). After destruction the liquid was evaporated on a hot plate 
and the residue was taken up in a 1 M HCI solution. Major and trace elements 
were measured by ICP-AES, with the exception of Cd which was analysed by 
ZGAAS and As which was analysed by the hydride-AAS. 
The acid volatile sulphides (AVS) were determined by adding 10 ml 3M HCI to 
10-20 mg squeezed sediment. To prevent oxidation of the samples the 
sampling was carried out in a glove bag under a nitrogen atmosphere. After a 
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reaction time of 20 min, the volatile H2S(g) produced was collected in a 1M 
NaOH solution. The HS- concentration was measured at -0.68V by means of a 
polarographic technique. 
Organic carbon was determined by the use of a combustion method at 900 
o C, where CO2 is measured by a pressure unit. Prior to the measurement 
inorganic carbon was removed by a 1M HCI solution. 
For the detection of authigenic minerals and possible trace-metal associations, 
a slice of the solid phase of core K1 from a depth of 20 cm was freeze-dried 
under oxygen-free conditions, impregnated with an epoxyresin, coated with 
carbon and analysed with an electron microprobe. The elemental composition 
of a solid phase particle was determined by X-ray fluorescence spectrometry. 

Thermodynamic equilibrium calculations 
On basis of the pore-water composition, eqUilibrium calculations were carried 
out using the program WATEQX (Van Gaans 1989). The program includes 
associations between major cations (Na +, K+, Ca2 +, Mg2 +, Ba2 +, H+), ligands 
(OH-, cr, sot, cot, PO/, S2-, NH3) and trace metals (Fe2+, Fe3 +, Mn2+, 
Cd2 +, Zn2 +, Ni2 +, Cu +). The equations and equilibrium constants, with respect 
to trace-metal speciation, are obtained mainly from Ball ef al. (1980), Turner st 
al. (1981), Morel (1983) and Balistrieri et al. (1992a). The ion activities were 
calculated from the concentration data and activity coefficients were calculated 
by use of the Davies equation. 

RESULTS AND DISCUSSION 

sediment redox conditions 
Before discussing the trace metal diagenesis in the sediments of the 
Ketelmeer, we will first briefly discuss the redox conditions in the sediment. 
In the sediment the organic matter will be oxidized by a thermodynamically 
predictable sequence of oxidants (i.e. oxygen, nitrate, Mn hydrous oxide, Fe 
hydrous oxide, and sulphate). The final step in the sequence will be the 
fermentation of organic matter into bicarbonate and methane (e.g. Froelich et 
al. 1979). A nitrate concentration of 0.31 mM was measured in the surface 
water. The pore-water profiles at both locations show that denitrification starts 
directly beneath the sediment - water interface and that N03- is completely 
consumed at a depth of about 1.0 cm (Fig. 2a). In this study oxygen, which 
precedes nitrate as an electron-acceptor, is not measured in the sediment. 
Although the surface water is nearly saturated with oxygen throughout the 
year, the nitrate profiles indicate that penetration of oxygen into the sediment is 
restricted to only the top few millimetres. 
The dissolved Mn profiles show that the concentration starts to increase 
directly beneath the sediment - water interface (Fig. 2b). This increase is the 
result of the reduction of Mn hydrous oxides into the reduced rather soluble 
and mobile Mn2 

+ species. Due to the concentration gradient a flux of Mn 
towards the surface water can be expected. 
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Figure 2 Pore-water profiles of dissolved nitrate (a), manganese (b), iron (c) 
and sulphate (d) of the cores K1 (*) and K2 (0). 

The Fe pore-water profiles resemble the profiles of Mn (fig. 2c). Ferric hydrous 
oxides are reduced beneath the interface, which leads to an increase in the 
Fe2

+ concentration with depth. The ion activity products (lAP) have been 
calculated for various Mn and Fe minerals using the program WATEQX (Van 
Gaans 1989). The calculations show that in these fresh-water sediments the 
Mn concentrations would probably be controlled by formation of rhodochrosite 
(MnC03(sj) and point to (super)saturation in the anoxic zone for the Fe 
minerals such as siderite (FeC03(s)) and vivianite (Fe3(P04)2.8H20(s)) (see 
chapter 2). Large amounts of vivianite crystals were found in these sediments 
with the use of electron microprobe analysis (see chapter 2). Vivianite and 
siderite are found predominantly in fresh-water sediments with pore waters of 
low chloride, high Fe2

+ concentrations and hardly any dissolved sulphides 
(Postma 1981). 
The sulphate profiles show a reduction in the sulphate concentration within the 
first 5 centimetres of the sediment. Below this depth almost all sulphate is 
consumed (Fig. 2d). The collected cores all had a brownish top layer with a 
thickness of approximately 5 millimetres. Beneath this layer the sediment is 
dark grey, which may be due to the presence of authigenic amorphous Fe(II)
sulphides (Lyle 1983). The sulphide concentration in the pore waters was not 
measured in this study, but according to our predictions, the sulphide 
concentration would be very low. Due to the high Fe2 

+ concentrations (up to 
0.59 mM) in the pore waters, the sulphides produced are precipitated mainly 
as Fe(II)-sulphides such as mackinawite (FeS) and pyrite (FeS2) (Eq. 1a,b). 
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FeS(.) + SO -- FeS2(s) (Eq. Ib) 

In these fresh-water sediments the pyrite formation is limited by the availability
 
of sulphate. On the basis of the ion activity product (lAP) calculations the
 
sulphide concentration would have to be between 0.1 and 1.1 MM in the
 
anoxic zone in order to be in equilibrium with iron sulphides. For this
 
calculation the sulphide species mentioned in table 1 are used. The calculated
 
sulphide concentration range compares well with the concentrations found in
 
the sediments of lake Greifensee (Emerson 1976).
 
From the pore-water profiles shown in Fig. 2 it appears that it is difficult to
 
determine precisely the depths at which reduction of the specific oxidants
 
begins. In the top layer of the sediment the transition from the oxic towards
 
the suboxic (denitrification, Fe and Mn oxide reduction) and anoxic (sulphate
 
reduction) environment is rather diffuse. This may be due to the rapid
 
consumption of the oxidants within the first few centimetres of the sediment.
 
This indicates also that the sediments of the Ketelmeer contain an abundant
 
supply of decomposable organic matter.
 

Trace-metal distribution in pore water
 
Figures 3 and 4 show the pore-water profiles, marked with an asterisk, of Cd,
 
Cu, Zn, Ni, Cr, and As for locations K1 and K2. There is a close resemblance
 
between the pore-water profiles at K1 and K2 for each of these trace elements.
 

cadmium. copper, zinc and nickel
 
Concentration peaks of Cd, Cu and Zn can be distinguished especially within
 
the first few centimetres beneath the interface (Figs. 3a,b,c and 4a,b,c).
 
However, in comparison to the bottom water concentration, the observed
 
peaks for these elements are within the same concentration range, which
 
indicates no clear net remobilization. Moreover, some of the peaks are not well
 
developed and based on only one measurement. The pore-water profiles of Ni
 
show a well-developed concentration peak within the subsurface layer of the
 
sediment (Fig. 3d, 4d). In comparison to the bottom water concentration, Ni is
 
enriched in this layer by a factor 2 to 4.
 
Although it is difficult to distinguish the various redox zones in the top layer of
 
these sediments (Fig. 2), the concentration peaks for Cd, Cu, Zn and Ni occur
 
primarily in the suboxic zone, which is the transition zone between the oxic
 
and the anoxic (sulphate reducing) environment.
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Figure 3 Pore water (*) and solid phase (D) profiles of Cd (a), Cu (b), Zn (c), 
Ni (d), Cr (e), and As (f) from location K1 

In sedimentary environments trace-metal concentration peaks are often found 
near the sediment - water interface (e.g. Klinkhammer et al. 1982; Douglas et 
al. 1986; Gaillard et al. 1986; Shaw et al. 1990). The following diagenetic 
processes could be responsible for this trace metal mobilization. 
1. Degradation of particulate organic matter. Salomons and Mook (1980) 
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Figure 4 Pore water (*) and solid phase (D) profiles of Cd (a), Cu (b), Zn (c), 
Ni (d), and Cr (e) from location K2. 

observed for the surface water of lake IJsselmeer (Fig.1) an uptake of Cd, Cr, 
Zn and Cu by algae. Sigg et al. (1987) found that for lake Zurich biological 
material is an important carrier phase particularly for Cu and Zn. Due to the 
decomposition of organic matter in the sediments, associated trace metals can 
be liberated and increase their pore-water concentrations. Degradation of 
organic matter is also an important source for dissolved organic compounds 
(DOC). For core K1 the DOC concentration is relatively high in the pore water 
compared to the bottom water (Fig. 5). 
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Figure 5 The pore water profile of dissolved organic carbon from location K1. 

Although the total DOC concentration does not contain any qualitative 
information about functional complexing groups, trace metals such as Cu and 
Zn have in general a large affinity to form complexes with DOC (Mantoura et 
al. 1978; Elderfield 1981; Douglas et al. 1986). Due to these complexes the 
solubility of trace metal may be enhanced. As suggested by Krom and 
Sholkovitz (1977), the composition of DOC would not be constant with depth 
in the sediment. In the surface sediments more low-molecular-weight organic 
chemicals would exist (e.g. fatty acids (acetate), aminoacids), whereas deeper 
in the sediment they could be transformed to higher molecular weight 
polymers (e.g. fulvo acids and humic acids). This process could have an effect 
on the capacity for complexation with trace metals, and therefore be of 
importance for the solubility of trace metals in pore waters. 
2. Reduction of Mn and Fe hydrous oxides. Trace metals sorbed on these 
oxides are liberated when the host phases dissolve under reducing conditions 
(Fig. 2b,c). Remobilization of Ni in the top layer of the sediment could be 
linked to the cycling of Mn (Shaw et al. 1990; Balistrieri et al. 1992b). Data on 
trace metals in suspended matter in the river Rhine show that Ni correlates 
better with Mn than do Cd, Cu or Zn (Paalman and Van der Weijden, 1992). 
3. Oxidation of sulphides. The sulphate profile suggests that sulphides are 
already formed in the subsurface layer of the sediment (Fig. 2d). As a result of 
seasonal variations in the sedimentation regime and organic matter 
decomposition rates, the· oxidized layer will not have a constant thickness 
throughout the year and oxygen could diffuse episodically into the suboxic 
zone and oxidize (iron)sulphide precipitates. Such periodic oxidation of Fe 
sulphides has been put forward as an explanation for the peaks in Cu, Ni and 
Cd in Narragansett Bay sediments (Elderfield et al. 1981). Moreover, due to 



47 Trace-metals in sediment of lake Ketelmeer 

bioturbation and other mixing processes, sulphide precipitates formed in the 
anoxic layer of the sediment could be transported upwards and be oxidized. 
Otherwise, it is possible that due to biological activity burrows are formed in 
the anoxic layers. As a result oxygen penetrates into these layers and oxidizes 
sUlphides. In addition, in the shallow lake Ketelmeer, the top layer of the 
sediment can have been mixed by the influence of the wind (Toet and Blom, 
1990). The mixing of the oxygenated bottom water with the anoxic sediment 
may also lead to enhanced oxidation of sulphides. 
With the program WATEQX, trace-metal speciation calculations were 
performed for the bottom water of lake Ketelmeer and for the pore waters in 
the top layer of the sediment. The results show that under these oxic and 
suboxic (sulphide free) conditions the main inorganic species are for Zn2 + (90
92%) and ZnS040 (5-6%) for Zn; Cd2 + (66-70%), CdCI+ (22-26%) and CdS040 

(4-6%) for Cd; CuC030 (79-88%) and Cu2+ (3-8%) for Cu; Ni2+ (49-59%) and 
NiC030 (37-47%) for Ni. Complexation of trace metals by organic ligands is not 
considered in these calculations. However, the relatively high DOC 
concentration in the pore water (Fig. 5) compared to the bottom water, 
indicates that organic complexes of trace metals likely occur. 
Deeper in the sediment a decrease in the pore-water concentration is 
observed for Cd, Cu, Zn and Ni, resulting in low concentrations in the anoxic 
zone (Figs. 3a-d, 4a-d). As mentioned before, sulphides may be important in 
the control of the concentrations of Cd, Cu, Zn and Ni in the anoxic zone (e.g. 
Boulegue et al. 1982; Giblin et al. 1986). In fresh-water sediments the sulphide 
concentration in the anoxic pore water is controlled by the solubility product of 
iron sulphides (Emerson, 1976; Balistrieri et al. 1992a). These iron sulphides 
may also be important in scavenging trace metals from the pore water in that 
they incorporate these metals into the crystal structure (Huerta-Diaz and 
Morse, 1992). However, it is questionable whether the sulphide concentration, 
which is calculated to be between 0.1 - 1.1 J.LM, is sufficient to form 
precipitates with trace metals such as Cd, Cu, Zn, or Ni. Using the stability 
constants listed in table 1, calculations show that in the anoxic zone of the 
sediment nearly 100% of the dissolved Cd, Cu, Zn and Ni will exist as 
monosulphide complexes (MeSO). This is in agreement with the results found 
by Balistrieri et al. (1992b) for the sulphide-containing fresh surface-water 
layer. In table 2 the lAP values of trace metal sulphides are compared with 
their solubility products. The results show that the pore waters are supers
aturated with respect to Cu(II)S. This supersaturation may be due to the fact 
that the complexation of Cu with dissolved organic ligands was neglected in 
the calculations. The increase in the Cu and Zn concentrations with depth in 
the anoxic zone of core K1 (Fig. 3b,c) may be the result of the complexation 
with DOC (Douglas et al. 1986). The pore waters are nearly saturated with 
CdS and NiS. The lAP for ZnS shows that the pore water is undersaturated in 
Zn. The results indicate that although in anoxic fresh-water sediments the 
sulphide concentrations are low, the formation of discrete CdS, Cu(II)S and 
NiS could be possible. 
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Table 1. Equilibrium constants involving sulphide reactions used in speciation 
calculations to assess saturation states of trace metal sulphides. As not else 
mentioned the equilibrium constants are similar as used by BALISTRIERI et al 
(1992). 

Reactions log K 

H+ + HS· .. H2S 6.98 

H+ + S2 .. HS 18.57 

sot + 8H+ + 8e .. S2- + 4H
2
0 15.43 

log K* log K" 

MeSo Me(HS)+ Me(HSh Me(HSh Me(HS)/

Mn(lI) 16.49 18.22 44.36 64.78 84.89 

Cd(II) 23.72 25.37 51.51 71.93 93.07 

Zn(lI) 23.66 25.47 51.61 72.02 92.15 

Ni(ll) 20.99 22.73 48.87 69.29 89.41 

CU(II) 12.50# 

Reaction log Kso 

FeS(s) + H + .. Fe2 
+ + HS

- freshly precipitated FeS -2.9 ± 0.1 

- mackinawite -3.63 ± 0.05 

- FeS (undefined phase) -4.16 ± 0.49 

* defined by Me2+ + S2- .. MeSo.
 
** defined by Me2 + + nS2- + nH+ .. Me(HS)n(2-n), where n=1-4.
 
# defined by Me2 + + HS- .. MeSo + H+ (DYRSSEN (1989».
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Table 2. Comparison of the ion activity products (lAP) of trace metals 
sulphides with the solubility products (Kso)' The lAP values are calculated from 
anoxic lake Ketelmeer pore waters at the locations K1 and K2 at a depth of 25 
em. 

Cd(II) Zn(II) CU(II) Ni(II) 

log lAP' 

K1 -14.19 -11.37 -19.67 -9.51 

K2 -14.60 -11.94 -20.49 -9.48 

..
log Kso -14.10 -9.64 -22.19 -9.23 

* defined as IAP=(Me2 +).(HSV(H+)
 
** defined as Kso=(Me2 +).(HS")/(W); 01 TORO etal, 1992.
 

Chromium 
The pore-water profiles for Cr show a similar pattern in both cores (Fig. 3e and 
4e). In contrast to the profiles of the other trace metals, the Cr profiles show 
no concentration peak in the surface layer of the sediment. Instead, the lowest 
Cr concentrations are observed at the interface and are even lower than in the 
surface water. The Cr pore-water concentration increases with depth and 
ranges from 0.8 to 9.2 /-Lg/L. The reduction in the Cr concentration in the top 
layer of the sediment could be due to the reduction of the relatively more 
soluble Cr(VI) into Cr(II'), which is afterwards rapidly precipitated or adsorbed 
(Richard and Bourg 1991). Under oxic conditions, which exist in the surface 
water, Cr would be mainly present as the anionic Cr(VI) species (Richard and 
Bourg 1991), whereas in an Fe(ll) and dissolved organic-rich environment, 
such as exists in the surface layer of the sediment (Fig. 2c), reduction of 
Cr(VI) is more likely to occur (Eary and Rai 1988; Richard and Bourg, 1991). 
Apart from the possible reduction of Cr(VI) into Cr(lll) in the sediment and 
concomitant change of the adsorption pattern for Cr, a large part of Cr could 
have been originally present in the organic matter and could have been 
liberated by mineralization of organic matter. Similar Cr profiles were found by 
Douglas et al. (1986) for the pore waters of the Narragansett Bay. They found 
that dissolved Cr was largely associated with dissolved organic matter. 
Compared to the trace metals such as Cd, Cu, Zn and Ni, which are probably 
controlled by sulphides in the anoxic zone, Cr is less likely to form 
associations with sulphides (Huerta-Diaz and Morse, 1992). 
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Arsenic 
The pore-water profile of As shows a concentration maximum near the 
sediment - water interface (Fig. 4f). At this depth the As concentration is 
enriched by a factor of about 15 in comparison to the bottom water. Deeper in 
the sediment the As concentration decreases, which suggests an uptake of As 
in the solid phase. Similar As profiles were found by Peterson and Carpenter 
(1986) for various marine sediments. However, in the fresh-water sediment in 
lake Washington they observed a similar increasing As concentration gradient 
directly beneath the interface, but in their study the As concentration increases 
slightly with depth. The subsurface As maximum was attributed mainly to the 
reductive dissolution of Fe and Mn hydrous oxides. In the oxic top layer of the 
sediment, As is bound primarily by Fe and Mn hydrous oxides (Andreae 1979; 
Peterson and Carpenter 1986; Belzile 1988). Due to the reduction of Fe and 
Mn hydrous oxides, associated As can be liberated and can increase pore
water concentrations. Moreover, it is possible that under reducing conditions in 
the sediment the inorganic arsenate (As(V)) species will be transformed to the 
more mobile arsenic (As(III)) species (Pierce and Moore 1982; Masscheleyn et 
al. 1991). Whereas under oxic conditions the major inorganic As species will 
be As(V), under anoxic conditions as in the sediment the As(llI) would 
probably be the dominating inorganic As species (Moore et al. 1988; 
Masscheleyn et al. 1991). In the pore water of the lake Washington Peterson 
and Carpenter (1986) found As(llI)jAs(V) ratios between 1.0 and 4.0. Due to 
the concentration gradient in the top layer of the sediment dissolved As will 
diffuse along the upward concentration gradient and may be partly scavenged 
from solution by sorption onto Fe and Mn hydrous oxides in the oxic layer and 
may partly escape into the bottom water. Dissolved As will also migrate along 
the downward concentration gradient and be removed from the pore-water 
solution by uptake in a solid phase. Uptake of As is possible in iron sulphide 
precipitates such as pyrite (Belzile and Lebel, 1986; Peterson and Carpenter, 
1986; Belzile, 1988). As mentioned before, iron sulphide precipitates are 
formed in the anoxic zone of the sediment. Although direct evidence for the 
enrichment of iron sulphides with As was not found by the use of electron 
microprobe analysis and although the pyritization process is limited by the 
amount of sulphate available, the iron sulphides produced seem to be reactive 
enough to reduce the As concentrations in the pore water. 

Trace metal distribution in the solid phase 
The solid phase analysis of core K1 shows that all trace-metal concentrations 
increase with depth, whereas for core K2 the concentrations are almost 
constant with depth (Figs. 3,4). Both cores can be described as finely grained, 
clay-rich sediments. The particle-size distribution is almost similar in the two 
cores and is fairly constant with depth (see chapter 2). From figure 3 it is clear 
that the trace-metal pollution in the lower river Rhine has decreased during the 
last few decades. The highest trace-metal concentrations are observed in the 
layers which were deposited between 1965 and 1970 (Fig.3). These results are 
consistent with the results obtained by Beurskens et al. 1993. Core K2 shows 
hardly any gradient in the trace-metal concentration with depth (FigA). Due to 
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Figure 6 Electron microprobe survey of a iron(mono)sulphide precipitate (a) 
and the distribution of Fe (b), S (c) and Zn (d) 
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the high sedimentation rate of about 10 cm.yr-1 at location K2, these profiles 
are a reflection of the trace-metal pollution in the last few years. 
As could be seen from the pore-water profiles of Cd, Cu, Zn, Ni and As, there 
is a decrease in the concentration in the anoxic zone compared to the oxic 
bottom-water concentration (Figs. 3,4). This decrease might be due to 
scavenging by sulphides. As mentioned before in the anoxic zone of the 
sediment precipitation of trace-metal sulphides would in theory be possible 
(Table 2). Besides, the iron sulphides may be important in scavenging trace 
metals (Huerta-Diaz and Morse 1992). The solid phase present at a depth of 
20 centimetres of core K1 was studied with electron microprobe analysis. 
Various amorphous iron-sulphides precipitates were found in the anoxic zone 
(Fig. 6). Spot analysis with X-ray fluorescence identification shows also that the 
precipitates are enriched in Zn (Fig. 6d). The molar weight ratio of these 
Fe:S:Zn precipitates is found to be 1: 1.55:0.15. Moreover, small amounts of 
Cu were detected within the preCipitates. In the figure it can also be seen that 
at the spots where Zn has accumulated (Fig. 6d), there is also an enrichment 
of S (Fig. 6c), but a decrease in the Fe concentration (Fig. 6b). This would 
imply that precipitation of ZnS could occur in the neighbourhood of iron
sulphide precipitates. However, the presence of ZnS is contradictory to the lAP 
calculations for ZnS, which show an undersaturation. Besides the uncertainties 
in the thermodynamic equilibrium calculations, there are also uncertainties 
about the redox environment around the iron-sulphide precipitates. Di Toro et 
at. (1992) suggested that due to the low solubility product of trace-metal 
sulphides (Table 2), precipitation of trace-metal sulphides may result in a 
dissociation of unstable iron-sulphide precipitates. These iron sulphides, 
known as the acid volatile sulphides (AVS), may indirectly play an important 
role in regulating trace-metal concentrations. In core K1 of the Ketelmeer an 
AVS content of 33.5 ± 2.0 I-Lmol/g was measured at a depth of 20 cm beneath 
the interface. Assuming the model is valid, this would imply that although the 
sediment is heavily polluted with trace-metals, there is a large buffer capacity 
for regulating trace-metal concentrations. In addition to the amorphous iron 
sulphide precipitates, pyrite framboids (FeS2) were found in the Ketelmeer 
sediments, but, however, with pyrite no associations with trace metals were 
found. 

Modelling of trace metal diagenesis 
In this section we present a simple mathematical model for the distribution of 
trace metals in the pore water. One of the purposes of this model is to relate 
diagenesis in the sediment to trace metal behaviour. In sediments diagenesis 
is determined largely by the decomposition of organic matter. However, the 
magnitude and rate of decomposition will depend on the amount and nature of 
the decomposable organic matter deposited on the sediment surface. For 
various sediments. differences in the mineralization rate will exist and even 
within one lake differences in the sedimentation pattern and diagenetic activity 
can be expected. The magnitude of decomposition will have its effect on the 
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magnitude of redistribution and recycling of trace metals in the sediment. In 
this study the diagenetic behaviour of ammonium was used to express the 
extent of organic matter decomposition (see chapter 2). 
In general the observed pore water profiles are the result of various 
processes, such as diffusion, advection and chemical reactions. The chemical 
reactions may include production reactions such as desorption or 
metabolization, and consumption reactions such as precipitation. 
The general mass conservation equation for a dissolved component i of pore 
water can be described by (Berner, 1980): 

ac. a ac. <3(v.c)
-' "" -(D..-') ---+L.R (Eq.2)
at az' az az ' 

where Cj is the concentration of component i in pore water (/Lg.L-1); t is the 
time (s), Dj the effective diffusion coefficient of component i (cm2

f l), z is the 
distance from a point fixed in space (cm), v is the velocity of water relative to 
the sediment (cm.y-1) and L:R; is the net rate of production of component i 

1(/Lg.L- y 1). The resulting equation serves as the basic equation for the 
modelling of trace metal diagenesis. In this study modelling of trace metal 
diagenesis is focused on Cd. However, trace metals such as Cu, Zn or Ni 
could be modelled in a silmilar way. 

Basic assumptions 
The model is based on the assumption that under oxic conditions, which 
prevail in the surface water and in the top few millimetres of the sediment, 
trace metals such as Cd, Cu, Zn or Ni are sorbed mainly on Fe and Mn oxides 
and reactive particulate organic matter. Due to diagenetic reactions in the 
sediment, organic matter will partly decompose and also a reductive 
dissolution of Fe and Mn oxides will occur. As a result sorbed trace metals on 
these particulate phases could redissolve and increase pore water 
concentrations. However, under anoxic sulphate reducing conditions trace 
metals such as Cd, Cu, Zn and Ni are scavenged from the solution due to the 
possible formation of discrete sulphide precipitates. The physical-chemical 
assumptions made in the model are that: 
1. Decomposition of organic matter is described by first-order kinetics. The 
decomposition rate constant (ka) is estimated by the steady-state modelling of 
ammonium (see chapter 2). In our study the release of trace metals is only 
attributed to the decomposition of organic matter. However, trace metals could 
also be produced due to the reduction of Fe and Mn oxides. Although the 
decomposition of organic matter is linked to the reduction of oxides, the 
contribution of each process to the release of trace metals is difficult to 
assess. Therefore, in the equation of mass conservation only one term is used 
to represent the two processes of trace metal production. 
2. Precipitation of discrete trace metal sulphides is the only removal process in 
the anoxic zone. It is assumed that the rate of precipitation can be described 
by a first-order kinetic formula: -km. (CCd - Ceq)' where k is the rate constant of m 
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the formation of discrete trace metal sulphides (y-1). The Ceq is the equilibrium 
concentration of Cd with sulphide. 
3. Adsorption of trace metals is neglected. In the sulphate reducing zone, the 
inorganic speciation of Cd, Cu, Zn and Ni, as calculated with WATEQX, is 
dominated by soluble sulphide complexes (e.g. CdSo), which have a neutral 
charge and are therefore not likely to sorb. 
4. Water percolates downwards through the sediment at a constant value rate 
of 6.4 cm.y'1. 
5. Molecular diffusion is considered only in the diffusion process and only 
diffusion of the free non-complexed Cd ion is considered. However, under 
sulphate reducing conditions the inorganic Cd speciation calculations show 
that the CdSo would be the most important soluble Cd species. For a trace 
metal such as Cu, the complexation with dissolved organic ligands may be 
more important (Douglas et al. 1986) in the effect of the diffusion behaviour. 
However, fewer or no data are available about the diffusion properties of trace 
metals ligands in sediments. 
6. The free-ion diffusion coefficient is corrected for the sediment structure.
 
Most of these assumptions are discussed more extensively in chapter 2.
 
The pore-water profile of Cd is evaluated quantitatively using a simple one

layer steady-state model and a two-layer steady-state model.
 

one-layer model 
In this one-layer model the assumption is made that sulphate reduction occurs 
directly beneath the sediment - water interface. This implies that scavenging of 
Cd due to the formation of discrete sulphides occurs directly beneath the 
interface and points to a sudden transition from the oxygenated surface water 
to the anoxic sediment. By moving the sediment-water interface by X=Z+W.t 

the t-z coordinate system will be transformed into the t-x system: 

d 2C Cd dCCd Cd
D Cd. - [w+v]'-dx + F.ka.X - km.(C-C. ) = 0 (Eq. 3) 

dx 2
q

The boundary conditions of this equations are 
at the interface: 

x == 0 ; CCd = CoCd, XCd == X Cdo
and at: 

XCd =x .... 00 ; CCd=CeqCd a , 

The solution of Eq. 3 using these boundary conditions are: 

d ~ C Cd = CoCd +(C C -CoC~.(l-exp(-It.x» -K[exp( -It.x) -exp(--.x)] (Eq. 4a) 
q ~ 
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where: 

1 

[(c.> + v)2 + 4.k .D C"J 2 - [c.> + v]m4=------------"'----------- (Eq. 4b) 
2.D Cd 

and 

<.>2.F.X Cd 

K=----------- (Eq. 4c) 
2 k m 2DClk•	 a + V.<.> + (,) - -.<.> 

k a 

In these equations w is the sedimentation rate (emf'), xed is the initial amount 
of reactive Cd (J.1g.g"), OCd is the effective diffusion coefficient of non
complexable Cd (cm2

f 1), v is the advection rate (em.y"), k is the a 
decomposition rate of organic matter (y.1), F is a conversion factor (g.cm'\ k 

m 
is the formation rate of CdS precipitates (t\ CoCd is the Cd concentration at 
the interface (J..Lg.L') and CeqCd is the pore water concentration (ugjL) of Cd 
which is in equilibrium with solid CdS. In the solution the unknown parameters 
left are the amount of reactive Cd in the sediment (XCd

) and the formation rate 
constant of CdS precipitates (k ).m
The measured low Cd concentrations directly beneath the interface indicate 
that Cd is scavenged rapidly from the pore water solution (Fig 3a, 4a). A 
relative high value for km is needed to produce such a pattern. With respect to 
the initial amount of metabolizable Cd (XCd

) , it is obvious from figures 3 and 4 
that in the Ketelmeer the total input of Cd is not a constant in time. At 
locations K1 and K2 the Cd content varies between 8 mgjkg to 57 mgjkg in 
the sediment. From the ammonium profiles in chapter 2 could be estimated 
that in the sediment of lake Ketelmeer between 5-15% of the initial amount of 
organic matter will decompose. If it is assumed that the fraction of organic 
matter that is decomposed is equal to the fraction of total Cd which is 
liberated, this would imply that the amount of Cd which is recycled in the 
sediment would be between approximately 0.4 and 8.5 mgjkg. Table 3 shows 
the parameters underlying the model. In figure 7a the simulated pore water 
profiles for Cd are presented using two values for the formation rate (km) of 
CdS; these profiles show that a high formation rate of 1 ky" results in a rapid 
decrease in the pore water concentration of Cd, whereas for a smaller 
formation rate (0.25 ky") there is a slower decrease in the concentration with 
depth. 
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Table 3 Model parameters used for fitting pore-water profiles of cadmium in 
the sediments of the Ketelmeer 

parameter Core K1 

COCd 

Ceq 

DCd 

w 

v 

F 

Xed 

k. 

0.14 p.g/L 

0.02 p.g/L 

160 cm2/y 

1 cm/y 

6.4 cm/y 

0.66 g/cm3 

1000 p.g/kg 

0.038 yl 

Two-layer model 
In this model the assumption is made that sulphate reduction occurs not 
directly at the sediment - water interface, but at a certain depth (x1) beneath 
the interface. This implies that in the upper-layer of the sediment suboxic 
conditions prevail (nitrate reduction and Fe and Mn oxide reduction). In this 
layer Cd is released towards the pore water by the decomposition of organic 
matter and its distribution is influenced by diffusion and advection. The 
differential equation for this layer is given by 

d2C Cd de Cd
D Cd. - (w+v).-- + F.k .X Cd = 0 (Eq. 5)

~2 dx a 

The upper boundary conditions for this equation are given by 
x = O· CCd=C Cd XCd==X Cd , a ' a 

and the lower boundary condition is 
C Cd =x == x . C XCd ==X Cd 

l' x1' x1 

However, in this two-layer model the suboxic zone will be restricted to a fixed 
depth of only a few centimetres. Beneath the suboxic layer, sulphate-reducing 
conditions exist and Cd is scavenged from the pore water solution by CdS 
precipitates. The differential equation for this layer is identical to Eq. 3, but now 
the upper boundary is not situated at the interface, but at a certain depth in 
the sediment. The differential equations are solved by a numerical procedure. 
The parameters used are identical to the ones used in the one-layer model 
(Table 4). 
In figure 7b-d the upper suboxic layer is varied from 0.5 to 3.5 cm; the figure 
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shows that within this zone increased Cd concentrations can be expected.
 
Due to the relatively high formation rate of CdS (k ) in comparison to the
m
production rate (ka), the maximum concentration peaks are already found in
 
the suboxic layer and not at the depth of the transition zone between the
 
suboxic and anoxic environment or deeper. The figure shows also that when
 
sulphate reduction occurs at a greater depth, it may result in higher
 
concentrations of Cd in the pore water.
 
With respect to the modelling of pore water Cd the model is a simplification of
 
reality. One of the major hypotheses in the model is the assumption of a
 
steady-state situation in the sediments. The behaviour of trace metals in these
 
sediments are likely to be more complex due to possible seasonal variations in
 
e.g. the sedimentation pattern, the decomposition rate of organic matter and
 
trace metal sedimentation. Therefore, studies of the seasonal behaviour are
 
needed to clarify its complex behaviour.
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Figure 7 Simulation of the Cd profile with a km of 1000 y1 (1) and 250 y.1 (2); 
one-layer model (a); two-layer model with suboxic layer depths of 0.5 cm (b), 
2.0 em (c), and 3.5 em (d). 

CONCLUSIONS 

Due to the oxidation of organic matter, reduction of Fe and Mn hydrous oxides 
and/or the oxidation of sulphides, clear concentration peaks of Ni and As and 
less clear peaks for Cd, Cu and Zn are observed in the pore waters of the 
Ketelmeer. The peaks exist primarily in the transition zone between the oxic 
and the anoxic environment. 
In the anoxic zone a decrease in the pore-water concentration is observed for 
Cd, Cu, Zn, Ni and As. In this zone sulphides are important for the control of 
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the pore-water concentrations of these elements. In the anoxic sediment layers 
a precipitation of Zn sulphides is found in the neighbourhood of iron-sulphide 
precipitates. 
Within the sediment the highest trace-metal contents are observed in the 
layers which were deposited between 1965 and 1970. The pore-water and 
solid-phase profiles of the trace metals such as Cd, Cu, Zn and Ni and of As 
show that high contents in the solid phase are not reflected in high pore-water 
concentrations. This may be an indication that the pore water concentration of 
trace metals is controlled by a solubility-precipitation mechanism. 
Compared to the above mentioned trace metals, Cr showed a different 
behaviour. The concentrations of Cr in the pore water increase with depth, 
which may be due to an enhanced complexation with dissolved organic 
ligands. 
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PYRITE FORMATION IN ESTUARINE RHINE/MEUSE SEDIMENTS 
AND THE IMPACT ON TRACE METALS 

Abstract- Sediment cores were collected in the Rhine/Meuse estuary at two 
locations. One was in the middle estuary in the brackish-water zone, the other 
was in the lower estuary in the saline-water region. The results show that in 
the saline-water core sUlphate reduction is the most important diagenetic 
process in the decomposition of organic matter, but in the brackish-water core 
methanogenesis is the most important process. In the brackish-water core 
pyrite formation is limited by the amount of sulphate. In the saline-water core 
pyritization is limited by sulphide in the top 7 em, whereas deeper in the 
sediment it is limited by available iron. In the saline-water core the degree of 
pyritization (DOP) is in the range 0.17 to 0.31. The pore-water profiles of As for 
both cores show a remobilization of As directly below the interface; which is 
attributed to the reductive dissolution of iron hydrous oxides. Deeper in the 
sediment of the saline-water core the As concentrations increase up to 144 
/1og/l, possibly due to soluble polunuclear As sulphide complexes. A remobili
zation of Cu and Zn is found directly below the interface. Deeper in the 
sediment their concentrations are controlled by the precipitation of sUlphides. 
With electron microbeam analysis a solid phase consisting of Cu-Zn-S was 
found. Extractions to investigate the degree of trace-metal pyritization (DTMP) 
show a DTMP between 0.04 and 0.12 in the saline-water core for Zn; for As it 
is between 0.26 and 0.41 and for Cu between 0.80 and 0.99. 

INTRODUCTION 
Estuaries are often import sinks for pollutants such as trace metals. Due to 
changes in the physical and chemical regime in the estuary a sedimentation of 
suspended matter and associated pollutants takes place. For a better 
understanding of the cycling of trace metals in estuarine sediments, 
knowledge about the major diagenetic processes in the sediment is useful!. 
The diagenetic processes are driven by the decomposition of organic matter, 
the major reducing component in the sediment, and the subsequent reduction 
of oxygen, nitrate, manganese hydrous oxides, iron hydrous oxides and 
sUlphate. 
Under oxic conditions, which usually exist in the surface water and in the top 
layer of the sediment, trace elements are often associated with the particulate 
organic matter and with the Fe and Mn hydrous oxides (Shea, 1988). 
However, due to the microbial degradation of organic matter and reductive 
dissolution of Fe and Mn hydrous oxides in the sediment, a release of trace 
metals into the pore water may be expected (Klinkhammer et al., 1982; Lion et 
at-, 1982; Shaw et al., 1990). As a result increased concentrations of trace 
metals are often found directly below the sediment - water interface. Besides 
the above-mentioned processes, oxidation of sulphides is regarded as another 
important mechanism of trace-metal mobilization (Giblin et al., 1986). Below 
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the top layer the diagenetic environment is predominantly anoxic and is 
characterized by sulphate reduction and fermentation. Under these conditions 
the sulphides produced play an important role in controlling trace-metal 
concentrations in the pore water (e.g. Bouleque et al., 1982; Davis-Colley et 
al., 1985; Giblin et al., 1986). With regard to sulphides, the trace metals may 
form discrete sUlphide precipitates or they may be associated with iron 
sulphide precipitates such as pyrite. Huerta-Diaz & Morse (1992) found an 
increase in the degree of trace-metal pyritization (DTMP) for all trace metals, 
except Cd, with increasing degree of pyritization (DOP), irrespective of the type 
of sedimentary environment involved. 
The aim of this study is to investigate the major diagenetic processes in Rhi
ne/Meuse sediments in brackish and sea water and the influence of these 
processes on the distribution of trace metals. In an estuary the concentration 
of sulphate in the surface water is not constant. In the river Rhine the amount 
of sulphate is of the order of 0.5 - 2 mM, whereas in the marine environment 
the concentration is much higher, namely about 28 mM. These differences 
may result in variations in the amount of sulphides produced in the sediment, 
which in turn may affect the behaviour of trace metals. To investigate the 
association of As, Zn and Cu with sulphides such as pyrite, we caried out 
extractions comparable to those performed by Huerta-Diaz and Morse (1992). 

STUDY AREA 

The Rhine/Meuse estuary is a relatively short estuary, approximately 60 km 
long in the South-West of the Netherlands (Fig.1). The discharge of the river 
water into the North Sea is on average 2250 m3.s·1

, mainly consisting of water 
from the river Rhine. Due to the short length of the estuary, the residence time 
of the surface water in the estuary is also short, namely of the order of 3 to 6 
days (Duinker & Nolting, 1978). The water regime of the estuary has been 
strongly affected by the many civil engineering works carried out in the past. 
Following the closure of the Haringvliet by a dam in 1971, most of the 
discharge has come through the canalized Nieuwe Waterweg. The estuarine 
area is influenced by the very intense shipping and harbour activities of 
Rotterdam. To maintain access to the harbour, the fairway has to be dredged 
continuously. Much of the sludge should be considered as chemical waste, 
because of its high content of organic and inorganic pollutants and as a result 
it constitutes a large environmental problem for the Netherlands. 
There is considerable trace-metal pollution in these estuarine sediments; in 
general a seawardly decreasing gradient in the trace-metal content is 
observed. This gradient can be attributed mainly to the physical mixing of 
marine particulate matter with matter of riverine origin (Salomons & Mook, 
1977). Because of harbour activities such as dredging and variations in the 
sedimentation pattern, the sediments show a great spatial variability. 
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Figure 1. Overview of the Rhine/Meuse estuary and sampling locations. The 
location E1 is in the brackish-water area. E2 is situated near the exit to the 
North-Sea (saline-water). 

MATERIALS AND METHODS 

The sediment of the Rhine/Meuse estuary was sampled at two locations by 
means of a box corer. One of the locations (E1) was situated in the harbour 
area of Rotterdam. At this location the pore water of the sediment is 
predominantly brackish. Measurements of the conductivity in the bottom water 
and in the top layer of the sediment revealed a salinity of between 3 to 5%0. The 
other location (E2) was in the marine region (approximately 30 %0 salinity) at 
Hoek van Holland (Fig. 1). 
A number of perspex subcores (inner diameter 7.0 em) were taken from each 
box corer. One subcore was used for measuring the temperature, redox 
potential and pH by means of a 'punch-in' method directly after sampling. 
Another subcore was used for pore-water and solid-phase analysis. 
At both locations the sediments are finely grained. The overall colour of core 
E1 was brownish, whereas for core E2 the top 7 centimetres of the sediment 
were brownish and the lower part was dark greyish. 

Pore-water collection and analysis 
Within 24 hours after collection, one subcore was placed upright in a nitrogen
filled glove box (02 < 0.003%). The nitrogen atmosphere is necessary to 
prevent alteration in the pore-water chemistry during squeezing (Bray ef a/., 
1973, De Lange et a/., 1988). The vertical position is required to prevent 
disturbance of the sediment. After sampling the cores were sliced directly into 
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sections which varied from 1.5 cm at the top of the sediment to sections of 
several centimetres deeper in the sediment. The pore waters were collected by 
squeezing the sediment slices in a Reeburgh-type press (Reeburgh, 1967) 
over a 0.2 J,Lm cellulose-acetate filter. The press was also placed in a nitrogen
filled glove box (02 < 0.003%). To prevent trace-metal contamination of the 
pore waters, the press was made of teflon (PTFE) and the collection bottles 
used were made of high-density polyethylene (HOPE). The collection bottles 
were soaked some weeks in 2 M HN03 and were then rinsed thoroughly with 
double-distilled water. The collected pore-water samples were immediately 
sub-divided into three separate portions, to be used for the different analyses. 
(1) A non-acidified portion. In this batch the alkalinity is determined with the 
help of a Gran plot titration and ammonium was analysed using the phenol
hypochlorite method (Helder & De Vries, 1979). These analyses were carried 
out directly after pore water collection. (2) An acidified portion. This sample is 
acidified with concentrated HN03 (Suprapur) to a final 0.1 M acid 
concentration. This solution was used for the determination of major cations, 
trace-metals and sulphur. The major cations and trace metals were analyzed 
by Inductively Coupled Plasma Atomic Emission Spectrometry (ICP-AES) and 
Graphite Furnace Atomic Absorption Spectroscopy with Zeeman correction 
(ZGFAAS). Arsenic was measured by using an AAS with hydride generation. 
The detection limits were: for iron 2.3 J,Lgjl, for copper 0.6 J,Lgjl, for zinc 3.0 
J,Lgjl and for arsenic 0.3 J,Lgjl. Total sulphur as measured with the ICP-AES is 
attributed to sulphate. (3) A sulphide portion. Directly after the pore-water 
collection, sulphide (L:H2S) was determined in this batch by the methylene-blue 
method of Cline (1969). The detection limit of this method was 2.0 J,LM. 

Solid-phase analysis 
After extraction of the pore waters, the solids were stored in airtight glass 
bottles under an N2 atmosphere. A fraction of the solids was dried in an oven 
at 60 0 C. After homogenization of the dried residues, aliquots of 250 mg were 
transferred to Teflon digestion vessels and totally destructed in a mixture of 10 
ml of concentrated HF and 10 ml of concentrated HCL04-HN03-HP (with a 
volumetric ratio of 13:5:2). After destruction the liquids were evaporated on a 
hot plate and the residues taken up in 100 ml 1 M HCI. Major and trace 
elements were measured by ICP-AES. 
For the determination of organic carbon, dried samples of the solid phase 
were treated with 1 M HCI; this was done to remove the inorganic carbon. The 
organic carbon was combusted at 900 C and the produced CO2 was0 

measured by a pressure unit. 
The anoxic solids, which remained after extraction of the pore water, were 
subjected to an extraction procedure in order to distinguish various 
sedimentary iron and sulphur species and associated trace metals. The 
extraction procedure followed is comparable to that used by Huerta-Diaz and 
Morse (1992). Briefly it consists of the following steps to distinquish different 
fractions: 
1) Reactive fraction. The anoxic sediment was extracted for 16 h. by a 1 M HCI 
solution. In order to prevent oxidation of the sample and redistribution of 
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metals, the HCI solution was kept oxygen free by bubbling nitrogen gas. The 
extraction was carried out in a nitrogen-filled glove box. This fraction 
comprises mainly of iron monosulphides, reactive amorphous and crystalline 
iron and manganese hydrous oxides and carbonates. 
2) Silicate fraction. After centrifugation and removal of the supernatant of the 
reactive fraction, the residual solids are subjected to two consecutive leachings 
with 10 M HF for 1 and 16 h respectively. This fraction consists of mainly 
aluminium silicates and silicium oxides. 
3) Pyrite fraction. After centrifugation and removal of the supernatant of the 
silicate fraction, the residual solids are destructed for 2 hours in a 
concentrated HN03 solution, which causes pyrite oxidation. The amount of 
AVS-sulphur, which is generally known as acid volatile sUlphide, is calculated 
from SAVS = Statal - Spyrite' In this scheme the organic-S is included in the pyrite
S or the AVS-S, depending on its solubility in the extraction solutions. 
For detecting authigenic minerals and possible trace-metal associations, a slice 
of the solid phase of core E2, taken from a depth of 1-2 em beneath the 
interface, was freeze-dried under oxygen-free conditions, impregnated with an 
epoxy-resin, coated with carbon and analysed by electron microprobe. 

RESULTS AND DISCUSSION 

Sediment characteristics 
Tables 1 and 2 give the redox potential (EH), pH, the major-element and 
organic carbon values in the brackish-water (E1) and saline-water (E2) core at 
various depths. Both cores show that the EH decreases with depth, which 
indicates the transition from an oxygenated environment in the bottom water to 
a reduced environment in the sediment. On the basis of the EH measurements, 
the saline-water sediment becomes more reduced with depth than does the 
brackish-water sediment. However, variable sensitivity of the Pt-electrode 
under conditions of sulphate reduction or under conditions of fermentation 
may lead to an underestimation of the existing redox environment in the latter 
condition. In addition, the somewhat higher pH in E2 may result in a lower 
redox potential than in E1. The results show that in core E1 the particulate 
organic-carbon (Corg) content is between 3.29 and 4.49% and is fairly constant 
with depth. Core E2 has a lower Corg content, varying between 1.68 and 3.08 
%. In this core the lower values are found at a depth of between 10 and 15 
centimetres. At this depth a decrease is also found in the AI and Fe content, 
which is an indication that this layer consists of fewer fine-grained particles 
such as clay minerals than do the other parts of this core. The irregular 
pattern could be interpreted in terms of an irregular sedimentation pattern in 
time. The brackish-water core (E1) shows a fairly constant AI and Fe 
distribution with depth. 
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TABLE 1. The EH, pH, Cor) and major element chemistry of the sediment of 
the brackish-water core (E1 . 

Depth EH pH Corg AI Fe CaG03 CaC0 3 /AI S 

(em) (mV) (%) (%) (%) (%) (%) 

5 404 6.94 

-0.7 319 6.86 3.71 4.44 2.87 15.4 3.47 0.37 

-2.1 268 3.29 4.68 3.03 15.8 3.36 0.38 

-4.2 121 6.76 374 5.00 3.31 16.2 3.25 0.40 

-6.3 108 3.95 5.07 3.35 15.5 3.07 0.41 

-8.4 96 3.68 4.87 3.16 15.6 3.21 0.39 

-10.5 85 676 3.62 5.00 3.24 15.7 3.15 0.40 

-12.6 85 4.24 5.07 3.37 16.8 3.32 0.45 

-14.7 78 6.65 4.23 5.13 3.39 16.6 3.23 0.48 

-16.8 72 4.49 5.23 3.43 15.5 2.96 0.42 

-18.9 72 6.61 4.33 5.21 3.39 15.4 2.95 0.41 

-21 70 3.93 5.28 3.40 14.7 2.79 0.35 

-23.1 70 663 3.77 5.05 3.20 14.4 2.85 0.33 

TABLE 2. The EH, pH, Corg and major element chemistry of the sediment of 
the saline-water core (E2). 

Depth EH pH Corg AI Fe GaC03 GaCOjAI S 

(em) (mV) (%) (%) (%) (%) (%) 

5 290 7.33 

-1.4 126 7.31 2.94 4.73 3.12 23.6 4.99 0.43 

-3.5 105 3.08 5.06 3.25 23.0 4.54 0.52 

-5.6 84 2.70 4.62 2.89 19.3 4.17 0.56 

-7.7 79 7.04 2.26 3.83 2.26 15.5 4.04 0.53 

-9.1 -1 2.36 3.92 2.36 15.8 4.04 0.59 

-11.2 -30 1.68 3.38 1.88 12.8 3.78 0.50 

-13.3 -67 6.87 1.91 3.00 1.61 10.6 3.54 0.45 

-15.4 -128 6.96 2.65 3.76 2.22 15.5 4.12 0.66 

-17.5 -137 2.68 4.28 2.63 17.0 3.98 0.82 

-19.6 -148 2.85 4.55 2.90 18.3 4.02 0.90 

-21.7 -130 6.99 2.87 4.69 3.02 19.4 4.13 0.94 

-25.9 -224 6.99 2.90 5.07 3.21 18.4 3.63 1.15 
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In core E1 the carbonate content varies between 14.4 and 16.9% (Table 1). 
When the carbonate contents are normalized on AI, a slight decrease is 
observed in the ratio with depth. This trend may be due to changes in the 
sediment composition in time or it may be due to a dissolution of carbonates. 
The pore-water profiles of Ca normalized on CI in this core show an increase 
in this ratio with depth (Fig. 2). This increase may confirm the dissolution of 
carbonates. 
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Figure 2. The concentration of Ca on CI normalized in the pore water of the 
saline-water core (*) and brackish-water core (0) 

In the sediments of the Long Island Sound estuary Green et al. (1993) found 
comparable results for Ca and attributed them to the dissolution of 
carbonates. The dissolution results primarily from the oxidation of organic 
matter and from the oxidation of minerals in the top layer of the sediment. 
However, an increase in the concentration of Ca in the pore water may also 
be the result of ion-exchange reactions. When riverine particles are carried to 
the marine environment they will react with sea water. This transition mainly 
involves the release of Ca and Mg and the uptake of Na. However, these 
exchange reactions are generally fast and may already be complete in the 
surface water. It is not known whether these reactions take place in the 
relatively short upper or middle estuary of the Rhine. If they do not, then Ca 
bound on the solid sediment phase may be released due to exchange 
reactions with e.g. pore water f\lH 4 +. 

The carbonate content of core E2 lies between 10.6 and 23.6% (Table 2). The 
lowest values are in the zone between 10 and 15 centimetres. However, in 
contrast to core E1 the carbonate contents normalized on AI do not show a 
decreasing gradient with depth. The normalized pore water Ca does not show 
a gradient with depth either (Fig. 2). This indicates that in this core there is no 
clear carbonate formation or dissolution. 
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Figure 3. The pore water alkalinity, ammonium and dC/dN ratio versus depth 
in the brackish-water core (0) and saline-water core (*). 

Organic matter decomposition 
The alkalinity profiles for both cores show an almost identical pattern (Fig. 3a). 
Directly below the sediment - water interface a strongly increasing 
concentration is observed which rises to 55 to 59 mM at a depth of 23-26 cm. 
The NH4+ pore-water profiles for both cores also show an increase in the 
concentration with depth (Fig. 3b). However, the NH4+ concentration in core 
E1 is much higher (12.1 mM) at a depth of 23 cm than is the NH4+ 

concentration in core E2 (7.4 mM). The increase in the concentration of the 
alkalinity and NH4+ in the pore water in comparison to the surface water is 
mainly the result of the decomposition of (particulate) organic matter in the 
sediment. The oxidation of organic matter occurs through a predictable 
sequence of oxidants (02' N03 , Mn and Fe hydrous oxides and S04)' The 
difference in the NH4+ in each core may suggests that there are differences in 
the composition of the organic material in the sediment and that the organic 
matter in the brackish-water sediment is relatively enriched in N. However, 
differences in the major diagenetic processes in the two cores may also be 
responsible for this observation. An important difference between brackish 
water and sea water is the initial SO/ concentration. Whereas a SO/ 
concentration of 2.93 mM was measured in the bottom water of the brackish
water core, a much higher concentration of 24.1 mM was measured in the 
bottom water of the saline-water core (Fig. 5c). The figure also shows that in 
both sediments 80/ is rapidly reduced; this indicates that anoxic conditions 
begin already in the top layer of the sediment. Core E1 shows that SO/ is 
already consumed within 2 cm below the interface. Sulphate in core E2 shows 
a gradual decrease with depth till almost complete depletion at a depth of 
approximately 20 cm. In coastal sediments the decomposition of organic 
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matter is determined largely by sUlphate reduction (Berner, 1977; Van der 
Weijden, 1992). The decomposition of organic matter by sulphate reduction is 
expressed in Eq. 1. In this equation decomposable organic matter is 
represented by the Redfield ratio. 

(Eq. 1) 

This equation shows that each mole of sulphate consumed produces two 
moles of inorganic C. In the pH range of the pore water (Tables 1,2) HC03' is 
the most important (inorganic) C specie determining the alkalinity. In figure 4 
the alkalinity produced (~C) is plotted against the sulphate consumed for core 
E2. 
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Figure 4. The amount of sulphate consumed (t. sot) versus the produced 
alkalinity (~ C) in the saline-water core. 

The results show that for core E2 the slope between the /lC//lSO/- is 
approximately 2.0, which is in agreement with the stoichiometry of Eq. 1. 
Although this ratio is influenced by differences in the diffusion of the inorganic 
C species and sot, it proves that in this core decomposition of organic 
matter is indeed largely determined by sulphate reduction. Berner (1977) 
suggested that sulphate reduction would result in a linear increase in the NH4 + 

concentration. Thus the ~CI ~N ratio of decomposable organic matter can be 
approximated by equation 2: 
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AC 2ASO;
------ (Eq.2) 
AN I1NH +

4

The molar ~Cj ~N ratio in the core E2 is 12.9 in the top layer, decreasing to 
7.3 at a depth of 25 cm (Fig. 3c). A similar value (10.5) was found by Oenema 
(1988) in the marine part of the Scheidt estuary. Core E1 has a lower molar 
~Cj ~N ratio, which varies between the 4.4 and 6.0. Although SO/ in core E1 
is rapidly depleted (Fig. 5c), alkalinity and NH4 + still increase with depth. This 
is an indication that below the depth of sulphate depletion, organic matter is 
still being decomposed. The most likely explanation is that fermentation of 
organic matter occurs, producing methane. The reaction for the fermentation 
of organic matter is given by: 

In this equation the produced inorganic C per mol organic matter is reduced 
due to the formation of methane, whereas this is not the case in Eq.1. This 
may result in lower aCjaN ratios in the pore water. The decreasing aCjaN 
ratio in core E2 with depth may also point to methane formation below the 
layer of sulphate reduction. 

Fe (mM) H5 (mM) 50:- (mM) 

0.0 0.4 0.8 1.2 0.0 0.5 1.0 1.5 10 20 30 

Figure 5. The pore water profiles of Fe (a), sulphide (b) and sulphate (c) 
versus depth in the brackish-water core (0) and the saline-water core (*). 
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Pyrite formation 
In the pore water core E1 an increase in the Fe concentration is observed with 
depth. At a depth of 23 cm below the interface a concentration of 1.15 mM is 
found (Fig. 5a). However, the Fe profile in core E2 shows a different 
behaviour. At a depth of 2 cm beneath the interface a maximum Fe 
concentration of 0.69 mM is found. Beneath this depth the dissolved Fe 
concentration decreases rapidly to below the detection limit. 
The hydrogen sulphide concentration in pore water of the brackish-water core 
was below 2.0 j.LM at all depths (Fig. 5b). In the saline-water core no sulphide 
was detectable in the first 7 centimetres. Below this depth the hydrogen 
sulphide concentration increases, and reaches a maximum concentration of 
1.49 mM at a depth of approximately 14 cm. Deeper in the sediment the 
sulphide concentration decreases again to below 2.0 j.LM at depths below 26 
cm. 
The profiles of Fe and S can be explained by the formation of iron sulphides 
such as pyrite (FeS2). Under oxic conditions, dissolved Fe concentrations are 
low, due to the very insoluble Fe(lll) hydrous oxides. However, in reducing 
environments these iron hydrous oxides undergo a reductive dissolution and 
as a result the more soluble Fe(ll) becomes the dominant specie in the pore 
water. However, in the sediment a reaction will occur between Fe2 + and 
sulphides to form (metastable) iron-sulphide compounds (Eq.4a). These iron
sulphide compounds may react with elemental sUlphur (so) or polysulphides to 
form pyrite (Eq. 4b). 

Fe 2+ + HS- -~ FeS + H+ (Eq. 4a) 

FeS + SO -~ FeS (Eq. 4b)2 

As mentioned by e.g. Raiswell & Berner (1985) and Middelburg (1991) the 
formation of pyrite may be limited by various factors such as (1) the 
concentration of sulphate and the rate of sulphate reduction, (2) the 
concentration and reactivity of iron minerals, (3) the amount of reactive organic 
matter and (4) the time period for reaction. In the sediments of the 
Rhine/Meuse estuary there is an abundant supply of organic matter. It can be 
proved that although sulphate is depleted, there is still an increase in the 
alkalinity and ammonium concentration with depth, which suggests that 
organic matter is still being decomposed (Figs 3a,b and 5c). 
In core E1 pyrite formation is limited by the concentration of sulphides 
because of the relatively low sulphate concentration in the bottom water (Fig. 
5c). This allows a build-up of dissolved Fe with depth, which is characteristic 
for fresh-water sediments. The pore-water profiles of Fe and S in the saline
water core are somewhat more difficult to explain. In the first few centimetres 
of this core the reduction of iron minerals dominates the sulphate reduction. 
As a result pyrite formation in this layer is limited by the availability of 
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sulphides, which may be due to a limited rate in the sulphate reduction. 
However, deeper in the sediment the sulphide concentration reaches a 
concentration of 1.49 mM, whereas the Fe concentration decreases to below 
the detection limit. In this layer formation of iron sulphides is limited by the 
concentration and reactivity of iron minerals. Due to the probably rapid 
deposition there may be insufficient time for reactions to be completed and as 
a result excess potentially reactive iron buried in the sediment may still react 
with sulphide and finally decrease the sulphide concentration in the pore 
water. 
Tables 1 and 2 show the total sulphide content in the solid phase. The 
sulphide content in core E1 lies between 0.33 and 0.48% and is fairly constant 
with depth. The saline-water sediment (core E2) has a higher 8 content than 
core E1. In addition an increase in sulphide is observed, varying from 0.43% 8 
at the top of the sediment to 1.15 % 8 at a depth of approximately 26 em. The 
partitioning of sedimentary iron and sulphur is shown after sequential 
extraction for the saline core (E2) (Fig. 6). 
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Figure 6. The distribution of Fe and 8 in the solid phase of the saline-water 
core. The distribution of Fe (a) is divided into Fe-HCI leachable (*), Fe-HCI 
leachable + Fe-pyrite (0) and Fe-total (0). The distribution of 8 (b) is divided 
into 8-AV8 (*) and 8-total (0). 

The results show that the HCI-Ieachable, reactive Fe varies between 0.6 - 1.4 
% in the sediment. The iron in this fraction is primarily from iron monosulp
hides and reactive iron hydrous oxides. The AV8-sulphide, representing 
primarily iron monosulphides, shows an increase with depth from 0.12 % 8 in 
the top layer of the sediment to 0.71 % at a depth of 27 centimetres (Fig. 6b). 
From this pattern it can be concluded that in the top layer of the sediment the 
reactive iron fraction consists mainly of iron hydrous oxides, whereas deeper 
in the sediment the contribution of the iron monosulphides will be quantitatively 
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more important. The figure also shows that the amount of pyrite-S is fairly 
constant with depth. This implies that pyrite formation is nearly completed at 
the sediment - water interface, which is in agreement with other observations 
about pyrite formation (Berner, 1970, 1984). For the transformation of iron 
monosulphide to pyrite, sulphide has to be oxidized to form e.g. zerovalent 
sulphur (So); this is necessary to complete the transformation of FeS into pyrite 
(see Eq. 4b) (Berner, 1970; Middelburg, 1991). For this oxidation, oxidants 
such as O2 , N03' or Mn and Fe hydrous oxides are required. As mentioned by 
Middelburg (1991) the amount of zerovalent sulphur depends on (1) the 
amount of sUlphides available for oxidation or (2) on the amount and 
availability of oxidants. The sulphide pore-water profile for the top 7 
centimetres of the saline-water core shows a very low dissolved sulphide 
concentration, which indicates a limitation in the amount of sulphides available 
to be oxidized (Fig. 5b). However, deeper in the sediment high concentrations 
of dissolved sulphide were found but there was no significant increase in the 
amount of pyrite. This suggests that in these sediments the transformation of 
iron monosulphides (FeS) into pyrite is limited by the availability of oxidants 
rather than by the availability of sulphides. Besides, a high sediment 
accumulation rate may prevent the conversion of FeS into pyrite. Due to a high 
sediment accumulation rate the oxidizing conditions, which occur near the 
sediment - water interface, are short-lived. As a result the time for oxidation of 
sulphides to zerovalent sulphur is only brief. (Berner et al., 1979; Middelburg, 
1991). Berner (1970) proposed the following equation for the degree of 
pyritization (DOP): 

Pyrite-Fe
DOP (Eq.5)

pyrite-Fe + HCI-soluble Fe 

where HCI-soluble-Fe refers to the amount of reactive iron extracted in a 1M 
HCI solution. In core E2 the DOP values range from 0.17 to 0.31, which is 
within the range of values found by Raiswell et al. (1988) for normal marine 
sediments (DOP < 0.45). The molar ratio of pyrite-S and pyrite-Fe lies between 
2.2 and 2.8. This ratio is higher than the stoichiometric ratio between S and Fe 
in pyrite. This may be due to the presence of residual organic-S which was not 
dissolved in the preceding extraction steps. 

Trace-metal diagenesis 
Organic-matter degradation and pyrite formation may affect the behaviour of 
As and transition metals such as Cu and Zn. Figure 7 depicts the pore-water 
and solid-phase profiles of As. The pore-water profile of As in core E1 shows a 
slight increase directly below the interface with a maximum concentration of 
1.9 J,LQ.I'1. Below this peak the As concentration decreases to < 0.3 J,Lg.r1. In 
core E2 a first peak (maximum 84.5 J,Lg.n is observed directly beneath the 
sediment - water interface. At a depth of approximately 12 cm a second As 
peak with a maximum of 144.3 /-Lg.l'1 is observed. 
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Figure 7. The distribution of As in the brackish-water core (a) and the saline
water core (b). The (*) represents the pore-water concentrations, the (0) the 
solid phase concentration. 

Below this depth the dissolved As concentration decreases to < 1 j.Lg.I-1
. The 

concentration peaks of As in the upper layers of both cores can be attributed 
to the reductive dissolution of hydrous oxides of Fe and Mn (Fig. 5a). In 
oxygenated surface water As is primarily bound by these hydrous oxides 
(Peterson & Carpenter, 1986; Belzile, 1988; Moore et al., 1988). Upon 
reductive dissolution of these carrier phases As will also dissolve. Moreover, 
As(V), the main inorganic specie under oxygenated conditions, can be 
converted into the more mobile As(lIl) under anoxic conditions (Moore et al., 
1988; Masscheleyn et al., 1991). The second peak of As, observed in core E2 
(Fig. 7b) resembles the dissolved sulphide profile (Fig. 4b). This suggests that 
soluble sulphide complexes of As are formed. Under these conditions As(lIl) 
could form polynuclear As sulphide complexes such as HAs3S6

2
- (Spycher and 

Reed, 1989; Eary, 1992). 
The concentration of As in the solid phase shows a constant value with depth 
in core E1. In core E2, however, the concentration of As in the solid phase 
varies between 9.6 and 24.9 mg/kg. The low values in core E2 are observed 
in the zone characterized by a relatively low quantity of fine-grained particles. 
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Figure 8. The distribution of Cu and Zn in the brackish-water core (A) and the 
saline-water core (B). The (*) represents the pore-water concentrations, the (0) 
the solid phase concentrations. 

The pore-water profiles of Cu and Zn show with each other comparable 
profiles for the two cores. Both elements show an increase directly below the 
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interface (Fig. 8). The concentrations of Cu and Zn in core E2 are higher than 
in core E1. In the former core the concentrations go up to 11.6 j.Lg/L for Cu 
and to 173 j.Lg/L for Zn. However, somewhat deeper in the sediment the 
concentrations decrease to values similar to their surface-water concentrations 
or lower. These observations are comparable to the results obtained by 
Klinkhammer et al. (1982), Emerson et al. (1984), Jacobs et al. (1985) and 
Gobeil et al. (1987). The mobilization of these metals directly below the 
interface is attributed to various diagenetic processes. Firstly, degradation of 
particulate organic matter (Fig. 3) can liberate associated trace metals. 
Secondly, reductive dissolution of Mn and Fe hydrous oxides will release trace 
metals sorbed on these phases. Thirdly, the increase in the Cu and Zn 
concentrations may be caused by oxidation of sulphides. 
Below this peak sulphate reduction developes. In the whole brackish-water 
core (E1) and in the top 7 centimeter of the saline core (E2), the sulphide 
concentration stays below the detection limit « 2 j.LM). The produced sulphide 
is efficiently precipitated and a solid sulphide phases controls the Cu and Zn 
concentrations in the pore water. The presence of a Cu-Zn sulphide solid 
phase in core E2 is confirmed by electron microbeam analysis (Fig. 9). The 
slice was collected from a layer (1-2 cm depth) containing the highest Zn and 
Cu contents (Fig. 8). Although the electron microbeam analysis is a semi
quantitative method, the X-ray analysis of the precipitate shows that the molar 
ratio of Zn-Cu to S is greater than unity. This could imply that the metal-rich 
sulphide speck consists primarily of metallic Cu and Zn, probably originating 
from industrial activities in the harbour area. Part of these metal particles may 
dissolve and may be directly precipitated under anoxic conditions as a 
sulphide. Another possibility is that these metal particles are coated by 
sulphides. Unlike the case of pore-water As no indications for the formation of 
sulphide polysulphide complexes of Cu and Zn are present. 

Pyrite extractions 
When pyrite is formed in the sediment it is possible that trace metals are 
incorporated. An extraction procedure was applied (Huerta-Diaz & Morse, 
1992) to investigate the associations of the elements As, Cu and Zn with 
distinct solid phases in the sediments. The results are presented in Fig. 10. 
Copper is enriched primarily in the silicate fraction and in pyrite (Fig. 10b). 
Zinc, on the other hand, is found primarily in the reactive-iron fraction, 
comprising FeS, Fe and Mn hydrous oxides and carbonates (Fig. 10c). 
The extractions show that As has a behaviour (Fig. 10a) intermediate between 
Cu and Zn. In order to assess the transfer of metals between the reactive-iron 
phase and the pyrite phase Huerta-Diaz & Morse (1992) introduced the term 
degree of trace-metal pyritization (DTMP) defined as 

DTMP = Py--=.-n_·t_e_-U_e _ (Eq.6)
Pyrite-Me + Reactive-Me 

where in our case Me is As, Cu or Zn. DTMP values for As have a range 
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Figure 9. The electron microbeam survey of a Cu-Zn-S precipitate (a) and the 
X-ray elemental analysis of the precipitate (b). 
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between 0.26 and 0.41, for Cu between 0.80 and 0.99 and for Zn between 
0.04 and 0.12. The results show that pyrite is an important phase for the 
fixation of As and Cu, but hardly for Zn. The DTMP values for As and Zn are 
comparable with the results of Huerta-Diaz & Morse (1992). The affinity of 
pyrite for As has also been observed by others (Peterson & Carpenter, 1986; 
Belzile, 1988). Besides a mineral as arsenopyrite is frequently found. 
The depletion of Zn in the pyrite phase may be due to the fact that Zn is a 
class B metal (soft acid), which forms largely covalent bonds with bases 
containing I, S or N as donor atoms. The reduced sulphur species in the 
sediment may form with Zn strong soluble complexes which prevents its 
incorporation into the pyrite phase (Huerta-Diaz & Morse, 1992). As a result 
the formation of discrete ZnS precipitates seem to be more important to 
control the concentrations of Zn in the pore water than does pyrite. The high 
Zn content in the HCI-Ieachable phase suggests that ZnS would also be 
extracted into this phase. Thermodynamic calculations by Wallmann et al. 
(1992) show that pure ZnS dissolves in this fraction. 
The DTMP values for Cu are much higher than for Zn. Except in the top layer 
of the sediment, Cu was hardly found in the HCI-Ieachable fraction. This result 
is at variance with the observations of Huerta-Diaz & Morse (1992). Our results 
suggest that Cu mobilized by early-diagenetic processes is scavenged directly 
from solution by pyrite and maybe forming minerals as chalcopyrite. Although 
these extractions show the importance of pyrite for the incorporation of Cu, 
the fraction of Cu in pyrite is probably overestimated. The HN03 extraction of 
pyrite also oxidizes organic matter and Cu associated with organic matter will 
be attributed to pyrite. 
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Figure 10. The distribution of As, Cu and Zn in the sediment of the saline
water core after chemical extractions. (--) represent the reactive fraction; (
-) the reactive + silicate fractions; (-) the reactive + silicate + pyrite 
fractions. 
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CONCLUSIONS 

In the saline-water sediment of the Rhine/Meuse estuary the most important 
diagenetic process in the decomposition of organic matter is sulphate 
reduction, whereas in the brackish-water sediment of the estuary it is the 
formation of methane. In the brackish-water sediment the process of 
pyritization is limited by the supply of sulphide. In the saline-water sediment 
pyritization in the near-surface layer is limited by sulphide, whereas deeper in 
the sediment the process is limited by the availability of iron. Concentration 
peaks of As, Zn and Cu are found directly below the sediment-water interface; 
which may be due to the reductive dissolution of Fe and Mn hydrous oxides, 
the decomposition of organic matter and the oxidation of sulphides. At 
dissolved sulphide concentrations of approximately 1.5 mM, high dissolved As 
concentrations (up to 144 /.LgJ1

) are found, which may be attributed to soluble 
polynuclear-As-sulphide complexes.Selective extractions show that As and Cu 
are associated to pyrite, whereas Zn is depleted in the pyrite phase. 
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TRACE METALS IN SUSPENDED MATTER FROM THE RHINE/MEUSE 
ESTUARY 

Abstract- The concentrations of trace metals in suspended matter of the river 
Rhine have decreased during the last few decades but still exceed background 
concentrations by 1 to 2 orders of magnitude. Contamination factors for 
suspended matter in the river Rhine at Lobith are found to be for Cd (7), Cu 
(5), Zn (9), Pb (3.5), Ni (2.5) and Cr (3). In the Rhine/Meuse estuary geoche
mical trace-metal behaviour is influenced by industrial discharges. Budget 
calculations show that the additional enrichment due to the industry is a few 
percent (0-3%) for Cr, Cu, Hg, Ni, Pb and Zn, but is much higher for As 
(11.5%) and Cd (48.6%). 
Suspended-matter samples collected in the estuary along a salinity gradient 
were analysed for major elements and trace metals. The results show a 
decrease in the suspended-matter concentrations of Cd, Co, Cu, Cr, Ni, Pb 
and Zn as a function of salinity. The Sr concentration shows an increase with 
salinity. By using Cr as a conservative tracer, the differences in trace metal 
concentrations between fresh water and sea water can be attributed to the 
physical mixing of relatively contaminated Rhine/Meuse suspended matter with 
relatively uncontaminated North Sea suspended matter. 
The results show an enrichment in Mn, Co, Ni and Pb in the samples collected 
in May 1988 in comparison to the samples collected in March 1989. This may 
be due to the enhanced oxidation of reduced Mn at higher temperatures. As a 
result of the formation of Mn-oxyhydroxides the trace metals Ni, Co and Pb 
are scavenged from the solution. 

1. INTRODUCTION 
Trace metals are transported along rivers towards the estuarine and marine 
environment mainly by suspended matter. Due to tidal currents and other 
hydrodynamic features in the estuary, marine suspended matter is transported 
into the estuary and will mix with riverine suspended matter. Particulate matter, 
sampled along a longitudinal profile or sampled as function of salinity in the 
estuary often shows a decrease in the degree of trace metal contamination in 
seaward direction (e.g. SALOMONS and MOOK, 1977; DUINKER and 
NOLTING, 1978; CALMANO et ai, 1985; SCHOER, 1990). For the 
Rhine/Meuse (SALOMONS and MOOK, 1977; NOLTING, 1989), the Scheidt 
(SALOMONS and EYSINK, 1981) and Elbe (SCHOER, 1990) estuaries this 
gradient can be explained mainly by the physical mixing of marine with fluvial 
particulate matter. To distinguish the origin of the particulate matter several 
natural tracers based on chemical, mineralogical or isotopic composition can 
be used (SALOMONS and EYSI 1\1 K, 1981; SCHOER, 1990). For the 
Rhine/Meuse estuary the isotopic composition of carbonates (SALOMONS 
and MOOK, 1977) and the Ca concentration (NOLTING et ai, 1989) are used 
as natural tracers. 
Apart from physical processes such as mixing, chemical processes may be 
responsable for the observed estuarine trace-metal gradient. In estuaries 
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strong gradients occur in salinity, pH and particle concentration, which will 
effect trace-metal distribution (SALOMONS and FoRSTNER, 1984). Laboratory 
studies showed that when freshwater is mixed with seawater several trace 
elements such as Cd, Zn and Cu are desorbed (VAN DER WEI...IDEN et ai, 
1977; LI et ai, 1984). Other elements such as Fe are coagulated with 
increasing salinity (L1 et ai, 1984). Field observations of the dissolved trace
metal behaviour in different estuaries are contradictory. Desorption of Cd and 
Ni is observed with increasing salinity in estuaries such as the Gironde, the 
Huanghe and the Changjiang (EDMOND et ai, 1985; ELBAZ-POULICHET et ai, 
1987), whereas for the Rhine/Meuse and Tamar estuaries the trace metals as 
Cd, Zn and Cu are removed by suspended particles (DUINKER and NOLTING, 
1978; ACKROYD et ai, 1986). MORRIS (1990) showed that sorption kinetics for 
the behaviour of certain trace elements in estuaries are important. Desorption 
occurs especially in larger estuaries with high residence times, whereas for 
smaller estuaries as the Rhine/Meuse and Tamar removal processes 
dominate. 
In this study we investigated the geochemical behaviour of major elements and 
trace elements associated with suspended matter in the Rhine/Meuse estuary. 

TABLE 1. Average annual load (tonjyear) of different trace metals in the rivers 
Rhine and Meuse and industrial discharges in the harbour area of Rotterdam. 

Element Rhine! Rhine2 Meuse2 Industrial 
(Lobith) (Lobith) (Eysden) discharges 3 

(1977) (1988-1990) (1988-1990) (1985-1989) 

As 92 15 13.9 (11.5%) 

Cd 120 6.8 9.7 15.6 (48.6%) 

Cr 1870 458 44 15.6 (3.0%) 

Cu 884 358 36 10.9 (2.7%) 

Hg 3.2 0.4 0.1 (2.7%) 

Ni 391 256 29 5.7 (2.0%) 

Pb 1547 278 45 7.8 (2.4%) 

Zn 4845 2466 523 55.2 (1.8%) 

(1) SALOMONS & EYSINK (1981), (2) ANONYMOUS (1991a), (3) 
ANONYMOUS (1991 b) the percentages in brackets indicate the additional 
industrial contribution in the estuary over and above the total load of Meuse 
and Rhine. 
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2. THE RHINE/MEUSE ESTUARY 
The total load (tons/year) of trace metals entering the Netherlands by the 
rivers Rhine and Meuse is given in Table 1. When the results obtained by 
SALOMONS & EYSINK (1981) for the river Rhine at Lobith in 1977 are 
compared with recent calculations (1988-1990), one finds that there has been 
a decrease in the total load of all trace metals. When the trace metal loads of 
the rivers Rhine and Meuse are compared with each other, the load of Cd in 
the river Meuse turns out to be remarkably high, particularly since the 
discharge of the Meuse (250 m3/s) is much lower than that of the Rhine (2250 
m3/s). 
The regime of the rivers Rhine and Meuse and the distribution of the water 
over the lower courses have been strongly affected by civil engineering work. 
The closure of the Haringvliet in 1971 has had a major influence on the 
hydrology of the estuary. As a result the Rhine/Meuse estuary is nowadays 
more canal-like and most of the discharge occurs now through the Nieuwe 
Waterweg (Fig. 1). Due to the high discharge and the relatively short length of 
the estuary (ca. 60 km), the residence time of the surface water in the estuary 
is only of the order of 3 to 6 days (DUINKER & NOLTING, 1978). The Nieuwe 
Waterweg is further characterized by very intensive shipping and harbour 
activities. The industrial discharge of trace metals into the estuarine 
Rhine/Meuse environment (harbour area of Rotterdam) is shown in Table 1. 
The percentage in brackets indicates the additional enrichment of a certain 
trace metal due to these outflows with respect to the total load of Meuse and 
Rhine. The additional amounts of industrial outflow are in the range of 1.8 - 3.0 
% for Cr, Cu, Hg, Pb and Zn, but remarkably higher for As (11.5%) and Cd 
(48.6%). 

Rotterdam 

Figure 1 The Rhine/Meuse estuary and positions of the suspended matter 
samples collected in May 1988 (e) and March 1989 (0). 
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3. SAMPLING AND ANALYSES 
Suspended matter samples were taken in the North Sea, Nieuwe Waterweg 
and Nieuwe Maas (harbour area of Rotterdam) during 2 cruises in May 1988 
(Fig.1) and March 1989. By means of a continuous-flow centrifuge (1 m3/h) 
suspended matter was collected from 2 m below the water surface. During the 
sampling pH, 02 and temperature were continuously monitored. Excess water 
was extracted from the suspended matter by filtration and the residue was 
oven-dried at 50°C. Major elements and trace metals were determined with 
inductively coupled plasma emission spectroscopy (ICP-AES) and graphite 
furnace atomic absorption spectrometry with Zeeman correction (ZGAAS) after 
the samples had been totally destructed with HF-HN03-HCI04 on a hot plate at 

0a temperature of approximately 200 C. Organic carbon was determined as 
C02 by means of IR absorption, after combustion method at 900 0 C. Prior to 
this, inorganic carbon was removed by 1 M HCI. The carbonate concentration 
was measured volumetrically (Scheibler) and Si was measured by ICP-AES 
after LiB02 destruction. The reliability of the analytical techniques was 
assessed by analysis of two marine sediment standard references of the NRC 
of Canada; BCSS-1 and MESS-1 and a soil standard SO-1 of the CCRMP. The 
major elements are matched within 4%, whereas the concentrations for the 
trace elements are within the reliability level of 10%. The trace elements Sc, Cr, 
As, Cs, La, Eu, Sm, Vb, Hf and Th were measured by means of instrumental 
neutron activation analysis (INAA). 

TABLE 2. Background and historical comparison of trace metal contents in 
river Rhine suspended matter (mg/kg). 

Element Back Ref.2 Ref.3 Ref.4 Ref.5 this 
ground ' Lobith Lobith study 

(mg/kg) (1974) (1976) (1975-1981 ) (1988-1990) 

Cd 0.3 56 17 ± 8 2.0 ± 2.0 9.6 

Cu 15 250 521 325 ± 142 76 ± 21 138 

Zn 100 1400 2486 1702 ± 669 898 ± 841 908 

Pb 33 1017 596 ± 191 115 ± 66 131 

Ni 14 122 ± 38 36 ± 7.2 69 

Cr 68 240 1413 724 ± 444 190 ± 59 207 

Hg 1.3 ± 0.9 

As 12 ± 12 29 

(1) Background data of trace metals in river Rhine suspended matter 
calculated from VAN DER WEIJDEN & MIDDELBURG (1989) and VAN DE 
MEENT et al (1990); (2) DUINKER & NOLTING, 1978; (3) NOLTING et ai, 
1989; (4) VAN DER WEIJDEN & MIDDELBURG, 1989; (5) ANONYMOUS, 
1991 a. 
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4. RESULTS AND DISCUSSION 

4.1. CONTAMINATION FACTORS 
The natural background of trace metals in suspended matter from the river 
Rhine are derived from a model used by VAN DER WEIJDEN & MIDDELBURG 
(1989). Recent trace-metal concentrations in suspended matter collected at 
Lobith (1988-1990) still exceed background values (Table 2). The 
contamination factor, defined as the ratio between the measured values at 
Lobith and the calculated background values, are found to be: Cd (7), Cu (5), 
Zn (8), Pb (3.5), Ni (2.5) and Cr (3). Table 2 shows also that trace-metal 
contamination in the river Rhine has decreased over the last few decades. All 
trace-metal and particularly Cd concentrations are higher in the estuary than at 
Lobith. This could be an indication for anthropogenic influences, such as 
discharges by the industry and non-point inputs such as atmospheric 
deposition and/or surface runoff from contaminated areas. 

4.2 MAJOR ELEMENTS 
The main carriers for trace metals on oxygenated particulate matter are the Fe 
and Mn oxyhydroxides, the organic matter and in a lesser degree clay 
minerals (LUOMA & DAVIS, 1983; SHEA, 1989). The distribution of the major 
elements AI, Fe and Mn and particulate organic carbon (PaC) in estuarine 
suspended matter is shown as a function of salinity in figure 2. 
The AI concentrations in the samples varied from 7.1 % to 4.2 %, whereas the 
lower AI concentrations are found predominantly in the higher salinity region. 
Aluminium is a major and refractory constituent of AI-silicates. The most 
important AI-silicates found in Rhine/Meuse suspended matter are illite and 
smectite (VAN ECK, 1982). These minerals are often coated with Fe and Mn 
oxyhydroxides and organic matter (HUNTER & L1SS, 1982; BUCKLEY, 1989). 
The particulate organic-carbon (PaC) concentrations in the samples collected 
in March 1989 decrease from 5.1 % in the fresh water area of the estuary to 
3.5 % in more saline waters (Fig. 2). A positive correlation is observed 
between pac and the AI concentration (Fig. 3), indicating a possible 
association of organic matter with clay minerals (SALOMONS & DE GROOT, 
1978) or a similarity in the hydrodynamic behaviour of clay particles and 
organic matter. In the fine clay-rich fraction trace-metal concentrations are 
generally high (DE GROOT et ai, 1971; SCHaER et ai, 1982; KLAMER et ai, 
1990). For comparison of levels of contamination of suspended matter from 
different sources, the trace metal levels have to be corrected for differences in 
clay- mineral concentration. In this study we used the trace element to AI ratio 
for this purpose. 
Iron, mainly present in clay minerals and oxyhydroxides, is found to be linearly 
related to AI (Fig. 3). Throughout the estuary the Fe/AI ratio (w/w) is fairly 
constant at 0.62. The constant ratio implies a conservative behaviour of Fe. 
Iron oxyhydroxide precipitates could be formed in the estuary due to 
flocculation of dissolved Fe in the estuary (BOYLE et ai, 1977; SHOLKOVITZ, 



Figure 2 Distribution of AI (%), Fe (%), Mn (%) and POC (%) as a function of 
salinity in estuarine Rhine/Meuse suspended matter collected in May 1988 (0) 
and March 1989 (*). 

1978), but such enrichment is apparently to small to change the Fe/AI ratio of 
the suspended matter. 
Manganese shows a decreasing gradient with increasing salinity (Fig. 2). It is 
noteworthy that the samples collected in May 1988 have a significantly higher 
Mn concentration at a certain salinity than do the samples collected in March 
1989. A possible explanation for the higher Mn concentration on the 
suspended matter collected in May 1988 could be the influence of 
temperature. In contrast to the fast oxidation of Fe(lI) under oxygenated 
conditions, the oxidation kinetics of reduced Mn(lI) is much slower and is more 
dependent on temperature (STUMM et ai, 1980; MORRIS et ai, 1982; 
KEENEY-KENNICUTT & PRESLEY, 1986). The average water temperature in 
May 1988 at a depth of 2 m beneath the water surface was on average 16 0 C, 
whereas in March 1989 the water temperature in March 19a9 was on average 
9 Q C. This increasing temperature during the spring period would enhance 
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Figure 3 The relations between Fe-AI, POC-AI and Sr-Ca in the suspended 
matter samples collected. 

oxidation and precipitation of Mn. Because in our study sampling was 
restricted to suspended matter within the estuary, it is possible that the 
enrichment of Mn in the samples of 1988 occurs already in the rivers of Rhine 
and Meuse. For the river Rhine similar observations of higher particulate Mn 
concentrations during summer were reported by VAN DER WEIJDEN & 
MIDDELBURG (1989). 
Table 3a shows the chemical composition of the major elements of the fluvial 
(Rhine-Meuse) and marine (North Sea) endmembers of the suspended matter 
found in the estuarine region. 
The calcium concentrations in suspended matter increase in seaward 
direction. Mixing of fluvial with carbonate-rich marine suspended matter causes 
the higher Ca concentrations (SALOMONS, 1975; NOLTING et ai, 1989). 
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TABLE 3a. Major element composition of the endmembers of the fluvial Rhine-
Meuse and North Sea suspended matter in the estuary. 

pac 
% 

CaC03 
% 

Si 
% 

AI 
% 

Fe 
% 

Mn 
% 

Mg 
% 

Ti 
% 

S 
% 

P 
% 

Fluvial 5.6 14.3 21.3 6.2 3.8 0.14 1.2 0.43 0.39 0.47 

Marine 3.1 27.3 18.8 4.3 2.6 0.08 1.1 0.30 0.47 0.17 

TABLE 3b. Trace element composition (mgjkg) of the endmembers of the 
fluvial Rhine-Meuse and North Sea suspended matter in the estuary. 

Cd Co Cr Cu Ni Pb Sr Zn 

Fluvial 9.6 17 207 138 69 131 278 908
 

Marine 2.6 7 88 25 34 45 457 196
 

4.3 TRACE METALS 
Figure 4 shows the trace-element concentrations of suspended matter as a 
function of salinity. The concentrations of In, Cu, Pb, l'Ji, Cr, and Cd in Rhine
Meuse estuarine suspended matter decrease with increasing salinity. The 
results of the cruises in May 1988 and March 1989 were similar with respect to 
In, Cu, Cr and Cd, whereas for Pb, Ni and Co (not shown here) at a certain 
salinity the results for May 1988 are in general higher than those for March 
1989 and show a resemblance to the pattern of Mn (Fig. 2). The endmembers 
of the trace-metal concentrations in the freshwater and marine environment in 
the estuarine region are presented in table 3b. 
Sorption is considered to be important for the regulation of trace-metal 
concentrations in natural waters (SINGH & SUBRAMIAN, 1984; JOHNSON, 
1986). The surface water of the Rhine/Meuse estuary is oxygenated 
throughout the year. At all sampled locations the oxygen saturation was at 
least 70%. As mentioned before, Fe and Mn oxyhydroxides, reactive organic 
matter and clay minerals play an important role with respect to trace-metal 
sorption (BENJAMIN & LECKIE, 1981; SHEA, 1989). To investigate the relation 
of trace metals to individual substrates present in the suspended matter, we 
calculated the interelement correlations between the major elements typical for 
the different substrates and trace metals (Table 4). 
Three groups can be distinguished. The first group is AI-associated, and 
contains Cd, Cr, Cu and In. The association with AI implies an association of 
these trace metals with clay minerals or with compounds as Fe oxyhydroxides 
and POC which show a positive correlation with AI (Fig. 3). There are 
numerous studies in which the importance of Fe hydroxides and organic 
matter in trace-metal scavenging as mentioned above is reported (FORBES et 
ai, 1975; BALISTRIERI & MURRAY, 1982; MILLWARD & MOORE, 1982). 
The second group consists of Co, Ni and Pb. Although these elements 
showed almost the same correlation with POC, clay minerals (AI) or Fe
oxyhydroxides as other trace elements, they have a much better correlation 
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TABLE 4. Correlation coefficient matrix for trace elements and major elements 
in estuarine Rhine/Meuse suspended matter1. 

Org.C2 AI Fe Mn Ca 

Cd 0.858 0.777 0.757 0.509 -0.604 

Cr 0.813 0.863 0.823 0.471 -0.775 

Cu 0.841 0.753 0.677 0.421 -0.669 

Zn 0.860 0.822 0.827 0.566 -0.910 

Co 0.830 0.776 0.816 0.841 -0.984 

Ni 0.845 0635 0.629 0.838 -0.806 

Pb 0.781 0.416 0.456 0.820 -0.744 

Sr -0.478 -0.262 -0.271 -0.462 0.717 
(1) Twenty-five samples were collected in May 1988 and March 1989 and were used in this 
analysis. (2) Only the samples collected in March 1989 (n = 12). 

with Mn than do other trace elements. As mentioned before an increase of the 
surface-water temperature during spring of the rivers Rhine and Meuse and in 
their estuary will enhance the oxidation of reduced Mn. As a result trace 
elements such as Ni, Co and Pb are sorbed by precipitation of Mn 
oxyhydroxide. The relation between Mn and the trace elements Pb, Ni and Co 
is shown in Fig. 5. The importance of Mn oxyhydroxides in scavenging of Co 
and Ni is confirmed by observations of SHAW et al (1990) and ZWOLSMAN (in 
prep.). Both studies reported an enrichment of Mn oxides with Co and Ni 
under oxic conditions. With respect to Pb, it has high affinity for particulate Mn 
oxyhydroxide surfaces in the order Pb > > Cu > Zn (BALISTRIERI & 
MURRAY, 1986; PAULSON et ai, 1988). 
The third group shows the relation between Sr and Ca (Fig. 4). A Sr/Ca ratio 
is found to be 45.2 (ppm/%). This compares well with recent results obtained 
for the lower estuary of the Scheidt. ZWOLSMAN (1992) found there an Sr/Ca 
ratio of 46.6 (ppmj%). Due to possible precipitation of carbonates in the 
marine environment, Sr is depleted from the sea water and enriched in the 
carbonate fraction. The difference in the Sr concentration of the fluvial and 
marine suspended matter (Table 3b) is caused mainly by estuarine mixing. 

4.4 MIXING 
The question arises if the decrease in trace metal concentrations of the 
suspended matter with increasing salinity is due to chemical processes or due 
to physical mixing of polluted river-borne suspended matter with relatively 
unpolluted marine particulate matter. The different transport mechanisms for 
water and particulate matter in an estuary imply that the mixing ratio of marine 
and fluvial suspended matter is not simple a function of the salinity 
(SALOMONS & EYSINK, 1981). To distinguish the origin of the suspended 
matter several natural sediment tracers can be used (SALOMONS & MOOK, 
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Figure 5 Relations between the trace metals Pb, Ni and Co in the suspended 
matter sampling during the cruises. 

1987). For the Rhine/Meuse estuary SALOMONS & MOOK (1977) used stable 
isotopic carbon as a tracer to distinguish between marine and fluvial sediments 
and NOLTING et al (1989) used Ca as conservative tracer. In our study the 
metal concentrations in the fluvial and marine endmembers and the mixing 
ratio of fluvial to marine mud are determined by the use of the trace elements 
Sc, Cr, Cs, La, Ce, Eu, Sm, Vb and Th. Table 5 shows that there are 
differences in the ratios of these elements to AI in the Rhine/Meuse and North 
Sea suspended matter samples collected in March 1989. The concentrations 
of trace elements on the suspended matter are normalized by the AI 
concentration. A natural tracer can be used to discriminate between particulate 
matter of different origins if it shows conservative behaviour during estuarine 
mixing. This means that the ratio of tracer to AI does not change with time 
(SALOMONS & EVSINK, 1981). For the Scheidt estuary conservative mixing 
was observed for Vb, Ta, Rb, Th, Cs, Hg and Cr (SALOMONS & EVSINK, 
1981). In our study the distinction between fluvial and marine suspended 
matter is made on the basis of the Cr/ AI ratio. The Cr/ AI ratio of the fluvial 
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TABLE 5. Differences in ratio of the trace element (mg/kg) to AI (0/0) in the 
Rhine/Meuse and North Sea suspended matter samples collected in March 
1989. 

Element Rhine/ North Element Rhine/ North 
Meuse Sea Meuse Sea 

Sc 2.1 1.8 Eu 0.7 0.2 

Cr 36.5 20.7 Sm 2.8 0.8 

Ce 23.2 11.7 Yb 1.2 0.2 

Cs 3.5 1.6 Hf 0.7 0.8 

La 15.2 5.5 Th 2.3 1.4 

suspended matter was determined at 36.5 * 10-4 by weight, whereas the Cr/ AI 
ratio of the marine suspended matter was given at 20.7*10-4 by weight. The 
latter ratio compares well with the Cr/ AI ratio of 20.5*10-4 found in the marine 
environment of the Scheidt estuary (ZWOLSMAN; 1992). These end-member 
values were used to calculate the percentage of marine particles in the 
estuarine samples. 
Fig. 6 shows the normalized trace element concentrations as a function of the 
calculate marine particle percentage. The straight line is the theoretical mixing 
curve connecting the marine and fluvial endmembers. The results show that 
the main cause of the changing trace metal concentrations in the estuary is 
the physical mixing of fluvial suspended matter with North Sea suspended 
matter. Similar observations were obtained by using other tracers (SALOMONS 
& MOOK; 1977, DUINKER & NOLTING; 1978 and NOLTING et al; 1989). 
The deviation from the mixing curve is a method for identifying the occurence 
of chemical reactivity in estuaries (BOYLE, 1974). A deviation is observed for 
Mn, Pb, Co and Ni (Fig.6, Co and Ni not shown here) in the samples collected 
in May 1988. Because the dilution line was obtained by the samples collected 
in March 1989, the above mentioned elements show a relative enrichment for 
the samples collected in May 1988. Due to the possible precipitation of Mn at 
higher temperatures and scavenging of Pb, Co and Ni in the river system, the 
fluvial end-member for these elements is not constant throughout the year. 
This implies that for the samples collected in May 1988 the fluvial end-member 
for Mn, Pb, Ni and Co is probably underestimated. 

5. CONCLUSIONS 
(1) The quality of the suspended matter with respect to trace- metal 
concentrations has improved over the last few decades. Contamination factors 
for suspended matter in the river Rhine collected in the period 1988-1990 are 
down to: Cd (7), Cu (5), Zn (9), Pb (3.5), Ni (2.5) and Cr (3). 
(2) Due to elevated temperatures in spring the oxidation of reduced Mn in the 
surface water is enhanced. As a consequence scavenging of Co, Ni and Pb 
from the surface water can occur. 
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Figure 6. Relationships between the ratio of trace element concentration to AI 
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This may imply that the fluvial endmember concentrations in the estuary for 
these elements are not a constant throughout the year. 
(3) The decrease in trace metal concentrations in suspended matter with 
increasing salinity can be attributed largely to physical mixing of contaminated 
Rhine/Meuse suspended matter with relatively unpolluted North Sea 
suspended matter. Chemical reactivity for trace elements in the estuary on 
basis of suspended matter analysis can not be clearly identified. 
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SORPTION OF CADMIUM ON SUSPENDED MATTER UNDER ESTUARINE 
CONDITIONS; COMPETITION AND COMPLEXATION WITH MAJOR SEA
WATER IONS 

Abstract- Sorption of Cd at low concentrations onto river Rhine suspended 
matter was examined in terms of sorption rate, reversibility and factors such as 
competition and complexation with major inorganic sea-water ions. More than 
90% of the final amount of Cd is sorbed within the first few hours. Desorption 
experiments show that the process is virtually reversible. In experiments with 
diluted sea water the sorption of Cd strongly decreases even at low salinity. 
Sorption isotherms show that the sorption of Cd in NaN03 solutions is 
regulated by the free Cd2t activity. In a Ca(N03)2 environment the Cd sorption 
decreases with increasing Ca2 

+ concentrations, which implies competition 
between Ca2 

+ and Cd2 
+ for the different sorption sites. In different electrolyte 

solutions of similar ionic strength the sorption of Cd decreases in the solution 
order NaN03 > NaCI > NaCI + MgCI2 + CaCI2 > diluted sea water. Although 
inorganic speciation calculations show that even at low salinities dissolved Cd 
is dominated by Cd-chloro complexes, chloride accounts for only about one 
third of the increased mobility of Cd. As a result of addition of Ca2 + and Mg2 + 

the sorption capacity of suspended matter for Cd is further reduced by a 
factor three. 

1. INTRODUCTION 

It has been demonstrated in field studies (Edmond et aI, 1985, Salomons and 
Kerdijk, 1986; Elbaz Poulichet et ai, 1987) and in laboratory experiments (van 
der Weijden et ai, 1977; Li et ai, 1984; Comans and van Dijk, 1988) that when 
river water mixes with sea water, heavy metals such as Cd may be mobilized. 
Model calculations have shown that an increase in chlorinity causes a 
decrease in the adsorption of Cd on particulate matter, and that the dissolved 
inorganic Cd speciation in marine waters is dominated by highly stable and 
soluble chiaro complexes (Salomons and Kerdijk, 1986; Comans and van Dijk, 
1988). 
The distribution of Cd in the estuarine environment is not only controlled by 
chloride, but also by changes in the pH, redox potential, composition and 
concentration of particles and their residence time in the mixing zone (Duinker 
et ai, 1982; Bourg, 1983; Salomons and Kerdijk, 1986; Boldrin et aI, 1989). 
With increasing chlorinity the concentrations of major alkaline metals (Na, K) 
and alkaline-earth metals (Ca, Mg) will also increase and possibly influence Cd 
sorption on particulate matter (Elbaz Poulichet et ai, 1987; Comans and van 
Dijk, 1988). These cations will compete with Cd for the different sorption sites 
on the particulate matter. As a result sorbed Cd can be remobilized and may 
increase the dissolved concentration. For different soils it has been observed 
that the presence of Ca significantly reduces the sorption of Cd (Chardon, 
1984; Christensen, 1984). Balistrieri and Murray (1982) reported that sorption 
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of Mg on goethite in artificial sea water reduced the Cd sorption and more 
recently Cowan et al (1991) showed, in a study of Cd sorption on iron oxides, 
that in Cd-Ca mixtures the degree of competition increased with increasing Ca 
concentration. 
The purpose of this study was to determine in which way the sorption of Cd 
onto river Rhine suspended matter is affected by competitive and 
complexation effects of the major sea water ions. The experimental conditions 
used, in terms of pH, particle concentration, alkalinity and Cd concentrations, 
were close to natural. 

2. MATERIALS AND METHODS 

2.1 SAMPLE COLLECTION AND CHARACTERIZATION 
Suspended matter was collected from the river Rhine near Lobith Crhe 
Netherlands) in March 1989 by means of a continuous-flow centrifuge. After 

0collection the suspended matter was stored in the dark at 4 C. The median 
particle size of the Rhine suspended matter is about 14 J.Lm (Comans, 1989). 
The major element and trace element compositions of the suspended matter 
are presented in Table 1 and were determined with inductively coupled plasma 
emission spectroscopy (ICP-AES) and graphite furnace atomic absorption 
spectrometry with Zeeman correction (ZGAAS). This was done after the 
samples had been totally destructed with HF-HN03-HCL04 in teflon vessels. 
Subsequently the solutions were evaporated to dryness and finally the 
precipitates were dissolved in 1 M HCI. Organic C was determined as CO2 on 
a TOC analyser, after combustion at 900 C. Prior to this the carbonates had 0 

been removed by the addition of 1 M HCI solution.
 
The mineralogical and organic matter contents of Rhine suspended matter are
 
approximately: 11 % calcite, 2 % dolomite, 2.5% iron oxide, 24% quartz, 3%
 
kaolinite, 30% illite, 10 % smectite, 4% microcline, 3% albite and 7% organic
 
matter (van Eck, 1982).
 

TABLE 1. The major element (%) and trace element (mg/kg) composition of
 
river Rhine suspended matter collected at Lobith in March 1989.
 

Element (%) Element (mgjkg) 

Si 20.35 Cr 159 

AI 5.51 Pb 155 

Fe 3.83 Ti 3827 

Mn 0.16 Zn 980 

Na 045 Sr 389 

K 2.02 Ni 80 

Mg 1.16 Cu 197 

Ca 5.58 Cd 2.8 
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2.2 SORPTION ISOTHERMS 
The experimental procedures for determining sorption isotherms are similar to 
those described by Comans (1987) and Comans and van Dijk (1988). 
The solids were re-suspended in (a) solutions with different concentrations of 
Na+ and Ca2 + as competing cations, HC03- as natural pH buffer to maintain a 
pH = 7.85 and N03- as non-complexing ion, (b) pure Atlantic surface water, 
which was filtered over a 0.2 /.Lm cellulose-acetate filter and diluted with 
double-distilled water to salinities of 0.15 %0; 0.75 %0; 2.45 %0 and 34.84 %0, (c) 
various electrolytic solutions at a pH of 7.75 and an ionic strength of 9.5*10-2 

M composed of respectively NaN03 , NaCI, NaCI + CaCI2 + MgCI and diluted 
seawater. The solution contains quantities of Na+, Ca2+ and Mgf+ that are in 
the same ratio as in the diluted seawater solution. In all experiments the 
electrolyte chemicals used were of suprapure quality. 
In order to pre-equilibrate the solids with the different electrolyte solutions and 
to remove exchangeable metals, suspensions were transferred to dialysis 
tubing and dialysed for 2 weeks in regularly refreshed electrolyte solutions. 
The sorption experiments were performed in 110 ml teflon (PTFE) reaction 
vessels. Before starting the experiments the teflon materials were cleaned with 
5% DECON-90 detergents, 5 M HN03 and double-distilled water. Teflon 
material is used to minimize sorption of Cd on the walls of the vessels. It was 
found that the adsorption on the walls of the vessel was less than 3% at the 1 
/.Lg/I Cd(lI) level over a 12 day period (Comans and van Dijk, 1988). 
Duplicate samples with initial Cd concentrations ranging from 1 to 20 /.Lg/I 
were labelled with 109Cd and were equilibrated for 12 days under continuous 
shaking at a temperature of 298 K. The initial volume was 80 ml with a particle 
concentration of 100 mg/1. During equilibration sub-samples were taken at 
intervals for monitoring of the pH and for y-counting of the 109Cd activity in the 
liquid phase after 30 minutes centrifugation at 2.4 * 105 m/s2

. For the y
counting we used an LKB 1282 Compugamma y-counter with a Nal detector 
set at counting times of 1200 s. 
The aqueous and the sorbed Cd concentrations were calculated as follows: 

CI = (CI*/Clo*)CIO (1 ) 
Cs = (C1o - C1)/m (2) 

where 
= initial aqueous concentration (/.Lg/I)C10
 

C
1 

= aqueous Cd concentration after equilibration (tLg/l)
 
= initial aqueous 109Cd activity (Bq/I) CIII* 

C1 = aqueous 109Cd activity after equilibration (Bq/I) 
C = sorbed Cd concentration (tLg!g) s 
m = solid/solution ratio (g/I) 

2.3 REVERSIBILITY 
To study reversibility in the various solutions we performed a desorption 
experiment. After adsorptive equilibration (12 days) the Cd-containing solids 
were separated from solution by centrifugation in 40 ml teflon (FEP) tubes at 
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2.4 * 105 mjs2. To prevent loss of the solid phase, about 3 ml of the 
equilibrium solution was left at the bottom of the tube. By weighing the tubes 
directly before and after centrifuging, we can calculate the total amount of Cd 
left for the desorption experiments. The particles were re-suspended in equal 
volumes of the same solution as used for adsorption but now without Cd. The 
desorption process was studied in the same reaction vessels for 12 days 
under continuous shaking at a temperature of 298 K. Sub sampling and pH 
monitoring were carried out as described above. 

3. RESULTS AND DISCUSSION 

3.1 SORPTION RATE 
The amount of Cd sorbed on river Rhine suspended matter is shown in Fig. 1 
as function of time during adsorption and desorption in diluted North Atlantic 
surface water solutions of different salinities. Similar curves were obtained for 
the sorption of Cd in the other solutions used in this study. Adsorption as well 
as desorption show a rapid response of Cd within the first few hours. In this 
period more than 90 % of the final adsorption is reached. 
After the fast initial processes the sorption proceeds at much slower pace, 
whithout reaching a discernible equilibrium within the observed period. The fast 
processes are generally attributed to sorption of Cd on the different directly 

10 

A 0
 
Oi
-... 
Ol 8
2, 

e
c
0 

---------.j<

6 
C 
Ql 
(.l 
c 
0 
(.l 4
 
"0
 
()
 

"0 
Ql
 
.0
.... 2 
0 

(J) 

0 

0 6 12 18 24 30 

Time (d) 

Figure 1 The sorption rate of Cd on river Rhine suspended matter in diluted 
North Atlantic sea water with salinities of 0.15 %0 (*); 0.75 %0 (0); 2.45 %0 (0); 
34.85 %0 (0). The adsorption period (A) of 12 d is followed by desorption (0). 
The initial Cd concentration was 1 J.l.gjl and pH = 7.8 
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available sorption sites on the surface of the solid phase. The slow processes 
can be attributed to diffusion into micropores (Morel, 1983; Davis et aI, 1987), 
or to slow kinetics of ancillary reactions which perturb the equilibrium of the 
sorption reaction (Morel, 1983), or in the case of surface precipitation they can 
be attributed to lattice penetration and recrystallization (Farley et aI, 1985; 
Davis et aI, 1987). 

3.2 REVERSIBILITY 
To understand the sorption mechanism of trace metals in natural systems it is 
important to know whether sorption is a reversible process (Di Toro et aI, 
1986). This means that one is concerned about the extent to which adsorbed 
metals can be remobilized into the aqueous phase when the chemical 
environment changes. A direct test to study reversibility is to use the same 
aqueous phase for both adsorption and desorption (Di Toro et aI, 1986; 
Comans, 1987). Figure 2 shows the isotherm of the Cd adsorption (12 d.) in 
diluted North Atlantic surface water with a salinity of 0.15 %0. The lines with 
arrows represent desorption after an observation time of 13 days. Under the 
conditions of this experiment the isotherms show that Cd sorption on river 
Rhine suspended matter is almost completely reversible. The apparent 
hysteresis observed between the adsorption and desorption curves could be 
explained by the incomplete equilibrium within the adsorption and desorption 
period (Fig. 1). However, another possibility is that organic components initially 
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Figure 2 Sorption isotherms of Cd on river Rhine suspended matter after 
adsorption (12 d) and desorption (13 d) in diluted North Atlantic Sea water 
with a salinity of 0.15 %0. The initial Cd concentration varied from 1-20 j.1.Qjl. 
Adsorption (*) pH =7.93±0.05; Desorption (0) pH =7.81±0.03. 
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Figure 3 Adsorption isotherms of Cd on river Rhine suspended matter 
obtained after an equilibration time of 12 d in diluted North Atlantic Sea water 
with salinities of 0.15 %0, pH = 7.93±0.05 (*); 0.75 %0, pH = 7.86±0.04 (0); 2.45 %0, 
pH =7.87±0.03 (0); 34.85 %0, pH =8.18±0.03 (0). The initial Cd concentration 
varied from 1-20 ,ug/l. 

present in the solid phase were dissolved during the adsorption experiment. 
By complex formation such components could increase the Cd solubility. 
Replacement of this solution by a Cd-free electrolyte will remove the dissolved 
organic components. As a result fewer or no organic components are present 
in the solution during the desorption experiment, which may reduce the Cd 
solubility. In our further analysis we assume that adsorption equilibrium was 
reached after 12 days. 
The observations about reversibility of Cd on natural particulate matter are 
consistent with observations of Christensen (1984) and Comans and van Dijk 
(1988). However, sorption of trace metals on natural particulate matter is often 
found not to be completely reversible (Tiller et ai, 1979; Salomons, 1980; Di 
Toro, 1986). In some systems the observed irreversibility might be due to the 
slow desorption kinetics and in addition to the short observation time used for 
the sorption experiments. 

3.3 SALINITY EFFECT 
The effect of salinity on the adsorption of Cd is demonstrated in Figure 3. The 
salinity ranges from an artificial fresh water environment to an original filtered 
North Atlantic sea water solution (34.85 %0). The adsorption isotherms show 
that enhanced mobilization of Cd from river Rhine suspended matter occurs 
with increasing salinity. The changes in the sorption isotherms are large, 
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Figure 4 Inorganic speciation distribution of Cd as function of the salinity. The 
stability constants used are similar to Comans and van Dijk (1988). 

particularly in the low salinity range. These results are in agreement with those 
of other laboratory sorption experiments with Cd on natural particulate matter 
(Li ef aI, 1984; Comans and van Dijk, 1988). In these studies the mobilization 
of Cd with increasing salinity has been attributed mainly to the formation of 
stable Cd-chloro complexes (Comans and van Dijk, 1988). Even at low salinity 
the inorganic Cd speciation in solution is largely dominated by Cd chloro 
complexes. Figure 4 shows the Cd speciation as a function of the salinity 
calculated by means the WATEQX program (van Gaans, 1989). Comans and 
van Dijk (1988) found a straight line when they plotted the sorbed amount as 
function of the free Cd2

+ activity in the solution. They concluded that Cd 
sorption is completely regulated by the combined effect of increasing cadmium 
complexation and ionic strength during the mixing of fresh water and sea 
water. However, when we plotted our results on the free Cd2 

+ activity basis, 
we did not found a single relation between the amount of Cd sorbed and Cd2

+ 

activity for different salinities. 

3.4 IONIC STRENGTH AND COMPETITION EFFECT 
An experiment was carried out in which the ionic strength and competitive 
behaviour of different concentration levels of Na and Ca were studied at pH = 
7.8 ± 0.1, with N03' as non-complexing ion and HC03' as natural pH buffer. It 
was calculated, by means of WATEOX, that in these solutions more than 99% 
of the dissolved Cd exists in the free Cd2 

+ activity form. 
The results (Fig. 5) show that in NaN03 solutions the sorption of Cd is 
regulated by the free Cd2 

+ activity. This means that in a medium of NaN03 
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Figure 5 Freundlich fitted adsorption isotherms of Cd, after an equilibration 
time of 12 days, on river Rhine suspended matter at different l'Ja and Ca 
concentration levels. The sorbed Cd is plotted against the free Cd2

+ activity. 
The initial Cd concentrations varied from 1-20 ~g/1. NaN03 electrolytes: (0) 3 
mM Na, pH=7.87±0.15; (+) 15 mM Na, pH=7.83±0.13; (A) 50 mM Na, 
pH=7.74±0.10. Ca(N03)2 electrolytes: (*) 1 mM Ca, pH=7.86±0.05; (0) 2 mM 
Ca, pH =7.81±0.03; (0) 5 mM Ca, pH =7.72±0.03. 

only the ionic strength is responsible for the sorption behaviour of Cd and 
there is no competitive behaviour between Na+ and Cd2 

+. If it is assumed that 
the sorption behaviour of Na + is controlled by coulombic attraction, this would 
imply that sorption of Cd is determined largely by an other sorption 
mechanism. However, when similar experiments were carried out in Ca(N03h 
solutions the results show that sorption of Cd is more reduced by the Ca2 

+ ion 
than by Na+. Moreover, we did not find a single relation between the sorbed 
amount of Cd and the free Cd2 

+ activity (Fig. 5), which implies a competition 
between Cd2T and Ca2 

+ for the different sorption sites on the suspended 
matter. A satisfactory way to describe sorption isotherms is to use the 
Freundlich equation. This equation is given by: 

Q = K.Cn (3) 

where: Q = the amount of sorbed Cd (mgjkg) 
C = the activity of free Cd2 + in the solution (~gjl) 
K,n = sorption parameters 

The sorption parameters K and n are dependent on the variables controlling 
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Cd sorption, such as pH and electrolyte composition. When the sorption of 
Cd2 + on the suspended matter from the solutions containing Na+ and the 
solutions containing Ca2 + is compared, the Freundlich parameter n is found to 
be almost the same (0.85 - 0.92) in the experiments; this indicates that the 
isotherms differ only slightly from linearity. Linearity implies that the surface 
heterogeneity of the suspended matter pertaining to the sorption of Cd is 
small. However, differences occur in the values of the Freundlich K; it is 
considerably higher for Cd sorption in NaN03 solutions than in Ca(N03)2 

solutions (Fig. 5). This indicates a greater affinity of Cd2+ for the different 
sorption sites on the suspended matter in an Na environment than in a 
comparable Ca environment. In terms of coulombic attraction Ca2+ can 
compete much better with Cd2+ for surface sites than can Na+. However, in 
this case there is a possibility that Ca2 

+ can also compete with Cd2 + in terms 
of chemical bonding. It has been reported by Kinniburgh and Jackson (1982) 
and Balistrieri and Murray (1982) that Ca2 + sorption onto hydrous oxides is 
controlled not only by coulombic attraction but also by higher energy bonding. 
In general the relative affinity of a free cation for suspended matter or soil 
adsorbent will increase with the ability of the cation to form inner sphere 
complexes (Sposito, 1989). The occurrence of this form of chemisorption will 
depend on the electronic structure of the metal cation and on functional 
groups on the surface. For series of metal cations of a given valence, this 
tendency is correlated positively with the ionic radius. Although the valences 
are similar and ionic radii of the non-hydrated Ca2 + (0.99 A) and Cd2 + (0.97 A) 
are almost the same, there are differences in the electronic structure of these 
cations. This is expressed in, for instance, the classification of the metals. 
Whereas Ca2 

+ is an A-type (or hard acid) cation, the Cd2 + cation is a B-type 
(or soft acid) cation (Brown et aI, 1985). These differences influence the 
effective competition between Cd2 

+ and Ca2 + for the sorption sites. 
However, the much higher concentrations of Ca2+ and Mg2 

+ in the marine 
environment in comparison to Cd2 + and the possibility that these cations will 
form higher energetic bonds on the suspended matter may lead to enhanced 
mobilization of Cd into the aqueous phase. 

3.5 MOBILIZATION 
The above experiment shows that Ca is effective in mobilizing Cd, but for a 
saline solution it is not clear whether Cd is released from the particulate matter 
due to complexation with chloride or due to competitive effects with divalent 
cations such as Ca2 + and Mg2 +, or to both phenomena. 
An experiment was carried out with various electrolyte solutions containing 
NaN0 , NaCI, NaCI + CaCI2 + MgCI2 and diluted North Atlantic surface water 

3
with an ionic strength of 0.095 M and a pH which was maintained at pH=7.75 
± 0.1. Figure 6 shows that Cd adsorption decreases in the solution order 
NaN0

3 
> NaCI > NaCI +MgCI2 +CaCI2 > diluted sea water. The results show 

that when N0
3

' is replaced by cr the sorption of Cd is decreased by 
approximately one third. Due to the formation of Cd-chloro complexes in the 
solution, the free Cd2 

+ activity in solution will decrease and desorption will be 
enhanced (Comans and van Dijk, 1988, Boekhold, 1992). As mentioned by 
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Figure 6. Adsorption isotherms of Cd on river Rhine suspended matter after 
an equilibration time of 12 days at pH =7.75 and 1=9.5 * 10-2 M in l'JaN03 (0), 
NaCI (0), NaCI+CaCI2+MgCI2 (0) and diluted sea water (*). The initial Cd 
concentrations varied from 2 - 50 }J.g/L. 

Salomons and Kerdijk (1986) it is probably only exchangeable Cd which will be 
released due to complexing with chloride. This means that although the 
inorganic Cd speciation in sea water solutions is dominated by Cd-chloro 
complexes (Fig. 3), CI- itself is only partly responsible for the desorption of Cd. 

A larger decrease, about a factor three, in Cd sorption is observed when part 
of the Na+ is replaced by the divalent cations Ca2 

+ and Mg2
+. Due to the 

competition of these divalent cations with Cd for the different sorption sites, Cd 
will be desorbed from the suspended matter with increasing Ca2 + and Mg2+ 

concentrations. Whereas Comans and van Dijk (1988) concluded that the 
desorption behaviour of Cd is regulated due to the combined effect of 
increasing Cd complexation and ionic strength, our results show that these 
factors are only partly responsible for the desorption behaviour of Cd and that 
competition with Ca2

+ and probably also with Mg2
+ plays a more important 

role in the distribution of Cd between particles and the solution under estuarine 
conditions. A possible reason why Comans and van Dijk (1988) found an 
apparent single relation when they plotted the sorbed Cd against the free Cd2 + 

activity, is that in estuarine solutions the Cd speciation is dominated by the Cd 
chloro complexes. In these solutions enhanced mobilization of Cd due to 
competition effects will only result in a small shift in the Cd2

+ activity. 
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4. CONCLUSIONS 
Sorption experiments with diluted sea water show that mobilization of Cd from 
suspended matter from the Rhine occurs particularly in the low salinity range. 
In NaN03 solutions Cd sorption is regulated by the free Cd2 + activity, 
indicating that there is no competition between Na+ and Cd2+ for the sorption 
sites. Competition between Ca2 + and Cd2 + for the sorption sites was 
observed over ranges of Ca2+ concentrations and pH that are important in the 
estuarine environment. In solutions containing cr the formation of Cd-chloro 
complexes enhances the mobilization of Cd. However, during the mixing of 
fresh water with sea water, the combined effect of complexation of Cd2+ with 
cr and the ionic strength are only partly responsible for desorption of Cd from 
riverine particulate matter. The sorption capacity is further reduced due to the 
competition of Ca2 + and Mg2t with Cd2t for the sorption sites. 
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APPENDIX 

A PRESSURE-FILTRATION SYSTEM FOR THE EXTRACTION OF PORE 
WATER FROM SEDIMENTS, ESPCIALLY ADAPTED FOR HEAVY METAL 
ANALYSIS 

Abstract- In order to determine the toxicity of polluted sediments and study 
the flow of heavy metals towards vulnerable environments such as 
groundwater and surface water, we need to know more about the 
concentrations of heavy metals in the pore water of sediments. However, to 
obtain reliable analyses of the heavy-metal concentrations in pore water great 
care has to be taken in sampling and treating the sediment. Concentrations of 
heavy metals in pore water can easily be very inaccurate due to unsufficient 
control of the oxygen-free conditions, temperature and materials used. In this 
study a system is presented for the extraction of pore water from sediments 
by pressure-filtration. The system is especially adapted for the analysis of trace 
metals. The advantages of this method are: redox conditions are maintained 
during sample treatment; there is minimal contamination due to the materials 
used; and small sediment volumes can be treated. With this system it is 
possible to treat 12 sediment samples simultaneously. 

INTRODUCTION 
Knowledge of the composition of pore waters is of major importance for our 
understanding of the behaviour of heavy metals in sediments. Several studies 
show that the toxicity to some bentic fauna of sediment polluted with heavy 
metals is closely related to the heavy metal concentration in the pore water 
(Kemp and Swartz, 1989; Swartz et al. 1990, Di Toro et al., 1990). 
Furthermore, we need to know the concentration of the heavy metals in the 
pore water in order to calculate the flow of these compounds towards 
vulnerable environments such as groundwater or surface water. 
However, the collection of pore water for an accurate measurement of heavy 
metal concentrations is rather complicated. It has become evident that 
conditions during handling and pore-water extraction of the sediment need to 
be closely controlled in order to get correct pore water data (e.g. De Lange et 
al., 1988, Schults et al., 1992). During sampling many factors could influence 
the composition of the pore water. One of the most important contamination 
factors is oxygen. In sediments of lakes, rivers or near-coastal areas often 
oxygen-depleted conditions prevail within a few millimetres below the 
sediment-water interface. Contamination of the sediment by oxygen before the 
pore water is separated from the solid sediment phase will directly influence 
the redox conditions and will have an effect on the concentrations of heavy 
metals in the pore water. For example, ferrous ions (Fe2 +) which may exist in 
the pore water (see Chapters 2 and 4) can be oxidized to iron hydrous oxides 
according to: 
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4Fe2 
+ + O2 + 10H20 = = > 4Fe(OHh(s) + 8H + (Eq.1 ) 

As a result compounds such as phosphate and heavy metals, which are in 
general readily sorbed onto these phases, may be scavenged from the pore 
water. Oxygen contamination can also lead to the oxidation of heavy-metal 
sulphide species, which will in turn increase the concentrations of these metals 
in the pore water. In other words contamination by oxygen just before the pore 
water is separated from the solid phase may lead to discrepances between the 
concentrations of heavy metals in the pore water extracted and the pore water 
in the field situation. 
Another factor which leads to deviation of the chemical composition of the 
pore water is temperature. If the water temperature during the separation of 
the pore water deviates from the in-situ temperature this may cause 
differences between the concentration of most of the ions in the extracted pore 
waters and the in-situ concentration of these ions. An increase in temperature 
may result in a shift in the carbonate equilibrium towards the right (see Eq. 2) 
and the formation of calciumcarbonate precipitates (De Lange et a/., 1988 ). 

(Eq. 2) 

A third important factor which may have an influence on the concentration of 
heavy metals during treatment of the sediment sample is the choice of 
materials. Because concentrations of heavy metals in the pore water are 
usually very low (at parts per billion level or lower), the pore water may 
become contaminated by materials used for sampling (Schults et a/., 1992). 
The heavy metals in the pore water can be sorbed onto the walls of the 
vessels or the vessels themself may contain additives which may be released 
during filtration and affect the initial concentrations. The contribution of the 
sampling material to the concentration of heavy metals will depend largely on 
the contact area between the materials and the pore water and on the amount 
of pore water collected. 
Various techniques such as centrifuging, dialysis, vacuum filtration and 
squeezing proved succesful for separating the pore water from the solid 
sediment phase However, most of these techniques have been developed to 
measure major ions, nutrients or redox-sensitive compounds in the pore water 
and not heavy metals. 

In this appendix a method is described for extracting pore wates from the 
bulk phase by means of squeezing in a nitrogen-gas filled glove box. The box 
is a modification of the glove box described by De Lange (1984). The 
advantages of this method are that in-situ redox conditions (oxygen-free 
atmosphere) can be maintained, sorption or contamination with heavy metals 
is minimized by the walls of the materials used, temperature is kept stable, and 
small slices of sediment are produced for further treatment, a high vertical 
resolution for extracting small amounts of pore waters. A sediment core can 
be sliced and 12 subslices obtained which can be squeezed simultaniously for 
pore water extraction. 
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SAMPLING OF THE SEDIMENT 
Undisturbed sediment samples were collected by means of a box corer. 
Subsamples were collected by manually inserting PMMA (perspex) tubes with 
an inner diameter of 70 mm directly after the box corer had been returned to 
the deck. The top of the sediment was covered with overlying surface water. 
The bottom of the subcores was immediately sealed with a 1 cm thick clay 
pellet, to prevent leakage of pore water and infiltration of oxygen into the tube. 
The cores were consequently handled in an upright position to prevent 
disturbance of the sedimentation sequence. The sediment tubes were treated 
under in-situ temperatures. The tube was inserted into a nitrogen-gas filled 
glove box for further treatment and slices of the core were transferred into the 
sediment squeezer for pore water extraction. 

The glove box and pressure-filtration units 
Figure 1 shows a two-dimensional overview of the glove box including the 
filtration units. The glove box (8) is made entirely of PMMA (Perspex). For 
mounting the filtration units, the front cover with the holes for the gloves (not 
presented here) could be removed to give access to the interior. Provisions is 
made for interchanging accessories for extracting samples under secure 
anoxic conditions by means of an evacuable nitrogen lock and a special core 
lock in the bottom. Gastubing, exhaust tubes and an oxygen sensor are 
passed through uniform holes in the sidewalls. By the use of a push-up device 
the core tubes were inserted vertically into the glovebox through a nitrogen
filled lock. 

The main parts of the glove box are: 
1. Bottom-core lock and push-up rod (Fig. 1, nr 1-7). This unit has the 
following functions: 
a) It connects the sediment sample tube (4) to the glove box (8) and the push
up rod (1-3). The sample tube is placed in a vertical position, to prevent 
disturbance of the sedimentation sequence. 
b) It prevents atmospheric oxygen from entering the glove box (5-7). An 
airlock prevents oxygen leakage. The basic principle of the airlock is that it 
permits the leakage of nitrogen gas. When the core is placed in the unit, a 
minor overpressure of nitrogen gas (7) ensures that the lock is vented 
thoroughly. 
c) It leads to a fine vertical-layered resolution of the sediment. With the push
up rod (1-3) the sediment is mechanically pushed up into the glove box by 
means of a foot-pedal (1) in increments of only a few millimetres. In this 
manner sediment slices with a thickness of approximately 5 millimetres can be 
obtained.
 
2. Evacuable lock (no. 11-14). The purpose of this unit is to permit the
 
interchange of accessories without disturbing the inner atmosphere of the
 
glove box. Before the accessories are transported into the glove box, air in the
 
lock is removed by pumping gas out and then letting nitrogen gas in.
 
3. Pressure-filtration units (Fig.1, 10 and Fig. 2).
 
The purpose of the pressure-filtration unit is to squeeze the pore water from
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the solid sediment phase by applying a nitrogen-gas pressure. 
The basic construction of the pressure-filtration units is comparable to the 
Reeburgh press. (Reeburgh, 1967; De Lange, 1984). Figure 2 shows a cross 
section of the unit. The topcylinder (4) is made of PA (Delrin) and the bottom 
(1,2) and the filter-support grid (5) are made of PTFE (Teflon). PTFE is chosen 
because of its low sorption capacity for trace metals and because the 
concentration of trace metals such as zinc in PTFE is lower than in other 
plastics. The filters (6) are made of CA (cellulose acetate) with a porewidth of 
0.2 micrometre. 
In the pressure-filtration units a nitrogen-gas pressure of up to approximately 6 
bar can be achieved (12,13). The nitrogen gas presses a latex membrane (9) 
onto the sediment. This membrane is necessary to prevent evaporation of the 
pore water by the nitrogen-gas and to exert pressure on the sediment so that 
the pore water is squeezed out. 
To prevent contamination, all metal parts are coated with EVOH (Levasint, 
ethylene-vinylalcohol-copolymer). The pressure-filtration units were placed in a 
coated aluminium rack, where a kind of pneumatic cylinder applied the 
thightening force for the press-unit. Before use, the pressure-filtration units and 
bottles were cleaned by rinsing with 1:3 diluted HN03 followed by thorough 
rinsing with distilled water. 

Description of the pore-water extraction procedure 
After or during the sampling of the sediment the glove box is filled with 
nitrogen gas (02 < 0.003 %). The oxygen concentration is monitored by a 
very sensitive oxygen Rexnord sensor (Fig. 1, 19 and 20). The core tube is 
placed in a vertical position at the bottom of the glove box. The sediment can 
be extruded by means of the push-up rod and slices of the desired thickness 
can be obtained. The slices are transferred directly into the pressure-filtration 
units between the filter (Fig.2, 6) and the latex membrane (Fig.2, 9). A 
nitrogen-gas pressure of up to 6 bar is introduced into the filtration unit to 
extract the pore water from the sediment phase. The nitrogen gas presses the 
latex membrane onto the sediment sample and by filtration the pore water is 
separated from the solid sediment phase and collected in HPDE bottles. Once 
collected the pore water can be sub-divided for various analytical purposes. 
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Figure 1
 
An overview of the glove box and accessories.
 
1 pedal, 2 push-up-rod, 3 clamp, 4 sample tube, 5 bottom core-lock, 6 conic
 
lid, 7 nitrogen valve for core-lock, 8 glove box, 9 porewater collecting bottle,
 
10 Reeburgh press, 11 accessory lock, 12 locking doors, 13 vacuum meter,
 
14 three way valve for vacuum/nitrogen, 15 nitrogen supply, 16 thermometer,
 
17 pressure valve for press unit, 18 nitrogen supply valve (0-15 Bar), 19
 
oxygen sensor, 20 Rexnord oxygen meter, 21 exhaust-airlock.
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Figure 2 
A cross section of the pressure filtration unit 
1 PTFE-bottom, 2 press cylinder, 3 pneumatic press cap, 4 pneumatic cylinder 
top cap, 5 filter support, 6 micropore filter, 7/8 "O"-ring, 9 Latex pressure 
membrane, 10 hole for applying extraction pressure, 11 "O"-ring, 12 pressure 
relief valve, 13 clamping/extraction pressure inlet-valve. 
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SUMMARY 

Introduction 
When rivers drain areas with a high population density the sediments are often 
contaminated with heavy metals, such as chromium, cobalt, nickel, copper, 
zinc, cadmium, mercury and lead. The extent and seriousness of sediment 
contamination is most pronounced in the lower reaches of rivers, where river 
water meets seawater. In these regions often a large preferential sedimentation 
of contaminated suspended solids occur. The question arises if these 
contaminated sediments pose a serious threat to aquatic life. A better 
knowledge of the behaviour of heavy metals in sediments will contribute to 
make a better estimation of the risks of these polluted sediments to aquatic 
life. 

In this thesis attention is focused mainly on the chemical behaviour of heavy 
metals in estuarine sediments. Two appropriate sedimentation areas were 
selected for study. One area was lake Ketelmeer, a fresh water sedimentation 
basin of the river IJssel (branch of the river Rhine). The other area was the 
Rhine/Meuse estuary, including the harbour area of Rotterdam. 
The study consisted of collecting and analysing of water and sediment sam
ples from the Rhine/Meuse estuary and lake Ketelmeer and of interpreting of 
the data obtained. In addition some experiments were carried out. 
Answers were sought to the following research questions : 

What are the main diagenetic processes in fresh water and saline water 
sediments and how do they affect the distribution and speciation of 
heavy metals? 
To what extent do physical processes (e.g. advection, diffusion) and 
chemical processes (eg. mineralization, precipitation) determine the 
concentrations of heavy metals in pore water? Can these processes be 
quantified? 
Are the heavy metals desorbed from or adsorbed onto the particulate 
matter when fresh riverine water and saline water mix in the estuary? 

The fresh-water lake Ketelmeer 

sedimentjpore water 
In the sediments of lake Ketelmeer the highest concentrations of heavy metals 
are to be found in the sediment layers that were deposited between 
approximately 1965 and 1975. The younger top layers of the sediment are less 
polluted as a result of measures taken to reduce the upstream disposal of 
heavy metals. 
Pore-water profiles show that nitrate is already depleted within a few 
millimetres below the sediment-water interface, indicating that even in the top 
sediment layer conditions are suboxic. Mineralization of organic matter in the 
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sediment causes an increase in the concentration of phosphate and 
ammonium in the pore water. 
The concentrations of phosphate are controlled mainly by the formation of 
vivianite (Fe2(P04h6H20), the presence of which could be confirmed by 
microbeam analysis. The concentrations of iron and manganese increase with 
depth. This is a result of the microbiologically mediated reduction of iron and 
manganese hydrous oxides under reduced conditions. The surface water of 
lake Ketelmeer has a sulphate concentration of between 0.7 and 0.9 mmol/1. 
Within 5 cm beneath the sediment-water interface the sulphate concentration 
in the pore water decreases to almost zero, indicating that sulphate has 
reduced into SUlphide species. 

The highest dissolved concentrations of Cd, Cu, Zn, Ni and As were found in 
the top layer of the sediment. These elevated concentrations may be ascribed 
to the decomposition of organic matter, to the dissolution of iron and 
manganese oxides and/or to the oxidation of sulphides. In the zone of 
sulphate reduction a decrease was found in the concentrations of Cd, Cu, Zn, 
Ni and As in the pore water. These lower concentrations were caused by 
precipitation of these elements with ironsulphides or other sulphide species. 
This could be confirmed partly by electron microbeam analysis of anoxic sedi
ment layers. When an electron microbeam scan was performed on an iron
sulphide precipitate, the precipitate was indeed found to be enriched in Zn. T
hermodynamic equilibrium calculations show that the pore water of the sedi
ment of lake Ketelmeer is oversaturated or nearly saturated with respect to 
CuS, CdS and NiS. The pore water appears to be undersaturated in pure ZnS. 
This seems to contradict the result of the electron microbeam scan and may 
be due to uncertainties in the thermodynamic equilibrium calculations, the 
possible microscale changes in the redox conditions within the sediment or 
non-ideal behaviour of a Zn-Fe-S solid solution. 

The lowest concentrations of Cr were found in the pore water of the top layer. 
Under the reduced conditions in the sediment the relatively more soluble 
Cr(VI) species will be reduced to Cr(III), which is rapidly precipitated or 
adsorbed. The Cr concentration is found to increase with depth. This may be 
due to the enhanced complexation of Cr with dissolved organic ligands. 

The pore-water profiles of Cd, Cu, Zn, Ni and As were evaluated quantitatively 
by developing a one-layer and a two-layer one-dimensional steady-state 
model. In the one-layer model it is assumed that directly beneath the 
sediment-water interface heavy metals are already being scavenged by 
sulphides. In the two-layer model suboxic conditions prevail in the top layer of 
the sediment (no precipitation of heavy metal sulphides), whereas in the 
deeper layer the heavy metals are scavenged by sulphides. It is assumed that 
heavy metals such as Cd, Cu, Zn, Ni. and As are liberated into the pore water 
as a result of the microbial decomposition of organic matter and reductive 
dissolution of the manganese and iron hydrous oxides. The rate constant for 
the decomposition of organic matter is estimated by the steady-state modelling 
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of the ammonium profile. The modelling results show that the remobilization of 
Cd, Cu, Zn, Ni and As by decomposition of organic matter and dissolution of 
iron and manganese oxides is a relatively slow process. On the other hand the 
formation of heavy-metal sulphide species is a very rapid process and there
fore largely determines the concentration of these heavy metals in the pore 
water. 
Due to the role of sulphides there is no linear relation between the concentrati
ons of Cd, Cu, Zn, Ni, and As in the pore water and the concentrations of 
these elements in the solid phase. In the sediments of lake Ketelmeer even the 
lowest dissolved concentrations of these heavy metals were found in the 
layers which were the most strongly polluted. It can be concluded that the 
threat posed to aquatic life by heavy metals and their transport to vulnerable 
environments such as the ground and surface water will strongly decrease 
when these polluted sediment layers in lake Ketelmeer are covered by less 
polluted sediment layers. 

The Rhine/Meuse estuary 

sediment/pore water 
Sediment cores were collected in the Rhine/Meuse estuary at two sites in the 
harbour area of Rotterdam. One site was located in the upper estuary in a 
fresh/brackish water area with a salinity of approximately 3 to 5 per mil. The 
other was located in the lower estuary in the saline-water area (salinity ap
proximately 28 promille). In the saline-water core sulphate reduction is the 
most important diagenetic process for the decomposition of organic matter, 
whereas in the brackish-water core methanogenesis is the most important pro
cess. The difference can be explained by the fact that concentration of 
sulphate is much higher in seawater (28 mM) than in fresh water (0.5-2 mM). 

In the brackish-water core the pyritization process (FeS2) is limited by the 
amount of sulphate. In the saline-water core the pyritization is limited by sulp
hate reduction in the top 7 cm, whereas deeper in the sediment it is iron 
limited. 
Sequential extractions were carried out to investigate the degree of trace metal 
pyritization (DTMP). Copper (Cu) was found to be more strongly associated 
with pyrite (0.80-0.99) than were As (0.26-0.41) ad Zn (0.04-0.12). 

The pore-water profiles of As show that As is remobilized directly below the 
sediment-water interface. It is assumed that in oxic conditions, such as exist in 
the surface of the Rhine/Meuse estuary, As is bound primarily by iron oxides. 
However, As will be mobilized by the reductive dissolution of these iron oxides 
in the sediment. Deeper in the sediment of the saline-water core the As con
centrations increase considerably to 144 p,g/1. This is possibly due to the 
formation of soluble As-polysulphide complexes. 

The profiles of Cd, Cu and Zn show an increase in concentration directly be
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low the sediment-water interface. Deeper in the sediment the dissolved con
centrations of Cd, Cu and Zn are low as a result of their precipitation as 
sulphides. This phenomenon is observed in the fresh/brackish-watercore as 
well as in the saline-water core. 

Suspended matter 
During two sampling trips in the harbour area of Rotterdam, one in March 
1988 and the other in May 1989, suspended matter samples were collected in 
a longitudinal transect with increasing salinity. The concentrations of Cd, Co, 
Cu, Cr, Ni, Pb and Zn decrease with increasing salinity. Compared with the 
samples collected in March 1988, the samples collected in May 1989 show an 
enrichment in Mn, Co, Ni and Pb. The enrichment can be explained by 
enhanced oxidation of dissolved Mn2

+ species at higher temperatures. Nickel 
(Ni), Co and Pb are probably being scavenged from the solution as a result of 
the formation of manganese oxides. 

The origin of the suspended matter was investigated by analysis of various 
trace elements such as Sc, Cr, Cs, La, Ce, Eu, Sm, Yb and Th. Most of these 
elements behave more or less conservatively as a function of salinity. It can be 
concluded that the decrease in the heavy metal concentration with increasing 
salinity is due largely to the physical mixing of contaminated Rhine/Meuse sus
pended matter with relatively unpolluted marine suspended matter. 

A laboratory study was carried out to investigate the sorption of Cd on river 
Rhine suspended matter under various estuarine conditions. Experiments with 
diluted sea water showed that sorption decreases with increasing salinity. The 
strongest decrease in sorption is observed in the transition zone (0 to approxi
mately 5 per mil salinity) between fresh water and brackish surface water. 
Sorption in NaN03 solutions was found to be regUlated by the free Cd2 

+ 

activity. In Ca(N03)2 solutions the Cd sorption decreases with increasing Ca2 
+ 

concentrations, which implies competition between Ca2 
+ and Cd2 

+ for sorption 
sites. In various electrolyte solutions of similar ionic strength, the sorption 
decreases in the solution order NaN03 > NaCI > NaCI + MgCI2 + CaCI2 > diluted 
seawater. 
Although inorganic speciation calculations show that even at low salinity dis
solved Cd is dominated by Cd-chloro complexes, chloride accounts for only 
one third of the increased mobility of Cd. When Ca2 + and Mg2 + are added to 
the solution the capacity of suspended matter to adsorb Cd is further reduced 
by a factor three. 

The latter studies show that the transition from a fresh water environment to a 
saline environment results in desorption of Cd (and probably also of other 
heavy metals) from the particulate matter. However, in the Rhine/Meuse 
estuary at Rotterdam riverine particulate matter mixes with relatively unpolluted 
marine particulate matter originating from the North Sea. As a result desorbed 
heavy metals may be rapidly scavenged from the solution by this particulate 
matter from the North Sea. 
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SAMENVATTING 

Inleiding 
De laatste decennia is het oppervlaktewater van vele beken, kana/en, meren 
en rivieren in Nederland belast geraakt met tal van verontreinigde stoffen. Deze 
verontreinigingen binden zich vooral aan de zwevende slibdeeltjes die zich in 
het water bevinden. Doordat in het vlakke Nederland het water veelal 
langzamer stroomt als in bovenstroomse gebieden, kunnen deze slibdeeltjes 
naar de bodem zakken en zich daar ophopen. Het gevolg hiervan is dat de 
watergangen minder diep worden, waardoor op termijn het water minder goed 
kan worden afgevoerd en de scheepvaart problemen kan ondervinden. Vooral 
in gebieden waar de rivier in zee uitkomt, het estuarium, vindt vaak een 
verhoogde sedimentatie van slib plaats. Doordat dit slib in meerdere of 
mindere mate is verontreinigd, stelt men zich de vraag van hoe schadelijk zijn 
nu eigenlijk deze verontreinigde waterbodems voor mens en milieu? 

Dit onderzoek heeft niet de pretentie om deze vraag geheel te beantwoorden, 
maar kan er wei een bijdrage aan leveren. Het onderzoek richt zich op een 
bepaald type van verontreinigingen namelijk de zware metalen. Dit zijn stoffen 
zoa/s cadmium, lood, zink, koper, chroom en arseen en deze stoffen vindt zijn 
toepassing in tal van industriele producten zeals bijvoorbeeld in batterijen en 
accu's, dakgoten, verf, meststoffen en tramleidingen. Door het lozen van 
afvalwater en weinig milieuvriendelijk handelen van de burger kunnen deze 
zware metalen in het water en uiteindelijk in de waterbodem terecht komen. 
Bij deze studie is bestudeerd wat het chemische gedrag is van de zware 

metalen aan slibdeeltjes in het estuarium. Dus in het gebied dat 
gekarakteriseerd wordt door de aanwezigheid van zoet en zout water en de 

menging van deze watertypen. 
Dit onderzoek probeert antwoorden te vinden op vragen als: 

laten de slibdeeltjes de zware metalen los wanneer het rivierwater 
overgaat in zeewater of gaan de zware metalen er juist vaster aan 

zitten? 
welke chemische processen vinden plaats in waterbodems 
(zoetjzout water) en hoe en in welke mate beinvloeden deze 

processen het gedrag van de zware metalen? 
in welke vorm komen de zware metalen in de waterbodem voor? 

Om deze vragen te kunnen beantwoorden is het zwevende slib en de 
waterbodem op verschillende locaties in het RijnjMaas estuarium 
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(havengebied van Rotterdam) en het Ketelmeer bemonsterd. Het Ketelmeer 
bevindt zich tussen de Noord-Oost polder en Flevoland. Het bemonsteren van 
de waterbodem en analyseren op zware metalen wordt bemoeilijkt door de 
anaerobe (zuurstofloze) condities die heersen in de waterbodem. Zou bij de 
bemonstering en analyse de waterbodem monsters in aanraking komen met 
zuurstof uit de lucht dan kunnen er allerlei ongewenste nevenreacties 
plaatsvinden, met als gevolg dat het oorspronkelijke chemische milieu in de 
waterbodem verstoort wordt. Een ander aspect is dat de zware metalen die in 
het water zijn opgelost in zeer lage concentraties voorkomen. Dit stelt speciale 
eisen aan de materialen die bij de bemonstering en analyse worden gebruikt. 
Om bovengenoemde problemen het hoofd te bieden is bij de verwerking van 

de waterbodem monsters en analyse van zware metalen gebruik gemaakt van 
een zgn. anaerobiekast, die speciaal is ontworpen om waterbodemkernen ten 
behoeve van zware metaal analyses te kunnen verwerken. 

De waterbodem van het Ketelmeer 
In het zoete water van het Ketelmeer zijn op 2 locaties waterbodem kernen 
genomen. Waargenomen is dat de laag van de waterbodem die is afgezet 
tussen ca. 1965 en 1975 het meest ernstig verontreinigd blijkt te zijn met zware 
metalen. Deze laag is bedekt met een laag die minder verontreinigd is. Deze 
kwaliteitsverbetering is toe te schrijven aan tal van maatregelen die in de loop 
der jaren zijn genomen om verontreiniging van het oppervlaktewater tegen te 
gaan. 

Een belangrijk proces in de waterbodem is de afbraak van organisch materiaal 
(dode planten, algen etc) door micro-organismen. Het organische materiaal 
wordt omgezet in stotten als ammonium, fosfaten, methaan en kooldioxide. 
Door nu het porienwater, het water dat zich bevindt tussen de slibdeeltjes, te 
analyseren kunnen deze afbraak processen worden waargenomen. Gevonden 
is dat de concentraties aan ammonium en fosfaat in het porienwater toenemen 
met de diepte. VeeI van het vrijgekomen fosfaat slaat weer neer in de vorm 
van ijzer en fosfaat bevattende mineralen, zoals vivianiet (Fe3(P04)2.6H20). 
Door gebruik te maken van electronen microscopie zijn veelvuldig vivianiet 
mineralen in de waterbodem van het Ketelmeer waargenomen. 

Bij de afbraak van het organische materiaal hebben de micro-organismen 
zuurstof nodig. Als de zuurstof is geconsumeerd zullen ze achtereenvolgens 

nitraat, ijzer- en mangaanoxiden tenslotte sulfaat gebruiken bij de omzetting 
van het organische materiaal. De porienwater profielen in het Ketelmeer geven 
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te zien dat al in de bovenste millimeters van de waterbodem al het nitraat is 

omgezet in stikstofgas (N2). Oit houdt in dat direct onder het grensvlak van 

waterbodem en oppervlaktewater al geen zuurstof meer aanwezig is 
(anaeroob milieu). Direct onder deze laag is een toename is de opgeloste 
concentratie aan ijzer en mangaan te vinden. Oit houdt onder deze reductieve 

condities de ijzer- en mangaan oxyden instabiel zijn en worden omgezet in 
relatief goed oplosbare ijzer ionen (Fe2 +) en mangaan ionen (Mn2+). Ook het 
sulfaat wordt in de waterbodem omgezet. Het oppervlaktewater van het 

Ketelmeer bevat een sulfaat concentratie van tussen 0.7 en 0.9 mmol/1. Binnen 

5 cm beneden het grensvlak van waterbodem en oppervlaktewater blijkt bijna 
al het sulfaat gereduceerd te zijn in sulfiden (S). 

Wat zijn nu de effecten van bovengenoemde processen op het gedrag van de 
zware metalen? 
De porienwater profielen van cadmium (Cd), koper (Cu), zink (Zn), nikkel (Ni) 
en arseen (As) geven in de toplaag (ca. 0-2 cm) van de waterbodem een 
lichte verhoging in de concentratie te zien. Oit wanneer deze wordt vergeleken 
met de concentratie van deze stoffen in het oppervlaktewater. Dieper in de 
waterbodem blijken de concentraties van deze zware metalen af te nemen en 
lager te zijn dan de concentraties in het oppervlaktewater. 

De licht verhoogde concentraties in de toplaag kan te wijten zijn aan de 
afbraak van het organische materiaal en de instabiliteit van de ijzer- en 

mangaanoxiden. De zware metalen die aan deze fracties van de slibdeeltjes 
gebonden zijn, kunnen hierdoor vrijkomen en in het porienwater terecht 
komen. Ook het oxideren van zware metaalsulfiden vanuit de diepte kan een 

bijdrage leveren aan de lichte concentratie verhoging. 
De lagere concentratie van deze zware metalen vindt plaats in de zone waar 
sulfaatreductie optreedt of dieper. Deze lage concentraties wordt veroorzaakt 
door precipitatie van deze zware metalen met ijzersulfiden danwel met andere 
sulfide species. Dit kon gedeeltelijk worden bevestigd met electronen 
microscopische opnamen. Een electronen microscopische opname van een in 
de waterbodem gevormd ijzersulfide neerslag gaf aan dat deze was verrijkt 
met zink en in mindere mate koper. Mogelijk dat ook andere zware metalen 
zich aan deze ijzersulfide deeltjes bevinden, echter waren de concentraties 

waarschijnlijk te laag om ze met deze methodiek te detecteren. 
Een indirect bewijs voor de vorming van zware metaal sulfiden kan worden 
verkregen door thermodynamische evenwichtsberekeningen uit te voeren. De 
berekeningen geven aan dat het porienwater is oververzadigd of bijna verza
digd aan CuS, CdS and NiS. Het porienwater is onderverzadigd ten opzichte 
van puur ZnS. Dit schijnt in tegenspraak te zijn met electronen microscopische 
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opnamen en is waarschijnlijk toe te schrijven aan onzekerheden in de 

thermodynamische evenwichtsberekeningen, mogelijke veranderingen op 

microschaal in de redox condities of door een niet ideaal gedrag van een Zn
Fe-S vaste stof-vloeistof. 

Het zware metaal chroom vertoont een ander gedrag. De concentratie van 
deze stof in het porienwater wordt niet door sulfiden gereguleerd. De laagste 
concentraties van chroom in het porienwater zijn gevonden in de toplaag. 
Onder de gereduceerde condities in de waterbodem worden de relatief beter 
oplosbare Cr(Vl) species gereduceerd tot Cr(lIl) species die beter gaan 

vastzitten (adsorberen) aan de slibdeeltjes. Waargenomen is dat de Cr 
concentratie toenam met de diepte. Dit mogelijk als gevolg van de toegeno

men complexatie van chroom met opgeloste organische stoffen (zgn. DOC) 
die bij de afbraak van het organische materiaal zijn gevormd. 

Om een beter inzicht te verkrijgen in de samenhang tussen de verschillende 
processen is een 1-laags en 2-lagen 'steady-state' model ontwikkeld. De 
snelheid en mate waarin het organische materiaal wordt afgebroken wordt 
benaderd door het modelleren van het ammonium profiel. De resultaten van 
de modellering geven aan dat het mogelijk vrijkomen van Cd, Cu, Zn, Ni en As 
bij de afbraak van organische stof en het oplossen van ijzer- en 
mangaanoxiden ten opzichte van de vorming van zware metaal sulfiden een 
vrij traag proces is. Met andere woorden als een zware metaal deeltje van een 
slibdeeltje in het porienwater terecht komt, wordt het snel weer uit het 
porienwater verwijderd door sulfide vorming. 

Door de rol van de sulfiden in de waterbodem bestaat er geen (Iineair) 
verband tussen de concentraties van deze stoffen in het porienwater en de 
concentratie in de slibdeeltjes. In het sediment van het Ketelmeer zijn zelfs de 
laagste opgeloste concentraties gemeten in die lagen die het meest ernstig 
verontreinigd zijn. Geconcludeerd kan worden dat de schadelijkheid die de 

zware metalen vormen voor het aquatische milieu sterk worden verminderd 
wanneer deze vervuilde lagen bedekt worden door minder verontreinigde sedi
ment lagen. 
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Het RijnjMaas estuarium (havengebied van Rotterdam) 

De waterbodem 
Op twee locaties zijn in het Rijn/Maas estuarium (havengebied van Rotterdam) 
waterbodem kernen verzameld. Een locatie was gelegen in de 2e 

Petroleumhaven van Rotterdam. De saliniteit van het water was ongeveer 3 tot 
5 promille (ca. 1/10 van de zoutconcentratie van zeewater). De andere locatie 
was gelegen bij Hoek van Holland in het zout water gedeelte (saliniteit 
ongeveer 28 promille). 

Waargenomen is dat in het zout water milieu van de waterbodem de sulfaat 

reductie het meest belangrijke proces is voor de afbraak van het organische 
materiaal, terwijl in het zoet/brak water milieu de methanogenese overheerst. 

Het verschil kan worden verklaart door de veel hogere concentratie van sulfaat 
in zeewater (28 mM) in vergelijking met zoet water (0.5-2 mM). In de 
waterbodem worden ijzersulfiden (pyriet) gevormd. Zoals ook bij het Ketelmeer 
onderzoek aangetoond kunnen deze ijzersulfiden een belangrijke rol spelen in 
beperking van de mobiliteit van de zware metalen. Waargenomen is dat in het 
zoet/brak water milieu de vorming van pyriet wordt gelimiteerd door de 
hoeveelheid beschikbaar sulfaat. In de zout water kern blijkt dit proces in de 

bovenste 7 em gelimiteerd te worden door de beschikbaarheid van sulfaat, 
terwijl dieper in de waterbodem het gelimiteerd wordt door beschikbaar ijzer. 
Op een diepte van ca. 15 em is een hoge maximale sulfide concentratie 
gevonden van 1.5 mM. Dieper in de de waterbodem neemt de sulfide 

concentratie af. 
Bij deze studie zijn sequentiele extracties uitgevoerd om te bepalen in welke 
mate de zware metalen zijn gebonden aan de pyriet fractie. De resultaten 
geven aan dat koper meer geassocieerd is met pyriet (0.80-0.99) dan arseen 

(0.26-0.41) en zink (0.04-0.12). 

De porien water profielen van arseen (As) geven aan dat het wordt 
geremobilizeerd direct onder het sediment-water oppervlak. Aangenomen 
wordt dat onder zuurstofrijke condities, zoals die voorkomen in het 

oppervlaktewater, het As in belangrijke mate wordt gebonden door ijzeroxiden. 
Echter onder reducerende condities is het ijzeroxide instabiel en kan As in 

oplossing geraken. Dieper in het sediment waar de hoge opgeloste sulfide 
concentraties zijn waargenomen, is een hoge opgeloste As concentratie 
gevonden van 144 J.1.g/1. Dit is waarschijnlijk te wijten aan de vorming van goed 
oplosbare arseen sulfide complexen. 
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De profielen van Cd, Cu en Zn laten een toename in de concentratie zien 
direct onder het sediment-water oppervlak. Dieper in het sediment zijn de 

opgeloste concentraties van Cd, Cu en Zn zeer laag als gevolg van de 
precipitatie met sulfiden (zie uitleg bij Ketelmeer). Dit geldt zowel voor 

waterbodem uit het zoet/brakke water milieu als de waterbodem uit het zoute 
water milieu. 

Zwevende stof 
Gedurende twee bemonsterings tochten zijn in het Rijn/Maas estuarium 
(havengebied van Rotterdam) het zwevende slib verzameld als functie van de 
saliniteit. Waargenomen is dat de concentraties van de zware metalen Cd, Co, 
Cu, Cr, I\li, Pb en Zn afnemen met toenemende saliniteit. Om de reden hiervan 

te achterhalen is onderzoek verricht naar de herkomst van de zwevende slib 
deeltjes. Dit is gedaan door de het zwevende slib te analyseren op 
spoorelementen als scandium, chroom, cesium, lanthaan, cerium, europium, 
antimoon en thorium. Deze stoffen gedragen zich zo goed als conservatief bij 
de overgang van zoet water naar zee water. Dit houdt in dat het zeewater 
geen effect heeft op het gedrag van deze stoffen aan de zwevende 
slibdeeltjes. Op basis van analyse van de herkomst van de zwevende 
slibdeeltjes blijkt dat de afname in de concentraties van zware metalen met 
toenemende saliniteit voornamelijk wordt veroorzaakt door de fysische 
menging van relatief verontreinigd zwevend slib uit de Rijn en Maas met realtief 
schoon zwevend slib afkomstig uit het mariene milieu. 

Een laboratorium studie was uitgevoerd am de binding (sorptie) van cadmium 
(Cd) aan zwevend slib afkomstig uit de Rijn te onderzoeken onder 
verschillende zoet/zout condities. De experimenten geven aan dat de sorptie 
afneemt bij toenemende saliniteit. De grootste afname in de sorptie wordt 
waargenomen in de overgangszone van zoet water naar zout water (range van 
o tot 5 %0). Sorptie experimenten uitgevoerd in een NaN03 electrolyt milieu 
geven aan dat de sorptie wordt gereguleerd door de vrije Cd2 

+ activiteit. In 
Ca(N03)2 electrolytische oplossingen neemt de Cd sorptie af met toenemende 
Ca2 + concentratie. Dit houdt in dat een competitie plaatsvindt tussen Ca2 

+ en 
Cd2

+ voor de verschillende bindingsplaatsen aan het zwevende slib. In 

verschillende electrolyt oplossingen met vergelijkbare pH en ionensterkte 
neemt de sorptie af in de reeks NaN03 > NaCI > NaCI + MgCI2 +CaCI2 >verdund 
zeewater. Ofschoon anorganische speciatie berekeningen aangeven dat zelfs 
bij een lage saliniteit de opgeloste Cd als Cd-Chloride complexen voorkomen, 
bepaald chloride voor slechts een derde de toegenomen mobiliteit van Cd. 
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Wanneer echter Ca2 
+ en Mg2 

+ worden toegevoegd, neemt de sorptie van Cd 

aan het zwevende slib verder af met een factor drie. Dit houdt in dat 
competitie een belangrijk effect is in de mobilisatie van Cd. 

De laatste studie geeft aan dat de overgang van rivier water naar zee water 
resulteert in een desorptie van cadmium (en vermoedelijk oak andere zware 
metalen). Met andere woorden zout water zorgt ervoor dat een deel van het 
cadmium van de zwevende slibdeeltjes afgaat en in opgeloste vorm in het 
oppervlaktewater terecht komt. Daar in het Rijn/Maas estuarium bij Rotterdam 
een enorme input is van relatief schaner zwevend slib uit zee, zal dit mogelijk 
resulteren in een snelle readsorptie van de vrijgekomen zware metalen. 
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