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                                                               Chapter 1 

      

Introduction 

1. GROUNDWATER QUALITY 

Shortage of fresh water is an increasing problem worldwide. Demand has increased 
because of the expansion of the world population and related changes in land use and 
economic development (POSTEL, 2000; RODELL et al., 2009). Climate changes are 
expected to further reduce fresh water supply by changing the timing and location of 
precipitation and runoff (ARNELL, 2004; JACKSON et al., 2001). 

One of the most reliable sources of fresh water is groundwater, which is defined as 
the water beneath the ground surface in the fully saturated zone, i.e. where water 
completely fills the pore spaces between soil, sand and clay particles or the fractures 
of rocks. Groundwater is recharged from rain, melting snow and surface water runoff.  
Springs and seeps are natural sources of discharge of groundwater, which thus 
eventually may reach surface water bodies such as lakes, rivers and streams.  Natural 
discharge areas are generally much smaller in areal extent than recharge areas and are 
typically located at topographic lows. Groundwater also can be artificially discharged 
from wells for drinking, agriculture and industrial purposes (DOMENICO and 
SCHWARTZ, 1998).  

Groundwater recharge and discharge can occur on widely different spatial scales, 
ranging from meters along the shore of a stream to several hundreds of kilometers for 
regional groundwater systems (TOTH, 1963). The spatial scale has direct implications 
for the temporal dynamics observed in groundwater systems.  Small local scale 
systems with residence times of the water on a time scale of days may respond rapidly 
to changes in, for example, rainfall, or in the case of a coastal aquifer, tidal activity.  
Large regional groundwater systems with residence times of decades to millennia, in 
contrast, typically carry a signature of temporal changes on these longer time scales  
(FETTER, 2001).  

The groundwater age, which is defined as the travel time after the water has passed 
the groundwater table, is typically determined using tracers (BETHKE and JOHNSON, 
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2008; COOK and SOLOMON, 1997; VISSER et al., 2007). For young groundwater, the 
most commonly used tracers are tritium (3H), its decay product 3He and several man-
made chemicals such as chlorofluorocarbons (CFCs) and sulfurhexafluoride (CF6). 
Combined with other geochemical analyses of the groundwater, age dating may 
provide insight into the temporal changes in inputs of contaminants to aquifers. For 
example, using such a combination of age dating and nitrate analyses, Bӧhlke (2002)  
was able to show that lateral changes in nitrate concentrations in a discharge area in a 
wetland and stream were connected to the vertical variations in the age and nitrate 
concentration in the recharge area (Figure 1) (BÖHLKE, 2002).  

Groundwater discharge can have a significant impact on the quality of surface 
water. Besides nitrate, other contaminants of agricultural and natural origin may be 
discharged. These include sulfate and various trace metals. Discharge of contaminated 
groundwater may strongly impact the ecology of surface waters, for example by 
providing nutrients for algal blooms (SMOLDERS et al., 2010). In addition, use of 
contaminated groundwater and surface water may strongly affect human health as 
demonstrated by the widespread contamination of drinking water with arsenic in 
Bangladesh (HARVEY et al., 2006; NICKSON et al., 2000).  Further insight in the 
processes affecting the transport and production or removal of contaminants in 
aquifers is essential for a sustainable development and management of groundwater 
systems.  

A multitude of studies have been carried out to gain a better understanding of the 
biogeochemical processes in groundwater systems and the link with groundwater 
quality (Appelo and Postma, 2005; Boehlke and Denver, 1995; Böhlke and Denver, 
1995; Christensen et al., 2001; Postma et al., 1991). Legislation for protection of 
groundwater quality also has been introduced in many countries. In the European 
Union (EU), for example, the EU Groundwater Directive (EU, 1998) currently 
provides a protection regime for groundwater, including groundwater standards for 
some specific chemical compounds and a methodology to derive threshold values for 
other compounds (Table 1). Although the application of fertilizers has become 
restricted in many agricultural areas over the past decades (VISSER et al., 2009),  the 
ground water quality in many areas still frequently fails to meet water standards. 
Nitrate is one of the most common pollutants in groundwater, particularly beneath 
agricultural regions where fertilizers and manure are used to enhance crop growth 
(KENDALL et al., 2007; STREBEL et al., 1989). Nitrate leached from the soil can be 
transported rapidly in groundwater, because of its high solubility and low sorption  
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Figure 1.  Simplified representation of groundwater flow from an agricultural recharge area to a riparian 
wetland (BÖHLKE, 2002). The figure provides an illustration of how spatial variations in the chemistry of 
discharging groundwater are linked to spatial and temporal variations in groundwater chemistry in 
aquifers impacted by agricultural pollution. 

potential. High concentrations of nitrate in drinking water can cause “bluebaby                                                                                   
disease” or methemoglobinemia (FAN and STEINBERG, 1996).                                               

Another important pollutant in groundwater is sulfate. Sulfate sources include 
atmospheric deposition, manure and fertilizers, and the dissolution of sulfur-
containing minerals, such as pyrite (MONCASTER et al., 2000). However, sedimentary 
pyrite often contains considerable amounts of trace metals, such as As, Zn and Ni 
(EVANGELOU, 1995; HUERTA-DIAZ and MORSE, 1992; VAN BEEK et al., 1989). 
Therefore, dissolution of pyrite can also cause mobilization of these trace metals and 
the occurrence of high concentrations of heavy metals in drinking/ground water  
(BROERS, 1998). In particular, nickel and sulfate pose problems for treatment systems 
in drinking water production, and arsenic accumulates in the ironhydroxide waste after 
treatment. Arsenic is of interest because high arsenic concentrations can lead to 
cancers of the skin, the bladder and kidneys. The most common arsenic sources are 
geogenic, including arsenic-containing pyrite and arsenic bound to iron-
oxyhydroxides, which both occur naturally in aquifer material (PICHLER et al., 2011). 

The biogeochemical reactions occurring in aquifers system lead to major temporal 
and spatial changes in groundwater chemistry and make groundwater quality control 
challenging.  A better understanding  of  these  biogeochemical processes at  local and  
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Table 1. EU and Netherlands drinking water standards of selected chemical compounds (EU Drinking 
water derivative 98/83/EG, 1998 and Netherlands water derivative, 2001). 

regional scales within aquifers is critical for an optimal use of limited groundwater 
sources and for the definition of appropriate management strategies. 

The aim of this thesis is to obtain more insight in the coupled dynamics of nitrogen 
and sulfur in sandy aquifers and the consequences for groundwater quality. To reach 
this aim, a detailed field study was performed at a location in the southern part of the 
Netherlands (Oostrum) where previous work has shown evidence for pyrite oxidation 
with nitrate in the subsurface (BROERS and BUIJS, 1997). The field data were 
integrated quantitatively with a reactive transport model. The field and model studies 
were also complemented by incubation experiments with sediments from Oostrum and 
another location to investigate the oxidation of pyrite with nitrate. In the following 
three sections, I will give a brief description of the biogeochemical dynamics of 
nitrogen and sulfur in groundwater systems and subsequently provide some details on 
the study area and an overview of the topics that are addressed in this thesis.  

 

2. NITROGEN AND SULFUR DYNAMICS IN GROUNDWATER  

Nitrogen is the most abundant element in the atmosphere, accounting for nearly 
80% of the air we breathe (BERNER and BERNER, 1987). It is a major nutrient element 
for plants and a key component of fertilizer. Because of rapid conversion of 
ammonium to nitrate in oxidizing soils, the most common nitrogen compound in 
groundwater leached from the land surface is nitrate. In many aquifers, nitrate is 
removed from groundwater through nitrate reduction to nitrogen gas, in a process 

 
 

EU 
[mg/L] 

Netherlands 
[mg/L] 

 
NO3  

 
50  

 
50 

NO2 0.2 0.1 
 

Ni 0.02 0.02 
As 0.01 0.01 

   
Pesticide (individual) 0.0001 0.0001  (for  aldrin, dieldrin, heptachlor and heptachlorepoxide,  

a max. value of 0.00003 applies) 
Pesticide (total) 0.0005 0.0005 
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termed denitrification (HISCOCK et al., 1991; KOROM, 1992; TESORIERO et al., 2000; 
THAYALAKUMARAN et al., 2008). The conversion to nitrogen gas involves several 
intermediate steps but the conversion is not always complete (APPELO and POSTMA, 
2005): 

NO3
- 

(aq) - >  NO2
- 

(aq) - >  NO - >  N2O(gas) - > N2(gas) 

Thus, while denitrification is the key removal process for nitrogen in groundwater, 
some of the N2O formed may escape to the atmosphere and contribute to emissions of 
this greenhouse gas (HEFTING et al., 2003).  Denitrification requires anoxic conditions 
and involves the anaerobic microbial reduction of nitrate with either organic matter 
(heterotrophic denitrification) or inorganic compounds (autotrophic denitrification) 
acting as the electron donor. Organic matter (CH2O) is generally considered to be the 
most thermodynamically favored electron donor for nitrate removal (KOROM, 1992). 
The overall reaction is as follows:  

 5CH2O + 4NO3
- - > 2N2 + 4HCO3

- + H2CO3 + 2H2O                                            (1) 

This process is carried out by facultative anaerobic organisms that use oxygen for 
their respiration when it is present and nitrate as soon as anoxia sets in (TIEDJE, 1988).  
Rates of heterotrophic denitrification in natural soils and sediments are dependent on 
factors such as pH  (STEVENS et al., 1998), temperature and organic matter reactivity 
(LAVERMAN et al., 2006) .  

In many groundwater systems in lowland areas, pyrite minerals from former 
marine and freshwater deposits are also present in the subsurface. This pyrite (FeS2), 
can act as an electron donor in autotrophic denitrification (HARTOG et al., 2001; 
HARTOG et al., 2004; KOROM, 1992; POSTMA et al., 1991):  

5FeS2  + 14NO3
- + 4H + - > 5Fe 2+ + 7N2 + 10SO4

 2- + 2H2O                                                        (2)    

In some aquifers, pyrite-driven denitrification is the dominant process for nitrate 
removal, even in the presence of organic carbon (BROERS, 1998; HARTOG et al., 2002; 
PAUWELS et al., 1998; POSTMA et al., 1991; PROMMER and STUYFZAND, 2005; 
TESORIERO et al., 2000; TESORIERO and PUCKETT, 2011; VAN BEEK et al., 1989). The 
released Fe[II] can be further oxidized and precipitated in the form of Fe[III] minerals, 
following: 

5Fe2+ + NO3
- + 7H2O - > 5FeOOH  + 0.5N2 + 9H+                                                                            (3)   
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Experiments to demonstrate autotrophic denitrification in the laboratory over the 
past decades have been a challenge  (HAAIJER et al., 2007). Only recently, two 
research groups independently showed evidence for denitrification with pyrite in the 
laboratory and demonstrated unequivocally that Thiobacillus denitrificans was able to 
carry out the reaction (JØRGENSEN et al., 2009; TORRENTÓ et al., 2010).  

Aqueous sulfate is the most common form of dissolved sulfur found in 
groundwater. Major sources are release from sulfur minerals in the aquifer through 
(oxidative) dissolution of pyrite or leaching of sulfate from the land surface following 
fertilizer and manure application or atmospheric deposition. Oxidative dissolution of 
pyrite may occur with oxygen or nitrate. The produced sulfate  can be further used by 
sulfate-reducing micro-organisms with organic matter acting as an electron donor 
(APPELO and POSTMA, 2005):   

SO4
2- + 2CH2O - > H2S + 2HCO3

-                                                                          (4)               

Many questions still remain regarding the environmental controls on pyrite 
oxidation with nitrate in the field and the importance of this process relative to 
heterotrophic denitrification (HARTOG et al., 2001). For example, how long can pyrite-
containing aquifers continue to remove nitrate? Does the refractory nature of aquifer 
organic matter explain the limited occurrence of heterotrophic denitrification in some 
aquifers? Is there a lag time between the exposure of pyrite-containing sediments to 
nitrate and the onset of pyrite-driven denitrification? These are the types of questions 
that are addressed in this thesis.  

 

3. THE STUDY AREA   

The research presented in this thesis focuses on a field site located in the southeast 
of the Netherlands, near the town of Oostrum in the province of Limburg (Figure 2). 
The main aquifer at the Oostrum site is unconfined and consists of fluvial sands of 
Pliocene age between 15 and 45 m depth, overlain by sands and gravels of Pleistocene 
age and eolian sands. Various unconnected clay lenses are found in the upper part of 
the sands of Pliocene age. These clay lenses often contain high organic carbon 
contents (BROERS and BUIJS, 1997). Groundwater sampling was carried out at a total 
of 9 and 5 sites in this area in 1996 and 2006, respectively. Sediment samples were 
collected during the drilling of the wells in 1996. Two additional sediment cores were 
also drilled near selected groundwater wells in 2006. Limited additional groundwater  
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Figure 2.  Location of the field sites at Oostrum and Ossendrecht.  
 

and sediment analyses were performed for a location at Ossendrecht in the province of 
Noord Brabant (Figure 2).      

The Oostrum site is located in a region with intensive agricultural activity. Nitrate 
concentrations in groundwater may be as high as 500 mg/L, which is ten-fold higher 
than the EU drinking water standard. The major sources of nitrate in these areas are 
manure and fertilizer. Nitrate has been widely applied to farmland in this region since 
the 1950s (Figure 3), resulting in a rapid increase of concentrations in shallow ground 
water from ~50 mg/L to a peak of ~400 mg/L in 1985 followed by a decline linked to 
the decrease in nitrate application over the past two decades (VISSER et al., 2009). 
Pyrite is abundantly present in the subsurface in this area, probably due to the near 
coastal setting during and after the deposition of these geological Formations of 
Pleistocene and Holocene age (DUFOUR, 2000). These aquifer sediments play a key 
function in the filtration, buffering and transformation of chemical substances in 
groundwater (VAN GAANS et al., 2011). 

 

4. THESIS OUTLINE  

In this thesis, the process of denitrification coupled to pyrite oxidation in an 
unconfined sandy aquifer is studied. The goals of this study were to better understand 
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Figure 3. Leaching of nitrogen (N) from manure in Europe for the year 2000.  (OENEMA et al., 2007; 
ROZEMEIJER, 2010). 
 

the processes controlling nitrate removal and sulfur dynamics in the aquifer and their 
influence on changes in groundwater quality. 

In Chapter 2, depth profiles of geochemical compounds in the groundwater as 
measured at Oostrum in 1996 and 2006 are compared to draw a detailed picture of 
changes in groundwater quality over a decade. Results show that pyrite-driven 
denitrification plays a major role for nitrate removal at this site and that this process is 
associated with an increase of sulfate and dissolved iron [II] concentrations and the 
mobilization of heavy metals from pyrite in the groundwater. Using groundwater age 
dating (3H/3He) and reconstructed regional historical nitrate and sulfate inputs, 
changes in the concentrations of these two pollutants with time are assessed. In 
Chapter 3, multi-isotope analyses (i.e., d34S-SO4

2-, d18O-SO4
2-, d15N-NO3

-, d18O-NO3
- 

and sediment d34Spyrite), solid phase analyes and 16S rRNA gene sequencing are used 
to study denitrification coupled to pyrite oxidation at the Oostrum in further detail. 
Results confirm that pyrite oxidation is the main electron donor for denitrification at 
this location. There is also evidence for the presence of bacteria capable of sulfide 
oxidation coupled to nitrate reduction. In Chapter 4, batch experiments investigating 
pyrite-driven denitrification under laboratory conditions are presented. In these 
experiments sediments from the Oostrum site and Ossendrecht sites were used. At this 
second site, there is pyrite in the subsurface but the groundwater is nitrate-free. The 



 

17 
 

results show evidence for coupled nitrate removal and sulfate production at both 
locations. The role of pyrite in enhancing rates of denitrification is also assessed. In 
Chapter 5, a 2-dimensional numerical groundwater model at the catchment scale is 
used to analyze the dynamics of sulfur and nitrogen at the Oostrum site over a 100-
year period. Simulations are constrained using groundwater age data and changes in 
composition of recharge known for the region. The model captures the major 
biogeochemical reactions occurring in this heterogeneous aquifer including sulfur 
isotope dynamics. Simulation of the sulfur isotope profiles in this aquifer shows 
denitrification coupled to pyrite oxidation leads to a significant nitrate removal and 
sulfate increase in this groundwater. As a consequence the surface water is almost 
nitrate-free. The timescales associated with these changes are also identified. 
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ABSTRACT 

This study focuses on denitrification in a sandy aquifer using geochemical analyses of 
both sediment and groundwater, combined with groundwater age dating (3H/3He). The 
study sites are located underneath cultivated fields and an adjacent forested area at 
Oostrum, The Netherlands. Shallow groundwater in the region has high nitrate 
concentrations (up to 8 mM) due to intense fertilizer application. Nitrate removal from 
the groundwater below cultivated fields correlates with sulfate production, and the 
release of dissolved Fe2+ and pyrite-associated trace metals (e.g. As, Ni, Co and Zn). 
These results, and the presence of pyrite in the sediment matrix within the nitrate 
removal zone, indicate that denitrification coupled to pyrite oxidation is a major 
process in the aquifer. Significant nitrate loss coupled to sulfate production is further 
confirmed by comparing historical estimates of regional sulfate and nitrate loadings to 
age-dated groundwater sulfate and nitrate concentrations, for the period 1950-2000. 
However, the observed increases in sulfate concentration are about 50% lower than 
would be expected from complete oxidation of pyrite to sulfate, possibly due to the 
accumulation of intermediate oxidation state sulfur compounds, such as elemental 
sulfur. Pollutant concentrations (NO3, Cl, As, Co and Ni) measured in the groundwater 
beneath the agricultural areas in 1996 and 2006 show systematic decreases most likely 
due to declining fertilizer use.  

 

1. INTRODUCTION 

Nitrate is a major groundwater pollutant, particularly in agricultural regions where 
nitrate is leached from soils that have been amended with fertilizer or manure (Strebel 
et al., 1989). In these areas, nitrate concentrations often exceed the EU drinking water 
standard (50 mg nitrate/l or 0.8 mM, see electronic annex EA-1), and nitrate 
contamination can be a serious threat to drinking water supply (Hiscock et al., 1991).  

Removal of nitrate from groundwater occurs primarily through denitrification, the 
anaerobic microbial reduction of nitrate using inorganic or organic electron donors 
(Korom, 1992). Organic matter is the most common electron donor, but inorganic 
compounds, such as pyrite (FeS2) and Fe[II]-silicates, may also be utililized by 
denitrifying organisms (Appelo and Postma, 2005). The corresponding chemical 
reactions are:  

5CH2O + 4NO3
- - > 2N2 + 4HCO3

- + H2CO3 + 2H2O                                             (1) 
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5FeS2  + 14NO3
- + 4H + - > 5Fe 2+ + 7N2 + 10SO4

 2- + 2H2O                                                      (2)         

 
5Fe2+ + NO3

- + 7H2O - > 5FeOOH  + 0.5N2 + 9H+                                                                          (3)          

where CH2O and FeOOH represent organic matter and ferric iron oxyhydroxides. 

Heterotrophic denitrification coupled to organic carbon oxidation has been 
extensively investigated both in laboratory and field studies (Bradley et al., 1992; 
Korom, 1992; Bragan et al., 1997; Laverman et al., 2006), and is thermodynamically 
favoured over pyrite-based autotrophic denitrification (Korom, 1992). Nevertheless, 
the latter pathway has been found to be dominant in several groundwater systems, 
even in the presence of organic carbon (Van Beek et al., 1989; Postma et al., 1991; 
Broers, 1998; Pauwels et al., 1998; Tesoriero et al., 2000; Prommer and Stuyfzand, 
2005). In a sandy aquifer in Denmark, the dominance of pyrite oxidation was 
attributed to the low in situ reactivity of the organic matter (Postma et al., 1991). 
Several modeling studies focusing on denitrification in groundwater also include 
pyrite oxidation (Frind et al., 1990; Böttcher et al., 1991; Wriedt and Rode, 2006; 
Spiteri et al., 2008). They further illustrate the potential role of kinetic factors related 
to the reactivities of pyrite and organic matter in determining which denitrification 
process is most important in a given aquifer.  

Sedimentary pyrite often contains considerable amounts of trace metals, such as 
As, Zn and Ni (Morse, 1994). A side effect of pyrite oxidation therefore includes the 
mobilization of trace metals (Van Beek et al., 1989; Evangelou and Zhang, 1995; 
Broers, 1998). Furthermore, upon groundwater discharge, the sulfate produced by the 
oxidation of pyrite may contribute to the eutrophication of surface waters by 
enhancing sulfate reduction, with subsequent sulfide-induced dissolution of ferric iron 
oxides and release of bound phosphate (Lucassen et al., 2004). A better understanding 
of denitrification processes within aquifers is thus important for informed decisions on 
local and regional groundwater management and remediation. 

In this study, we investigated the process of denitrification coupled to pyrite 
oxidation in an unconfined sandy aquifer. Depth profiles of a wide range of chemical 
groundwater constituents (including pH, nitrate, sulfate and trace metals) were 
collected in 1996 and 2006 using multi-level wells located in cultivated agricultural 
fields and an adjacent forested area. In addition, depth profiles of sediment-bound 
sulfur, carbon and trace metals were measured in 1996, and 3H/ 3He groundwater ages 
were determined in 2006. The goals of this study were to i) better understand the 
influence of denitrification coupled to pyrite oxidation on groundwater quality in an 
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agricultural area; ii) establish the stoichiometry and reaction rate of this process and 
iii) analyze the effects of decreasing agricultural inputs of nitrate since 1985 on 
groundwater quality.    

 

2. MATERIAL AND METHODS 

2.1 Sampling location 

The study sites are located near the village of Oostrum, Limburg, in the southern 
part of the Netherlands (Fig. 1). The Oostrum aquifer is a former European reference 
site for a subsurface water protection study and consequently has been studied in 
detail (Behra, 2000). The study area itself covers ~1 km2 and includes regions of 
active agriculture and adjoining forest lands. Agriculture is quite important locally and 
more than half of the land in the study area is used for cultivation. Because of the low 
elevation (~20 m above sea level) and the fact that the groundwater level is usually 
between 3 and 5 meters below the land surface, chemical constituents entering the soil 
rapidly reach the groundwater. The highly permeable aquifer is approximately 50 m  

Figure 1. Groundwater table equipotential lines (in m) with the well locations at Oostrum. Wells 39, 40, 
41 and 42 are located under farmland, whereas wells 38 and 43 are located under forest and in an 
intermediate area, respectively. The arrow indicates the general groundwater flow direction. The inset 
shows the location of Oostrum in the Netherlands. 



 

29 
 

thick and consists predominantly of coarse fluvial sands of Pliocene age with thin clay 
intercalations which were deposited in a peri-marine lowland setting. Unconnected 
clay  lenses  at  about  15 m  depth  act as local aquitards and  separate the shallow and 
deeper parts of the aquifer. The upper part of the aquifer is of Pleistocene age and 
consists of coarse sands and gravels. There are several faults perpendicular to the 
direction of regional groundwater flow that act as semi-permeable groundwater 
barriers. One such fault occurs between well 42 and well 41.  

Multilevel sampling wells were installed in 1995 to measure vertical profiles of 
hydrogeochemical parameters in the aquifer (Broers and Buijs, 1997). They are 
located roughly along the groundwater flow direction (Fig. 1) and reach down to 40 m 
depth. Each groundwater sampling well was equipped with 15 mini-filter-screens (20 
cm length, 3 cm width at 2 m depth intervals) and 4 conventional well screens (2 m 
length, 5 cm in width at 10 m depth intervals). Four wells are located in active 
farmland (wells 39, 40, 41 and 42), one is in a nearby down-gradient forested area 
(well 38), and one in the transitional zone between the forest and agricultural lands 
(well 43). Well 39 was closed down prior to sampling in 2006. In addition, a drinking 
water well was in operation near well 38 (at the north-east side) until 2002, hence the 
local groundwater flow direction was slightly modified between the two sampling 
times. 

2.2  Sample collection and chemical analyses 

Groundwater samples for geochemical analysis were collected through mini-filter-
screens at depths between 5 meters to 40 meters in August of 1996 and 2006, using 
peristaltic pumps. Water was allowed to flow for at least 30 minutes before collecting 
samples that were then immediately filtered (0.45 mm pore size) to remove 
particulates. Groundwater pH, Electrical Conductivity (EC) and dissolved oxygen (O2) 
levels were measured in the field with electrodes in a flow-through-chamber (to 
minimize the effect of air exchange). Reported pH, EC and O2 values were recorded 
after the electrode readings had stabilized. Alkalinity titrations were carried out at the 
site and subsequently in the laboratory. Dissolved sulfide concentrations were 
measured on site using commercial test kits (Hach). The filtered samples were stored 
at 4˚C in the dark prior to further analysis. 

Concentrations of nitrate, sulfate, chloride and other major ions in groundwater 
were measured by ion chromatography (IC) within 48 hours of sampling. The major 
cations were determined by inductively coupled plasma optical emission spectroscopy 
(ICP-OES). Ammonium were analyzed by AA3 and trace metals (Zn, Co, Ni and As) 
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were analyzed by inductively coupled plasma mass spectroscopy (ICP-MS) after 
acidification with 0.1% Suprapure-HNO3. A mass balance correction was made to 
account for the formation of ArCl+ and its interference on 75As. Dissolved organic 
carbon (DOC) was determined using a Shimadzu analyzer.  

Sediment samples were collected in 1996 during the drilling of the wells and were 
stored at 4 ˚C in the dark under nitrogen to prevent oxidation artifacts. Samples from 
each depth were analyzed for total elemental composition by X-ray fluorescence 
spectroscopy (XRF). Total carbon and sulfur concentrations were determined with a 
LECO SC 144DR.  All solid phase data presented in this paper are tabulated in EA-3. 

Maximum pyrite concentrations were derived from the measured total sulfur 
concentrations, assuming that all the sulfur occurred as FeS2. A subset of samples 
collected in 1996 from all wells at depths between 5 and 40 m was analyzed for pyrite-
Fe using a sequential extraction procedure. This procedure included four initial steps 
to remove Fe associated with iron oxides, carbonate minerals, Fe-monosulfides and 
organic matter (Griffioen and Broers, 1993; Broers and Griffioen 1994, Broers and 
Buijs, 1997). The fifth step extracted silicate minerals upon shaking with 10 M HF 
with the addition of H3BO3. The sixth and final step was designed to extract pyrite, 
using suprapur HNO3. A good correspondence was observed between pyrite 
concentrations calculated from total sulfur concentrations and the iron extractions (see 
EA-4). 

Tritium-helium (3H/ 3He) dating was used to determine groundwater travel times 
(see EA-5). The method is based on the radioactive decay of tritium (3H) in water to 
helium (3He). Tritium (3H) concentrations reached a peak in the atmosphere in 1950-
1960 due to hydrogen bomb testing. Thus, groundwater age can be derived from the 
ratio of 3H to 3He (Tolstikhin and Kamenski, 1969). Groundwater samples for age 
dating were collected in 2006 from every 10 m interval using conventional 2 m well 
screens (integrating 2 m sampling depth). Groundwater was collected using a 
submersible pump (MP1, Grundfos) to avoid introducing dissolved gases to the 
groundwater during pumping. Water samples for 3He analysis were sealed in copper 
tubes without headspace. An additional 1-L plastic bottle was filled with groundwater 
for 3H analysis. Samples were stored at room temperature and analyzed at the Bremen 
Mass Spectrometric Facility for the Measurement of Helium Isotopes, Neon, and 
Tritium in water (Sueltenfuss et al., 2004).  
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3. RESULTS 

3.1. Groundwater and sediment geochemistry 

Typical groundwater nitrate depth profiles measured under the agricultural fields 
showed a peak in the shallow part of the aquifer followed by a complete disappearance 
of nitrate at greater depths, mostly between 10 and 20 m (Figs. 2 and 4).  Peak values 
of nitrate in the wells ranged from 4.0 mM (250 mg/L) to 8.1 mM (500 mg/L). 
Although sulfate concentrations in the deeper part of the aquifer were variable, the 
highest concentrations under the cultivated fields were observed at or just below the 
depth where nitrate disappeared (Figs. 2, 4a and 4b). Aqueous concentrations of Fe2+, 
As, Ni, and Zn also sharply increased below the depth where nitrate was depleted and 
then returned to relatively low values with increasing depth. The same groundwater 
depth patterns were observed under the agricultural fields in 1996 and 2006, although 
the concentrations in 2006 were generally lower than those in 1996.  

Concentrations of H2S and NH4 were below detection in almost all samples. 
Dissolved carbon (DOC) concentrations were low (with maxima between 2 – 3 mg/l) 
and the values did not change appreciably across the “reaction zone” between 10 and 
20 m depth. Groundwater pH generally increased with depth. Alkalinity (mostly as 
HCO3

-) showed minor changes with depth (EA-2-1 and EA-2-2). In the shallow part 
of the aquifer, pH fell mostly to values between 4 and 5, while in the deeper sections 
pH reached values of 6 to 7 (Fig. 2).  

Under the cultivated fields, the depth where nitrate was depleted coincided with the 
depth where the concentrations of sediment pyrite (Fig. 3) and total carbon (EA-3) 
started to increase. Although the reaction zone is heterogeneous due to the presence of 
clay lenses, both the fine-grained and the coarser sediments in this depth range contain 
>0.05 wt% (up to 0.85 wt%) pyrite. Thus, infiltrating water should encounter pyritic 
sediments during its downward migration. Maxima in sediment trace metal 
concentrations (As, Ni and Zn) at ~20 m depth coincided with the peak concentration 
of pyrite, although Ni and Zn also showed enrichment in the upper part of aquifer 
(Fig. 3). The site in the downstream forested area exhibited markedly different 
groundwater depth patterns for nitrate, sulfate (Figs. 4c and 4d) and aqueous trace 
metal concentrations compared to the farmland sites. Nitrate concentrations were 
significantly lower, and the decrease observed between 10 and 15 m was not 
accompanied by a marked increase in sulfate.                                            
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Figure 2. Depth distributions of pH, dissolved NO3

-, SO4
2- and Fe2+ (in mM) and selected trace metals (As 

in mM, Ni, Co and Zn, in mg/L) in groundwater of well 40 (farmland) in 1996 and 2006. The groundwater 
table in this area is located approximately 4 m below the land surface. 
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Figure 3. Depth distributions of (a) pyrite (in wt%) and (b) As, Ni and Zn (in ppm) in aquifer material of 
well 40 (farmland) in 1996. 
 

3.2. Groundwater ages  

Groundwater ages measured under farmland and forested areas are shown in Fig. 5. 
The ages ranged from nearly zero to 60 years and increased with depth in the aquifer. 
The measured groundwater ages are reasonably well described by the equation for 
groundwater travel times in a homogeneous and isotropic aquifer (Ernst, 1973): 

                      
where t(z) is the groundwater age at depth z [day] , e is the porosity,  z is depth below 
the water table [m] in an aquifer of uniform thickness D [m], and N is the groundwater 
recharge [m/year]. For typical conditions in this area, with N=0.3 m/year, e= 0.35 and 
D= 50 m and a groundwater table at about 4 m below land surface, the groundwater 
age is ~13 years at a depth of 10 m and reaches 70 years at approximately 35 m depth.   

At a depth of 12 m the groundwater in well 38 is much older than in other wells at 
similar depths (Fig. 5). In well 41, the deepest groundwater age is much younger than 
for the other wells. These anomalous ages are discussed below.  

 

 

ε D  
  N 

ln ( 
D 

D - z 
) t(z)= 

 
             (4) 
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Figure 4. Depth distributions of dissolved NO3

- and SO4
2- (in mM) in groundwater of (a & b) well 41 

under farmland and (c & d) well 38 at the forest site in 1996 and 2006.  
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Figure 5. 3He/3H groundwater ages in wells 38, 40, 41, 42 and 43. The theoretical age-depth profile (solid 
line) is calculated with Eq. (4) as described in the text. The groundwater table in this area is located 
approximately 4 m below the land surface. Possible explanations for the two outlying age measurements 
(data points in circles) are discussed in the text.  
 
 

4. DISCUSSION 

4.1 Groundwater ages 

Groundwater ages calculated with Eq. (4) generally agree with the experimental 
3He/3H ages (Fig. 5). To a first approximation, the observed groundwater depth 
profiles can therefore be interpreted as reflecting compositional changes with time. 
The spread in measured ages at any given depth may in part be due to heterogeneous 
groundwater flow induced by the presence of small, unconnected clay lenses, in 
particular between 10 and 20 m depth (Broers and Buijs, 1997).  Groundwater ages in 
excess of theoretical values near the water table could also reflect fluctuations in the 
water table depth, variable recharge rate, or other site-specific effects. Only wells 38 
and 41 show major departures between predicted and measured age profiles. For well 
38, this can be explained by the observed presence of a clay layer just below the 
sampling point (at depth ~10 m). This clay layer acts as an aquitard, which decreases 
the effective aquifer thickness leading to older groundwater being present at shallower 
depths (Broers, 2004). In contrast to the other wells, well 41 shows relatively young 
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groundwater between 20 and 35 m depth, which coincides with elevated sulfate 
concentrations (Figs. 4a and 4b), indicating that young, contaminated groundwater 
reached the deeper aquifer. A geological survey has identified vertical faults between 
wells 42 and 41 (Broers and Buijs, 1997). Thus, well 41 probably records the leaking 
of young groundwater through the fault zone to the deeper parts of the aquifer.    

4.2 Denitrification coupled to pyrite oxidation 

Since the middle of the last century, the application of fertilizer has led to 
significant nitrate pollution of shallow groundwaters in many areas of Western 
Europe. This particularly holds for the farmland locations studied here, where nitrate 
concentrations range up to 8 mM (500 mg/l), which is ten-fold higher than the EU 
drinking water standard of 0.8 mM (50 mg/l).  

Groundwater depth profiles under the agricultural fields indicate that nitrate is 
completely removed in the aquifer at depths between 10 and 20 m (Figs. 2, 4a and 4b). 
The nitrate depletion is associated with a build-up of dissolved sulfate, Fe2+, and trace 
metals, and a slight increase in groundwater pH. These results, and the presence of 
trace metal-rich pyrite in the sediment matrix in the same depth interval, provide 
qualitative evidence that denitrification coupled to pyrite oxidation is taking place in 
the aquifer.  

Pyrite is absent in the upper 10 m of the sediment (Fig. 3a), implying that either 
pyrite was never present in this layer or it was removed earlier by reaction with 
oxygenated infiltrating soil water. Below 10 m depth, however, measured dissolved 
oxygen concentrations in the groundwater samples are low (≤0.7 mg/L). Hence, 
aerobic pyrite oxidation can be excluded as a significant process in the depth interval 
where nitrate is depleted. 

A complicating factor when interpreting the groundwater depth profiles in terms of 
biogeochemical processes are the large historical variations in the composition of soil 
water leaching into the aquifer (see Section 4.3). To account for these variations, the 
electrical conductivity (EC) can be used as an indicator of the pollutant loading from 
agricultural and atmospheric sources. By plotting the concentration of a reactive 
species, say nitrate, against the EC, one might therefore be able to differentiate 
historical variations in pollutant input from concentration changes due to in situ 
reaction processes. 

As can be seen in Fig. 6, three compositional groups can be identified when 
plotting groundwater NO3

- concentrations against EC for wells in the agricultural area.  
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Figure 6. Dissolved NO3

- versus EC (electrical conductivity) for shallow, intermediate and deep 
groundwater for well 40, 41 and 42 (farmland) in 2006. 

In the shallow part of the aquifer (≤ 10 m), NO3
- and EC correlate linearly, reflecting 

the infiltration of agricultural water rich in nitrate. The linear correlation further 
indicates that in the uppermost layer of the aquifer little nitrate is removed by 
denitrification. At depths below 25 m, NO3-free water with relatively low EC indicates 
the presence of clean, older groundwater low in nitrate, largely because of much lower 
fertilizer inputs prior to 1970 (Section 4.3). In groundwater from intermediate depths 
(but mostly between 10 and 20 m depths), the groundwater is characterized by the 
persistence of high EC, but NO3

- concentrations that fall below the linear trend 
observed for the shallow groundwater. Thus, the NO3

- concentrations measured at 
intermediate depths cannot be explained simply by mixing of older, low EC 
groundwater with shallow, high EC groundwater. The nitrate deficit at intermediate 
depths is therefore consistent with active removal through denitrification.  

In contrast to the results from the cultivated fields, the forest site (well 38) does not 
yield unambiguous evidence for denitrification coupled to pyrite oxidation. Although 
a decrease in groundwater nitrate with depth is observed, there is no corresponding 
increase in sulfate (Fig. 4c and 4d). In addition to having experienced lower inputs of 
nitrate, because of the absence of direct fertilizer application, the forest site is 
characterized by the presence of a clay layer at a depth of about 10 m, which separates 
the upper and lower parts of the groundwater system (Section 4.1). Thus, the chemical 
composition of the groundwater below 15 m primarily reflects the lateral input of 
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older groundwater from nearby areas, and cannot be directly related to that of the 
shallower groundwater. 

4.3 Temporal changes 

A comparison of the groundwater profiles collected in 1996 and 2006 reveal 
significant and contrasting changes at the farmland and forest locations (Figs. 2 and 
4). The main temporal trends over the 10-year period are summarized in Fig. 7, where 
relative, depth-averaged changes are shown for a number of groundwater quality 
parameters. Overall, the results illustrate the non-steady state conditions prevailing in 
the groundwater system. 

Underneath the cultivated fields, EC, Cl- and NO3
- - and dissolved trace metal 

concentrations decreased significantly over the intervening ten years. These changes 
reflect the improving groundwater quality, following the decline in fertilizer 
application since 1985 (Visser et al., 2007). However, EC, the concentrations of Cl- 

and NO3
- , and dissolved trace metals increased at the forest site during the same 

period, due to groundwater inflow from the upstream agricultural area. Hence, despite 
the decreased fertilizer use, historical pollution may continue to affect the regional 

Figure 7. Changes in groundwater composition below farmland and forested area, from 1996 to 2006. 
Each bar corresponds to the depth-integrated relative change in concentration of a given pollutant in wells 
40, 41 and 42 (farmland) and well 38 (forest), obtained by averaging the differences in concentration 
measured in 1996 and 2006 at the same depth in the same well. The error bars correspond to the standard 
deviations from the average values 
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Figure 8. Reconstructed concentrations of nitrate, sulfate and OXC (oxidation capacity) in recharging 
groundwater (“historical inputs”; Visser et al., 2007) and measured values in samples collected from 
wells 40, 41 and 42 in 2006. The samples are assigned groundwater ages based on linear interpolation of 
the 3He/3H ages obtained for the individual wells (data shown in Fig. 5). 
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groundwater quality for many years. In addition, lateral transport of contaminated 
groundwater may hamper the identification of problem areas, and represent a 
challenge for remediation efforts. 

The interplay between historical pollutant inputs and coupled denitrification-pyrite 
oxidation is further analyzed in Figs. 8a and 8b, where past concentrations of nitrate 
and sulfate in recharging groundwater (“historical inputs”) are compared to the 
measured concentrations in age-dated groundwater. The historical inputs were 
reconstructed by Visser et al. (2007) for a nearby region with similar agricultural 
activity, by accounting for the contributions from the four main sources of nitrate and 
sulfate: atmospheric deposition, animal manure, artificial fertilizer and lime. Nitrate 
and sulfate inputs peaked in 1985 and subsequently decreased mainly due to declining 
application of fertilizer. The maximum in sulfate inputs around 1965 reflects peak 
atmospheric deposition related to industrial activities and coal combustion.  

 There are large systematic differences between the time series of historical inputs 
and measured groundwater concentrations. While nitrate inputs peaked in the late 
1980s, groundwater from before the mid-1990s is nitrate-free. The missing nitrate 
reflects removal through denitrification. The younger groundwater, from 1985 until 
1995, is currently within the denitrification zone of the aquifer and, thus, is still losing 
nitrate. The sulfate concentrations are consistent with the nitrate trend, with excess 
sulfate concentrations in groundwater beyond 1970 due to denitrification coupled to 
pyrite oxidation. As can be seen in Fig. 8b, the sulfate concentrations of groundwater 
older than 1970 tend to fall below the reconstructed input concentrations. This 
observation may indicate some low sulfate reduction activity below the zone of 
denitrification. 

The coupling of denitrification and pyrite oxidation can also be assessed using the 
groundwater oxidation capacity (OXC): OXC is defined as the weighted sum of the 
molar concentrations of nitrate and sulfate in a groundwater system assuming the 
idealized stoichiometry of Eq. (2) (Broers, 1998): 

OXC = 5 [NO3] + 7 [SO4]                                                                                      (5)        

The measured groundwater OXC should be equal to the historical OXC input, if 
denitrification coupled to pyrite oxidation is the only process affecting the nitrate and 
sulfate concentrations, and the reaction proceeds according to Eq. (2). As can be seen 
in Fig. 8c, with few exceptions, the field-derived groundwater OXC values under the  
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Figure 9. Changes in nitrate and sulfate concentrations across the inferred zone of denitrification. The 
points are calculated from adjacent samples in the reaction zone, where nitrate and sulfate concentrations 
vary together and exhibit the largest changes. The lines correspond to the stoichiometry between nitrate 
consumption and sulfate production according to Eq. (2) (dashed line) and Eq. (6) (solid line). The labels 
identify the wells. 

cultivated fields are consistently lower than OXC values based on historical inputs of 
nitrate and sulfate. Thus, relative to the reaction stoichiometry predicted by Eq. (2), 
the groundwaters exhibit a systematic deficit in sulfate production or, alternatively, a 
systematic excess consumption of nitrate.   

4.4 Net reaction stoichiometry  

The changes in nitrate and sulfate concentrations across the inferred denitrification 
zone under the cultivated field sites also yield a consistent departure from the 
stoichiometry of Eq. (2) (Fig. 9). Net sulfate production is about 50% lower than the 
predicted value, i.e. for 14 moles of nitrate consumed only ca. 5 moles of sulfate 
appear in the groundwater. Similar results were obtained in field and modeling studies 
of a sandy aquifer in Denmark (Postma et al., 1991; Miotlinksi, 2008). In the latter 
work, the reaction stoichiometry of Eq. (2) adequately described only about 10% of 
the measured sulfate concentrations, while the remaining 90% of the sulfate 
concentrations fell below the expected values.  

There are several possible explanations for the departure from the reaction 
stoichiometry of Eq. (2) (Böhlke and Denver, 1995; Böhlke et al., 2002).  For 
example, Fe2+ released during pyrite oxidation could be further oxidized to some 
extent by nitrate to Fe3+ as in Eq. (3); organic carbon could serve as an additional 
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electron donor (although the observed changes in pH and alkalinity do not support a 
major role for this process) , or some sulfate could be consumed by microbial sulfate 
reduction. Alternatively, the oxidation of pyrite sulfur could be incomplete. For 
instance, elemental sulfur accumulation has been reported during sulfide oxidation by 
chemolithotrophic denitrifiers (Cardoso et al., 2006). If we attribute all missing sulfate 
to elemental sulfur production, then the following reaction stoichiometry describes the 
trend shown in Fig. 9: 

 20FeS2  + 14NO3
- + 44H + - > 20Fe 2+ + 5SO4

2- + 35S0  + 7N2 + 22H2O                                   (6)                        

Further work is needed to determine which explanation accounts for the observed 
nitrate-sulfate relationship. Nonetheless, our results suggest that Eq. (2) alone does not 
provide an adequate representation of the process of denitrification coupled to pyrite 
oxidation in groundwater systems. 

4.5 Denitrification rates 

The denitrification reaction is confined to a narrow reaction zone, which is 
characterized by a relatively small increase in groundwater age with depth (Figs. 2 and 
5). For example, for well 40 in 2006, nitrate (~3 mM) is depleted over a 5 m depth 
interval, which is equivalent to ~5 yrs. The apparent rate of denitrification at this 
location is thus roughly 0.6 mM y-1. This value lies within the range of denitrification 
rates for field sites given by Korom (1992). In addition to the supply of nitrate by 
groundwater recharge, the denitrification rate will be affected by factors such as the 
hydrogeological properties of the aquifer, groundwater pH, microbial activity, and the 
abundance plus reactivity of pyrite and other (potential) electron donors, such as 
organic matter (Einsiedl and Mayer, 2006). These properties may vary significantly 
from site to site.   

The rate of denitrification derived above can be used to estimate the remaining 
reducing capacity of pyrite in the aquifer. If the nitrate input concentration is kept at 
its historical peak value (i.e., the value ca. 1990, Fig. 8a), then the rate of 
denitrification calculated above (~ 0.6 mM NO3

- y-1), together with an average content 
of ~0.5 wt% pyrite in the reaction zone, a nitrate to pyrite stoichiometry of 14 to 20 
according to Eq. (6), a sediment bulk density of 1.4 g cm-3 and a porosity of 0.35, 
predicts that the pyrite “reaction zone” should move downwards at a rate of 2.5 cm y-1. 
Thus, even for the peak nitrate loading used, there should be sufficient pyrite present 
to support denitrification for at least a decade or more.   
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5. CONCLUSIONS 

In this study, we combined groundwater age depth profiles, pore water plus 
sediment geochemistry, and historical nitrate and sulfate inputs to better describe the 
biogeochemical removal of nitrate in a sandy aquifer. Nitrate removal under cultivated 
land is associated with sulfate production and the release of trace metals and Fe2+, in a 
reaction zone between 10 and 20 m depth. We conclude that the observed changes in 
groundwater composition are due to a direct coupling between denitrification and 
pyrite oxidation in the part of the aquifer where measured dissolved oxygen levels are 
low ( ≤0.7 mg/L). 

The field-measured concentration changes of nitrate and sulfate deviate from the 
theoretical stoichiometry for nitrate reduction to N2 coupled to oxidation of pyrite 
sulfur to sulfate (Eq. 2). The formation of sulfur compounds of intermediate oxidation 
state, such as elemental sulfur, is one possible explanation for the observed 
relationship between net nitrate consumption and net sulfate production. Clearly, more 
work is needed to generate a comprehensive description of the reaction processes 
linking the nitrogen and sulfur cycles in groundwater environments.  

Although decreased fertilizer inputs over the past decades have led to an 
improvement in groundwater quality beneath the cultivated land, groundwater quality 
at a downstream forest site has actually deteriorated due to lateral inflow of 
groundwater. This illustrates the need for a regional approach to safeguard the water 
quality in mixed land-use areas.  
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ANNEX  
 
EA-1. Selected European Union drinking water standards (see http://europa.eu)  

Chemicals Standards 
[mg/L]

As 0.01
Ni 0.02
Fe 0.2
Na 200
Cl 250

NO3 50
SO4 250  
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EA-2-2 Filter Depth pH EC O2 HCO3 DOC Cl SO4 NO3 Ca Fe[II] As Co Ni Zn
No. [m] [µS/cm] [mg/l] [mg/l] [mg/l] [mM] [mM] [mM] [mM] [mM] [µM] [µg/l] [µg/l] [µg/l]

WP38 11 5.2 4.46 501 0.57 0 2.68 0.69 1.21 1.26 0.88 0.00 0.00 34 48 175
WP38 12 7.0 4.53 580 0.87 0 2.63 0.87 1.28 1.68 1.08 0.00 0.00 38 63 174
WP38 13 8.5 4.52 583 0.48 0 2.63 0.88 1.29 1.67 1.09 0.00 0.00 40 65 173
WP38 14 10.2 4.51 585 0.44 1 2.43 0.91 1.32 1.63 1.13 0.00 0.00 41 69 175
WP38 15 14.9 5.26 351 0.25 4 1.01 1.06 1.00 0.00 0.60 0.10 0.28 10 16 67
WP38 16 17.3 5.00 354 0.50 3 1.33 1.06 1.01 0.00 0.61 0.13 0.18 6 10 39
WP38 17 19.7 5.04 325 0.19 3 1.27 1.03 0.89 0.00 0.52 0.07 0.37 12 12 51
WP38 18 22.1 5.20 309 0.25 4 1.35 1.01 0.81 0.00 0.47 0.05 0.66 21 48 139
WP38 19 24.5 5.20 333 0.31 4 1.77 1.05 0.91 0.00 0.52 0.06 0.63 23 51 132
WP38 20 26.9 5.23 343 0.48 4 1.24 1.05 0.96 0.00 0.54 0.07 0.54 21 47 86
WP38 21 29.3 5.40 316 0.19 11 1.55 1.03 0.81 0.00 0.57 0.10 0.16 1 1 6
WP38 22 31.8 5.63 279 0.58 13 1.37 1.17 0.55 0.00 0.62 0.19 0.01 0 0 0
WP38 23 34.3 5.56 280 0.30 58 2.30 0.88 0.40 0.00 0.63 0.17 0.08 0 0 0
WP38 24 36.8 6.70 247 0.45 94 2.06 0.52 0.20 0.00 0.20 0.26 0.10 0 0 0
WP38 25 39.2 6.01 193 0.34 25 2.20 0.67 0.30 0.00 0.80 0.00 0.00 0 0 0

WP40 12 6.0 4.36 568 3.58 0 2.90 0.62 0.86 2.55 1.31 0.00 0.00 8 9 56
WP40 13 7.8 4.48 714 3.91 0 2.80 0.86 0.90 3.59 1.41 0.00 0.00 17 24 80
WP40 14 9.4 4.44 724 3.61 0 2.82 0.83 0.89 3.55 1.40 0.00 0.00 18 20 71
WP40 15 15.2 5.12 629 0.26 3 1.90 1.51 2.19 0.02 1.17 0.30 0.20 172 48 277
WP40 16 17.6 5.27 581 0.11 5 1.39 1.41 2.00 0.00 0.63 0.69 0.18 57 194 272
WP40 17 20.0 5.38 583 0.39 8 1.28 1.36 2.04 0.00 0.79 0.57 0.17 103 31 94
WP40 18 22.4 5.59 356 0.33 10 1.30 1.11 0.95 0.00 0.65 0.24 0.09 0 0 0
WP40 19 24.8 5.45 355 0.17 6 1.64 1.14 0.98 0.00 0.65 0.24 0.09 0 0 1
WP40 20 27.2 5.91 188 - 46 1.15 0.55 0.33 0.00 0.42 0.06 0.03 0 0 0
WP40 21 29.6 6.04 297 - 31 1.31 1.08 0.64 0.00 0.60 0.21 0.02 0 0 0
WP40 22 32.0 6.58 343 - 56 1.25 1.03 0.71 0.00 0.67 0.38 0.03 0 0 0
WP40 23 34.4 6.84 236 - 101 1.21 0.37 0.18 0.00 0.67 0.25 0.04 0 0 0
WP40 24 36.8 7.21 271 - 132 1.51 0.35 0.13 0.00 1.00 0.13 0.08 0 0 0
WP40 25 39.2 7.46 344 - 136 1.61 0.61 0.30 0.00 1.20 0.09 0.20 0 0 0

WP41 12 6.6 4.60 185 - 0 1.15 0.18 0.40 0.48 0.38 0.00 0.00 4 10 130
WP41 13 9.0 4.66 513 - 0 1.99 0.82 0.78 2.06 1.34 0.00 0.00 4 26 146
WP41 14 11.4 4.23 872 - 0 3.39 1.43 1.21 3.83 1.88 0.00 0.00 12 26 83
WP41 15 13.4 4.21 977 - 0 3.65 1.34 1.54 4.38 2.28 0.00 0.01 19 40 169
WP41 16 17.6 5.50 799 - 17 2.14 1.48 2.31 1.46 1.85 0.00 0.01 130 86 986
WP41 17 20.0 5.37 798 - 10 1.97 1.44 2.13 1.83 1.94 0.00 0.00 114 86 816
WP41 18 22.4 6.27 728 - 6 1.54 1.42 2.90 0.00 1.68 0.23 0.56 16 2 17
WP41 19 24.8 5.37 765 0.37 0 1.74 1.19 3.21 0.00 1.60 0.53 1.00 2 74 255
WP41 20 27.2 4.95 765 0.49 0 1.97 1.19 3.15 0.00 1.72 0.38 0.89 7 57 168
WP41 21 29.6 5.38 693 0.59 5 1.90 1.18 2.82 0.00 1.51 0.59 1.04 1 60 152
WP41 22 32.0 5.49 579 0.37 6 1.51 1.17 2.69 0.00 1.64 0.41 0.77 5 18 85
WP41 23 34.4 6.29 601 0.17 32 1.36 1.30 2.08 0.00 1.55 0.33 1.82 1 23 192
WP41 24 36.8 6.71 803 - 50 1.45 1.54 2.98 0.00 2.54 0.37 0.35 0 4 21
WP41 25 39.2 7.16 328 - 120 1.55 0.67 0.49 0.00 0.90 0.15 0.04 0 0 0

EA-2. Concentrations of selected chemical constituents in groundwater from wells 38, 40 and 
41 for (EA-2-1) 1996 and (EA-2-2) 2006. 
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EA-3. Concentrations of As, Ni, Zn and total C and total S in the solid phase of well 40 in 
1996.  

Depth As Ni Zn Total C Total S Pyrite_S*
[m] [ppm] [ppm] [ppm] [%] [%] [%]
5.1 0 6 6 0.01 0.00 0.00
5.2 0 6 6 0.02 0.00 0.01
5.4 2 10 13 0.03 0.01 0.01
7.0 1 9 13 0.03 0.00 0.01
9.1 0 5 8 0.01 0.00 0.00
9.3 1 5 5 0.01 0.00 0.01
15.2 2 5 7 0.07 0.05 0.09
19.0 38 9 14 1.52 0.46 0.85
21.7 4 6 9 0.13 0.14 0.25
23.3 10 6 7 0.12 0.26 0.49
23.3 9 6 7 - - -
25.8 12 6 6 0.06 0.20 0.37
27.5 19 5 18 0.05 0.16 0.29
29.2 4 5 7 0.03 0.05 0.09
31.2 7 5 5 0.04 0.04 0.08
33.2 11 5 8 0.02 0.10 0.19
35.3 9 5 8 0.03 0.05 0.09
36.9 21 5 8 0.04 0.20 0.38
37.2 10 5 5 - - -
39.1 9 4 7 0.06 0.09 0.17

*pyrite concentration (maximum) is calculated from total S concentrations, 
assuming all sulfur is from pyrite.  
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EA-4. Comparison of pyrite concentrations calculated from total sulfur concentrations 
(Pyrite_S) and from the Fe in pyrite (Pyrite_Fe). Total sulfur concentrations were measured 
with a LECO SC 144DR and Fe concentrations were obtained in the last step of a sequential 
extraction procedure where iron oxides, carbonate-iron and Fe-monosulfides were removed in 
earlier steps (for details of the procedure see Griffioen and Broers, 1993).  
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EA-5. Depth profiles of groundwater age for all 5 wells. The sampling was carried out in 2006 
(Aug/Sep). The groundwater age is derived from the ratio of 3H to 3He (Tolstikhin and 
Kamenski. 1969). 
 

Well Filter Depth 3H 3He* Age
No. [m] [TU] [TU] [years]

WP38 1 6.5 8.14 8.92 13.2
WP38 2 11.5 8.40 43.42 32.3
WP38 3 18.8 5.48 28.20 32.3
WP38 4 36 0.32 3.88 45.9

WP40 1 6 7.87 8.78 13.4
WP40 2 9.5 7.41 10.03 15.2
WP40 3 19 9.10 32.36 27.0
WP40 4 36 0.06 1.65 55.5

WP41 1 6 9.02 0.46 0.9
WP41 2 12.6 6.87 11.75 17.1
WP41 3 19 9.26 17.51 18.9
WP41 4 36 8.68 27.01 25.8

WP42 1 6.5 9.15 5.78 8.7
WP42 2 11.5 7.64 8.20 13.0
WP42 3 19 16.30 113.51 37.1
WP42 4 36 0.08 2.83 63.1

WP43 1 6 8.74 1.39 2.6
WP43 2 10 7.79 3.17 5.8
WP43 3 19.5 3.78 24.26 35.6
WP43 4 36.2 0.23 3.42 50.3

*  tritiogenic helium  
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ABSTRACT  

Denitrification driven by pyrite oxidation can play a major role in the removal of 
nitrate from groundwater systems. As yet, limited information is available on the 
interactions between the micro-organisms and aqueous and mineral phases in aquifers 
where pyrite oxidation is occurring. In this study, we examine the groundwater and 
sediment composition along a well-characterized redox gradient in a heavily nitrate-
polluted pyritic sandy aquifer in Oostrum (the Netherlands) to identify the sequence of 
steps involved in denitrification coupled to pyrite oxidation. Multi-isotope analyses 
(d15N-NO3

-, d18O-NO3
-, d34S-SO4

2-, d18O-SO4
2- and d34Spyrite) confirm that pyrite is the 

main electron donor for denitrification at this location. Enrichment factors derived 
from the observed changes in nitrate isotopic composition range from -2.0 to -10.9 ‰ 
for e15N and from -2.0 to -9.1 ‰ for e18O.  The isotopic data indicate that pyrite 
oxidation accounts for approximately 70 % of the sulfate present in the zone of 
denitrification. Solid-phase analyses confirm the presence of pyrite- and organic 
matter-rich clay lenses in the subsurface at Oostrum. In addition, sulfur XANES and 
iron XAS results suggest the presence of a series of intermediate sulfur species 
(elemental sulfur and SO3

2-) that may be produced during denitrification. Consistent 
with geochemical analysis, 16S rRNA gene sequencing revealed the presence of 
bacteria capable of sulfide oxidation coupled to nitrate reduction and that are tolerant 
to high aqueous metal concentrations. 

 

1. INTRODUCTION 

Nitrate is a common groundwater pollutant especially in regions of intensive 
agriculture (Strebel et al., 1989). The major sources of nitrate are manure, fertilizers, 
atmospheric deposition, soils and plants (Kendall et al., 2007). Denitrification is a 
natural microbial attenuation process (Korom, 1992) in which microorganisms use 
organic matter or inorganic compounds as electron donors. When pyrite (FeS2) acts as 
the electron donor, the process can be represented by the following idealized overall 
reaction:  

5FeS2  (pyrite) +  14NO3
- + 4H + - > 5Fe 2+ + 7N2 (g) + 10SO4

 2- + 2H2O                                (1) 

Pyrite oxidation leads to sulfate production and trace metal release to the 
groundwater (Broers, 1998). This process can have a major impact on local and 
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regional water quality. Additional (intermediate) products may include nitrite and 
nitrous oxide (Appelo and Postma, 2005). Several studies have provided compelling 
evidence for the occurrence of nitrate reduction coupled to pyrite oxidation at field 
sites (Broers and Buijs, 1997; Pauwels et al., 1998; Postma et al., 1991; Tesoriero et 
al., 2000; Zhang et al., 2009). These studies further suggest that denitrification with 
pyrite can be the dominant pathway of nitrate removal from groundwater, even when 
organic matter is present. Recent laboratory experiments with sediment from an 
agricultural area have confirmed the microbial nature of the process (Jørgensen et al., 
2009). However, sulfate production in pyritic aquifers is often found to be lower than 
predicted by equation (1) (e.g. (Miotliński1, 2008; Postma et al., 1991; Zhang et al., 
2009). This may indicate that other processes are active, such as incomplete pyrite 
oxidation to elemental sulfur (Zhang et al., 2009). An alternative explanation for the 
mismatch between the observed changes in groundwater nitrate and sulfate with 
depth is that inputs of nitrogen from agriculture have declined with time. As a 
consequence, the present-day input of nitrate to the zone of pyrite oxidation may not 
directly correspond to the amount of sulfate produced at depth. 

Stable isotope analysis is a powerful tool to identify the sources and sinks of 
bioactive compounds in natural environments, because the sources may have 
characteristic isotopic signatures and the isotopes are often strongly fractionated 
during biogeochemical transformations. This holds for the commonly studied d15N-
NO3

- and d34S-SO4
2-, as well as for the oxygen isotope signatures of nitrate and sulfate. 

The simultaneous determination of stable isotope ratios of multiple elements may 
significantly strengthen the interpretation in terms of provenance and transformation 
processes (Böttcher et al., 1990; Böttcher et al., 2001; Deutsch et al., 2006; Pauwels et 
al., 2010; Schwientek et al., 2008). For example, Böttcher and coworkers showed that 
groundwater  d15N-NO3

- and  d18O-NO3
- values in a catchment area with high nitrate 

input were consistent with denitrification coupled to pyrite oxidation (Böttcher et al., 
1990). Similarly, isotope data of groundwater sulfate and sediment sulfur compounds 
for a carbonate-containing organic-poor aquifer suggest that pyrite oxidation is the 
dominant source of sulfate in the groundwater system (Schwientek et al., 2008) . 

The latter study also illustrates the need for combined studies of the groundwater 
and solid phase composition for a correct understanding of spatial and temporal trends 
in microbially-mediated processes in aquifers. Within this context, detailed sediment 
speciation analyses with techniques such as X-ray spectroscopy are of particular value 
because they allow potential solid phase intermediates of pyrite oxidation to be 
identified (Ziegler et al., 2009). Detailed microbial analysis of aquifer sediments can 
provide complimentary information on biogeochemical processes by providing insight 
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into the organisms that mediate these processes.  Such studies have been performed 
for heterotrophic and autotrophic denitrifiers in marine sediments and laboratory 
incubations. For example, Brettar et al. (2006) identified autotrophic denitrifiers at the 
oxic-anoxic interface in the Baltic Sea (Brettar et al., 2006). Various laboratory studies 
suggest Thiobacillus denitrificans is capable of coupling denitrification to pyrite 
oxidation (Jørgensen et al., 2009; Torrentó et al., 2010). However, studies identifying 
the bacteria responsible for denitrification coupled to pyrite oxidation in aquifer 
sediments from field sites are not yet available.    

Here, we combine multi-isotope analyses (i.e., d34S-SO4
2-, d18O-SO4

2-, d15N-NO3
-,  

d18O-NO3
-, and sediment d34Spyrite) with microbial analysis of the sediment (16S rRNA 

gene amplification and sequencing) and detailed field data of the aqueous and solid 
phase geochemistry for a sandy aquifer.  Our study site Oostrum (Netherlands) is 
characterized by a nitrate-rich (up to 8 mM) upper layer overlying deeper, sulfate-rich 
(up to 4 mM) groundwater. Earlier work provides strong evidence for denitrification 
coupled to pyrite oxidation at this location. This conclusion was based mainly on 
observed changes in groundwater nitrate and sulfate with depth in the aquifer (Zhang 
et al., 2009). The goal of this current study is to better characterize the biogeochemical 
processes occurring along the redox gradient in the aquifer by means of isotopic 
analyses and to gain insight into the microorganisms that are potentially involved in 
the processes affecting nitrogen and sulfur in the aquifer. 

 

2. MATERIAL AND METHODS  

2.1  Study site and sampling  

Oostrum is located in an intensive agricultural area in the south of the Netherlands 
(Limburg) (Fig. 1). The site covers approximately 1 km2. Multi-screen sampling wells 
were installed roughly along the direction of groundwater flow: wells 40, 41 and 42 
are located in farmland, well 38 is located in a nearby forested area (Broers and Buijs, 
1997). The investigated aquifer is unconfined and has an approximate thickness of 45 
m. Impermeable clay layers at its bottom clearly define the base of the aquifer.  The 
main aquifer is usually situated between 15 and 45 m depth and consists of coarse 
fluvial sands of Pliocene age with, in the upper part, unconnected clay lenses, which 
often have high organic matter contents. Across the area, there are several faults,  
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Figure 1. Well locations at Oostrum. Wells 40, 41 and 42 are located under farmland, whereas well 38 is 
located in a forested area. The arrow indicates the general groundwater flow direction (ZHANG et al., 
2009).   Two sediment cores were drilled at a distance of ~3 m west (Core 1) and ~200 m northeast (Core 
2) of well 41. 

which are revealed by horizontal discontinuities in hydraulic head. The depth, 
thickness and grain size distribution of the intermediate clay layer is spatially variable, 
indeed, the clay is sometimes absent in parts of the area. Thin centimeter thick lenses 
of clay are present in the top of the Pliocene aquifer, just below the clay layer which 
separates the Pliocene and Pleistocene sequence. The Pliocene sequence is overlain by 
~10 m of coarse fluvial sands and gravels of Pleistocene age which were deposited by 
the Meuse river and ~5 m of eolian sand deposits. The groundwater table is about 3-5 
m below the land surface. Groundwater sampling was carried out in 1996 and 2006 
and is described in detail elsewhere (Zhang et al., 2009). Here, we focus on the results 
for 2006. Two sediment cores were drilled in 2007 at this site, at a distance of ~ 3 m 
west and ~ 200 m northeast of well 41. These cores are referred to as core 1 and 2, 
respectively. The cores were split and sub-sampled under Ar. Samples from 28 depth 
intervals from both cores were freeze-dried and analysed for total Fe with X-ray 
Fluorescence and for total C and S with a LECO SC 144DR.  

Solid phase samples from six depths in the aquifer for core 1 and 2 were studied in 
detail (~16 m, ~18m and ~23 m in core 1 and 11, 13 and 15 m in core 2) for their 
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microbiological characteristics and Fe and S chemistry. These samples are all from the 
part of the aquifer where major changes in groundwater nitrate and sulfate are 
observed. Subsampling was performed directly after drilling and opening of the cores 
in a glovebox under argon. Samples for microbial analysis were stored at -20ºC. The 
other samples were stored at 4°C under argon. For solid Fe and S speciation analysis, 
small aliquots of homogenized sediments were mixed with mineral oil in a nitrogen-
filled glovebox and refrigerated under nitrogen. To confirm that these preservation 
methods were successful, moist mackinawite (nominally FeS, which reacts rapidly 
with oxygen) was treated in the same manner, and its integrity following storage was 
confirmed by X-ray absorption spectroscopy. Subsamples for S-isotope analysis were 
freeze-dried and stored under argon.  

2.2 Analytical methods 

Isotope analysis  Groundwater major anion and cation analyses and 3H/3He 
groundwater age dating methods are described elsewhere (Zhang et al., 2009). 
Samples for d15N-NO3

- and d18O-NO3
- analyses were prepared using the AgNO3 

method (Chang et al., 1999; Silva et al., 2000; Xue et al., 2009).  The samples were 
prefiltered with 0.45 µm membrane filters before passing through cation and anion 
exchange resin columns for nitrate purification and extraction. HCl and Ag2O were 
then added and AgCl was removed by filtration. The solution was freeze-dried 
producing solid AgNO3. AgNO3 was converted to N2 gas for d15N analysis. Finally, 
CO2 for d18O analysis was produced by combusting AgNO3 with graphite. Isotope 
analyses were carried out by C-irmMS, and stable N and O isotope results are 
presented in the usual d-notation vs. air, V-SMOW, and V-CDT, respectively. 

Dissolved sulfate was precipitated quantitatively from acidified samples as BaSO4 
by the drop-wise addition of 5% BaCl2 solution for further determinations of d34S-
SO4

2- and d18O-SO4
2-. The solid was filtered through a 0.45 µm membrane filter, 

washed and dried at 60°C in a drying oven. For oxygen isotope analysis the BaSO4 
precipitate was heated further in a porcelain crucible to 500°C to remove potential 
contaminants. Reduced inorganic sulfur compounds (essentially pyrite) in freeze-dried 
drill core sediments from cores 1 and 2 were extracted by hot acidic Cr(II)Cl2 solution 
(Canfield et al., 1986; Fossing and Jørgensen, 1989). The liberated hydrogen sulfide 
was trapped quantitatively as Ag2S. Sulfur isotope measurements (d34S) were carried 
out using a Thermo Finnigan Deltaplus gas isotope mass spectrometer coupled via a 
Thermo Conflo split interface to an Euro EA elemental analyzer. For oxygen isotope 
measurements barium sulfate was combusted in a Thermo Quest TC-EA. Sulfur and O 
isotope ratios are reported in the conventional delta-notation versus V-CDT and V-
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SMOW, respectively. Replicate measurements agreed within ±0.3‰ and ±0.5‰ for S 
and O isotope measurements, respectively. Several international intercomparison 
materials and in-house standards were measured to calibrate the mass scales.   

Solid sulfur XANES analysis Solid S speciation was analyzed by S K-edge X-ray 
near-edge structure (XANES) spectroscopy at the National Synchrotron Light Source, 
Brookhaven National Laboratory, New York, on beamline X19A.  Samples on filter 
paper were analyzed using a 1x7 mm beam, in a He-purged atmosphere. The sulfate 
white line peak was calibrated to 2483.1 eV. Sample fluorescence was measured using 
a PIPS (passivated implanted planar silicon) detector.  Data was background-corrected 
and normalized prior to least-squares fitting with known standards in WinXAS, over 
the range 2466 to 2487 eV.  Data were best fit using reference spectra for sulfate, 
sulfite, elemental sulfur, pyrite, and iron sulfide (mackinawite). Organic sulfur 
compounds also were considered but were not present in sufficient quantities to affect 
fitting and thus are omitted in final fits. Speciation of S by K-edge XANES is possible 
for sediment with S contents down to 0.01 wt% (Prietzel et al., 2011). 

Solid iron XAS analysis Iron speciation of solids was investigated by X-ray 
absorption spectroscopy at the Stanford Synchrotron Radiation Laboratory, beamline 
11-2, which is configured with a Si (220) monochromator and a phi angle of 0 
degrees.  Sample fluorescence was measured with a 30-element Ge detector in 
combination with a 6 mm Mn filter. The beam was detuned as needed to reject higher-
order harmonic frequencies and prevent detector saturation. Spectra were background-
corrected and normalized using linear pre- and post-edge functions, and internally 
calibrated using a metallic Fe reference foil (7112.0 eV).  The k3-weighted iron 
EXAFS spectra (spline from k=2.5-14) were fit over the k range 2.55-12.5 using the 
k3-weighted chi functions of reference spectra.  Pyrite, magnetite, mackinawite, 
hematite, goethite, ferrihydrite, biotite and hornblende model compounds were used in 
the final fits.  Biotite and hornblende are representative of Fe silicates rather than 
explicit mineral components.  Other common Fe minerals were also considered, but 
were not necessary to fit the data.  Iron XANES spectra were fit over the range 7105 
to 7150 eV, to confirm results obtained by EXAFS fitting or where EXAFS spectra 
were not available, and were similarly accurate for distinguishing ferric from ferrous 
phases.  

Microbial community analysis Sub-sections of mixed sediment (100 mg) within 
the sediment redox transition zone in both drill cores were used for DNA extractions. 
Total genomic DNA was extracted using the PowerSoil DNA extraction kit (MOBIO, 
Carlsbad, USA), and the crude extracts were further purified using the Wizard DNA 
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Clean-Up Kit (Promega, Madison, USA). The 16S rRNA gene was amplified from 
bacteria using universal bacterial primers. PCRs, cloning and sequencing were 
performed according to the approach described by Niemann et al. (Niemann et al., 
2006). Sequence analysis was carried out using the ARB (Ludwig et al., 2004)  
software package with the Silva 98 release database (Pruesse et al., 2007)  and the 
Mothur software package (Schloss et al., 2009). Sequences generated in this study 
have been deposited in the Genbank database, and are accessible under the following 
accession numbers HM641428-HM641687. 

 

3. RESULTS AND DISCUSSION  

3.1 Pore water profiles of aqueous components   

The depth distributions of nitrate in the agricultural area at our study site are 
characterized by a concentration maximum between 10 and 15 m below the soil 
surface, as shown for well 41 in 2006 (Fig. 2). Most denitrification takes places below 
this maximum in nitrate. Here, a sharp decline in nitrate levels coincides with an 
increase in sulfate concentrations, down to a depth of ~23 m. The depth interval in 
which nitrate and sulfate exhibit opposing gradients is hereafter referred to as the 
“reaction zone”. As shown previously, aqueous concentrations of Fe2+ and trace 
metals increase strongly within the reaction zone (Zhang et al., 2009). Below the 
reaction zone, nitrate concentrations are near or below detection, while sulfate 
concentrations progressively decrease with depth. Qualitatively, the compositional 
changes in the reaction zone are consistent with those expected for denitrification 
coupled to the oxidative dissolution of pyrite. 

Isotopic analysis of coupled denitrification-pyrite oxidation  Within the reaction 
zone under farmland where denitrification driven by pyrite oxidation occurs in the 
aquifer, the average values of d15N-NO3

- and d18O-NO3
-
 increase with depth from 7.2 

‰ to 18.2 ‰ and from -2.1 ‰ to 7.4 ‰, respectively (Fig. 3). These increases are 
qualitatively consistent with the preferential utilization of lighter isotopes by 
denitrifying organisms. Isotope enrichment factors for nitrate can be calculated from 
the changes in d15N-NO3

- and d18O-NO3
-, assuming that denitrification is the only 

fractionating process, that water parcels can be treated as closed systems, and that the  
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Figure 2. Example of the depth distributions of a) dissolved nitrate and sulfate in groundwater; b)  d34S-
SO4

2-, d18O-SO4
2- and d34S in pyrite in solid phase and c) d15N-NO3

- and d18O-NO3
- in the agricultural 

area (well 41). In the “reaction zone” (grey), nitrate concentrations decrease sharply whereas sulfate 
concentrations increase, suggesting denitrification coupled to pyrite oxidation. The depth intervals above 
and below the “reaction zone” are referred to as the “shallow part” and “deeper part”, respectively.  

fractionation factor remained constant. The Rayleigh equation (Böttcher et al., 1990; 
Mariotti et al., 1988) can then be used:  

dr = d0 + e ln C/C0                                                                                                                                                            (2) 

where dr and d0 are initial and residual isotope values, e is the isotopic enrichment 
factor and C/C0 is the remaining fraction of the nitrate.  As initial nitrate concentration 
(Co) we impose the maximal value at the top of the reaction zone. Then, using the 
pair-wise concentration and d values measured in the reaction zone, we obtain values 
of -10.9 ‰ (well 41) and -2.0 ‰ (well 42) for e15N, and -9.1 ‰ (well 41) and -2.0 ‰ 
(well 42) for e18O (Note: well 40 lacked sufficient nitrate containing samples to 
perform the isotope analyses). 

Culture experiments with heterotrophic denitrifiers have yielded wide ranges of 
enrichment factors: from -10 ‰ to -39 ‰ for e15N, and between -15 ‰ and 40 ‰ for 
e18O (Lehmann et al., 2003; Toyoda et al., 2005). Field studies of denitrification 
suggest comparable ranges of e15N and e18O for autotrophic and heterotrophic 
denitrification. For example, Böttcher et al. (Böttcher et al., 1990) reported values of -
16 ‰ for e15N and -8 ‰ for e18O for autotrophic denitrification coupled to pyrite 
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oxidation in a sandy aquifer in Germany, while Mariotti et al. (Mariotti et al., 1988) 
estimated  a e15N value of ~ -5 ‰ for heterotrophic denitrification in an aquifer of 
northern France. Although the enrichment factors exhibit large ranges, the d15N:d18O 
ratios reported in the literature for denitrification are mostly comprised between 0.9 
and 2.1 (Böttcher et al., 1990). Our value for the wells located in the agricultural area 
(~1, Fig. S1) falls within this range.  

The isotopic composition of dissolved sulfate in groundwater is also quite variable, 
with  d 34S-SO4

2- ranging from -4.8 to 45.3 ‰ and d18O-SO4
2- from -0.7 ‰ to 15.3 ‰ 

(Tab. S1). The two major sources of groundwater sulfate in the Oostrum area are 
sulfate leaching from the land surface (where it is introduced via atmospheric input, 
manure and fertilizers) and sulfate from pyrite oxidation, with no important sinks 
(Zhang et al., 2009). Sulfur isotopes undergo essentially no isotope fractionation 
during pyrite oxidation to sulfate (Stempvoort Van et al., 1994) Hence, the 
groundwater d 34S-SO4

2- signature should only reflect the relative contributions of the 
sulfate sources, according to the following mass balance (Moncaster et al., 2000; 
Smith et al., 2009):  

Csulfate_total * d34S sulfate_total = Csulfate_input * d34Ssulfate_input + Csulfate_pyrite * d34Spyrite        (3)            

where Csulfate_total = Csulfate_input + Csulfate_pyrite and Csulfate_total is the measured (total) sulfate 
concentration in a groundwater sample, Csulfate_input is the sulfate concentration derived 
from the land surface and Csulfate_pyrite is that derived from pyrite oxidation. d34S 

sulfate_total, d34Ssulfate_input and d34Spyrite are the d values of the groundwater, the historical 
input derived from the land surface and sedimentary pyrite, respectively. 

Assuming that the most shallow groundwater samples collected from wells 40, 41 
and 42 are representative of surface input in the agricultural area, the average 
d34Ssulfate_input value is around 2.6 ‰ (Fig. 3). Then, assigning a value to d34Spyrite of -4.2 
‰, which is the mean value measured on the samples of drill core 1 which is located 
adjacent to well 41 (Tab. S2), we can calculate the relative contributions of pyrite 
oxidation to the measured groundwater sulfate concentrations (i.e., 
Csulfate_pyrite/Csulfate_total). Input of sulfate leaching from the land surface accounts for 
>95% of total sulfate in the groundwater above the reaction zone. Across the reaction 
zone, however, the average d34S sulfate_total drops to -2.1 ‰, implying a significant 
contribution of lighter sulfate produced during pyrite oxidation, on the order of 70 %. 
Below the reaction zone, Eq.3 predicts a decrease in the contribution of pyrite 
oxidation, which is due to microbial sulfate reduction (see below).  
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Sulfur isotope data for pyrite can vary over a wide range (Canfield et al., 2005). 
For example, pyrite analyzed in core 2, which is located ~200 m to the north west of 
well 41 (Fig. 1), has a much heavier isotope composition at shallow depths (Tab. S2). 
The variation likely reflects heterogeneity of d34S -pyrite in this Pliocene aquifer. 
However, such high d34S values in pyrite are not reflected in the groundwater 
composition of the wells at our study site. 

In addition to nitrate, molecular oxygen is a common electron acceptor for pyrite 
oxidation in natural settings. The oxygen isotopic composition of sulfate can help 
distinguish between the potential electron acceptors (e.g., Taylor et al., 1984; Tuttle et 
al., 2009). According to the following reaction stoichiometry 

  2FeS2  (pyrite) + 7O2 + 2H2O - > 2Fe 2+ + 4SO4
 2- + 4H +                                                            (4)                           

7/8 of the oxygen in sulfate is derived from molecular oxygen whereas the remaining 
oxygen comes from water. We can then use an isotope balance for d18O-SO4

2- to 
calculate the expected d18O-SO4

2- values when pyrite is oxidized by O2. Based on 
literature data, we assign δ 18OO2 and δ 18OH2O values of 23 ‰ (Tuttle et al., 2009) and -
7 ‰ (Clark and Fritz, 1997), respectively and enrichment factors of e 18O(SO4-O2)  and e 

18O(SO4-H2O) of -11 ‰ and 4 ‰ (Taylor et al., 1984; Toran and Harris, 1989). The 
predicted groundwater d18O-SO4

2-
 in the reaction zone should then be on the order of 

10 ‰. This value is well outside the range of our measurements in the reaction zone in 
the agricultural area, which show a maximum value of 2.8 ‰ (Tab. S1). Therefore, we 
can eliminate O2 as an important oxidant for pyrite at the Oostrum site. The isotopic 
evidence is entirely consistent with the presence of a 10 m thick upper aquifer with 
low to negligible oxygen concentrations above the reaction zone (Zhang et al., 2009).  

  A similar calculation demonstrates that H2O molecules cannot be the main source 
of oxygen in sulfate either. If all sulfate oxygen was derived from H2O, d18O-SO4

2- 
should be on the order of -1 ‰ in the reaction zone, compared to the observed mean 
value of 1.5 ‰ and a minimum value of 0.2 ‰. If we assume that nitrate is the sole 
oxygen source for sulfate produced by pyrite oxidation (Eq. 1), the isotope balance 
yields a corresponding e18O(SO4-NO3) value of 3 ‰. There are currently no other 
experimental data on oxygen isotope fractionation during pyrite oxidation coupled to 
nitrate reduction to which this field-derived estimate of e18O(SO4-NO3) can be compared.  
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Figure 3. Box plots of d15N-NO3

-, d18O-NO3
-, d34S-SO4

2- and d18O-SO4
2- in the three depth zones in the 

agricultural area (wells 40, 41 and 42) in 2006. See Figure 1 for the definition of the depth zones. Thick 
line: median; upper and lower boundary of the boxes: 25 and 75 percentile; whiskers: range; bullets: 
outliers; n: number of observations. 

Isotopic evidence for microbial sulfate reduction Bacterial dissimilatory sulfate 
reduction generates a typical enrichment of d34S-SO4

2- in the residual sulfate (d32S-
SO4

2-) (Böttcher et al., 2001; Fritz et al., 1989; Habicht and Canfield, 2001; Kaplan 
and Rittenberg, 1964). Such a trend is observed in the isotope data from deeper parts 
of the aquifer (> 20m) where the d34S-SO4

2- values (average of 8.9 ‰ with a 
maximum of 45.3 ‰) markedly exceed those in the reaction zone (Fig. 3). The trend 
of increasing d34S-SO4

2- values with depth corresponds to decreasing sulfate 
concentrations (Fig. 2 and Tab. S1; Zhang et al., 2009). The mean value of d18O-SO4

2- 
in the deeper groundwater (4.9 ‰) also shows an increase compared to the reaction 
zone. Taken together, the decrease in sulfate concentration and the dual-isotope 
fractionation implies active sulfate-reducing microorganisms below the zone of 
denitrification (Böttcher et al., 1998; Fritz et al., 1989; Mizutani and Rafter, 1973) 

Time scales Groundwater age data can provide important information on 
groundwater flow paths and the time scales of biogeochemical processes in the 
subsurface, especially when coupled to groundwater concentrations of key elements 
and the historical input of concentrations in recharge (Visser et al., 2009; Zhang et al., 
2009). For instance, the simultaneous increase in  d15N-NO3

- and decrease in d34S-
SO4

2- is restricted to groundwater that entered the aquifer between 1985 and 1995 (Fig. 
4). Thus, it takes a maximum of 10 years for denitrification to remove the incoming  
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Figure 4. Values of d15N-NO3
- and d34S-SO4

2-
 plotted versus groundwater age for wells 40, 41 and 42, 

which are all located in an agricultural area. The increase in d15N-NO3
- and decrease in d34S-SO4

2-
 during 

the period 1985 to 1995 implies denitrification coupled to the oxidation of isotopically light pyrite. In 
older groundwater, the general increase in d34S-SO4

2- with age is interpreted to reflect sulfate reduction. 
The anomalously low d34S-SO4

2- values in the groundwater older than 1970 observed in well 42 just 
below the reaction zone are probably due to local heterogeneity of the aquifer.   

nitrate from the groundwater. In contrast, the general increase in d34S- SO4
2- with age 

beyond 1985 spans at least three decades. Given the corresponding relatively small 
decrease in the sulfate concentration (Fig. 2), this points to much lower rates of sulfate 
reduction compared to denitrification. 

3.2  Solid-Phase Analysis  

Depth profiles of total sulfur, carbon and iron for drill cores 1 and 2 confirm the 
strong heterogeneity of the sediment in the aquifer at Oostrum observed visually (Fig. 
5).  In drill core 1, sediment layers enriched in total carbon, sulfur and iron and in fine-
grained material (< 63 µm) are present at depths of ~ 14-15 and 21 m below the land 
surface. In drill core 2, similar layers are present at depths of ~ 12-14, 16 and 21 m. 
Both drill cores show the ~2 m thick clay layer at the top of the Pliocene Formation, 
which corresponds with the samples with the highest proportion of the size fraction < 
63 µm. The deeper samples with a larger fraction <63 µm coincide with intervals 
where thin clay lenses exist. The reaction zone identified from the water chemistry 
data coincides with the top of the Pliocene aquifer, in which the higher proportions of 
clay and silt material, organic matter and sulfur are concentrated. Sampling sediments 
from such a heterogeneous system implies that the samples cannot be treated as being 
representative for a gradient in solid phase chemistry. Instead, we consider the 6  
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Figure 5.  Depth profiles of total sulfur, carbon and iron (in wt%) and the grain size fraction <63 µm in 
sediment drill cores 1 and 2. The depths of samples used for sulfur XANES and iron XAS in core 1 and 2 
are indicated with open circles. The lithology is indicated in the two borehole descriptions. A large 
fraction of material with a grain size < 63 µm indicates clay and silt layers, some of which are 2 m thick, 
whereas others are only millimeters or a few cm thick. 

samples that were used for XANES/XAS analysis to be illustrative rather than to be 
exhaustive.  

Insight in the mineralogical composition of the sediment from 6 selected depth 
intervals in the reaction zone (at depths of ~16, ~18 and ~23 m in core 1 and 11, 13 
and 15 m in core 2) is obtained from sulfur XANES and iron XAS analysis (Table 1). 
In general, the fraction of Fe present in silicates is variable and reflects differences in 
primary mineralogy and sediment sources.  In these samples, silicates (e.g. 
glaucophane, biotite or glauconite) represent a minor fraction (5-34%) of the total Fe.  
Here, we restrict our discussion to non-silicate Fe phases to effectively focus on the 
reactants and products of redox reactions in the aquifer.  

The 6 samples contain between 0.1 and 0.7% of Fe (Fig. 6, Tab 1). The amount of 
pyrite increases strongly at depth in both cores, which is in general agreement with the 
redox gradient. Note, however that there is substantial heterogeneity in the fraction < 
63 µm, in S and organic C between the individual samples (Fig. 5).  The samples from 
the upper part of the reaction zone (16 and 11 m in cores 1 and 2, respectively) are 
dominated by reduced ferrous and ferric iron oxide phases and contain little pyrite Fe. 
The samples from intermediate depths (13 and 18 m in cores 1 and 2, respectively) 
have lower iron contents and show a mixture of ferric and ferrous iron and pyrite Fe.  
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Figure 6. Distribution of Fe (non-silicate) minerals and S minerals in solid phase in fresh sediment from 
the drill cores 1 and 2. The fractions of Fe and S minerals were determined with XAS (for Fe) and 
XANES (for S). For the solid phase total Fe (wt%) and the total S (wt%) see Table 1.  
 

The deepest samples analysed (23 and 15 m in cores 1 and 2, respectively) are 
dominated by pyrite Fe and contain about 30% of ferric and ferrous oxides. In well 40, 
close to core 2, groundwater at 15 m depth still contained some nitrate in 1996 (Zhang 
et al., 1996) whereas nitrate was absent in 2006. Thus, in this part of the aquifer pyrite 
oxidation with nitrate likely occurred in the past. This may explain the presence of 
ferrous iron at this depth. The sample from 23 m depth in core 1, in contrast, is located 
well below the reaction zone where nitrate never has been present.   

Sulfur contents in the 6 samples roughly follow the pattern of the pyrite Fe 
contents, with almost no sulfur being present in samples 16 and 18 m depth in core 1 
and from 11 m depth in core 2 (Fig. 6). The other 3 samples show significant amounts 
of sulfur, dominated by pyrite-S and SO4-S. The presence of sulfate mineral 
throughout the reaction zone was unexpected (Tab. 1) and may be explained by the 
partial oxidation of sulfide minerals in storage, but may also indicate the presence of 
solid phase sulfur (in adsorbed or mineral form) in the aquifer. The sulfur speciation 
also reveals the presence of previously unidentified sulfur species (elemental sulfur 
and SO3

2-). For example, these intermediate oxidation-state species represent >90% of 
the total S in the sample from 18 m depth in core 1 (Tab. 1) However, total S in this 
sample is low (Tab. 1). 
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Aqueous concentrations measured in the reaction zone suggest that the bulk of the 
denitrification coupled to pyrite oxidation is associated with an increase of Fe[II] and 
sulfate and decrease of nitrate (Zhang et al., 2009). Together with the groundwater 
geochemistry data, the abundant presence of non-silicate Fe[III] mineral suggests that, 
besides pyrite oxidation producing sulfate and Fe[II] (Eq. 1), further oxidation of 
Fe(II) by nitrate (Eq. 5) to Fe(III) could occur:  

5Fe[II] + NO3
- + 7H2O - > 5FeOOH  + 0.5N2 + 9H+                                                                          (5) 

Previous field studies suggest that oxidation of Fe[II] to Fe[III] with nitrate (Eq. 5) 
is less important for nitrate removal than sulfide (pyrite) oxidation (Postma et al., 
1991; Zhang et al., 2009). In addition, the observed rise in pH in the reaction zone 
(Zhang et al., 2009) is consistent with a more important role for pyrite oxidation with 
nitrate following Eq. 1 at this depth. It is possible that the sulfur intermediates which 
are found in many of the 6 samples are formed as minor products through one or more 
separate reactions coupling pyrite oxidation and denitrification. Further work would 
be needed to quantify their occurrence over the whole depth profile in this 
heterogeneous aquifer and to assess their potential role in contributing to possible 
variations in the stoichiometry of the overall reactions as suggested for this site 
(Zhang et al., 2009). Alternatively, these intermediates also could be the major 
reaction products of pyrite oxidation by nitrate, with the elemental sulfur being 
oxidized or disproportionated by autotrophs leading to sulfate as one end-product (Bak 
and Cypionka, 1987; Finster, 2008; Thamdrup et al., 1994). 

The high contents of pyrite-Fe and pyrite-S in the samples at 15 m depth (Core 2) 
and 23 m depth (Core 1) coincide with the depth range where nitrate concentrations 
are below the detection limit and dissolved sulfate concentrations are near peak values 
(~3 mM, Fig.1 and Zhang et al., 2009). It is likely that no nitrate at this depth is 
consumed by pyrite oxidation, leaving all pyrite in the sediment matrix intact. The 
major redox reaction taking place below this depth range is likely sulfate reduction, as 
indicated by the depth trends in d34S-SO4

2- in the groundwater of wells 40 and 41 (Fig. 
2 and Table S1). 

3.3  Linking Geochemistry to Microbial Community Composition    

The solid-phase and aqueous geochemistry indicate that the aquifer at this site 
shows a distinct reaction zone within an overall strongly heterogeneous sediment 
matrix. While in the samples from the upper and middle part of the reaction zone Fe 
oxides are the most abundant non-silicate Fe-phases, pyrite is quantitatively most 
important in the lower samples. Here, potential organisms are linked to geochemical 
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processes by relating both sediment mineralogy and porewater geochemistry to 
genetic characterizations of the microbial community. 

Between 40 to 45 16S rRNA gene sequences were obtained from each of 6 samples 
in the reaction zone from drill cores 1 and 2 (Tab. 2). Organisms closely related to 
heterotrophic nitrate reducing bacteria, such as Massilia brevitalea (Zul et al., 2008), 
Herbaspirillum autotrophicun (Ding and Yokota, 2004) and Cupriavidus 
metallidurans (Goris et al., 2001) were detected in the sediments from both cores. The 
presence of these bacteria suggests heterotrophic denitrification cannot be excluded 
completely and these bacteria are either carrying out heterotrophic denitrification at a 
low rate or are involved in other processes associated with the slow oxidation of 
recalcitrant sedimentary organic carbon. Note that heterotrophic denitrification would 
be expected to more favorable than autotrophic denitrification based on theoretical 
energy yields (Devlin et al., 2000). However, the pyrite in this system is likely more 
reactive than the organic matter allowing autotrophic denitrification to dominate”. 

The porewater and solid phase data indicate drastic changes in the chemical forms 
and concentrations of N, Fe and S with depth that are consistent with denitrification 
linked to pyrite oxidation (Zhang et al., 2009). While microbially mediated nitrate-
dependent sulfide (pyrite) oxidation is well-known, microbial evidence for a similar 
process (by Thiobacillus denitrificans) with pyrite has only recently been published 
(Jørgensen et al., 2009). Bacteria closely related (99-98%) to sulfide-oxidizing, 
denitrifying species, such as Thiobacillus denitrificans (Kelly and Wood, 2000), 
Thiotrix nivea (Larkin and Shinabarger, 1983) and Thiotrix unzii (Polz et al., 1996) 
were present at a depth of 23 m in core 1. Furthermore, bacteria closely related to the 
sulfide-oxidizing, denitrifying bacterium Pseudomonas stutzeri (Mahmood et al., 
2009) were detected within the same interval of core 1 and in all 3 intervals analysed 
for core 2.  The presence of other solid-phase products in the reaction zone, i.e. 
elemental sulfur and sulfite suggests that some of the S is incompletely oxidized and 
that the complete oxidation of pyrite to sulfate involves an additional step (and 
possibly an additional microbe) that can oxidize these species. Organisms closely 
related to Methylobacterium thiocyanatum (Anandham et al., 2009) (99-97%) are 
present in many of the samples. This last organism and its relatives are known to 
oxidize intermediate nitrogen and sulfur compounds such as thiocyanate and 
thiosulfate (Anandham et al., 2009). These organisms may play a role in pyrite 
oxidation coupled to denitrification, by recycling reduced or intermediate sulfur 
compounds that are produced upon the interaction between aqueous solutions and 
sulfide minerals (Schippers and Jørgensen, 2002). Bacteria closely related to 
Gallionella ferruginea, which is known to oxidize Fe[II] (Hallbeck et al., 1993),  were 
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detected along with bacteria closely related to the iron oxidizer BrG1 (Straub et al., 
1996) in the samples from core 1 (Tab.2). These organisms are likely responsible for 
Fe[II] oxidation, possibly with nitrate.  

Over 50% of the sequences recovered from these sediments were either closely 
related to those of bacterial genera that are often detected in environments with 
elevated metal/metalloid concentrations (such as observed in natural waters impacted 
by mining or waste water), or to those of genera with members that have shown a 
specific tolerance to elevated metal/metalloid concentrations, e.g. Acinetobacter, 
Cupriavidus, Herbaspirillum, Janthinobacterium, Methylobacterium, Oxalobacter, 
Pseudomonas, and Rahnella (Hery et al., 2003; Idris et al., 2006; Mergeay et al., 2003; 
Palmroth et al., 2007; Reardon et al., 2004; Zakaria et al., 2007). The presence of these 
organisms coincides with the high metal concentrations observed in groundwater from 
the reaction zone in this aquifer (e.g. Ni concentrations of ~200 µg/L; Zhang et al., 
2009). These geochemical conditions are the result of the recent input of 
anthropogenic nitrate into the pyrite containing aquifer and the corresponding 
mobilization of trace metals. 

 

4. CONCLUSIONS 

Denitrification coupled to pyrite oxidation is identified as the principal 
biogeochemical process causing large changes in nitrate and sulfate concentrations in 
groundwater below agricultural fields at our field site, at Oostrum (the Netherlands). 
Isotopic data for sulfate (d34S-SO4

2-, d18O-SO4
2-), nitrate (d15N-NO3

-, d18O-NO3) and 
pyrite (d34Spyrite) confirm our earlier work (Zhang et al., 2009) that pyrite is the main 
electron donor for denitrification at this location and that sulfate reduction occurs at 
depth. Solid phase analyses confirm the highly heterogeneous distribution of organic 
matter and pyrite-rich clay lenses in the aquifer. Iron XAS and sulfur XANES confirm 
the presence of pyrite and suggest that various intermediate sulfur species (elemental 
sulfur and SO3

2-) are formed in the zone of denitrification. Observed differences in 
microbial populations with depth are suggestive of a series of reactions along the 
redox gradient in this aquifer. Besides sulfide (pyrite) oxidation with nitrate to sulfate, 
these processes include, heterotrophic denitrification (at a very slow rate), incomplete 
oxidation of sulfide to elemental sulfur and Fe(II) oxidation with nitrate. The 
microbial populations are also related to metal-tolerant bacteria which is consistent 
with the high concentrations of metals in the groundwater at this location.  
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SUPPORTING INFORMATION 

Table S1. Values of d15N-NO3
-, d18O-NO3

-, d34S-SO4
2- and d18O-SO4

2- in groundwater from wells 40, 41 
and 42 (farmland), and well 38 (forest). The grey shading identifies values in the “reaction zone” (see 
Figure 1). The nitrate and sulfate concentrations are taken from (ZHANG et al., 2009). 

Well Depth NO3 SO4
  δ15N-NO3  δ18O-NO3  δ34S-SO4  δ18O-SO4

m mM mM ‰ ‰ ‰ ‰
Well 40 6.0 2.5 0.9 5.9 -3.2 2.7 1.5
Well 40 7.8 3.6 0.9 6.5 -2.8 3.2 1.3
Well 40 9.4 3.5 0.9 6.1 -2.4 3.2 1.0
Well 40 15.2 0.0 2.2 -0.4 2.2
Well 40 17.6 0.0 2.0 -0.8 1.8
Well 40 20.0 0.0 2.0 -1.6 2.3
Well 40 22.4 0.0 1.0 1.9 3.5
Well 40 24.8 0.0 1.0 1.8 3.5
Well 40 27.2 0.0 0.3 12.6 4.0
Well 40 29.6 0.0 0.6 3.0 5.2
Well 40 32.0 0.0 0.7 3.8 5.9
Well 40 34.4 0.0 0.2 38.8 -0.7
Well 40 36.8 0.0 0.1 1.4 0.0
Well 40 39.2 0.0 0.3 16.1 9.4
Well 41 6.6 0.5 0.4 0.6 2.2
Well 41 9.0 2.1 0.8 6.0 -3.9 2.3 1.6
Well 41 11.4 3.8 1.2 3.6 3.0
Well 41 13.4 4.4 1.5 9.4 -2.6 3.5 2.6
Well 41 17.6 1.5 2.3 22.1 7.8 -4.8 0.6
Well 41 20.0 1.8 2.1 17.4 4.2 -3.7 0.8
Well 41 22.4 0.0 2.9
Well 41 24.8 0.0 3.2
Well 41 27.2 0.0 3.1 -0.9 0.6
Well 41 29.6 0.0 2.8 -1.3 -0.1
Well 41 32.0 0.0 2.7 -3.0 0.2
Well 41 34.4 0.0 2.1 0.7 0.9
Well 41 36.8 0.0 3.0 -0.8 0.3
Well 41 39.2 0.0 0.5 10.7 8.6
Well 42 5.9 1.8 0.9 10.6 -1.4 1.8 4.0
Well 42 8.0 3.5 1.4 12.1 1.8 2.7 3.6
Well 42 10.1 5.8 1.6 2.2 3.9
Well 42 12.2 4.9 2.1 13.7 5.1 -2.4 0.2
Well 42 16.9 0.6 3.1 18.3 9.0 1.0 2.8
Well 42 19.0 0.3 3.2 19.4 11.0 -3.3 1.5
Well 42 21.1 0.2 3.2 -3.1 0.9
Well 42 23.2 0.0 2.0 -4.0 2.7
Well 42 26.9 0.0 0.6 5.0 6.6
Well 42 28.9 0.0 0.5 5.5 8.9
Well 42 31.1 0.0 0.3 9.2 15.3
Well 42 33.2 0.0 0.4 8.2 11.0
Well 42 35.2 0.0 0.4 10.0 5.7
Well 42 37.2 0.0 0.2 32.4 8.1
Well 42 39.2 0.0 0.1 45.3 9.4
Well 38 5.2 1.3 1.2 0.6 3.9
Well 38 7.0 1.7 1.3 0.7 3.0
Well 38 8.5 1.7 1.3 8.6 1.8 0.6 2.7
Well 38 10.2 1.6 1.3 0.6 3.0
Well 38 14.9 0.0 1.0 3.0 2.8
Well 38 17.3 0.0 1.0 2.6 2.5
Well 38 19.7 0.0 0.9 3.6 3.5
Well 38 22.1 0.0 0.8 3.8 4.2
Well 38 24.5 0.0 0.9 3.3 4.3
Well 38 26.9 0.0 1.0 3.3 3.2
Well 38 29.3 0.0 0.8 4.4 2.8
Well 38 31.8 0.0 0.6 6.1 6.2
Well 38 34.3 0.0 0.4 5.5 7.5
Well 38 36.8 0.0 0.2 4.7 7.7
Well 38 39.2 0.0 0.3 8.4 10.2  
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Table S2. d34S values in chromium reducible sulfur extracted from sediment samples of drill core 1 and 
core 2 adjacent to well 41. The extraction procedure was designed to recover pyritic sulfur from the 
sediments. 

Name Depth d34S
[m] [‰]

Core1 14.5 -5.5
Core1 15.7 -5.7
Core1 17.8 -2.7
Core1 19.6 -1.7
Core1 22.6 -5.7

Core 2 10.6 2.4
Core 2 12.7 25.6
Core 2 13.4 8.3
Core 2 15.5 7.4
Core 2 17.3 -3.9  

 
 
 
Figure S1. Relationship between d18O-NO3- and d15N-NO3

- in groundwater of the agricultural area 
(wells 40, 41 and 42). 
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ABSTRACT  

Field studies indicate that pyrite oxidation can play a major role in nitrate removal 
from groundwater and thus can reduce the discharge of groundwater nitrate to surface 
waters. Here, we investigate denitrification coupled to pyrite oxidation in a series of 
long-term (~3 years) anoxic batch experiments using natural pyrite-bearing sediments 
from two contrasting aquifers in the Netherlands. One location under farmland 
(Oostrum) is characterized by high agricultural inputs of nitrate and there is evidence 
for pyrite oxidation linked to denitrification in-situ. The other site (Ossendrecht) is 
located in a forest and the groundwater is nitrate-free. In our experiments, we find 
evidence for continued nitrate removal and sulfate production in sediments from both 
locations over a period of 2 to 3 years. This confirms that autotrophic denitrification 
with pyrite has the potential to efficiently remove nitrate from groundwater, also in 
aquifers with no prior contamination with nitrate. Rates of nitrate removal in 
incubations ranged from ~5 to 176 µmol NO3 per day per kg of dry sediment, with 
most of the variability likely caused by the heterogeneity of the sediment used.  Pyrite-
amendment increased the rate of nitrate removal in all incubations. 

 

1.  INTRODUCTION 

Nitrate pollution poses a serious threat to groundwater quality worldwide. This is 
particularly true for agricultural areas where fertilization often leads to high nitrate 
inputs to aquifers (Hiscock et al., 1991; Strebel et al., 1989). In many cases, nitrate 
concentrations exceed 50 mg L-1, which is the water quality standard set by the 
European Union.  

Nitrate can be removed from groundwater systems by denitrification using organic 
and inorganic chemical phases in the aquifer as electron donors. The relevant 
pathways are termed heterotrophic and autotrophic denitrification, respectively. 
Heterotrophic denitrification is the most thermodynamically favorable process for 
nitrate reduction (APPELO and POSTMA, 2005; BUROW et al., 2010; KOROM, 1992), 
with the overall reaction being as follows  : 

5CH2O + 4NO3
- - > 2N2 + 4HCO3 - + H2CO3 +2H2O                                           (1) 
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However, field evidence suggests that in some anoxic groundwater systems, 
autotrophic denitrification is quantitatively a more important process with pyrite 
(FeS2) acting as the dominant electron donor (PAUWELS et al., 1998a; PAUWELS et al., 
1998b; POSTMA et al., 1991; TESORIERO et al., 2000; ZHANG et al., 2009):   

 5FeS2  + 14NO3
- + 4H + - > 5Fe 2+ + 7N2 + 10SO4

 2- + 2H2O                                                     (2)      

The ferrous iron (Fe2+) produced may also react with nitrate while forming Fe 
oxyhydroxides (Fe(OH)3) (SENKO et al., 2005; WEBER et al., 2001):  

5Fe2+ + NO3
- + 12 H2O - > 5Fe(OH)3 +0.5 N2 + 9H+                                          (3) 

Over the past decades, laboratory studies to demonstrate the occurrence of 
autotrophic denitrification with pyrite have been a challenge. For example, Schippers 
and Jorgensen (2002) were unable to demonstrate the process in anoxic slurry 
experiments with marine sediments, possibly because of the high pH of 8. Various 
researchers suggested that Thiobacilli were involved in the process (HAAIJER et al., 
2006; KÖLLE et al., 1985). Recently, two groups of researchers (Jorgensen et al., 
2009; Torrento et al., 2010; 2011) independently confirmed experimentally that 
pyrite indeed plays an important role as an electron donor in microbially-mediated 
denitrification. Using pyrite-containing sediments from a sandy Danish aquifer in 
incubation experiments of 200 days, Jorgensen et al. (2009) demonstrated that more 
than 50% of the nitrate reduction observed could be attributed to pyrite oxidation. 
The process could be completely inhibited by addition of a bactericide and could be 
stimulated by adding pyrite. In 1-year experiments in which inoculum of the 
autotrophic denitrifying bacterium Thiobacillus denitrificans was added to a nitrate-
and pyrite-containing suspension, Torrento et al. (2010) also confirmed the role of 
pyrite as an electron donor in bacterial denitrification. In addition, the grain-size of 
the pyrite was shown to impact rates of nitrate reduction, with finer grain sizes 
leading to higher rates.  

Here, we report on a long-term laboratory study of denitrification with pyrite in 
natural sediments that was performed over a period of 3 years (between 2007 and 
2010). We focus specifically on the role of pyrite availability in determining rates of 
nitrate removal. By comparing results of experiments using sediment from 2 
contrasting field sites, we also assess whether prior exposure of the sediment to 
nitrate under field conditions has an impact on rates of denitrification with pyrite.  
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Table 1. Concentrations of total C, Fe and S in the sediments from the farmland (Oostrum) and forest 
(Ossendrecht) site and the corresponding incubation experiments (as described in Table 2). Bgs: below 
ground surface. 

 

 

 
 
Figure 1. Location of the farmland (Oostrum) and forest (Ossendrecht) sites in the Netherlands. 

 
Depth bgs 

[m] 

Total C 
[%] 

Total Fe 
[%] 

Total S 
[%] 

Code of experiment 

Farmland (Oostrum) 
22.6 0.002 0.42 1.37 Farm-1 & 2 and Farm-pyr-

1, 2 & 3 
 

Forest 
(Ossendrecht) 

   

6.5  0.20 0.40 0.25 Gw1 
6.8 0.15 3.59 0.28 Gw2 
7.4 0.26 0.66 0.38 Gw3, Forest - 1, 2 & 3 

Forest-pyr-1, 2 & 3 
8.1 0.11 0.35 0.14 Gw4 
8.5 0.11 0.21 0.21 Gw5 
8.9 0.11 0.21 0.09 Gw6 
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2.  MATERIALS AND METHODS 

2.1 Study sites  

Natural sediments were obtained from a farmland (Oostrum) and forest 
(Ossendrecht) site in the Netherlands in 2007 (Figure. 1). At both sites, sediments are 
mainly fluvial sandy deposits of Pleistocene/Pliocene age with many unconnected 
pyrite-rich clay layers. The groundwater table is located at 3 to 5 m below the land 
surface.  

Farmland site Oostrum Various multi-screen wells were placed at this site for 
groundwater quality monitoring (Broers and Buijs, 1997; Zhang et al., 2009). Here, 
we focus on well 41 and a sediment drill core of 22 m length obtained at a distance of 
3 m west of well 41 with a cable tool bailer drilling rig and Ackermann coring device, 
allowing undisturbed cores to be obtained. The geochemistry of the groundwater and 
sediment for this well and drill core was described in detail by (ZHANG et al., 2012; 
ZHANG et al., 2009) (Table 1). The aquifer consists mainly of coarse fluvial sands but 
is heterogeneous due to the distribution of unconnected clay lenses. Groundwater 
nitrate and sulfate profiles (Zhang et al., 2009) and sulfur isotopes (Zhang et al., 2012) 
at this location provide evidence for pyrite oxidation with nitrate. Tritium-helium 
(3H/3He) isotope dating of the groundwater suggests that the groundwater between 27 
to 37 m (b.g.s) is influenced by lateral intrusion of younger water (Zhang et al., 2009). 
Consistent with geochemical analysis, 16S rRNA gene sequencing revealed the 
presence of bacteria capable of sulfide oxidation coupled to nitrate reduction (Zhang et 
al., 2012).  

Forest site A sediment core was drilled at Ossendrecht in 2007 using a hand-
operated cable tool bailer drilling rig in a forested area nearby farmland. Groundwater 
was sampled at 15 depths from a monitoring well at ca. 5 m distance from the drill 
location and was analysed for major anions and cations and pH using methods as 
described by Zhang et al. (2009).  

Sediments from both sites were directly stored under anoxic (Ar) and dark 
conditions at ~4°C after core collection. Total carbon and sulfur concentrations in the 
sediments were determined with a LECO SC144DR. Total Fe was determined through 
X-ray Fluorescence Spectroscopy (XRF). 
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Table 2. Details of incubation experiments and the associated nitrate removal and sulfate production rates 
for the farmland (Oostrum) and forest (Ossendrecht) sites. 

 

Bottle 
Name 

Depth 
bls 

 

Dura-
tion 

 

Added 
Pyrite 

 

Solution
/ solid 
ratio 

 

Initial 
pH 

Initial 
NO3 

conc. 
 

NO3 
remo-

val 
Rate 

 

SO4 

produ
ction 
Rate 

 

NO3

/SO4 

ratio 

Unit [m] [days] [g] [ml/g]  [mM] [µmol d-1 kg-1]  
     

Experiments with medium 

Farm -1 22.6 685 0 

0 

250/25 6.2 2 31.1 38.4 0.81 

Farm -2 22.6 649 250/25 6.3 2 31.6 41.4 0.76 

           

Forest -1 7.4 873 0 

0 

0 

250/25 3.4 2 38.1 38.6 0.99 

Forest -2 7.4 873 250/25 3.5 2 44.6 44.3 1.01 

Forest -3 7.4 873 250/25 3.4 2 47.0 46.7 1.01 

           

Farm pyr -1 22.6 615 0.1 250/25 6.2 2 176.0 117.9 1.49 

Farm pyr -2 22.6 615 0.1 250/25 6.3 2 54.6* 48.0 1.14 

Forest pyr -1 7.4 873 0.3 200/20 3.4 2 96.5 83.6 0.92 

Forest pyr -2 7.4 873 0.3 200/20 3.3 2 36.5 48.7 0.60 

Forest pyr -3 7.4 873 0.3 200/20 3.3 2 78.7 66.8 0.94 

           

Experiments with groundwater (Sediment from Forest site Ossendrecht) 

Gw-1 6.5 255 0 

0 

200/20 4.0 0 0 89.5 - 

Gw-1-NO3 6.5 157 200/20 3.8 2 33.5 96.2 0.35 

           

Gw-2 6.8 255 0 

0 

200/20 4.1 0 0 83.5 - 

Gw-2-NO3 6.8 157 200/20 4.0 2 18.3 104.2 0.18 

           

Gw-3 7.4 255 0 

0 

200/20 4.0 0 0 95.8 - 

Gw-3-NO3 7.4 157 200/20 4.1 2 29.8 100.4 0.30 

           

Gw-4 8.1 259 0 

0 

200/20 3.9 0 0 92.4 - 

Gw-4-NO3 8.1 157 200/20 3.9 2 4.7 100.4 0.05 

           

Gw-5 8.5 255 0 

0 

200/20 4.0 0 0 83.7 - 

Gw-5-NO3 8.5 157 200/20 4.1 2 6.1 98.4 0.06 

           

Gw-6 8.9 255 0 

0 

200/20 3.6 0 0 83.3 - 

Gw-6-NO3 8.9 157 200/20 3.7 2 33.8 116.8 0.29 
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2.2 Experimental setup and sampling methods 

Several series of parallel experiments in either duplicate or triplicate were 
performed for up to three years (Table 2). These experiments involved the incubation 
of sediment with either groundwater from the Ossendrecht site or an artifical medium 
aimed at optimizing nutrient conditions for microbial growth of the sediment 
community. In all experiments, a known amount of sediment (~20-25 gram) from 
pyrite-rich sediment intervals from one of the sites (Table 1) was incubated with either 
200 or 250 ml of chemical medium (Table 3)(LAVERMAN et al., 2006; TSCHECH and 
PFENNIG, 1984; VAN VERSEVELD and STOUTHAMER, 1992) or groundwater in 300 
mL glass bottles with a rubber septum. A known amount of powder (0.1-0.3 gram) 
from cubic pyrite crystals (R.G.Widdowson, U.K.) was added to a selected number of 
bottles to increase the reaction rates and compare rates to those of non-pyrite amended 
bottles. The cubic pyrite was crushed to a particle size less than 63µm (using a Herzog 
Milling Machine, Germany). This pyrite powder was then acid washed to remove 
other forms of sulfur at the surface and rinsed with demineralized water under anoxic 
conditions (Ar)(WOLTHERS, 2003). The pyrite was then dried and kept under anoxic 
conditions until use.   

Compounds Concentration[mM]    

KH2PO4 1.5 
KCl 4.0 

CaCl2·2 H2O 1.0 
MgCl2·6 H2O 2.5 

*TES_SL9 1.0 
                                           *TES_SL9: Trace element solution (see below) 
 

Composition of TES_ SL9 modified from Tschech and Pfennig (1984) 

Compounds  Per litre of DI H2O 
Nitrilo-tri acetic acid 12.8 g 
FeCl2.4H2O 1.5 g 
CoCl2·6 H2O 190 mg 
MnCl2·4 H2O 124mg 
ZnCl2 70 mg 
NiCl2·6 H2O 24 mg 
Na2MoO4·2 H2O 36 mg 
H3BO3 6 mg 
CuCl2·2H2O 2 mg 

 
Table 3. Medium used for sediment incubations (LAVERMAN et al., 2006; TSCHECH and PFENNIG, 1984; 
VAN VERSEVELD and STOUTHAMER, 1992). 
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All experiments were prepared and performed under anoxic conditions (Ar). All 
bottles, medium, stops and lids were autoclaved for sterilization before use. The 
bottles were sealed with rubber stops and aluminum crimp caps and then placed on a 
shaker table at 25 °C in the dark.  

At each sampling time, ~1.5 mL of solution was removed from each bottle with a 
sterilized disposable syringe and filtered over a 0.2 µm pore size filter. The pH was 
measured. Major anions (nitrate and sulfate) were measured by ion chromatography 
(IC).  

3.  RESULTS 

3.1 Groundwater and sediment geochemistry: field results 

Depth profiles of groundwater nitrate, sulfate and pH at the farmland (Oostrum) 
and forest (Ossendrecht) sites are very different (Figure 2). In well 41, at Oostrum, 
nitrate concentrations range up to ~4.5 mM and the decline in nitrate between 15 and 
23 m depth is accompanied by a rise in sulfate. In the zone where nitrate decreases, the 
pH in the groundwater rises. The groundwater at the Ossendrecht site, in contrast,  

Figure 2. NO3 and SO4 concentrations (in mM) and  pH in groundwater at the Farmland site (Oostrum; 
well 41) and Forest site (Ossendrecht). 
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is largely nitrate-free and sulfate concentrations and pH values in the groundwater are 
low throughout the sampled profile. In both aquifers, pyrite- and carbon-rich sediment 
layers are present (Table 1).  

3.2 Nitrate removal and sulfate production in long-term experiments 

Nitrate removal and sulfate production were observed upon long-term incubation 
of natural sediment from the farmland (Oostrum) and forest (Ossendrecht) sites with 
chemical medium (Figure 3). For the sediment from the farmland site, a decrease in 
the nitrate concentration of ~0.4 mM was associated with an increase in sulfate of ~0.5 
mM over a time period of ~600 days. At the forest site, the nitrate concentration 
decreased by ~0.7 mM and a similar change in sulfate concentration was observed 
over a period of 900 days. Results from replicates were similar. Average rates of 
nitrate removal for the farmland and forest site were 31.4 and 43.2 µM NO3 per day 
per kg dry sediment, while sulfate production rates were 39.9 and 43.2 µM SO4 per 
day per kg dry sediment, respectively (Table 2).  

Nitrate removal and sulfate production were also observed in incubations of 
farmland and forest sediment amended with pyrite (Table 2; Figure 4).  However, in 
contrast to the experiments with natural sediment alone, significant variability 
between replicates was found. This especially holds for treatments of farmland  

Figure 3. Change in nitrate and sulfate concentration with time in incubations with nature sediment from 
(a) the farmland site Oostrum (in two duplicate bottles; Farm - 1 & 2) and (b) the forest site Ossendrecht 
(in three replicate bottles Forest - 1, 2 & 3). The initial nitrate concentration in the medium was ~ 2 mM. 
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(Oostrum) sediment with pyrite (Farm pyr-1). Here, most of the original nitrate was 
removed (1.9 mM) in ~ 600 days. The decline in nitrate was accompanied by a sharp 
increase in sulfate (1.5mM) (Figure 4a). In a replicate (Farm-pyr-2), however, much 
slower nitrate removal was found in the first ~350 days, followed by a sharp decline at 
~600 days. The sulfate concentration increased almost linearly throughout the same 
experimental period (~600 days), reaching a maximum of 0.80 mM. In general, pyrite-
amendment experiments exhibited higher nitrate removal rates and a greater rise in 
sulfate with time than observed in the unamended incubations (Table 2).  

In a parallel experiment, sediment from 6 depths between 6.5 m to 8.9 m below the 
land surface at the forest site (Ossendrecht) (Table 2) was incubated with groundwater 
from the same site. These experiments began through the addition of original nitrate-
free groundwater from the same site. When sulfate concentrations were stable (similar 
values as in the field), nitrate was added to a concentration of ~2 mM in a subset of the 
bottles to compare with the remaining nitrate-free treatments. Nitrate reduction was 
observed in at rates from 4.7 to 33.8 µmol NO3 per day per kg dry sediment. Sulfate 
increased in both nitrate free and nitrate-amended bottles but increases were most 
rapid in experiments with nitrate-amendment when compared to nitrate-free bottles 
(Table 2). 

4. DISCUSSION 

4.1 Farmland versus forest site: contrasting groundwater 
       geochemistry 

Depth trends in nitrate, sulfate and pH at the farmland site (Oostrum) are consistent 
with pyrite-driven denitrification (Eq. 2): where nitrate concentrations decline, a rise 
in sulfate concentrations and pH is observed. The decline in pH below this zone could 
be related to lateral intrusion of groundwater with another chemical compisition linked 
to the presence of a fault in the area, possibly leading to the additional reaction of 
nitrate with Fe2+ (Eq. 3). The observation that pyrite oxidation with nitrate is occurring 
in this aquifer is in accordance with various previous studies for the Oostrum site 
(Broers and Buys, 1997; Zhang et al., 2009; 2012). The groundwater at the 
Ossendrecht site, in contrast, is devoid of nitrate and there is no evidence fro pyrite-
driven denitrificaction. Instead, sediment pyrite is likely being oxidized with oxygen, 
probably in the unsaturated or intermittent saturated zone at shallower depths in the 
profile.  
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Figure 4. Change in nitrate and sulfate concentration with time in incubations of pyrite-amended 
sediments from (a) the farmland site Oostrum (in two duplicate bottles Farm-pyr - 1 & 2) and (b) the 
forest site Ossendrecht (in three replicate bottles Forest-pyr - 1, 2 & 3). The initial nitrate concentration in 
the medium was ~2 mM. 

4.2 Evidence for pyrite oxidation with nitrate in experimental   
        incubations 

The continued removal of nitrate over a time period of up to 2-3 years observed in 
the incubations is in line with observations for the farmland site (Oostrum) where slow 
but continued loss of nitrate through pyrite oxidation is observed (e.g. Zhang et al., 
2012). Nitrate removal is strongly associated with sulfate production, i.e. higher 
nitrate removal leads to higher sulfate produce, and vice versa (Figure 3a and 4a). The 
highest nitrate removal rate (176 µmol NO3 per day per kg dry sediment) was 
observed in one of the pyrite amended bottles. For comparison, incubation under 
similar conditions, without pyrite-amendment resulted in an average nitrate removal 
rate of ~31 µM NO3 per day per kg (Table 2; Farm-1 and 2). The observed 
enhancement of the denitrification rate suggests that the reactivity and availability of 
pyrite plays a key role in determining the rate of nitrate removal through pyrite 
oxidation in aquifers (Jorgensen et al., 2009; Torrento et al., 2010).  Our rates of 
nitrate removal due to pyrite oxidation are higher than the values reported by 
Jorgensen et al. (2009)(13.6 µM NO3 per day per kg) for pyrite amended natural 
sediment but are lower than those observed by Torrento et al. (2010)(3.5 mM per day 
per kg) using only pyrite as the solid phase.  
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The variability between replicates was large and suggests that, besides the 
additions of pyrite, variability in the sediment composition between reactors plays a 
role in determining the final reaction rates. This finding is particularly relevant given 
that controlled additions of pyrite that have been suggested as a remediation option for 
nitrate contaminated aquifers (Torrento et al., 2010). Our results suggest that addition 
of pyrite may not always be equally successful in aquifers with a highly heterogeneous 
sediment matrix as observed in field sites.  

The decline in nitrate and production of sulfate observed in experiments with forest 
sediment (Ossendrecht) incubated with medium (Figure 3 and 4) and groundwater 
(Table 2) also point towards pyrite oxidation with nitrate.  This indicates that 
microorganism communities from the forest site (where there was no history of prior 
exposure of the sediment to nitrate) are present and are able to carry out this reaction 
with little lag period. Apparently, bacterial strains that are likely involved in 
denitrification with pyrite, such as e.g. Thiobacilli (e.g. Torrento et al., 2010; Zhang et 
al., 2012) are ubiquitous in these types of sediments and their initial activity plays no 
role in the initiation of nitrate removal through pyrite oxidation. In experiments where 
groundwater was used, nitrate removal rates were lower than in experiments with 
artificial medium (Table 2), possibly suggesting more optimal conditions for 
denitrification in the medium when compared to groundwater.  

4.3 Reaction stoichiometry 

In a previous field study for the farmland site (Oostrum), it was noted that less 
sulfate accumulated in the groundwater relative to the nitrate removed than would be 
expected according to equation 1. This was attributed to the possible production of 
intermediate sulfur compounds and/or heterotrophic denitrification (leading to nitrate 
removal but no increase in sulfate) (Zhang et al., 2009). Alternatively, the mismatch 
between the observed changes in groundwater nitrate and sulfate with depth may be 
due to a decline in input of nitrogen from agriculture with time. If so, the present-day 
input of nitrate at the surface will not directly correspond to the amount of sulfate 
produced at the zone of pyrite oxidation at depth in the aquifer (Zhang et al., 2012).  

Our experiments can provide insight into the possible stoichiometry of the reaction 
in the farmland sediments, and thus provide insight into the most likely explanation 
for the mismatch between sulfate and nitrate in groundwater at the forest site. If 
denitrification is coupled to pyrite oxidation (Eq.1), a removal of nitrate of 2 mM will 
lead to a sulfate increase of ~1.4 mM, which means the ratio of nitrate removal to 
sulfate increase is 0.7. The change in sulfate concentration as a function of the change  
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Figure 5. The relationship between nitrate removal and sulfate production in incubations using sediment 
from a) the farmland site (Oostrum) and b) forest site (Ossendrecht). The bottles of Farm-1&2 are two 
duplicate bottles with only sediment, while the duplicate bottles of Farm-pyr-1&2 are pyrite-amended. 
Similarly, replicate bottles Forest-1,2&3 only contain sediment, while replicate bottles of Forest-pyr-
1,2&3 are pyrite-amended.   

in nitrate for both sites is compared to the expected change according to equation 1 in 
Figure 5. The results show that the stoichiometry is largely consistent with Eq. 1. 
Thus, there is no need to invoke the accumulation of intermediate S phases. Instead, 
temporal changes in nitrate and sulfate concentrations likely explain field observations 
(Zhang et al., 2012). Note that there are several outliers in Figure 5; for example, the 
nitrate removal in bottle Farm-pyr-2 (Figure 5a), is not accompanied by a strong 
increase in sulfate. This indicates that even though denitrification with pyrite was a 
major process in these incubations, other processes such as heterotrophic 
denitrification and/or sulfate reduction may also have played a role. In the experiments 
for the forest site (Ossendrecht), the stoichiometry of the reaction was  also very 
similar to that expected based on equation 1, especially at the beginning of the 
experiments (Figure 5b). The “extra” sulfate upon additional nitrate removal (points 
above but close to the theory line) may be due to the effect of slow oxygen leakage 
into the bottles over time and/or chemical dissolution of sulfur minerals, which 
releases sulfate without removal nitrate) (Torrento et al., 2010). 
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5. CONCLUSIONS 

In this study we show evidence for denitrification coupled to pyrite oxidation in 
experimental incubations of aquifer sediment on a time scale of up to 3 years. We 
demonstrate that the process also occurs in natural pyrite-containing sediments that 
have not previously been exposed to high concentrations of nitrate. Microorganisms 
potentially capable of partaking in this process are likely to be widely distributed in 
natural environments and are thus not restricted to nitrate-rich aquifers alone. 
Observed rates of denitrification with pyrite are highly variable and appear to be 
regulated by the composition of the sediment matrix, which is highly heterogeneous at 
our field sites. Pyrite addition leads to an increase in denitrification rates, with values 
being in line with those observed in earlier studies (Jorgensen et al., 2009; Torrento et 
al., 2010).  The stoichiometry of nitrate removal and sulfate production in the 
experiments is in accordance with what is expected for denitrification coupled to 
pyrite oxidation.  
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ABSTRACT  

Leaching of nitrate from agricultural land to groundwater and the resulting nitrate 
pollution are a major environmental problem worldwide. Its impact is often mitigated 
in aquifers hosting sufficiently reactive reductants that can promote autotrophic 
denitrification. However, in the case of pyrite acting as reductant, denitrification is 
associated with the release of sulfate and often also the mobilization of trace metals 
(e.g., arsenic). In this study reactive transport modeling was used to reconstruct, 
quantify and analyze the dynamics of the dominant biogeochemical processes in a 
nitrate polluted pyrite-containing aquifer and how these evolved over the last 50 years 
in response to changing agricultural practices. Model simulations were constrained by 
measured concentration depth profiles. Measured 3H/3He profiles were used to support 
the calibration of flow and conservative transport processes, while the comparison of 
simulated and measured sulfur isotope signatures acted as additional calibration 
constraints for the reactive processes affecting sulfur cycling. The model illustrates 
that denitrification largely prevented an elevated discharge of nitrate to surface waters, 
while sulfate discharges were significantly increased, peaking around 25 years after 
agricultural practices were changed.       

1. INTRODUCTION  

Leaching of nitrate from agricultural land to groundwater and the resulting nitrate 
pollution are a major environmental problem worldwide 1-3. In aquifers where nitrate 
is removed through autotrophic denitrification coupled to pyrite oxidation, sulfate is 
released to the groundwater:  

5FeS2  + 14NO3
- + 4H +     - >  5Fe 2+ + 7N2 + 10SO4

 2- + 2H2O                                               (1)   

Various field studies have demonstrated that this microbially mediated 4 reaction 
plays an important role in removing nitrate from groundwater with pyrite acting as the 
dominant reductant 5-8 even where its potential reductive capacity 9, 10 was clearly 
exceeded by that of simultaneously present sediment-bound organic carbon 7, 11-14. 
Besides the competition with other reductants, important factors known to affect or 
control in-situ rates of denitrification by pyrite include the pH of the groundwater 15 
and the reactivity and distribution of the pyrite in the aquifer 16, 17. In conjunction with 
the release of sulfate, more hazardous contaminants, in particular trace metals (e.g., 
arsenic) may be mobilized during pyrite oxidation18, 19. As a consequence, 
groundwater quality within capture zones of drinking water supplies and other water 
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bodies may be seriously deteriorated over extended periods. While in many highly 
industrialized countries changes in agricultural practices have induced steadily 
declining nitrate loads to groundwater systems, a significant lag period typically exists 
until improvements are also seen in the surface waters that drain the polluted aquifers 
20. 

To reconstruct the historic evolution of the biogeochemical response to changes in 
agricultural practices measurements of the isotopic signatures of reactants and reaction 
products can provide crucial additional constraints for the identification and 
quantification of these processes and on how they affect sulfur dynamics. For 
example, microbially mediated sulfate reduction leads to a measureable enrichment of 
the heavy isotope in the remaining sulfate because the lighter isotope (32S) is 
consumed preferentially. In contrast, pyrite oxidation may show no or negligible 
sulfur isotope fractionation and can thus be used to elucidate sulfur sources through 
mass balance considerations 21. Beyond simple mass-balance calculations, observed 
isotope patterns may also be analyzed and illustrated through reactive transport 
models. The numerical modeling approach allows for an integrated quantification of 
both complex biogeochemical reactions mechanisms and of the associated isotope 
signatures in aquifers characterized by both hydrogeological and geochemical 
heterogeneities 22, 23. Previous modeling studies of denitrification coupled to pyrite 
oxidation 11, 17, 24 have mostly been used to illustrate the role of pyrite and its dominant 
role as electron donor under presumably steady state conditions. However, none of 
these studies have explored and quantified the longer-term spatial and temporal 
variations in turnover rates and isotopic signatures that result from changes in 
agricultural practices and corresponding nitrate loads to the groundwater.      

In this study we use a detailed data set from a shallow aquifer system in the 
Netherlands to constrain numerical simulations of groundwater flow, solute transport 
and biogeochemical dynamics associated with the transient, diffusive input of nitrate 
and its attenuation by pyrite oxidation. With the numerical model we test whether 
previously established conceptual models of the fate of nitrate, sulfate and arsenic 
hold in a fully quantitative context and use the model to identify the time-scales 
between changes in agricultural practices and the improvement of groundwater 
quality.  
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2. MATERIALS AND METHODS 

Study Site The investigated field site is located in Oostrum, Limburg in the south 
of the Netherlands (Figure SI1). Over the past decades the area was characterized by a 
high agricultural activity with resulting maximum nitrate concentrations in the 
recharge water of up to 4mM in 1985 14. The shallow groundwater levels (3-5m b.g.l.) 
allow for a rapid transfer of pollutants from the ground surface through the vadose 
zone to the groundwater. The investigated aquifer has an approximate thickness of 
50m whereby impermeable clay layers at its bottom clearly define the base of the 
aquifer. The main aquifer consists of coarse fluvial sands of Pliocene with 
unconnected clay lenses that are (i) mostly located between 10 and 20m b.g.l. and (ii) 
enriched in organic matter 25. This Pliocene aquifer is overlain by fluvial sands and 
gravels of Pleistocene age which were deposited by the Meuse River. Several faults 
cross the area which are revealed by horizontal jumps in hydraulic heads, one of them 
close to the research location 26. Distributed over the study site several multi-level 
sampling devices (MLS) (20cm length, 3cm width at 2m depth intervals, up to 40m 
depth b.g.l.) were installed in 1996 and to collect high-resolution geochemical data, 
including major ion and trace metals in 1996 and 2006. Sulfur isotope data of aqueous 
sulfate and solid phase sulfur were obtained in 2006 and 2007 25. At the same time 3H 
and 3He concentrations were measured to determine groundwater ages. Our previous 
field studies showed a well-defined depth-dependent redox pattern, with (i) an oxic 
zone underlying the shallow unsaturated zone (ii) a relatively thin denitrifying zone at 
~10m a.s.l. and a sulfate reducing zone in the lower part of this aquifer. Heavy metals 
(e.g., Ni, Zn, As) were detected in the drinking water wells in this area decades ago. 
Concentrations of Ni, As and SO4 at the production well field increased between 1989 
and 1996 and the well field was eventually closed. Earlier studies indicate that the 
presence of heavy metals is linked to the occurrence of pyrite oxidation by nitrate 14, 27. 
The full details of the sampling and analytical techniques are reported elsewhere 14, 25. 
In this paper, we will mostly concentrate on employing the data collected at well 40, 
which is located on the selected flowpath. 

Modeling Study A numerical reactive transport model was set up to integrate and 
interpret the comprehensive data set characterizing flow, transport, chemical reactions 
and isotope patterns at the study site and to identify the time-scale of the response to 
changes in agricultural practices. Our approach was to (i) initially use the existing 
piezometric head and groundwater age data to constrain and quantify groundwater 
flow and conservative transport, before (ii) simulate the temporally and spatially 
changing biogeochemical transformations and the associated isotope signatures over a 
100-year period. Groundwater ages in most parts of the model domain were 
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significantly younger, therefore the simulated spatial biogeochemical patterns are not 
strongly affected by an incomplete model spin-up. The key driver for the temporal 
changes in biogeochemical transformations in the groundwater system is therefore the 
variable groundwater recharge composition linked to changing agricultural practices 
and atmospheric deposition, particularly over the last 50 years. In contrast to the 
varying recharge composition, recharge fluxes and groundwater flow conditions were 
assumed constant over the entire simulation period. Although high-resolution data 
only exist for a small area, the model domain was chosen to represent the whole 
upstream section of our field location, i.e., the model extends from the upstream 
groundwater divide all the way to a major downstream discharge point, i.e., the Meuse 
River. This approach allows for an assessment of the evolution of groundwater age 
patterns upstream of and at within the study site and eliminates the need to define the 
transient and depth-varying water compositions at the model’s upstream boundary. 
Groundwater flow was simulated with the USGS MODFLOW model 28, while the 
subsequent reactive transport simulations were carried out with PHT3D 29.  

Model geometry and setup The model was constructed as a 2D vertical transect 
along a streamline passing through the local study site. The model domain has a lateral 
extension of 10,000 m and extends vertically between -20m a.s.l and 40m a.s.l. over a 
thickness of 60 m. The conceptual hydrogeological model was derived on the basis of 
earlier field investigations 14, 25. The hydrogeological key features affecting the 
groundwater flow within the model domain are (i) a layer of heterogeneously 
distributed clayey material (clay lenses) separating the sandy aquifer into an upper 
Pleistocene and a lower Pliocene section (ii) a vertical fault that is hypothesized to act 
as a flow barrier, leading to younger, more polluted groundwater reaching deeper 
aquifer sections and (iii) two surface water features that allow the groundwater to 
discharge. The exact distribution of the clay lenses is not well characterized. Therefore 
we investigated a range of possible distributions and options to represent the clay 
layers in the numerical model. The three main variants tested were (i) a clay layer of 
constant thickness with holes at regular intervals (ii) a continuous clay layer with an 
increased hydraulic conductivity relative to the first option and (iii) a random 
conductivity field with specified horizontal and vertical correlation length. The latter 
option provided the most plausible results and was therefore employed as a basis for 
the subsequent model development. Two drains to which groundwater can discharge 
are located at a distance of 3000 m and 5500 m from the upstream groundwater divide 
(Figure SI1), in accordance with a previously established and calibrated larger-scale 
(regional) groundwater flow model for this area 30.  
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Groundwater age The reconstructed transient water composition included the 
varying 3H (tritium) input (Figure SI2), and its distinct peak in the 1960’s 31. In the 
model simulations the advective-dispersive transport of 3H and its transformation to 
3He (helium) was considered, allowing field-measured depth-profiles to be used as 
constraints for the flow model calibration. A half life of 12.32 yrs was used to 
represent the decay of 3H. If degassing of 3He  occurred 19, this could have affected the 
3He concentrations. However, no correction for degassing has been applied in the 
present study. The groundwater age was also determined through a direct age 
simulation 32 to create a full spatial illustration of the groundwater age patterns that 
prevail within the model domain. 

Biogeochemical reaction network The reaction network was defined to consider 
all key water-sediment reactions affecting the redox and major ion chemistry over the 
simulation period. The reactions that were assumed to drive the most significant 
biogeochemical changes were the kinetically controlled reaction between the more 
oxidised recharge water and the aquifer’s major reductants pyrite, sedimentary organic 
matter (SOM) and siderite. Pyrite oxidation was assumed to follow a previously 
developed and described rate expression 7, 33, 34:  

    

where r is the reaction rate, C refers to the concentration of either O2, NO3
- or H+, 

(C/C0)pyr reflects the change in the surface area of pyrite due to their dissolution, Apyr/V 
represents a ratio of pyrite surface area to solution volume and f2 is a constant. The 
kinetically controlled oxidation of SOM using either oxygen, nitrate or sulfate as 
electron acceptor) 35 was assumed to follow: 

     

where kO2, kNO3 and kSO4 are reaction rate constants, while the dissolution of iron 
carbonates (FeCO3) was modeled as 35:  

  rsiderite = ksiderite (1 - SRsiderite )                                                                                  (4)                                                    
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where SRsiderite is the saturation ratio of siderite and ksiderite is a reaction rate constant. 
As in some previously described, comparable modeling studies 35, iron was decoupled 
from the global redox equilibrium and oxidation of dissolved ferrous to ferric iron was 
modeled as 34: 

+-+=- -
2

32
)(][ 2

FeNOO CCPOHk
dt

dFe
                                                                    (5)     

where k is the rate constant, [OH-] is the hydroxyl ion activity. PO2, CFe2+ and C NO3- 
represent oxygen partial pressure and the concentrations of Fe[II] and nitrate, 
respectively. Arsenic concentrations were assumed to be controlled by (i) co-release 
during pyrite oxidation and (ii) subsequent (partial) sorption to mineral surfaces 5, 6. 
For the arsenic release rate a stoichiometric ratio of 0.3% for As:Pyrite was 
implemented, which approximately corresponds to the average ratio found during 
sediment analysis for the Oostrum site 27. To illustrate the impact of this assumption 
and the sensitivity on the simulation results, model variants assuming the bounds of 
the measured ratios, i.e., 0.1% and 0.6% respectively, were also investigated. At the 
start of the simulations dissolved and adsorbed arsenic were not present in the aquifer, 
neither in the oxidized shallow nor in the more reducing, deeper parts. The conceptual 
model and its numerical implementation were successively adapted and improved 
during the model development and calibration procedure. All kinetic reactions were 
implemented into the PHREEQC-2 standard database utilized by PHT3D.  

Sulfur isotope signatures The evolution of the sulfur isotope signature was 
simulated by separately tracking the fate of the light (32S) and heavy (34S) sulfur 
isotopes 22, 36. This allowed the consideration of the different isotope ratios of the 
sulfate contained within the recharge water, estimated to be ~2.6‰ 25, and that of the 
sulfate released during pyrite oxidation (~-4.2‰). In addition, the kinetic isotope 
effect on sulfur isotope ratios was modeled by applying slightly differing reaction rate 
expressions to the lighter and heavier isotopes 37. Isotope fractionation for sulfate 
reduction coupled to the oxidation of SOM was included and an enrichment factor of 
13‰ was applied 22, 36, 38, 39. 

Modeled ambient hydrogeochemistry Initial mineral and SOM concentrations 
were adopted from Zhang et al. 14. The reductants pyrite, SOM and siderite were 
assumed to be abundant throughout the model domain below ~10m a.s.l., thus 
reflecting the measured total S and total C contents of the sediments within this depth 
range27. The initial concentrations of dissolved compounds employed for the model 
simulations were constructed by (i) setting the water composition in the oxidized part 
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of the aquifer (above the pyrite and SOM containing zone) similar to the recharge 
water composition that was employed for the simulation period between 1906 and 
1956 and (ii) by assuming a more reducing water composition for the deeper parts of 
the aquifer. The latter was generated on the basis of the recharge water composition, 
whereby oxygen and nitrate concentrations were decreased to zero before charge-
balancing and equilibrating the remaining solution with respect to the prevailing 
mineral composition. All initial concentrations and associated initial isotope signatures 
employed in the model are listed in Table SI1. The defined initial water composition 
was successively changing during the first years of the model simulations before an 
almost stable concentration pattern had evolved, i.e., the first 50 years of simulation 
time acted as model spin-up period.  

Groundwater recharge and recharge water compositions The estimated 
groundwater recharge rates varied spatially within the model domain, depending on 
predominant land use but were assumed to remain constant over time (Table SI2). The 
input of nitrate to the groundwater and other constituents of the recharge water 
composition (spatially constant) has varied significantly over the past decades in this 
region. Nitrate input peaked in ~1985 when a national manure law was introduced for 
groundwater and drinking water quality protection 14. The modeled temporal changes 
in the input of major compounds NO3, SO4, K, Mg, Ca and Na over the last 50 years 
were initially adopted from detailed investigations for a nearby area which was subject 
to similar agricultural activities and changes thereof (Table SI1)40. For the period from 
1906 to 1956, i.e., for the model spin-up period, the recharge water composition was 
assumed to be similar to that reconstructed for 1956, with a low nitrate concentration 
of 0.88mM. In order to better represent the local conditions for the Oostrum site, the 
nitrate input function between 1956 and 2006 (Figure SI2) was scaled such that the 
maximum nitrate concentration in the groundwater recharge was 4×10-3 mol/L, which 
is within the typical range observed for similar types of land use in the south part of 
the Netherlands. 

3. RESULTS AND DISCUSSIONS 

Simulated groundwater flow and age patterns Using head measurements and 
measured 3H/3He concentration profiles as joint constraints, the model calibration 
resulted in plausible groundwater flow patterns with mostly small deviations between 
simulations and measurements. The model calibration indicated that the simulated age 
patterns were strongly affected by the two surface water features (drains), which is in 
agreement with previous studies in lowland areas 41, 42. The observed vertical head  
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Figure 1. Simulated 3H, 3HeTrit and (direct) age depth profiles for the years 1986 (dotted), 1996 (dashed) 
and 2006 (solid lines) in comparison with the measured data for well 40 from 2006. 

 
gradient could only be reproduced when vertical conductivities of the clayey aquifer 
horizon were assumed sufficiently low, confirming the results of earlier studies 30, 41. 
Figure 1 shows the modeled 3He and 3H depth profiles for well 40 (MLS 40) for the 
years 1986, 1996 and 2006 in comparison with the measured data from 2006, 
demonstrating a good agreement between simulated and observed 3He/3H 
concentrations at this location and thus the groundwater age. Figure 2 shows the 
corresponding age contours for the end of the simulation period (2006), as derived 
from a direct groundwater age simulation and Figure 3 shows the simulated depth 
profiles for monitoring well 40. While generally simulated groundwater ages increase 
with depth, this pattern is interrupted near the drainage points, where water movement 
slows down in the deeper parts of the aquifer and groundwater from the shallow 
aquifer discharges (Figure 2). The measured 3He/3H concentrations were used to 
constrain the transverse vertical dispersivity (best fit for aT = 5mm), which controls 
vertical mixing by hydrodynamic dispersion. The longitudinal dispersivity employed 
for the simulations was 5m. However, results are relatively insensitive to the exact 
value.  

Nonreactive simulations Multi-species non-reactive transport simulations were 
carried out to illustrate the concentration patterns developing from purely physical 
transport in the absence of reactive processes. Under these conditions the simulated 
temporal and spatial variations of, for example, nitrate and sulfate concentrations  
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Figure 2. Results of the direct age simulation in the model domain and computed steady state 
streamlines, whereby “age” refers to age since the start of the model simulation in 1906. The location of 
MLS 40 and two drains are indicated by the yellow bars.  

mainly reflect the trend of historical variations in the groundwater recharge 
composition. For nitrate this leads to a peak in the concentration profile at ~5-10m 
a.s.l., where it reached ~3mM (Figure 3). This maximum corresponds to the estimated 
historical peak of the agricultural activity at the Oostrum site, showing the potential 
vertical travel distance of nitrate in the absence of reactions and the concentration 
decrease that resulted from mixing/dispersion alone. The lower nitrate concentrations 
in the younger water above this peak resulted from the introduction of a national 
manure law that limited the application of nitrate 40. However, nitrate inputs in 2006 
were still significantly higher than those under pristine conditions, i.e., prior to the 
start of intensive agricultural activities. In this conservative transport scenario the 
simulated sulfate concentrations do barely show a pronounced concentration peak 
(Cmax= ~0.7mmol/L), i.e., the input peak of ~1.8mmol/L was mostly attenuated within 
the aquifer. 

Sulfur dynamics Compared to the conservative transport scenario the reactive 
transport simulations clearly illustrate the effect of pyrite oxidation on oxygen and 
nitrate concentrations, which decrease sharply at a depth of ~10m a.s.l., while sulfate 
and dissolved ferrous iron concentrations increase correspondingly (Figure 3). At 
greater depth sulfate concentrations decrease again, partially due to the lower historic 
sulfate input in the recharge water associated with a decrease in atmospheric 
deposition after 1965, but more importantly (i) due to the lower historic nitrate input 
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and the accordingly lower sulfate production and (ii) due to sulfate reduction by 
sedimentary organic carbon in the deeper parts of the aquifer. Figure 3 shows the 
simulated sulfate depth profiles at the MLS in comparison with the concentrations 
measured in 2006 and in comparison with simulated profiles for (i) the case in which 
SOM degradation is switched off and (ii) the nonreactive case (i.e., all reactive 
processes switched off). The comparison shows that simulated sulfate concentrations 
overestimate somewhat those measured concentrations that correspond to the period in 
which nitrate input had peaked. The discrepancy could either stem from a slightly 
overestimated nitrate input or to some extent also from the incomplete transformation 
of sulfides to solid phase elemental sulfur rather than dissolved sulfate, a reaction 
pathway that was suggested by Zhang et al. 14 but not further explored in the present 
model. An increase in the modeled sulfate reduction rates could have also reduced the 
simulated sulfate concentrations. However, in the model scenarios that assumed higher 
sulfate reduction rates the associated additional mineralisation of organic carbon (i.e., 
SOM) resulted in a clear overestimation of both alkalinity and pH, compared to the 
measured values (simulation results not shown). 

Figure 3. Depth profiles of selected simulated concentrations (in mol/L) at MLS 40 and isotope ratios (in 
per mil) are compared to observed values. Results of reactive simulations are shown by solid gray lines 
and the corresponding nonreactive results by dashed gray lines. Dotted red lines represent the results of a 
comparative simulation in which SOM mineralization under sulfate reducing condition was not 
considered. For As the dotted gray line indicates the simulation variant where As was released during 
pyrite oxidation (As:Pyrite ratio also 0.3%) but attenuation by surface complexation reactions was 
excluded. The dashed and dotted blue lines show results for the cases were the simulated As:Pyrite ratio 
was set to the lower (0.1%) and upper (0.6%) end of the measured range, respectively. 
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Figure 4. Simulated evolution of nitrate and sulfate concentrations as well as the sulfur isotope signature 
after 50, 75, 90 and 100 years simulation time. 

Figure 4 illustrates the historical dynamic changes of the sulfate plumes that were 
mostly created by pyrite oxidation. It can be seen that in 1956 (i.e., after 50 years 
simulation time) sulfate concentrations were not significantly raised as a result of 
pyrite oxidation within the clayey aquifer horizon. Even in 1981, around the time 
when nitrate input peaked, sulfate concentrations were only modestly raised. Instead 
the highest impact is seen in the sulfate concentration contours for 2006 despite the 
decrease in the nitrate input that had taken place. The main reason for this behaviour is 
the lag period between the maximum nitrate input reaching the groundwater table and 
its arrival at the deeper, pyrite-containing zones, where it creates the sulfate release.  

Simulated sulfur isotope signature As illustrated in Figure 4, the simulated sulfur 
isotope signature varied strongly in space, but also, though much less pronounced, 
with time. While in the shallow aquifer parts the simulated sulfur isotope ratio 
remained at ~3‰, corresponding to the ratio that persisted in the sulfate supplied by 
groundwater recharge (~2.6‰), mixing with the sulfate released during pyrite 
oxidation resulted in a decrease of d34S to ~ -4‰ by 2006. This value is close to the 
mean value of d34S (-4.2‰) assumed for the solid phase, i.e., the pyrite prevailing in 
the clay layer through which the groundwater penetrates. Below the clay layer, where 
oxygen and nitrate were generally fully depleted, sulfate reduction coupled to the 
oxidation of SOM resulted in a successive increase of the d34S with depth, due to the 
enrichment caused by isotope fractionation (see Figure 3). For the literature-based 
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enrichment factor of 13‰ the simulated enrichment can reproduce the observed trend. 
A comparative model run in which SOM mineralisation and thus sulfate reduction was 
inactive shows the depth profile in which the simulated isotope ratios remained 
constant below the clay layer (Figure 3). An increase in sulfate reduction rates, which 
would have minimized the discrepancy between simulated and observed sulfate 
concentrations, would not have only resulted in an overestimation of alkalinity and pH 
(as discussed above), but also an overestimation of the 34S enrichment. Figure 4 
illustrates how the increase of sulfate released by pyrite oxidation resulted in a slight 
decrease of d34S within and below the pyrite oxidation front between 1956 and 2006. 
These patterns are interrupted at locations where upward flow towards drainage points 
occurs.  

Arsenic mobilization and attenuation The simulation of arsenic release that was 
stoichiometrically coupled to pyrite oxidation creates dissolved arsenic plumes in the 
deeper parts of the aquifer in response to the nitrate loading from the agricultural 
activities. However, as can be seen in Figure 3, the simulated concentration depth 
profiles at well 40 for the simulation that excluded other reactive processes apart from 
As release exceeded the measured concentration substantially. The two most plausible 
explanations for this discrepancy are (i) that the As:Pyrite ratio differs considerably 
from the values  measured in the sediments or (ii) that, while release occurred at the 
measured As:Pyrite ratio, concentrations of dissolved arsenic were significantly 
attenuated by sorption. Investigation of the former option under the assumption that no 
sorption of As occurred shows that the measured depth profiles for dissolved arsenic 
can be replicated reasonably well by the model for an As:Pyrite ratio of 0.02%, i.e., 
approximately one order of magnitude below the measured ratio. The latter option was 
initially investigated under the assumption that once the arsenic was released into the 
solution it remained there (unoxidised) as arsenite. For this scenario the impact of the 
presence of complexation of arsenite and other species to surface sites was 
investigated. Thereby it was assumed that surface complexation would preferentially 
occur to more stable forms of Fe(III) oxides that could persist within the reducing 
environment below the clay layer, with this assumption being based on the actual 
detection of elevated Fe(III) concentrations in the deeper sediments 25. However, the 
shape of the measured As concentration profile could not be replicated for a wide 
range of investigated scenarios as dissolved arsenite concentrations were always 
overestimated in the deeper part of the aquifer. This was the case even when high 
sorption site densities were assumed and independent of the employed binding 
constants, i.e., whether they followed those reported by Dzombak and Morel 43, Dixit 
and Hering 44 or Jang and Dempsey 45. In contrast, the measured concentration profile 
for dissolved arsenic could be much better replicated by the model when equilibrium- 
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Figure 5. Simulated, spatially integrated recharge, discharge and transformation rates of sulfate and 
nitrate between 1940 and 2040. 

controlled oxidation of the released As(III) to As(V) was allowed to occur. In this 
model scenario the speciation was controlled by redox zonation created by 
denitrification coupled to pyrite and SOM oxidation, i.e., As(V) dominates at locations 
where nitrate was still present while As(III) dominates where nitrate became fully 
depleted. The transition to nitrate depleted conditions occurs within the clay layer, 
where a large fraction of the arsenate is scavenged by sorption. In the zone below the 
clay layer nitrate is at most locations fully depleted and, associated with the more 
reducing conditions, arsenic prevails mostly as arsenite. The simulated depth profiles 
for this case are shown in Figure 3 in comparison with measured data. The plot also 
shows the simulation results for the cases in which the As release was to the lower 
(0.1%) and upper boundaries (0.6%) of the measured stoichiometric ratios for 
As:Pyrite.      

Linkages between recharge, discharge and reactive transformation rates. The 
calibrated model was used to analyze the temporal evolution of mass budgets and 
mass transfer rates and how they responded to the dynamic changes in the 
groundwater recharge quality. Figure 5 illustrates the major sources and sinks that 
affect the nitrate and sulfate mass within the aquifer. The dotted lines indicate the 
sulfate and nitrate input into the aquifer via groundwater recharge, with their input 
maxima in 1965 and 1985, coincide with peaks in atmospheric sulfur deposition and 
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with peaking agricultural inputs, respectively. The corresponding simulated discharge 
to drains and across the model’s downstream boundary is shown by the solid lines. 
Interestingly the peak in nitrate discharge occurred already approximately in 1990, 
i.e., a relatively short time after the input maximum. The reason for this short lag-time 
is that only the small fraction of the recharged nitrate which is transported along 
shallow flow paths reaches the drains. In other words, only nitrate that was recharged 
within close proximity to the drains was captured by the drains while denitrification 
completely removed nitrate during its passage across the reactive zone provided by the 
clayey horizon. Figure 2 illustrates this point, showing that most of the simulated 
pathlines are crossing the clay horizon. This occurs because hydraulic conductivities 
in the deeper aquifer parts are higher than in the shallower parts. Nitrate from the 
shallow, more oxidized zone is discharged relatively shortly after infiltration, which is 
in accordance with the results of Velde et al. 46 who reported a fast nitrate discharge 
response in lowland areas with an intensive drainage system.  In contrast to nitrate, a 
much larger lag-time exists for the discharge peak of sulfate. The sulfate discharge 
peak in 2000 occurs ~15 years after nitrate concentrations peaked in the groundwater 
recharge. The peak can be mainly linked to the sulfate production by pyrite oxidation. 
However, the simulated peak value of the sulfate discharge rate is clearly lower than 
the sulfate generation rate associated with pyrite oxidation. The reasons for this are (i) 
that a large fraction of the generated sulfate is still stored in the aquifer (also 
illustrated in the sulfate subplot for 2006 in Figure 3) and (ii) sulfate reduction that 
occurred at a relatively constant rate. The model simulations suggest that, while at this 
particular site nitrate and sulfate discharge rates will successively further decline over 
the next 30 years, the largest portion of the response to the changes in agricultural 
practices has already occurred by now.  
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Supporting Information  

Table SI1. Initial (ambient) geochemical conditions and concentration range within the temporally 
varying recharge water composition.  

(Aqueous) component, 
Mineral 

Oxidized zone  
Concentration               

[mol L-1]b 

Below Oxidized Zone 
Concentration               

[mol L-1]b 

Recharge 
Concentration                

[mol L-1]b 
3H 6.0 × 10-6 6.0 × 10-6 6.0 × 10-6 

3HeTrit 0 0 0 

O(0)a 2.240 × 10-4                           0                            0 

N(5) 8.836 × 10-4                           0                           6.70 × 10-4 - 4.00 × 10-3                           

N(3) 0 0 0 

N(0) 0 0 0 

Ca 1.092 × 10-3                           1.092 × 10-3                                                      9.33 × 10-4 - 1.18 × 10-3                           

Mg 1.198 × 10-4                           1.198 × 10-4                           1.18 × 10-4 - 7.68 × 10-4                          

Na 5.610 × 10-4                           5.610 × 10-4                           5.26 × 10-4 - 9.68 × 10-4                           

K 2.581 × 10-4                           2.581 × 10-4                           2.50 × 10-4 - 3.70 × 10-3                           

Fe(2)a 0 0 0 

Fe(3)a 0 0 0 

Cl 1.100 × 10-3                           1.100 × 10-3                           x 

C(4)a 2.391 × 10-5 2.391 × 10-5 6.56× 10-5  

C(-4) 0 0 0 

P 0 0 4.23× 10-5 - 1.00 × 10-4                           

As(3) 0 0 0 

As(5) 0 0 0 

pH 4.3 4.3 4.3 

pe 13 5 x 

Sulfate (light) 5.299 × 10-4 5.299 × 10-4 1.86× 10-4 - 8.51 × 10-4                           

Sulfate (heavy) 2.391 × 10-5 2.391 × 10-5 8.42× 10-6 - 3.84 × 10-5                           

d34S (Sulfate) 2.6‰ 2.6‰  2.6‰ 

Sulfide (light)  0 0 0 

Sulfide (heavy)  0 0 0 

SOM 0 0.05 n.a. 

Pyrite (light) 0 9.571 × 10-2                          n.a. 

Pyrite (heavy) 0 4.286 × 10-3                          n.a. 

d34S (Pyrite) n.a. -4.2‰ n.a. 

As-pyrite 0 9.571 × 10-4                          n.a. 

Siderite 0 0.1 n.a. 

Fe(OH)3 1.7 × 10-2 0 n.a. 

Surface sites:    

z = >11m a.s.l. 5.0 × 10-3  n.a. 

z = 7m a.s.l - 11m a.s.l.  5.0 × 10-2 n.a. 

z = 0m a.s.l - 7m a.s.l.  5.0 × 10-3 n.a. 

z = -13m a.s.l - 0m a.s.l.  5.0 × 10-4 n.a. 

z = -20m a.s.l - 13m a.s.l.  5.0 × 10-5 n.a. 

Cation Exchange Capacity 0.001 0.001 n.a. 
a Values in brackets indicate valence. bExcept for 3H and 3He. 
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Table SI2. Definition of the model setup / geometry and selected key model input paramaters of the 
numerial flow and transport model.  

 

Parameter  Value Unit 
Flow simulation type  Steady state  

Total simulation time (Base model)  100 yrs 

Number of time steps per year  10 - 
Model extent longitudinal direction  10000 m 

Model thickness  60 m 

Grid spacing ∆x  100 m 

Grid spacing ∆z  1 m 

Porosity  0.3  

Prescribed head at the downstream boundary 
(Meuse River) 

 11.5 m 

Longitudinal dispersivity  5 m 

Vertical transverse dispersivity  0.005 m 

Helium Diffusion coefficient  1.2 × 10-4 m2 /d 

Tritium Diffusion coefficient  6.5× 10-4 m2 /d 

First-order decay rate constant (3H → 3He)  1.782 × 10-9 1/sec 

Hydraulic conductivity Upper Pleistocene 
  

z = >21m a.s.l. 30 m/d 

z = 11m-21m a.s.l. 50 m/d 

z < 7m a.s.l. 50 m/d 

Average  hydraulic conductivity of the                                
non-continuous Clay Layer 

 0.1 m/d 

Standard deviation (log10) of hydraulic 
conductivity in the                             

 non-continuous Clay Layer 

 0.5  

Groundwater recharge rate x = 0 – 5000m 0.0002 m/d 

x = 5000m-
10000m 

0.00082 m/d 

Temperature   11 °C 
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Table SI3. Reaction rate parameter values used in the calibrated model.  

Parameter Eqn. Value Source for value 

kpyr=Apyr/(V´Cpyr) ‡ (2) 8 dm-1 mol-1 l model calibration 

f2 (2) 1 (7) 

kO2 (3) 7.5  ́10-12 mol l-1 s-1 (6),(7) for initial estimate, model calibration 

kNO3 (3) 3.25  ́10-12 mol l-1 s-1 (6),(7) for initial estimate, model calibration 

kSO42- (3) 1.5  ́10-12 mol l-1 s-1 (6),(7) for initial estimate, model calibration 

ksiderite (4) 5.0  ́10-14 mol l-1 s-1 model calibration 

kfe (5) 2.0  ́10-14 mol l-1 s-1 (6) for initial estimate, model calibration 

‡Apyr/V was computed in the numerical model from Cpyr  ́kpyr, where Cpyr is the concentration of pyrite 

 

 
 
Figure SI1. Well locations at Oostrum. Wells 40, 41 and 42 are located under farmland, whereas well 38 
is located in a forested area. The arrow indicates the general groundwater flow direction 14 . 
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Figure SI2. Temporal variations of the modelled nitrate (red), sulfate (blue) and tritium (gray) 
concentrations in the recharged groundwater. 
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Summary 

Groundwater is an essential resource for humans; it is widely used as drinking 
water and for agricultural purposes. Groundwater is a very vulnerable resource and its 
quality can be threatened by leaching of contaminants from surface soils. Examples of 
relevant sources include landfills, septic systems, oil pipelines and fertilized 
agricultural land. Given the importance of safe drinking water for society, the 
protection and monitoring of groundwater quality is of interest to both water managers 
and scientists. 

Nitrate is a common pollutant of groundwater in agricultural areas worldwide. 
Natural attenuation of nitrate in groundwater systems mainly occurs through 
denitrification, a process in which the nitrogen is lost to the atmosphere as nitrogen 
gas (N2). In aquifers, the electron donor required for this microbially-mediated 
reaction is supplied by dissolved or solid organic matter or inorganic compounds such 
as the iron-sulfide mineral pyrite (FeS2). While the reaction with organic matter is 
thermodynamically favored, there is increasing evidence for an important role of 
pyrite oxidation coupled to denitrification at various field sites.   

The aim of this thesis is to increase the understanding of the biogeochemical 
dynamics of nitrogen and sulfur in groundwater with specific attention to the role of 
pyrite oxidation in removal of nitrate. The research focuses on a field site at Oostrum, 
the Netherlands where high concentrations of the heavy metals nickel (Ni) and arsenic 
(As) were discovered in drinking water wells in the 1990s. Results of field studies at 
the site in 1996 demonstrated the presence of pyrite in the aquifer and first suggested 
that pyrite oxidation was responsible for the observed nitrate removal and release of 
heavy metals in the groundwater system. In this thesis, these initial data for 1996 are 
combined with new results from field studies carried out in 2006 and 2007. In 
addition, results of long-term laboratory incubations of aquifer sediment with nitrate-
containing solutions and of reactive transport modeling of the biogeochemical 
dynamics of nitrogen and sulfur in the aquifer are presented. Central to the work of 
this thesis is the assessment of the temporal changes in the biogeochemistry of 
nitrogen and sulfur in the aquifer on a time scale of decades and their link to changes 
in land use and associated input of nitrate and sulfate to the groundwater.   

Chapter 2 presents the results of geochemical analyses of the sediment and 
groundwater, including groundwater age dating, for sites located underneath cultivated 
fields and for an adjacent forested area at Oostrum. Removal of nitrate below 
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cultivated fields correlates with the release of sulfate, dissolved iron and pyrite-
associated trace metals such as arsenic (As), nickel (Ni), cobalt (Co) and zinc (Zn). 
Combined with the presence of pyrite in the sediment matrix within the zone of nitrate 
loss, this indicates that denitrification coupled to pyrite oxidation is a major process in 
the aquifer. Systematic differences between time series of historical inputs of nitrate 
and sulfate for the period 1950 to 2000 and measured groundwater concentrations 
confirm that the removal of nitrate goes hand in hand with production of sulfate in this 
aquifer.   

In Chapter 3, the biogeochemical processes occurring along the redox gradient in 
the aquifer at Oostrum are further characterized using isotopic analyses of the 
groundwater and sediment and microbial analysis of the sediment. The results of the 
multi-isotope analyses (d15N-NO3

-, d18O-NO3
-, d34S-SO4

2-, d18O-SO4
2-, d34S-pyrite) 

confirm that pyrite is the main electron donor for denitrification at this location and 
that this process can explain 70% of the sulfate present in the zone of denitrification. 
Detailed solid phase analyses (including XRF, sulfur XANES and iron XAS) confirm 
the presence of pyrite- and organic matter-rich clay lenses in the subsurface at 
Oostrum. Consistent with the geochemical analyses, 16S rRNA sequencing revealed 
the presence of bacteria capable of sulfide oxidation coupled to nitrate reduction.  

Chapter 4 presents results of long-term laboratory incubations of pyrite-bearing 
sediments from the Oostrum site and from a second location in the Netherlands 
located at a forested site at Ossendrecht. While Oostrum is subject to high agricultural 
inputs of nitrate (with concentrations ranging to approximately 8 mM), the 
groundwater at the Ossendrecht site is nitrate-free. Results of the experiments show 
continued nitrate removal and sulfate production in the sediments from both locations 
over a period of 2 to 3 years. This confirms that autotrophic denitrification with pyrite 
has the potential to efficiently remove nitrate from groundwater also in aquifers with 
no prior contamination with nitrate. Pyrite amendment increased the rate of removal of 
nitrate in all incubations.  

In Chapter 5, a reactive transport model is used to integrate and analyze the 
biogeochemical and isotopic dynamics in the nitrate-polluted aquifer at Oostrum over 
the last 50 years. Groundwater flow was simulated with the USGS MODFLOW 
model, while the subsequent reactive transport simulations were carried out with 
PHT3D. The model domain ranges from the upstream groundwater divide to the major 
downstream discharge point, the river Meuse (with a lateral extension of 10,000 meter 
long and thickness of 60 m). Model simulations were constrained by measured 
concentration depth profiles and age dating results as presented in Chapters 2 and 3. 
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Model results illustrate that denitrification largely prevented the discharge of nitrate to 
surface waters, while the discharge of sulfate increased, peaking around 25 years after 
agricultural practices were changed. At this site, the discharge of both nitrate and 
sulfate are expected to decline further over the next decades.  
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Samenvatting 

Grondwater is een belangrijke grondstof. Het wordt met name gebruikt als 
drinkwater voor mens en dier, als irrigatiewater en voor industriële toepassingen. 
Grondwater is kwetsbaar voor verontreinigingen en de kwaliteit kan bedreigd worden 
door stoffen die uit de bodem naar het grondwater sijpelen. Voorbeelden van relevante 
bronnen zijn afvalstortplaatsen, septische putten, olieleidingen en bemest akkerland.  
Veilig drinkwater is vanuit maatschappelijk oogpunt van groot belang. Vandaar dat de 
bescherming van grondwater, de monitoring van de samenstelling en het onderzoek 
naar de processen die de samenstelling van het grondwater bepalen van belang zijn 
voor zowel waterbeheerders als wetenschappers.  

Nitraat is wereldwijd een veelvoorkomende verontreiniging in grondwater in 
agrarische gebieden. Nitraat kan via natuurlijke processen uit het grondwater 
verdwijnen via denitrificatie. Dit is een proces waarbij nitraat omgezet wordt naar 
stikstofgas (N2). De voor dit microbiële proces benodigde electon donor bestaat in 
aquifers meestal uit opgelost of vast organisch materiaal of uit ijzer-sulfide mineralen 
zoals pyriet (FeS2). De reactie met organisch materiaal is thermodynamisch het meest 
gunstig, maar er zijn steeds meer aanwijzingen dat pyriet-oxidatie gekoppeld aan 
denitrificatie op veel veldlocaties ook belangrijk is.   

Het onderzoek dat beschreven wordt in dit proefschrift is gericht op het verkrijgen 
van meer inzicht in de biogeochemische dynamiek van stikstof en zwavel in 
grondwater met bijzondere aandacht voor de rol van de oxidatie van pyriet gekoppeld 
aan de verwijdering van nitraat. Het onderzoek richt zich met name op een veldlocatie 
in Oostrum in Limburg, waar in de jaren 90 van de vorige eeuw hoge concentrations 
nikkel en arseen in drinkwaterputten ontdekt werden. Resultaten van veldstudies op 
deze locatie in 1996 lieten zien dat pyriet in de aquifer aanwezig was. Ook waren er 
toen sterke aanwijzingen dat pyriet oxidatie verantwoordelijk was voor de 
nitraatverwijdering en productie van spoormetalen in het grondwatersysteem. In dit 
proefschrift worden deze gegevens uit 1996 gecombineerd met nieuwe resultaten van 
veldstudies uit 2006 en 2007. Ook worden resultaten van lange termijn incubaties van 
sediment met nitraat-houdende oplossingen in het laboratorium en van 
modelsimulaties gepresenteerd. Een centraal thema in dit proefschrift is het verkrijgen 
van een beter begrip van de dynamiek van stikstof en zwavel in de aquifer op een 
tijdschaal van verschillende decennia en de rol van veranderend landgebruik daarin 
(met name veranderingen in meststofgebruik).  
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In hoofdstuk 2 worden de resultaten van de geochemische analyses van het 
sediment en het grondwater gepresenteerd (inclusief de bepaling van de leeftijd van 
het grondwater) voor locaties onder akkerland en bos bij Oostrum. De verwijdering 
van nitraat onder akkerland correleert met het vrijkomen van sulfaat, opgelost ijzer en 
spoormetalen. Hierbij gaat het met name om arseen, nikkel, kobalt en zink die 
oorspronkelijk geassocieerd waren met het pyriet dat aanwezig is in de sediment 
matrix in de zone van nitraatverwijdering. De resultaten geven aan dat denitrificatie 
gekoppeld aan pyriet-oxidatie in deze aquifer belangrijk is. Systematische verschillen 
tussen de historische aanvoer van nitraat en sulfaat voor de periode 1950 tot 2000 en 
gemeten grondwaterconcentraties bevestigen dat, in deze aquifer, de verwijdering van 
nitraat hand in hand gaat met de productie van sulfaat. 

In hoofdstuk 3 worden de biogeochemische processen die langs de redox gradient 
in de aquifer optreden verder gekarakteriseerd met behulp van isotopen analyses van 
het grondwater en sediment en microbiële analyses van het sediment. De resultaten 
van analyses van meerdere isotopen (d15N-NO3

-, d18O-NO3
-, d34S-SO4

2-, d18O-SO4
2-, 

d34S-pyrite) bevestigen dat pyriet de belangrijkste electron donor voor denitrificatie op 
deze locatie. Dit proces verklaart de aanwezigheid van ongeveer 70% van de sulfaat in 
de zone van denitrificatie. Gedetailleerde analyses van het sediment (o.a. met behulp 
van XRF, zwavel XANES en ijzer XAS) bevestigen de aanwezigheid van pyriet- en 
organische stof-rijke kleilenzen in de ondergrond bij Oostrum. Resultaten van16S 
rRNA sequencing bevestigen de geochemische analyses en wijzen op de aanwezigheid 
van bacteriën die sulfide oxidatie kunnen koppelen aan nitraat-reductie.  

In hoofdstuk 4 worden resultaten van lange termijn laboratorium incubaties van 
pyriet-houdend sediment van Oostrum en van een tweede locatie, Ossendrecht, met 
verschillende oplossingen gepresenteerd. Terwijl Oostrum in een agrarisch gebied ligt 
met nitraatrijk grondwater (tot ca. 8 mM), ligt de Ossendrecht locatie in een bos waar 
het grondwater nitraat-vrij is. Gedurende incubaties over een periode van 2 tot 3 jaar 
werd nitraat verwijderd en sulfaat geproduceerd bij incubatie van sedimenten van 
beide locaties met nitraat-rijk water. Dit wijst op autotrofe denitrificatie waarbij pyriet 
het nitraat efficient verwijderen kan, ook in aquifers waar geen eerdere blootstelling 
aan nitraat heeft plaatsgevonden. De toevoeging van pyriet versnelde de verwijdering 
van nitraat in alle incubaties. 

In hoofdstuk 5 worden resultaten van een reactief transport model gepresenteerd. 
Dit model is gebruikt om de biogeochemische en isotopen gegevens voor de aquifer 
van Oostrum over de afgelopen 50 jaar te integreren en analyseren. De 
grondwaterstroming is met het USGS MODFLOW model gesimuleerd. De reactief 
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transport modellering is uitgevoerd met PHT3D. Het model domein strekt zich uit 
over een lengte van 10 km, van het bovenstroomsgebied tot aan de Maas, en heeft een 
dikte van 60 m. De gegevens uit de hoofdstukken 2 en 3 zijn gebruikt bij de 
definiëring van de modelsimulaties. De resultaten illustreren dat denitrificatie de 
uitstroom van nitraat naar oppervlakte wateren sterk heeft beperkt. De uitstroom van 
sulfaat, daarentegen, is toegenomen en vertoonde 25 jaar na de veranderingen in 
agrarische activiteiten een maximum. Het is te verwachten dat op deze locatie de 
uitstroom van nitraat en sulfaat naar het oppervlaktewater over de komende decennia 
verder zal afnemen.  
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