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Summary

Summary

The quality of groundwater, in particular in coastal areas, is increasingly deteriorating due to
the input of nutrients (NO3-, NH4+ and PO4) from septic systems and agricultural leaching.
The discharge of groundwater to coastal waters, termed submarine groundwater discharge
(SGD), is now recognized as an important transport pathway of nutrients from the land to
the sea. The chemical composition of SGD is not only determined by the landward sources,
but also by the biogeochemical reactions that occur when groundwater travels through the
subterranean estuary, the zone in a coastal aquifer where freshwater and seawater interact.
Particularly in view of globally increasing urbanization and climate change, the role of SGD
as a transport agent for pollutants is a key topic of research for a wide variety of disciplines,
including hydrology, marine science, coastal ecology and management.
The aims of this thesis are twofold:
(1) To identify and quantify the biogeochemical processes that remove or transform
nutrients in subterranean estuaries.
(2) To assess the impact of landward source concentrations, aquifer characteristics,
groundwater flow rates and dispersive transport on nutrient transformations in
coastal aquifers and on the SGD of nutrients.
The methodology used throughout this study is reactive transport modeling. In Chapters 2-4,
a 1D finite difference reactive transport model (RTM) is used to describe the geochemistry of
nutrients along a groundwater flow line. First, we simulate the biogeochemistry of
phosphorus (P) in two oxic, electron donor-poor, sandy Canadian aquifers, characterized by
different aquifer material (calcareous and iron oxide-rich). Both field sites are impacted with
high-nutrient effluent discharge (Chapter 2). The aquifer material, in particular iron oxide, is
found to play a major role in the downgradient attenuation of P through sorption. Sensitivity
analyses for the iron oxide scenario illustrate the role of the aquifer sorption capacity in
determining the nitrogen (N) to phosphorus (N:P) ratios of groundwater discharging to a
nearby river. We conclude that in aquifers with a low sorption capacity (<0.2 w/w Fe(OH)3),
the standard setback distance of 20 m between infiltration beds and water bodies could be
inadequate for sufficient P attenuation prior to discharge. In this type of systems, N, mainly
in the form of NO3-, travels conservatively without major removal through denitrification,
contributing further to high N:P ratios in the discharging groundwater Moreover, the
prevalence of oxic conditions and the continuous supply of NO3- through the wastewater
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effluent prevent the onset of iron(III) reduction coupled to organic carbon degradation, thus
maintaining an elevated sorption capacity of the aquifer for P.

The investigation of the role of iron oxides in controlling phosphate concentrations is
extended to a subterranean estuary subject to saltwater intrusion (Chapter 3). The behaviour
of P along physico-chemical gradients of ionic strength and pH, which develop during
estuarine mixing, is simulated using an electrostatic surface complexation model (SCM). The
SCM describes the sorption of phosphate onto goethite, a common iron oxide in nature.
Model performance is tested against a set of laboratory experiments in artificial seawater, as
well as measured longitudinal distributions of dissolved and sorbed phosphate along the
salinity gradient of a surface estuary (The Scheldt, Be/NL). The SCM is then coupled to a
variable-density finite-element reactive-transport model (RT-FEM, developed by C. Meile
and K. Tuncay) to simulate the transient evolution of phosphate sorption upon saltwater
intrusion in a coastal aquifer. Results show that the mobilization of phosphate related to the
sharp increase in groundwater pH gives rise to a dissolved phosphate pulse that propagates
landward as the saltwater wedge develops. However, in both surface and subterranean
estuaries, the extent of phosphate release predicted due to changes in pH and ionic strength
alone is relatively limited.

In many coastal aquifers, the sorption capacity of phosphate is related to the occurrence of
zones of iron oxide accumulation, often referred to as “Iron Curtains”. The mechanism which
drives the formation of such an “Iron Curtain” and the subsequent attenuation of P are
investigated in the freshwater-saltwater mixing zone of Waquoit Bay, MA, USA (Chapter 4).
Model results suggest that the pH increase from freshwater to seawater can play an
important role in the precipitation of iron oxides.

The coupling of density-dependent flow and biogeochemical processes affecting nutrient
dynamics in coastal aquifers is further investigated in Chapters 5 and 6, using a 2D finite
element reactive transport model (RT-FEM). The model, which allows for the simulation of
the development of a saltwater wedge, is applied to the field data along a beach transect in
Waquoit Bay (Chapter 5). Results help unravel the nutrient biogeochemical dynamics in this
subterranean estuary and show the presence of a reducing plume with high Fe2+, NH4+, DOC
(dissolved organic carbon) and PO4 concentrations, overlying a more oxidizing NO3--rich
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plume in the freshwater part of the coastal aquifer. These two redox plumes converge close
to the zone of discharge, a particularly biogeochemically-reactive area. In this surface
intertidal zone, where aerobic conditions prevail, NH4+ is almost completely nitrified to NO3The Fe2+-rich plume is also efficiently attenuated through the precipitation of iron oxides,
which form an “Iron Curtain” onto which phosphate sorbs. The conditions required for
denitrification are not met in this system and thus, SGD in Waquoit Bay is mainly a source of
NO3- to the coastal zone.
As illustrated by the field study of Waquoit Bay, redox conditions strongly determine the
extent of nutrient transformation/removal in subterranean estuaries. Therefore, we define
four generic model subterranean estuaries, representing the end members of oxic/anoxic
aquifer and seawater redox conditions, to investigate the role of organic matter reactivity,
alternative denitrification pathways, as well as groundwater flow velocity and transverse
dispersivity on the nutrient distributions and fluxes to the coastal waters (Chapter 6). In
general, the extent of nutrient removal is mainly determined by denitrification and sorption
of P, which prevail under anoxic and oxic conditions, respectively. However, the
biogeochemical fate of N and P is not only dependent on the redox conditions, but also on
the extent of freshwater and seawater mixing determined by the transverse dispersivity and
the groundwater flow rates. The autotrophic denitrification pathways lead to a coupling of N
and P dynamics through the precipitation of iron oxides as a by-product. The different
biogeochemical responses predicted in each subterranean estuary give rise to a wide range of
N:P ratios of SGD, spanning from ~0.03 to 30000. In particular, this study highlights the need
to account for the distribution of groundwater velocities, redox-dependent transformation
and removal pathways in subterranean estuaries when estimating rates of SGD of nutrients.
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Groundwater makes up only 1.7 % of the earth's water. Yet, it accounts for 97 % of all the
earth’s freshwater resources (Church, 1996). The quality of groundwater in many parts of the
world is adversely affected by anthropogenic activities, such as the application of
agricultural fertilizers and animal waste, and wastewater infiltration from septic systems, all
of which lead to elevated nutrient concentrations. Other pollutants in groundwater may
include heavy metals, radionuclides and organic compounds. Coastal aquifers are
particularly vulnerable, since more than 50 % of the world’s population lives in coastal areas,
and the population density in near-shore regions has been increasing at a faster rate than that
of the general population (Valiela et al., 1992).
The discharge of groundwater directly into the ocean, termed submarine groundwater
discharge (SGD), occurs wherever a coastal aquifer is hydraulically connected with the sea
through permeable sediments (Burnett et al., 2001; Figure 1.1). Until a few years ago, SGD
was often neglected in water and chemical budgets of coastal zones, mainly due to its
“invisible”, diffuse and temporally-variable nature, which render both its identification and
estimation difficult. The interest in the quantification of SGD has increased extensively since
its role as a transport pathway of chemical components from the land to coastal waters, in
particular of nutrients (NO3-, NH4+ and PO4), has been widely recognized (e.g., Johannes,
1980; Capone and Bautista, 1985). The enrichment of SGD with nutrients can have important
implications for the sedimentary geochemistry, ecology and management of the coastal zone.
SGD of nutrients may support part of the net primary productivity in coastal zones and may
thus be a significant factor in the eutrophication of nearshore ecosystems and the
development of harmful algal blooms (e.g., Valiela et al., 1990; Paerl, 1997; Krest et al., 2000).
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Figure 1.1 Graphical representation of the freshwater and saltwater flowfield in a
coastal aquifer, leading to SGD.

First introduced by Moore (1999), the term “subterranean estuary” refers to the mixing zone
in a coastal aquifer where freshwater and seawater interact (Figure 1.1). As the groundwater
flows through the subterranean estuary prior to its discharge as SGD, its composition is
altered such that it is chemically different from either end-member (Church, 1996). The
mixing of water types characterized by different densities, ionic strength, temperature, pH
and redox state can potentially alter the biogeochemistry of nutrients in coastal aquifers.
Given that the water residence times are sufficiently long, subterranean estuaries can
potentially act as biogeochemical reactors.
1.1 DRIVING FORCES OF SGD
The occurrence of SGD is controlled by the dynamic balance between physical terrestrial and
oceanic driving forces (Figure 1.2), which overlap spatially and temporally. These include (1)
the terrestrial hydraulic gradient, (2) sealevel variations due to tidal oscillations or wave setup and (3) density-driven convection. As a result of these forcings, SGD is conveniently
subdivided into two components: the freshwater component (FSGD), composed of
topographically-driven groundwater, and recirculated seawater (RSGD). The latter are
separated by an interface due to transverse dispersion in the mixing zone (Figure 1.1).
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Figure 1.2 Schematic diagram of the coastal zone, showing the terrestrial and marine
driving forces acting on SGD (Source: Taniguchi et al., 2002).

On the land side, a higher inland hydraulic head, primarily resulting from topographic
gradients, causes the groundwater to flow towards the coast where it discharges. This is a
simple and distinct driving force for the FSGD component. The driving forces for RSGD are
less understood and more difficult to distinguish (Oberdorfer, 2003). Tidal oscillations, as
well as wave-induced pumping into and out of shallow sediments, drive pressure variations
in the subsurface and exert a direct effect on the spatial and temporal patterns of SGD. Longterm variations can also be established by large-scale sea level fluctuations or by changes in
the onshore hydraulic gradients, for example, due to variations in recharge. In this brackish
transition zone, groundwater flow entrains seawater from the underlying saltwedge, leading
to the discharge of brackish groundwater in coastal areas or inland seepage areas (Groen,
2002). As hypothesized by Cooper (1964) and confirmed mathematically by Henry (1964), in
a steady-state situation, the loss of salt through dispersion is replenished by the convective
circulation of seawater.
1.2 QUANTIFICATION OF SGD
Taniguchi et al. (2002) provide a comprehensive review of the world-wide occurrence or
magnitude of SGD. As shown in Figure 1.3, the locations of the available published studies
are mostly concentrated on the east coast of the United States, Europe, Japan and Oceania,
whereas regions such as South America, Africa, India or China have not yet been extensively
investigated. However, SGD studies were recently extended to Korea (Kim et al., 2003),
North-East Australia (Stieglitz, 2005), the West coast of the United States (Boehm et al., 2006),
Brazil (Windom et al., 2006), Thailand (Burnett et al., 2006a) and Israel (Shellenbarger et al.,
2006).
8
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Figure 1.3 Map of the world showing the distribution of published studies of SGD
performed using seepage meters, piezometers, and/or geochemical/geophysical
tracers. The filled circles correspond to the 45 studies reported in Taniguchi et al.
(2002), the open circles refer to the 5 field sites investigated during the
intercomparison experiment performed by Burnett et al. (2006b), and the stars
indicate the location of the SGD studies carried out more recently (see text).
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Table 1.1 List of various methods used to locate and quantify SGD
Method
Description
Additional comments

References

Remote sensing
Exploits seasonal temperature
differences between groundwater,
with
a
relatively
constant
temperature throughout the year
and surface water with a
seasonally-variable temperature

Advantage:
-Used as a proxy to locate hot spots of SGD prior to field
measurements

Portnoy et al., 1998;
Miller and Ullman,
2004; Mulligan and
Charette, 2006

Salinity/conductivity

Tracing of low-salinity freshwater
into more saline receiving coastal
waters

Most obvious tracers for locating SGD

Breier et al., 2005;
Stieglitz, 2005

Temperature

Analysis of temperature-depth
sediment profiles

Radium isotopes
(223Ra, 224Ra, 226Ra
and 228Ra)

Ra absorbed onto charged
surfaces of mineral grains but is
liberated upon exposure to
seawater, leading to higher Ra
concentrations in SGD than in the
receiving coastal waters.

Aerial thermal
imagery

Tracer studies

Radon-222

The Rn formed by the decay of
dissolved and particle-bound Ra
is transported as a dissolved gas
within the groundwater, resulting
in a progressive enrichment of Rn
in groundwater prior to discharge.
Being a noble gas, Rn is highly
unreactive and conservative.

Taniguchi et al.,
2003; 2006
Natural isotopes generated in the uranium-thorium decay
series, widely used to identify SGD at the local to regional
scale. Often include the recirculated seawater component as
well.
Advantage:
-Ra isotopes (as well as tracers in general) provide an
integrated estimate of SGD over a large area, smoothing out
small-scale temporal and spatial variability.
Disadvantage:
-Subject to losses at the air-sea interface which may limit its
use in shallow water environments (Burnett et al., 2003b)

e.g., Charette et al.,
2001; Abraham et al.,
2003; Crotwell and
Moore, 2003; Breier
et al., 2005; Boehm et
al., 2006; Moore,
2006; Paytan et al.,
2006; Shellenbarger
et al., 2006; Windom
et al., 2006
Stieglitz, 2005;
Burnett and
Dulaiova, 2006;
Povinec et al., 2006

Table 1.1 cont.
Method

Description

Others:
(1) barium
(2) uraniumthorium-series
nuclides
(3) flourescein
(4) sulfur
hexafluoride (SF6)

Additional comments

References

SF6 often used in systems with high groundwater velocities
and discharge rates.

(1) Shaw et al., 1998
(2)
Porcelli
and
Swarzenski, 2003
(3) Corbett et al.,
2000
(4) Dillon et al., 1999

Advantage:
-Inexpensive, point measurement of SGD.

Giblin and Gaines,
1990; Portnoy et al.,
1998; Michael et al.,
2005

Advantage:
-Less labor-intensive than conventional seepage meters.

(1) Sholkovitz et al.,
2003
(2) Taniguchi and
Iwakawa, 2001
(3) Paulsen et al.,
2001

Disadvantages:
-The hydraulic conductivity often varies by orders of
magnitude within an aquifer and thus averaged values might
not always be representative.
-Since piezometers, (as well as seepage meters), provide a
very local estimate, many meters are usually needed to
resolve the temporal and spatial variability of the discharge
measurements. In fact, piezometer nests are often used in
conjunction with seepage meters to get hydraulic conductivity
estimates from the observed seepage rates and hydraulic
gradient.

e.g.,
Giblin
Gaines, 1990

Seepage meters
Manual seepage
meters

Measurement of the volume of
water
entering
the
plastic
collection bag over a known time
and area and calculation of the
average flow rate of fluid across
the sediment-water boundary.

Automated seepage
meters:
(1) dye-dilution
(2) thermal
(3) ultrasonic

Hydrological methods
Darcy’s law

Q = − KA

dh
dl

where
Q
(L3T-1)
is
the
groundwater discharge, K is the
hydraulic conductivity (LT-1), A
(L2) is the cross-sectional area and

dh
is the hydraulic gradient (-)
dl

derived from the hydraulic head,
h (L), measured in at least two
piezometers separated by a
distance, l (L).

and

Table 1.1 cont.
Method
Water balance
method

Hydrograph
separation

Description

Additional comments

References

Estimation of the freshwater SGD
as the difference between all
long-term averaged input and
outputs of water flow through a
groundwatershed,
represented
mathematically as: FSGD = P – ET
– Ds –dS
where P is the precipitation, ET is
the evapotranspiration, Ds is the
surface discharge and dS is the
change is the water storage,
assumed to ~0 over long time
scales.
Estimation of the freshwater SGD
based on the assumption that
discharge along the shoreline is
the same as the baseflow of a
stream or river.

Mostly used for global-scale estimates of SGD.

Oberdorfer et al.,
1990; Taniguchi et
al., 2005

Commonly used by Russian scientists to quantify continental
and global SGD.

Zektser et al., 1973;
Zektser and
Dzhamalov, 1981

Disadvantage:
-Although relatively simple, it (as well as the water balance
method) is typically inaccurate, since the uncertainties
associated to the specified components are often on the same
order of magnitude as the freshwater discharge itself.

Numerical Modeling
Variable-density
flow models

Since there are no analytical
solutions for non-trivial densitydriven flow problems, solutions
can only be obtained with
numerical methods (Holzbecher,
1998). Further details on the
equations solved can be found in
the Appendix.

Originally developed to predict saltwater intrusion (Reilly
and Goodman, 1985; Bobba, 1993).
Advantage:
-Small-scale temporal complexities, such as tidal pumping
and spatial heterogeneities in aquifers can also be
incorporated.
Disadvantages:
-The required small time stepping, fine grid spacing and
coupled iterative simulations increase the computational
demands drastically. A compromise between the degree of
spatial and temporal detail and computation capabilities must
be found based on the scope of the investigation.
-Accurate quantification of SGD is often hampered by
insufficient field data (Loaiciga and Zektser, 2003).

Uchiyama et al.,
2000; Kaleris et al.,
2002;
Langevin,
2003; Destouni and
Prieto, 2003; Smith,
2004; Michael, 2004;
Robinson et al., 2007
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The various methodologies that are used to locate and quantify SGD are summarized in
Table 1.1. Regional and global-scale estimates have proven to be particularly difficult to
establish (Burnett et al., 2003a). The quantification of SGD at a global scale (Table 1.2) has
mostly been obtained using hydrological methods. These estimates are generally lower than
those obtained using the water balance approach, possibly due to the underestimation of the
thickness of coastal aquifers (Burnett et al., 2003a)
Table 1.2 Relative contribution of submarine groundwater discharge to freshwater
outflow at the global scale (modified from Taniguchi et al., 2002)
Reference
Role of SGD
Method
Nace (1970)
1 % of surface runoff
Hydrogeologic
assumptions
Garrels and MacKenzie
10 % of surface runoff
Water balance
(1971)
Zektser et al. (1973)
10 % of surface runoff
Water balance etc.
Lvovich (1974)
31 % of the total water flux
Water balance
Berner and Berner (1987) 6 % of the total water flux
Literature review
COSODII (1987)
0.3 % of surface runoff
Hydrological
assumptions
Zektser and Loaiciga
6 % of the total water flux
Hydrograph separation
(1993)
2 % of global precipitation
Water balance
Church (1996)
0.01-10 % of surface runoff
Literature review
Burnett et al. (2003a)
0.3-16% of global river flow
Literature review
SCOR/LOICZ report
6% of surface runoff
Literature review
(2004)
At the local scale, the variation in SGD is quite significant. According to Taniguchi et al.
(2002), SGD rates may vary from 3 % (Valiela et al., 1978) to 87 % (Valiela and Costa, 1988) of
total freshwater fluxes. In some areas, such as in enclosed bays, karstic and fractured systems
(e.g., Hawaii; Garrison et al., 2003), or at locations where rivers are small or non-existent
(e.g., Yucatan peninsula; Hanshaw and Back, 1980), SGD is a prominent discharge pathway.
As a result, SGD is sometimes exploited as a commercially viable source of potable or
agricultural water in arid regions. The reason for the wide variability in local estimates of
SGD is partly due to the ambiguous definition and inconsistent reference to the term SGD.
Some studies quantify the freshwater component of SGD only, whereas others give a total
estimate, comprising both the freshwater and recirculated seawater components, depending
on the choice of method used for its quantification (Table 1.1). For instance, hydrogeological
techniques provide estimates of FSGD (Weiskel and Howes, 1991), whereas the commonlyused geochemical tracers also include the RSGD component (e.g., Kelly and Moran, 2002;
Charette and Buesseler, 2004; Hwang et al., 2005; Shellenbarger et al., 2006). Truly freshwater
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SGD can only be measured in conduit flow systems and/or locations with very high seepage
rates, such as the southwest coast of Mauritius island (Burnett et al., 2006b). Elsewhere, the
freshwater SGD interacts extensively with seawater, leading to the discharge of a mixture of
the two end-member components, in which recirculated seawater can account for up to 90 %
of SGD in some locations (Burnett et al., 2006b).
1.3 SGD OF NUTRIENTS
The concentrations of nutrients in groundwater are typically higher than those in coastal and
or river waters (Johannes, 1980; Valiela et al., 1990; Dollar and Atkinson, 1992; Moore, 1996;
Uchiyama et al., 2000). In terms of fluxes, such high concentrations can compensate for the
relatively low groundwater discharge rates reported in Table 1.2. For example, in Kahana
Bay, Hawaii, Garrison et al. (2003) estimated very high N and P fluxes by SGD, up to 200 %
and 500 % greater than the fluxes supplied via surface runoff. Capone and Bautista (1985)
and Capone and Slater (1990) also reported that ~50 % of the NO3- discharge to Great South
Bay, New York was due to SGD. The quantification of SGD thus has important implications
for coastal nutrient cycling and associated primary productivity.
A compilation of studies reporting SGD rates and associated nitrogen (N) and phosphorus
(P) fluxes is given in Table 1.3. Estimates of nutrient fluxes to coastal areas are usually
derived through the simple multiplication of SGD rates, measured using one of the methods
listed in Table 1.1, and the average nutrient concentration in groundwater. Alternatively,
nutrient budgets (e.g., Valiela et al., 1990; Weiskel and Howes, 1992) or empirical loading
models (Weiskel and Howes, 1991; Valiela et al., 1997) are also employed for regional-scale
studies. Although a particular measurement technique can often be identified as the most
suitable for a specific hydrogeological setup, a combination of approaches is always to be
preferred (e.g., Portnoy et al., 1998; Corbett et al., 1999; Weiskel and Howes, 1991, see Table
1.3). The direct comparison of nutrient fluxes obtained by different techniques requires the
definition of the component of SGD being measured. Since the terrestrially-derived
groundwater is likely to carry “new” land-borne chemicals to the sea (Moore, 1999), the
discharge of the freshwater SGD component is the most important. However, most marine
researchers still report total SGD, which is mainly composed of recirculated seawater (e.g.,
Charette et al., 2001; Burnett et al., 2006a), and therefore, might overestimate the computed
nutrient fluxes.
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Table 1.3 Compilation of SGD rates, N- and P- fluxes in coastal zones
Location
SGD rate
Method
DIN-flux
(mmol m-2 d-1)
(cm d-1)
Nauset Marsh, MA
72
Seepage chambers/
24-72
Aerial
thermal
imagery
Eastern Florida Bay, FL
1.93
Seepage meters/
0.3
Radon
North Inlet, SC
3.15
Radium isotopes
2.42
Waquoit Bay, MA
0.9
Radium isotopes
0.55
Pettaquamscutt, RI
0.15-2.2
Radium isotopes
0.17-0.49
Chesapeake Bay, VA

1.7-3.2

Radium isotopes

4.5

0.16

Yeoja Bay, Korea
Gulf of Aqaba, Israel

24
388.8

Radium isotopes
Radium isotopes

26
2.9-10

0.11
0.018-0.2

Location

SGD rate
(cm d-1)

Method

Buttermilk Bay, MA

19

DIP-flux
(mmol d-1 m-1
shoreline)
-

Huntington Beach,
California
Gulf of Aqaba, Israel

101

Darcy’s Law/
Water balance
Radium isotopes

DIN-flux
(mmol d-1 m-1
shoreline)
356 *
116

5

388.8

Radium isotopes

71-240

0.45-5.2

(1) 1.9
(2) 10.2

Seepage meters
(manual and
automated)

587

70.6

Gulf of Thailand
(1) Sri Racha (dry season)
(2) Hua Hin (wet season)

* determined using nitrogen loading model

DIP-flux

Reference

-

Portnoy et al., 1998

5.75 x 10-4

Corbett et al., 1999

0.91
0.012-0.036

Krest et al., 2000
Charette et al., 2001
Kelly and Moran,
2002
Charette
and
Buesseler, 2004
Hwang et al., 2005
Shellenbarger et al.,
2006
Reference

(mmol m-2 d-1)

Weiskel and Howes,
1991
Boehm et al., 2006
Shellenbarger et al.,
2006
Burnett et al., 2006a
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The methods for estimating the SGD of nutrients often ignore the biogeochemical
transformations which occur as the groundwater flows through the subterranean estuary.
This may lead to inaccurate estimates due to spatial and temporal uncertainties in both SGD
rates and nutrient concentrations. Reactive transport modeling (RTM), which provides a
mathematical framework for the coupling between hydrodynamics, transport and
biogeochemical transformation processes in the porous medium, presents the most advanced
method to quantify the fate of nutrients in subterranean estuaries. It supplies a powerful tool
for the integration of the knowledge on biogeochemical processes and the interpretation of
field observations in coastal aquifers.
1.4 NUTRIENT BIOGEOCHEMISTRY OF SUBTERRAEAN ESTUARIES
Although models of coastal water quality often assume the conservative transport of
nutrients from the land surface to surface waters, extensive nutrient transformation and/or
removal may occur in coastal aquifers prior to discharge. One important factor that controls
the extent of nutrient transformation and subsequent chemical composition of SGD is the
redox state of the subterranean estuary (Slomp and Van Cappellen, 2004). In groundwater
systems, the NO3- supplied either by infiltrating water or produced through nitrification
(Horrigan and Capone, 1985; Nowicki et al., 1999) is commonly removed through
denitrification, the process by which NO3- is microbially converted to N2, under anoxic
conditions. For example, Valiela et al. (1997) have shown that only one fifth of the N added
to the coastal watershed in Cape Cod reaches the downgradient estuary, whereas the
remaining is removed by denitrification. A set of conditions, namely the presence of labile
organic matter, a low redox potential and sufficient time for reaction, are prerequisite for
effective denitrification to occur. However, field studies often report only limited NO3removal prior to discharge to coastal waters primarily due to a lack of labile dissolved
organic matter (e.g., Starr and Gillham, 1993; Slater and Capone, 1987; Desimone and Howes,
1996), as is the case in many shallow groundwater aquifers or sandy nearshore sediments, or
due to high groundwater velocities (Capone and Slater 1990; Giblin and Gaines, 1990). In
these cases, discharge of N will essentially be that of a conservative tracer.
The attenuation of P through adsorption onto aquifer solids, such as iron and aluminum
oxides (e.g., Krom and Berner, 1980; Frossard et al., 1995), is also strongly coupled to the
redox conditions. Removal of P is usually more effective than that of N, in particular in those
coastal aquifers which are characterized by zones of iron oxide accumulation, referred to as
“Iron Curtains” (Charette and Sholkovitz, 2002), which can act as geochemical barriers for
16
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various chemical species in groundwater. The formation of the iron oxide at the freshwaterseawater interface may be explained either by the oxidation of Fe2+ as it is transported
through oxic surface beach sediments (Charette and Sholkovitz, 2002) or by the enhanced
chemical oxidation of Fe2+ in the transition zone at pH values higher than in groundwater
(Davison and Seed, 1983). In calcareous aquifers, P is often immobilized by interactions with
calcium carbonate (e.g., Cole et al., 1953; Bohn et al., 1985; Corbett et al., 2000). Phosphate
also has the ability to precipitate in a number of sparingly soluble secondary minerals, of
which the most common are strengite (FePO4.2H2O), vivianite (Fe3(PO4)2.8H2O), variscite
(AlPO4.2H2O) and hydroxyapatite (Ca5(PO4)3OH).
The behavior of nutrients in coastal aquifers, in particular of P, is often subject to strong
physico-chemical gradients, resulting from the variations in pH, ionic strength and solution
composition between the freshwater and seawater end-members. For example, in a forced
saltwater intrusion experiment in an anaerobic Danish aquifer, Nyvang (2003) reported the
occurrence of phosphate mobilization upon mixing of freshwater and seawater, as well as an
enhancement of the rates of organic carbon degradation.
1.5 THESIS OUTLINE
The major goals of this study are to:
(1) identify and quantify the critical biogeochemical processes controlling the fate of
nutrients and major redox species in coastal aquifers;
(2) investigate the complex interplay between groundwater flow rates, dispersive transport,
aquifer material and sorption capacity, as well as redox conditions on the biogeochemistry of
subterranean estuaries and the chemical composition of SGD.
In Chapter 2, a 1D, multicomponent RTM (BRNS-Biogeochemical Reaction Network
Simulator; Regnier et al., 2002, 2003; Aguilera et al., 2005) is used to obtain a mechanistic
understanding of the biogeochemical fate of P in contrasting aquifer systems. The reaction
network, which includes fast and slow sorption of P and mineral precipitation as
hydroxyapatite and strengite, is first tested using field data from two well-studied
groundwater systems in Canada, Cambridge and Muskoka. These two sites are both
contaminated by septic system discharge, but differ in the composition of the aquifer
material (calcareous and non-calcareous (iron oxide-rich), respectively). In particular, the
model is used to predict the response of each system to the continued and hypothetical
decommissioning of the source of wastewater discharge. The role of the aquifer sorption
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capacity and the N:P ratio of the plume source on the discharge of P to a nearby river in the
iron oxide scenario (Muskoka) is also investigated.
In Chapter 3, we extend our investigation of the non-conservative behavior of dissolved
phosphate in groundwater systems to coastal aquifers, which are characterized by sharp
ionic strength and pH gradients. We apply a surface complexation model to describe the
adsorption of phosphate to the model oxide goethite, along the transition from freshwater to
seawater in subterranean estuaries. After reproducing the results of laboratory adsorption
experiments performed at high ionic strength solutions, the speciation calculations are first
extended to low ionic strength conditions and then applied to interpret the measured
longitudinal profiles of dissolved and sorbed inorganic phosphate along the salinity gradient
in the Scheldt estuary (Van der Zee et al., 2007). Finally, the SCM is coupled to a 2D variabledensity RTM to investigate the effect of saltwater intrusion in a coastal aquifer on phosphate
mobilization.
In Chapter 4, the dynamics of P in subterranean estuaries are further investigated by looking
at the mechanisms which influence the formation of the “Iron Curtain” in the freshwatersaltwater mixing zone of Waquoit Bay, MA, USA. We test the hypothesis that the
precipitation of iron oxides is driven by the differences in pH between the freshwater and
seawater, by simulating the pH-dependent oxidative precipitation of Fe2+ and the subsequent
phosphate adsorption onto iron oxides along a 1D groundwater flowline.
In Chapter 5, the two-dimensional (2D) RTM (RT-FEM, developed by C. Meile and K.
Tuncay), which couples variable-density flow to a reaction network is used in a system-scale
study to simulate the tidally-averaged flow dynamics and biogeochemical fate of N and P.
The model is applied to porewater measurements along a beach transect perpendicular to
the shoreline of Waquoit Bay, to help unravel the interplay between flow dynamics and
biogeochemical processes. Model results are interpreted to obtain an assessment of the
nutrient dynamics in this subterranean estuary prior to SGD along the beach. Finally, the
response of the system to a change in a) the reactivity of the terrestrial dissolved organic
matter, b) the landward concentration of phosphate and c) the flow regime due to a
landward shift in the freshwater-saltwater interface is investigated. Further details on the
numerical aspects of the variable-density RTM can be found in the Appendix.
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The effect of redox conditions on the nutrient biogeochemistry in coastal aquifers, nutrient
fluxes and the chemical composition of SGD is investigated in Chapter 6. The RT-FEM is
now applied to idealized subterranean estuaries, representing four endmembers of
oxic/anoxic aquifer and seawater redox conditions. We first perform four baseline
simulations to assess the impact of prevalent redox conditions on nutrient distributions in
the aquifer, nutrient fluxes and the resulting N:P ratios of SGD. A sensitivity analysis, which
assesses the role of specific aquifer characteristics, such as transverse dispersivity (αT), and
groundwater flow rates, as well as additional reactions, such as autotrophic denitrification
pathways with Fe2+ and pyrite, on the nutrient biogeochemistry in the different subterranean
estuaries is also performed.
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Chapter 2

Abstract
A 1D reactive transport model (RTM) is used to obtain a mechanistic understanding of the
fate of phosphorus (P) in the saturated zone of two contrasting aquifer systems. We use the
field data from two oxic, electron donor-poor, wastewater-impacted, sandy Canadian
aquifers, (Cambridge and Muskoka sites) as an example of a calcareous and non-calcareous
groundwater system, respectively, to validate our reaction network. After approximately 10
years of wastewater infiltration, P is effectively attenuated within the first 10 m
downgradient of the source mainly through fast sorption onto calcite and Fe oxides. Slow,
kinetic sorption contributes further to P removal, while precipitation of phosphate minerals
(strengite, hydroxyapatite) is quantitatively unimportant in the saturated zone. Nitrogen (N)
dynamics are also considered, but nitrate behaves essentially as a conservative tracer in both
systems. The model-predicted advancement of the P plume upon continued wastewater
discharge at the calcareous site is in line with field observations. Model results suggest that,
upon removal of the wastewater source, the P plume at both sites will persist for at least 20
years, owing to desorption of P from aquifer solids and the slow rate of P mineral
precipitation. Sensitivity analyses for the non-calcareous scenario (Muskoka) illustrate the
importance of the sorption capacity of the aquifer solids for P in modulating groundwater
N:P ratios in oxic groundwater. The model simulations predict the breakthrough of
groundwater with high P concentrations and low N:P ratios after 17 years at 20 m from the
source for an aquifer with low sorption capacity (<0.02 % w/w Fe(OH)3). In this type of
system, denitrification plays a minor role in lowering the N:P ratios because it is limited by
the availability of labile dissolved organic matter.
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Geochemical fate and transport of phosphorus in contrasting groundwater systems

2.1 INTRODUCTION
Since the early 1960s, concentrations of phosphorus (P) and nitrogen (N) in groundwater
have increased worldwide as a result of agricultural application of manure and synthetic
fertilizer (Appelo and Postma, 1996), and input of wastewater (Wilhelm et al., 1994a).
Although groundwater nitrate concentrations now frequently exceed the maximum
permissible limits for drinking water (e.g., 10 mg L-1 NO3--N in the United States (Sayre,
1988)), elevated phosphate concentrations are less common as P is often immobilized by
interactions with aquifer solids. Distinct groundwater P plumes are, therefore, mostly
observed close to point sources such as septic systems (e.g., Robertson, 1995; Harman et al.,
1996; Ptacek, 1998; Corbett et al., 2002). Dissolved N and P concentrations in septic effluents
can be as high as 3000 and 400 µM, respectively, which is 2-3 orders of magnitude higher
than is typical for receiving water bodies (Weiskel and Howes, 1992).
Discharge of groundwater contaminated with P and/or N to streams, lakes (e.g., Weiskel
and Howes, 1992) and coastal waters (Valiela et al., 1990; Wilhelm et al., 1994a; Slomp and
Van Cappellen, 2004) can lead to a deterioration in surface water quality due to
eutrophication. Depending on the N:P ratios of the groundwater and receiving surface
waters, groundwater discharge may also lead to a shift in the limiting nutrient for primary
production (Slomp and Van Cappellen, 2004) and contribute to the occurrence of harmful
algal blooms (Valiela et al., 1990; Anderson et al., 2002). This makes it important to have a
quantitative understanding of the major removal processes affecting both P and N in
groundwater systems.
Most studies on nutrients in groundwater systems focus on tracking nutrient concentrations
along flowpaths (Robertson et al., 1991; Harman et al., 1996; Ptacek, 1998; Corbett et al., 2002;
Griggs et al., 2003). Nitrogen dynamics in groundwater are relatively well-studied. Field
studies and mass balance/reactive transport modeling have shown that in some aquifers
denitrification, coupled to either organic matter or pyrite oxidation, is the major removal
process for groundwater N (Frind et al., 1990; Postma et al., 1991; MacQuarrie and Sudicky,
2001). Results of combined column experiments and reactive transport modeling (IsenbeckSchröter et al., 1993; Stollenwerk, 1996) suggest that sorption processes largely control P
retention onto aquifer solids. Most of this P is bound to Fe oxides (Robertson, 1995) and
calcium carbonate (Cole et al., 1953; Bohn et al., 1985; Corbett et al., 2000), with the former
generally having the highest sorption capacity (Krom and Berner, 1980; Frossard et al., 1995).
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This is reflected in typical adsorption coefficients for P on Fe oxides (goethite) that are three
orders of magnitude higher than those for calcite (K=3 000 mL g-1 and 10 mL g-1, respectively;
Krom and Berner, 1980).
Sorption of P is generally considered to be a two-step process; an initial fast adsorption at
high affinity mineral surface sites (Parfitt 1978, 1989), followed by slow diffusion into
micropores or aggregates (Barrow, 1985; Torrent et al., 1992; Slomp et al., 1998; Mikutta et al.,
2006) or precipitation of metal phosphate phases (Van Riemsdijk et al., 1984). Phosphate has
the ability to form a number of sparingly soluble secondary minerals of which the most
common are strengite (FePO4.2H2O), vivianite (Fe3(PO4)2.8H2O), variscite (AlPO4.2H2O) and
hydroxyapatite (Ca5(PO4)3OH) (Nriagu and Dell, 1974; Nriagu and Moore, 1984; Zanini et al.,
1998; Robertson, 2003). So far, little quantitative information is available on the relative roles
of fast and slow sorption and mineral precipitation in determining P mobility in
groundwater at field sites.
In this study, we present a 1D reactive transport model describing P and N dynamics in
groundwater systems. The model is applied to field data for two oxic septic plumes
propagating in the saturated zone of two contrasting aquifers, one rich in calcite, the other in
Fe oxides (Robertson et al., 1991; Robertson et al., 1998; Robertson, 2003). Given the low
concentrations of dissolved P and associated high analytical uncertainties in the
measurements, in particular in the saturated zone of the Fe oxide-rich aquifer, the aims of
this modeling exercise are to capture the trends in nutrient concentrations in two contrasting
aquifers using a process-oriented model, to predict their evolution in time and to assess their
sensitivity to changes in P input. In addition, we address the role of fast and slow sorption
processes in limiting P concentrations in groundwater, as well as the key factors controlling
groundwater N:P ratios.
2.2 MODEL DESCRIPTION
The biogeochemical processes that determine groundwater N and P dynamics are
incorporated in the Biogeochemical Reaction Network Simulator (BRNS), a flexible modeling
environment for one-dimensional simulations in groundwater, sediments and surface waters
(Regnier et al., 2002; Regnier et al., 2003, Aguilera et al., 2005). In the model, the transport
and reaction of solutes are described by:

∂C j
∂t
28

= −v

∂C j
∂x

+D

∂ 2C j
∂x 2

+Rj

(j=1, …., Ntot)

(1)
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where v is the average linear velocity (m yr-1), Cj is the concentration of a solute (mol m-3
porewater),
L

D is the dispersion coefficient (m2 yr-1) which is equal to the product of dispersivity

(m) and v, Rj is the net rate of transformation of the solute (mol m-3 yr-1) due to reaction,

and Ntot is the total number of species. In all our applications, v and D are assumed to be
constant in space and time. The term Rj can be written explicitly as the sum of all Nr reaction
rates that modify the concentration of the jth species:

Rj =

Nr
m =1

ν mj rm

(2)

where rm is the rate of reaction and νmj is the stoichiometric number of species j in the
reaction formula. Solids (mol m-3total

volume)

are considered immobile and hence are only

affected by local biogeochemical transformations. The set of coupled partial differential
equations (PDEs) is solved through an implicit sequential non-iterative operator splitting
approach (SNIA) which makes use of the iterative Newton Method for solving the reaction
part. The latter can handle mixed kinetic-equilibrium reaction systems. Further details can be
found in Aguilera et al. (2005).
2.2.1 Main reaction network
Our model considers 8 solids (CaCO3, Ca(PO4)3OH, Fe(OH)3, FePO4.2H2O, Fe3(PO4)2.8H2O,
NH4(ads), Ps-fast, Ps-slow), 15 solutes (Ca2+, CO2, CO32-, DOC1, DOC2, Fe2+, H+, HCO3-, HPO42-,
H2PO4-, Na+, NH4+, NO3-, O2, PO43-) and 21 reaction pathways (Table 2.1). Units for solutes
and solids are denoted in mM (mmol dm-3pore

volume)

and mmol dm-3 (mmol dm-3total

volume),

respectively. The reaction network includes aerobic dissolved organic carbon (DOC)
degradation, denitrification, secondary reoxidation reactions, precipitation/dissolution of
calcium carbonate and P-minerals, acid-base equilibria and reversible P and NH4+ sorption.
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Table 2.1 The reaction network and kinetic formulations as used in the RTM. Parameter values are listed in Table 2.2.
Description

Reaction

Kinetic or equilibrium formulation

Primary redox reactions
Aerobic
degradation
Denitrification

CH 2 O a + O 2 +

CH 2 O +
2x + 4y
5x

4x +3 y
5x
N2 +

2z - y
x

HCO 3- →

x + 2z - y
x

CO 2 +

y
x

NH +4 +

x - y + 2z
z
HPO 24 - +
H 2O
x
x

5x

If O2 < kmo2; Rate = kf ox[CH 2O]

[O2]
[kmo2]

If O 2 > kmo2; Rate = 0

NO 3− →
x -3y+10z

If O 2 > kmo2; Rate = kfox[CH 2O]

4x +3y-10z

CO 2 +

5x

z
HCO 3- + HPO 24- +
x

3x +6y+10z
5x

If O 2 < kmo2 and NO 3- > kmno3; Rate = kf ox [ CH 2 O ]
H2O

1−

If O 2 < kmo2 and NO -3 < kmno3; Rate = kf ox [ CH 2 O ]

1−

Secondary redox reactions
Nitrification

NH4+ + 2O2 + 2HCO-3 → NO3- + 2CO2 + 3H2O

Fe2+

Fe 2 + + 0.25O 2 + 2HCO 3- + 0.5 H 2 O → Fe ( OH ) 3 + 2 CO 2

oxidation by O2 *

Rate = k nitri
Rate = k feox

[NH ] [O ]
[Fe ] [O ]
+
4

2

2+

2

Precipitation/dissolution reactions (non-redox) and kinetic sorption
CaCO3 precipitation

Ca 2 + + HCO 3- → CaCO 3 + H +

Rate = k 1 h 1

CaCO3 dissolution

CaCO 3 + H + → Ca 2 + + HCO 3-

Rate = k 2

Strengite precipitation*

Fe ( OH ) 3 + 3H + + PO 34- →FePO 4 . 2 H 2 O+ H 2 O

Strengite dissolution*

FePO 4 . 2H 2 O + H 2 O → Fe ( OH ) 3 + 3H

Vivianite precipitation*

3Fe 2 + + 2PO 34- + 8H 2 O → Fe 3 ( PO 4

Vivianite dissolution*

Fe 3 ( PO 4

Hydroxyapatite precipitation **

5Ca

Hydroxyapatite dissolution**

Ca 5 (PO 4 )3 (OH ) + 4 H + → 5Ca

2+

+

+ PO

) 2 .8 H 2 O

24

+ H 2 O → Ca

5
2+

( PO

4

Rate = k 6

24

+ H 2O

(

2

1

)

−1 )

(

3

2

(

4

)

−1 )

[ Fe 3 ( PO 4 ) 2 .8 H 2 O ] (1−h 3 )(1−

Rate = k 7 h 4
Rate = k 8

−1 ) b

[ FePO 4 .2 H 2 O ](1−h 2 )(1−

Rate = k 5 h 3

) 3 ( OH )+ 4 H +

+ 3HPO

Rate = k 4

1

[ CaCO 3 ] (1− h 1 )(1−

Rate = k 3 h 2
34

) 2 .8 H 2 O → 3Fe 2 + + 2PO 34- + 8H 2 O

+ 3HPO

(

3

)

4

)

−1 )

[ Ca 5 ( PO 4 ) 3 ( OH ) ] (1−h 4 )(1−

[O 2 ]
kmo 2

[O 2 ]
kmo 2

[NO ]
−
3

[ kmno 3 ]

Table 2.1 cont.
Acid/base equilibria and equilibrium sorption
Slow P adsorption/ desorption into
Fe oxides *
Slow adsorption/ desorption into
calcite **
Carbonate dissociation

PO 4 ( aq ) ]−[ PO 4 ( eq ) ] )

(

]) ([

PO 4 ( aq ) ]−[ PO 4 ( eq ) ] )

PO 4 (aq) + CaCO 3 ↔ Ps − slow

Rate = − k rev 0.55 d [ CaCO 3 ]−[ P s−slow

CO 2 + H 2O ↔ H + + HCO 3−
HCO

Phosphate dissociation

H 2 PO -4 ↔ H + + HPO 24 −

Phosphate dissociation

HPO 24- ↔ H + + PO 34−

Ammonium sorption

NH +4 ↔ NH 4 (ads )

* & ** Reactions

]) ([

Rate = − k rev 0.4 c [ Fe ( OH ) 3 ]−[ P s−slow

Carbonate dissociation

Fast P adsorption/ desorption on Fe
oxide *
Fast P adsorption/ desorption on
calcite **

(

PO 4 (aq) + Fe(OH)3 ↔ Ps − slow

3

+

↔ H +

CO 32 −

PO 4 ( aq )↔ Ps −fast
PO 4 ( aq )↔ Ps −fast

[H ] [HCO ]
+

K eq 1 =

[ CO 2 ]

−
3

[H + ] [CO 32− ]
K eq 2 =
[HCO 3− ]
[H + ] [HPO24 − ]
K phos1 =
[H 2 PO−4 ]
[H + ] [PO34− ]
K phos 2 =
[HPO24 − ]
Kn =

[NH 4(ads)]

[NH+4 ]

[ Ps −fast ]=

K L 0.1 c [ Fe ( OH ) 3

[ P s−fast ]=

1+K L

[

] [

K L 0.05 d [ CaCO 3
1+ K L

PO 4 ( aq ) ]

PO 4 ( aq ) ]

[

] [

PO 4 ( aq ) ]

PO 4 ( aq ) ]

NOT included in simulations of Cambridge case study (1) and Muskoka case study (2), respectively
CH2O represented with an elemental composition (CH2O)x(NH3)y(H3PO4)z, where x=150, y= 16, z=1; Carbon is assumed to be present as DOC1 and DOC2.
b Ω = Ion activity product/ Solubility Product; If Ω > 1
mineral precipitation, If Ω < 1 mineral dissolution; h = heavy side operator to switch from precipitation to dissolution and vice
versa.
c assuming an P:Fe ratio of 0.5 (Gunnars et al., 2002) and 10 % of Fe(OH)3 is available for fast sorption (Slomp et al., 1996); d assuming an P:Ca ratio of 0.6 (Freemann and Rowell, 1981) and 5 %
of CaCO3 is available for fast sorption (Cole et al., 1953).
a
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Mineralization of DOC is modeled using the multi-G approach (Westrich and Berner, 1984),
in which the pool of degradable DOC is assumed to be composed of various types of organic
matter with different reactivities. Here two fractions of DOC are assumed; a labile fraction in
the sewage effluent, which percolates through the unsaturated zone and reaches the water
table (DOC1), and a less labile fraction which represents the organic matter present in
groundwater under natural conditions (DOC2). Both fractions can be degraded through
aerobic degradation and denitrification. The rate laws for DOC degradation (Table 2.1) allow
a smooth transition from aerobic degradation to denitrification. When the concentration of
O2 exceeds the limiting value kmo2 (Tables 2.1 and 2.2), the rate of aerobic degradation is
independent of the O2 concentration. For O2 concentrations below kmo2, the reaction is
limited by O2, while denitrification is simultaneously activated. Further details on the
implementation of the rate laws for organic matter degradation can be found in Van
Cappellen and Wang (1996), Hunter et al. (1998) and Aguilera et al. (2005).
The N species included in the model are dissolved NO3- and NH4+, and adsorbed NH4+.
Nitrate is produced by nitrification and consumed by denitrification, while NH4+ is released
by aerobic degradation and removed from solution by nitrification and adsorption (Table
2.1). Secondary redox reactions, such as nitrification and reoxidation of Fe2+ from wastewater
effluent, are assigned bimolecular rate laws (Table 2.1). Ammonium sorption is described by
a linear equilibrium isotherm with a constant dimensionless adsorption coefficient, Kn. The
porosity φ (dm3pore

water

dm-3total

volume)

is introduced in the model equations (Table 2.1) to

account for the difference in the units of solid and solute species. Dissociation of carbonic
acid is included as an equilibrium reaction. Rates of mineral precipitation and dissolution
reactions depend on the degree of mineral under- or supersaturation of the groundwater
(Table 2.1), using the formulations in Van Cappellen and Wang (1996).
2.2.2 P dynamics
Dissolved P in the system, ΣPO4(aq), is distributed between three forms: H2PO4-, HPO42-, and
PO43-, assuming equilibrium. The processes influencing P dynamics include 1) release of P
through organic matter degradation, 2) fast reversible sorption on the surface of Fe oxide or
calcite

3)

slow

reversible

sorption

or

diffusion

into

solid

phases,

and

4)

precipitation/dissolution of the phosphate minerals. Although a large number of phosphate
minerals have been identified in solids and sediments (Nriagu and Dell, 1974; Nriagu and
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Moore, 1984), we only include the most common ones, hydroxyapatite, vivianite and
strengite (Table 2.1), for which solubility constants are available.
Phosphorus removal through sorption is constrained by the amount of sorbing phase
(Fe(OH)3 or CaCO3) and maximum solid phase P:Fe and P:Ca ratios. In the Fe oxide-rich
aquifer, a maximum P:Fe molar ratio of 0.5 (Gunnars et al., 2002) is assumed, while for the
calcareous aquifer the maximum P:Ca molar ratio is set to 0.6 (Table 2.1), the ratio for
hydroxyapatite (Freeman and Rowell, 1981). Fast equilibrium sorption of P is described by a
Langmuir isotherm:

[Ps −fast ] =

K L X T [ PO 4 ( aq )]

(3)

1 + K L [ PO 4 ( aq ) ]

where Ps-fast is the concentration of P sorbed through equilibrium sorption (mol dm-3) and XT
is the maximum capacity of the aquifer solids (Fe(OH)3 or CaCO3) for fast sorption (mol dm3).

In the Fe oxide-rich aquifer, 10 % of the Fe(OH)3 is assumed to be available for fast

sorption (Slomp et al., 1996), so that XT=0.1* Fe(OH)3 (Table 2.1). Similarly, 5% of the CaCO3
is available for fast sorption (Cole et al., 1953). Dimensionless adsorption coefficients, Kp, for
Fe oxide and CaCO3-containing sediments (Krom and Berner, 1980), corrected for ambient
porosity (Table 2.2), were used to constrain the value of the sorption constant KL (M-1) (Eqn.
3). The calculation of KL is based on the near-linear behaviour of the Langmuir isotherm at
low dissolved P concentrations. The product of the sorption constant KL (M-1) and XT,
divided by φ, is then equivalent to the dimensionless in situ adsorption coefficient Kp. Since
XT, φ, and Kp are known, KL can be calculated.
The kinetic removal of P

through slow sorption is described by an empirical relation

involving the product of a rate constant krev (dm3 mol-1 yr-1), the difference between the
maximum capacity of the aquifer solids for slow sorption (ST in mol dm-3) and the amount of
sorbed P (Ps-slow in mol dm-3), and the departure of the dissolved phosphate concentration,
ΣPO4(aq), from an ‘apparent’ equilibrium value, PO4(eq) (Slomp et al., 1998; Table 2.1).

R SS = −k rev ([S T ] − [Ps −slow ])

([

PO 4 (aq )] − [ PO 4 (eq )])

(4)
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Table 2.2 Model parameters used to simulate N and P dynamics at Cambridge and Muskoka.
Symbol (unit)

Parameter

Type Source

∆x (m)
Ltot (m)
∆t (yr)
t tot (yr)

grid spacing
total domain length
max. time step
total simulation time

I
C
I
C

L (m)
v (m yr-1)
T (°C)
kfox1 (yr-1)
kfox2 (yr-1)
kmo2 ( M)
kmno3 ( M)
knitri (M-1 yr-1)
kfeox (M-1 yr-1)
k1 (mol dm-3 yr-1)
k2 (yr-1)
k3 (mol dm-3 yr-1)
k4 (yr-1)
k5 (mol dm-3 yr-1)

longitudinal dispersivity
advective velocity
temperature
Rate constant for decomposition of DOC1
Rate constant for decomposition of DOC2
Limiting concentration of O2
Limiting concentration of NO3Rate constant for NH4+ oxidation by O2
Rate constant for Fe2+ oxidation by O2
Rate constant for CaCO3 precipitation
Rate constant for CaCO3 dissolution
Rate constant for FePO4.2H2O precipitation
Rate constant for FePO4.2H2O dissolution
Rate constant for Fe3(PO4)2.8H2O
precipitation

C
C
I
C/F
F
C
C
F
F
C
C
C
C
C

Range in
literature

Robertson et al., 1991
Wilhelm et al., 1994b; 1996
Robertson, 1995;
Robertson et al., 1998
Shutter et al., 1994 *
Robertson et al., 1991
Parkhurst et al., 2003
Hunter et al., 1988
Hunter et al., 1988
Hunter et al., 1988
Hunter et al., 1988
Hunter et al., 1988
Hunter et al., 1988
Hunter et al., 1988
Parkhurst et al., 2003
Parkhurst et al., 2003
Parkhurst et al., 2003

10-7-103
0.63-60
1.6-35
5x106-2x107
1.4x108-2x109

Cambridge Muskoka
0.2
100
3x10-3
12,14,17

0.2
27
1.5x10-2
1.5, 9

0.1
30
15
2.0
0.1
20
5
1.0x103
6.0x10-5
5.0x10-4
-

0.1
18
15
0.25
0.1
20
5
5.0x102
5.0x104
2.0x10-8
2.0x10-8
1.3x10-9

Table 2.2 cont.
Range in Cambridge Muskoka
literature

Symbol (unit)

Parameter

Type

Source

k6 (yr-1)

C

Parkhurst et al., 2003

-

2.0x10-8

C

Inskeep and Silvertooth, 1988

1.0x10-11

-

C

Inskeep and Silvertooth, 1988

1.0x10-11

-

C
C
C
C
C

Stumm and Morgen, 1981
Zanini et al., 1988
Zanini et al., 1988
Zanini et al., 1988
Van Cappellen and Wang, 1995

1.2x102
3.8x10-4
4.4x10-7

1.2x102
1.3x10-31
1.0x10-36
4.4x10-7

C

Van Cappellen and Wang, 1995

5.6x10-11

5.6x10-11

C

10

1.4

C

Van Raaphorst and Malschaert,
1996
Stumm and Morgen, 1981

6.3x 10-8

6.3x10-8

C

Stumm and Morgen, 1981

5.0x10-13

5.0x 10-13

Kp (-)

Rate constant for Fe3(PO4)2.8H2O
dissolution
Rate constant for Ca5(PO4)3(OH)
precipitation
Rate constant for Ca5(PO4)3(OH)
dissolution
Solubility product for CaCO3
Solubility product for FePO4.3H2O
Solubility product for Fe3(PO4)2.8H2O
Solubility product for Ca5(PO4)3(OH)
1st acid dissociation constant for carbonic
acid
2nd acid dissociation constant for carbonic
acid
Dimensionless adsorption coefficient for
NH4+
2nd acid dissociation constant for
phosphoric acid
3rd acid dissociation constant for
phosphoric acid
Dimensionless adsorption coefficient for P

C

Krom and Berner, 1980

49

100

krev (dm3 mol-1 yr-1)
PO4(eq) (µM)

Rate constant for slow sorption of P
Apparent equilibrium PO4 concentration

F
C

Wilhelm et al., 1994b

0.8
0.32

357
0.32

k7 (mol dm-3 yr-1)
k8 (yr-1)
Kcaco3 (-)
Kstren (-)
Kvivi (-)
KHA (-)
Keq1 (-)
Keq2 (-)
Kn (-)
Kphos1 (-)
Kphos2 (-)

0.1-12.3

49-98; 73344

C=constrained from literature; F=fitting parameter; I=independent; - not applicable; * additionally constrained through sensitivity analysis, which shows no significant further attenuation
even at higher values of longitudinal dispersivities e.g. 5 m. This is, however, in contradiction to other studies, e.g. by Molz and Widdowson (1988); Cirpka et al. (1999), which demonstrate
that mixing of an electron acceptor (e.g. O2) can cause attenuation.

Chapter 2

This slow sorption process is distinct from the precipitation of P-minerals, as it exhibits a
maximum sorption capacity (ST), which is characteristic of the aquifer solid matrix. ST is
equal to 0.4*Fe(OH)3 in the Fe oxide-rich aquifer and to 0.55*CaCO3 in the calcareous aquifer
(Table 2.1). Hence, the sum of XT and ST makes up the total fraction of Fe(OH)3 or CaCO3
available for fast and slow sorption, as determined by the P:Fe and P:Ca molar ratios. Both
sorption processes are assumed to be fully reversible.
The list of parameters used in the simulations is given in Table 2.2. Most of the values were
constrained from literature studies, following the general procedure adopted in similar
modeling exercises (e.g., Van Cappellen and Wang, 1996; Canavan et al., 2006). Those
denoted as “fitting parameters” were obtained by trial and error by fitting the model to the
field data. These include the organic matter degradation rate constants (kfox1 and kfox2), rate
constants for the secondary reoxidation reactions (knit and kfeox) and the rate constant for slow
kinetic P sorption (krev). A sensitivity analysis is carried out for the most important model
parameters.
2.3 MODEL APPLICATION
2.3.1 Study sites
Robertson and coworkers have described the geochemistry and hydrogeology of septic
system plumes in central Canada in great detail (e.g., Robertson et al., 1991, 1998; Robertson
2003; Wilhelm et al., 1994a, 1994b, 1996; Zanini et al., 1998). Here, we test our model by using
field data from two well-studied domestic effluent plumes (Cambridge and Muskoka; Figure
2.1) that developed in relatively homogeneous, unconfined sandy aquifers. Wastewater
collected in the septic tanks flows predominantly vertically through the aerobic unsaturated
sediments of the drain field, where it undergoes significant geochemical changes before
reaching the water table. The extent of transformation is determined by the initial
composition of the wastewater, the subsurface composition and the physical arrangement of
the septic system, such as the distance between the tile bed and the water table (Wilhelm et
al., 1994a). This distance is about 2-3 m at the Cambridge and Muskoka sites. Both flow fields
in the saturated zone are largely horizontal and characterized by sharp upper and lower
plume boundaries which indicate low lateral and vertical dispersion (Robertson et al., 1991).
Thus, a 1D approximation is adopted to represent the major processes occurring along the
narrow plume core, assuming the effluent source to be below the water table. The septic
system at the Cambridge site has been operating continuously since 1977, serving a family of
four, and is situated on a calcareous (20 % w/w CaCO3) sandy aquifer. The system at the
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Muskoka site has been operating since 1987 and serves a two-person household. The edge of
the tile bed is located 20 m away from Muskoka River and the plume infiltrates a noncalcareous sandy aquifer (~0.5 % w/w Fe oxide content). The main characteristics of the
plumes at Cambridge and Muskoka are summarized in Table 2.3.

Figure 2.1 Vertically averaged groundwater Na+ concentration (mg L-1, contour) and
electrical conductance (µmhos cm-1, contour) at the calcareous (Cambridge) and noncalcareous (Muskoka) sites, respectively. Dashed lines indicate the relative water
elevation (m). Closed circles indicate piezometers ( ) or seepage meters (•). (Source:
Robertson et al., 1991).
•
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Table 2.3 Major characteristics of the septic systems and groundwater at Cambridge and
Muskoka.
Characteristics
Cambridge
Muskoka
Source
Redox conditions
Oxica
Oxica
Wilhelm et al.,
1996
Groundwater flow
20-40 m yr-1
10-20 m yr-1
Robertson et
velocity
al., 1991
Start of operation
1977
1987
Robertson et
al., 1991
Plume dimensions
>130 m long by 10 m >20 m long in 1988
Robertson et
wide in 1987
al., 1991
pH range of plume
7.1-7.4
4.9-5.9
Wilhelm et al.,
1996
Porosity
0.35
0.35
Robertson et
al., 1991
Aquifer sorptive
20 % w/w CaCO3 b
0.54 % w/w Fe-oxide c
Wilhelm et al.,
phase
1996 /
Zanini et al.,
1998
a
b

determined by the presence of detectable O2 concentration of > 3µM (Robertson et al., 1998)
equivalent to 2250 mmol dm-3; c equivalent to 56 mmol dm-3, assuming a ρbulk= 1.7 kg dm-3

Measurements of DOC, O2 and PO4(aq) in the saturated zone along the central flow lines of
the Cambridge and Muskoka plumes, as given by Wilhelm et al. (1996), are presented in
Figures 2.2 and 2.3. The data are actual point measurements along the x-z plane of both
plumes (and not depth-averaged concentrations). The corresponding durations of septic
sewage loading at Cambridge are 11 years (O2), 12 years (all data except O2), and 14 and 17
years ( PO4(aq)). At Muskoka, the duration of loading is either 1.5 years (DOC and O2) or 9
years ( PO4(aq)). Up to 90 % of the DOC present in the effluent is removed through oxic
degradation in the unsaturated soil zone (Wilhelm et al., 1994b). Nevertheless, significant
amounts of wastewater DOC reach the water table at both sites. The simultaneous decrease
of DOC and O2 with distance from the tile bed is indicative of aerobic DOC degradation in
both plumes. At the Cambridge site, the depressed O2 levels within the plume core (0.030.063 mM) contrast with those in the surrounding groundwater, which typically vary from
0.125 to 0.25 mM (Wilhelm et al., 1994b).
Phosphate is strongly attenuated at both sites, especially at Muskoka. Substantial P removal
through mineral precipitation occurs as the effluent passes through the unsaturated zone.
This amounts to as high as ~23 % at Cambridge and 99 % at the Muskoka site (Robertson et
al., 1998). In fact, at the latter site, no P is detected in the groundwater after 1.5 years of
infiltration, while after 9 years of operation, the P concentration at 7 m downgradient of the
tile field is no more than 0.00065 mM. At Cambridge, the groundwater P concentration
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below the tile bed varies from 0.16 to 0.23 mM (Robertson, 1995; Wilhelm et al., 1994b),
implying a fluctuating effluent source. Phosphorus declines rapidly to background
concentrations within the first 10 m along the flow path after 12 years of effluent infiltration
(Wilhelm et al., 1994b). Subsequent monitoring of the P concentrations reveals a steady
downgradient plume progression, extending to 15 m after 17 years. Despite the low P
concentrations at the Muskoka site, modeling the fate of P in the saturated zone still remains
of interest, considering that P concentrations as low as 0.00097 mM (~0.03 mg/L) have been
observed to stimulate algal growth in aquatic environments (Dillon and Rigler, 1974;
Schindler 1977) and thus, off-site migration allows a potential impact to adjacent surface
water bodies.
At Cambridge, the pH of the plume (not shown) remains near neutral due to the acid
buffering capacity of the calcareous aquifer sediments. At Muskoka, however, the effect of
acidity production from aerobic degradation and secondary reoxidation reactions causes the
pH to drop down to ~ 4.9 at the water table (Wilhelm et al., 1996).
2.3.2 Boundary and initial conditions
In the model, we assume a horizontal flow path along the centre of the plume. The solute
concentrations at the inlet (x=0 m) are set equal to the concentration at the first sampling
point below the water table underneath the middle of the tile bed (Wilhelm et el., 1994b,
1996), assuming a Dirichlet boundary condition (fixed concentration) for all dissolved
species. At the downstream outflow (x=L m), a Neumann boundary condition (zero
concentration gradient) is imposed. In both cases, the domain length is such that the plumes
of the compounds of interest do not reach the outflow boundary. The initial concentrations
are equal to the pristine background concentration of each species (Wilhelm et al., 1996). All
boundary and initial concentrations are summarized in Table 2.4.
2.4 RESULTS AND DISCUSSION
2.4.1 DOC, O2 and P dynamics in oxic sewage plumes
Modeled concentrations of DOC, O2 and

PO4(aq) were generally within the range of

measured values and showed the same trends with distance (Figures 2.2 and 2.3). This
implies that the model reasonably represents the most important processes occurring in the
aquifers.
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Table 2.4 Boundary concentrations (BC) and initial concentrations (IC) for the chemical
species used in the simulations for the Cambridge and Muskoka sites. The solid species are
marked with (s). Units: solute (mM), solids (mmol dm-3).
Species
Cambridge
Muskoka
BC
IC
BC
IC
Ca2+
2.3
2.2
1.2
0.25
CaCO3 (s)
2250
0.0
Ca(PO4)3OH (s)
0.0
0.0
(hydroxyapatite)
CO2 *
1.0
0.38
13.33
0.77
CO32- *
0.004
3.7x10-3
2.0x10-6
1.2x10-5
DOC1**
0.052
0.0
0.13
0.0
DOC2 **
0.24
0.24
0.09
0.09
Fe2+
0.003
0.004
7.5x10-4
3.4x10-4
Fe3(PO4)2.8H2O (s)
0.0
0.0
(vivianite)
FePO4.2H2O (s)
0.0
0.0
(strengite)
Fe(OH)3 (s)
0.0
56.0
H2PO4- ***
0.105
1.3x10-4
3.18x10-3
2.8x10-4
HCO3- *
5.6
3.3
0.46
0.27
H+ (pH)
7.9x10-5 (7.1)
5.0x10-5 (7.3)
0.013 (4.9)
1.3x10-3 (5.9)
HPO42- ***
0.084
1.7x10-4
1.6x10-5
1.4x10-5
+
Na
4.0
0.17
2.0
0.1
NH4+
0.006
3.5x10-3
0.035
0.013
NH4+ (ads) (s)
0.012
0.018
1.9
2.0
3.0
0.28
NO3O2
0.063
0.19
0.075
0.19
5.0x10-7
1.7x10-9
6.0x10-13
6.0x10-12
PO43- ***
Ps-fast (s)
3.4x10-3
0.03
Ps-slow (s)
0.0
0.0
* DIC
6.6
** Units in moles of carbon per unit volume pore water
*** PO4 (aq)
0.189

3.7

13.8

1.0

3.0x10-4

3.2 x10-3

3.0x 10-4

Model results confirm that the decline in O2 is primarily related to aerobic degradation of
DOC, and at the Muskoka site, additionally to the oxidation of effluent Fe2+. The effect of
nitrification on O2 removal and NO3- production is negligible. Hence, nitrate behaves
conservatively in both systems and, therefore, is not discussed further. The rate constants for
degradation necessary to fit the measured concentration profiles suggest that the labile DOC
fraction at the Cambridge site is one order of magnitude more reactive than at the Muskoka
site (kfox1=2.0 yr-1 and 0.25 yr-1, respectively). Since the source of DOC is similar, this
difference in DOC reactivity could reflect more extensive degradation in the unsaturated
zone at Muskoka. The depth of the unsaturated zone at Cambridge (2 m) is somewhat
shallower than that at Muskoka (3 m) (Robertson et al, 1991). The reactivity of the less labile
fraction, DOC2, is similar at both sites (kfox2=0.1 yr-1). The values of knitri and kfeox used to fit
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the O2 data fall outside the ranges observed in literature. This, however, has no significant
effect on P dynamics. Modeled pH values at Muskoka and Cambridge are constant
throughout the plume at ~4.9 and 7.1 respectively (not shown).

Figure 2.2 Measured and modeled results for (a) DOC and (b) O2 along the plume
centre line at the calcareous site, and (c) DOC and (d) O2 at the non-calcareous site.
Boundary concentrations for DOC and O2 at the calcareous site are 0.29 and 0.063
mM, equivalent to 3.5 and 2.0 mg L-1, respectively (Wilhelm et al., 1996). At the noncalcareous site, boundary concentrations for DOC and O2 are set to 0.22 and 0.075
mM, equal to 2.6 and 2.4 mg L-1, respectively (Wilhelm et al., 1996). Modeled DOC
refers to the sum of the two fractions, DOC1 and DOC2. The source of measured data
is Wilhelm et al. (1996).

The model results for

PO4(aq) show that sorption processes (both fast and slow) are the

main mechanisms that limit P plume migration in groundwater. At the Cambridge site, the
model also predicts some hydroxyapatite precipitation near the source inlet (Figure 2.3b),
which, however, accounts only for a minor fraction of the total P retention. This indicates
that hydroxyapatite precipitation is relatively ineffective at controlling P concentrations in
oxidizing and calcareous aquifers, as also suggested by Robertson et al. (1998). Fast sorption
accounts for 86 % of the total mass loss and is thus the predominant sorption process. Similar
results, with 80 % of adsorption occurring within seconds, were reported for laboratory
experiments with calcite (Kuo and Lotse, 1972; House and Donaldson, 1986). The calculated
(Ps-fast + Ps-slow):CaCO3 ratios at any point along the plume where P retention is taking place
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Figure 2.3 Measured and modeled concentrations of (a) sorbed P, (b) hydroxyapatite
(Ca5(PO4)3OH), (c) and (d) PO4(aq) along the plume centre line at the calcareous site.
The concentration at x=0 m refers to the first sampling point below the water table (~1
m and ~0.5 m at the Cambridge and Muskoka sites, respectively; Wilhelm et el.,
1994b, 1996) underneath the middle of the tile bed. Measured data in (c) and (d) are
from Wilhelm et al. (1996) and Robertson (1995), respectively. The PO4(aq) boundary
concentration is 0.19 mM (5.85 mg L-1), equal to the average measured concentration
below the tile bed after 10, 14, 17 (Robertson, 1995) and 12 years (Wilhelm et al.,
1994b) of loading. Measured and modeled concentrations along the plume centre line
at the non-calcareous site for (e) sorbed P, (f) strengite (FePO4.2H2O) and (g)
PO4(aq). Note that the units of the y-axis in (f) are in µmol dm-3. Measured data in
(g) are from Robertson et al. (1998). The boundary concentration of PO4(aq) is set to
0.0032 mM (0.1 mg L-1).
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vary between 1 x 10-4 and 2 x 10-3, and thus also fall within the range observed in
experiments (House and Donaldson, 1986; Millero et al., 2001).
At the Muskoka site, fast sorption is again the main mechanism for P retention (Figure 2.3e).
Slow sorption is also important, however, and accounts for 33 % of total P sorption, which
could be due to the high specific surface area of the Fe oxides (Parfitt, 1989). In addition, the
model predicts some strengite precipitation, as suggested previously by Robertson et al.
(1998). This process is, however, quantitatively unimportant (Figure 2.3f). Precipitation of
vivianite is negligible under oxidizing conditions. Robertson et al. (2003) propose that
variscite precipitation is another important P removal mechanism at this site, particularly in
the unsaturated zone. Due to lack of sufficient data to constrain the Al3+ concentrations,
variscite was not included as a possible solid in the saturated groundwater system.
A sensitivity analysis was performed to assess the effects of key model parameters
controlling P removal on dissolved P concentrations in the plume (Figure 2.4). Our results
indicate that sorption is the major attenuation mechanism in both calcareous and noncalcareous groundwater systems. Phosphorus attenuation through precipitation is marginal,
as shown by the model runs that consider removal through precipitation only (Figure 2.4a
and d) and by the model’s insensitivity to variations in the kinetic constants that determine
P-mineral precipitation (Figure 2.4c and f). When only precipitation is taken into account in
the Muskoka case, an increase in

PO4(aq) along the flow line is observed as a result of

organic matter degradation (Figure 2.4d).
Comparison of the modeled P plumes from runs considering fast sorption or slow sorption
only (Figure 2.4a) demonstrates that the extent of P removal in the calcareous site is
primarily determined by fast equilibrium sorption, which is highly sensitive to the value of
Kp (Figure 2.4b). In fact, fast sorption alone can reproduce the drop in P at around 10 m
observed in the field. In the Fe oxide-rich case, variations in the value of Kp cause slight
divergences from the background downgradient

PO4(aq) concentration (Figure 2.4e). If

slow sorption is considered on its own (Figure 2.4d), the actual P retention increases due to
an enhanced rate of Ps-slow formation. This removal is driven by the greater availability of
dissolved P that stabilizes at a lower value than that established by the fast sorption (Figure
2.4d).
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Figure 2.4 Sensitivity analyses of processes that remove ΣPO4 (a and d). Sensitivity
analyses of model parameters that control ΣPO4 removal, namely the dimensionless
distribution coefficient for fast sorption (Kp; b and e), rate constant for precipitation of
hydroxyapatite (k7; c), strengite (k3; f) and vivianite (k5; f). Field measurements for the
calcareous and non-calcareous sites are taken from Wilhelm et al. (1996) and
Robertson et al. (1998), respectively.
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2.4.2 Scenarios: continued loading and decommissioning
We performed a set of prognostic simulations to assess the progression of the P plume on the
short term (by the year 2004) and over longer time periods (next 50 years) in both aquifers.
All parameters are assumed to remain unchanged over the time scale of the simulations. At
the calcareous site, the P front is expected to have reached 20 m by the year 2004 and ~50 m
within the next 50 years (Figure 2.5a). The plume advancement at the non-calcareous site is
relatively unimportant (Figure 2.5b), mainly due to the combined effect of a low P loading
and high sorption capacity of the aquifer solids for P. If an infiltrating P concentration of 0.19
mM is assumed in both scenarios, the plume in the non-calcareous case travels less than half
the distance by the year 2004 and only one fifth of that in the calcareous scenario in the next
50 years (not shown).

Figure 2.5 Simulated PO4(aq) profiles in 2004 and subsequent P breakthrough
curves against normalized distance (distance/advective velocity) at the (a) calcareous
and (c) non-calcareous sites. Plots (b) and (d) show the corresponding amounts of
integrated P solid in the form of Ps-fast, Ps-slow and P mineral. Time 0 refers to year 2004.
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Trends in solid phases that attenuate dissolved P indicate a steady increase in the total
integrated amount of solid P with time in both cases (Figure 2.5b and d). In addition, a
progressive shift in the prevalence of the solid forms, from Ps-fast to Ps-slow to P minerals
occurs. At the non-calcareous site, Ps-slow formation predominates with time, causing a
decrease in the total PO4(aq). This is followed by a decrease in Ps-fast that stabilizes at a lower
background value.
In a study by Robertson and Harman (1999) on two decommissioned calcareous septic sites
(Langton and Long Point 2), groundwater P concentrations were observed to persist at
virtually unchanged levels one year (Langton) or two years (Long Point 2) after active
sewage loading had stopped. These authors proposed a number of potential mechanisms to
explain the continued presence of soluble P, such as desorption, intra-particle diffusion and
P-mineral dissolution. Here, we investigate the response of a calcareous and non-calcareous
aquifer system to a hypothetical discontinuation of the sewage loading in 2004. In these
prognostic simulations, the concentrations at the upstream end of the flowpath are set equal
to the pristine groundwater concentrations, while initial concentrations are equal to resultant
species distributions after 27 or 17 years (year 2004) of sewage infiltration, respectively. All
other parameters remain as in the baseline simulations. The present-day position and
subsequent propagation of the

PO4(aq) plumes at specific time intervals after

decommissioning are shown in Figure 2.6.
The results show that the P plume is much more mobile and persistent in the calcareous
environment than in the Fe oxide-rich aquifer. For instance, in the calcareous case, the plume
travels a distance of 10 m within 20 years after decommissioning, as compared to 2 m at the
non-calcareous scenario. This difference between the two sites remains when the distance is
normalized with respect to the advective velocity (Figure 2.6a and c; Table 2.2). After 50
years of source decommissioning, the P front at the non-calcareous site disappears
completely, whereas further plume advancement is observed at the calcareous site.
Interestingly, in the latter scenario, the concentration of P at 25 m from the source after 50
years of source decommissioning is comparable to that predicted after 50 years of sewage
loading (Figure 2.5a). This is in line with the conclusion drawn by Robertson and Harman
(1999), that in the case of oxidizing P plumes in decommissioned calcareous systems,
downgradient dissolved P concentrations are likely to persist for years. Although no
significant changes in dissolved P concentrations were observed in the field during the first
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few years of source decommissioning, our model results show that considerable attenuation
will occur after a few decades.

Figure 2.6 Simulated ΣPO4(aq) profiles in 2004 and subsequent decreasing P plumes
against normalized distance, at different times after decommissioning of the source
effluent at (a) the calcareous site and (c) the non-calcareous site. Plots (b) and (d) show
the corresponding amounts of integrated P solid in the form of Ps-fast, Ps-slow and P
mineral. Time 0 refers to year 2004.

The total integrated amount of solid-bound P remains essentially constant after
discontinuation of the source (Figure 2.6b and d). However, a gradual interconversion is
observed over time at both sites. At the calcareous site, desorbed Ps-fast changes progressively
to Ps-slow and then to the ultimate mineral precipitate, hydroxyapatite (Figure 2.6b). The
overall amount of total sorbed P (Ps-fast + Ps-slow) decreases from 48.7 mmol dm-3 m on the date
of decommissioning to 40.5 mmol dm-3 m after 50 years. Ps-slow increases at the expense of Psfast (Figure

2.6b). The ~ three-fold increase in total integrated amount of hydroxyapatite (from

1.87 mmol dm-3 m on the date of decommissioning to 4.76 mmol dm-3 m after 50 years of
decommissioning) shows that mineral precipitation becomes relatively more important on
the long term. During the whole time period, the groundwater in the plume remains
supersaturated with the maximum SI indices for hydroxyapatite ranging from +6.5 after the
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first year of decommissioning to +5.0 after 50 years. Although the relatively slow rate of P
precipitation (Freeman and Rowell, 1981; Robertson et al., 1998) limits the aquifer’s
attenuation capacity, it can still be considered as an effective trapping mechanism for P on
the long term.
Phosphorus behavior in the decommissioned Fe oxide-rich scenario is different from the
calcareous case. The total amount of precipitated strengite does not vary significantly
between the day of decommissioning and 50 years later, and is insignificant compared to the
total sorbed P. However, as in the calcareous case, both desorption of Ps-fast (Figure 2.6c) and
conversion to Ps-slow (Figure 2.6d) are observed over time.
2.4.3 Role of sorption capacity and DOC loading for N:P ratios
The N and P dynamics in aquifers with high nutrient loading strongly determine the N:P
ratio in the groundwater discharge, and thus, the ecological impact on surface waters. In this
set of simulations, we use the model setup for the Muskoka site to illustrate the role of the
availability of a sorbing phase for P in aquifers for N:P ratios in groundwater discharge. We
choose the Muskoka site, because it allows us to assess the full range of possible outcomes,
from complete retention of P to the “worse case” scenario where discharge of P occurs
despite the presence of Fe(OH)3. In the latter scenario, only the N:P ratio of the upstream
wastewater-contaminated recharge, (N:P)in, is varied. The (N:P)in ratios vary from 1000,
corresponding to the value for the Muskoka site, to 6, which is at the lower range of the
typical N:P ratios for sewage effluents (Weiskel and Howes, 1992). For the entire (N:P)in
range, the total septic inflow N concentration is kept constant (NO3-=3.0 mM and NH4+=0.035
mM) while

PO4(aq) increases from 0.0032 mM to 0.5 mM. The reason why only the P

concentrations are varied, is that the main N reaction occurring readily in the oxygenated
unsaturated zone involves the transformation of NH4+ to NO3- through nitrification, which
does not influence the resultant N:P ratios. We consider aquifers with a wide range of
sorption capacities. In each case, 50% of the Fe(OH)3 is able to sorb P through fast and slow
sorption. Sorption capacities vary from 10-5 % w/w Fe(OH)3, representing aquifers with
virtually no sorption capacity, to 5 % w/w Fe(OH)3. The Muskoka site, with an Fe oxide
content of 0.54 % w/w, lies in between both limits.
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Sensitivity to changes in aquifer sorption capacity and (N:P)in, two of the main site
characteristics that affect P transport, is evaluated by recording the pore solution N:P ratio at
20 m downgradient of the tile bed, (N:P)out, after a simulation period of 17 years. This is the
number of years the Muskoka site has been in operation until 2004. The selected distance is
equivalent to the minimum permissible setback between septic systems and freshwater
bodies, as in the case of Muskoka River in the Muskoka scenario (Robertson, 1995). The effect
of denitrification on the (N:P)out is also analyzed in a model run with a high-DOC recharge
(50 mg L-1 or 4.2 mM; equivalent to the DOC concentration in the tile effluent entering the
unsaturated zone at the Muskoka site; Robertson et al., 1991). This is regarded as the upper
limit for the DOC concentration reaching the water table in the absence of DOC degradation
in the unsaturated zone.
(N:P)out ratios exhibit three distinct regimes as a function of the sorption capacity (Figure 2.7):
an inclined plane at low sorption capacities, a “plateau” of high (N:P)out at high sorption
capacities, and a distinct transition zone. At low sorption capacities, a 1:1 relationship
between (N:P)out and (N:P)in is observed, due to the low Fe oxide content which causes P
breakthrough without any significant attenuation. Thus, in aquifers with sorption capacities
lower than 0.02 % w/w Fe(OH)3, the P concentration of the discharging groundwater is
potentially as high as 0.0032 - 0.5 mM, by far exceeding the 0.6 µM threshold concentration
that triggers the development of eutrophic conditions in surface water bodies (Ptacek, 1998).
Corresponding P fluxes range from 0.054 to 9.0 mM m-2 yr-1, and are comparable to rates of
submarine groundwater discharge of P into Apalachicola bay, Florida (Corbett et al., 2002).
Sorption capacities higher than 0.02 % w/w Fe(OH)3 are sufficient to attenuate the P plume
down to background concentrations, giving rise to elevated (N:P)out ratios. The plateau at
high sorption capacities shows that, depending on the combination of sorption capacity and
effluent (N:P)in, the (N:P)out ratio could increase by up to four orders of magnitude relative to
(N:P)in. The (N:P)out ratio is generally controlled by P retention through sorption, although P
mineral precipitation becomes relatively more important over longer time scales.
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Figure 2.7 Variation of (N:P)out as a function of sorption capacity (mmol dm-3) or %
w/w Fe(OH)3, and effluent Pin (mM) or (N:P)in 20 m from the source, after 17 years of
simulation time in the non-calcareous site. The 84 data points were interpolated by
Kriging.

In all model runs, including the one with a high-DOC infiltrate, the extent of denitrification
is limited by DOC availability. This is consistent with various other field and modeling
studies of denitrification (Wilhelm et al., 1994a,b; MacQuarrie et al., 2001), where the lack of
appropriate conditions for denitrification often results in persistently elevated NO3groundwater concentrations. The high-DOC simulation shows a slight decrease in (N:P)out
from 6411 to 2512 at Muskoka, as a result of denitrification (not shown). However, the
continuous supply of effluent NO3- is sufficient to degrade the available DOC pool and to
prevent the onset of Fe(OH)3 reduction, thus allowing the sorption capacity of the aquifer for
P to be maintained.
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2.5 CONCLUSIONS
The application of a RTM for N and P biogeochemistry in two aquifers impacted by septic
effluent (Cambridge and Muskoka) illustrate that nutrient dynamics in the contaminated
groundwaters are strongly dependent on the properties of the aquifer material and the
effluent composition. The model predictions for DOC, O2 and dissolved P concentration
profiles are generally in good agreement with the field observations. Our approach, which
differentiates P removal into three distinct processes, namely, fast sorption, slow sorption
and mineral precipitation, provides a realistic representation of the overall P dynamics. NO3behaves essentially as a conservative tracer in the oxic aquifer systems.
Although significant removal occurs before the P plume reaches the water table, model
results show pronounced differences in the downstream dissolved P distributions in
calcareous and non-calcareous groundwater systems after plume progression and
decommissioning. Attenuation occurs mainly through sorption and to a lesser extent
through kinetically-limited precipitation of phosphate minerals. The latter process, however,
becomes more important over longer timescales. The precipitation of variscite and another
five Fe-P minerals (lipscombite, rockbridgite, beraunite, tinticite and cocaxonite) identified
by Zanini et al. (1998) to potentially occur in the unsaturated zone at the calcareous
Cambridge site, as well as numerous other Fe-P minerals (Nriagu and Dell, 1974; Nriagu and
Moore, 1984) were excluded from the model reaction network. These minerals, however,
may also play an important role at the non-calcareous site (Robertson, 2003). Similarly, P
removal through the precipitation of Ca-P minerals other than hydroxyapatite is possible in
the calcareous environment (Baker et al., 1998). Additional time-series monitoring at the
Cambridge and Muskoka sites would be useful to validate the prognostic outcome of the
model. Coupling the reaction network to a 3D flow model would further provide a more
complete description of the plume dynamics, especially when considering continued
transport at larger distances away from the source.
Model runs with variable aquifer sorption capacities and effluent compositions result in a
range of N:P ratios of the discharging groundwater, which varies by up to four orders of
magnitude. In aquifers with a low sorption capacity (<0.2 w/w Fe(OH)3), the extent of plume
attenuation over a distance of 20 m is very limited. It follows that the standard setback
distance between infiltration beds and water bodies could be inadequate in some cases. If an
N:P ratio of 16:1, the Redfield ratio, is assumed to be the threshold that determines the
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limiting nutrient, the discharge of groundwater with a lower N:P ratio, characteristic of
aquifers with a low sorption capacity and a low effluent N:P ratio, could potentially drive Plimited systems to N-limitation.
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Abstract
Non-conservative behavior of dissolved inorganic phosphate (DIP) in estuaries is generally
ascribed to desorption from iron and aluminum (hydr)oxides with increasing salinity. Here,
we assess this hypothesis by simulating the reversible adsorption of phosphate onto a model
oxide (goethite) along physico-chemical gradients representative of surface and subsurface
estuaries. The simulations are carried out using a surface complexation model (SCM), which
represents the main aqueous speciation and adsorption reactions of DIP, plus the ionic
strength-dependent coulombic interactions in solution and at the mineral-solution interface.
According to the model calculations, variations in pH and salinity alone are unlikely to
explain the often reported desorption of phosphate in surface estuaries. In particular,
increased aqueous complexation of phosphate by Mg2+ and Ca2+ ions with increasing salinity
is offset by the formation of ternary Mg-phosphate surface complexes and the drop in
electrical potential at the mineral-water interface. However, when taking into account the
downstream decrease in the abundance of sorption sites, the model correctly simulates the
observed release of DIP in the Scheldt estuary. The sharp increase in pH accompanying the
admixing of seawater to fresh groundwater should also cause desorption of phosphate from
iron oxyhydroxides during seawater intrusion in coastal aquifers. However, as for surface
estuaries, the model calculations indicate that significant DIP release additionally requires a
reduction in the phosphate sorption site density. In anoxic aquifers, this can result from the
supply of seawater sulfate and the subsequent reductive dissolution of iron oxyhydroxides
coupled to microbial sulfate reduction.
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3.1 INTRODUCTION
Sorption of dissolved inorganic phosphate (DIP) to soil and sediment particles, commonly at
the surfaces of iron and aluminum (hydr)oxides, greatly limits its mobility (e.g., Krom and
Berner, 1980; Frossard et al., 1995), and is, therefore, a crucial process in controlling
phosphate availability to the biosphere. Although DIP behavior has been extensively studied
in a variety of environments, both terrestrial and aquatic, a comprehensive mechanistic
understanding of its fate and transport is still lacking. This is particularly true for
environments subject to strong physico-chemical gradients, such as surface estuaries or the
mixing zones in coastal aquifers, known as subterranean estuaries (Moore, 1999). Such
systems are characterized by large variations in pH, ionic strength and solution composition,
all of which can influence the sorption of phosphate.
Field studies of phosphate dynamics along surface estuarine salinity gradients (e.g., Froelich,
1988; Lebo, 1991; Paludan and Morris, 1999; Sundareshwar and Morris, 1999; Van der Zee et
al., 2007), as well as laboratory studies (e.g., Carritt and Goodgal, 1954; Carpenter and Smith,
1984; Fox et al., 1986; Gardolinski et al., 2004), indicate non-conservative behavior of
phosphate during mixing of freshwater and seawater, leading to higher DIP concentrations
than those expected from conservative mixing alone. In line with surface estuarine studies,
Nyvang (2003) reports a significant increase in the DIP concentration upon seawater
intrusion in a shallow aquifer along the Danish coast. The observed increase is attributed to
the effects of salinity, ionic strength and changes in solution composition brought about by
freshwater-seawater mixing. In particular, the author proposes that the competition between
phosphate and sulfate ions for sorption sites represents a major controlling factor.
Sorption of inorganic phosphate is expected to vary along estuarine salinity gradients, in
part because the surface charging properties of common metal (hydr)oxides are significantly
different under typical freshwater and seawater conditions (Barrow et al., 1980). In order to
model phosphate sorption under conditions of variable solution composition, surface
complexation models (SCMs) are particularly suitable (Davis and Kent, 1990; Dzombak and
Morel, 1990; Stumm, 1992; Antelo et al., 2005). However, so far SCMs have mainly been
applied to phosphate adsorption studies performed at constant ionic strength and
background electrolyte composition, (e.g., Sigg and Stumm, 1981; Hawke et al., 1989;
Hiemstra and Van Riemsdijk, 1996; Stollenwerk, 1996; Gao and Mucci, 2001, 2003). These
models generally agree that phosphate desorbs from metal oxyhydroxides as pH increases
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(Sigg and Stumm, 1981; Goldberg and Sposito, 1984; Hawke et al., 1989; Geelhoed et al., 1997;
Gao and Mucci, 2001; 2003).
In this study, we apply a SCM to describe the ad- and desorption of phosphate to and from
the model oxide goethite, along the transition from freshwater to seawater in two estuaries,
representing typical surface and subterranean mixing regimes. We begin by reproducing the
results of the adsorption experiments of Gao and Mucci (2001, 2003), performed in 0.7 M
NaCl solution and artificial seawater. Next, the speciation calculations are extended to low
ionic strength (0.001 M) conditions. The model is then used to interpret the measured DIP
and sorbed inorganic phosphate (SIP) distributions along the salinity gradient in the Scheldt
estuary (Belgium/The Netherlands) (Van der Zee et al., 2007). Finally, the SCM is coupled to
a 2D density-dependent groundwater flow model to explore the effect of saltwater intrusion
on phosphate mobilization in a coastal aquifer setting. The model results provide new
insight in the mechanisms responsible for the non-conservative behavior of DIP typically
observed along the land-to-ocean transition.
3.2 MODEL SETUP
3.2.1 Aqueous and surface speciation
The SCM describes the adsorption of phosphate on goethite (FeO(OH)), the most common
and stable crystalline iron (hydr)oxide in soils and sediments (e.g., Cornell and
Schwertmann, 2003; Van der Zee et al., 2003). The SCM developed in the present study
closely follows the work of Gao and Mucci (2001, 2003). In particular, we use their phosphate
adsorption data and constant capacitance model (CCM) parameter values obtained for
goethite in 0.7 M NaCl and artificial seawater solutions. Although other data sets describe
phosphate adsorption to ferric iron oxyhydroxides (e.g., Dzombak and Morel, 1990), the
experimental results of Gao and Mucci are most relevant to complex estuarine solutions.
Furthermore, these authors consider an extensive reaction network to interpret their data,
including the formation of ternary surface complexes with seawater cations. As discussed
below, the latter may play a major role during estuarine mixing.
The SCM model represents 13 aqueous and 12 surface species (Table 3.1), taking into account
the dissociation of phosphoric acid, the formation of aqueous complexes with the major
cations (Na+, Ca2+, Mg2+) present in natural waters, the protonation-deprotonation reactions
of the surface sites of goethite, and the formation of phosphate, Ca2+ and Mg2+ surface
complexes. Also included are ternary complexes, for example, FeOMgHPO4-. The set of 19
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equilibrium constraints included in the model and their respective intrinsic stability
constants are listed in Tables 3.2 and 3.3. The latter values are calculated from the apparent
equilibrium constants of Gao and Mucci (2001, 2003) obtained in high ionic strength
solutions (I = 0.7 M), using Davies equation (Davies, 1938) to estimate the activity coefficients
of the aqueous species. Although the use of Davies equation at ionic strengths higher than
0.1 M is questionable (e.g., Morel and Hering, 1993), the predicted activity coefficients closely
agree with values derived from Pitzer’s equations or related models (Millero, 1982; Millero
and Schreiber, 1982).
Table 3.1 Species included in the model. Variables in italics are independent variables of the
SCM.
Aqueous species
Surface species
+
H
FeOH, FeO-, FeOH2+
23H2PO4 , HPO4 , PO4
FePO42-, FePO4H-, FePO4H20
Na+, Mg2+, Ca2+
FeOMg+, FeOCa+
0
2NaH2PO4 , NaHPO4 , NaPO4
FeOMgHPO4-, FeOMgH2PO40
MgHPO40, CaHPO40, CaPO4FeOCaHPO4-, FeOCaH2PO40
The mole balance equation for total phosphate (Ptotal) in the model is:

Ptotal = [ H 2 PO −4 ]+ [ HPO 24− ]+ [ PO 34− ]+ [ NaH 2 PO 04 ]+ [ NaHPO −4 ]+ [ NaPO 24− ]+ [ MgHPO 04 ]+

[CaHPO ]+[CaPO ]+[≡ FePO ]+[≡ FePO H ]+[ ≡ FePO
[ ≡ FeOMgH PO ]+[≡ FeOCaHPO ]+[≡ FeOCaH PO ]
−
4

0
4

2−
4

−
4

0
4

2

4

−

2

4

H 2 ]+ [ ≡ FeOMgHPO −4 ]+

0
4

(1)

and that for the total number of surface sites (Stotal) is:

Stotal =[ ≡ FeOH ]+ [ ≡ FeO − ]+ [ ≡ FeOH +2 ]+ [ ≡ FePO 24− ]+ [ ≡ FePO 4 H − ]+ [ ≡ FePO 4 H 2 ]+

[≡ FeOMg ]+ [≡ FeOCa ]+ [≡ FeOMgHPO ]+ [≡ FeOMgH
+ [ ≡ FeOCaH PO ]
+

+

2

−
4

2

PO 04 ]+ [ ≡ FeOCaHPO −4

]

0
4

(2)

where [] denotes concentrations, and ≡ represents the mineral surface lattice. The model is
closed mathematically by specifying values for the independent variables; H+ (pH), the
concentrations of (free) dissolved Na+, Mg2+ and Ca2+, plus Stotal and Ptotal. To account for
non-specific interactions at the mineral surface, the ionic strength of the solution is also
specified.
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Table 3.2 Reaction network for the SCM in NaCl electrolyte solution. All stability
constants are intrinsic constants (modified from Gao and Mucci, 2001).
Reaction
Log K (25°C)
−
+
2−
-7.18
H 2 PO 4 ↔ H + HPO 4
H 2 PO 4− ↔ 2H + + PO 34−
-19.61
+
−
0
-0.22
Na + H 2 PO 4 ↔ NaH 2 PO 4
+
−
−
+
-6.51
Na + H 2 PO 4 ↔ NaHPO 4 + H
+
−
2−
+
-18.06
Na + H 2 PO 4 ↔ NaPO 4 + 2H
Surface complexes
7.61
≡ FeOH + H + ↔ ≡ FeOH 2+
−
+
-9.76
≡ FeOH ↔ ≡ FeO + H
≡ FeOH + H 2 PO −4 ↔ ≡ FePO 24 − + H + + H 2O
0.7
7.99
≡ FeOH + H 2 PO −4 ↔ ≡ FePO 4 H − + H 2 O
−
+
0
12.78
≡ FeOH + H 2PO 4 + H ↔ ≡ FePO4H 2 + H 2O
Table 3.3 Additional reactions for the SCM in complex electrolyte solution. All
stability constants are intrinsic constants (modified from Gao and Mucci, 2001).
Reaction
Log K (25°C)
2+
−
0
+
Mg + H 2 PO 4 ↔ MgHPO4 + H
-4.42
Ca 2+ + H 2 PO −4 ↔ CaHPO 04 + H +
-4.65
−
−
+
2+
Ca + H 2 PO 4 ↔ CaPO 4 + 2H
-13.13
Surface complexes
-3.43
≡ FeOH + Mg 2+ ↔≡ FeOMg + + H +
2+
+
+
-6.46
≡ FeOH + Ca ↔≡ FeOCa + H
≡ FeOH + Mg 2 + + H 2 PO −4 ↔≡ FeOMgHPO −4 + 2H +
-4.75
2+
−
0
+
≡ FeOH + Mg + H 2 PO 4 ↔≡ FeOMgH 2 PO 4 + H
3.11
−
−
+
2+
≡ FeOH + Ca + H 2 PO 4 ↔≡ FeOCaHPO 4 + 2H
-6.44
0.19
≡ FeOH + Ca 2+ + H 2 PO −4 ↔≡ FeOCaH 2 PO 04 + H +
More than 50 % of dissolved phosphate in seawater is complexed with the major cations Na+,
Mg2+ and Ca2+ (Atlas et al., 1976). Therefore, the formation of the three Na-P aqueous
complexes (NaH2PO40, NaHPO4- and NaPO42-; Gao and Mucci, 2001) and the three dominant
Mg-phosphate or Ca- phosphate aqueous complexes in seawater (MgHPO40, CaHPO40 and
CaPO4-) are included in the model. Other Mg-phosphate and Ca-phosphate aqueous
complexes contributing less than 2 % of the total speciation are excluded from the
equilibrium calculations. Because of the very strong adsorption of phosphate ions to iron
oxyhydroxide surfaces, competitive effects by other inorganic anions, particularly sulfate, are
only significant at relatively low pH values, which fall outside the pH range of interest in the
present study (Geelhoed et al., 1997; Gao and Mucci, 2003). Adsorption of anions other than
phosphate is therefore neglected in the SCM. The results of Gao and Mucci (2003) further
indicate that the formation of Mg- and Ca-, plus ternary cation-phosphate surface complexes
( FeOMg+,

FeOCa+,

FeOMgHPO4-,

FeOMgH2PO40,

FeOCaHPO4- and

affect phosphate sorption to goethite in artificial seawater solutions.
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3.2.2 Independent variables and forcing functions
a. Stotal and Ptotal
When the model is applied to the laboratory experiments of Gao and Mucci (2001, 2003), the
Ptotal and Stotal values reported by these authors are imposed (Section 3.3). When
calculating speciation along pH-salinity gradients, Ptotal is fixed to 10
varied from 5 to 20

M while Stotal is

M (Section 3.4.1). In the applications of the model to system-scale

scenarios representing a surface (Section 3.4.2) and a subterranean estuary (Section 3.4.3),
realistic spatial distributions of both Stotal and Ptotal are then assumed.
b. Ionic strength and major ion aqueous composition
The activity coefficients (γ) of aqueous species are calculated using the following form of the
Davies equation (Gao and Mucci, 2001):
log

I

= − 0.5z2

− 0.2I

(3)

1+ I

where I is the ionic strength of the solution (M) and z is the charge of the ion. All calculations
are performed at a temperature of 25 °C and total pressure of 1 bar. Activity corrections are
included in the equilibrium calculations, in which either a fixed ionic strength (Section 3.3) or
a linear mixing gradient (Section 3.4) along the estuarine transect from freshwater (I = 0.001
M; S = 0.05 ‰) to seawater (I = 0.7 M; S = 35 ‰) is considered. The major ion composition of
the water is obtained by linear interpolation between concentrations in seawater (Na+: 466.95
mM; Mg2+: 52.82 mM; Ca2+: 10.28 mM) and those in freshwater (Na+: 0.1 mM; Mg2+: 0.04 mM;
Ca2+: 0.2 mM).
c. Surface charging
An electric potential, Ψ0 (volts), develops on the surface of goethite as a result of the
formation of charged surface species. The surface charge density σ (C m-2) is given by (e.g.,
Stumm, 1992):

=

F ⋅
SSA⋅C s

(4)

where F is Faraday’s constant (C mol-1), SSA is the specific surface area of goethite (m2 g-1), Cs
is the mass of sorbent in contact with a liter of solution (g dm-3) and Γ is the net volumetric
concentration of surface charge (M):
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[

] [

] [
]
2−
] − 2[≡ FePO 4 ] − [≡ FeOMgHPO −4 ] − [≡ FeOCaHPO −4 ]

= ≡ FeOH +2 + ≡ FeOMg + + ≡ FeOCa +

[

−

] [

− ≡ FeO − ≡ FePO 4 H

−

(5)

In the CCM, σ and Ψ0 are linearly related through the capacitance, C (farad m-2):

C=

(6)
0

Although the CCM was originally developed for high ionic strength conditions (Schindler
and Stumm, 1987), its application can be extended to variable I, provided that the effect of
ionic strength is accounted for in the value of C. According to Lützenkirchen (1999):
C = εrε0κ = 2.28

I

(7)

where εr is the relative dielectric constant of water (-), ε0 is the permittivity of vacuum (farad
m-1) and κ is the inverse Debye length (m-1).
The effect of surface charging is included in the equilibrium calculations by correcting the
intrinsic formation constants of charged surface species for non-specific interactions due to
Ψ0. For example, for the surface complexation reaction

≡ FeOH +H 2 PO −4 ↔ ≡ FePO 4 H − +H 2 O

(8)

the apparent formation constant is:

K 'app =

K int ⋅

H 2 PO 4−

(9)

SP

where SP, the surface potential term, is defined as (Morel and Hering, 1993):

SP = exp

− zF

0

(10)

RT

In the example above,

z, the net change in charge associated with the formation of the

surface species, is equal to -1. R is the gas constant (J mol-1 K-1) and T is temperature (K).
Since the speciation is a function of Ψ0 through the SP term, whereas Ψ0 is itself a function of
σ (and thus of the speciation), finding the values of Ψ0, σ and the speciation for any possible
combination of pH, ionic strength, solution composition, Stotal and Ptotal requires an
iterative procedure. The iterative solution is implemented numerically using the bisection
method (Press et al., 1992).
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d. pH
The pH is treated as an independent variable in the SCM calculations. In the simulations
performed at fixed ionic strength (Section 3.3), the value of pH is varied linearly from 4 to 10
using discrete unit intervals. In the equilibrium calculations performed along the mixing
gradients of freshwater and seawater (Section 3.4), the pH distributions result from the
conservative mixing between fresh and seawater end-members of given alkalinity (Alk) and
dissolved inorganic carbon (DIC). However, pH is itself a non-linear function of salinity.
The concentration of DIC (CO2(aq) + H2CO3 + HCO3- + CO32-), as well as the distribution of
carbonate species are calculated from the specified pH and carbonate alkalinity (AlkC) of the
two end-member solutions (Table 3.4). The imposed end-member pH values for the surface
estuary are 7.5 (freshwater) and 8.2 (seawater), and 5.7 (freshwater) and 8.2 (seawater) for the
subterranean estuary. In estuarine systems, the total alkalinity (AlkT) is the sum of AlkC and
the borate alkalinity:
AlkT = AlkC +

BT
K `HB

(11)

where K `HB is the apparent dissociation constant of boric acid. BT (M), the total boron
concentration, is related to salinity (S) as follows (Millero and Sohn, 1992):

B T = 1.2x10 −5 ⋅ S

(12)

Table 3.4 Chemical composition of freshwater and seawater end members in the model
surface and subterranean estuaries
Riverwater
Groundwater
Seawater
pH
alkalinity (mM)
salinity (‰)
ionic strength (M)

(surface
estuary)

(subterranean estuary)

(surface and
subterranean estuary)

7.5
4.97
0.05
0.001

5.7
0.6
0.05
0.001

8.2
2.487
35
0.7

The freshwater and seawater DIC and AlkT are mixed conservatively, and the pH along the
salinity gradient is computed by numerically solving the following cubic equation (Millero
and Sohn, 1992):
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[H ]
+

3

[ ]

+ H

+

+ K 1` K `2 K `HB

2

[K

`
1

(A

− 1) + K

`
HB

(A

A

(A − B − 2 )
A

]

− B)

[ ]

+ H+

K 1` K `HB (A − B − 1 ) + K 1` K `2 (A − 2 ) )
A

= 0

(13)
where A =

Alk T
B
and B = T , while K1` and K2` are the apparent dissociation constants of
DIC
DIC

H2CO3 and HCO3-, which depend on T and S. The expressions used to compute the values of

K 1` , K `2 and K `HB at different salinities are given in Table 3.5.
Table 3.5 pK1`, pK2` and pKHB` as a function of temperature (T) and salinity (S) (from Cai
and Wang, 1998; Regnier et al., 2002).
1

pK 1` (T,S) = pK 1` (T) + f 1 (T) . S 2 + f 2 (T) . S

pK1` (T) = a 0 +

a1
+ a 2T
T

b1
T
c1
f 2 (T) = c 0 +
T
f 1 (T) = b 0 +

1

pK `2 (T,S) = pK `2 (T) + f 3 (T) . S 2 + f 4 (T) . S

pK `2 (T) = d 0 +

d1
+ d 2T
T

e1
T
g1
f 4 (T) = g 0 +
T
f 3 (T) = e 0 +

1

pK `HB (T,S)= pK `HB (T)+f 5 (T).S 2 −f 6 (T).S

pK `HB (T) = h 0 +

f 5 (T) = i 0 +

f 6 (T) = j0

i1
T

h1
+ h 2 log(T)
T

a0= -14.8435
a1= 3.40471x103
a2= 3.2786 x10-2
b0= -2.30848x10-2
b1= -14.3456
c0= 6.91881x10-4
c1= 4.29955x10-1
d0= -6.4980
d1= 2.90239x103
d2= 2.379x10-2
e0= -4.58898x10-1
e1= -41.24048
g0= 2.84743x10-2
g1= -2.55895
h0= 1.4802x102
h1= -8.966x103
h2= -24.4344
i0= 0.5998
i1= -75.25
j0= -1.767x10-2

The computed pH profiles along the salinity gradients in the surface and subterranean
estuaries are shown in Figure 3.1. As already reported by Mook and Koene (1975), the pH
profile in the surface estuary shows an initial decrease from the river pH of 7.5 to 7.4 at a
salinity of around 3.5 ‰. At salinities higher than 10 ‰, pH increases roughly linearly with
S, up to 8.2. In the subterranean estuary, the pH versus salinity distribution exhibits a
pronounced change in slope at a salinity around 25 ‰.
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Figure 3.1 Variation of pH with salinity in the model surface and subterranean
estuaries. (See text for complete discussion).

3.3 PHOSPHATE ADSORPTION: pH AND IONIC STRENGTH EFFECTS
Comparison of model results with observations is performed in two steps. First, using the
reaction network and intrinsic stability constants given in Table 3.2, we compare predicted
and measured phosphate adsorption isotherms to goethite in 0.7 M NaCl solution, using the
experimental data of Gao and Mucci (2001). Second, the aqueous and surface complexes
involving Ca2+ and Mg2+ (Table 3.3) are included in the SCM, and the model isotherm is
compared to the experimental data obtained in artificial seawater solution by Gao and Mucci
(2003). Then, having established that the set of intrinsic stability constants in Tables 3.2 and
3.3 is able to reproduce the high ionic strength data, the model is used to contrast pHdependent phosphate adsorption under seawater and freshwater conditions.
3.3.1 Speciation in NaCl solutions (0.001 M and 0.7 M)
The model-predicted adsorption edge in 0.7 M NaCl solution matches the observed trend of
phosphate binding to goethite over pH range 4-10 (Figure 3.2). Also shown are the isotherms
calculated when increasing or decreasing the total site density, Stotal, by 10% relative to the
value reported by Gao and Mucci (2001). Phosphate adsorption is predicted to be relatively
constant between pH 4 and 7, and to decrease significantly at higher pH. The sensitivity to
Stotal also decreases with increasing pH when pH > 7.
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Figure 3.2 Phosphate adsorption to goethite as a function of pH in 0.7 M NaCl
solution. The total phosphate concentration (Ptotal) equals 24 µM, the total surface
site concentration (Stotal) is 1.9x10-5 M. The solid line is the model-predicted
adsorption edge. Also shown are the predicted adsorption edges for a 10 % increase
or 10 % decrease in Stotal. The experimental data points, and the values of Ptotal and
Stotal, are taken from Gao and Mucci (2001). The constant capacitance C calculated
with Eq. 7 is 1.92 F m-2.

The modeled pH-dependent adsorption isotherms in high (0.7 M) and low (0.001 M) ionic
strengths NaCl solutions are compared in Figure 3.3a. In pH range 5-10, phosphate
adsorption at 0.7 M NaCl is higher than at I = 0.001 M. The two adsorption edges cross over
at pH 5 and an opposite trend is then obtained for pH < 5. Similar features are observed
when Stotal is varied by ±10%. Enhanced adsorption on goethite at low ionic strength under
acidic conditions agrees with the experimental observations of Barrow et al. (1980), and the
model results of Hiemstra and Van Riemsdijk (1996).
To better understand the combined effects of ionic strength and pH on phosphate
adsorption, two pH values (4 and 9) with contrasting speciation are considered. At pH ~ 4,
H2PO4-,

FeOH2+ and

FePO4H20 are the dominant solute and surface complexes, and

sorption is therefore mainly controlled by the following equilibrium:
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≡ FeOH +2 + H 2 PO −4

≡ FePO 4 H 02 + H 2 O

(14)

with

[≡ FeH PO ]
0
4

2

= K sc1 ⋅

[≡ FeOH ]⋅ [H PO ]⋅
+
2

2

−
4

H 2 PO −4

(15)

SP

where [] denote concentrations. Equation (15) shows that non-specific interactions at the
mineral surface (via SP) and in solution (via
adsorption. At low ionic strength,

H 2 PO −4

H 2 PO −4

) influence the extent of phosphate

approaches 1. This results in a higher concentration

of adsorbed phosphate, under the form of [ FeH2PO40], as compared to the high ionic
strength solution in which

is significantly lower than 1. At pH 4, the value of SP is less

H 2 PO −4

than 1 (Figure 3.3b), with a slightly lower value at low (SP = 0.46) compared to high ionic
strength (SP = 0.56). As shown by Eq. (15), this contributes further to the increased
adsorption of phosphate at low ionic strength and low pH (Figure 3.3a).
At pH 9, the dominant species are HPO42-,

FeOH and

FePO42-. Hence, the following

equilibrium controls phosphate adsorption at high pH:

≡ FeOH + HPO24−

≡ FePO24− + H 2 O

(16)

such that

[≡ FePO ]
2−
4

=

K sc2 ⋅ [≡ FeOH] ⋅ [HPO 24− ]⋅
SP

HPO 24 −

(17)

2

The increasing divergence of the surface electrical potential at low and high ionic strength as
the solution becomes more alkaline (Figure 3.3b) helps explain the reversal in the ionic
strength dependence of phosphate adsorption (Figure 3.3a). At pH 9, the value of SP at low
ionic strength (~ 42) is significantly higher than the corresponding value at high ionic
strength (~ 16), thereby lowering [ FePO42-], resulting in decreased phosphate adsorption.
Although at pH 9 the effect of

HPO 24 −

acts in the opposite way (

HPO 24 −

is equal to 0.87 and 0.23

at I = 0.001 and 0.7 M, respectively), the inverse dependence of the extent of adsorption on
SP2 outcompetes that of

HPO 24 −

. Note that the dependencies of SP on ionic strength and pH

illustrated in Figure 3.3b agree qualitatively with the trends reported by Dzombak and Morel
(1990) for hydrous ferric oxide.
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Figure 3.3 Comparison of model-predicted (a) adsorption edges, and (b) surface
potential terms (SP, Eq. 10) for phosphate adsorption to goethite in low (0.001 M) and
high (0.7 M) ionic strength NaCl solutions.

The relative effects on phosphate adsorption of the electrical charging of the goethite surface,
the non-specific electrostatic interactions in solution, and the formation of aqueous
complexes are further illustrated in Figure 3.4 for the 0.7 M NaCl solution. As expected,
when the aqueous complexes are ignored (“no aqueous complexes”), phosphate adsorption
is predicted to increase (Figure 3.4a), as more free phosphate, which would otherwise bind to
Na+, is available for adsorption. In addition, the effect becomes more pronounced at higher
pH values, because the concentration of Na-phosphate aqueous complexes increases with
pH (Figure 3.4b).
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Figure 3.4 (a) Model-predicted effects of ignoring the formation of aqueous
complexes, aqueous activity corrections (γ) and electrostatic interactions at the
mineral-solution interface (SP term) on phosphate adsorption to goethite in 0.7 M
NaCl solution, using the simplified reaction network in Table 3.2. The experimental
data points and the values of Ptotal and Stotal are from Gao and Mucci (2001). The
solid line is identical to the solid line in Figure 3.2. (b) Concentrations of the three Naphosphate complexes for different values of pH.

When non-specific interactions in solution are also ignored, phosphate adsorption increases
even further, because all dissolved phosphate is now assumed to exist as free ions
(γ = 1). Phosphate adsorption at pH > 7 is particularly sensitive to γ values. Finally, when the
electric potential Ψ0 at the goethite surface is set to 0 (SP = 1), phosphate adsorption is greatly
overestimated, especially at high pH. As shown in Figure 3.3b, the surface electrostatic
effects become more pronounced with increasing pH.
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The results of the sensitivity analysis highlight the important role of electrostatic interactions,
in solution and at the mineral-solution interface, on phosphate adsorption onto iron
(hydr)oxides. Hence, models that do not account for these interactions (e.g., Kd-models or
non-electrostatic SCMs) are not appropriate to reproduce the adsorption behavior of
phosphate to these mineral phases under the highly variable salinity and pH conditions
encountered in estuaries and coastal aquifers.
3.3.2 Speciation in artificial freshwater and seawater solutions
The extended reaction network of Tables 3.2 plus 3.3 is applied to phosphate adsorption
from artificial freshwater and seawater solutions containing Mg2+ and Ca2+ cations, in
addition to Na+. The model-predicted adsorption edge in artificial seawater (I = 0.7 M) is
compared to the experimental data of Gao and Mucci (2003) in Figure 3.5a. The solution
contains 466.95 mM Na+, 52.82 mM Mg2+ and 10.28 mM Ca2+ (Gao and Mucci, 2003).
Although the data set is more limited than that for the 0.7 M NaCl solution, the experimental
results indicate that for pH < 6 adsorption is higher in artificial seawater than in NaCl
solution (compare Figures 3.2 and 3.5). In pH range 7-8.5, however, phosphate adsorption is
very similar in both solutions. The model-predicted adsorption isotherm captures the general
trend of the data, although phosphate adsorption is somewhat overestimated at pH < 6.0 and
underestimated at pH > 6.5.
The adsorption edge calculated for the artificial freshwater solution (I = 0.001 M; Na+: 0.1
mM; Mg2+: 0.04 mM; Ca2+: 0.2 mM) exhibits two “cross-over” points with the adsorption
edge for artificial seawater (Figure 3.5b). For most of the pH range of interest (5.7-8.2), both
the NaCl (Table 3.2) and extended reaction networks (Tables 3.2 and 3.3) predict increased
sorption at the higher ionic strength. At pH > 8, phosphate adsorption in the artificial
freshwater solution exceeds that in the low ionic strength NaCl solution.
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Figure 3.5 (a) Phosphate adsorption to goethite as a function of pH in artificial
seawater solution. The total phosphate concentration (Ptotal) equals 24.9 µM, the total
surface site concentration (Stotal) is 2.3x10-5 M. The solid line is the model-predicted
adsorption edge, using the extended reaction network of Tables 3.2 and 3.3. Also
shown are the predicted adsorption edges for a 10 % increase or 10 % decrease in
Stotal. The experimental data points and the values of Ptotal and Stotal are from Gao
and Mucci (2003). (b) Comparison of modeled phosphate adsorption edges in artificial
freshwater (I = 0.001 M; Na+: 0.1 mM; Mg2+: 0.04 mM; Ca2+: 0.2 mM) and artificial
seawater (I = 0.7 M; Na+: 466.95 mM; Mg2+: 52.82 mM; Ca2+:10.28 mM) ionic strength
solutions.

Comparison of the modeled aqueous and surface speciation for typical freshwater and
seawater conditions clearly illustrates the need to account for the interactions of phosphate
with the major seawater cations during estuarine mixing (Figure 3.6). In freshwater at pH
5.5, inorganic aqueous phosphate speciation is dominated by H2PO4-. In seawater of pH 8.0,
the aqueous speciation is far more diverse. The largest fraction of aqueous phosphate is
composed of MgHPO40 (48 %), followed by HPO42- (28 %) and NaHPO4- (14 %) (see also Atlas
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et al., 1976). The two ternary Mg-phosphate surface complexes ( FeOMgHPO4- and
FeOMgH2PO40) make up ~ 90 % of total adsorbed phosphate in seawater, while in
freshwater the speciation is dominated by FeHPO4- and FeH2PO40 (Figure 3.6). Formation
of the ternary surface complexes may thus limit the extent of desorption during estuarine
mixing. This possibility is explored in the next section.

Figure 3.6 Modeled aqueous and surface speciation of phosphate in freshwater (pH
5.5; Na+: 0.1 mM; Mg2+: 0.04 mM; Ca2+: 0.2 mM) and seawater (pH 8.0; Na+: 466.95
mM; Mg2+: 52.82 mM; Ca2+:10.28 mM). The calculations assume goethite is the only
solid phase binding phosphate.
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3.4 PHOSPHATE ADSORPTION IN ESTUARIES
The reaction network of Tables 3.2 and 3.3 is used to simulate phosphate adsorption to
goethite along physico-chemical gradients of ionic strength and pH typical of surface
estuaries and coastal aquifers. For each salinity value, taken here as the mixing index of
freshwater and seawater, the corresponding ionic strength is determined from the
concentrations of the three major cations (Na+, Ca2+ and Mg2+) plus the electroneutrality
condition, assuming that the major ions behave conservatively upon estuarine mixing. For a
given solution composition, a value of SP is computed based on the pH, solution
composition, ionic strength, Ptotal and Stotal. The SCM is applied to the nonlinear pH
mixing curves of the model surface and subterranean estuaries presented in Figure 3.1.
3.4.1 Baseline simulations
The role of pH and ionic strength in phosphate adsorption is assessed for Ptotal equal to 10
µM and Stotal ranging from 5 to 20 µM. The latter values correspond to 0.002 and 0.0075 %
w/w FeOOH content, respectively, assuming that 10 % of the iron oxide content is available
for sorption (Slomp et al., 1996). In the surface estuary (Figure 3.7a), for any given value of
Stotal, phosphate adsorption increases from the freshwater end-member to ~1 ‰ salinity,
while further increase in salinity up to 35 ‰ causes a progressive desorption. Phosphate
adsorption in the subterranean estuary (Figure 3.7b) exhibits a significantly different
dependence on salinity. It increases slowly from the freshwater end-member to 25 ‰
salinity, followed by a sudden desorption under more saline conditions. The distinct salinity
dependencies of phosphate adsorption in the surface and subsurface estuaries seen in Figure
3.7 reflect the different pH-salinity relationships in the two environments (Figure 3.1). In
both cases, the SCM calculations predict non-conservative behavior of dissolved phosphate
during freshwater-seawater mixing.
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Figure 3.7 Phosphate adsorption to goethite in the model (a) surface and (b)
subterranean estuaries, computed as a function of salinity and the total concentration
of surface sites (Stotal range: 5 to 25 µM). The total (dissolved plus adsorbed)
phosphate concentration is kept constant at 10 µM. The black dot in panel (a)
corresponds to the freshwater boundary conditions in the surface estuary application
(Section 3.4.2). The thick line in panel (b) corresponds to the Stotal value imposed in
the subterranean estuary application (Section 3.4.3).

3.4.2 Surface estuary: the Scheldt
In a recent study, Van der Zee et al. (2007) measured longitudinal profiles of dissolved and
particulate phosphate along the salinity gradient of the Scheldt estuary, a well-mixed, coastal
plain estuary in NW Europe. According to these authors, the main transformation process
affecting phosphorus dynamics in the Scheldt estuary is desorption of inorganic phosphate
from suspended particulate matter (SPM). The most likely sorbents of phosphate are
authigenic ferric iron precipitates actively forming in the upper estuary (Wollast, 1982;
Hyacinthe and Van Cappellen, 2004).
The formation of turbidity maxima is a typical feature in numerous estuaries (e.g., Festa and
Hansen, 1976; Uncles and Stephens, 1993). In the Scheldt, a pronounced turbidity maximum
develops at low salinities (Wollast, 1988). As a result, concentrations of SPM drop from 100200 mg L-1 in the upper estuary (0-5 ‰) to 50-100 mg L-1 in the lower estuary (10-30 ‰)
(Figure 3.8a). Both measurements and hydrodynamic modeling indicate that the SPM
distribution can be approximated by an exponentially decreasing function with respect to
salinity (Arndt et al., 2007). In the calculations below, we compare the exponential SPM
distribution to constant and linear SPM distributions (Figure 3.8a).
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Figure 3.8 Distributions of (a) the suspended particulate material (SPM)
concentration, (b) the dissolved phosphate concentration, (c) the molar ratio of total
(dissolved plus adsorbed) phosphate to total surface binding site (Stotal)
concentrations, and (d) the adsorbed phosphate concentration in the water column of
the Scheldt estuary, plotted against salinity. The symbols in (c) and (d) correspond to
measurements for three different sampling times in 2004 (Data source: Van der Zee et
al., 2007). Note that DIP and SIP are equivalent to the soluble reactive phosphorus
(PO4) and particulate inorganic phosphorus (PIP) concentrations reported by Van der
Zee, et al. (2007). The symbols in (a) represent SPM concentrations obtained from a
sediment transport model for average hydrodynamic conditions encountered in the
Scheldt estuary (Arndt et al., 2007). The vertical bars are standard deviations. The
curves in (a)-(d) correspond to three SPM distributions imposed in the surface
complexation model calculations. See text for more details.

To apply the SCM to the Scheldt estuary, we assume that the measured concentrations of
particulate inorganic phosphate (PIP) represent the pool of phosphate that can be desorbed
from SPM (i.e., PIP = SIP). Furthermore, the field measurements of Van der Zee et al. (2007)
show that total inorganic phosphate (Ptotal = DIP + SIP) behaves conservatively along the
salinity gradient and can, thus, be represented by a linear distribution with respect to
salinity. Based on the available data, the freshwater and seawater end-members are assigned
Ptotal concentrations of 10 and 1 µM, respectively. The distribution of the total number of
adsorption sites (Stotal) is estimated from the imposed SPM distributions (Figure 3.8a),
assuming that the Fe content of SPM decreases linearly from 5 % to 3 % between the
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freshwater and seawater end-members (Zwolsmann, 1994), and that ~10 % of the iron is
available for phosphate adsorption (Slomp et al., 1996).
For the exponentially decreasing SPM distribution, the SCM captures the main features of
the dissolved (Figure 3.8c) and particulate inorganic phosphate (Figure 3.8d) distributions in
the water column of the Scheldt estuary. This outcome is quite remarkable, as no further
adjustments are made to the parameter values in the SCM. Both model and experimental
results imply a release of DIP from particulate matter in salinity range 5-12 ‰. For the two
other SPM distributions, the model-calculated DIP profiles differ considerably from the
observed ones. In particular, they predict a net removal of DIP by adsorption in the low
salinity region of the estuary, because the decrease in Ptotal is larger than that of Stotal
(Ptotal/Stotal <1; Figure 3.8b). Thus, as expected, a realistic representation of the SPM
distribution in the SCM model is essential to reproduce the observed inorganic phosphate
distributions in the estuary (see also Figure 3.7a).
According to the model calculations, the release of DIP at mid-salinities is mainly due to the
rapid drop in Stotal downstream of the turbidity maximum, which gives rise to Ptotal/Stotal
ratios significantly higher than 1.0 (Figure 3.8b). Note, however, that the maxima in
Ptotal/Stotal and DIP do not coincide, because phosphate adsorption also depends on the
variable salinity and pH conditions encountered along the estuarine gradient. In fact, the
SCM predicts that the formation of ternary Mg-phosphate surface complexes upon admixing
of seawater limits the extent of desorption caused by the exponential decrease of Stotal with
increasing salinity. This is why the peak value of the DIP concentration occurs at a slightly
lower salinity than that of Ptotal/Stotal.
The high abundance of reactive iron mineral phases in the SPM of the Scheldt estuary, and
the relative minor role of phosphate transformation processes other than sorption (Van der
Zee et al., 2007), help explain why the simple SCM reproduces the general trends of the DIP
and SIP distributions in this particular estuary. In turn, the model results point to the need to
(1) characterize in more detail the nature and surface properties of phosphate sorbents along
estuarine gradients, and (2) critically re-assess previously proposed mechanisms of
phosphate desorption during freshwater-seawater mixing. In particular, the results suggest
that the increasing concentrations of major seawater cations (Mg2+, Ca2+) and anions (SO42-)
may not, in themselves, cause the release of phosphate from SPM at low to mid salinities.
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3.4.3 Subterranean estuary: phosphate dynamics during seawater intrusion
The SCM is coupled to a two-dimensional (2D) density-dependent, finite-element
groundwater flow model (RT-FEM, Meile and Tuncay, 2003) to simulate the transient
response of phosphate adsorption following saltwater intrusion in a coastal aquifer. The flow
model and its application to reactive transport in coastal environments is described in detail
elsewhere (Spiteri et al., 2007). The effect of groundwater salinization is simulated in a
confined aquifer of 20 m x 10 m size. The model setup is based on the standard benchmark
Henry problem of seawater intrusion (e.g., Simpson and Clement, 2003). With a permeability
of 1x10-9 m2 and a landward freshwater head of 0.27 m, the average landward recharge rate is
6.6 x10-5 m s-1, equivalent to that specified in the Henry problem. The initial conditions before
salt penetration assume homogeneous distributions of salinity (0.05 ‰), pH (5.7), DIP (2
µM), Ptotal (10 µM) and Stotal (15 µM). Note that this DIP concentration corresponds to the
equilibrium value with respect to adsorption onto goethite (Figure 3.7b).
Two transient simulations are performed. In the first scenario, the DIP concentration of the
intruding seawater is equal to the freshwater value (2 µM). In a second scenario, the
concentration of DIP in the intruding seawater is assumed to be half that of freshwater (1
M). In what follows, the two scenarios are referred to as without dilution and with dilution.
The propagation of salt shows the classic pattern of the Henry problem. This is illustrated in
Figure 3.9a for the groundwater salinity at mid-depth (5 m) within the coastal aquifer. The
corresponding, time-dependent, longitudinal concentration profiles of DIP and SIP are
plotted in Figure 3.9b-e. In both scenarios, an initial adsorption of DIP occurs at the seaward
boundary (profile at t = 125 min), followed rapidly by desorption (t = 500 min and later) and
the subsequent landward propagation of the DIP pulse at the leading edge of the intruding
seawater (Figure 3.9b and d). The desorption of phosphate is mainly due to the rapidly rising
pH when salinity increases above 25 ‰ (Figure 3.1). With time, the DIP peak progressively
disappears until at steady-state, the concentration returns to the constant value of 2 M in
the scenario without dilution (Figure 3.9b), and follows a conservative mixing curve in the
scenario with dilution (Figure 3.9d). In both cases, there is a net removal of Ptotal from the
aquifer by dispersive transport of DIP at the freshwater-seawater interface, potentially
followed by export to the coastal zone.
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Figure 3.9 (a) Time-dependent salinity profiles at mid-depth (5 m) in the model
subterranean estuary plotted against longitudinal distance. The coastline is located at
20 m, seawater intrusion starts at time zero. Also shown are the corresponding middepth DIP and SIP profiles in the scenarios without (b, c) and with (d, e) dilution. See
text for complete discussion.

The net removal of Ptotal from the aquifer by seawater intrusion is recorded by the final,
steady state distributions of SIP (Figure 3.9c and e). For both scenarios, the SIP profiles reveal
a zone of enhanced adsorption at intermediate salinities and a zone of desorption at higher
salinities. These profiles are generally consistent with the salinity-dependent phosphate
adsorption surface shown in Figure 3.7b, although a direct comparison is difficult as Ptotal is
not constant everywhere within the model domain in time and space.
The predicted phosphate desorption in the model aquifer only results in a relatively small
build-up of DIP during the transient phase of seawater intrusion. As proposed by Nyvang
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(2003) in a study of a Danish coastal aquifer, the intrusion of seawater induces additional
biogeochemical changes that affect phosphate cycling. In particular, enhanced microbial
sulfate reduction, due to increased sulfate availability and salinity-induced mobilization of
dissolved organic matter, may lead to increased DIP production accompanying organic
matter mineralization and reduction of ferric iron mineral phases. The latter would result in
a loss of adsorption sites for phosphate and therefore cause DIP release. Thus, as for the
Scheldt estuary, the nature and spatio-temporal distribution of adsorption sites represents a
major source of uncertainty when applying the SCM approach to subsurface estuaries.
3.5. CONCLUSIONS
Phosphate adsorption to mineral surfaces in aquatic environments reflects the interplay
between non-specific electrostatic interactions and specific interactions leading to the
formation of aqueous and surface complexes. The surface complexation model (SCM)
describing phosphate binding to the model iron oxide mineral goethite represents a first step
in unraveling how this interplay controls the dissolved phosphate levels in surface and
subsurface estuaries, that is, systems characterized by very steep physico-chemical gradients
of ionic strength, pH, and major ion composition.
Even though phosphate adsorption to ferric iron (hydr)oxides decreases with increasing pH,
the magnitude of pH-driven desorption appears too limited to explain the observed nonconservative behavior of phosphate during freshwater-seawater mixing. In particular, the
formation of ternary Mg-phosphate surface complexes acts to limit the extent of phosphate
desorption with increasing salinity. A major, and often poorly known, forcing function of
phosphate adsorption in estuarine mixing zones is the nature and distribution of surface
sites to which phosphate can bind. The model results clearly illustrate that extensive
desorption of phosphate in surface estuaries requires the seaward decrease in adsorption
capacity to exceed the effects of dilution and potential enhanced binding through formation
of ternary Mg-phosphate surface complexes.
Phosphate adsorption and desorption behavior in surface and subterranean estuaries is
fundamentally different, because the salinity-pH relationships during freshwater-seawater
mixing show distinct patterns, but also because the sorbing phase, which is transported with
the flow in surface estuaries, is part of the solid matrix in a groundwater system. Hence, the
direct extrapolation of field results on phosphate dynamics in surface estuaries to
subterranean conditions should be performed with care.
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Abstract
Iron-oxide coated sediment particles in subterranean estuaries can act as a geochemical
barrier (“iron curtain”) for various chemical species in groundwater (e.g., phosphate), thus
limiting their discharge to coastal waters. Little is known about the factors controlling this
Fe-oxide precipitation. Here, we implement a simple reaction network in a 1D reactive
transport model (RTM), to investigate the effect of O2 and pH gradients along a flow-line in
the subterranean estuary of Waquoit Bay (Cape Cod, Massachusetts) on oxidative
precipitation of Fe(II) and subsequent PO4 sorption. Results show that the observed O2
gradient is not the main factor controlling precipitation and that it is the pH gradient at the
mixing zone of freshwater (pH 5.5) and seawater (pH 7.9) near the beach face that causes a
~7-fold increase in the rate of oxidative precipitation of Fe(II) at ~15 m. Thus, the pH
gradient determines the location and magnitude of the observed iron oxide accumulation
and the subsequent removal of PO4 in this subterranean estuary.
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4.1 INTRODUCTION
Submarine groundwater discharge (SGD) provides an important transport pathway for landderived dissolved nutrients to coastal waters (Charette et al., 2001; Slomp and Van
Cappellen, 2004). The chemical composition of SGD is not only determined by the terrestrial
freshwater source(s), but also by the biogeochemical processes occurring along the
groundwater flow path, particularly in the “subterranean estuary” where freshwater and
seawater mix (Moore, 1999).
Removal of dissolved metals and nutrients subterranean estuaries is thought to be mainly
controlled by the redox characteristics of the freshwater and seawater (Slomp and Van
Cappellen, 2004). For instance, the accumulation of iron oxides observed near the freshwaterseawater interface of Waquoit Bay (Cape Cod, Massachusetts; Figure 4.1), referred to as the
“iron curtain”, has been attributed to the oxidative precipitation of groundwater Fe upon
transport through oxygenated coastal sediments (Charette and Sholkovitz, 2002).
Here, we propose an alternative mechanism, where the precipitation of Fe oxides results
from the differences in pH between the freshwater and seawater. To test this hypothesis, we
use a 1D RTM to assess the combined effects of O2 and pH changes on Fe oxide precipitation
and the subsequent phosphate (ΣPO4) removal along a flowline in the subterranean estuary
of Waquoit Bay.
4.2 HYDROGEOLOGY AND BIOGEOCHEMISTRY OF THE WAQUOIT BAY
SUBTERRANEAN ESTUARY
Waquoit Bay is a shallow estuary located on the southern shoreline of Cape Cod (Figure 4.1).
A significant portion of the freshwater input and material fluxes to the bay occurs as SGD
(Charette et al., 2001). To investigate the chemical constituents of the SGD, 6 piezometers
were installed along a transect perpendicular to the coast at the head of the bay where the
surface aquifer consists of unconfined, permeable sand (Micheal, 2005). Groundwater
samples were collected in June 2004 and analyzed as described elsewhere (Talbot et al., 2003;
Charette et al., 2005). Figure 4.2 shows depth profiles of total dissolved Fe and ΣPO4 along
the transect. The range of observed pH values and the vertically averaged concentrations are
presented in Figure 4.3.
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Figure 4.1 Map of Waquoit Bay, showing the 20 x 8 m piezometer transect (A’-A)
perpendicular to the shore line at the head of the bay and the location of the “iron
curtain”.

Salinity measurements indicate a sharp Ghyben-Herzberg type freshwater-seawater interface
(Figure 4.2), and surface mixing of seawater and freshwater at the intertidal piezometers PZ3 and PZ-5 (not shown). A distinct freshwater Fe plume that disappears as the groundwater
flows seaward is clearly identified in Figure 4.2. At around PZ-3, the Fe content of the dark
red, yellow and orange subsurface sands ranges from 2500 to 4100 ppm, which is 10 to 15
times higher than in “control” sediment (Charette and Sholkovitz, 2002). Although the
freshwater ΣPO4 concentrations are relatively low (maximum ~5 µM), phosphate removal is
observed as the Fe and ΣPO4 plumes overlap. Measurements of dissolved oxygen (O2) (not
shown) show relatively low values (40 µM) in the landward piezometers, increasing up to
~200 µM towards PZ-3 and PZ-5. The average pH at the first piezometer in the transect (PZ7), is 5.5 while at the seaward boundary, (PZ-12), the pH is 7.9 (Figure 4.3).
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Figure 4.2 Concentration profiles of total dissolved Fe and ΣPO4 in the X-Z plane. The
dotted line indicates the position of the salt-wedge, based on salinity measurements

4.3 MODEL DESCRIPTION
The processes included in the Biogeochemical Reaction Network Simulator (BRNS), a flexible
1D RTM (Regnier et al., 2003; Aguilera et al., 2005), are pH-dependent oxidative precipitation
of Fe(II), ΣPO4 adsorption onto Fe oxides and advective plus dispersive groundwater
transport (Table 4.1). At the upstream boundary (x = 0 m), a Dirichlet boundary condition is
applied, which fixes the concentration of Fe(II), O2, ΣPO4 and pH at the freshwater side of the
domain (Table 4.2). The Fe(II) concentration is set equal to the measured dissolved Fe, based
on field measurements (Charette et al., 2005). At the outflow (x = 20 m), a zero concentration
gradient boundary condition is specified for all dissolved chemical species. Even though it
would be possible to incorporate pH and O2 as master variables in the RTM (e.g., Aguilera et
al., 2005), the current dataset for Waquoit Bay does not allow the reaction network required
to model these variables to be fully constrained. Instead, both O2 and pH are implemented as
forcing functions, either as constant values or as a longitudinal gradient along the flow line
(Table 4.2). The solid species, i.e. Fe oxides (Fe(OH)3) and Fe-bound phosphate (Fe-P) are
considered immobile and hence are only affected by local biogeochemical transformations.
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Table 4.1 Model parameters used in the simulations.
Symbol (unit)
Parameter
Value
grid spacing
0.2
∆x (m)
max. time step
1.5 x 10-2
∆t (yr)
ttotal (yr)
total time of simulation
0.4
longitudinal dispersivity
0.5*
αL (m)
v (m yr-1)
advective velocity
182.5**
aquifer porosity
0.35*
φ (-)
Kd (-)
distribution coefficient
3.0 x 105
*

Micheal, 2005 **M.Charette, personal communication

Table 4.2 Boundary and initial concentrations for all chemical species
Chemical Species
Boundary
Initial
Concentration Concentration
100
40
Fe(II) (µM)
2.5
1.0
ΣPO4 (µM)
40*
40**
40*
40 - 200**
O2 (µM)
pH
5.7*
5.7**
5.7*
5.7 - 7.9**
-3
0.0
0.0
Fe(OH)3 (µmol dm )
-3
0.0
0.0
Fe-P (µmol dm )
*

constant

**

gradient

In the model, we represent the pH-dependent Fe(II) oxidation by O2 as:

−

d[Fe(II)]
dt

= k o [Fe(II)] + k 1β 1

[Fe(II)] + k

[H ]
+

2

β2

[Fe(II)] [O ]
2
+ 2

[H ]

(1)

where ko = 252 M-1 yr-1, k1 = 7.9 x 108 M-1 yr-1, k2 = 252 x 1014 M-1 yr-1 are rate constants
corrected for a temperature of 10 °C. The apparent equilibrium constants β1 and β2 are equal
to 3.2 x 10-10 M and 2.5 x 10-21 M2 respectively (Martin, 2003). Our formulation ignores the
heterogeneous catalysis of the metal oxide surfaces that enhances the oxidation process at
pH values above 7 (Martin, 2003). Equation (1) leads to a progressive increase in the rate of
oxidation with O2 as the dominant hydrolysis species shifts from [Fe(H2O)6]2+ to
[Fe(H2O)5OH]+ and further to [Fe(H2O)4(OH)2]0 with increasing pH. In the pH range
considered here, a unit increase in pH will cause a 100-fold increase in the overall reaction
rate.
Adsorption of phosphate onto the Fe oxides is assumed to follow a Langmuir isotherm, in
which the extent of sorption is limited by the amount of available surface sites, XT (mol dm-3):
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[Fe − P] =

X T [ PO 4 ]
1+

[

PO 4 ]

(2)

with α = Kd * φ and XT = 0.1 * [Fe(OH)3]
In Equation (2), Kd is the dimensionless distribution coefficient and XT defines the amount of
Fe oxides available for P sorption, assuming a [Fe(OH)3] : [Fe-P] maximum ratio of 10 (Slomp
et al., 1996).

4.4 MODEL RESULTS AND DISCUSSION
In a first simulation, the pH is maintained constant over the 1D flowline (pH = 5.7). In this
case, the model predicts a gradual drop in the Fe(II) and ΣPO4 in the seaward direction which
is significantly smaller than the decline observed in the field. Most Fe oxide precipitation
occurs in the freshwater part. (Figure4.3). In contrast, in a simulation with an increasing pH
(5.7 to 7.9), Fe-oxide precipitation rates increase 7-fold at ~15 m and a peak in Fe-oxides is
formed. The latter location is consistent with the zone of major Fe-oxide accumulation
observed in the field (Charette and Sholkovitz, 2002). The complete disappearance of
groundwater Fe(II) observed in the seaward direction (Figures 4.2 and 4.3) is also well
captured by the model that includes pH-dependent Fe(II) oxidation. Using either constant O2
concentrations (40 µM) or a seaward increase in O2 (from 40 to 200 µM), does not affect the
model results significantly, implying that changes in the redox characteristics of the
subterranean estuary in Waquoit Bay play a minor role in the removal of Fe(II). Because of
the enhanced precipitation of Fe oxides, more groundwater ΣPO4 is removed when the pH
dependency of the precipitation of Fe oxides is considered (Figure 4.3).
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Figure 4.3 Model results for scenarios with a constant pH and a pH gradient with
distance along the flow line, assuming an O2 concentration gradient in both. Data
points are vertically averaged concentrations of total dissolved Fe and ΣPO4 in the
freshwater plume. The units for solutes are given in µmoles per dm3 pore water (µM)
while solid species are in µmoles per dm3 total volume (µmol dm-3).

4.5 CONCLUSIONS
Using a 1D RTM, applied to a groundwater flowline of Waquoit Bay subterranean estuary,
we show that the pH gradient in the mixing zone of freshwater and seawater at the beach
face is the key factor driving the formation of the “iron curtain”. The pH-dependent Fe oxide
precipitation explains the location and magnitude of the Fe-oxide coated sediments observed
in the field and the concomitant removal of groundwater Fe. Results also indicate that the
generation of “iron curtains” can significantly attenuate dissolved ΣPO4 in groundwater
prior to discharge to the coastal waters.
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Abstract
A two-dimensional (2D) reactive transport model is used to investigate the controls on
nutrient (NO3-, NH4+, PO4) dynamics in a coastal aquifer. The model couples densitydependent flow to a reaction network which includes oxic degradation of organic matter,
denitrification, iron oxide reduction, nitrification, Fe2+ oxidation and sorption of PO4 onto
iron oxides. The model corroborates the presence of a reducing plume with high Fe2+, NH4+,
DOC (dissolved organic carbon) and PO4 concentrations overlying a more oxidizing NO3-rich plume, as indicated by porewater measurements from a beach transect at Waquoit Bay,
MA, USA. These two plumes travel nearly conservatively until they start to overlap in the
intertidal coastal sediments prior to discharge into the bay. In this zone, the aeration of the
surface beach sediments drives nitrification and allows precipitation of iron oxide, which
leads to the removal of PO4 through sorption. Model simulations suggest that removal of
NO3- through denitrification is inhibited by the limited overlap between the two freshwater
plumes, as well as by the refractory nature of terrestrial DOC. Thus, submarine groundwater
discharge at this site is a source of NO3- to the bay.

96

Flow and nutrient dynamics in the subterranean estuary of Waquoit Bay, MA, USA

5.1 INTRODUCTION
Coastal aquifers worldwide, in particular in areas strongly influenced by human activities,
are increasingly becoming contaminated with nutrients from fertilizer, manure and wastewater (Valiela et al., 1992). Discharge of this groundwater along beaches and through the
seafloor is now recognized as an important transport pathway of nutrients to coastal waters
(e.g., Burnett et al., 2006). The chemical composition of this submarine groundwater
discharge (SGD) not only depends on the landward freshwater source(s) but also on the rates
of groundwater flow and the biogeochemical reactions that occur in the part of the coastal
aquifer where freshwater and seawater interact (“subterranean estuary”; Moore, 1999).
Owing to the difficulties in sampling coastal aquifers and the complex flow structure in
subterranean estuaries (e.g., Burnett et al., 2006), our quantitative understanding of nutrient
dynamics in these systems is still limited.
The biogeochemistry of nutrients (NO3-, NH4+ and dissolved inorganic phosphate, PO4) in
subterranean estuaries and their coastal fluxes are strongly affected by the redox conditions
of the freshwater and seawater (e.g., Spiteri et al. 2007). In groundwater systems, NO3supplied either by infiltrating water or produced through nitrification (Horrigan and
Capone, 1985; Nowicki et al., 1999) is commonly removed by denitrification under anoxic
conditions. However, field studies often report only limited NO3- removal prior to discharge
to coastal waters primarily due to a lack of labile dissolved organic matter (e.g., Starr and
Gillham, 1993; Slater and Capone, 1987; Desimone and Howes, 1996) or high groundwater
velocities (Capone and Slater 1990; Giblin and Gaines, 1990) which do not allow for
significant biogeochemical transformations in the subterranean estuary. Organic matter
degradation leads to the production of both NH4+ and PO4. Under oxic conditions, NH4+ is
effectively removed through nitrification while phosphorus (P) is attenuated through
sorption onto iron and aluminum oxides. The formation of iron oxide at the freshwaterseawater interface is driven by the oxidation of Fe2+ as it is transported through oxic surface
beach sediments (Charette and Sholkovitz, 2002). Other studies (Davison and Seed, 1983;
Spiteri et al., 2006) suggest that the pH increase from freshwater to seawater can also play an
important role in the precipitation of iron oxides in coastal sediments.
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The contamination of many coastal aquifers by nitrogen (N) of anthropogenic origin, the
limited loss by denitrification, in combination with efficient P removal may lead to SGD with
an N:P ratio higher than the Redfield ratio of phytoplankton (N:P= 16:1). This can potentially
drive the N-limited coastal primary production to P-limitation (Slomp and Van Cappellen,
2004), causing a shift in the ecological community structure. For example, as suggested by
Valiela et al. (1992), the decrease in eelgrass abundance in Waquoit Bay over the past decades
correlates with an increase in nutrient loading in its subestuaries.
Recent literature on SGD has mostly focused on the location of discharge hotspots and the
quantification of discharge rates using a suite of different methods (e.g., Giblin and Gaines,
1990; Corbett et al., 2000; Sholkovitz et al., 2003; Breier et al., 2005; Michael et al., 2005;
Stieglitz, 2005; Moore, 2006). Fewer studies (e.g., Krest et al., 2000; Charette et al., 2001;
Hwang et al., 2005; Shellenbarger et al., 2006) have estimated the magnitude of nutrient
fluxes through SGD. This is mostly done through simple multiplication of the measured SGD
rates with the average nutrient concentrations in groundwater. This approach, however,
does not account for any transformation/removal processes that might alter the
biogeochemical fate of nutrients as groundwater travels through the subterranean estuary
prior to SGD (e.g., Beck et al., 2007).
The aim of this study is to attain a deeper understanding of nutrient dynamics in
subterranean estuaries and the implications for SGD of nutrients. We first analyse the
porewater concentration profiles for various chemical species along a transect at the head of
Waquoit Bay, MA, USA. We then use a two-dimensional (2D) density-dependent reactive
transport model (RTM) to simulate a) the tidally-averaged flow dynamics and b) the main
biogeochemical reactions affecting nitrogen and phosphorus. This allows us to identify and
quantify the removal and transformation processes affecting NO3-, NH4+ and PO4 in the
coastal aquifer and estimate the resulting rates of SGD of these nutrients. Finally, the
response of the system to changes in a) the reactivity of the terrestrial organic matter b) the
landward source concentration of phosphorus and c) flow dynamics as a result of sealevel
rise is investigated.
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5.2 STUDY SITE
Waquoit Bay is a shallow estuary located on the southern shoreline of Cape Cod (Figure 5.1),
approximately 1220 m wide and 3350 m long. The upper unconfined aquifer at the head of
Waquoit Bay is ~11 m thick and consists of relatively homogeneous medium to fine sands
(Masterson et al. 1997). Further details on the stratigraphy of the Cape Cod aquifer can be
found in Michael (2005). The bay has an average depth of 1 m and a tidal range of ~1.1 m
(Mulligan and Charette, 2006). The head of Bay, which is sparsely populated, is the smallest
of the seven sub-watersheds that border Waquoit Bay. It covers an area of 0.76 km2
extending approximately 2 km north with a maximum width of about 1 km between Childs
River and Quashnet River (Masterson and Walter, 2000). Three freshwater ponds, Bog,
Bourne and Caleb Pond, also drain at the northern end of the bay. The landward topography
at the head of the bay is characterized by a low-lying region in the middle of two large bluffs
(Mulligan and Charette, 2006), which give rise to spatially-variable groundwater velocities.

Figure 5.1 Map of Waquoit Bay, showing the position of piezometer transect (A’-A)
perpendicular to the shoreline at the head of the bay.
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SGD in Waquoit Bay accounts for 0.028 m3 s-1 or 34 % of the freshwater input to the bay
(Mulligan and Charette, 2006). Assuming a freshwater discharge rate (Qf) of 0.028 m3 s-1 and
a tidally driven circulation rate (Qt) of 0.013 m3 s-1 (Michael, 2004), the calculated flow ratio
(Qf/Qt) is ~2.0. Following the systematic classification of subterranean estuaries presented in
Robinson et al. (2007), with a flow ratio > 1, this subterranean estuary is “stratified”. This
implies that the upper saline plume that may be present in addition to the classical saltwedge, is of minor importance.
5.3 FIELD MEASUREMENTS
A 22-m transect, consisting of seven piezometers perpendicular to the shoreline was installed
in the low-lying region at the head of the bay (Figure 5.1). Porewater samples were taken at
depth intervals of ~0.2 m down to 8 m using a stainless steel drive point piezometer system
(Retract-A-Tip from AMS (Idaho USA), INC.). They were brought to the surface through
acid-cleaned Teflon or polypropylene tubing using a peristaltic pump and filtered through
0.2 µM Millipore Sterivex filters to remove particulates. Measurements of sample pH,
salinity, conductivity, density and O2 were taken in the field using a YSI 600R multi-probe in
a flow through cell. The samples were further analyzed for NO3-, NH4+, PO4, dissolved
organic carbon (DOC) and total dissolved Fe (TDFe), of which a major fraction is in the form
of Fe2+ (Charette et al., 2005). Concentrations of nutrients were measured colorimetrically,
using a Lachat nutrient auto-analyzer (Zellweger Analytics, QuickChem 8000 series).
Analysis of TDFe was carried out on acidified samples (pH 2) using inductively couple
plasma mass spectrometry (ICP-MS), while inductively couple plasma optical emission
spectroscopy (ICP-OES) was used to analyze the major ions (Ca2+, Mg2+, Na+, K+ and Cl-).
DOC was measured using a total organic carbon analyzer. Further details on the methods of
analysis employed during four consecutive field campaigns (2002-2005) can found in Talbot
et al. (2003) and Charette et al. (2005). The time required for the high-resolution sampling of
each piezometer was 4-8 hours, and the entire transect was sampled over seven days.
Therefore, the porewater measurements are assumed representative of tidally-averaged
conditions.
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5.4 REACTIVE TRANSPORT MODEL
A 2D/3D finite element density-dependent model (Spiteri et al., 2007) is used to simulate the
coupled flow and biogeochemistry in the coastal aquifer of Waquoit Bay. A schematic
diagram of the model domain and the values of model parameters used in the simulations
are given in Figure 5.2a. In the model, we impose an impermeable (no flux) boundary
condition at the top and bottom boundaries, implying that the effect of recharge on the local
scale is assumed to be negligible. The lower boundary represents the delimiting confining
layer of the 11 m-deep upper aquifer. The length of the model domain is chosen so that the
steady-state saltwater wedge that develops does not interfere with the left freshwater
boundary. Pressure is imposed on both the freshwater and seawater sides. The effect of tidal
pumping and seasonal variation in freshwater discharge are not taken into account.

Figure 5.2 Schematic diagram of model domain (a), including the set of model
parameters and boundary conditions used in the simulations. The dotted box on the
top right hand side corner encloses the transect of geochemical field measurements
( x = space discretization in x-direction; z = space discretization in z-direction; t =
time step; φ = porosity; αL = longitudinal dispersivity; αT = transverse dispersivity; κ =
permeability). All values of aquifer parameters, except for αT, are taken from Micheal
(2005). αT is found by model-fitting to the salinity data. Resultant velocity vector field
(b) representing density-dependent flow in the coastal aquifer.
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The chemical constituents considered include salt, NO3-, NH4+, PO4, adsorbed phosphate
(PO4(ads)), ferrous iron (Fe2+), iron oxide (Fe(OH)3), dissolved oxygen (O2) and two fractions of
dissolved organic carbon (DOC1 and DOC2) with different reactivities. All chemical species,
except for PO4(ads) and Fe(OH)3, are solute species. The solid species are considered immobile
and hence are only affected by local biogeochemical transformations. The concentration at
the freshwater side is fixed for the solute species and set via trial and error to approximate
the measured profiles at the first piezometer of the transect (PZ-10) (Figures 5.1 and 5.2a). At
the seawater side, seawater is allowed to enter the domain through advection. The boundary
concentrations for each species are given in Table 5.1. The initial concentration of the solid
species (Fe(OH)3 and Pads) is assumed to be zero throughout the entire model domain.
Tables 5.2 and 5.3 show the rate formulations of the six transformation processes, which
include aerobic DOC degradation, denitrification, nitrification, Fe(OH)3 reduction, Fe2+
oxidation and PO4 adsorption onto Fe(OH)3, and the list of reaction parameter values used in
the simulations, respectively. The analysis of the major ions suggests conservative mixing of
groundwater and seawater (Figure 5.3). This implies that at this site, ion exchange processes
due to changes in the position of the freshwater-seawater interface are not significant and
hence, they are not included in the current reaction network. The modeled results presented
here are at steady-state with respect to the solute species and refer to the sampling transect
enclosed in the top right corner in Figure 5.2a.
Table 5.1 Boundary concentrations at the freshwater
and seawater side
Species *
Boundary
Boundary
concentrationconcentrationFreshwater side
Seawater side
Salt
NO3NH4+
PO4
PO4(ads) (s)
O2
DOC1
DOC2
Fe2+
Fe(OH)3 (s)

0.2
0.5 **
0.15 **
0.006 **
0.2 **
1.2 **
0.0
0.1**
-

26.2
0.0
0.03
0.002
0.1
0.75
0.035
-

* units for solutes are in mmol dm-3 pore water, denoted as mM; solids are
in mmol dm-3 solid, denoted as mmol dm-3; units for salt are ‰
** introduced as solute plume sources; the solute concentrations outside
the plumes are set to 0 mmol dm-3 pore water

.
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Table 5.2 The reaction network and kinetic formulations used in the simulations
Name
Reaction
Kinetic Formulation
(a, b)
−
(c)
DOC
+
x
O
+
(
−
y
+
2
z
)
HCO
→
Oxic degradation
2
3
If O 2 > kmo 2 ; Rate = k fox [ DOC ]
2+
(x - y + 2z)CO 2 + yNH 4 + z HPO 4 + (x − y + 2z)H 2 O
[O 2 ]
If O 2 < kmo 2 ;Rate = k fox [ DOC ]
[ kmo 2 ]
DOC + 0.8xNO 3− →
Denitrification
If O 2 > kmo2; Rate = 0
2 + (0.2x - y + 2z)CO 2 + (0.8x + y
yNH 4+ + z HPO 24 - + (0 .6 x − y + 2z)H 2 O

0.4xN
+

- 2z)HCO

3

If O 2 < kmo2 and NO -3 > kmno3;
Rate = k fox [ DOC ]

1−

[O 2 ]
kmo 2

If O 2 < kmo2 and NO 3- < kmno3;
Rate = k fox [ DOC ]

Fe(OH)3
reduction

DOC + 4x ⋅ Fe(OH) 3 + (7 x + y − 2z)CO 2 →
4x ⋅ Fe 2+ + (8x + y − 2z)HCO3- + yNH4+ + zHPO24- + (3x − y + 2z)H 2 O

1−

[O 2 ]
kmo 2

Fe2+ oxidation
P adsorption

NH 4+ + 2O 2 + 2HCO 3- → NO 3- + 2CO 2 + 3H 2 O
Fe

2+

Kd

+ 0.25O 2 + 2HCO + 0.5H 2 O → Fe(OH )3 + 2CO 2

(d)

⋅

(1− )

=

[PO

3

4 ( ads

)

[ PO 4 ]

]

−
3

[ kmno 3 ]

If NO > kmno3; Rate = 0
3

If NO 3- < kmno3 and Fe(OH) 3 > kmfe; Rate = k fox [ DOC ]
If NO 3- < kmno3 and Fe(OH)

Nitrification

[ NO ]

3

< kmfe; Rate = k fox [ DOC ]

[ ][ ]
[Fe ] [O ]

Rate = k nitri NH 4+ O 2
Rate = k feox

2+

2

DOC=(CH2O)x(NH3)y(H3PO4)z, where x, y, z represent the C:N:P ratios, set to 106:11:1 for coastal environments (Van Cappellen and Wang, 1995)
(b) Refers to both fractions of DOC; DOC1 and DOC2.
(c) Refers to the decomposition rate constants of DOC and DOC , respectively.
1
2
(d) Kd, the dimensionless adsorption coefficient, is equal to K*Fe(OH)3.
(a)

1−

[O 2 ]

−

[ NO ]
−
3

kmo 2 kmno 3

1−

[O 2 ]

−

[ NO ] [ Fe ( OH )
−
3

kmo 2 kmno 3

[ kmfe ]

3
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Table 5.3 List of parameters used in the simulations
Parameter
Description
Value
Type*
(units)
kfox1
(s-1)
kfox2
(s-1)
knitri
(mM-1 s-1)
kfeox
(mM-1 s-1)
kmo2
(mM)
kmno3
(mM)
kmfe
(mmol dm-3)
K
(dm3 mmol-1)

Rate constant for
decomposition of
DOC1
Rate constant for
decomposition of
DOC2
Rate constant
for nitrification
Rate constant
for Fe2+
reoxidation
Limiting
concentration of
O2
Limiting
concentration of
NO3Limiting
concentration of
Fe(OH)3
Adsorption
coefficient for PO4

Range in
literature

Source

3.0 x 10-10

C

Canavan et al.,
2006

3.0 x 10-7

M

10-7-103

Hunter et al.,
1988

4.8 x10-5

M

8.8 x10-5

M

1.6 x10-46.4 x10-4
1.1x10-50.5

Hunter et al.,
1988
Canavan et al.,
2006

0.03

C

6.3x10-40.062

Hunter et al.,
1988

0.001

C

Van Cappellen
and Wang, 1995

18.95

C

Van Cappellen
and Wang, 1995
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M

*C=constrained from literature; M=model-derived parameter

Figure 5.3 Distribution of the major cation concentrations (Na+, Mg2+ and Ca2+) versus
salinity in all seven piezometers along the sampling transect. The solid lines indicate
the conservative mixing lines between the freshwater and seawater endmembers for
each cation.
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5.5 RESULTS AND DISCUSSION
5.5.1 Field results
Field data collected over the four sampling years (2002-2005) show similar trends, as
illustrated by the salinity and NO3- profiles in PZ-6 (Figure 5.4). Here, we do not present the
entire field dataset but focus the model application on the June 2004 sampling campaign.
Analysis of the porewater data for the chemical species indicates the presence of two distinct
freshwater “streamlines” with different geochemical composition (Figure 5.5b-f). A distinct
oxidizing, high-NO3- plume is observed at a depth of ~4 m at PZ-10 (Figure 5.5b), underlying
a zone characterized by more reducing conditions, containing high NH4+ (Figure 5.5c), PO4
(Figure 5.5d), Fe2+ (Figure 5.5e) and DOC (Figure 5.5f). As shown by Spiteri et al. (2007), the
occurrence of a reducing NH4+ plume on top of a more oxidizing NO3- plume could result
from simultaneous nitrification and denitrification further inland within the aquifer.

Figure 5.4 Porewater measurements of salinity and NO3- for PZ-6 collected over four
consecutive sampling campaigns (2002-2005).
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Figure 5.5 Measured (dotted line with open circles) and modeled (solid line) depth
profiles for (a) salinity, (b) NO3- and (c) NH4+ in the X-Z plane along the beach
transect. The dashed profiles in panels (b) and (c), PZ-3 and PZ-5, show the model fit
obtained when the high-O2 zone in the surface intertidal sediments is not taken into
account. All porewater measurements were collected in June 2004. The diagonal
dotted line indicates the freshwater-seawater interface based on the salinity
measurements.
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Figure 5.5 Measured (dotted line with open circles) and modeled (solid line) depth
profiles for (d) PO4, (e) Fe2+ and (f) DOC (DOC1 + DOC2) in the X-Z plane along the
beach transect. The dashed profiles in panels (d) and(e), PZ-3 and PZ-5, show the
model fit obtained when the high-O2 zone in the surface intertidal sediments is not
taken into account. All porewater measurements, except for DOC, were collected in
June 2004. Porewater DOC values collected in June 2005 are used due to the higher
quality and completeness of the data set. The diagonal dotted line indicates the
freshwater-seawater interface based on the salinity measurements.
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The two freshwater “streamlines” converge and mix before discharging along the beachface
in the intertidal area at PZ-3 and PZ-5. The intertidal area at the head of the Bay is also
characterized by a zone of iron oxide accumulation, in which the iron content is 10 to 15
times higher than elsewhere in the aquifer (Charette and Sholkovitz, 2002). In the saltwater
wedge, relatively high concentrations of NH4+ (Figure 5.5c) and PO4 (Figure 5.5d) co-occur,
with values falling within the range commonly found in coastal marine sediments (Lohse et
al., 1995; Slomp et al., 1998). NO3- is completely absent both in the saltwater wedge and at the
freshwater-seawater interface (Figure 5.5b).
5.5.2 Modeling results
a. Flow dynamics
Modeled groundwater velocities range from 1.5x10-6 m s-1 (13 cm d-1) at the landward
freshwater side up to 2.7x10-5 m s-1 (235 cm d-1) in the discharge zone (Figure 5.2b), when a
freshwater head of 0.24 m and a hydraulic gradient of 0.004 m m-1 are used. The latter
corresponds to the upper limit of the range of hydraulic gradients measured in the valley
area between high tide (0.002 m m-1) and low tide (0.004 m m-1) (Mulligan and Charette,
2006). The landward velocity falls within the range of 9-43 cm d-1 given in Mulligan and
Charette (2006) for the low-lying region of the bay. It is also in good agreement with their
averaged value of 15 cm d-1, which was calculated using Darcy’s law, hydraulic gradient
data and the geometric mean of measured hydraulic conductivities. As suggested by
Mulligan and Charette (2006), on approaching the coast, the groundwater flow rates increase
due to the constriction of the freshwater in a smaller area. The model predicts the localized
occurrence of SGD along a 0.8 m-wide seepage face on the beach, with an average rate of
1.4x10-5 m s-1 (156 cm d-1) and an average salinity of 5 ‰ (ranging from 0.6 to 14 ‰). In the
saltwater wedge, the flow velocity of the intruding seawater is as low as 2.4x10-7 m s-1 (2 cm
d-1). The resultant modeled salt-wedge is in very good agreement with the measured salinity
profiles (Figure 5.5a), showing a relatively sharp freshwater-saltwater transition zone over a
depth interval of ~1.5 m.
b. Biogeochemical dynamics
The measured and modeled results for NO3-, NH4+ and PO4 are shown in Figure 5b-d. In the
landward section (from PZ-10 to PZ-11), the freshwater NO3- plume travels nearly
conservatively (Figure 5.5b), indicating that the conditions for effective denitrification are not
met. Both nitrification and Fe2+ oxidation are found to be limited by the landward O2 supply,
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resulting in an overestimation of the modeled NH4+ and Fe2+ peaks and concurrent
underestimation of NO3- at PZ-3 and PZ-5 (solid lines in Figure 5b, c and e). This points
towards an additional O2 source in the surface intertidal beach sediments. As reported by
Ullman et al. (2003), tidal pumping and wave action may provide a constant source of O2 to
sustain nitrification, as well as oxic degradation of the locally produced, labile organic matter
higher on the beachface. In line with these observations, the O2 measurements in the surface
intertidal sediments (PZ-3 and PZ-5) indicate higher concentrations, which do not originate
from landward transport but are more likely supplied from the beachface (Figure 5.6). When
a high intertidal O2-zone is considered in the simulations (between x = 52.5 and x = 58.5 m in
Figure 5.2, overlying the freshwater-seawater interface; Figure 5.6), the model fits for both
NO3- and NH4+, as well as Fe2+ are significantly improved (dashed lines in Figure 5.5b, c and
e), due to enhanced nitrification and Fe2+ oxidation.

Figure 5.6 Measured (dotted line with open circles) O2 concentration profiles PZ-11,
PZ-3 and PZ-5 and imposed O2 concentrations (solid line) in the intertidal area. The
diagonal line indicates the freshwater-seawater interface.
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In the scenario with O2 infiltration, model results match closely the observed disappearance
of the Fe2+ plume (Figure 5.5e), the simultaneous precipitation of Fe(OH)3 (not shown) and
subsequent removal of freshwater PO4 through adsorption (Figure 5.5d) in the intertidal
area. The mitigation of the Fe2+ plume is most likely attributed to Fe2+ oxidation with O2
rather than to autotrophic denitrification with Fe2+ as demonstrated by the increasing
measured NO3- concentrations in PZ-3 and PZ-5. The time required to precipitate 103 mmol
dm-3 Fe(OH)3 in the intertidal area, which corresponds to the ~3000 ppm Fe measured in the
intertidal sediment cores taken from the head of Waquoit Bay (Charette et al., 2005), is found
to be 11 years. During the same time period, the model predicts the formation of a maximum
of 3.9 mmol dm-3 or 60 ppm PO4(ads), which falls within the range of 25-200 ppm P found in
the same sediment cores. The thin PO4 plume observed in the saltwater wedge may be
associated with the mobilization of iron oxides (Charette et al., 2005) which possibly occurs
during tidally-driven shifts of the freshwater-seawater interface. Since the modeling results
shown here refer to tidally-averaged, steady-state conditions, such a transient effect is not
captured by the present model formulation.
The relative increase in depth-integrated intertidal NO3- concentration due to nitrification is
found to be 63 % in PZ-3 and 73 % in PZ-5. The model-derived depth-integrated nitrification
rates in PZ-3 and PZ-5 are 4x10-7 and 1.0x10-7 mol m-2 s-1, respectively, while those for Fe2+
oxidation are 5x10-7 and 4.8x10-8 mol m-2 s-1, respectively. This implies that the sharp redox
front that develops in the intertidal area leads to a significant variation in the process rates
(up to one order of magnitude over a distance of 3 m), since the reactants (NH4+ and Fe2+) are
efficiently removed as soon as they are in contact with O2. Both nitrification and Fe2+
oxidation rates computed for the intertidal area in this subterranean estuary are higher than
those reported for freshwater lake sediments (nitrification: 7x10-9 mol N m-2 s-1; Fe2+
oxidation: 3.5 x10-9 mol Fe m-2 s-1; Canavan et al., 2006) and shallow coastal marine sediments
(nitrification: 3.6 x10-9 mol N m-2 s-1; Fe2+ oxidation: 3.5 x10-9 mol Fe m-2 s-1; Wang and Van
Cappellen, 1996). Although the rate constants used here are lower than those reported in
literature (see Table 5.4), the relatively higher process rates in the coastal sediments of
Waquoit Bay could be explained by the predominantly advective transport, which supplies a
higher input of NH4+ and Fe2+ than normally observed in typical freshwater or marine
sediments.
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Results suggest that the terrestrial DOC that reaches the coast is rather refractory, with a
degradation rate constant of 3.0x10-10 s-1 (0.01 yr-1) for DOC1 (Figure 5.5f). The model,
however, overestimates the concentrations of the terrestrial refractory DOC in the intertidal
area. The simulation also reveals that the relatively high NH4+ and PO4 porewater
concentrations in the saltwater wedge could be produced from the degradation of labile
DOC (DOC2) of marine origin. If a degradation rate constant of 3.0x10-7 s-1 (10 yr-1) is used
(Figure 5.5c, d and f), the model is able to reproduce the significant drop in DOC2 from ~0.7
mM at PZ-12 to 0.1 mM at PZ-5. This second source of reactive DOC possibly originates from
the leaching of organic matter deposits, derived from the brown and green algal blooms that
cover the bay, beach and intertidal area in late spring and summer (Charette et al., 2005).
Under transient conditions, there is a dynamic interplay between the seawater influx of
NH4+, its production through organic matter degradation and its removal through
nitrification. The NO3- produces by nitrification is then consumed completely in the
degradation of labile organic matter in the anoxic waters of the saltwedge.
5.5.3 SGD of nutrients
A budget of NO3-, NH4+ and PO4 for the entire coastal aquifer of Waquoit Bay is shown in
Figure 5.7. A comparison of the computed fluxes of nutrients through SGD (Figure 5.7a, c
and e) clearly shows that NO3- is the major nutrient source to the bay, with fluxes being 16
and 80 times higher than those of NH4+ and PO4, respectively. By far, the most prominent
nutrient transformation process is nitrification. In fact, the contribution of nitrification to
SGD of NO3- exceeds the groundwater input of NO3- from terrestrial sources (Figure 5.7a, b).
The input of NH4+ is almost entirely removed through nitrification (Figure 5.7c). Seawater
contributes to one third of the PO4 influx into the subterranean estuary, whereas the influxes
of NO3- and NH4+ are predominantly freshwater. The ratio of the average dissolved
inorganic nitrogen (DIN=NO3- + NH4+) and PO4 concentrations (N:P ratio) in the SGD is
found to be 50. This is the result of the limited removal of NO3- through denitrification
(Figure 5.7b), in combination with efficient PO4 sorption as groundwater flows through the
“iron curtain” (Figure 5.7f).
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Figure 5.7 Calculated water influx rates (fw = freshwater; sw = seawater), net
transformation rates due to reaction and efflux rates through SGD for (a) NO3-, (c)
NH4+ and (e) PO4 in mol s-1 m-1 shoreline. Panels (b), (d) and (f) show the rates of the
biogeochemical reactions which add up to the net transformation rates for NO3-, NH4+
and PO4, respectively.

Table 5.4 shows the nutrient discharge rates extrapolated over the entire length of the
shoreline along the valley (210 m; Mulligan and Charette, 2006), as well as the normalized
fluxes per unit seepage area, assuming a seepage width of 0.8 m. Up to 95 % of the total DIN
flux (2.9x10-4 mol s-1) is in the form of NO3-. There is a significant discrepancy between the
estimate of DIN flux derived from this study and that given in Charette et al. (2001) (2.4x10-2
mol s-1) for the same bay. In Charette et al. (2001), the calculation of the flux is based on a
DIN concentration in the groundwater along the shoreline of 0.058 mM, which is very close
to our average DIN concentration in SGD (0.057 mM), and a radium-derived volumetric SGD
rate of 0.43 m3 s-1 (most of which is saline). However, the SGD rate was calculated over the
total surface area of the bay (39x105 m2), which is much larger than the seepage face
considered in this study (0.8 m x 210 m). Therefore, when the DIN loading is expressed in
moles per unit time per unit area, the estimate of Charette et al. (2001) for the whole bay is in
fact much lower (~500 µmol m-2 d-1) than the one obtained in this study (1.5 x105 µmol m-2 d-1;
Table 5.4). The discrepancy between the two estimates shows that upscaling of results
obtained from local studies should account for spatial variability.
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Table 5.4 Nitrogen and phosphorus fluxes through SGD
Nutrient fluxes
mol s-1 *
µmol m-2 d-1 **
-4
DIN
2.9x10
1.5 x105
NO32.7x10-4
1.4 x105
+
-5
NH4
1.7x10
8.7 x103
PO4
3.4x10-6
1.8 x103
*assuming a shoreline length along the valley of 210 m
** assuming a seepage face of 0.8 m

5.5.4 Scenarios
In this section, we assess the effect of specific parameters that might alter the present-day
biogeochemical dynamics in the subterranean estuary of Waquoit Bay. In particular, the
response of the model to a change in the reactivity of terrestrial DOC, an increase in
landward PO4 source concentration and a change in the flow regime is investigated.
a. Increased reactivity of terrestrial DOC
We assess the effect of a hypothetical discharge of a highly reactive DOC1 (kfox1 = 0.1 yr-1)
which could originate from the natural seepage of the eutrophied ponds located upstream in
the head of Bay. Results show that despite the increase in organic carbon reactivity compared
to the baseline simulation, denitrification remains marginal. This is because NO3- removal is
predominantly limited by the lack of spatial overlap between the DOC and NO3- plumes.
Upon convergence of the two plumes within the intertidal area, denitrification is still
inhibited by the presence of O2 in the surface sediments. Conversely, nitrification of the NH4+
produced from the degradation of the reactive DOC1 fraction causes the NO3- concentration
in PZ-3 and PZ-5 to increase by up to 20 % (not shown). Therefore, given the present flow
conditions in Waquoit Bay, NO3- removal is not limited by organic carbon reactivity.
b. Efficiency of the “iron curtain”
The capacity of the “iron curtain” to attenuate PO4 concentrations is tested by comparing the
SGD of PO4 with (Section 5.5.2b) and without the presence of the “iron curtain” in the
intertidal area. The flow field is identical in both cases and is used to simulate the
propagation of a freshwater source contaminated with PO4. The selected concentration (0.18
mM) falls within the range observed in groundwater systems affected by wastewater
discharge (e.g., Robertson, 1995; Wilhelm et al., 1994). The breakthrough curve obtained for
the scenario without “iron curtain” shows a sharp increase in SGD of PO4 roughly 100 days
after the start of infiltration (Figure 5.8). In the presence of an “iron curtain” in the intertidal
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zone, the increase in PO4 concentration in the SGD is significantly slower and more gradual.
In this case, the predicted PO4 concentration after 1000 days is still as low as 0.005 mM, with
a retardation factor of 104. Therefore, considering that PO4 concentrations on the order of
0.001 mM (~0.03 mg/L) are sufficient to stimulate algal growth in aquatic environments
(Dillon and Rigler, 1974; Schindler 1977), Fe oxide accumulations in coastal aquifers can act
as important geochemical barriers and could help prevent coastal eutrophication.

Figure 5.8 Breakthrough curves for PO4 concentration in SGD in the (i) absence and
(ii) presence of an “iron curtain”. Note that the latter scenario assumes no feedback of
the formation of the “iron curtain” on the flow pattern.

c. Effect of sealevel rise
A global-scale sealevel rise of 40 to 65 cm is predicted by the year 2100 (Gornitz, 1995). Here,
we simulate the effect of a 50 cm-increase in sealevel on the biogeochemistry of the
subterranean estuary in Waquoit Bay. In this case, taking into account the average slope of
the land surface, the seawater infiltration along the beachface could be extended significantly
and occur over a distance of at least 4m (between x = 56 and x = 60 m; Figure 5.2). The
simulation reveals an upward shift in the freshwater-seawater interface by roughly 1 m as a
result of the sealevel rise. This leads to a constriction of the freshwater part of the aquifer and
a landward movement of the zone of seepage. Yet, the model predicts only a marginal
increase in the overlap of the redox plumes. Assuming that the O2 penetration is limited by
the freshwater-seawater interface (Figure 5.6), the upward shift in the saline front results in a
decrease in the nitrification rate (Figure 5.9b, d), which is no longer the main contributor of
NO3- to SGD (Figure 5.9a). Production of NH4+ and PO4 from DOC2 degradation (Figure 5.9d,
f) becomes also slightly more important, due to the increased influx of labile marine DOC2.
Yet, overall, the SGD of DIN and PO4 are relatively insensitive to variations in the sealevel.
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Figure 5.9 Calculated water influx rates (fw = freshwater; sw = seawater), net
transformation rates due to reaction and efflux rates through SGD for (a) NO3-, (c)
NH4+ and (e) PO4 in mol s-1 obtained when a hypothetical 50 cm sealevel rise is
assumed. Panels (b), (d) and (f) show the rates of the biogeochemical reactions which
add up to the net transformation rates for NO3-, NH4+ and PO4, respectively.

5.6 CONCLUSIONS
A reactive transport modeling approach is used to characterize the biogeochemical dynamics
in the subterranean estuary of Waquoit Bay (Figure 5.10). Results reveal the presence of three
distinct zones within the coastal aquifer. In the landward part (PZ-10 to PZ-11), redox
transformation processes are limited by the lack of spatial overlap between the two
freshwater “geochemical streamlines” and result in nearly conservative transport of the
solute species. In particular, the model predicts marginal NO3- removal through
denitrification, even if the reactivity of the terrestrial DOC is increased by one order of
magnitude.
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Figure 5.10 Schematic representation of the nutrient distributions and biogeochemical
transformations in the subterranean estuary of Waquoit Bay

As the groundwater travels seawards, the redox plumes overlap and mix completely in the
highly reactive intertidal area. Despite the very high advective groundwater flow rates prior
to seepage, the continuous supply of O2 from the beachface sustains elevated nitrification
and Fe2+ oxidation rates. The latter leads to the formation of an “iron curtain” onto which
PO4 effectively sorbs. This narrow and dynamic mixing zone is currently poorly resolved
and warrants further experimental studies. In the saltwater wedge, the degradation of the
labile marine-derived DOC is a dominant process and results in elevated NH4+ and PO4
porewater concentrations. While DIN concentrations in SGD reflect those of the freshwater
source, the concentrations of PO4 in SGD are significantly reduced due to the adsorption on
the iron oxide-rich barrier near the beachface. As a result, the N:P ratio of SGD is close to 50.
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Abstract

A two-dimensional density-dependent reactive transport model, which couples
groundwater flow and biogeochemical reactions, is used to investigate the fate of
nutrients (NO3-, NH4+ and PO4) in idealized subterranean estuaries representing four
end members of oxic/anoxic aquifer and seawater redox conditions. Results from the
simplified model representations show that the prevalent flow characteristics and
redox conditions in the freshwater-seawater mixing zone determine the extent of
nutrient removal and the input of nitrogen and phosphorus to coastal waters. At low
to moderate groundwater velocities, simultaneous nitrification and denitrification
can lead to a reversal in the depth of freshwater NO3- and NH4+-PO4 plumes,
compared to their original positions at the landward source. Model results suggest
that autotrophic denitrification pathways with Fe2+ or FeS2 may provide an
important, often overlooked link between nitrogen and phosphorus biogeochemistry
through the precipitation of iron oxides and subsequent binding of phosphorus.
Simulations also highlight that deviations of nutrient data from conservative mixing
curves do not necessarily indicate nutrient removal.
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6.1 INTRODUCTION
The discharge of groundwater into nearshore marine environments, often termed submarine
groundwater discharge (SGD), is an important transport pathway for a variety of dissolved
chemical species such as nutrients, metals, radionuclides and organic compounds (Burnett et
al., 2006; Charette and Sholkovitz, 2006; Paytan et al., 2006; Windom et al., 2006). The
SCOR/LOICZ report (2004) gives an annual global estimate of freshwater SGD of 2400 km3,
which makes up ~6 % of the world’s river discharge, whereas previous estimates of global
SGD vary between 0.01 to 10 % of surface runoff (Church, 1996). There is also a wide
variation in the reported worldwide SGD rates, which range from 0.03 to 454 m yr-1, most of
which fall below 36 m yr-1 and may consist of both freshwater and recirculated seawater
(Taniguchi et al., 2002). Especially in areas strongly influenced by human activities,
freshwater SGD can contain high concentrations of nutrients and can significantly contribute
“new” nutrients to the coastal zone (e.g., Capone and Bautista, 1985; Slomp and Van
Cappellen, 2004). For example, in a field study of the seasonal groundwater contribution to
the nutrient budget of Tomales Bay, California (Oberdorfer et al., 1990), the dissolved
nutrient concentrations in groundwater were consistently an order of magnitude higher than
values in surface water discharge. Johannes (1980) also observed that the nitrate (NO3-) levels
in SGD in the Perth area, Australia, were significantly higher than in surface runoff, with a
conservative ratio estimate of 3:1. Note, however, that in areas with low freshwater discharge
rates, recirculated seawater is often the major component of SGD and may contribute to
coastal recycling of nutrients (Burnett et al., 2007). Overall, groundwater concentrations of
nutrients in various parts of the world are often two to three orders of magnitude greater
than concentrations in typical coastal waters (Slomp and Van Cappellen, 2004). Therefore,
even if SGD rates may be lower than surface runoff, groundwater may still constitute an
important source of NO3- to the coastal zone.
The discharge of groundwater contaminated with both nitrogen (N) and phosphorus (P), for
example, originating from fertilizer/manure leachates and waste-water from septic systems,
can lead to changes in the structure and function of shallow coastal ecosystems (e.g.,
Johannes, 1980). As a result of P adsorption onto iron- and aluminum-oxides in soils,
sediments, aquifers and coastal sands (Krom and Berner, 1980; Frossard et al., 1995; Spiteri et
al., 2006), P loading through freshwater SGD is typically well-attenuated (Sewell, 1982;
Johannes and Hearn, 1985). This may alter the dissolved inorganic nitrogen to phosphorus
(N:P) ratios of SGD, trigger eutrophication in N-limited coastal waters (Howarth, 1988) and
123

Chapter 6

promote the growth of algal blooms (Sewell, 1982; LaRoche et al., 1990; Paerl, 1997).
Ultimately, freshwater SGD with N:P ratios higher than the requirements of phytoplankton
may drive coastal production towards P-limitation (Slomp and Van Cappellen, 2004).
Most studies to date have focused on the identification of hotspots for SGD and
quantification of SGD rates (Cable et al., 1996; Corbett et al., 1999; Crusius et al., 2005;
Burnett et al., 2006). Groundwater-derived nutrient fluxes are commonly estimated (i) by
multiplying SGD rates or inland groundwater flow rates with the average nutrient
concentrations in groundwater (Lapointe et al., 1990; Oberdorfer et al., 1990; Giblin and
Gaines, 1990; Boehm et al., 2006; Swarzenski et al., 2006), (ii) by using mass balance
calculations/nutrient budgets (Valiela et al., 1990; Weiskel and Howes, 1992) or (iii) by
applying loading models based on empirical relationships (Weiskel and Howes, 1991; Valiela
et al., 1997), particularly in catchment-scale studies. All three approaches used for the
quantification of coastal nutrient fluxes are subject to assumptions and large uncertainties.
For example, groundwater flow rates can fluctuate spatially as well as temporally, and
nutrient concentrations in groundwater can vary spatially by several orders of magnitude
(Giblin and Gaines, 1990). Thus, the determination of nutrient fluxes from point
measurements might not always be representative. Flux estimates based on loading models
also require many assumptions on the subsurface transport, human occupancy, initial
loading rates and transport behaviour (Weiskel and Howes, 1991), all of which could lead to
substantial uncertainties in SGD estimates.
As pointed out in Giblin and Gaines (1990) and Slomp and Van Cappellen (2004), the
chemical composition of SGD is not only affected by the landward freshwater sources and
discharge rates, but also by the reactions within the subterranean estuaries, the mixing zone
of freshwater and seawater in coastal aquifers (Moore, 1999). Nutrient dynamics in these
coastal mixing zones, and hence SGD of nutrients, are strongly influenced by the redox
characteristics of the freshwater and seawater end members (Capone and Slater, 1990;
Uchiyama et al., 2000; Charette and Sholkovitz, 2002; Ueda et al., 2003; Nyvang, 2003).
Nonetheless, in many field studies of SGD, this near-shore removal and transformation of
nutrients is not accounted for.
In this study, we quantify nutrient (NO3-, NH4+, PO4) inputs to the coastal ocean through
SGD, accounting for the redox-dependent transformation and removal processes that occur
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prior to discharge using reactive transport modeling. In a recent review, Slomp and Van
Cappellen (2004) discussed the effect of the prevailing biogeochemical reactions of the
discharge of N and P for four redox-end member settings:
Case 1): oxic groundwater meeting oxic seawater
Case 2): oxic groundwater meeting anoxic seawater
Case 3): anoxic groundwater meeting oxic seawater
Case 4): anoxic groundwater meeting anoxic seawater
We adopt this classification to assess the relevance of the processes postulated in their
conceptual models and to study the key factors controlling nutrient loadings to coastal areas,
using a two-dimensional (2D) density-dependent process-based reactive transport model.
The main aims of this study are i) to identify those processes and conditions relevant for the
mitigation of N and P prior to SGD, and ii) to quantify their respective fluxes into the coastal
ocean in the four end member settings. The fresh groundwater is assumed to be
contaminated with shallow NO3- and NH4+-PO4 plumes, which typically originate from
sewage effluents along the coast. We first perform four baseline simulations to assess the
impact of prevalent redox conditions on nutrient distributions in the aquifer, nutrient fluxes
and the resulting N:P ratios of SGD. Then we perform a sensitivity analysis to assess the role
of specific aquifer parameters, such as transverse dispersivity (αT), and additional reactions
on the nutrient biogeochemistry in coastal aquifers. The latter include denitrification with
Fe2+ and pyrite as electron-donors, removal of PO4 through hydroxyapatite precipitation, as
well as an investigation of the interplay between flow rates and dissolved organic matter
(DOM) reactivity on NO3- production/removal through nitrification/denitrification.

6.2 MODEL SETUP
A schematic diagram of the rectangular model domain, representing a typical shallow
coastal aquifer system, and the corresponding aquifer parameters are given in Figure 6.1. A
uniform grid ( x = 0.6 m;

z = 0.33 m) is used for discretization of the model domain,

resulting in a total of 6000 elements. The time step is fixed at 6480 seconds. The imposed
fresh groundwater head (Figure 6.1) ensures that the steady-state saltwater wedge does not
interfere with the landward boundary. The solute chemical constituents included in the
model are salinity, NO3-, NH4+, PO4, Ca2+, DOM, Fe2+ and O2, while Ca5(PO4)3OH, Fe(OH)3,
FeS2 and adsorbed P (PO4(ads)) are solid species. Table 6.1 provides the concentrations in the
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different parts of the aquifers assumed in the four cases. Oxic and anoxic groundwater is
impacted by a NO3- plume, which is presumably produced as the groundwater travels
through the predominantly oxic unsaturated zone, while an NH4+ plume is only present in
anoxic groundwater (Cases 3 and 4). A PO4 plume is considered in all cases, but with a much
lower concentration in the oxic groundwater, owing to the presumably extensive removal in
the unsaturated zone through sorption (Cases 1 and 2).

Figure 6.1 Schematic diagram of the model setup, showing the model domain,
boundary conditions, aquifer parameters (φ= porosity; αL= longitudinal dispersivity;
αT =transverse dispersivity; κ=permeability), and the depths of the nutrient source
plumes. The freshwater head of 0.4 m imposed at the landward boundary in the
baseline simulations results in a hydraulic gradient of 0.0067 m m-1.

The reaction network, comprised of 9 kinetic reactions, and the corresponding reaction
parameters are given in Tables 6.2 and 6.3, respectively. DOM degradation (Table 6.2)
proceeds from aerobic respiration to denitrification to Fe(OH)3 reduction, assuming a first
order rate with respect to the electron donor, DOM, and a linearized Monod dependency on
the electron acceptor. Pyrite oxidation with O2 and denitrification with pyrite follow a
similar step-wise inhibition sequence used for DOM degradation, with a first order
dependency on O2 and NO3-, respectively (Wriedt and Rode, 2006). Nitrification and Fe2+
oxidation with O2 and NO3- are described by bimolecular rate laws. The removal of P
through adsorption of dissolved PO4 is included as the instantaneous redistribution of total
PO4 into dissolved and adsorbed P. Sorption is represented by a sorption isotherm, in which
the adsorption coefficient (Kd) is a function of the concentration of Fe(OH)3 (Table 6.2). The
rate of hydroxyapatite (Ca5(PO4)3OH) precipitation depends on the degree of mineral underor supersaturation of the groundwater (Table 6.2), following the formulation in Spiteri et al.
(2007a). The current model does not explicitly account for the production/consumption of
protons (Table 6.2) and the effect of pH on particular reaction kinetics. Moreover, the non-
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linear effects of pH in the freshwater-seawater mixing zone (e.g., Wigley and Plummer, 1976)
are not considered.
Table 6.1 Concentrations of the different species assumed in the four water
types
Species *
Concentration Concentration Concentration Concentration
in oxic
in anoxic
in oxic
in anoxic
groundwater
groundwater
seawater
seawater
Salinity
NO3NH4+
PO4
PO4(ads) (s)
O2
DOM
Fe2+
Fe(OH)3 (s) ***
FeS2 (s) ***
Ca2+
Ca5(PO4)3OH (s)
N:P ratio****

0.28 (a)
0.25 (b) **
0.001 (b) **
0.05 (b)
n.a
250

0.28 (a)
0.25 (b) **
0.2 (d) **
0.05 (b) **
0.0
0.75 (d)
0.1 (a)
25.0 (e)
1.0 (d)
9

27.0 (a)
0.02 (c)
0.001 (c)
0.2 (c)
25.0 (e)
10.5 (c)
-

27.0 (a)
0.01 (d)
0.3 (d)
0.0
0.33 (d)
0.1 (a)
25.0 (e)
6.7 (d)
-

(a) Charette et al., 2005; (b) Slomp and Van Cappellen, 2004; (c) Berner and Berner, 1996; (d) Nyvang, 2003; (e)
equivalent to 10 mmol kg-1; Appelo and Postma, 2005.
(-) low concentrations, assumed to be 0; n.a.- not available
* units for solutes are in mmol dm-3 pore water, denoted as mM; solids, (s), are in mmol dm-3 solid, denoted as mmol
dm-3; units for salinity are ‰.
** anthropogenic plumes; NO3- plume at 8-12 m depth; NH4+/PO4 plumes co-occur at 12-16 m depth; background
concentrations set to 0.
*** Fe(OH)3 is formed “in situ” at the redox boundary, whereas pyrite is assumed to be uniformly present throughout
the whole domain
**** Note that the computed N:P ratios as the freshwater sources assume the spatial overlapping of the (NO3- + NH4+)
and PO4 plumes.

Model calculations are performed for a saturated porous medium, using the classical Darcy
flow approximation. In each time step, the pressure field is first calculated, taking into
account density variations as a linear function of salinity. From the calculated pressure field,
the velocity field is derived using the Darcy law, and the anisotropic dispersion tensor is
obtained for the given longitudinal and transverse dispersivities (αL, αT, respectively;
Scheidegger, 1961). Concentration fields are then computed by solving the equations for
conservation of mass for all species, considering diffusive/dispersive and advective
transport for solutes. We use a Galerkin finite element formulation for spatial discretization
and a conjugate gradient approach to solve the linear set of equations at each time step
(Reddy, 1993; Meile and Tuncay, 2006). Details of the mathematical model are provided in
the appendix.
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Table 6.2 The reaction network and kinetic formulations used in the model
Name
Reaction
Kinetic formulation
Reaction network used in “Base simulations”
*
(CH 2 O) x (NH 3 ) y (H 3 PO 4 ) z + x ⋅O 2 + ( − y + 2 z ) HCO 32−
Oxic
If O 2 > kmo 2 ;Rate = k fox [ (CH 2 O) x (NH 3 ) y (H 3 PO 4 ) z ]
2+
degradation
[O 2 ]
→ (x - y + 2z)CO 2 + yNH 4 + zHPO 4 + ( x − y + 2 z ) H 2 O
If O 2 < kmo 2 ;Rate = k fox [ (CH 2 O) x (NH 3 ) y (H 3 PO 4 ) z ]
[ kmo 2 ]
Denitrification (CH O) (NH ) (H PO ) + 0.8x⋅NO
If O 2 > kmo2; Rate = 0
2

x

3

y

3

4

z

−
3

→ 0.4x⋅ N 2 + (0.2x- y + 2z)CO 2 + (0.8x+ y -2z)HCO 3- + yNH +4 + zHPO 24- + ( 0.6 x − y + 2 z ) H 2 O

If O 2 < kmo2 and NO 3- > kmno3; Rate = k fox [(CH 2 O) x (NH 3 ) y (H 3 PO 4 ) z

]

1−

If O 2 < kmo2 and NO -3 < kmno3; Rate = k fox [ (CH 2 O) x (NH 3 ) y (H 3 PO 4 ) z

Fe(OH)3
reduction

Fe2+
reoxidation
PO4
adsorption**

]

(CH 2 O) x (NH 3 ) y (H 3 PO 4 ) z + 4x⋅Fe ( OH ) 3 + ( 7 x + y − 2 z ) CO 2

If NO > kmno3; Rate = 0

→ 4x⋅Fe 2+ + (8x + y − 2z)HCO 3- + yNH 4+ + zHPO 24- + ( 3 x − y + 2 z ) H 2 O

If NO -3 < kmno3 and Fe(OH) 3 > kmfe; Rate= k fox [(CH 2 O) x (NH 3 ) y (H 3 PO 4 ) z

NH

Fe

+
4

2+

+ 2O 2 + 2HCO

3

→ NO 3- + 2CO

2

+ 3H 2 O

+ 0.25O2 + 2HCO +0.5 H 2 O→ Fe ( OH ) 3 +2 CO 2

[PO 4 ( ads )
Kd ⋅
=
1−
[ PO 4 ]

3

]

1−

[O 2 ]
kmo 2

3

If NO 3- < kmno3 and Fe(OH) 3 < kmfe; Rate=k fox [ (CH 2 O) x (NH 3 ) y (H 3 PO 4 ) z

Nitrification

[O 2 ]
kmo 2

] [O ]
[Fe ] [O ]
[

Rate = k nitri NH 4+
Rate = k feox

2+

2

2

]

1−

]

[O 2 ]

1−
−

[ NO ]
−
3

[ kmno 3 ]

[O 2 ]

−

[ NO ]
−
3

kmo 2 kmno 3

[ NO ] [ Fe ( OH ) ]
−
3

kmo 2 kmno 3

[ kmfe ]

3

Table 6.2 cont.
Extended reaction network used in “Sensitivity Analysis”
5Fe 2+ + NO 3− + 12H 2 O → 5Fe(OH)3 + 0.5N 2 + 9H +
Denitrification via Fe2+
Pyrite oxidation

[

Rate = k feno3 Fe 2 +

] [NO ]
3

If O 2 > kmo 2 ; Rate= k pyox [ O 2

FeS 2 + 3.5 O 2 + H 2 O → Fe 2+ + 2 SO 24− + 2 H +

If O 2 < kmo 2 ;Rate = k pyox [ O 2

Pyrite denitrification

FeS 2 + 2.8 NO 3− + 0.8 H + → Fe 2 + + 2 SO 24 − +1.4 N 2 + 0.4 H 2 O

]
]

[O 2 ]
[ kmo 2 ]

If O 2 > kmo2; Rate = 0
If O 2 < kmo2 and NO -3 > kmno3; Rate = k pydenit [ NO 3-

]

If O 2 < kmo2 and NO 3- < kmno3; Rate = k pydenit [ NO -3

Hydroxyapatite precipitation

5Ca + 3HPO + H 2 O →Ca 5 ( PO4
2+

24

) 3 ( OH)+4 H

+

* x, y, z represent the C:N:P ratios set as 106:11:1 for coastal environments (Van Cappellen and Wang, 1995)
** This is not a kinetic reaction but an instantaneous redistribution of PO4total into PO4 and PO4(ads) . Kd = K*Fe(OH)3
*** ΩHA= [Ca 2 + ]5 ⋅ [HPO 2 − ]3 where rate=0 if ΩHA<1. For salinity <25 ‰, pH=7.0; salinity >25 ‰, pH=8.2.

[H ]

+ 4

4

⋅ K HA

Rate= kHA(ΩHA − 1)

***

1−

]

[O 2 ]
kmo 2
1−

[O 2 ]
kmo 2

[ NO ]
−
3

[ kmno 3 ]
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Table 6.3 The reaction network and kinetic formulations used in the model
Parameter (units)
Description
Value
kfox (s-1)
Rate constant for decomposition of
3.0 x 10-9 (a)
DOM
knitri (mM-1 s-1)
Rate constant for nitrification
4.8 x10-4 (a)
-1
-1
2+
kfeox (mM s )
Rate constant for Fe reoxidation
6.4 x10-2 (a)
kmo2 (mM)
Limiting concentration of O2
0.008 (a)
kmno3 (mM)
Limiting concentration of NO3
0.001 (a)
kmfe (mM)
Limiting concentration of Fe(OH)3
18.95 (a)
-1
-1
2+
kfeno3 (mM s )
Rate constant for Fe denitrification
6.4 x10-2 (b)
kpyox (s-1)
First order rate constant for pyrite
3.7 x10-7 (c)
oxidation
kpydenit (s-1)
First order rate constant for pyrite
2.2 x10-8 (d)
denitrification
KHA (-)
Solubility product for Ca5(PO4)3(OH)
3.8 x10-4 (e)
-3
-1
kHA (mmol dm s )
Rate constant for Ca5(PO4)3(OH)
2.3 x 10-15 (f)
precipitation
3
-1
K (dm mmol )
Adsorption coefficient for PO4
1545 (g)
(a) Van Cappellen and Wang, 1995; (b) assumed to be equal to the value for Fe2+ reoxidation with O2; (c) Kamei and
Ohmoto, 2000; (d) Frind et al., 1990; (e) PHREEQE database; (f) Inskeep and Silvertooth, 1988; (g) calculated assuming a
Fe(OH)3 concentration of 0.2 mmol dm-3 and a dimensionless Kd of 309, Krom and Berner, 1980.

In the model, we impose an impermeable (no flux) boundary condition at the top and
bottom boundaries (Figure 6.1). The lower boundary represents a delimiting confining layer,
while recharge at the water table is assumed negligible. Pressure is imposed on both the
freshwater and seawater sides. The concentration at the freshwater side is fixed for all
species, whereas at the seawater side, seawater is allowed to enter the domain through
advection. The effect of tidal pumping and seasonal variation in freshwater discharge are not
taken into account. The boundary conditions and initial concentrations are given in Figure
6.1 and Table 6.1, respectively. Our model setup depicts a subterranean estuary with
representative fluid compositions and domain-scale aquifer characteristics, but does not
account for any geological and hydrological heterogeneities.
6.3 RESULTS AND DISCUSSION
6.3.1 Baseline Simulations
a. Flow dynamics
The modeled velocity field and corresponding salt wedge which penetrates a landward
distance of 45 m at steady-state are shown in Figure 6.2a and b, respectively.

The

groundwater discharge into the sea, composed of freshwater and recirculated seawater SGD,
is characterized by positive velocities, implying outflow in the sea. Due to the constriction of
the groundwater flow into a narrow zone, as illustrated by the converging velocity vectors in
Figure 6.2a, the maximum linear horizontal velocities reach as high as 100 m yr-1, contrasting
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with a velocity of ~2 m yr-1 for the inflowing seawater (Figure 6.2c). The salinity profile at the
seaward boundary (Figure 6.2d) shows a sharp interface between SGD and the inflowing
seawater at a depth of ~4.5 m.

Figure 6.2 Resultant velocity vector field (a) and steady-state Ghyben-Herzberg type
saltwedge formed in the model coastal aquifer (b). Panel (c) shows the x-velocity
profile over the top 10 m depth at the seaward boundary, where the average SGD rate
of ~50 m yr-1 falls within the worldwide range of 0.03-454 m yr-1 (Taniguchi et al.,
2002). Panel (d) shows the salinity profile over the top 10 m depth at the seaward
boundary. The horizontal dotted lines in panels (c) and (d) indicate the (freshwater
and recirculated seawater)-seawater interface, based on the x-velocity profile in (c).

b. Nutrient distributions
Modeled steady-state concentration distributions of NO3-, NH4+ and PO4 for Cases 1-4 are
shown in Figure 6.3. A set of analogous simulations are also performed in which all reactions
are turned off, referred to as “conservative” runs. For comparison, Figure 6.4 shows the
steady-state concentration profiles of the most important solute species at the seaward
boundary, plotted together with the respective “conservative” profiles.
In Case 1, the N and P species in the completely oxic model subterranean estuary show very
limited transformation or removal (Figure 6.4a-e), due to the absence of reactive DOM (Table
6.1). The seaward conservative propagation of the NO3- plume follows a tangential flow
path, bending upwards over the saltwater wedge, owing to the density variations between
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the freshwater and seawater. A significant drop in the peak discharge concentration of both
NO3- and PO4, relative to the source concentrations, is observed as a result of
dispersion/dilution (Figure 6.3a and c). In general, NO3- is expected to be the predominant
nutrient in oxic subterranean estuaries.
The interaction of oxic groundwater with anoxic seawater in Case 2 affects the NH4+ profile
at the seaward boundary (Figure 6.4g). Nitrification lowers the NH4+ concentrations in the
freshwater part, whereas NH4+ concentration increases (from 0.01 to ~0.02 mM; Figure 6.3e)
in the seawater wedge due to DOM degradation. The NH4+ transported in the anoxic
seawater is nitrified to NO3- as it meets the O2 in the oxic groundwater, slightly increasing
the NO3- concentrations along the interface (Figure 6.4f). The net removal of NO3- from the
entire model domain is only marginal, mainly because denitrification is hindered by the
presence of O2 in the oxic groundwater. These results are in qualitative agreement with field
observations by Uchiyama et al. (2000) who report the occurrence of high NO3concentrations near the shore of Hasaki Beach in Japan, which they attribute to nitrification
in the inland aerobic aquifer. Towards the shoreline, dissolved N in the freshwater part
mixes with N supplied from the mineralization of organic matter from the seabottom,
analogous to our modeled NH4+-rich seawater end member. A net removal of modeled PO4
is observed along the oxic/anoxic interface (Figure 6.4h) since PO4 is absorbed on the iron
oxides that form at the redox boundary (not shown). This retention of PO4 gives rise to a
restricted landward penetration of the seawater PO4 front (Figure 6.3f).
The nutrient distributions and species profiles obtained in Case 3, where anoxic groundwater
meets oxic seawater, are given in Figures 6.3g-i and 6.4k-o. Here, significant NO3- attenuation
through denitrification is observed in the anoxic aquifer (Figure 6.3g). Comparison of the
NO3- and NH4+ profiles with the “conservative” profiles indicates the occurrence of both
nitrification and denitrification along the redox front. At the seaward boundary,
denitrification lowers the peak NO3- concentration from ~0.06 mM to ~ 0.02 mM at a depth of
1 m while a new NO3- peak develops at a depth of ~3 m due to nitrification (Figure 6.4k). The
upward shift in the NH4+ plume also reflects the occurrence of nitrification and
denitrification, with a depletion of NH4+ at a depth of ~ 3m and a production at ~ 1m (Figure
6.4l; Table 6.2). The PO4 plume is attenuated through sorption to concentrations as low as
0.005 mM prior to coastal discharge. Significant removal of PO4 through adsorption is also
often
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Figure 6.3 Simulated 2D distributions for NO3-, NH4+ and PO4 obtained for Case 1 (oxic groundwater-oxic seawater), Case 2 (oxic groundwateranoxic seawater), Case 3 (anoxic groundwater-oxic seawater) and Case 4 (anoxic groundwater-anoxic seawater) at steady-state with respect to
the solute species. Note that the arrow in panel (f) indicates the landward penetration of the seawater PO4 if conservative conditions are
assumed.
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Figure 6.4 NO3-, NH4+, PO4, O2 and DOM steady-state concentration profiles at the
seaward boundary for the top 10 m depth (solid lines) after a simulation period of
1000 days for Cases 1 (panels a-e) and 2 (panels f-j) , compared with their respective
conservative profiles (dashed lines). The horizontal dotted line indicates the
(freshwater and recirculated seawater)-seawater interface, based on the x-velocity
profile in Figure 6.2c.
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Figure 6.4 NO3-, NH4+, PO4, O2 and DOM steady-state concentration profiles at the
seaward boundary for the top 10 m depth (solid lines) after a simulation period of
1000 days for Cases 3 (panels k-o) and 4 (panels p-t) , compared with their respective
conservative profiles (dashed lines). The horizontal dotted line indicates the
(freshwater and recirculated seawater)-seawater interface, based on the x-velocity
profile in Figure 6.2c.
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observed in field studies. For example, the maximum P concentration in SGD in the Perth
area, Australia, was less than 2 µg L-1 (~0.065 µM), since most of the groundwater P was
precipitated or adsorbed in regions with Fe-rich sediments (Johannes, 1980). Similarly, in the
subterranean estuary of Waquoit Bay, MA, the formation of an “Iron Curtain” scavenges the
groundwater PO4 prior to its discharge into the coastal zone (Charette and Sholkovitz, 2002;
Spiteri et al., 2006). As a result of nitrification, denitrification and PO4 adsorption, the depths
of the NO3- and NH4+-PO4 peaks at the seaward boundary are reversed relative to their
original position at the landward source side. Thus, a more reducing NH4+-PO4 plume
overlies a more oxidizing NO3- plume as observed in the subterranean estuary of Waquoit
Bay (Spiteri et al., 2007b).
In a completely anoxic subterranean estuary (Case 4; Figures 6.3j-l and 6.4p-t), most of the
anthropogenic NO3- is removed, causing the plume maximum to drop from ~ 0.06 mM to
0.01 mM in the anoxic groundwater. Yet, the shape of the profile is distinct from Case 3, since
there is no additional NO3- production from nitrification. Our model indicates an increase in
the NH4+ peak due to DOM degradation, but virtually no PO4 removal due to the absence of
Fe(OH)3. The formation of Fe(OH)3 through alternative processes, such as Fe2+
denitrification, is investigated in Section 3.2.2.
c. Nutrient fluxes
For each of the four cases outlined above, we compute the nutrient fluxes leaving the model
domain across the seaward boundary as SGD (Figure 6.5a). Denitrification causes a four-fold
drop in the NO3- fluxes from ~ 4000 µmol m-2 d-1 in the predominantly oxic systems (Cases 1
and 2), to ~1000 µmol m-2 d-1 in anoxic groundwaters (Cases 3 and 4). Nevertheless, owing to
the relatively high NH4+ fluxes in Cases 3 and 4, the total inorganic N flux in the latter two
cases is still higher than in Cases 1 and 2, reaching up to 5000 µmol m-2 d-1 (Figure 6.5a). This
is on the same order of magnitude as the N-fluxes reported in Krest et al. (2000) (2400 µmol
m-2 d-1) for a predominantly anoxic system in South Carolina. The N-fluxes obtained in Cases
1 to 4 fall within the range of 430 to 19000 µmol m-2 d-1 given by Valiela et al. (1992) and
Charette et al. (2001). The magnitude of the P efflux to coastal waters is strongly dependent
on the redox conditions in the subterranean estuary (Figure 6.5a). In the completely anoxic
case (Case 4; ~ 4000 µmol m-2 d-1), the efflux of P is more than 130 times larger than in oxic
conditions (Case 1; ~ 30 µmol m-2 d-1). The latter is of similar magnitude to the P-flux
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reported in Garrison et al. (2003) (37 µmol m-2 d-1) for Inner Kahana Bay, Hawaii, for which
the redox conditions are, however, not specified.

Figure 6.5 Computed average advective nutrient fluxes leaving the seaward
boundary as SGD in Cases 1-4 (a). The fluxes are expressed in µmol m-2 d-1 for direct
comparison with the coastal nutrient fluxes given in Slomp and Van Cappellen (2004).
Calculated influx rates at the freshwater boundary, net transformation rates due to
reaction and efflux rates through SGD for (b) NO3-, (c) NH4+ and (d) PO4 in mol s-1.
Note that the NO3- increase between the freshwater influx and SGD in Case 1 (panel b)
is supplied by the NO3- in seawater.

The freshwater component of SGD containing terrestrially-derived nutrients is of most
environmental and ecological concern, as it carries “new” nutrients to the coastal ocean. This
freshwater mixes with the recirculated seawater along the freshwater-seawater interface
prior to discharge, hampering the distinction between “new” and recycled nutrient inputs. In
cases with little nutrient transformation and significantly higher concentrations in the
freshwater end member than in the sea, the magnitude of the landward/freshwatersupported fluxes and SGD are comparable (e.g., NO3- in Cases 1 and 2; Figure 6.5b). Where
subsurface

nutrient

transformation

is

important,

N

removal/production

roughly

corresponds to the difference between SGD and the freshwater influx (e.g., NO3- in Case 3
and NH4+ in Case 4; Figure 6.5b and c, respectively), whereas the remainder is accounted for
by the seawater influx. Recirculated seawater can also be a main contributor to nutrient
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loads, as is the case of P in Cases 2 and 4 which are characterized by anoxic seawater (Figure
6.5d). Adsorption of P along the redox interface in Cases 2 and 3 lowers the P flux through
SGD by one order of magnitude when compared to the anoxic Case 4.
d. N:P ratios of SGD
In agreement with a compilation of N:P ratios in coastal groundwater from the literature
(Slomp and Van Cappellen, 2004), model results indicate highly variable N:P ratios of SGD
(Figure 6.6) and highlight the importance of redox-dependent mitigation processes in coastal
aquifers. In most contaminated sites, N:P ratios exceed the Redfield ratio, as illustrated in
Cases 1-3. In Case 3, the N:P ratio increases drastically primarily due to localized retention of
PO4 on Fe(OH)3 at the interface. The N:P ratios lower than 16 obtained in anoxic conditions
(Case 4) are the result of extensive denitrification combined with the lack of PO4 retention,
and are consistent with observations in field studies by Bugna et al. (1996) and Krest et al.
(2000).

Figure 6.6 Simulated N:P profiles for Cases 1-4 over the top 10 m. Note that the x-axis
is on a logarithmic scale. The horizontal dotted line indicates the (freshwater and
recirculated seawater)-seawater interface, based on the x-velocity profile in Figure
6.2c.
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e. Mixing curves
We extend the analysis of the modeled NO3- results for Case 1 (Section 6.3.1b) through the
application of mixing curves. By analogy to mixing models applied to surface estuaries
(Officer and Lynch, 1981; Shiller, 1996; Swarzenski et al., 2006), mixing curves (plots of
concentrations against salinity/chlorinity) are often used in studies of elemental cycling in
subterranean estuaries (Capone and Bautista, 1985; Johannes and Hearn, 1985; Slater and
Capone, 1987; Giblin and Gaines, 1990; Ullman et al., 2003; Suzumura et al., 2000;
ArandaCirerol et al., 2006; Charette and Sholkovitz, 2006) to analyze chemical behavior along
salinity gradients and to assess the contribution of dilution/mixing and biogeochemical
processes. For instance, a linearly decreasing relationship between salinity and NO3concentration is typically interpreted as the conservative dilution of high NO3- groundwater
with low NO3- seawater (Johannes and Hearn, 1981; Giblin and Gaines, 1990). Concave
nutrient concentrations profiles that fall below the conservative mixing line are assumed to
indicate the occurrence of removal processes, such as denitrification (Slater and Capone,
1987; Talbot et al., 2003) or PO4 retention (Suzumura et al., 2000).
The mixing curve obtained in the “conservative” simulation of Case 1, in which NO3- is
introduced as a point source (Figure 6.7b) is compared to a similar “conservative”
simulation, in which the freshwater NO3- source is evenly distributed along the landward
boundary (Figure 6.7a), representing a diffuse source analogous to agricultural activities. As
expected, a linearly decreasing relationship between NO3- and salinity is obtained in the
latter scenario (Figure 6.7c), implying the conservative mixing of freshwater and seawater
NO3- end members. However, even though transport is essentially conservative and all
reactions are “switched off” in both simulations, the data points for the scenario with a point
source fall below the mixing line (Figure 6.7d). This might be potentially misinterpreted as
resulting from the biogeochemical removal of NO3-, such as through denitrification.
However, limited mixing of the point-source NO3- plume alone leads to low salinity-high
NO3- conditions in the freshwater plume, a low salinity-low NO3- region in the groundwater
outside the NO3- plume, and high salinity-low NO3- waters in the seawater end member.
Thus, if the application of mixing curves to subsurface data does not fulfill the requirements
established for surface estuaries, namely steady state, one dimensional and tidally-averaged
flux conditions (Officer, 1979), the interpretation of a deviation from a linear conservative
relationship as an indicator of production or removal is incorrect.
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Figure 6.7 Simulated 2D distribution for NO3- assuming a (a) diffuse and (b) point
source along the freshwater boundary in Case 1 and their respective mixing curves
(NO3- against salinity) (c) and (d). The diagonal line in (d) indicates the conservative
mixing line.

6.3.2 Sensitivity Analyses
Sensitivity analyses were performed to investigate the impact of a number of aquifer and
reaction parameters on nutrient mitigation at the subsurface land-ocean interface. We
specifically focus on the role of transverse dispersion, NO3- removal through alternative
denitrification pathways, the effect of flow rate and DOM reactivity, as well as the role of
precipitation as an additional removal pathway for P. An overview of all sensitivity analysis
runs is given in Table 6.4.

140

Modeling biogeochemical processes in subterranean estuaries

Table 6.4 List of sensitivity analysis runs
Run
Case Parameter
Number
changed/reaction added
1
2, 3
αT = 0.1 m
2

2

Denitrification via Fe2+

3

3

Sequential pyrite
oxidation and
denitrification
kfox varied from 3.0 x 10-8
s-1- 3.0 x 10-10 s-1
Freshwater head varied
from 0.24 m to 1.5 m
Hydroxyapatite
precipitation

3
See
Table 5

3

4

3, 4

Aim
To assess the effect of αT on the extent of
freshwater/seawater mixing and geochemical
transformation
To assess the additional NO3- removal potential
using Fe2+ as the electron donor
To assess the roles of autotrophic (DOM) and
heterotrophic (pyrite) denitrification
To assess the effect of DOM reactivity on NO3removal
To assess the effect of flow rate on
denitrification
To assess the additional PO4 removal potential
through precipitation of P as Ca(PO4)3OH

a. Role of αT
Transverse dispersion is a function of the interconnectedness, shape and size of the porescale network in a porous medium. Therefore, it plays an important role in the dilution and
mixing of the plumes emanating from point sources at the landward model boundary and in
the extent of mixing between the freshwater and seawater along the interface. Despite its
importance, it is usually poorly constrained, since it is difficult to measure (Benekos et al.,
2006). The effect of doubling αT on the dilution and/or reaction involving nutrients is
assessed in Cases 2 and 3, which are both characterized by a redox interface. As expected,
broadening of

the freshwater-seawater interface,

increased overlap between

the

groundwater and seawater species and more diffuse solute plumes are obtained (not shown).
As a result of enhanced Fe(OH)3 precipitation along the broader redox interface, the amount
of adsorbed P increases by 17 % and 15 % in Cases 2 and 3, respectively, when compared to
the baseline simulations. Similarly, enhanced mixing leads to higher nitrification and
denitrification rates in Case 3. The rates of nitrification and denitrification integrated over the
whole domain increase by 30 % and 24 %, respectively, implying that changing αT has a
major impact also on the extent of geochemical transformation.
b. Alternative denitrification pathways
Alternative pathways of NO3- removal involve its reaction with electron donors other than
DOM, such as dissolved Fe2+, H2S, CH4 or solid pyrite, FeS2 (Appelo and Postma, 2005).
Although evidence of NO3- reduction by Fe2+ has been presented both in the field and
experimentally (Vanek 1990; Straub et al., 1996), the exact reaction mechanism is still not
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fully understood (Korom, 1992; Postma, 1990). However, model simulations including Fe2+
denitrification (Table 6.2) give rise to little additional NO3- removal in the setup presented by
Case 2 (Figure 6.8a). In contrast, the removal of PO4 is enhanced substantially through
sorption on the additional Fe(OH)3 produced through the oxidation of Fe2+ along the redox
interface (Figure 6.8b and c).

Figure 6.8 Profiles of (a) NO3-, (b) PO4 and (c) Fe(OH)3 over the top 10 m, obtained
when Fe2+ denitrification is included in the reaction network (solid lines), compared
to the baseline profiles (dashed lines) (Case 2). The horizontal dotted line indicates the
(freshwater and recirculated seawater)-seawater interface, based on the x-velocity
profile in Figure 6.2c.

The effect of the sequential oxidation of pyrite with O2 and NO3- as electron acceptors
(Wriedt and Rode, 2006; Table 6.2) on the extent of additional NO3- removal in Case 3 is also
investigated. To assess the potential role of the poorly constrained autotrophic pyrite
denitrification in coastal aquifers, a uniform initial concentration of 10 mmol pyrite kg-1solid
(Appelo and Postma, 2005) is assumed throughout the whole coastal aquifer depicted by
Case 3. In this setting, pyrite denitrification enhances the removal of NO3- from the
groundwater plume, and exceeds denitrification with DOM, in line with the field
observations by Postma et al. (1991). Similar to Fe2+ denitrification, pyrite oxidation strongly
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couples NO3- with PO4 biogeochemistry through the formation of Fe2+ (Table 6.2), which
precipitates as Fe(OH)3 at the oxic seawater boundary. Pyrite oxidation consumes O2,
causing the seawater wedge to become anoxic and preventing the precipitation of Fe(OH)3
further inland along the freshwater-seawater redox boundary. Consequently, no net PO4
removal from the freshwater plume through sorption occurs, whereas significant PO4
removal is obtained at the seawater boundary of the model domain.
c. Damköhler Numbers: effect of flow rate and DOM reactivity
To assess the interplay between transport and reaction on N dynamics in subterranean
estuaries, or more specifically, the influence of groundwater flow rates and DOM reactivity
on NO3- production/removal, two sets of sensitivity analyses are performed on Case 3 where
both nitrification and denitrification are active near the redox boundary. Firstly, the value of
kfox is varied between 3 x 10-10 s-1 and 3 x 10-8 s-1, representing refractory and labile DOM,
respectively. The flow conditions are identical to the baseline simulations, with a freshwater
head at the landward model boundary of 0.4 m. Secondly, kfox is kept constant at the baseline
value of 3 x 10-9 s-1, but the freshwater head is varied from 0.24 to 1.5 m, resulting in a range
of groundwater advective velocities from 0.1 x 10-6 m s-1 to 1.5 x 10-6 m s-1 at the left-hand side
boundary (Table 6.5). Here, the same model domain as in the baseline simulations is used in
all runs, except in run numbers 1-3 (Table 6.5), where the model domain is extended to 100 m
so that the steady state saltwater wedge does not interfere with the freshwater boundary.
The rates of transport and reactions in the above simulations are compared by using the ratio
of DOM degradation rate to groundwater flow rate, expressed as a dimensionless
Damköhler number (Da) (Domenico and Schwartz, 1998; Ocampo et al., 2006):

Da =

k fox ⋅ L
v

(1)

where in this particular case, kfox (s-1) is the rate constant for DOM decomposition, used as a
proxy for denitrification rate, L (m) refers to the length of the flow path taken by the NO3plume and v (m s-1) is the advective groundwater velocity at the left-hand side boundary.
Damköhler numbers > 1 correspond to reaction-controlled systems, whereas Da numbers < 1
imply that the system is transport-dominated. The Da numbers for the simulations in Set 1
range from as low as 0.08 to ~ 8.5. In Set 2, the maximum calculated Da is 2.35 (Table 6.5),
since given our choice of model aquifer parameters, higher Da numbers can only be obtained
if unrealistically low groundwater velocities are assumed.
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Table 6.5 Parameters for “Da simulations”- Case 3
Run
kfox (s-1)
Freshwater
Groundwater
Number
Head (m)
velocity (m s-1)*
Set 1
1
3.0 x10-10
0.4
2.2 x10-7
2
6.0 x10-10
0.4
2.2 x10-7
-9
3
1.0 x10
0.4
2.2 x10-7
4
1.5 x10-9
0.4
2.2 x10-7
-9
5
3.0 x10
0.4
2.2 x10-7
-9
6
9.0 x10
0.4
2.2 x10-7
7
1.5 x10-8
0.4
2.2 x10-7
-8
8
3.0 x10
0.4
2.2 x10-7
Set 2
1
3.0 x10-9
0.24 (0.4)**
1.3 x10-7
2
3.0 x10-9
0.27 (0.45)**
1.7 x10-7
-9
3
3.0 x10
0.3 (0.5)**
2.0 x10-7
4
3.0 x10-9
0.4
2.2 x10-7
-9
5
3.0 x10
0.5
3.4 x10-7
-9
6
3.0 x10
0.6
4.6 x10-7
7
3.0 x10-9
0.8
6.9 x10-7
-9
8
3.0 x10
1.0
9.2 x10-7
9
3.0 x10-9
1.2
1.2 x10-6
-9
10
3.0 x10
1.5
1.5 x10-6

Da (-)***
0.08
0.17
0.30
0.42
0.85
2.54
4.23
8.45
2.35
1.86
1.54
0.83
0.55
0.41
0.27
0.20
0.16
0.12

* Refers to the advective groundwater velocity at the landward boundary
** Domain length extended from 60 m to 100 m. The values in brackets refer to the freshwater head imposed
over 100 m.
*** Due to the tangential path taken by the groundwater NO3- plume as it bends upwards over the seawater
wedge, L in Equation 1 is set typically at 62 m. For the entries marked with **, L=105 m.

Figure

6.9a

shows

the

total

rate

of

NO3-

production/removal

through

nitrification/denitrification (mol s-1) at steady-state, normalized to the freshwater NO3- influx
(mol s-1), as a function of Da for the first set of simulations (Table 6.5). The vertical dotted line
at Da=1 divides the domain into the transport-dominated zone to the left and the reactiondominated zone to the right. At very small values of Da (Figure 6.9a), the ratio of NO3removal to NO3- influx is ~0.1, and NO3- travels almost conservatively. Here, denitrification
is inhibited by the low reactivity of DOM. Organic carbon limitation to denitrification is
commonly reported in shallow groundwater aquifers and sandy nearshore sediments (e.g.,
Starr and Gillham, 1993; Slater and Capone, 1987; Desimone and Howes, 1996; Portnoy et al.,
1998). As the Da increases (Figure 6.9a), the extent of removal also increases, reaching nearcomplete removal at Da ~8, driven by higher DOM reactivity. Nitrification, which supplies
an additional source of NO3- as also observed in the field by Nowicki et al. (1999), increases
steadily as an indirect result of the enhanced reactivity of DOM (Figure 6.9a, top curve).
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Figure 6.9 Ratio of rate of NO3- production/removal to freshwater NO3- influx rate in
mol s-1/mol s-1 as a function of the Da. Nitrification is denoted by downward-pointing
triangles, denitrification by upward-pointing triangles. Panel (a) shows results
obtained by varying DOM reactivity while in Panel (b) the freshwater head was
varied (Table 6.5, Case 3). Note that the encircled points in (a) are identical to those in
(b). The vertical line at Da=1 separates the transport- and reaction-dominated
domains.

The results from the second set of simulations (Table 6.5; Figure 6.9b) show a similar trend in
the relative NO3- production/removal on either side of the vertical line at Da=1. Due to the
high groundwater flow velocities, the rate of freshwater NO3- influx across the landward
boundary at low Da numbers is higher than the rate of NO3- removal through denitrification.
This is in line with field studies by Giblin and Gaines (1990), who observed that at high
groundwater flow rates, denitrification in sandy sediments was unable to reduce
significantly the external septic system-derived N loading, leading to the conservative
discharge of NO3-. The extent of the NO3- production and removal relative to the freshwater
influx of NO3- increases with decreasing groundwater velocities (Figure 6.9b). This gives rise
to the near-complete removal of the NO3- plume at low groundwater velocities, including the
additional NO3- supplied by nitrification.
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d. Phosphorus removal through hydroxyapatite precipitation
Generally, discharge of P is limited due to adsorption on Fe oxides. However, in some cases,
especially in carbonate aquifers (e.g., Lapointe et al., 1990; Cable et al., 2002), additional PO4
removal due to precipitation of minerals (such as, hydroxyapatite and carbonate
fluorapatite) may play a role. We illustrate the importance of precipitation of hydroxyapatite
as an additional removal process, using the setup defined in Cases 3 and 4. In both scenarios,
hydroxyapatite precipitates in the saltwater wedge when a pH of 8.2 is assumed for seawater
(Millero and Sohn, 1992) with salinity > 25 ‰, and pH 7.0 for fresh and brackish water.
However, the amount of precipitated solid differs in the two cases (Figure 6.10a), mainly due
to the Ca2+ and PO4 concentrations assumed for the different redox conditions (Table 6.1).
The modeled precipitation of hydroxyapatite in seawater may be slightly overestimated
since at pH 8.2, ~80 % of PO4 is in the form of HPO42- (Kester and Pythowicz, 1967; Table 6.2).

Figure 6.10 Simulated concentration profiles of (a) precipitated hydroxyapatite
obtained for sensitivity analysis run number 4 in Table 6.4 (Cases 3 and 4). Note the
two separate x-axis scales for Case 3 (top) and Case 4 (bottom). Panels (b) and (c)
show the extent of PO4 removal along the seawater boundary in Cases 3 and 4,
respectively as a result of hydroxyapatite precipitation (solid line), when compared to
the baseline simulations (dashed line). The horizontal dotted line indicates the
(freshwater and recirculated seawater)-seawater interface, based on the x-velocity
profile in Figure 6.2c.
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Although HPO42- accounts for ~50 % of PO4 in the freshwater end-member, hydroxyapatite
precipitation is limited by the low freshwater Ca2+ concentration. The most effective removal
occurs in the completely anoxic case, where the accumulation of hydroxyapatite at a depth of
10 m after 1000 days is ~3.0 mmol dm-3solid (1.13 µmol g-1). Extensive P attenuation through
the formation of cryptocrystalline calcium phosphate is also observed in an anoxic, saline
Floridian aquifer, where almost complete removal of dissolved wastewater phosphorus
occurs (Cable et al., 2002). The concentration of PO4 in the groundwater plume assumed in
Case 3 (Table 6.1) is not high enough to trigger much hydroxyapatite precipitation upon
interaction with the elevated seawater Ca2+ concentrations along the redox interface. This
implies that PO4 adsorption on Fe oxides is still the major P removal pathway in the
groundwater part of a subterranean estuary characterized by anoxic groundwater and oxic
seawater.
6.4 CONCLUSIONS
This study illustrates that biogeochemical processes in subterranean estuaries can have a
significant influence on the discharge of nutrients into coastal waters. Despite the simplified
representation of the field conditions, modeled nutrient dynamics are rather complex. The
results obtained with a 2D density-dependent reactive transport model show that the fate of
N and P in the four idealized subterranean estuaries strongly depends on the redox
conditions along the freshwater-seawater continuum. However, the extent of freshwater and
seawater mixing, assessed by studying the response of nutrient discharge under different
transverse dispersivities and flow rates, also plays a role in determining nutrient
transformation and removal. We also show that the application of mixing curves to evaluate
nutrient production or removal in subterranean estuaries should be avoided, since a
deviation from the conservative mixing line could be the mere result of the nature of the
nutrient source, practical restrictions on sample collection and consequent limited
knowledge on the solute concentration fields.
Denitrification and P sorption are two key processes that determine the extent of nutrient
removal. Denitrification is coupled not only to the reactivity of DOM, but also to the flow
dynamics, since the efficiency of NO3- removal increases drastically at lower groundwater
flow rates. Moreover, denitrification with Fe2+ and FeS2 as electron-donors couple the N and
P biogeochemistry through the precipitation of Fe(OH)3 as a by-product. P sorption is mainly
important in settings where a redox interface is formed when groundwater and seawater
with different redox conditions interact, whereas P-mineral precipitation in the form of
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hydroxyapatite predominates in the seawater part. The overall effect of the various redox
processes occurring within each subterranean estuary is reflected in the molar N:P ratio of
the SGD, spanning from ~0.03 to 30000. The results highlight the need to account for redoxdependent transformation and removal processes for N and P when estimating rates of SGD
of nutrients based on groundwater velocities and nutrient concentrations in field studies.
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Mathematical equations used in finite-element reactive transport model (RT-FEM)
The equation of continuity for fluid flow in a saturated porous medium is given by :

−

∂ (ρq x )
∂x

+

∂ (ρq y )
∂y

+

∂(ρq z )
∂z

=

∂ (φρ )
∂t

(1)

where t is time (T) and φ is the effective porosity of the medium (-). Using Darcy Law, the
flow equation for three-dimensional laminar flow is described as (for example, Bear, 1972):

κ
q = − (∇P − ρg)
µ

(2)

where q is the Darcy flux (LT-1), is the second rank intrinsic permeability tensor (L2), is
the dynamic viscosity of water (ML-1T-1), P is pressure (ML-1T-2), g is the gravitational
acceleration (LT-2) and is density (ML-3).
In the finite element reactive transport model, the equation of state for seawater, which
relates the density of the fluid (ρ in kg m-3) to temperature (T in C) and salinity (S in psu), is
given by an approximation to the UNESCO equation, at 1 bar pressure:
ρ(T,S) = 1000.0821+ 0.7925S − 0.0324(T − 4) − 0.0052(T − 4) 2 − 0.0021S(T − 4)
(3)
where the aquifer temperature is assumed constant at 10 C.
Since the fluid density is a function of salinity, and solute concentrations may change in
response to the groundwater flow field, the advection-dispersion equation is used to
describe the salinity field:

∂φCi
= ∇ ⋅ (Dφ∇Ci ) − ∇ ⋅ (φνCi )
∂t

(4)

where C is the concentration of a solute (for example salinity), D is the dispersion tensor
(L2T-1) and

is equal to

q

. D is defined as:

φ
v iv j
+ α T | v | δij
Dij = (α L − α T )
|v |

(5)

where δij ,α L ,α T are Kronecker symbol, longitudinal and transverse dispersivities [L2],
respectively. For a reactive solute, the right hand side of Eq. 4 contains an additional rate
term, Ri. The reaction rates are calculated explicitly from the known concentration fields at
the previous time step. Solid species are assumed immobile and are thus only
produced/consumed locally.
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De kwaliteit van grondwater in kustgebieden wordt in toenemende mate negatief beïnvloed
door de aanwezigheid van nutriënten (NO3-, NH4+ and PO4) afkomstig uit afvalwater en
meststoffen. De kwel van dit grondwater naar kustwateren toe (“submarine groundwater
discharge” of “SGD”) wordt nu erkend als een belangrijk transportmechanisme voor
nutriënten en andere stoffen van land naar de zee. De chemische samenstelling van deze
kwel wordt niet alleen bepaald door de bronnen op het land maar ook door de
biogeochemische processen die plaatsvinden als het grondwater door een ondergronds
estuarium stroomt. Dat is de zone in een kustaquifer waar zoetwater en zoutwater zich
mengen. Gezien de toenemende mate van urbanisatie en klimaatveranderingen, speelt SGD
als een transportmechanisme voor verontreinigingen een belangrijke rol in het onderzoek op
het gebied van de hydrologie, mariene wetenschappen, kust ecologie en beheer.
Het doel van het proefschrift is tweeledig:
1. Het identificeren en kwantificeren van de biogeochemische processen die nutriënten
verwijderen of omzetten in ondergrondse estuaria
2. Het vaststellen van de invloed van concentraties van bronnen op het land, eigenschappen
van aquifers, snelheden van grondwater stroming en dispersie op de omzettingen van
nutriënten in kustaquifers en SGD van nutrienten.
In dit proefschrift worden modellen voor reactief transport toegepast. In de hoofdstukken 24 is dit een “1D” finite difference reactive transport model (RTM)” waarmee de geochemie
van nutriënten langs een stroomlijn in het grondwater beschreven wordt. Eerst wordt de
biogeochemie van fosfor (P) in twee zuurstofrijke zandige aquifers met verschillende
samenstelling (kalkrijk versus ijzeroxide-houdend) bestudeerd. Beide veldlocaties worden
sterk beïnvloed door de infiltratie van afvalwater met hoge concentraties nutriënten
(hoofdstuk 2). De bindingscapaciteit van het bodemmateriaal, in het bijzonder van de
ijzeroxiden, speelt een belangrijke rol in de afname van de concentratie van fosfor bij
toenemende afstand tot de bron. Gevoeligheidsanalyses voor de ijzerrijke aquifer illustreren
de bijdrage van de bindingscapaciteit van de aquifer in het bepalen van de stikstof (N)-fosfor
verhouding (N:P) in het grondwater dat uitstroomt in een

dichtbijgelegen rivier. Wij

concluderen dat voor aquifers met een lage bindingscapaciteit (< 0,2 m/m Fe(OH)3), de
standaard

afstand

van

20

meter

tussen

infiltratiepunten

voor

afvalwater

en

oppervlaktewater zoals die ter plekke geldt, onvoldoende zou kunnen zijn om kwel van P
naar het oppervlaktewater te voorkomen. In dit type systemen wordt N, voornamelijk in de
vorm van NO3-, als “conservatieve tracer” getransporteerd. Dit draagt verder bij aan hoge
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N:P verhoudingen in grondwater. Bovendien, door de invloed van zuurstofrijke
omstandigheden en de continue aanvoer van NO3- wordt ijzer(III) reductie gekoppeld aan
organisch koolstof degradatie voorkomen. Het resultaat hiervan is dat een verhoogde
bindingscapaciteit van de aquifer voor P wordt behouden.
Het onderzoek naar de rol van ijzeroxiden in het bepalen van fosfaatconcentraties is
uitgebreid naar een ondergronds estuarium dat onder invloed staat van zoutwaterindringing (hoofdstuk 3). Het gedrag van P langs de fysisch-chemische gradiënten in
ionensterkte en pH, die ontstaan bij intrusie van zoutwater in een ondergronds estuarium,
wordt gesimuleerd door gebruik te maken van een elektrostatisch oppervlakte
complexerings model (SCM). Het SCM beschrijft de binding van fosfaat aan goethiet, een
veelvoorkomend ijzeroxide in de natuur. Het model is getoetst met behulp van data van
laboratorium experimenten uit de literatuur, en met gemeten longitudinale verdelingen van
opgelost en gebonden fosfaat langs de zoutgradient in het Schelde estuarium. Het SCM is
vervolgens gekoppeld aan een “2D-finite-element reactive transport model” (RT-FEM) om
de veranderingen in fosfaatbinding door zoutwater indringing in een kustaquifer te
simuleren. De resultaten laten zien dat de mobilisatie van fosfaat, gerelateerd aan de grote
stijging van de pH in het grondwater, zorgt voor een toename van opgelost fosfaat die zich
langzaam landinwaarts beweegt. Echter, in zowel oppervlakte als ondergrondse estuaria is
de mate van vrijkomen van fosfaat door veranderingen in pH en ionensterkte alleen relatief
beperkt.
In veel watervoerende lagen van kustgebieden is de bindingscapaciteit van fosfaat
gerelateerd aan het voorkomen van zones met ijzeroxidenophopingen, die vaak “Iron
Curtains” worden genoemd. Het mechanisme dat de vorming van “Iron Curtains” bepaalt
en de daaraan gerelateerde afname van de opgeloste P concentratie zijn onderzocht in de
mengzone van zout- en zoetwater in Waquoit Bay, MA, Verenigde Staten (Hoofdstuk 4). De
modelresultaten laten zien dat de toename in pH van zoetwater naar zoutwater een
belangrijke rol kan spelen in het neerslaan van ijzeroxiden.
De koppeling van dichtheids-afhankelijke stroming en biogeochemische processen in
kustaquifers, is nader onderzocht in de Hoofdstukken 5 en 6, door gebruik te maken van een
“2D finite element reactive transport model” (RT-FEM). Het model, dat de ontwikkeling van
zoutwater intrusie in aquifers kan simuleren, is toegepast op velddata langs een
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dwarsdoorsnede aan het strand van Waquoit Bay (Hoofdstuk 5). Met behulp van de
resultaten kan inzicht worden verkregen in de biogeochemische dynamiek van de nutriënten
in dit ondergronds estuarium. Bovendien laten de resultaten de aanwezigheid van een pluim
met hoge Fe2+, NH4+, DOC (opgelost organisch koolstof) en PO4 concentraties, bovenop een
meer geoxideerde pluim rijk aan NO3- in het zoetwater deel van de watervoerende laag in
het kustgebied, zien. Deze twee redox zones komen samen voordat het water uitstroomt in
de baai. Dit deel van de aquifer is biogeochemisch bijzonder reactief. In deze oppervlakte
getijdenzone, waar zuurstofrijke omstandigheden overheersen, wordt NH4+ bijna volledig
genitrificeerd tot NO3-. De Fe2+ rijke pluim vertoont ook een efficiënte afname in concentratie
door het neerslaan van ijzeroxiden, die een “Iron Curtain” vormen waaraan fosfaat
adsorbeert. De omstandigheden die nodig zijn voor denitrificatie zijn niet aanwezig in dit
systeem en daarom is SGD in Waquoit Bay voornamelijk een bron van NO3- voor het
kustwater.
Zoals aangetoond door de veldstudie van Waquoit Bay bepalen de redox omstandigheden in
sterke mate de mate van omzetting en verwijdering van nutriënten in ondergrondse estuaria.
Om onderzoek te doen naar de rol van de reactiviteit van organische stof, alternatieve
denitrificatie mechanismen, grondwaterstromingssnelheden en dispersie op de verwijdering
van nutriënten en de fluxen naar het kustwater (Hoofdstuk 6), definiëren wij vier generieke
model-ondergrondse-estuaria. Deze zijn representatief voor de uitersten van zuurstofrijke en
zuurstofarme omstandigheden in kustaquifers en zeewater. In het algemeen kan worden
gezegd dat de omvang van nutriëntenverwijdering grotendeels wordt bepaald door
denitrificatie en binding van P, die respectievelijk de overhand hebben onder zuurstofarme
en zuurstofrijke omstandigheden. Het biogeochemische gedrag van N en P is echter niet
alleen afhankelijk van de redox-omstandigheden maar ook van de mate van menging van
zoetwater en zoutwater dat wordt bepaald door dispersie en de grondwaterstroomsnelheid.
Autotrofe denitrificatie mechanismen zorgen voor een koppeling van de dynamiek van N en
P door het neerslaan van ijzeroxiden als een bijproduct. De verschillende biogeochemische
reacties die voorspeld worden in elk ondergronds estuarium resulteren in een grote variatie
aan N:P verhoudingen van SGD, van ~0,03 tot 30000. In het bijzonder laat dit onderzoek de
noodzaak zien om rekening te houden met redox-afhankelijke omzettingen en mechanismen
van verwijdering van nutriënten in ondergrondse estuaria, bijvoorbeeld in veldstudies waar
kwel van nutriënten naar kustwateren vaak wordt berekend op basis van stroomsnelheden
en gemiddelde concentraties aan nutriënten in grondwater.
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