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Many of the wild plants and animals around us have been introduced by humans

somewhere in the past, these are so‐called alien or non‐native species. Humans

are often unaware of living in a landscape full of non‐natives. It seems that to the

untrained eye, non‐native species are not easily distinguished from natives.

Ecologists distinguish between native and non‐native plants and many negative

impacts on biodiversity and ecosystem processes are attributed to non‐native

plants. Thus, it would make sense that ecologists can tell apart native and non‐

native species based on these impacts.

Let’s conduct a thought experiment. In your mind, pick an ecosystem with native

and non‐native species. Then think of an ecologist, perhaps yourself, that you

place in the ecosystem. Crucially, the ecologist will now forget all acquired

knowledge on whether species are native or non‐native. The task for the ecologist

is then to flag all non‐native species in the ecosystem. Tools and instruments are

allowed, but nothing can be used that directly reveals the origin of a species. This

rule limits ecologists to flagging species based on how native ecosystems function

and how native species look. To be correctly flagged, non‐native species will need

to stand out and appear out of place. So, how would the ecologist score in your

version of the thought experiment?

Prologue
A thought experiment





Chapter 1
General introduction
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Beyond barriers

Humans love aliens. We love the exotic. The fear and wonder they introduce is

addictive. Aliens play a major role in our

society. Science fiction films, computer games

and books contain a huge variety of alien life

forms and exotic locations. However, besides

the fictional aliens, there are also actual living

plants and animals that we refer to as alien or

exotic. They are the species introduced by

humans outside of the range where we found

them. Non‐native plants and animals share two

crucial things with many fictional aliens: they

instill fear, and by definition they are human

creations. Therefore, non‐native species cannot

be regarded in a vacuum, but should be

regarded as leading characters in a global game

of toying with nature. Except that unlike most

games it has no restart button.

This thesis deals with the ecological consequences of freshwater plants that establish

beyond their historical dispersal barriers.

Globalisation

Humans have developed an extensive infrastructure to disperse people and goods

around the world. Certain species of wild animals and plants benefitted from the

increased human dispersal capacity and colonised habitats that were previously beyond

barriers (van Kleunen et al. 2015). Of these species, only a minority survive and

establish: they are referred to as non‐native species (see textbox 1.1 on Terminology).

They are separated from native species. Native plant species were self‐introduced,

wind‐introduced, or animal‐introduced to a habitat or region a long time ago. Or as

Gould (1998) phrased it: “native species are really just species that arrived first”

(quoted in Shackelford et al. 2013). Non‐native species are now increasingly studied

because of their impact on humans and native ecosystems (Richardson and Pyšek 2008).

Chapter 1

Textbox 1.1: Terminology

Non‐native species (synonyms: alien,

exotic, introduced, non‐indigenous,

neobiota): “species in a given area

whose presence there is due to

intentional or accidental introduction

as a result of human activity” ‐

Adapted from Richardson et al. (2000)

Invasive species: “a non‐native species

whose introduction or spread has been

found to threaten or adversely impact

upon biodiversity and related

ecosystem services” ‐ Adapted from EU

(2014)
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General introduction

Suspicious non‐natives

There are multiple theories that describe why non‐native species should have larger

ecological effects than natives. A prime basis for these theories is evolutionary novelty,

which has made non‐natives suspicious: “A species added to a plant community that has

no evolutionary experience of that organism should be carefully watched” (Simberloff

2011b). Non‐native plants have escaped the soil pathogens and herbivores that are

adapted to them, which allows non‐natives to dominate habitats through relaxed

control (Keane and Crawley 2002). Besides, non‐natives may contain novel weapons or

traits, such as chemical compounds, to which the native community is not adapted

(Callaway and Ridenour 2004). In certain cases, it may take more than a century for the

full impact of non‐native plants to show (Crooks et al. 1999, Gassó et al. 2010). Once

the first non‐natives have established, subsequent colonisation by other non‐native

species is likely, as postulated in the invasional meltdown hypothesis (Simberloff and

Holle 1999, Simberloff 2006). Non‐native freshwater plants may have a high fitness

because of their purpose in aquarium trade: they should grow fast, tolerate a range of

abiotic conditions such as higher‐than‐average water temperatures and are resilient to

disease and herbivores (Hodkinson and Thompson 1997, Kay and Hoyle 2001, Padilla and

Williams 2004, Dehnen‐Schmutz et al. 2007). Non‐natives are also expected to possess

traits that increase their fitness in human‐impacted ecosystems (Didham et al. 2005,

Simberloff et al. 2011, Van Kleunen et al. 2011). Taken together, these theories predict

that non‐natives attain higher abundances than natives, and may therefore impose

larger ecological changes. Yet as only a minority of non‐natives attains high abundances,

these theories are apparently not generally applicable, or not the complete truth.

Ecological impacts of non‐native species

The impact of non‐native species is often split into socio‐economic and environmental

impacts (Blackburn et al. 2011, Rumlerová et al. 2016). Although socio‐economic

impacts are of major importance to humanity because they involve human health,

agriculture, waterways and industry (Vilà et al. 2009, Simberloff 2011a, Pyšek et al.

2012, Hassan and Ricciardi 2014), as an ecologist, I will focus on the impact of non‐

native species on native ecosystems.
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Non‐native species, mainly mammals, are a prime factor associated with species

extinctions since 1500 AD, second only to the overexploitation of nature (Bellard et al.

2016). Even if non‐native species, mammals or other taxa, do not drive species to

extinction, they can greatly change native ecosystems (Hejda et al. 2009, Vilà et al.

2009, Simberloff 2011a, Vilà et al. 2011, Pyšek et al. 2012). Here I focus mainly on the

impact of non‐native plants, because plants are the base of food webs and control

ecosystem complexity and functioning (Engelhardt and Ritchie 2001, d’Antonio and

Hobbie 2005, Kovalenko et al. 2012). I will focus on non‐native freshwater plants,

because European freshwaters are highly impacted and freshwater biodiversity is in

great decline (Dudgeon et al. 2006, Dudgeon 2010), partly as freshwater non‐native

species are likely to cause ecological impacts (García‐Berthou et al. 2005, Vilà et al.

2009). The control of non‐native freshwater plants has therefore become a major

objective for freshwater management (Hussner et al. 2017) and is required according to

legislation by the European Union (EU 2014).

The impacts of non‐native freshwater plants go hand in hand with a whole range of

other, mostly anthropogenic, threats to freshwater ecosystems in the 21st century

(Dudgeon et al. 2006, Strayer and Dudgeon 2010, Vörösmarty et al. 2010). Habitat

destruction, eutrophication, toxic pollutants, overexploitation and climate change are

major threats that set the scene for impacts of non‐native plants (Brooks et al. 2006,

Dudgeon et al. 2006, Woodward 2009). Of all non‐native freshwater plants, some are

associated with a range of ecological impacts and harm, these non‐native species are

termed invasive species (see box on Terminology). Floating mats of non‐native plants

change the hydrochemistry (Caraco and Cole 2002, Goodwin et al. 2008, Tall et al.

2011), and their rise is associated with changes in native macroinvertebrates and

submerged plants (Strayer et al. 2003, Kornijów et al. 2010, Stiers et al. 2011a).

Similarly, increases in the density of non‐native submerged species often seen to occur

simultaneously with declines in native submerged plants (Santos et al. 2011, Hussner et

al. 2014) and a depletion of the native plants’ seed bank (deWinton and Clayton 1996).

Non‐native submerged plants host different macroinvertebrate communities than native

plants (Wilson and Ricciardi 2009), or harbour fewer indicator taxa (Theel et al. 2008).

Furthermore, the settlement of non‐native plants can promote subsequent colonisation:

Hydrilla verticillata facilitated the settlement of Limnoperna fortune, a non‐native

mussel (Michelan et al. 2014) and freshwater fish may experience impaired feeding by

dense stands of non‐native submerged plants (Bickel and Closs 2009).
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General introduction

On the other hand, non‐natives freshwater plants are sometimes valued for their

ecological benefits (Schultz and Dibble 2012), just as native plant species are valued for

providing functions (Carpenter and Lodge 1986, Mills et al. 1993, Hooper et al. 2005).

Floating plants can act as macroinvertebrate habitat in certain ecosystems, which can

increase macroinvertebrate abundance and diversity (Strayer et al. 2003, Schultz and

Dibble 2012, Nguyen et al. 2015). Non‐native amphibious plants may attract pollinators

to the benefit of native plants (Stiers et al. 2014) and non‐native plants serve as

foraging grounds, nesting sites or resting places for native fish and waterfowl (Rodriguez

2006, Van de Haterd and Ter Heerdt 2007, Villamagna and Murphy 2010, Kawatsu et al.

2015). In certain habitats, non‐native submerged plants host similar macroinvertebrate

assemblages as native plants, or support more abundant macroinvertebrate populations

than native plants (Johnson and Montalbano 1984, Esler 1989, Kelly and Hawes 2005,

Theel et al. 2008, Kelly et al. 2015).

Hypotheses on ecological impacts of non‐native plants

Non‐native plants induce a mix of positive and negative ecological changes, yet they are

primarily judged on the negative ones (Rumlerová et al. 2016) and sometimes any

change is considered to represent harm (Simberloff 2011a).

Figure 1.1 Visualised hypotheses using fictional data where dots represent freshwater plant species. For

hypothesis A the group positions can also be the other way around. For hypothesis B, the visualised positive

relation is not the only option.
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Fuelled by the range of theories and reported negative impacts, it has become a

paradigm that non‐natives are a problem because they are non‐natives (Simberloff

2011a, b, Paolucci et al. 2013, Buckley and Catford 2016). Because of the paradigm,

future studies are more likely to report change induced by non‐natives as negative, not

positive. Simberloff (2011b) writes that “only those [non‐native species] targeted by the

Convention on Biological Diversity as threatening ‘ecosystems, habitats or species’”

should be opposed, but a key problem is how to objectively assess harm and how

positive changes should be weighed. Nature and water managers work with limited time

and budgets, so they need to prioritise their ecosystem management, which may cause

managers to target non‐native plants based on their origin. The reported impacts of

non‐natives are predominantly negative, so non‐native plants are assumed to provide

fewer ecological benefits and ecosystem functions than natives. However this

assumption is actually a hypothesis on the functioning of novel communities that has

not been well tested. The question of how non‐native species affect ecosystems

functioning is one of the fundamental questions in ecology (Sutherland et al. 2013).

Remarkably, so little is known about the functioning of non‐native species that

ultimately the debates in scientific literature end as exchanges of ideas, values and

opinions (Davis et al. 2011, Simberloff 2011b, Hulme et al. 2015, Thomas and Palmer

2015). Therefore, it is time to evaluate the functioning of non‐native species based on

data, not words, beginning with a test of the hypothesis (Figure 1.1):

Hypothesis A – Ecosystem functioning varies with plant origin

Besides this hypothesis, I will also test a hypothesis that relates to traits. Plant traits

are generally considered to control plant ecosystem functioning (Tilman et al. 1997,

Hooper et al. 2005, Strayer 2012, Loranger et al. 2013). Non‐native species differ from

natives in their traits (Van Kleunen et al. 2010a, Van Kleunen et al. 2011, Knapp and

Kühn 2012, Buckley and Catford 2016), so it is assumed that they differ in their

functioning.

Hypothesis B – Ecosystem functioning is linked to plant traits

Thus, I test two alternative, but not mutually exclusive, hypotheses for selected

ecosystem functions that freshwater plants may have. Of the two hypotheses, I expect

that traits are better than plant origin in explaining ecosystem functioning because they
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more directly capture the aspects of plant identity that dictate functioning. Hence, I

predict that when plant traits that affect ecosystem functioning differ systematically

between native and non‐native plants, this would result in a difference in the

functioning of native versus non‐native plants. However, if there is no difference in

these plant traits underlying functioning between native and non‐native plants, plant

origin will not affect functioning.

Testing hypotheses objectively

To test both hypothesis, a first challenge is to objectively judge when plant‐induced

change on functioning or community composition becomes harm, which is difficult

because nature is continually changing, and also shifts in native species induce change

(Davis 2009). A second challenge is to causally attribute observed change to non‐native

plant species (Didham et al. 2005). Non‐native plants may be a symptom of

environmental change, rather than its cause (Didham et al. 2005, Chew 2009), and

anthropogenic impacts such as eutrophication, pollution and climate change occur

simultaneously with the colonisation of non‐natives. As such, community composition

and functioning relies strongly on historical contingencies that are not of prime interest

Figure 1.2 Visualisation of the ecosystem functioning provided by freshwater plants. For a description of the

ecosystem functions see Table 1.1.
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here. To tackle the first challenge, I will compare the ecological function of non‐native

and native freshwater plants using similar criteria for natives and non‐natives (see next

paragraph and Table 1.1). To tackle the second challenge, I will measure the ecosystem

functioning of individual, native and non‐native freshwater plant species in replicated

experiments, and under controlled conditions.

Ecosystem functions and traits of freshwater plants

Native plant species are valued for their role in ecosystems (Carpenter and Lodge 1986,

Mills et al. 1993, Hooper et al. 2005). The ecosystem functions provided by native

freshwater plants are well studied (Carpenter and Lodge 1986, Jeppesen 1998,

Engelhardt and Ritchie 2001, Scheffer 2004). Freshwater plants are valued for their

provisioning of habitat, including refuge, food and nesting places, to fish, waterfowl

and macroinvertebrates (see Figure 1.2; Table 1.1). In addition, plants inhibit the

growth of phytoplankton, including cyanobacterial blooms, and also influence the

emission of greenhouse gasses to the atmosphere.

Figure 1.3 Position in generalism‐realism‐precision graph of experiments on species presented in this thesis

(redrawn from van Kleunen et al. 2014). This graph assumes that the availability of time and money is limited,

so that experimental choices have to be made. Precision is assumed to depend on the number of populations

tested, realism classifies whether field or artificial conditions were used and generalism denotes the number

of species tested.
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Table 1.1 The set of ecosystem functions that I measured for native and non‐native freshwater plant species

to test whether native and non‐native plants differ in their ecosystem functioning. *A value is assigned to each

function to make it possible to calculate the overall functioning of plant species (see Synthesis, Chapter 9).
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These ecosystem functions of freshwater plants are linked to plant traits such as plant

C:N:P stoichiometry, protein content, leaf surface area, allelochemical production and

structural complexity (Gross 2003a, Elger and Lemoine 2005, Dorenbosch and Bakker

2011). I will measure these valued freshwater plant functions (Table 1.1; Figure 1.2) and

traits for a range of species to test whether native and non‐native freshwater plant

species differ in their ecological functioning and traits related to function.

Selecting plant species

It is critical to carefully consider which native and non‐native freshwater plant species

to test and compare, because that determines the exact qustion that is answered and

the generality of the results.

First, I test as many native and non‐native species as possible. Most invasion biological

experiments test few species non‐native species, for example 76 % of studies on traits

of invasives compared one invasive versus non non‐invasive species (see Fig. 3 in van

Kleunen et al. 2014). Besides, the majority of work is done on a limited number of

species, often harmful ones (Pyšek et al. 2008). This approach is suited to certain

questions, but currently, a major hurdle for invasion ecology is the low generalisability

of theories and hypotheses (Jeschke et al. 2012a). Continuing the current practises are

unlikely to be fruitful in the search for generality. Sampling and testing larger numbers

from the native and non‐native species pools will provide a more precise and general

estimate of the functioning of their statistical populations (van Kleunen et al. 2014). It

benefits generalism at a cost to precision and realism (Figure 1.3), in the realistic

research setting where time and funds are limited. Importantly for multispecies

experiments, I balance the taxonomic composition of selected native and non‐natives,

or account for phylogenetic independence a posteriori.

Second, I select species that occupy similar habitats, namely mesotrophic to eutrophic

freshwaters Dutch lakes. This is important because plant species from different habitats

may carry different traits because of adaptations to the local environment, such as

flowing water (Bornette and Puijalon 2011), which may affect ecological functioning.

Furthermore, replacement of native with non‐native plant species will occur in the

context of a habitat, so this comparison gives insight into how species replacement

affects the provisioning of functions. More practically, if plant species occupy similar
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habitats, it is easier to grow them under similar experimental conditions.

Third, I select native species that are not rare or threatened in the Netherlands

(Sparrius et al. 2012), thus choosing species that survive current conditions and are

more likely to survive in future conditions. I therefore compare non‐native species to

the native species that are most likely to take the place of non‐natives upon the

eradication of non‐natives.

Fourth, I select equal numbers of native versus non‐native species for a balanced

experimental design, as much as was logistically possible.

Thesis outline

I compare native and non‐native freshwater plant species based on eight measurements

of ecosystem function (Table 1.1). The data chapters describe four aspects of ecosystem

functioning: food provisioning (Chapters 2 and 3), habitat provisioning (Chapters 4 and

5), interaction with other primary producers, which relates to clear water provisioning

(Chapters 6, 7 and 8) and inhibition of methane emissions (Chapter 8).

In Chapter 2 I test how much a generalist temperate and a tropical herbivore consume

of evolutionary novel or evolutionary known plants. I compare how well evolutionary

novelty, plant traits and biogeography explain variance in consumption. In Chapter 3 I

describe a second test of herbivory: now using a specialist herbivore, an aquatic

caterpillar. Unlike snails, they are herbivorous, not omnivorous. I test how plant origin

and plant traits are associated with the consumption by, and growth of, these specialist

caterpillars.

In Chapter 4 I test whether native plants provide better refuge to native animals than

non‐native plants. I also test alternative hypothesis related to structural complexity,

density and plant rigidity. In Chapter 5 I compare the overall habitat provisioning of

native and non‐native plant species as well as artificial plant analogues to

macroinvertebrates in an outdoor mesocosm experiment that lasted two months.

In Chapter 6 I compare the periphyton growth on native and non‐native plant species.

Periphytic algae suppress plant growth. Freshwater plants can limit phytoplankton



20

growth, which enhances water clarity and prevents algal blooms. In Chapter 7 I test

whether native and non‐native species differ in how potent their secondary metabolites

are to a cyanobacterium. In Chapter 8, I test plant tolerance to eutrophication in

higher‐than‐average water temperatures and measure the inhibition of phytoplankton.

In Chapter 8 I also test whether native and non‐native plants differ in their inhibition of

methane fluxes.

I synthesise the data of all data chapters in Chapter 9 to answer the main research

questions. In addition, I discuss how the results advance current scientific knowledge

and what messages it contains for nature conservation and society.
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Abstract

Globalization and climate change trigger species invasions and range shifts, which

reshuffle communities at an exceptional rate and expose plant migrants to unfamiliar

herbivores. Dominant hypotheses to predict plant success are based on evolutionary

novelty: either herbivores are maladapted to consume novel plants (enemy release

hypothesis), or novel plants are maladapted to deter herbivores (biotic resistance

hypothesis). Since novelty can work both ways, it fails to consistently predict when

herbivores will consume novel over non‐novel plants. Surprisingly, the value of using

plant traits to predict herbivore consumption of novel plants remains largely

unexplored. We hypothesized that (1) plant traits explain generalist herbivore

consumption rates of novel and non‐novel plants, and (2) any effect of novelty will be

grounded in consistent trait differences between native and novel plants. Lastly, we

expected to find (3) differences in plant traits and plant consumption rates across

latitude.

To test these hypotheses, we measured the consumption rate of plant species for a

tropical and a temperate generalist herbivore in controlled feeding trials by offering

them a large variety of 40 plant species from different geographical origins. Therefore,

whether a plant was novel depended on the herbivore used, allowing us to disentangle

plant identity from plant novelty. We also measured plant chemical traits and

determined whether traits, geographic origin or novelty best explained herbivore

consumption rates.

Both generalist herbivores consumed more of plants with a high nitrogen‐to‐phenolic

compounds ratio, irrespective of the plant’s novelty to the herbivore. A pattern of

increasing plant’s nitrogen‐to‐phenolics ratio with latitude could explain why both the

tropical and temperate herbivore consumed more of plants from temperate regions.

Plant novelty and its geographic origin no longer explained consumption rates once

differences in nitrogen‐to‐phenolic compounds ratio were taken into account.

We show that differences in plant traits along a latitudinal cline determine herbivore

consumption rates, irrespective of whether plants are novel or familiar. Therefore, we

propose that integrating evolutionary novelty theory with plant traits and biogeography

will increase our understanding of the consequences of plant species migration beyond

biogeographical barriers.
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Traits and biogeography in biotic resistance

Introduction

Plant species increasingly cross biogeographical dispersal barriers due to globalization

and climate change (van Kleunen et al. 2015). The entry of new species into

communities can greatly impact ecosystem functioning and biodiversity (Simberloff

2011a) and the mitigation of these impacts costs billions of dollars annually (Vilà et al.

2009, van Kleunen et al. 2015). Native herbivores can potentially prevent these impacts

by consuming non‐native plants and thus providing biotic resistance to non‐native plants

(Parker et al. 2006, Alofs and Jackson 2014). Generalist herbivores are more likely to

consume non‐native plants as they are less constrained in their selection of food plants

than specialist herbivores (Parker and Hay 2005, Parker et al. 2012). While this makes

generalist herbivores more likely to provide biotic resistance, it also makes their food

preference hard to predict. This is clearly indicated by opposing reports on herbivore

preference: meta‐analyses document both successful and unsuccessful biotic resistance

of herbivores to plant invaders (Keane and Crawley 2002, Levine et al. 2004, Parker and

Hay 2005, Parker et al. 2006, Jeschke et al. 2012a). An urgent question is therefore:

when do native herbivores provide biotic resistance to non‐native plants?

The likelihood of biotic resistance by consumers is traditionally predicted from the

evolutionarity novelty of the plant to the herbivore (Levine et al. 2004). As species

migrate beyond biogeographical barriers, they encounter species that they have not

coevolved with. Evolutionary novelty theory predicts that without coevolution, species

will be maladapted. This yields two alternative hypotheses: either native herbivores are

maladapted to consume non‐native plants (enemy release hypothesis), or non‐native

plants are maladapted to deter consumption by herbivores (biotic resistance

hypothesis). To resolve the generated opposing effects on whether generalist herbivores

prefer native (Keane and Crawley 2002, Liu and Stiling 2006, Xiong et al. 2008) or non‐

natives plants (Parker and Hay 2005, Parker et al. 2006, Morrison and Hay 2011, Jeschke

et al. 2012a), novelty‐based hypotheses may need to be extended by including

mechanisms underlying plant palatability (Verhoeven et al. 2009). The opposing effects

can be confounded by known differences in plant palatability over latitude, as many

novel plants have a tropical origin. Ultimately however, plant palatability depends on

plant traits related to plant nutritional value and anti‐herbivore defenses. Surprisingly,

the value of plant traits and biogeography in resolving the inconsistent results of

novelty has not been thoroughly investigated.
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Plant palatability depends on multiple plant traits and their interaction (Hay 1996, Elger

and Lemoine 2005, Agrawal 2011). Traits such as nitrogen content, phosphorus content

and total phenolic content have been found to correlate with the plant preferences and

consumption rates of generalist herbivores in native communities (Mattson Jr 1980,

Cronin et al. 2002, Elger and Lemoine 2005, Dorenbosch and Bakker 2011), but see

(Steinberg and van Altena 1992, Targett et al. 1995). However, few studies have tested

whether plant traits underlie differences in herbivore consumption of native and non‐

native plants (but see Lind and Parker (2010) and Morrison and Hay (2011)).

The opposing results for evolutionary novelty can also derive from biogeography.

Biogeographic research shows that plant palatability increases with latitude (Bolser and

Hay 1996, Siska et al. 2002, Salgado and Pennings 2005, Pennings et al. 2007, Moles et

al. 2011, Morrison and Hay 2012), with support for increasing nutritional value and

decreasing anti‐herbivore defenses with latitude (Reich and Oleksyn 2004, Schemske et

al. 2009), but see Moles et al. (2011). Hence, the geographical origin of non‐native

plants may affect herbivore preference via its effect on plant traits.

We hypothesized that (1) plant traits correlate with the consumption rates of plant

species by generalist herbivores, so that (2) any effect of novelty of the plant to the

herbivore will be grounded in consistent trait differences between native and novel

plants. We also expected that (3) herbivore consumption rates and plant traits including

nitrogen, phosphorus and phenolic content will show biogeographic patterns, with

increased consumption of high latitude plants.

We performed controlled feeding trials to test the herbivore consumption rate of 40

aquatic plant species, including species native and non‐native to Northwestern Europe,

to two generalist gastropods that likewise differed in their geographic origin. Novelty in

plant‐herbivore pairs was based on the presence or absence of overlap in the native

ranges of species. We measured plant traits, tested which ones best correlated with

herbivore consumption rates, and subsequently assessed whether plant traits and

patterns therein help predict generalist herbivore consumption of novel and known

plants.
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Traits and biogeography in biotic resistance

Materials and methods

Study system

The main herbivores on submerged aquatic vascular plants are generalists such as

waterfowl, crayfish and snails (Lodge et al. 1998, Parker and Hay 2005, Wood et al.

2016) and they strongly regulate plant abundance and ecosystem processes (Lodge et al.

1998, van der Wal et al. 2013, Veen et al. 2013, Bakker et al. 2016). Unsurprisingly

therefore, consumers provide most biotic resistance to plant invasions in aquatic

ecosystems (Kimbro et al. 2013, Alofs and Jackson 2014). Because generalist herbivory is

the dominant form of plant consumption and because of the huge ecological and

economic impacts that freshwater invaders cause in aquatic ecosystems (Dudgeon et al.

2006, Vilà et al. 2009), we used freshwater plants and herbivores as a model system.

We performed no‐choice feeding trials in which we tested 40 vascular freshwater plant

species, of which 20 are non‐native to Northwestern Europe (see Table S2.1). We used

non‐native plant species that are native to North America, South America, Africa and

Australia. We fed the aquatic plants to two generalist consumers that have been

frequently used in no‐choice feeding trials (Elger and Willby 2003, Elger and Lemoine

2005, Xiong et al. 2008, Burlakova et al. 2009) and that originate from contrasting

biogeographical regions: the South American freshwater snail Pomacea canaliculata

(Lamarck 1819) and the Eurasian freshwater snail Lymnaea stagnalis (Linnaeus 1758).

Aquatic plants

The non‐native plant species used in this study include those most widely spread in

Europe (Hussner 2012), as well as a few less common non‐natives. Native and non‐

native species from 12 different plant orders were tested to cover a broad phylogenetic

plant range (see Table S2.1). We collected 23 vascular aquatic plant species from twelve

field sites in the Netherlands from late September to early October 2012. The other 17

species were unavailable at field locations and were ordered from an aquatic plant

supplier, these groups were equally consumed (Appendix S2.1). All plants were green

and looked healthy at the time of collection and during their use in the feeding trials.

Plant species that were not used immediately in the feeding trials were either stored at

4 °C and used within a week (11 species) or kept in cattle tanks in the greenhouse on
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commercial pond sediment and filled with groundwater for later tests (29 species).

Generalist herbivores

The invasive herbivore species P. canaliculata (Channeled apple snail), a native of South

America, is listed among the 100 worst invasive species because of its impact on

ecosystems and agriculture (Lowe et al. 2000, Carlsson et al. 2004). The P. canaliculata

used in the experiment originated from a lab culture with snails imported from the

Philippines. Besides P. canaliculata, we tested the non‐invasive L. stagnalis (Great pond

snail), a native of Europe and Asia, because of its contrasting origin to P. canaliculata

and its inclination to feed on freshwater plants. L. stagnalis individuals were collected

from plant‐free or Chara dominated experimental ponds in the Netherlands (located at

52.2116 N, 5.0384 E) on three occasions between September and November 2012.

Both species were separately kept in aerated aquaria at 20 °C (pH 7.8; EC 0.2 mS/cm;

hardness 5.6 °D), supplemented with chalk, and fed butterhead lettuce five times a

week and fish food pellets (Velda, Enschede, the Netherlands) once a week.

Feeding trials

We performed 48 hour no‐choice feeding trials following established protocols (Elger

and Barrat‐Segretain 2002, Burlakova et al. 2009), with three simultaneous treatments

(n = 12 per treatment): grazing by L. stagnalis, grazing by P. canaliculata and a no‐

grazing control (for pros and cons of no‐choice trials see Appendix S2.1). Herbivores

were collected from aquaria, blotted dry, had their shell length (Velleman digital

calliper; Gavere, Belgium) and wet mass (Sartorius BL60S, Goettingen, Germany)

recorded (details in Appendix S1), and were then starved for 48 hours prior to the trials.

Non‐apical plant fragments or leaves collected from the tested plant species were

blotted dry, weighed (FWplant,initial) and offered to the starved snails in unlimited

availability (see Appendix S1). Snails grazed individually on plant parts in plastic beakers

filled with water (19 to 20 °C, pH 8, conductivity 200 µS/cm; WTW 350i Multimeter,

Weilheim, Germany)and covered with 1 mm mesh. After 48 hours, we removed each

snail from its experimental unit, collected the remaining plant material and dried the

plants in a stove (60 °C for at least 72 hours) before reweighing (DWplant,end). Snails were

frozen individually after each trial and later on dried to measure their dry shell mass,

which allowed us to express consumption standardized for snail tissue mass

(FWsnail,tissue). Following Elger and Barrat‐Segretain (2004), we used the mean initial
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fresh‐to‐final dry mass ratio of the no‐plant controls to calculate DWplant,initial from

FWplant,initial. Using this method, possible autogenic changes in plant mass in the control

treatment are included in the calculation of the initial dry mass ratio of the fresh plants

fed to the snails. In a previous experiment, no autogenic changes in plant fresh mass

were detected at 20 ° C in 24 hour trials (Zhang et al. 2016).

The relative consumption rate (RCR) was calculated as:

DWplant.initial‐DWplant.final / FWsnail.tissue / timedays.

This yielded several slightly negative mean RCRs (3 plant species for P. canaliculata and

7 species for L. stagnalis), likely because initial dry weights were calculated, which may

have induced extra variation. As no consumption was observed in these trials, the mean

consumption of plant species with negative RCRs was set to 0.01 mg g‐1 day‐1 (i.e. 0.2%

of mean consumption rate) instead of 0 or negative numbers to ease data

transformation.

Plant trait analyses

We measured the following plant traits: dry matter content, carbon content, nitrogen

content, phosphorus content and total phenolic content, because of their correlation to

herbivore consumption rates of freshwater plants (Lodge 1991, Cronin et al. 2002,

Dorenbosch and Bakker 2011). Phenolics are an ubiquitous class of chemical compounds

in aquatic plants and are hypothesized to be a deterrent to herbivores (Lodge 1991).

The evidence is predominantly correlational (Qiu and Kwong 2009, Dorenbosch and

Bakker 2011), and sometimes no correlation is found Wong et al. (2010) and Cronin and

Lodge (2003). Total phenolics measurements do not always capture anti‐herbivore

defenses, because not all phenolics are active deterrents (Boettcher and Targett 1993,

Gross and Bakker 2012), some stimulate herbivory (Rowell and Blinn 2003) and many are

likely neutral. Chemical defenses are best tested using feeding assays with plant

extracts incorporated into an agar‐based food matrix (methods described in Cronin et

al. 2002, Morrison and Hay 2011). Yet, given the logistic constraints of testing extracts

of all plant species, we resorted to the total phenolic content as a common currency

(Agrawal and Weber 2015) across aquatic plant species, although we are aware of its

limitations.
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Non‐apical parts of each plant species were collected, weighed and dried (60 °C until

constant weight) and weighed again to calculate their dry matter content (DMC) using 5

replicates (Elger and Willby 2003). We determined the total carbon, nitrogen,

phosphorus and phenolic content of finely‐ground dried material (ball grinder, Retch

MM301, Haan, Germany). To analyze the carbon and nitrogen content, we weighed in

approximately 1.5 mg of sample in tin cups for analysis on an organic elemental

analyzer (FLASH 2000, Thermo Scientific, Waltham, MA, USA). Total phosphorus content

was determined by incinerating 1 mg of each sample at 500 °C for 30 minutes and

digesting the remainder with 5 ml of 2.5 % persulfate in an autoclave (30 minutes at 121

°C). These samples were then centrifuged (30 minutes at 2500 rpm) and the P content

of their supernatant analyzed on an Auto Analyzer (QuAAtro method Q‐037‐05, Seal

Analytical, Fareham, UK).

For the analysis of total phenolic compounds (subsequently referred to as phenolics), 10

mg of plant material was extracted with 5 ml of 80 % ethanol for 10 minutes at 80 °C

before adding sodium dodecyl sulfate solution and FeCl3 reagent (Mole and Waterman

1987a, Hagerman and Butler 1989, Smolders et al. 2000). The change in color due to

reduction of Fe3+ to Fe2+ was measured at 510 nm on a spectrophotometer (Synergy HT

Microplate Reader, BioTek, Winooski, VT, USA) against a tannic acid calibration curve

(tannic acid ACS reagent 403040, Sigma‐Aldrich, St. Louis, Missouri, USA). The phenolics

content was expressed as mg tannic acid equivalents per gram plant dry weight. This

method, based on metal complexation is less sensitive to non‐phenolic oxidizing agents

than Folin‐Denis (Hagerman and Butler 1989), and these agents are likely present in

varying concentrations in the selected plant species. The method quantifies tannins and

other phenolic compounds that produce violet iron complexes, but not specifically

biologically active compounds (Mole and Waterman 1987a, b, Bernays et al. 1989) and it

can fail to capture active compounds (Bernays et al. 1989). These phenolics assays do

not measure oxidized phenolics, which are important in plant‐insect interactions (Appel

1993, Barbehenn and Constabel 2011), although their relevance for snails has not been

tested.

Documentation of native range and evolutionary novelty

We documented the geographical origin of all species based on literature (Aiken 1981,

Les and Mehrhoff 1999, Hussner 2012) and the USDA ARS GRIN database

(http://www.ars‐grin.gov)(Table S2.1). We classified plant‐herbivore pairs as
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evolutionary novel to each other (Morrison and Hay 2011) if species occurred on

different continents (North and South America, and Europe and Asia are considered as

separate continents). Although species distributions are dynamic, we expected that this

classification at least indicates whether plants and herbivores have encountered each

other in the last 10,000 years. The invaded ranges were excluded from analysis as the

resultant interactions are limited on an evolutionary scale.

To identify the relevance of biogeography, we assessed whether the native plant range

mainly lies in frost‐free (warm temperate, subtropical or tropical: referred to as

tropical) or frost‐prone (cold temperate: referred to as temperate) regions, see Table

S2.1 (Morrison and Hay 2012). Ceratophyllum demersum and Pontederia cordata could

not be classified according to biogeography given their broad latitudinal ranges. The

latitudinal classification likely captures variation in the length of growing season and

Figure 2.1 Comparison of generalist herbivore consumption for plant species (A) and the relation to the plant’s

nitrogen–to‐phenolics ratio (B). Scatterplot showing the normalized plant preference of the temperate

herbivore (Lymnaea stagnalis) versus the tropical herbivore (Pomacea canaliculata) (A). The normalized plant

preference of both herbivores in relation to the plant nitrogen‐to‐phenolics ratio (B). The data points are

square‐root transformed, but the axis labels show non‐transformed values.
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leaf longevity of plant species and the abundance and diversity of herbivores that plants

are exposed to, which can yield differences in plant traits (Morrison and Hay 2012).

Data analysis

Herbivore consumption rate was expressed as a fraction of the mean herbivore

consumption rate for each herbivore averaged across all plants, to compare the relative

plant consumption by both herbivores. We compared the consumption rate of P.

Figure 2.2 Plant traits underpin novelty‐based hypotheses that predict generalist consumption. a) Predicted

herbivore consumption rates of plant species based on three existing hypotheses (yellow bars): evolutionary

novel plants are maladapted to generalist herbivores (Parker et al. 2006), evolutionary novel plants are well

adapted to generalist herbivores (Keane and Crawley 2002), and plants originating from low latitudes are less

palatable than plants from higher latitudes (Schemske et al. 2009). b) Observed normalized consumption

(square root of mean ± SEM) for the Eurasian temperate (blue bars; Lymnaea stagnalis) and South American

tropical freshwater snail (red bars; Pomacea canaliculata) or for both (blue‐red bars). Mirroring consumption

is the mean nitrogen‐to‐phenolics ratio of plant groups (square root of mean ± SEM; mg mg‐1). Significant

differences of two‐sided t‐tests in mean herbivore consumption or mean nitrogen‐to‐phenolics ratio are shown

in bold and with an asterisk. Table 2.1 shows the output of a single statistical model to test all fixed effects

simultaneously.
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Table 2.1 Results of the linear model testing which factors best explain generalist consumption of native and

novel plant species. Results of the linear model of the normalized relative consumption rate (square‐root

transformed) of plant species (n = 38, excluding Ceratophyllum demersum and Pontederia cordata which

could not be classified according to biogeography). Insignificant interaction terms were dropped following a

stepwise approach, at each step dropping the most insignificant interaction term.

canaliculata and L. stagnalis using Pearson correlation (correlations among traits in

Table S2.2). We selected the plant trait best explaining herbivore consumption rate

using stepwise multiple regression (forward and backward) from all single plant traits

and their ratios (see Table S2.3) and used this trait in the subsequent analysis using

linear models (see Appendix S2.2 for details on trait ratios and the stepwise selection

procedure).

We constructed a linear model to test which parameters best related to the herbivore

consumption rate. It included four fixed effects: the nitrogen‐to‐phenolics ratio,

novelty to the herbivore, biogeography as a dichotomous classification: temperate or

tropical, and herbivore species (Table S2.1). All possible interactions of fixed effects

were added to the initial model. We then simplified the model by eliminating

insignificant interaction terms. F tests were used to test significance of the fixed

effects (Table 2.1).

In addition, we extended the model to test for and include possible phylogenetic

constraints in plant consumption by herbivores (see Appendix S3 for details).

Furthermore, we assessed the phylogenetic signal in plant traits and herbivore

consumption rate using Blomberg’s K (Kembel et al. 2010).

All data were analyzed in R version 3.2.3 using the picante, ape, nlme and car

packages. Model assumptions were verified through residual analysis, e.g. for non‐

normality, heteroscedasticity, and when necessary to meet assumptions data were
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square‐root transformed. T‐tests assuming unequal variance were used if groups were

heteroscedastic.

Results

Both herbivores showed a strong positively correlated consumption rate (Figure 2.1A;

Pearson’s r = 0.69; P < 0.001), with the non‐standardized mean consumption rate of P.

canaliculata almost three times higher (7.8 mg g‐1 d‐1) than the consumption rate of L.

stagnalis (2.7 mg g‐1 d‐1; tdf=72.4 = ‐4.34; P < 0.001). In stepwise multiple regression, we

found that the ratio between plant nitrogen and phenolics content best correlated with

the consumption rates of both herbivores (Figure 2.1B; regression analysis: L. stagnalis:

R2 = 0.18; P = 0.004, P. canaliculata: R2 = 0.26; P < 0.001; Appendix Table S2.3). For L.

stagnalis, the dry matter content also explained variation in consumption, but three

times less than the nitrogen‐to‐phenolics ratio as indicated by their F values, which

here are indicative of the relative variance explained (see Table S2.3; model with dry

matter and nitrogen‐to‐phenolics ratio: R2 = 0.33; P < 0.001). Plant consumption rates

of both snails were positively, marginally significant, related to the plant nitrogen

concentration (linear regression, L. stagnalis: F1,38 = 4.30; P = 0.046, P. canaliculata:

F1,38 = 3.67; P = 0.063) and significantly negatively to the plant phenolic content (linear

regression, L. stagnalis: F1,38 = 4.7; P = 0.0036, P. canaliculata: F1,38 = 10.3; P = 0.0027,

see Supporting Information Figure S2.1).

A consequence of the correlated consumption rates of both herbivores is that the

Table 2.2 Results of phylogenetic generalized least squares (PGLS). Likelihood ratio tests were used to test

fixed‐effects of PGLS. The likelihood ratio indicates the difference in likelihood of full and reduced models,

difference df denotes the difference in degrees of freedom. The consumption of both herbivore species was

analyzed in separate PGLS models. Significant fixed effects are denoted in bold.



33

2

Traits and biogeography in biotic resistance

herbivore species differed in their consumption rate of novel plants (Two‐way ANOVA:

evolutionary novelty x herbivore species Fdf=1,76 = 11.3, P = 0.001) as the Eurasian L.

stagnalis consumed more of native European than novel plants (Figure 2.2; One‐way

ANOVA: Fdf=1,38 = 4.6, P = 0.039), whereas the South American P. canaliculata consumed

more of novel than native South American plants (Figure 2.2; One‐way ANOVA: Fdf=1,38 =

7.5; P = 0.009). Additionally, consumption rates differed with geographic origin: both

herbivores consumed more of high latitude than low latitude plants (Figure 2.2; Two‐

way ANOVA: Fdf=1,73 = 4.57, P = 0.036). Importantly, differences in the herbivore

consumption rate between plant origin and across latitude were mirrored by differences

in plant traits (compare upper and lower panels in Figure 2.2B). Plant species from the

tropics had lower nitrogen‐to‐phenolics ratios than species from temperate regions

(Figure 2.2; t‐test: tdf=33.4 = 2.24, P = 0.032) and the plants novel to, and consumed

more by P. canaliculata, had higher nitrogen‐to‐phenolics ratios (t‐test: tdf=38 = ‐2.25; P

= 0.030). As a result, when including all three factors (geographic origin, novelty and

the nitrogen‐to‐phenolics ratio) in a single model of herbivore consumption rates, only

the nitrogen‐to‐phenolics ratio was significant (Table 2.1) and accounted best for the

documented patterns in herbivore consumption rates across evolutionary novelty and

biogeography. This model accounted for 23 % of the variance in consumption rates (R2‐

adjusted, Table 2.1), so 77 % is left unaccounted for.

Of the 15 tropical species, four were novel to P. canaliculata, and of the 23 temperate

species, four were novel to L. stagnalis. In these two subsets of tropical plants for the

tropical herbivore and temperate plants for the temperate herbivore, plant novelty did

not affect consumption rate, although it should be noted that the power of these

analyses was low (t‐tests: temperate L. stagnalis, t,22 = 1.22, P = 0.24 and tropical P.

canaliculata, t14 = ‐0.94, P = 0.36; Figure S2.2). In contrast, for both the tropical and

temperate subset of plants, the nitrogen‐to‐phenolics ratio was still positively

correlated with consumption rates (linear regression, temperate L. stagnalis, F1,22 =

7.81, P = 0.011 and tropical P. canaliculata, F1,14 = 4.95, P = 0.043).

Patterns in the nitrogen‐to‐phenolics ratio, the plant trait that correlated best to

consumption rates, showed no phylogenetic signal (K = 0.059; P = 0.86; if traits show a

strong phylogenetic signal, K is close to 1).. The consumption rate of L. stagnalis

showed a small phylogenetic signal (Figure S2.3; K = 0.36; P = 0.009) but not the

consumption rate of P. canaliculata (Figure S2.3; K = 0.10; P = 0.56). The results of the
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phylogenetic analyses were qualitatively identical to those of the linear models (Table

2.2): The nitrogen‐to‐phenolics ratio explained variance in the consumption rates for

both herbivores, whereas evolutionary novelty and biogeography did not explain extra

variance (Table 2.2).

Discussion

The feeding trials showed inconsistent results for evolutionary novelty: the South

American P. canaliculata consumed more of novel than non‐novel plants, whereas this

was reversed for the Eurasian L. stagnalis. Our study thus finds support for both the

biotic resistance hypothesis for P. canaliculata (Parker and Hay 2005, Parker et al. 2006,

Morrison and Hay 2011), and the enemy release hypothesis for L. stagnalis (Keane and

Crawley 2002, Xiong et al. 2008). In this respect, our results mirror the contrasting

results reported by other studies. However, contrary to most previous studies, we could

explain this inconsistency by including plant traits, where differences in the nitrogen‐

to‐phenolics ratio were in line with the higher generalist herbivore consumption rates

on native or non‐native plants, both across and within latitudinal ranges.

Interestingly, despite the fact that herbivores came from different biogeographic

regions, their consumption rates of the 40 tested aquatic plants were positively

correlated. Both herbivores consumed more of plants that contained high levels of

nitrogen and low levels of phenolics, resulting in an even stronger positive correlation

between herbivore consumption rates and the plant nitrogen‐to‐phenolics ratio,

reflecting the general principle that organism performance is governed by multiple,

interacting traits (Cruz‐Rivera and Hay 2003, Verberk et al. 2013). Hence we can

confirm our first hypothesis that plant traits correlate with the consumption rates of

generalist herbivores of the tested native and non‐native plant species. In our study

with L. stagnalis and P. canaliculata, the nitrogen‐to‐phenolics ratio was the plant trait

that best predicted herbivore consumption rate, explaining 23 % of the variance. This

result is in line with studies on food preference in generalist herbivores, which

commonly prefer plants high in protein or nitrogen, and low in chemical or structural

components that may act as anti‐herbivore defenses (Mattson Jr 1980, Lodge 1991,

Cruz‐Rivera and Hay 2003, Wong et al. 2010, Dorenbosch and Bakker 2011). However,

whereas the positive relationship between nitrogen or protein content of plants and

increased food quality for herbivores has often been demonstrated (Bakker and Nolet
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2014 and references therein, Grutters et al. 2015b), the role of plant defenses is less

clear. In particular the unit in which to express the strength of plant defenses across

unrelated plant species is uncertain. To express plant toughness we used dry matter

concentration as a proxy (Elger and Willby 2003, Elger and Lemoine 2005, Burlakova et

al. 2009), but other proxies including specific leaf area and punching resistance have

also been used. Also total phenolics may correlate with lignin and fiber content and thus

link to plant toughness. Total phenolics is an imperfect proxy for chemical plant

defenses: in aquatic plants, several active deterrent single phenolic compounds have

been identified (see Table S2.5 for an overview), but many phenolics are neutral

(Bernays et al. 1989, Boettcher and Targett 1993) and some are feeding stimulants

(Bernays et al. 1989, Rowell and Blinn 2003). Because total phenolics do not accurately

measure active deterrent compounds, the amount of total phenolics correlates with low

palatability in some studies (Boettcher and Targett 1993, Vergés et al. 2007), but not in

others (Steinberg and van Altena 1992, Targett et al. 1995), which can be explained by

the differing structures and function of the total phenolics involved (Bernays et al.

1989). Nevertheless, the fact that the nitrogen‐to‐phenolics ratio explained more

variance in consumption rates than novelty and latitude shows that involving plant traits

has much potential in understanding patterns in consumption rates.

Plant phylogeny can explain differences in plant traits and consumption, but as

expected for generalist herbivores, in our feeding trials we detected no strong

phylogenetic signal in herbivore consumption rates or in the nitrogen‐to‐phenolics ratio.

However, consistent with literature, certain plant species were generally consumed

less. Many eudicots such as Myriophyllum spp., Hydrocotyle spp. and Crassula helmsii

were hardly consumed, which matches previously conducted feeding assays (Parker and

Hay 2005, Qiu and Kwong 2009, Wong et al. 2010, Morrison and Hay 2011). Most

importantly, the nitrogen‐to‐phenolics ratio captured a portion of the variance in

herbivore consumption rates irrespective of plant phylogeny.

Our results confirm the second hypothesis that an effect of evolutionary novelty

(comprising both the enemy release hypothesis and its converse, the biotic resistance

hypothesis) could in fact be due to consistent differences in plant traits between novel

and non‐novel plants. Indeed, whether a given herbivore consumed more (P.

canaliculata) or less (L. stagnalis) of evolutionary novel plants than non‐novel plants

was found to be best correlated with the nitrogen‐to‐phenolics ratio, which was lower
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in tropical plants than in temperate plants. Hence, no effect of either biogeographic

region or novelty was found after taking the plant’s nitrogen‐to‐phenolics ratio into

account (Table 2.1; Figure 2.2).

We also found evidence for our third hypothesis that latitudinal differences in plant

traits affect the outcome of whether feeding trials support the enemy release

hypothesis or its converse, the biotic resistance hypothesis. In our study, both herbivore

consumption rates and the plant nitrogen‐to‐phenolics ratio showed a significant

latitudinal signature. Plant species from the tropics, i.e. low latitudes, were consumed

less by both herbivores and had a lower nitrogen‐to‐phenolics ratio than plant species

from temperate regions. These results match the increasing palatability of plants with

increasing latitude (Bolser and Hay 1996, Siska et al. 2002, Salgado and Pennings 2005,

Schemske et al. 2009, Moles et al. 2011, Morrison and Hay 2012) and the currently

debated patterns of increasing foliar nitrogen content with latitude (Siska et al. 2002,

Reich and Oleksyn 2004, Borer et al. 2013) and decreasing plant defenses with latitude

(Bolser and Hay 1996, Pennings et al. 2007, Schemske et al. 2009, but see Moles et al.

(2011)). The snails that we tested thus responded similarly in their higher consumption

of high latitude compared to low latitude plants as was previously reported for crayfish,

crabs, sea urchins and other snail species (Bolser and Hay 1996, Siska et al. 2002,

Morrison and Hay 2012). Our study furthermore shows that these latitudinal patterns in

plant consumption are underpinned by plant traits related to consumption; both across

temperate and tropical regions (Table 2.1, Figure 2.2) and within each region (Figure

S2.2). The results also indicate that temperate herbivores have a reduced capacity to

provide biotic resistance against non‐native plants from low latitudes, assuming that

feeding trials are generally predictive for impacts in plant communities (Lubchenco and

Gaines 1981, Hay 1997, Parker and Hay 2005, Parker et al. 2006, Alofs and Jackson

2014).This notion fits the general pattern of most invasions occurring towards higher

latitudes (Guo et al. 2012), increasing tropicalization of temperate marine ecosystems

(Vergés et al. 2014) and the stronger impact of temperate herbivores on native than

non‐native plants in field studies (Wood et al. 2016).

Conclusions

We show that plant traits determine whether generalist herbivores consume plants,

irrespective of plant novelty.  The plant nitrogen‐to‐phenolics ratio was positively

Chapter 2
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2correlated with herbivore consumption rates and increased with latitude. Hence,

whether novel plants are consumed more than natives depends on their biogeographic

origin, with biotic resistance likely being lower in temperate regions. Nevertheless the

trait used in this study could only explain 23 % of the variance in consumption, so there

is much to be gained in finding additional plant traits. Our results challenge the

generality of the enemy release hypothesis and the biotic resistance hypothesis and

hence their value in predicting plant success based on evolutionary novelty. Instead, to

understand the potential for biotic resistance better, we propose that an integration of

evolutionary novelty theory with plant traits and biogeography will increase the

predictability of the consequences of plant migration beyond biogeographical barriers.
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Supplementary information

Appendix S2.1. Details on no‐choice feeding trials

No‐choice feeding trials are frequently used as a proxy to measure the herbivore

consumption rate of large numbers of plant species in a logistically feasible manner

(Elger & Barrat‐Segretain 2002; Elger & Willby 2003; Elger & Barrat‐Segretain 2004;

Xiong et al. 2008; Burlakova et al. 2009), while yielding comparable results to those

derived from choice and field tests for our model herbivores (Elger, Barrat‐Segretain &

Amoros 2002; Xiong et al. 2008). However, for certain species, for example marine

isopods and amphipods, no‐choice feeding trials did not yield similar results as choice

trials (Cruz‐Rivera & Hay 2000; Cruz‐Rivera & Hay 2003), because low nutritional foods

were ingested more to compensate for the low nutrient concentrations. Since for our

test of 40 plant species, choice feeding trials were logistically not feasible, we followed

the approach of Elger and Barrat‐Segretain (2004) and used no‐choice feeding trials.

These no‐choice trials provide information on the consumption rate of each plant

Traits and biogeography in biotic resistance
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species by both herbivores.

It was not logistically feasible to perform all feeding trials simultaneously (40 plant

species x 3 herbivore treatments x 12 replicates = 1440 feeding trials), therefore

herbivore consumption rates were measured in five batches over 10 weeks. Lettuce

controls were added to verify that there was no effect of batch (One‐way ANOVAs, L.

stagnalis: F4,35 = 0.8; P = 0.53 and P. canaliculata: F4,35 = 1.8; P = 0.16). The plants used

for the feeding trials were collected from the field or ordered. On average, field‐

collected versus ordered plant species were consumed equally (L. stagnalis: two‐sided t

= ‐0.82; n = 40; P = 0.41; P. canaliculata: two‐sided t = 0.95; n = 40; P = 0.35). The

amount of plants that was offered to snails was standardized based on equal plant

volume; initial wet plant mass ranged from 0.1 g Potamogeton pusillus to 4 g of

Ceratophyllum demersum. For the feeding trials, we used eight week old P. canaliculata

(mean ± SD wet mass: 1.1 ± 0.5 g, mean ± SD shell length: 16.3 ± 2.4 mm, n = 480) and

L. stagnalis after 1.5 weeks of acclimation to indoor conditions (mean ± SD wet mass:

1.2 ± 0.5 g, mean ± SD shell length: 26.2 ± 3.3 mm, n = 480). Length measurements

were done for L. stagnalis: from tip to base, for P. canaliculata: from top to base.

Appendix S2.2. Details on the use of ratios and selecting the best predictor trait

The use of ratios such as the nitrogen‐to‐phenolics content draws on the usefulness of

ratios in ecological stoichiometry (Sterner & Elser 2002) and it reflects the general

principle that organism performance is governed by multiple, interacting traits (Cruz‐

Rivera & Hay 2003; Verberk, Van Noordwijk & Hildrew 2013). Of these traits, the

nitrogen‐to‐phenolics ratio best explained the consumption rate of both herbivores and

was used in the subsequent statistical analyses. For L. stagnalis, the dry matter content

was also retained as a second plant trait (see Table S3). However, due to its small effect

on consumption rates (Table S3), and because it was found in only one of the two

herbivores, this trait was not included in subsequent statistics, which also helped

simplify the linear model.

Appendix S2.3. Details on phylogenetic analyses

The analysis which extended the linear model with phylogenetic constraints was

performed using phylogenetic generalized least squares (PGLS), which used a

phylogenetic tree that we constructed using Phylomatic (Webb & Donoghue 2005) and

added branch lengths using the Phylocom BLADJ procedure with Wilkes ages. The branch

Chapter 2
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2lengths were adjusted and polytomies resolved using recent literature [Nymphaeales

(Yoo et al. 2005; Biswal et al. 2012); Hydrocharitaceae (Chen et al. 2012b);

Alismataceae (Chen et al. 2012a); Potamogetonaceae (Lindqvist et al. 2006);

Salviniaceae (Metzgar, Schneider & Pryer 2007); Myriophyllum (Moody & Les 2007);

Lamiales (Schäferhoff et al. 2010)]. For PGLS we used the Ornstein‐Uhlenbeck model for

trait evolution as correlation structure (Martins & Hansen 1997). On maximum likelihood

fitted models (with REML output as input for fixed parameters) we performed

likelihood‐ratio tests to test the fixed effects. PGLS was performed separately for each

herbivore as it cannot handle two dependent variables.

Traits and biogeography in biotic resistance

Table S2.1 Metadata for the plant species used in the no‐choice feeding trials. Information regarding growth

form, native status in Northwestern Europe, shared native range with the consumer, native range (ARS‐GRIN

database at http://www.ars‐grin.gov and Aiken 1981, Les and Mehrhoff 1999 and Hussner 2012), latitudinal

range based on frost free or frost prone origin and whether leaf or shoot served as feeding unit.
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Table S2.2 Correlation matrix for the tested plant palatability traits. The correlation matrix shows Pearson

correlation coefficients for pairs of plant food quality traits and variance inflation factors (VIF) of a full model

including the N: P ratio, and a reduced model without the N : P ratio. The food quality traits correlated are

the nitrogen content (N), carbon to nitrogen ratio (C : N), phosphorus content (P), dry matter content (DMC),

total phenolics content (total phenolics), nitrogen‐to‐phosphorus ratio (N : P) and the nitrogen‐to‐total

phenolics ratio (N : total phenolics).

Chapter 2
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Table S2.3 Multiple stepwise regression of plant traits on herbivore consumption. Backward selection was used

starting from a full model. At each step, the trait with the highest P value was removed (shown in table). The

selected regressors (α < 0.05 retained) for the final model are shown below the bottom line. The selection is

shown separately for a set of traits including the N‐to‐phenolics ratio (a) and separated nitrogen and total

phenolics content (b). Statistically significant results are displayed in bold. df indicates two degrees of

freedom: factor df and residual df. The chemical plants traits tested were: total phenolics content (TPC),

phosphorus (P), nitrogen (N), carbon‐to‐nitrogen ratio (C : N), dry matter content (DMC) and the nitrogen‐to‐

phenolics ratio (N : TPC).

Traits and biogeography in biotic resistance
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Table S2.4 Trait composition of plants grouped for novelty to herbivores and biogeography. Two‐sided t‐tests

were performed for plants grouped according to Northwest European native status, novelty to Lymnaea

stagnalis and Pomacea canaliculata, taxonomical clade and latitudinal native range. df denotes the total

degrees of freedom, broken df indicate that tests were corrected for heterogeneity of variances.

Table S2.5 Active deterrent phenolic compounds that have been identified in aquatic plants.
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2
Figure S2.1 The uncorrected consumption rates of L. stagnalis (closed circles) versus P. canaliculata (open

circles) (a), the uncorrected herbivore consumption rates versus the plant nitrogen concentration (b) and

uncorrected herbivore consumption rates versus the plant phenolics content (c). The reported statistics are

Pearson’s correlation (a) and linear regression (b and c).

Traits and biogeography in biotic resistance
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Figure S2.2 The normalized consumption rate of P. canaliculata (open circles) of novel and non‐novel tropical

plants with t‐test results (A), the normalized consumption rate of L. stagnalis (closed circles) of novel and

non‐novel temperate plants with t‐test results (B) and the relation between consumption rates of both

herbivores versus the square‐root transformed nitrogen‐to‐phenolics ratio of plant species with linear

regression results (C). The axes labels give raw non square‐root‐transformed values. In (A) and (B) the results

of t‐tests comparing novel and non‐novel plans are shown, while in (C) the results of linear regression are

shown.
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2
Figure S2.3 Phylogenetic overview of generalist herbivore consumption. Phylogenetic tree and normalized

relative consumption rate of native (n = 20; white bars) and non‐native plant species (n = 20; grey bars) for

two generalist herbivores: Lymnaea stagnalis and Pomacea canaliculata.

Traits and biogeography in biotic resistance
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Chapter 3

Abstract

Eutrophication and globalisation facilitate the dominance of exotic plants in aquatic

ecosystems worldwide. Aquatic omnivores can provide biotic resistance to plant

invasions, but little is known about whether obligate aquatic herbivores can do the

same. Herbivores such as insects can decimate aquatic vegetation, but may not be able

to consume exotic plants due to their more or less specialised nature of feeding. We

experimentally tested the larval feeding of an aquatic insect, the moth Parapoynx

stratiotata, on eleven submerged plant species, from either native or exotic origin. We

also tested whether insect herbivory stimulates nutrient and organic matter release,

thus affecting water quality. Larvae of P. stratiotata consumed seven out of eleven plant

species, and their growth was related to plant nutrient content and stoichiometry.

However, larvae had no preference for either native or exotic macrophytes, and their

plant preference was not related to the measured plant traits, but was possibly driven

by secondary metabolites. Through plant consumption, caterpillars induced

brownification and phosphate release, and the intensity thereof varied among plant

species, but not between native and exotic plants. In conclusion, P. stratiotata showed

strong feeding preferences demonstrating that aquatic insectscan directly and indirectly

alter water quality and vegetation composition.

Introduction

Eutrophication and globalisation cause a worldwide increase of invading exotic plants in

aquatic ecosystems (Meyerson & Mooney 2007). Exotic plants are introduced through

aquaculture and global plant trade (Kay & Hoyle 2001; Martin & Coetzee 2011; Hussner

2012) and they rank among the top four threats to freshwater biodiversity (Dudgeon et

al. 2006) with more than 96 invasive exotic aquatic plants already established in Europe

(Hussner 2012). They grow fast, disperse quickly and easily establish in eutrophied

ecosystems (Simberloff et al. 2011). As a result, plant invaders dominate many

disturbed habitats (MacDougall & Turkington 2005; Simberloff et al. 2011). Notorious

aquatic plant genera are Hydrilla (L.f.) Royle, Myriophyllum L. and Elodea Michx., and

their management costs millions of euros annually (Langeland 1996; Oreska & Aldridge

2011; Zehnsdorf et al. 2015). An open question is whether native herbivores can provide

biotic resistance to plant invasions. This will depend strongly on herbivore feeding

preferences for certain plant species. There is contrasting evidence: native herbivores
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Insect herbivory on native and non‐native plants

preferred exotic aquatic plant species in several studies (Parker & Hay 2005; Morrison &

Hay 2011), but preferred native plants in other studies (Xiong et al. 2008). We

hypothesised that the preference of native herbivores for certain plant species is

related to the plant quality.

Plant nutrient content may affect both the invasiveness of plants and their

susceptibility to herbivores. The growth‐rate hypothesis predicts that fast growth, often

found in invasive plant species, requires rapid protein synthesis in plants, and much

phosphorus‐rich RNA (Sterner & Elser 2002). As both plant and herbivore growth is

limited mostly by nitrogen (N) and phosphorus (P) (Mattson Jr 1980; Barko & Smart

1986; Barko et al. 1988; Smith et al. 1999), rapidly growing plants may be better food

for herbivores than slow growing ones, because the N and P content of such plants is

relatively high. For example, rudd and grass carp prefer aquatic plants with lower C:N

ratios, resulting from a higher N content (Dorenbosch & Bakker 2011). Besides

elemental stoichiometry, plants can differ in chemical feeding deterrents, and also in

the ratio of deterrents to feeding attractants (Cronin et al. 2002; Gross & Bakker 2012).

The aquatic caterpillar Acentria ephemerella Denis & Schiffermüller can grow on the

chemically well‐defended M. spicatum, but it grows better on the more nutritious, less‐

defended P. perfoliatus L. (Choi et al. 2002). Similarly, fish ate more of the well‐

defended M. spicatum when it contained more nitrogen (Dorenbosch & Bakker 2011).

Interestingly, foliar traits differ between native and exotic species (Penuelas et al.

2010). Therefore, native herbivores could potentially restrict exotic plant growth and

allow growth of other plant species by selective consumption, if exotic plants are

favoured food items.

Until now, herbivore preferences for exotic or native aquatic plant species have been

mainly studied using omnivorous animals. However, specialist herbivores may suppress

exotic plant growth better than omnivores, even though aquatic habitats contain fewer

specialist herbivores than terrestrial habitats (Newman 1991; Harrison et al. 2008; Gross

& Bakker 2012). More specialised herbivores can be effective agents of biotic

resistance, such as milfoil weevils (Euhrychiopsis lecontei Dietz) and the aquatic moth

Acentria ephemerella that consume exotic M. spicatum (Johnson et al. 1997; Johnson

et al. 2000; Solarz & Newman 2001). In addition, plants cannot easily recover from

insect herbivory through regrowth, because many insects target not only leaves, but

also stems and apical meristems (Newman 1991; Johnson et al. 1997; Johnson et al.
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2000; Choi et al. 2002; Fornoff & Gross 2014). The massive outbreak of insect herbivores

can decimate dense stands of macrophytes and alter the plant species composition by

direct feeding impacts (Johnson et al. 1997; Johnson et al. 2000; Gross et al. 2001).

Furthermore, they can indirectly affect vegetation composition by releasing nutrients

and organic compounds through excretion following the consumption of large amounts

of macrophytes (Newman 1991; Vanni 2002). The microbial degradation of dissolved

organic compounds into humic acids can then cause brownification of the water (Graneli

2012; Roulet & Moore 2006), which affects light availability and vegetation composition

(Mormul et al. 2012).

In this study we assessed the preference of a herbivorous insect for native and exotic

plant species, and we investigated how its consumption affects nutrient release and

water quality. We expected that plant stoichiometry and nutrient content, but not plant

origin, would explain herbivore preference and herbivore‐induced effects on water

quality.

Materials and methods

Study species

The Ringed China‐mark (Parapoynx stratiotata L. 1758; Crambidae) is a native European

moth with an aquatic larval stage that requires host plants for habitat and food (Lekic

1970; Vallenduuk 2004). Field observations showed that P. stratiotata can decimate

aquatic vegetation (Gaevskaya 1969; Spencer 1974), but apart from anecdotal evidence,

little is known about the moth’s feeding patterns, its growth and its effects on nutrient

release. We tested whether or not the palatability of native and exotic macrophytes to

P. stratiotata differs. Eleven macrophyte species were collected from experimental

ponds located at the Netherlands Institute of Ecology (51.988’ N, 5.672’ E) in July 2013.

These aquatic plants are now all common in Northwestern Europe and frequently form

dense vegetation in eutrophic freshwaters. We tested six native vascular plants:

Myriophyllum spicatum L., M. verticillatum L., Ranunculus circinatus Sibth,

Potamogeton lucens L., P. pusillus L. and Ceratophyllum demersum L. and one native

charophyte: Chara contraria A Braun ex Kützing. In addition, four exotic vascular plants

were fed to caterpillars: M. aquaticum (Vell.) Verdc. (native range: South America), M.

heterophyllum Michx (native range: North America), Cabomba caroliniana A. Gray

(native range: North and South America) and Elodea nuttallii (Planch.) H. St. John

Chapter 3
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(native range: North America).

Feeding trials

We used no‐choice feeding trials to determine the palatability of the plant species to

the caterpillars, following the design of feeding trials for pond snails (Elger & Lemoine

2005). We rinsed freshly collected plant parts under running tap water and prepared

portions of non‐apical shoots (0.5 g fresh mass), or in the case of P. lucens: whole

leaves. We carefully blotted plant parts dry with paper towel and weighed them to the

nearest milligram fresh mass before use in the feeding trials.

We collected caterpillars from plant culturing tanks at the Netherlands Institute of

Ecology for use in the experiment. Larvae were held in tap water (19 °C) for 24 h prior

to feeding trials. We used three larvae in each experimental unit to reduce variation in

feeding. Larvae were divided into three groups based on their body length (small: 10 –

12 mm, medium: 13 – 15 mm, large: 16 mm or greater), and we randomly added one

individual from each size group to experimental units with herbivores. For the feeding

trials, we used eight experimental units per plant species: four with added herbivores,

and four without herbivores to account for autogenic changes in plant mass (Elger &

Barrat‐Segretain, 2002). Rectangular plastic trays (11 x 15.5 x 5 cm) filled with 500 mL

tap water served as experimental units. At the start of the experiment, we added plant

portions to all trays, photographed them, and then released caterpillars in half of the

trays per plant species. Plant biomass was abundant to allow unrestricted feeding

during the experiment. We placed all trays in a room (19°C) with daylight and allowed

larvae to feed for 96 hours. Larvae were then transferred to trays with fresh tap water

where we waited for them to empty their gut (i.e. it was not visibly green, brown or

black) prior to freezing them in Eppendorf tubes. Later we unfroze larvae, dried them

at 60 °C, and weighed them (mg dry mass). We measured the carbon and nitrogen

content of caterpillars using a FLASH 2000 organic elemental analyser (Interscience BV,

Breda, the Netherlands) and measured the phosphorus content by incinerating samples

at 550 °C for 30 min, autoclaving them in a 2% potassium persulfate (K2S2O8) solution at

121 °C before measuring phosphate levels of the supernatant using a QuAAtro

segmented flow auto‐analyser (Beun de Ronde, Abcoude, the Netherlands).At the end of

the trial, leftover plant fragments were removed from the trays, blotted dry and

weighed to the nearest milligram fresh mass. Subsequently, we dried the fragments

(60°C to constant dry mass) and weighed them once more to determine post‐

Insect herbivory on native and non‐native plants
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experiment dry mass. Also, we analysed the water of each experimental unit, and of

four tap water background samples, for nitrate, nitrite, ammonium and orthophosphate

using an AutoAnalyzer (QuAAtro, Seal Analytical, Fareham, UK). We quantified

brownification of the water based on absorbance at 510 nm (Lambda 800, PerkinElmer,

Waltham, USA) (Smolders et al. 2003).

Chemical plant analyses

We measured the nitrogen (N), carbon (C), phosphorus (P), dry matter (DMC) and total

phenolics content (TPC) of all plant fragments. Dry plant fragments were finely‐ground

using a ball grinder (Retch MM301, Haan, Germany). We measured C and N content of

the ground dried plant material using an organic elemental analyser (FLASH 2000,

Thermo Scientific, Waltham, MA, USA). We determined the P content of plant fragments

by incinerating 500 µg at 500 °C for 30 minutes, then digesting the remainder with 5 ml

of 2.5 % persulphate in an autoclave (30 minutes at 121 °C) before analysing phosphorus

of the supernatant on an auto‐analyser (QuAAtro method Q‐037‐05, Seal Analytical,

Fareham, UK). To analyse plant TPC, we extracted plant material with 80 % ethanol for

10 minutes at 80 °C, then we added sodium dodecyl sulphate solution and FeCl3 reagent

and measured the absorbance at 510 nm on a spectrophotometer in triplicate (Synergy

HT Microplate Reader, BioTek, Winooski, VT, USA) against a tannic acid calibration curve

(Mole & Waterman 1987; Smolders et al. 2000).

Data analysis

We determined whether caterpillars had consumed plant species or not by analysing the

difference between pre‐ and post‐experiment plant fresh mass. We incremented each

difference, referred to as fresh mass change, with 48 mg to remove negative and zero

values. These negative values were caused either by plant growth, or by variance in the

extent of blotting plant fragments dry. We then assessed whether the square‐root

transformed fresh mass change differed between control versus herbivory treatments

using a two‐way ANOVA (factors: plant species x herbivory). The ANOVA justified

whether or not we could perform post‐hoc tests of pair‐wise contrasts between both

treatments for each plant species. We compared the square‐root transformed fresh

mass change among the consumed plant species using the appropriate post‐hoc

contrasts. In addition, we assessed whether or not mean caterpillar consumption

differed between native and exotic plant species using a separate ANOVA (factors: plant

origin and plant species).

Chapter 3
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Variation in feeding and in the pooled caterpillar dry mass were analysed using ANOVA

and regression. The following plant parameters were included: C, N, P, C:N, C:P, N:P,

DMC and TPC. We assessed indirect effects of herbivory on water nutrients and

brownification using ANOVA to compare herbivore to control treatments and to compare

interspecific differences. We excluded one outlier for Ceratophyllum demersum’s

phosphate measurements as it was much lower than all other values and caused

problems with model assumptions, however if included, the results were similar and

also significant. Subsequently, we performed separate ANCOVAs on water phosphate and

brownification including plant species as a factor and the fresh mass eaten by

caterpillars as a covariate. We checked that the final statistical models fulfilled

assumptions of homogeneity and normality. All data were analysed in R version 3.0.3

using the multcomp, MASS and car packages.

Results

Plant and herbivore stoichiometry

Plant stoichiometry, nutrient content and total phenolics content (TPC) varied strongly

among plant species, but not between native and exotic plants (Table 3.1). On average,

native and exotic plants had similar C:N, C:P, N:P, N, P and TPC values. The chemical

composition of caterpillars differed at the end of the experiment, depending on the

plant species they had been offered (Table 3.1). Furthermore, caterpillars had much

lower C:N and C:P values than plants.

Consumption

The larvae of Parapoynx stratiotata consumed native (0.25 ± 0.09, mean ± S.E.M.) and

exotic plants (0.18 ± 0.07, mean ± S.E.M.) in equal amounts (ANOVA; origin: F1,33 = 0.05,

P = 0.83). However, we found large interspecific differences in consumption of the

eleven tested aquatic plants (two‐way ANOVA; herbivory treatment: F1,66 = 481, P <

0.001; plant species: F10,66 = 21, P < 0.001; interaction: F10,66 = 22, P < 0.001). Larvae

consumed seven plant species and left four species unharmed: Chara contraria,

Myriophyllum verticillatum, Ranunculus circinatus, Cabomba caroliniana (Figure 3.1;

within‐plant post‐hocs: P < 0.05). For the plants eaten, Ceratophyllum demersum and

Myriophyllum heterophyllum lost significantly more fresh mass to herbivory than Elodea

nuttalli, Myriophyllum spicatum and Potamogeton lucens (Figure 3.1A; between‐plant

post‐hocs: P < 0.05).

Insect herbivory on native and non‐native plants
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Feeding determinants and growth of P. stratiotata larvae

Larval plant consumption was not related to plant elemental stoichiometry, nutrient

content, dry matter content or total phenolics content (P > 0.05; Supplementary

Materials Figure S3.1). However, the pooled final larval dry mass varied greatly between

plant species (Figure 3.1B; one‐way ANOVA, F10,33 = 8.7, P < 0.001) and was negatively

related to the plant’s C:N (Figure 3.2; regression, R2 = 0.86; P = 0.002) and C:P ratio (R2

= 0.54; P < 0.036), positively related to plant nitrogen content (R2 = 0.79; P = 0.005),

but not related to the plant phosphorus content (R2 = 0.28; P = 0.13). Carbon content

and TPC were not related to the final larval dry mass (P = 0.76 and P = 0.68

respectively). Among plants, the plant phosphorus and nitrogen content were weakly

positively correlated (Pearson correlation; r = 0.60, n = 11, P = 0.049).

Figure 3.1 Herbivore‐induced fresh mass difference and the pooled caterpillar final dry mass for each of the

eleven tested macrophyte species (mean ± SEM, n = 4). Different letters indicate statistically significant

differences between plant species. Species abbreviations are listed in Table 3.1.

Insect herbivory on native and non‐native plants
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Nutrient release

Herbivore presence resulted in higher water phosphorus concentrations (herbivory

treatment: F1,65 = 132.7, P < 0.001) and water brownification (herbivory treatment: F1,66

= 110.7, P < 0.001; Supplementary Materials Figure S3.2), and the intensity of these

herbivore‐induced effects differed substantially among plant species (Figure 3.3; for

phosphate: F10,31 = 11.1, P < 0.001 and for brownification: F10,66 = 5.8, P < 0.001). The

highest water phosphate concentration was found in the presence of herbivores in the

C. demersum, E. nuttallii, M. heterophyllum, P. lucens and P. pusillus treatments

(Figure 3.3a). Brownification was most pronounced when herbivores fed on E. nuttallii,

M. spicatum, P. lucens and P. pusillus, with absorbance values reaching 0.015 ‐ 0.020

(Figure 3.3b). Furthermore, the water phosphate concentration (F1,31 = 11.9, P = 0.002),

but not brownification (F1,32 = 1.5, P = 0.23), depended on the amount of fresh mass

Figure 3.2 Relationship between the pooled Parapoynx stratiotata final dry mass and the plant nitrogen

content (a), phosphorus content (b), molar carbon‐to‐nitrogen ratio (c) and molar carbon‐to‐phosphorus ratio

(d).
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consumed by caterpillars. Phosphate release was also positively related to the plant

phosphorus content (Figure 3.4; regression, R2 = 0.8, P = 0.010), but if the plant

phosphorus content was tested with the fresh mass consumed using multiple regression,

the latter was not significant (F1,4 = 0.8; P = 0.43). In contrast to phosphate, herbivory

did not increase levels of nitrate, nitrite, or ammonium in the water, as we found

similar concentrations in herbivore treatments compared to the controls (within‐plant

post‐hoc analyses: P > 0.05).

Figure 3.3 Water phosphate concentration and water brownification for each of the eleven tested macrophyte

species (mean ± SEM, n = 4 except for C. demersum phosphate: n = 3). Different letters indicate statistically

significant differences between plant species. Species abbreviations are listed in Table 3.1.

Insect herbivory on native and non‐native plants
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Discussion

In our study, on average, native and exotic plants possessed similar stoichiometry,

nutrients and total phenolics content, although the range for both groups was large due

to the inclusion of species from different plant families. In accordance with this finding,

aquatic larvae of Parapoynx stratiotata consumed similar amounts of native and exotic

plants. These results do not point to enemy release, which would have been the case if

exotic plant species had not been consumed by native caterpillars of P. stratiotata

(Keane & Crawley 2002; Colautti et al. 2004). Instead of enemy release, we found that

P. stratiotata can provide biotic resistance to the invasion by a number of exotic plant

species, as three of the four species that we tested were eaten by the caterpillars. The

main challenge for P. stratiotata seems not coping with plant origin, but tackling the

stoichiometric mismatch between the CNP ratios of itself relative to its food.

Figure 3.4 Among‐species relationship of plant phosphorus content (%) versus the phosphate concentration in

the water (µM) for plants that were eaten (red solid line) and not eaten (black dashed line).

Most aquatic insect herbivores are polyphagous, especially lepidopterans (Newman

1991), which P. stratiotata demonstrates by feeding on seven out of the eleven

macrophytes that we offered. Unlike weevils, lepidopterans such as P. stratiotata are

not restricted to a specific plant genus or family (Newman 1991). Instead we expected

the caterpillar to respond to plant traits. Unexpectedly however, none of the

stoichiometric, nutrient or defence traits explained the consumption patterns for P.

stratiotata. Whereas plant stoichiometry influences consumption by omnivorous

Chapter 3
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generalist crayfish, fish, snails, ducks and amphipods (Bolser et al. 1998; Cronin et al.

2002; Elger & Lemoine 2005; Dorenbosch & Bakker 2011; Bakker & Nolet 2014), our

results confirm the few prior results showing that insect herbivory is not as easily

explained (Dorn et al. 2001). We found that P. stratiotata larvae did not consume Chara

contraria, Myriophyllum verticillatum, Ranunculus circinatus and Cabomba caroliniana,

despite the favourable nutrient content of several of these plants. In contrast, larvae

unexpectedly consumed M. spicatum and M. aquaticum: plants that contained high

levels of phenolics, few nutrients, and had unfavourable stoichiometry. Aquatic

caterpillars feed differently than most generalist omnivores as they appear to be guided

in feeding by secondary metabolites (Erhard & Gross 2006), as are many terrestrial

insects (Rosenthal & Berenbaum 2012). Like some terrestrial Lepidoptera larvae,

aquatic caterpillars may ignore quantitative plant defences, which affect nutrient

uptake in the gut, as they tolerate them better. For example, Acentria ephemerella, a

close relative of P. stratiotata, tolerates tannins, which are degraded in its gut in a

similar manner as the terrestrial caterpillar Lymantria dispar (Gross et al. 2008). But,

they grow faster on a plant low in tannins (Potamogeton perfoliatus) than on a plant

high in tannins (M. spicatum) (Choi et al. 2002). These lepidopterans are often sensitive

to specific secondary metabolites (Newman 1991; Gross & Bakker 2012). Erhard and

Gross (2006) showed that flavonoids of Elodea nuttallii reduced the feeding by A.

ephemerella, although these flavonoids did not increase larval mortality. Secondary

metabolites probably affected insect preference in our trials but these are not linked to

any of our measured plant traits. For the plants that insects consumed though, we

observed large differences in larval growth, indicating that in contrast to plant

preference, insect fitness and density may critically depend on plant quality.

Within 96 hours, the pooled caterpillar mass differed greatly among the eleven plant

species treatments. It is likely that caterpillars gained mass in some treatments,

whereas in others they lost mass, due to variation in their consumption of the eleven

plant species offered. Furthermore, Parapoynx stratiotata and other aquatic

Lepidoptera such as Acentria ephemerella or Munroessa gyralis typically grow very fast

on plants of high quality (e.g. Dorn et al. 2001), which can lead to a fast biomass

increase. The observed growth efficiency of 10‐20% dry mass consumed to caterpillar

mass matches with literature on lepidopteran and herbivore growth efficiency (Elser et

al. 2000 Nature, Scriber & Feeny 1979).

Insect herbivory on native and non‐native plants
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Final caterpillar dry mass was positively related to the plant nitrogen content of their

food, and negatively related to plant C:N and C:P ratios. Nitrogen likely drives this

relationship, as plant species contained similar amounts of carbon, while the relation

between phosphorus and dry mass was not significant. Moreover, neither total phenolics

nor the ratio of phenolics to either nitrogen or phosphorus was related to larval mass,

which indicates that phenolics did not limit larval growth, but nutrients did. This

matches previous findings that both nitrogen and phosphorus can limit insect growth

(Newman 1991; Perkins et al. 2004). As nitrogen and phosphorus were correlated,

though only marginally significant, it was difficult to disentangle their separate effects.

Herbivory can release nitrogen and phosphorus and thereby affect nutrient cycling

(Pinowska 2002; Vanni 2002). Likewise, we show that consumption by P. stratiotata can

affect nutrient release and water quality as the larvae released phosphorus to the

water. Interestingly, the phosphorus‐release depended more on the phosphorus content

of plants than on the fresh mass consumed, which may be related to differences in ash

content of the plants that affected fresh mass. The mechanism behind the release of

phosphate is unknown, as it can have leaked from damaged plants, diffused from faecal

pellets, or may have been directly excreted by caterpillars. The release of phosphate,

along with larval preference, can alter plant species composition as undamaged species,

such as Chara contraria or Cabomba caroliniana, could benefit by taking up the

recycled phosphate when growing in a multi‐species macrophyte community. If no

macrophytes are left due to insect herbivory, phytoplankton may take up the nutrients

and outcompete macrophytes (Scheffer et al. 2001). In contrast to phosphate, we

measured no increase of nitrate, nitrite or ammonium concentrations following insect

herbivory. This may have resulted from a more efficient assimilation of nitrogen than of

phosphorus by herbivores, from nutrient uptake or from denitrification by bacteria.

Besides nutrient release, herbivory also induced brownification of the water, probably

due to an increase in dissolved organic carbon and its subsequent breakdown into humic

acids (Graneli 2012). The intensity of herbivore‐induced brownification varied among

plant species, and was most intense for Potamogeton lucens, Elodea nuttallii and

Myriophyllum spicatum. Decomposition of organic plant matter depends on various

factors that influence microbial growth including phenolic compounds, redox state, and

nutrient content of organic matter (Freeman et al. 2001). In our data, there was no

Chapter 3
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apparent relation between any of these factors and the extent of brownification that

we observed for the tested plant species.

Insect herbivores can strongly damage macrophytes and alter vegetation composition

(Newman 1991; Johnson et al. 1997; Gross et al. 2001), especially if fish predation is

limited (Miler 2008). Dense patches of native and exotic macrophytes provide

macroinvertebrates with refuge to predation (Diehl 1988; Manatunge et al. 2000;

Grutters et al. 2015) and may facilitate outbreaks of herbivorous insects. In such

outbreaks, P. stratiotata might shift aquatic vegetation towards non‐edible species like

Chara contraria, Ranunculus circinatus or Cabomba caroliniana as predicted by our

feeding trials. Indirectly, caterpillar feeding can also induce brownification, which

inhibits the growth of native plants more than that of exotic plants (Mormul et al.

2012), and which may allow herbivorous insects to indirectly shift species composition

towards exotic species like Elodea nuttallii that can tolerate low levels of light.

Furthermore, herbivore‐induced phosphorus release depended on plant species, which

could increase phosphorus availability for phytoplankton or non‐edible plants, or even

stimulate algal blooms.

We conclude that herbivorous insects can directly or indirectly affect aquatic

ecosystems, macrophyte abundance and species composition. In addition, our results

indicate that P. stratiotata can provide biotic resistance to the invasion by multiple

exotic plants, and that this herbivore seems to be hindered more by stoichiometric

constraints of its food than by plant origin. However, the determinants of plant

preference for native or exotic species of this caterpillar remain unknown.
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Figure S3.1 Scatter plots of fresh mass consumed by Parapoynx stratiotata and possible feeding determinants

among plant species. One dot represents one plant species.
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Figure S3.2 Photographs illustrating the caterpillar‐induced brownification in the experimental trays after the

plants and herbivores were removed. These pictures show the brownification in Potamogeton lucens

experimental units. Herbivory indicates the trays where caterpillars were present; no herbivory indicates the

control treatments.
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Abstract

Non‐native species introductions are widespread and can affect ecosystem functioning

by altering the structure of food webs. Invading plants often modify habitat structure,

which may affect the suitability of vegetation as refuge and could thus impact predator‐

prey dynamics. Yet little is known about how the replacement of native by non‐native

vegetation affects predator‐prey dynamics. We hypothesize that plant refuge

provisioning depends on (1) the plant’s native status, (2) plant structural complexity

and morphology, (3) predator identity, and (4) prey identity, as well as that (5)

structurally similar living and artificial plants provide similar refuge. We used aquatic

communities as a model system and compared the refuge provided by plants to

macroinvertebrates (Daphnia pulex, Gammarus pulex and damselfly larvae) in three

short‐term laboratory predation experiments. Plant refuge provisioning differed

between plant species, but was generally similar for native (Myriophyllum spicatum,

Ceratophyllum demersum, Potamogeton perfoliatus) and non‐native plants (Vallisneria

spiralis, Myriophyllum heterophyllum, Cabomba caroliniana). However, plant refuge

provisioning to macroinvertebrate prey depended primarily on predator (mirror carp:

Cyprinus carpio carpio and dragonfly larvae: Anax imperator) and prey identity, while

the effects of plant structural complexity were only minor. Contrary to living plants,

artificial plant analogues did improve prey survival, particularly with increasing

structural complexity and shoot density. As such, plant rigidity, which was high for

artificial plants and one of the living plant species evaluated in this study

(Ceratophyllum demersum), may interact with structural complexity to play a key role

in refuge provisioning to specific prey (Gammarus pulex). Our results demonstrate that

replacement of native by structurally similar non‐native vegetation is unlikely to greatly

affect predator‐prey dynamics. We propose that modification of predator‐prey

interactions through plant invasions only occurs when invading plants radically differ in

growth form, density and rigidity compared to native plants.

Introduction

Non‐native species are becoming widespread due to globalization and can have a

profound effect on ecosystem functioning by altering the structure of food webs

(Bridgewater et al. 2011, Vilà et al. 2011). Commonly underlying these food web effects

are changes in nutrient cycling and habitat structure (Crooks 2002, Simberloff 2011a).
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As predator‐prey dynamics are typically mediated by the structural complexity provided

by plants (Rantala et al. 2004, Warfe and Barmuta 2004, Finke and Denno 2006, Hughes

and Grabowski 2006, Klecka and Boukal 2014), ongoing plant invasions may distort

predator‐prey dynamics and ultimately ecosystem functioning through food web effects.

Non‐native plants may differentially shape the refuge provided to prey (Chaplin and

Valentine 2009, Martin and Valentine 2011, Valinoti et al. 2011) or change prey

behaviour, i.e. through differences in the structural complexity or density of native and

non‐native plants. Indeed, behavioural changes in prey have been induced by non‐native

plants in both terrestrial (Mattos and Orrock 2010, Dutra et al. 2011) and aquatic

habitats (Valley and Bremigan 2002).

Plants can change predator and prey behaviour (Michel and Adams 2009, Orrock et al.

2010) and alter predator‐prey dynamics by providing physical predator‐free refuge

(Rantala et al. 2004, Finke and Denno 2006) or by reducing encounter rates and prey

visibility (Hughes and Grabowski 2006). The extent to which such effects are manifested

is mainly dictated by the habitat structure provided by plants, which is determined by

the shoot density and architectural complexity. For example, densities > 350 artificial

stems m‐2 have been shown to impair prey (Daphnia pulex) detection and the swimming

speed and predation rate of the planktivorous fish Pseudorasbora parva (Manatunge et

al. 2000). Similarly, increasing artificial plant density reduced predation rates of

largemouth bass (Micropterus salmoides) feeding on bluegills (Lepomis macrochirus)

(Savino and Stein 1982) and real submerged plants reduced largemouth bass feeding on

rainwater killifish (Lucania parva) (Martin and Valentine 2011). Furthermore, a high

plant structural complexity benefitted prey survival (Anopheles sp. larvae) under fish

(Nannoperca australis) predation (Warfe and Barmuta 2004). In general, finely dissected

leaves, dense whorls and spiny leaf axils contribute to plant complexity and can reduce

prey visibility and provide physical refuge (Rantala et al. 2004, Warfe and Barmuta

2006).

The provisioning and effectiveness of refuge also depends on predator and prey identity.

For example, chironomid larvae were safer in complex plants under bream (Abramis

brama) and roach (Rutilus rutilus) predation than under perch (Perca fluviatilis)

predation (Diehl 1988). Predator hunting mode (e.g. pursuing or ambushing prey

(Wellborn et al. 1996)) can affect the role of habitat complexity in providing refuge to

prey organisms (Michel and Adams 2009). For instance, some prey evade structured
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habitats if the risk of ambush predators is high, but they might enter structured

habitats upon seeing predators in the open water (Horinouchi 2009, Martin et al. 2010).

Additionally, the role of plants in predator‐prey dynamics is further determined by prey

characteristics such as size, activity, swimming speed, camouflage or susceptibility to

allelochemicals (Flynn and Moon 2011, Figueiredo et al. 2013). For example, predator

size determines whether plant interstitial space hinders predation, while prey size

determines whether prey can fit into the available interstitial space to survive

predation attempts (Stoner 1982, Ryer 1988, Bartholomew et al. 2000). Another

example is prey susceptibility to plant allelochemicals, as prey face the dilemma of

having to endure these chemicals in the relative safety near the plant, or escape these

chemicals by venturing out in the open but risk being preyed upon (Burks et al. 2001,

Burks and Lodge 2002).

Altogether, plant refuge provisioning is determined by multiple parameters and can be

highly plant‐, predator‐ and/or prey‐specific (Klecka and Boukal 2014). Therefore,

alterations in habitat structure through the replacement of native by non‐native plant

species can greatly alter food webs and ecosystem functioning (Keast 1984, Strayer et

al. 2003, Simberloff 2011a, Stiers et al. 2011a). Yet, our understanding of the plant‐

mediated effects on predation dynamics by submerged native and non‐native aquatic

plants is still insufficient to predict invasion impacts (Schultz and Dibble 2012).

In this study, we compare the refuge provided by submerged aquatic native and non‐

native plants to three macroinvertebrate prey species predated upon by actively

hunting fish (mirror carp: Cyprinus carpio L. 1758) or ambushing dragonfly larvae (Anax

imperator) in laboratory trials. We hypothesize that (1) non‐native submerged

macrophytes provide less refuge than native aquatic plants to macroinvertebrate prey

as the unfamiliarity of native prey species with non‐native plants may limit their

optimal utilization of these novel sources of refuge, leaving them potentially more

vulnerable to predation. In addition, we expect that (2) plant structural complexity and

shoot density increase the effectiveness of refuge provisioning, and that plant refuge

provisioning depends on (3) predator and (4) prey identity (Klecka and Boukal 2014). In

addition to experiments with living macrophytes, we performed predation trials with

artificial plants to exclude allelopathy and purely assess the role of plant complexity.

We hypothesize (5) that artificial and living structures similar in density and complexity

provide similar refuge.
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Materials and methods

Ethics statement

The authors declare that mirror carp feeding trials comply with the animal research

laws of the Netherlands and permission for these was provided by the Royal Netherlands

Academy of Arts and Sciences animal sciences committee under application NIOO 13.09.

The macroinvertebrates in this study were collected from non‐protected privately

owned streams or artificial ponds with permission from the landowner and the regional

water board. All odonate species used are listed on the IUCN Red List as ‘of least

concern’. We took care that our sampling of individuals for use in laboratory predation

trials would not threaten local populations of macroinvertebrate species.

Experimental design

We assessed the degree of refuge provided to macroinvertebrate prey species by native

and non‐native submerged plants by means of predation trials. Each predation trial

consisted of a predator foraging on multiple individuals of a single prey species in an

aquarium with one plant species being present, or without any plants (see description

below). The six selected native and non‐native plants are common in European waters

(Hussner 2012) and vary in structural complexity, as expressed by their fractal

dimensions (McAbendroth et al. 2005) (Table 4.1). The plants were tested using two

contrasting shoot densities (‘low’ vs ‘high’), except in experiments with water flea

(Daphnia pulex). Water fleas clustered in the corners of the experimental area, i.e.

away from the plants, already at low shoot density, so we did not further assess them at

high shoot density. Three different experiments were performed to test plant refuge

provision.

In the first experiment we tested the refuge provided by three native (Potamogeton

perfoliatus, Myriophyllum spicatum and Ceratophyllum demersum) and three non‐

native plant species (Vallisneria spiralis, Myriophyllum heterophyllum, Cabomba

caroliniana) to three widespread macroinvertebrate species varying in size and activity

(Macneil et al. 1999, Van de Meutter et al. 2005) predated on by actively hunting

juvenile mirror carp (C. carpio). As prey, we used a motile benthic amphipod

(Gammarus pulex L. 1758), a small pelagic zooplankter (Daphnia pulex Leydig 1860) and

sedentary phytophilic damselfly larvae (approximately 70 % Ischnura elegans Vander
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Linden 1820 and 30 % Coenagrion puella L. 1758 or C. pulchellum Vander Linden 1825).

To compare the refuge provision to prey predated by predators differing in their hunting

mode (Calcagno et al. 2011), we performed a second experiment where we measured

the refuge provided by the same three native and three non‐native plant species to G.

pulex under predation by ambushing dragonfly larvae (Anax imperator Leach 1815).

Dragonfly larvae are one of the primary invertebrate top predators in waters without

fish, and frequently involved in predation studies (Rantala et al. 2004, Flynn and Moon

2011). G. pulex are a natural food source for dragonfly larvae (Folsom and Collins 1984)

and served as prey. Damselfly larvae were unavailable after the carp predation trials,

while D. pulex is not a major food source for A. imperator (Klecka and Boukal 2012),

therefore these prey were not tested.

Artificial plant analogues are frequently used to unravel the mechanisms involved in

plant refuge provision (Manatunge et al. 2000, Warfe and Barmuta 2004). In the third

experiment we tested whether refuge provision by four artificial plants of varying

complexity (Table 4.1) to G. pulex under carp predation is equal to that provided by

living plants of similar structural complexity.

Aquatic plants

Plants were collected from monocultures maintained in tanks located at the

Netherlands Institute of Ecology (51.9879 N, 5.6724 E). We selected three common

native and three non‐native Northwestern European submerged plant species with

similar structural complexity (visualised in Fig. 4.1). Common, dominant species were

picked as these are expected to provide most of the ecosystem functions (Grime 1997).

Effectively, dominant non‐natives are expected to replace dominant natives, and its

effects on refuge provision are being tested. In addition to these living plant species,

four artificial plant analogues resembling Ceratophyllum, Myriophyllum, Vallisneria and

Elodea were purchased for use in the third experiment (Hardeman Aquarium, Ede,

Netherlands; visualised in Fig. 4.2). After harvesting, the shoots were rinsed, cut to 25

cm and had their base wrapped in foam before being attached to a metal grid in low (~

300 shoots m‐2) or high (~ 800 shoots m‐2) density using binding wire (Fig. S4.1). These

densities were based on actual shoot densities in natural plant beds (Sheldon and Boylen

1977, Savino and Stein 1982) and prior experimental work (Manatunge et al. 2000). The

leaves of adjacent shoots touched each other at high density. The qualitative rigidity of
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all artificial plant analogues, C. demersum, and M. spicatum are described using a

photograph (Fig. S4.2). Five fresh shoots per species were scanned (Epson Perfection

4990 Photo) and analysed for their area fractal dimension at whole‐shoot and cross‐

sectional scale using ImageJ following (McAbendroth et al. 2005). The fractal dimension

was calculated at these two scales as each provides different information (McAbendroth

et al. 2005). Specifically, the shoot scale encompasses whole‐plant complexity of leaf

width and internode length, whereas the cross‐sectional fractal dimension assesses leaf‐

scale complexity such as the degree of leaf dissection. After completing all the

predation trials, plant wet and dry mass (60 °C to constant dry weight) were

determined. Shoots that had turned brown were replaced with fresh specimens during

the experiment.

Macroinvertebrate prey

Damselfly larvae (14 ± 2.0 mm mean length ± SD; n = 280) were collected from two

experimental ponds located at the Netherlands Institute of Ecology (51.9879 N, 5.6724

E), while G. pulex individuals (12.4 ± 2.4 mm mean length ± SD; n = 240) were collected

from the Heelsumse beek (51.976 N, 5.754 E) and D. pulex individuals (1 – 3 mm) were

commercially acquired every 4 days. All macroinvertebrate prey species were housed in

aerated water of 21 °C and used in predation trials after 24 – 72 h. G. pulex fed on dead

plant material from the Heelsumse Beek while D. pulex fed on yeast and microalgae

(Scenedesmus sp.). We photographed G. pulex and damselfly larvae to quantify their

body size using ImageJ (Schneider et al. 2012) and compare damselfly species survival.

Visual inspection of pre‐ and post‐trial photographs did not show differential survival for

Table 4.1 Information on the real and artificial aquatic plants used. Overview of the aquatic plants in the

predation trials along with information regarding the wet and dry weight of the native, non‐native and plastic

plant monocultures as well as their biomass, percent volume infested (PVI), morphological description and

fractal dimension.
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the two damselfly genera used. Damselfly larvae survivors were re‐used in equal

numbers across treatments (200 out of 640 individuals used) as not enough individuals

could be collected from the field. The survival probability of fresh versus re‐used

damselfly larvae was similar (respectively 44 ± 5 % versus 48 ± 5 % survival; mean

percent survival ± SD; calculated across all feeding trials involving damselfly larvae).

Carp trials

In the first and third experiment we used sixteen juvenile mirror carp (5 cm) acquired

from the Aquatic Research Facilities of Wageningen University and Research Centre

(ARF‐WUR). These were paired based on their wet mass to reduce stress and variance in

predation rate, yielding 8 homogenous pairs (mean ± SD weight of 20.6 ± 0.1 g), which

we randomly allocated to one of 8 aquaria on the 30th of August 2013. We fed fish with

sinking pellets (Trouvit, Trouw & Co., Putten, the Netherlands; 1 % wet mass day‐1) for a

week and then started to supplement their diet with living Gammarus pulex and later

zooplankton and damselfly larvae in the three weeks prior to the trials.

The carp trials were performed at a temperature of 21 °C in eight glass aquaria (180 x

40 x 40 cm in length x width x height; water depth of 38 cm; 274 L). Pairs of aquaria

were connected to four biological filters. Water was added weekly to compensate for

evaporation, while 50 % water replenishments took place in between trials. Each

aquarium was divided into three compartments using separators consisting of a wooden

frame covered with 0.5 mm PE mesh (Fig. S4.1). In this way we constructed a fish living

area (60 cm of total length), an experimental area (40 cm) and a plant storage area (80

cm) in each aquarium. Fish could swim from their living area to the experimental area

through a hatch, so there was no need of transferring them with a net. This is important

because the manual transfer of fish by means of hand nets would cause severe stress,

affecting fish prey capture behavior for prolonged periods of time. Therefore, during

the two weeks prior to the trials, we accustomed the fish to swimming through the

hatch into the experimental area. Both the living and experimental areas were covered

in white paper on the outside to exclude effects of external stimuli during predation

trials. Artificial plants, distinctly different from all other plants, were added to the

living compartment as cage enrichment so that carp could hide if desired, whereas a 4

cm layer of coarse sand was added to the experimental area. Before each predation

trial, plant grids of the appropriate species were buried in the sediment in such a way

that a 10 cm perimeter of open water remained around the plants. Illumination was
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provided by dimmable fluorescent lamps (Philips MASTER TL5 HE 28W/840) and provided

14 ± 2.1 lux (mean ± SD) measured 5 cm above the sediment in the experimental area.

All carp trials were performed within five weeks, first using real plants then with

artificial plant analogues. Two (living plants) to four trials (artificial plants) a day were

performed over a consecutive period of at most 8 days for each predator‐prey

combination according to a randomized block scheme (n = 8). As training effects may

have occurred over time, we included time as a random effect (see Data analysis). In

the trials, prey were acclimated to the experimental area for 10 minutes before we let

the fish enter the experimental area through the hatch. As G. pulex tended to ‘escape’

into the fish living area upon opening the hatch, they were added after the fish. The

carp were allowed to forage on fifty D. pulex for 10 minutes and for 30 minutes on ten

G. pulex or five damselfly larvae before re‐entering their living area. These prey

densities reflect the natural abundance of macroinvertebrate taxa (Klecka and Boukal

2014). Foraging times were based on pilot experiments to estimate the time required by

predators to finish most, but not all, of the prey in vegetated patches. At the end of

each trial all remaining prey were counted to obtain an estimate of survival probability.

We measured the standard length, gape width and wet mass for each individual fish

after completing all carp feeding trials (Table S4.2).

Dragonfly larvae trials

For the second experiment, we collected 15 Anax imperator larvae (body length of 39.3

± 2.1 mm) from experimental ponds located at the Netherlands Institute of Ecology

(51.9879 N, 5.6724 E). In the week prior to the trials, these ambush predators were

housed individually in 2 L plastic containers containing Elodea nuttalli and fed a single

gammarid daily (approximately 10 mm). Before each trial, the A. imperator larvae were

individually transferred to separate plastic containers (41 x 30 x 24 cm) filled with 25

litres of water and 4 cm of coarse sand as sediment, according to an incomplete

randomized block design (n = 9) for two or three trials a day. After 30 minutes, ten G.

pulex individuals (9.1 ± 2.1 mm mean ± SD; n = 320) were added to each container.

Then, we allowed the A. imperator to forage for 60 minutes before returning them to

their housing. At the end of each trial all remaining G. pulex were counted to obtain

survival numbers. The foraging time was adjusted to match the lower feeding rate of

dragonfly larvae compared to carp. Six plant species monocultures (in low and high
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shoot density plus a no‐plant control) were used, similarly as in the carp trials (see Carp

trials; Table 4.1).

Data analysis

The survival data were separately analysed for each predator‐prey combination with

generalized linear mixed models (GLMM) of the binomial family and fitted using Laplace

approximation (Bolker et al. 2009). In all GLMMs we added random intercepts for the

following random effects: ‘individuals’ (fish pairs or dragonfly individuals), day and time

of day. Gammarus pulex survival under carp predation was corrected for escapes

through the fish hatch (95 out of the 1840 individuals). Six outliers (> 2.2 interquartile

range) in the Daphnia pulex x carp dataset were removed. These outliers were present

no more than once per pair of fish (n = 8) and most of them (3 out of 6) occurred on day

1 of the D. pulex x carp trials. In these cases, daphnid survival was higher than average,

likely because fish were less actively searching for prey or could not find daphnids in

the corners.

For every predator‐prey combination, we first fitted a GLMM to test for a difference

between the plant treatments and the no‐plant controls. If prey survival differed

between plants and controls, the controls were excluded from the dataset to analyse

the crossed fixed effects of plant species and density in a GLMM. Subsequently, to

compare native and non‐native plants, a separate GLMM with plant origin as the fixed

effect and an additional random intercept for plant species was fitted on the dataset

without controls. Hypotheses were tested by analysing fixed effects with Likelihood

Ratio Tests (LRT). Post hoc comparisons of significant fixed effects were performed by

simultaneous inference using Tukey contrasts. There was no overdispersion in the GLMMs

as the sum of squared residuals divided by the residual degrees of freedom was

approximately equal to 1, except for the model fitted on Daphnia pulex survival.

Therefore, we resorted to the glmmPQL function in R to compare plants and controls

using the aforementioned random effects structure.

Fractal dimensions of shoot and cross‐section were compared among real and artificial

plants, as well as between native and non‐native species using 1‐way ANOVAs. Residuals

were normally distributed, yet some data violated the assumption of homogeneity of

variances for which we used Welch’s ANOVA and a Games Howell post hoc test.

Additionally, Pearson correlation and linear regression were used to correlate the shoot
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(D between 1.63 – 1.88) to the cross‐sectional fractal dimension (D between 1.15 – 1.89)

and to analyse the relation between the mean prey survival (%) and fractal dimensions

respectively.

Statistics were performed using R version 3.0.3 (R Core Team 2013) and the packages

‘lme4’ (Bates et al. 2013), ‘multcomp’ (Hothorn et al. 2008), ‘MASS’ (Venables and

Ripley 2002) and ‘car’ (Fox and Weisberg 2011).

Results

Plant refuge for prey under carp predation

The survival of the three macroinvertebrate prey under carp predation did not differ

significantly between native and non‐native plants (Fig. 4.1; Table 4.2). The presence of

certain plant species increased the survival of Gammarus pulex (χ²df=1 = 14.1; p < 0.001)

and damselfly larvae (χ²df=1 = 83.6; p < 0.001), but not of Daphnia pulex (tdf=1 = ‐1.63; p

Table 4.2 Output of generalized linear mixed models (GLMM) on prey survival data. Each predator‐prey

combination was modelled separately due to the large number of random effects. Origin denotes the

comparison in refuge provisioning of native and non‐native plant species.
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= 0.11), compared to no‐plant controls (Table 4.2; Fig. 4.1). Observations indicated that

D. pulex individuals were clustered in the corners of the experimental area, i.e. away

from the plants. The avoidance of plants by D. pulex was confirmed in separate tests

using artificial plant analogues. Surprisingly, only Ceratophyllum demersum improved

gammarid survival (44 % survival on average) compared to other plant species

(maximum 4 % survival on average) and this effect was found regardless of plant shoot

density (Fig. 4.1C; Table 4.2). Observations revealed that G. pulex individuals settled on

plants, but were then often detected and hunted down by the carp. Survival of

damselfly larvae was similar among plant species (χ²df=5 = 5.57; p = 0.35), though

damselfly larvae survival was reduced at high compared to low plant density

(respectively 34 % and 55 % average survival; Fig. 4.1B; χ²df=1 = 5.75; p < 0.01).

Structural complexity

Even though prey survival was largely similar across plant species, there were clear

differences in structural complexity among plant species (Table 4.1), whereas

complexity was similar for native (mean ± SD of respectively shoot and cross‐sectional

D: 1.76 ± 0.07 and 1.66 ± 0.16) and non‐native plant species (mean ± SD of shoot D: 1.75

± 0.05 and cross‐sectional D: 1.49 ± 0.19; One‐way ANOVAs for shoot complexity: F1,4 =

0.045, p = 0.84 and cross‐sectional complexity: F1,4 = 1.34, p = 0.31). Both the shoot and

cross‐sectional fractal dimension varied among plant species (One‐way Welch’s ANOVAs

of respectively F5, 11.04 = 6.54, p = 0.005 and F5, 38.4 = 117.28, p < 0.001; Table 4.1). A high

shoot complexity was not necessarily coupled to a high cross‐sectional complexity

(Pearson correlation, r = ‐0.16, n = 10, p = 0.66). Linear regression indicated a

significant positive relationship between the damselfly larvae survival under carp

predation and shoot fractal dimension in the treatment with high shoot density (R2 =

0.81, n = 6; p = 0.009) while all other tested relationships between living plant

structural complexity and prey survival were non‐significant (Fig. S4.3).

Predation by ambushing dragonfly larvae

Under Anax imperator predation, G. pulex survival was higher in the presence of plants

(mean ± SD survival of 53 ± 19 %) compared to the no‐plant control (mean ± SD survival

of 34 ± 11 %; χ²df=1 = 13.6; p < 0.001; Fig. 4.1D). Native and non‐native plants provided

equal refuge to G. pulex (respective mean ± SD survival of 59 ± 18 % versus 48 ± 22 %)

and there was no effect of plant density (χ²df=1 = 2.20; p = 0.14; Table 4.2). Yet there
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was a significant interaction of species and density (χ²df=5 = 21.8; p < 0.001) as the

survival of G. pulex in low density monocultures of Cabomba caroliniana had a

decreased survival compared to the other plant species (Fig. 4.1D).

Refuge provision by artificial plants

Artificial plant analogues differed in their shoot and cross‐sectional fractal dimension

(1‐way Welch’s ANOVAs of respectively F3, 7.78 = 578.3, p < 0.001 and F3, 4.17 = 36.6, p =

Figure 4.1 Refuge provisioning by native and non‐native aquatic plants. Mean ± SEM survival (%) of (A) Daphnia

pulex, (B) damselfly larvae and (C) Gammarus pulex under mirror carp predation (Cyprinus carpio; n = 8) and

of (D) Gammarus pulex under Anax imperator predation (n = 9) in low (white bars; 300 shoots m‐2) and high

density (grey bars; 800 shoots m‐2) plant monocultures grouped into native (left side) and non‐native species

(right side). Horizontal bars represent the groups that were compared. Comparisons between two groups are

shown as non‐significant (ns) or one to three asterisks (GLMM Wald χ² tests: * P < 0.05; ** P < 0.01; *** P <

0.001), whereas lowercase letters indicate significance among three or more groups (GLMM simultaneous

inference post hoc; P < 0.05). ‘NA’ indicates not available.
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0.002; Table 4.1). The survival of G. pulex under carp predation was affected by

artificial plant type (χ²df=3 = 115.6; p < 0.001). Specifically, average G. pulex survival

was highest in Ceratophyllum (32 %) and Myriophyllum artificial analogues (49 %),

somewhat lower in Vallisneria (17 %) and lowest in Elodea analogues (4 %; Fig. 4.2). Yet,

there was no relationship between G. pulex survival and the artificial plant fractal

dimensions (Fig. S4.3). Lastly, at high shoot density G. pulex survival increased about

three‐fold compared to a low shoot density (average survival of respectively 39 % versus

12 %; χ²df=1 = 49.23; p < 0.001). Observations indicated that at high shoot density, fish

penetrated vegetation less often, or in the case of Ceratophyllum and Myriophyllum

analogues, they rarely did so. Like in living Ceratophyllum demersum plants, surviving

gammarids in artificial plant analogues were well hidden in interstitial spaces and it

took considerable effort to remove them.

Discussion

We found that native and non‐native aquatic plants generally provided equal refuge to

macroinvertebrate prey. However, refuge provisioning depended strongly on predator

and prey identity. Contrary to our expectations, plant structural complexity was not

consistently a major driver in shaping refuge provisioning. In some cases, the level of

protection depended on species‐specific interactions between plant species, prey

species, and plant density. Interestingly, our results on gammarid survival under carp

predation were clearly different for artificial and living plants.

Native versus non‐native plants

Invading plants typically lower native fish, plant, and macroinvertebrate species

abundance (Stiers et al. 2011a, Schultz and Dibble 2012) and modify the habitat

structure of ecosystems (Simberloff 2011a). Consequentially, the change in habitat

structure caused by replacement of native by non‐native plants could change species

assemblages by altering predator‐prey dynamics (Valley and Bremigan 2002, Van de

Meutter et al. 2005, Chaplin and Valentine 2009, Martin and Valentine 2011, Valinoti et

al. 2011). Contrary to our expectations, native and non‐native plants functioned

similarly in terms of refuge provision to macroinvertebrate prey in our experiments.

Native and non‐native plants in our study spanned a similar range in fractal dimensions,

which may explain why they did not differ in their provision of refuge to invertebrate

prey. There were specific exceptions with regard to Gammarus pulex prey however, as
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the native plant Ceratophyllum demersum provided refuge under carp predation, while

the non‐native species Cabomba caroliniana in low density made G. pulex more

susceptible to dragonfly larvae predation.

Species‐specificity is also reported by other authors. Some threatened

macroinvertebrates and fish species depend on plant species for refuge, such as the C.

demersum or Stratiotes aloides (Rantala et al. 2004). Their replacement by non‐native

plant structures could thus threaten conservation efforts. For example, ponds invaded

by floating invasive plant species had reduced macroinvertebrate abundance and lacked

sensitive benthic species like mayflies, compared to uninvaded ponds dominated by

submerged native plants (Stiers et al. 2011a). These species‐specific effects show the

utility of testing multiple plant species in experiments, both to uncover species‐specific

Figure 4.2 Refuge provisioning by artificial aquatic plants. Mean ± SEM survival (%; n = 8) of the benthic

crustacean (Gammarus pulex) predated upon by mirror carp (Cyprinus carpio carpio) in the presence of

artificial plant analogues of varying complexity and in low (white bars; 300 shoots m‐2) and high density (grey

bars; 800 shoots m‐2). Horizontal bars indicate the groups that were compared, where comparisons between

two groups are shown as either non‐significant (ns) or their significance using asterisks (GLMM Wald χ² tests: *

P < 0.05; ** P < 0.01; *** P < 0.001) and lowercase letters for significance among three or more groups (GLMM

simultaneous inference post hoc; P < 0.05).
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effects, and in order to generalize conclusions (van Kleunen et al. 2014). In future

experiments, it would be of interest to assess the potential benefit of rare plant species

in refuge provisioning on top of that already provided by dominant plants.

Prey identity

Prey identity can affect predator‐prey dynamics (Van de Meutter et al. 2004, Scheinin et

al. 2012, Klecka and Boukal 2014). We show that the use of plant structures for shelter

by macroinvertebrate prey under carp predation differs and conclude that plant refuge

is prey‐specific. Surprisingly, the presence of plants did not affect Daphnia pulex

survival under carp predation, even though such an effect has been reported in

literature (Wright and Shapiro 1990, Burks et al. 2001). In the presence of predatory

fish, daphnids have been observed to seek refuge in plants (Lauridsen and Lodge 1996).

Yet in our trials D. pulex individuals evaded plants, a behavioural observation that has

also been reported previously in lab experiments (Pennak 1973, Nihan Tavşanoğlu et al.

2012). It seems that D. pulex failed to detect, or respond to, the fish as it may have

done in prior studies (Lauridsen and Lodge 1996, Van de Meutter et al. 2004). The

absence of anti‐predator behaviour can indicate that the daphnids used had not been

adapted to fish predation (Boersma et al. 1998).

Contrary to the pelagic D. pulex, phytophilic clasping damselfly larvae attach

themselves to a leaf or stem and rely on crypsis to survive (Corbet 1999). Upon release

in the experimental arena for pre‐trial acclimation, damselfly larvae quickly settled and

rarely moved thereafter. All plant species, including those of low complexity, provided

concealment for this prey. The first larval prey consumed by carp had often not settled

on plants, but was attached to the glass. This indicates that edge effects are present in

aquarium experiments, and that in situ, efficient crypsis relies on adequate prey

behaviour in seeking suitable structures to attach to. Furthermore, edge effects can

inflate experimental predation rates compared to natural predation rates, because in

aquarium experiments, prey cannot escape predation by moving to other areas. At high

plant density, larval survival was lower, possibly because damselfly larvae positioned

themselves at the outer bounds of dense plant patches where they were more exposed

to carp (pers. observation). Presumably damselfly larvae did so because they perceived

the outer bounds as safer habitat than the inside of vegetation. The perception of

predation risk by prey has previously been shown to strongly affect prey behaviour

(Martin et al. 2010). Specifically, juvenile roach (Rutilus rutilus) respond adaptively to
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olfactory and visual cues of open‐water versus ambush predators and thereby increase

its chance of survival. In our study, although there was neither ambush predator nor an

olfactory cue, damselfly larvae chose not to enter dense vegetation. This behaviour

occurred despite the visible presence of carp in the open water.

We observed a plant species effect for the highly active benthic amphipod Gammarus

pulex as only Ceratophyllum demersum provided refuge. Important for the provision of

predator‐free space is the body size of predator and prey in relation to interstitial plant

space (Bartholomew et al. 2000, Bartholomew 2002). This plant’s dense and rigid leaf

whorls offered refuge to the small and agile G. pulex whenever a carp tried to hunt it

down, so that C. demersum effectively provided predator‐free space.

We also hypothesized that prey survival would be positively related to plant complexity

expressed as the fractal dimension (McAbendroth et al. 2005). Surprisingly, while the

fractal dimension differed among plant species, it was only positively related to

damselfly larvae survival in plant patches of high density. This could indicate an effect

threshold for complexity similar to threshold effects reported for density (Gotceitas and

Colgan 1989, Manatunge et al. 2000). However to test this idea, further experiments are

required. We suggest that predator and prey identity overruled the impact of plant

structural complexity and shoot density in refuge provision, at least in the range of

variation in complexity and stem density used in our experiments.

Artificial plant refuge

In contrast to our results with real plants, multiple studies using artificial plants showed

that increased plant structural complexity generally improves prey survival under fish

predation (Diehl 1988, Manatunge et al. 2000), whereas there was not always an effect

of stem density (Warfe and Barmuta 2004). Such enhanced survival has been related to

either concealment and reduced encounters (Manatunge et al. 2000, Hughes and

Grabowski 2006) or to provisioning of predator‐free space (Rantala et al. 2004, Orrock

et al. 2010). Similarly, we found that when using artificial plants, gammarid survival

under carp predation increased with increasing qualitative structural complexity, not

fractal dimension, and shoot density. Predator‐free space (and consequently prey

survival) is larger in artificial plants of high complexity. Plants with dense leaf whorls

effectively limit fish movement, whereas plants with sparse leaf whorls like the Elodea

analogue, or those with singular leaves like the Vallisneria analogue provided some
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predator‐free habitat, but required high shoot densities to do so. However, gammarid

survival was not related to the fractal dimension of the artificial plants, suggesting that

the fractal dimension may not adequately capture the refuge provisioning of these

plants. This may be related to the scale at which fractal dimension is estimated, i.e. at

whole shoot or leaf, and it may be difficult to integrate both measures into a single

index. This and other limitations of the fractal dimension, such as failing to capture

diversity of complexity and size elements, have been previously discussed in a recent

review (Tokeshi and Arakaki 2012).

Plant rigidity

Real and artificial plants were similar in size, shape, and structural complexity,

suggesting that they could have offered the same degree of concealment to prey, yet

they did not. Therefore, it is interesting to note that our plants varied in rigidity, which

is common for aquatic plants (Kouwen and Unny 1973) due to trade‐offs in energy

expenditure, light capture, and water velocity (Bal et al. 2011). Interestingly, a recent

study measured artificial plant stiffness and showed that increased shoot stiffness

slightly decreased newt foraging rates on damselfly larvae (Katayama 2014). Although

we did not measure plant rigidity (e.g. using Young’s modulus or stiffness), it seemed

that articifial plants and C. demersum were more rigid than all other real plants. If held

outside water, the shoots and branches of our artificial plants and living C. demersum

retained their shape better than real plants (Fig. S4.2). Rigidity is therefore the most

likely factor explaining the differences in refuge provisioning, which matches with our

observations of fish not entering dense patches of artificial plants. Therefore, the role

of structural complexity might be context‐dependent (Verberk et al. 2013): plant

density and complexity only become functional if plant rigidity is sufficiently high. This

is reflected by robust leaf axils of Stratiotes aloides, root mats of floating plants, and

emergent reeds providing effective physical refuge to prey (Rantala et al. 2004,

Cazzanelli et al. 2008, Padial et al. 2009). We suggest that plant rigidity could be an

important plant trait influencing predatory‐prey dynamics.

Predator hunting mode

Predator identity matters for predator‐prey dynamics (Dörner and Wagner 2003,

Calcagno et al. 2011, Wimp et al. 2013). We hypothesized that predator identity,

especially their hunting mode, would be an important variable that determines whether

plants offer protection to prey (Wellborn et al. 1996, Klecka and Boukal 2014). Indeed,
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the role of plants as refuge to G. pulex differed between both predators. Under carp

predation only C. demersum provided refuge to G. pulex, whereas in the predation

trials with A. imperator larvae all plant species increased G. pulex survival. This

highlights the importance of studying different predators or evaluating different

predator tactics when estimating refuge effects for macroinvertebrates (Klecka and

Boukal 2014). It again provides an example of context‐dependency when elucidating the

functional importance of plant traits. Dragonfly larvae excel at ambushing prey from

the concealment of plants by using retractable mouthparts to catch their prey (Corbet

1999). As gammarids were highly active, frequently entering plant patches, their

survival likely depended on chance encounter rates and the foraging efficiency of the

dragonfly larvae. A previous study also showed that vegetation provides benthic prey

with refuge if under predation by phytophilic predators (Klecka and Boukal 2014). This

increased refuge to benthic prey results from vegetation restricting predator vision and

movement. By residing in vegetation, dragonfly larvae predators sacrifice foraging

speed for increased safety against fish predation (Orrock et al. 2013). In habitats with

both actively hunting and ambushing predators, plants can simultaneously be a site of

refuge and danger (Sagrario et al. 2009) depending largely on fauna microhabitat use

(Klecka and Boukal 2014).

In laboratory experiments, predator behaviour can be affected by stress and learning.

We attempted to limit fish stress by using swim‐through hatches instead of nets to move

fish to the experimental arena, and by letting this schooling fish species forage in pairs.

Another important aspect of predator‐prey interactions is learning. Bluegill sunfish learn

that searching for prey more slowly in vegetation improves foraging efficiency (Ehlinger

1989) and without vegetation this efficiency can be upped fourfold by improving

handling and search time (Werner et al. 1981). As carp are better learners than bluegill

sunfish (Coble et al. 1985), it is likely that over time, the repeated use of carp

increased their foraging efficiency as would happen in natural environments. Due to the

randomized testing of plant species across fish pairs over time, the prey survival

reported is the averaged efficiency of fish at various stages of experience. Carp learning

and their confinement to the experimental arena resulted in a high predation pressure.

Whereas in natural systems fish might evade non‐profitable habitat such as vegetated

areas and find easier prey in open water (Werner et al. 1981, Warburton 2003), here

carp had to forage in vegetated habitats. This they did successfully, as only prey well
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carp, dragonfly larvae foraging was slower and less reliant on searching. Therefore,

refuge requirements for prey to benefit under ambushing dragonfly predation appear

less demanding than those under searching carp predation.

Conclusion

In conclusion, native and non‐native submerged aquatic plants functioned similarly in

terms of refuge provision. Instead of plant origin, refuge provision was largely

determined by predator and prey identity and only weakly by plant complexity or shoot

density. Interestingly, our study indicated that plant rigidity, which is higher for artificial

plants than for their corresponding living counterparts, might be a major trait in refuge

provisioning. The role of plant complexity in refuge provision is noticeable only when

plants are sufficiently rigid. Therefore, results on predator‐prey dynamics obtained

using artificial plant analogues should be interpreted with care when extrapolating to

the effects of living plants. Altogether, these results imply that modification of

predator‐prey interactions through plant invasions, if present, may occur only when

non‐native plant species are of strongly contrasting growth form, morphology, rigidity,

and density compared to the native plant species.
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Supplementary information

Figure S4.1 Close‐up of an experimental arena. Photograph of an experimental area planted with Myriophyllum

spicatum in low density, while on the left a wooden wall separates the fish living area and the experimental

area in view. The lower part of this separator acted as a hatch which allowed fish to swim into the

experimental area on their own, thereby reducing stress.

Refuge provisioning of native and non‐native plants
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Figure S4.3 Fractal dimension versus macroinvertebrate prey survival correlation plots. Mean Daphnia pulex

(circles), Gammarus pulex (squares with refuge of living plants and downward triangles with refuge of

artificial plants) and damselfly larvae (upward triangles) survival under mirror carp predation in plant refuge

of low (closed symbols) or high plant density (open symbols) plotted against the cross‐sectional (A) and shoot

fractal dimension (B) of plants. Only significant regression lines were plotted for graphical clarity.

Chapter 4

Figure S4.2 Qualitative impression of the rigidity of artificial and real aquatic plants. Four artificial plant

analogues and two real plants were attached horizontally to a vertical metal bar and photographed. The

rigidity of whole shoots (longitudinal axis) and branches (lateral axis) is classified as rigid (check mark), less

rigid (cross), or not available (NA).
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Table S4.1 Water quality in the aquaria used for the mirror carp predation trials displaying the mean ± SEM

value of multiple parameters over time (n = 24 for water characteristics, n = 5 for nutrient data)

Table S4.2 Mirror carp parameters measured at the start and end of the experiment given for each individual

along with its assigned aquarium

Refuge provisioning of native and non‐native plants
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Abstract

Animals depend on plants for food and shelter. However, due to the increasing

prevalence of non‐native plants, animals now depend on non‐native plants more and

more. We ask how the replacement of native by non‐native plants affects the

abundance, species richness and community composition of animals, using aquatic

plants and macroinvertebrates as a model system. We tested whether differences

among native and non‐native plants in habitat provisioning (1) result from variation in

the plants’ effects on structure, food availability and oxygen dynamics and (2) are

reflected in shifts in macroinvertebrate community trait composition.

We experimentally added aquatic macroinvertebrate communities to monocultures of

seven native and seven non‐native freshwater plant species, and five types of artificial

plant analogues as structural controls, and measured the macroinvertebrate community

response after two months.

Native and non‐native plants supported macroinvertebrate communities of similar

diversity, species richness, abundance and composition. Artificial plants supported

fewer individuals, but had similar species richness and diversity as living plants.

Macroinvertebrate abundance and species richness were lower in floating than

submerged plants, and positively related to the amount of plants available as food

(detritus), but not to oxygen availability, likely because there was no hypoxia in our

mesocosms.

We conclude that habitat provisioning to macroinvertebrates was similar for native and

non‐native aquatic plants in our experimental setting. Macroinvertebrate communities

depended most on food availability, which was lower in artificial controls and floating

plants than submerged plants. A vegetation shift from submerged to floating species is

most potent in impacting macroinvertebrate communities.

Introduction

Plant invaders strongly affect ecosystems worldwide as they can act as ecosystem

engineers (Simberloff et al. 2012). The replacement of native with non‐native plant

species can strongly alter habitat structure and quality for native animals that depend
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on the plants for shelter and food (reviewed in Crooks 2002, Simberloff 2011a). As a

result, many plant invasions modified fauna communities and food webs and coincided

with a decline in certain species (Levin et al. 2006, Ballard et al. 2013, Bezemer et al.

2014). However, non‐native plants can also provide habitat for native animals (Crooks

2002, Rodriguez 2006, Davis et al. 2011). Whether native animals suffer or benefit from

the replacement of native with non‐native plants is likely governed by how the habitat

is modified. These habitat modifications depend on the properties of the plant species

that make up the vegetation, and these properties may vary with the origin of plants.

However, until now, no studies have compared the habitat provisioning of large numbers

of native and non‐native plant species (van Kleunen et al. 2014) and subsequently

tested which mechanisms or properties caused any differences.

We used aquatic communities of plants and macroinvertebrates as a model system to

compare the habitat provisioning of native and non‐native plant species. By providing

habitat to fauna, aquatic plants are considered the foundation of aquatic systems

(Carpenter and Lodge 1986, Jeppesen 1998) and their presence, species composition

and structural complexity strongly influences the abundance, diversity and species

composition of aquatic invertebrate communities (Higler and Verdonschot 1989,

Declerck et al. 2005, Verberk et al. 2005, Warfe and Barmuta 2006). Aquatic ecosystems

are amongst the ecosystems that are most heavily impacted by biological invasions

(Dudgeon et al. 2006, Vilà et al. 2009) and aquatic plant communities increasingly

contain non‐native plant species (Hussner 2012). However despite these impacts on

aquatic ecosystems, little is known on how the replacement of native with non‐native

plants affects the macroinvertebrate communities that live in plant‐structured habitat.

The properties of aquatic plants that promote habitat provisioning are well known,

although the role of plant origin remains unclear. Habitat provisioning to fish and

macroinvertebrates mainly depends on how plants influence three main factors:

structural complexity, oxygen dynamics and food availability (Figure 5.1). First,

vegetation provides habitat structure, which controls the availability of shelter and

microhabitats (Warfe and Barmuta 2006, Warfe et al. 2008, Barnes et al. 2013) and

reduces predation rates (Warfe and Barmuta 2004, Chalfoun and Martin 2009, Grutters

et al. 2015a), typically increasing the diversity and abundance of fauna (Matias et al.

2010, Verdonschot et al. 2011a). Second, aquatic plants strongly influence the

underwater oxygen dynamics (Caraco et al. 2006) and the native and non‐native plant
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species do this differently (Caraco and Cole 2002, Caraco et al. 2006). As a result, and

in contrast to most terrestrial animals, aquatic macroinvertebrates are faced with

periods of hypoxia and hyperoxia, both of which can be problematic (Verberk &

Atkinson, 2013). Third, plants affect food availability, which affects fauna composition

and biomass (Hinojosa‐Garro et al. 2010). Some animals feed directly on living or dead

plants, whereas others forage mainly on periphytic algae that grow on the vegetation

(Verdonschot et al. 2011b). Together, these three factors determine the plants’ habitat

provisioning that will affect faunal diversity, species richness and abundance (Figure

5.1).

The growth form of the non‐native plants can also be important because it is links to

structural complexity, food dynamics and food availability. Floating plants provide less

underwater structure than submerged plants (Schultz and Dibble 2012). In addition, the

underwater structure that they provide is concentrated near the water surface, and

because of their aerial leaves, they affect oxygen availability in the water column

differently (Caraco and Cole 2002). Hence, consistent differences in growth form

between native and non‐native plants could also explain differences in habitat provided

for macroinvertebrates.

Shifts in plant species that alter habitat provisioning are not only expected to modify

macroinvertebrate abundance and community composition, but likely will also be

reflected in the traits of the macroinvertebrate species that make up the community

(Figure 5.1). Macroinvertebrates differ widely in their mode of feeding, trophic level,

susceptibility to predation and tolerance of hypoxia, and these differences are closely

tied to adaptations in mouth parts (Merritt and Cummins 1996) and respiratory

adaptations such as gills or haemoglobin (Bonada et al. 2007, Verdonschot et al. 2011a,

Verberk and Bilton 2013, Verdonschot and Verdonschot 2014, van Kleef et al. 2015). In

addition, they are differentially associated with different types of substratum (e.g.

benthic, phytic or pelagic), which we refer to as lifestyle. Replacement of native with

non‐native plant species may result in habitat modifications related to food availability,

structural complexity and oxygen conditions which select for species that have traits

that enable them to deal with these novel conditions (Figure 5.1).

To test whether replacement of native with non‐native aquatic plant species results in

altered macroinvertebrate abundance, species richness, species diversity and trait
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composition, we used a controlled two‐month outdoor mesocosm experiment in which

monocultures of native and non‐native freshwater plant species received an initial

macroinvertebrate community. Besides living plants, we included artificial plant

analogue structures to disentangle the effects of food availability and oxygen dynamics

on habitat provisioning from the effect of plant structure.

Materials and methods

Experimental design

We performed a controlled outdoor mesocosm experiment to test the habitat provision

of native and non‐native freshwater plant species to macroinvertebrates at the

Netherlands Institute of Ecology during 12 weeks, from 14 June to 6 September 2013.

Monocultures of seven native, seven non‐native and five artificial plants, all varying in

structural complexity and each category including submerged plants and one floating

plant each (Table 5.1), were created in 65 L cattle tanks (referred to as mesocosms),

with 5 replicates for each treatment, except for artificial Egeria where there was

insufficient plant material, hence n = 4. This selection of plants comprised submerged

and floating plant species (Table 5.1). Mesocosms were filled with 8 cm of organic

sediment (Pokon Naturado BV, Veenendaal, the Netherlands) that was covered with 2

cm of sand and a 25 cm column of tap water. Tanks were covered with 2 x 8 mm mesh

(Mononet AR Hail, Rovero, the Netherlands) to reduce the colonisation or migration of

macroinvertebrates.

Plant and macroinvertebrate treatments

Living plants were collected or ordered (Table 5.1) and then carefully rinsed and

weighed before planting at 50 % PVI (percent volume infested). Artificial plants differing

in structural complexity were ordered (Hardeman Aquarium, Ede, Netherlands) or

constructed (plastic saucers of 12 cm with sisal rope, which served as artificial roots, to

mimic floating plants) and also rinsed and weighed before planting at ~50 % PVI.

On the 9th of July, ten days after planting, we added macroinvertebrate inoculum to

each mesocosm. The inoculum consisted of a mixed sample of fauna collected at three

locations: Westbroekse Zodden (52.163 N, 5.120 E), Valleikanaal (51.952 N, 5.607 E) and

ponds at the Netherlands Institute of Ecology (51.988 N, 5.672 E). We collected

macroinvertebrates using a net and selected for macroinvertebrate individuals larger



94

Chapter 5

than 0.5 mm but smaller than 4 mm through sieving. These were collected in a large

reservoir that was frequently mixed, and of which aliquots of known volume were added

to each mesocosm (500 mL of Westbroekse Zodden, 300 mL of Valleikanaal and 6 L of

experimental ponds). In addition, we handpicked macroinvertebrate individuals of

large, abundant taxa and added equal amounts of them to each mesocosm (three

Gammarus, one Asellus, two Hydracarina, and one each of Ephemeroptera, Hemiptera,

Zygoptera, Trichoptera, Gastropoda). For each location, we took five reference aliquots

to quantify what was added. In these reference samples we identified 78

macroinvertebrate species, of which the most dominant taxa were Chaoborus

obscuripes (236 individuals on average added to each mesocosm), Cloeon dipterum (10),

Limnomysis benedeni (10) and Daphnia sp. (70) (Table S5.4).

Plant and macroinvertebrate sampling and measurements

At the end of the experiment, we siphoned out all the water. This water passed a 0.5

Table 5.1 Plant name, status in Northwestern Europe (Hussner 2012) and code of all living plant species and

artificial plant analogues that were planted in the mesocosms as monocultures.
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mm sieve and the living macroinvertebrates retrieved from it were stored in 80 %

ethanol. After draining the water, we harvested the plants and rinsed them thoroughly

to wash out and store any macroinvertebrates. We collected the top 2 cm of sediments

and extracted macroinvertebrates by washing the sediments on 0.5 mm sieves. Plant

roots over 1 mm in diameter were collected as well, and the plant wet mass.

Amphipoda, Anisoptera, Bivalvia, Chaoboridae, Chironomidae, Coleoptera, Cybaeidae,

Ephemeroptera, Gastropoda, Hemiptera, Isopoda, Lepidoptera, Malacostraca,

Trichoptera and Zygoptera (Table S5.2) were identified to the lowest taxon level

possible. Cladocera, Hirudinea, Hydrachnidiae, Oligochaeta, Platyhelminthes or Sialidae

were not further identified (Table S5.2).

We calculated multiple macroinvertebrate community metrics for each mesocosm:

species richness (number of species), species diversity (Shannon‐Weaver index) and

species abundance (number of individuals). In addition, we classified macroinvertebrate

species for traits related to mode of respiration, lifestyle and trophic level (Table S5.5)

following Merritt and Cummins (1984), Monakov (2003), Moog (1995), Tachet et al.

(2000) and Verdonschot et al. (2012). Mode of respiration traits were gill, aerial

respiration, tegument/plastron or haemoglobin, lifestyle traits were pelagic, benthic or

phytic and trophic level traits were carnivorous, detritivorous, omnivorous or

herbivorous. Argyroneta aquatica had its mode of respiration classified as aerial

respiration because it is similar to aquatic beetles and bugs. For the statistical analysis

species had to be classified to one group, although species can have multiple traits. For

example, besides aerial respiration, Planorbis species have haemoglobin and generally,

many snails breathe through their skin. We grouped macroinvertebrate species

according to their dominant trait.

Measurements of habitat characteristics

We measured the habitat characteristics summarised in Figure 5.1.

Structural complexity. Plant structural complexity was quantified by scanning five

shoots per species (Epson Perfection 4990 Photo) and analysed for their shoot area

fractal dimension using ImageJ (McAbendroth et al. 2005, Grutters et al. 2015a). The

shoots were taken from the same plants used upon planting. We based the estimation of

plant cover on photographs of each mesocosm taken from above at the end of the

experiment.
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Oxygen dynamics. The oxygen dynamics in each tank were measured halfway (9 August)

and at the end of the experiment (28 August). For each tank we quantified the dissolved

oxygen concentration 10 cm below the water surface using an O2 sensor (LDO connected

to HQ40d, Hach, Loveland, Colorado, United States) twice on a single sunny day: at

dawn and at 15:00. From these oxygen data we calculated the daily fluctuation in

oxygen as the difference in dissolved oxygen at sunrise and mid‐afternoon. The daily

fluctuation in oxygen halfway and at the end of the experiment were highly correlated

(r = 0.85; P < 0.001) so that we used only the measurements at the end of the

experiment for the statistical analysis.

Food availability. We considered phytoplankton, periphyton and plant detritus as the

main plant based food sources available to the macroinvertebrates. At the end of the

experiment, we filtered a known water volume over a GF/C filter (Whatman,

Maidstone, United Kingdom) to quantify the phytoplankton chlorophyll‐a concentration.

The filter was stored at ‐80 °C until analysis. Chlorophyll‐a content of phytoplankton

was analysed by extracting filters for 24 hours with ethanol (5 mL 90 %) followed by

spectrophotometry (Sartory 1984) (Lambda 800, PerkinElmer, Waltham, Massachusetts,

United States). Periphyton (without grazing by macroinvertebrates) was quantified by

installing a macroinvertebrate exclosure made of poultry netting of  16 cm covered

with 0.39 x 0.88 mm PE mesh in each tank (see Figure S5.1 for a photograph). Two PVC

strips (Felga Etichette, Italy) serving as standardised substrate for periphyton were

placed inside, and two outside the exclosure, all in a south‐southeast exposition. We

quantified the periphyton availability inside and outside the exclosure by scraping off

the bottom 4 cm of the PVC strips and transferring these to demi‐water, halfway

through and at the end of the experiment. The periphyton was concentrated on GF/C

filters through vacuum‐filtering and stored at ‐80 °C until extraction; chlorophyll‐a

concentration was determined similarly as for the phytoplankton. Plant detritus

availability was determined as the loss of fresh plant mass, calculated as the absolute

difference between final and initial plant mass, only if initial mass was higher than final

mass. This was used as a proxy of plant detritus to indicate how much plant matter was

lost or available to detritivores and grazers. Based on a comparison of plants in the

mesocosm versus those in the exclosure at the end of the experiment, we conclude that

little living plant mass was lost to herbivory. Therefore lost plant material was mostly

available as dead plant material, or detritus.
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Water quality

We determined the water alkalinity by autotitration of 20 mL of water to pH 4.2 with

0.1 M HCl (TIM 840, Radiometer Analytical, Lyon, France), and measured the turbidity

and pH (Turb® 430, WTW, Weilheim, Germany; WTW Multi 350i, Weilheim, Germany). In

addition, filtered water of each tank was colorimetrically analysed for NH4
+, NO3

‐ and

PO4
3‐ using a microflow Technicon segmented flow analysis system (QuAAtro, Seal

Analytical, Norderstedt, Germany). Data on water parameters are presented in Table

S5.1.

Figure 5.1 Concept used in this mesocosm study showing the use of a mechanistic approach to understand how

vegetation shifts affect macroinvertebrate communities. Here, we study the relation between plant‐related

habitat characteristics and macroinvertebrate traits and ultimately species richness, abundance and diversity.

The black dashed arrows indicate the relations that we studied to unravel the impact of vegetation shifts on

macroinvertebrate communities. The grey arrows indicate how the different blocks relate to each other, i.e.

habitat characteristics depend on plant species, and macroinvertebrate composition are structured by

selection on macroinvertebrate traits.
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Data analysis

We compared the habitat provisioning of plants in two ways, one focussing on

macroinvertebrate community metrics and the other on macroinvertebrate traits. First,

we assessed how (a) plant origin and (b) plant growth form related to three metrics of

macroinvertebrate communities: abundance, richness and diversity. Then we linked the

(c) habitat characteristics to the three metrics, with habitat described by seven

parameters: plant fractal complexity, plant cover, daily oxygen fluctuation, minimum

dissolved oxygen concentration, chlorophyll‐a concentration, periphyton concentration

in exclosures and detritus availability (among‐parameter correlations available in Table

S5.2). In all three cases, we used a linear mixed model with plant species as a random

effect. For the model testing habitat characteristics, the most parsimonious fixed

effects structure was selected from the full model using stepwise selection in both

directions (function stepAIC with k = 3.84).

Second, we tested whether the macroinvertebrate community found in plant

monocultures differed in their composition of lifestyle, respiratory and trophic traits

aggregated across species, taking into account macroinvertebrate abundances (Figure

5.1), (a) between native, non‐native and artificial plant treatments, (b) between

floating versus submerged species (referred to as growth form). In addition, we tested

whether these three types of traits responded to (c) the seven habitat characteristics

described above. These analyses were performed using linear mixed models, each

including plant treatment as a random effect. However, because trait data were

compositional, resulting in correlated fixed effects as data sums are constrained to a

total, the trait compositions were transformed by the isometric log ratio using the

function ilr (Van den Boogaart and Tolosana‐Delgado 2013).

In all cases, model residuals were checked for non‐linearity, non‐normality and

heteroscedasticity. To comply with statistical model assumptions, we log(x+1)

transformed the macroinvertebrate abundance and square‐root transformed

chlorophyll‐a. Two mesocosms were excluded from analyses because non‐native crayfish

individuals were present despite intentions to keep these out. Fixed effects were tested

for significance using Wald F tests on models fit with maximum likelihood. Marginal and

conditional pseudo‐R2 values were calculated using the function r.squaredGLMM,

indicating the variance explained by fixed effects, and by both fixed and random

effects, respectively.
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We performed ANOSIM analysis to test whether macroinvertebrate communities differed

between native, non‐native and artificial plants, and among individual treatment. Prior

to conducting ANOSIM analyses, we checked that macroinvertebrate group dispersions

were homogenous among native, non‐native and artificial plants (PERMDISP2 using Bray‐

Curtis dissimilarity: F2,88 = 1.9; P = 0.15; Figure 5.4‐A). However, they were not for the

19 plant treatments (PERMDISP2: F19,71 = 2.1; P = 0.012); Figure 5.4‐B).

Statistical analyses were performed in R version 3.3.1 using packages: vegan, car,

multcomp, ggplot2, nlme, MASS, MuMIn and compositions.

Results

Habitat characteristics of plant species

The plant species treatments differed greatly in their cover, biomass and fractal

complexity (Table S5.1). However, grouped for origin, the only difference was in cover:

native plants covered less area than non‐native plants at the end of the experiment,

but both were similar to artificial plants (Table S5.1). The fractal complexity varied

from 1.53 to 1.85, offering plant structure of varying complexity, but was on average

similar among native, non‐native and artificial plant treatments (Table S5.1).

Temperature was not designated a plant‐related habitat characteristic because it was

similar among plant species (F19,72 = 1.56, P = 0.091).

Artificial plant treatments had higher minimum oxygen concentrations (8.58 ± 0.18,

mean ± SE) than native (7.26 ± 0.26) and non‐native plant treatments (7.05 ± 0.27;

Table S5.1). The daily oxygen fluctuation was lowest in the floating, non‐native plant E.

crassipes and in all artificial plants (Table S5.1).

Across groups of native, non‐native and artificial plant treatments, there were no

significant differences in food availability to macroinvertebrates, expressed as

chlorophyll‐a, periphyton mass and detritus availability. However, food availability

strongly varied among the 19 plant species treatments (Table S5.1).

Macroinvertebrate communities

We identified a total of 82 macroinvertebrate species at the end of the experiment: 59

were found in mesocosms with native plant species, 51 in tanks with non‐native species
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and 48 in tanks with artificial plant analogues (Table S5.4). We recovered a total of 7068

macroinvertebrate individuals, with the most dominant taxa belonging to Gastropoda

(3165 individuals, especially Physella acuta and Radix ovata), Zygoptera (1393,

especially Ischnura elegans and Coenagrion puella/pulchellum) and Oligochaeta (1006).

A dipteran, the phantom midge Chaoborus obscuripes (303) was also abundant.

Macroinvertebrate abundance varied widely among mesocosms: from 3 to 566

individuals (see Figure S5.2 for treatment means). Based on the reference samples, we

calculated that on average 413 macroinvertebrate individuals were initially added to

each mesocosm, with over half being Chaoborus sp individuals. Of the metrics

describing macroinvertebrate communities, species richness (t90 = 9.94; r = 0.72; P <

0.001) and Shannon‐Weaver diversity (t90 = 7.78; r = 0.63; P < 0.001) were positively

correlated with macroinvertebrate abundance.

Relating macroinvertebrate community metrics to plant treatments

Native and non‐native plant species supported a higher macroinvertebrate abundance

than artificial plant monocultures (LME: F2,16 = 5.2, P = 0.018; Figure 5.2). Species

richness and Shannon‐Weaver diversity were similar among native, non‐native and

artificial species (One‐way LME, richness: F2,16 = 1.9, P = 0.18; diversity: F2,16 = 1.5, P =

0.25, Figure 5.2). Floating plant species hosted fewer macroinvertebrate individuals

than submerged plants (LME: F1,17 = 5.2, P = 0.036; Figure 5.3).The cumulative species

richness in monocultures of native (mean ± SD: 28.6 ± 3.9, n = 7 plant species), non‐

native (24.3 ± 4.3; n = 7) and artificial plants (25.6 ± 5.7; n = 5) was also similar (One‐

way ANOVA: F2,16 = 1.6, P = 0.23).

Using multivariate analyses, we found that macroinvertebrate species composition was

similar for native, non‐native and artificial plant species (Figure 5.4; ANOSIM using Bray‐

Curtis dissimilarity: R = 0.0219; P = 0.256) and also among the 19 plant species

treatments (ANOSIM: R = ‐0.074; P = 0.869, note that group dispersions were

heterogeneous).

Relating macroinvertebrate community metrics to habitat characteristics

Macroinvertebrate abundance was negatively related to the minimum oxygen

concentration and oxygen fluctuations, and positively related to detritus availability

(Table 5.2; Figure S5.3). Both macroinvertebrate species richness and Shannon‐Weaver
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Figure 5.2 Macroinvertebrate species abundance (A), mean species richness (B) and Shannon‐Weaver diversity

(C) in the presence of artificial (n = 5), native (n = 7) or non‐native (n = 7) plant species. Data points are mean

± SE. Different letters indicate statistically different groups.

Figure 5.3 Macroinvertebrate species abundance (A), mean species richness (B) and Shannon‐Weaver diversity

(C) in the presence of floating (n = 3) and submerged (n = 16) plant species. Data points are mean ± SE.

Different letters indicate statistically different groups.

Figure 5.4 Macroinvertebrate community composition represented using Bray‐Curtis dissimilarity for artificial,

native and non‐native plant species (A) and for individual plant treatments (B). Species names and codes are

available in Table S5.3. Different symbols indicate individual mesocosms in (A): native (open triangles), non‐

native (plus sign) and artificial treatments (open circles). Different symbols indicate treatment means of

groups (A) and species (B): native (closed circles), non‐native (closed squares) and artificial treatments

(closed diamonds).
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diversity were positively related to plant detritus (Table 5.2). However, these

relationships with macroinvertebrate species richness and diversity were primarily

driven by increased abundances (Table S5.3).

Relating macroinvertebrate trait composition to plant treatments

The mode of respiration and lifestyle of the macroinvertebrates was not related to

plant origin nor plant growth form (Table 5.3). The trophic level of the

macroinvertebrates was related to plant origin (F2,16 = 3.67; P = 0.049). Subsequent

ANOVAs analysis indicated that carnivorous species were equally frequent (overall: 50 ±

3 %, mean ± SE, n = 91; ANOVA: F2,88 = 0.73; P = 0.49), but herbivorous species were

more frequent (43 ± 6 %), and omnivorous species less frequent (11 ± 3 %), in non‐native

plants than in native (herbivore: 22 ± 4 %; omnivore: 24 ± 4 %) and artificial treatments

(herbivore: 23 ± 4 %; omnivore: 26 ± 4 %; overall ANOVAs: herbivorous: F2,88 = 6.2; P =

0.003, omnivorous: F2,88 = 4.7; P = 0.012). There was no link between trophic level of

macroinvertebrates and plant growth form (submerged or floating) (Table 5.3).

Table 5.2 Summary table of linear mixed models that describe how macroinvertebrate abundance, richness

and diversity relate to seven parameters describing habitat characteristics. R2m indicates marginal R‐squared,

R2c indicates conditional R‐squared. The direction of relations is indicated with + (positive) and – (negative).

For analyses on macroinvertebrate richness and diversity with abundance as an additional predictor, see Table

S5.2.
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Relating macroinvertebrate trait composition to plant treatments

The macroinvertebrate mode of respiration was not related to any habitat

characteristics, however 24 % of the variance was explained by the random factor of

plant species (Table 5.3). Macroinvertebrate lifestyle depended on the fractal

complexity, chlorophyll‐a and plant detritus, together these three habitat

characteristics explained 26 % of the variance (Table 5.3; Figure S5.5). Daily

fluctuations in the oxygen concentration explained 8 % of the variance in trophic level.

Table 5.3 Linear mixed model summary of linking macroinvertebrate mode of respiration, lifestyle and trophic

level respectively to plant origin, floating versus submerged species and plant‐related habitat characteristics.

Trait proportions aggregated by species were ilr‐transformed as they represented compositional data. Values

between parentheses indicate numerator and denominator degrees of freedom. R2
m indicates marginal R‐

squared, R2
c indicates conditional R‐squared. The effect of plant origin includes native, non‐native and

artificial plant treatments.
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Discussion

Habitat provisioning of native and non‐native plants

We tested whether non‐native aquatic plants support different macroinvertebrate

communities than native plants through their effect on factors that underlie habitat

provisioning: habitat structure, food availability and oxygen dynamics (Figure

5.1)(Caraco et al. 2006, Warfe and Barmuta 2006, Hinojosa‐Garro et al. 2010,

Verdonschot et al. 2011a). We found no differences in the habitat provisioning of native

and non‐native aquatic plants to macroinvertebrates in our mesocosm study: the mean

macroinvertebrate abundance, species richness and Shannon diversity were all similar

for both groups. The cumulative species richness and macroinvertebrate community

composition were also equal for native and non‐native plant species. In agreement with

their overall similarity in habitat provisioning, on average, native and non‐native plants

were similar in the seven plant‐related habitat characteristics (Table S5.1). However

among different plants and plant analogues, there was much variation in the

macroinvertebrate communities and plant‐related habitat characteristics. Overall, the

macroinvertebrate abundance, macroinvertebrate species richness and diversity were

strongly correlated. Once differences in abundance were taken into account,

relationships with richness and diversity were often no longer significant (Table S5.3)

suggesting that understanding the mechanisms underlying variation in

macroinvertebrate abundance is key to understand effects in habitat provisioning

among plant species.

Living versus non‐living plants: the role of food

We included artificial plant analogues in the experiment to enable us to separate the

effects of food availability and oxygen dynamics from plant structure. Mesocosms with

living plants contained more macroinvertebrate individuals than mesocosms with

artificial plants, although community composition, species richness and diversity were

similar in both. As artificial plants were structural analogues of living plants in terms of

density and complexity and the final plant cover did not differ between artificial and

living plants, the differences in macroinvertebrate density likely resulted from

differences in either oxygen or food availability. Oxygen appeared an important factor

because, tested with all living and artificial treatments, macroinvertebrate abundance

correlated with minimum oxygen levels. Yet, contrary to our expectations, this relation

was negative. Thus, a lack of oxygen is unlikely to be the cause: artificial plants had a
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higher minimum oxygen concentration than living plants. Moreover, all mesocosms had

oxygen levels > 5 mg L‐1 anyway, making oxygen limitation unlikely for the invertebrates

(Caraco and Cole 2002), although limits vary strongly among macroinvertebrate species

and also depend on temperature, with increasing stress at higher temperatures (Verberk

and Bilton 2009, Verberk and Calosi 2012, Koopman et al. 2016).

Oxygen levels were measured in the water column and may have underestimated

oxygen minima as experienced by the invertebrates living in the sediment. However,

since neither respiration nor lifestyle traits responded to oxygen, oxygen levels are

therefore unlikely to have exerted a strong influence on the assembly of invertebrate

communities. Similarly, the daily change in oxygen was similar for all groups, living

plants and plant analogues, as was the water temperature (Table S5.1), which is known

to exacerbate the oxygen stress (Verberk and Bilton 2009). Moreover, we found no

relation between macroinvertebrate mode of respiration and the measured oxygen

parameters. This does not mean that oxygen has not affected macroinvertebrates at all,

as for example the trait classification was fairly rough and may not fully capture subtler

interspecific differences (van Kleef et al. 2015, Koopman et al. 2016). Moreover, the

mode of respiration only reflects how animals take up oxygen, but not their oxygen

demand, while it is the interplay between oxygen demand and supply determine

whether oxygen is limiting or not (Verberk et al. 2011). It is of interest that artificial

plants had the lowest values of daily change in oxygen, which is indicative of net

ecosystem production and respiration. Because primary production is crucial for the

food availability of many macroinvertebrates, low food availability likely limited faunal

abundance in artificial plants. Mesocosms with living plants contained more dead plant

matter, plant detritus, part of which was converted to periphytic algal biomass

(personal observation). Periphyton is another food source for macroinvertebrates

(Verdonschot 2012, Bakker et al. 2013, Mahdy et al. 2014), and for its quantification

with periphyton strips, we included fauna exclosures in each mesocosm. However, the

periphyton availability did not significantly differ among native, non‐native and

artificial plant species (Table S5.1). Thus the incorporation of artificial plant analogues

showed that food, particularly detritus, was a major factor in regulating habitat

provisioning of living plants. This provides evidence for our expectation that plant‐

related habitat characteristics underlie the patterns in macroinvertebrate abundance.

Hence based on our study, given that living plants provide sufficient structure, food

availability strongly affects macroinvertebrate abundance and is a main factor in
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determining species richness and diversity of macroinvertebrates.

Effects of plant structural complexity and growth form

The experimental design included plant species with varying levels of structural

complexity and of different growth form (floating and submerged). Plant structures are

important in mediating predator‐prey dynamics by increasing and prolonging prey

survival (Diehl 1988, Manatunge et al. 2000, Martin and Valentine 2011, Grutters et al.

2015a), which was expected to increase macroinvertebrate abundance (Matias et al.

2010, Verdonschot et al. 2011a). The dominant predators in our study were dragonfly

and damselfly larvae (Odonata) and water boatman (Notonectidae). We did not find

strong effects of fractal complexity on macroinvertebrate communities, neither in living

nor in artificial plant treatments. Plant density was not an implicit treatment in our

design due to logistic constraints, but differed among living plant species because of

different dynamics in plant growth and death. Plant cover, a habitat characteristic

related to density, was not correlated with any macroinvertebrate community metric or

trait composition. The shoot density and fractal complexity of plants was likely not a

major factor in our experiment because it lasted two months and prey are likely to have

been detected by predators in this time. For example, benthic macroinvertebrate like

Gammarus pulex, Asellus aquaticus, but also more pelagic species such as zooplankton

and Chaoborus spp. were common in the inoculum, but few were recovered the end of

the experiment. During this period, plants were not necessarily safe havens for all prey

because dragonfly larvae used the vegetation as their hunting grounds, whereas outside

plants Notonectidae were actively hunting. Interestingly, mesocosms with plants of high

fractal complexity and a high detritus availability contained slightly more phytic

macroinvertebrates and less benthic or pelagic species. However, the macroinvertebrate

species found in the highest number of mesocosms were the previously described

predators, but also a range of Gastropod species. The Gastropods likely resisted

predation due to their shells and proliferated whenever detritus, periphyton or food was

abundant.

Besides including plants with varying levels of underwater structural complexity, we also

compared plants with two different growth forms: submerged and floating plants.

Floating plants lack underwater photosynthetic tissue and thus release less oxygen

underwater, but they also extract less of it at night (Caraco et al. 2006). Unlike

submerged plants, floating plants provide structure at the water surface, which can
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limit gas diffusion across the water‐air interface (Caraco and Cole 2002, Caraco et al.

2006), but the roots can provide underwater refuges (Masifwa et al. 2001, Padial et al.

2009, Nguyen et al. 2015). In our study, floating plant species generally hosted few

macroinvertebrate individuals, although the abundance varied amongst floating species,

likely because of differences in food availability. Hydrocharis morsus‐ranae supported

most macroinvertebrates and high levels of detritus and to some extent periphyton. The

artificial floating plant offered intermediate food levels and Eichornia crassipes

provided little detritus and periphyton, and subsequently hosted few

macroinvertebrates. Floating plants inhibit periphyton growth mainly by lowering light

availability; hence they reduce the food availability for many macroinvertebrate.

Oxygen concentrations in the water underneath the floating E. crassipes and its non‐

living structural analogue remained high and hardly fluctuated during the day. In the

field, floating plants are associated with severe oxygen limitation (Caraco and Cole

2002, Stiers et al. 2011a), perhaps in our experiment the oxygen was high because little

organic matter had accumulated underneath floating plants or because floating plants

did not close the whole water‐air interface.

Unknown habitat characteristics

In total, a quarter of the variation in macroinvertebrate abundance could be explained

using three measured habitat characteristics, whereas the other four (see Figure 5.1)

were statistically insignificant. Some of the unexplained variation in our experiment

may derive from variation in exactly which faunal species were initially added to

mesocosm. Yet, an additional quarter of variation in abundance was explained by the

random effect of plant species. This indicates that plant species, through species

identity effects, explained a substantial part of the variance in macroinvertebrate

abundance. Therefore finding out which unmeasured plant‐related habitat

characteristics influence macroinvertebrate communities will improve our insight into

the habitat provisioning of plants. These unmeasured characteristics could be related to

chemical and physical effects of plant exudates on life‐history parameters of

macroinvertebrates (Cerbin et al. 2007), micro‐habitat suitability and refuge availability

of plants to macroinvertebrates (Rantala et al. 2004) or the food quality of plants to

macroinvertebrates.

Habitat provisioning of non‐native plants in the field

We conducted the habitat provisioning experiment in standardised mesocosms to
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exclude habitat heterogeneity in disturbance and trophic state, which prevents causal

measurement of the impact of non‐natives (Didham et al. 2005). However, while

standardised mesocosms allow tests of how plant origin on habitat provisioning under

controlled conditions, their downside is that we could solely assess how plant species

affected macroinvertebrate survival, but not their ability to complete their life cycle

(except for multivoltine species). Furthermore, the plant monocultures had only two

weeks of development prior to inoculating the macroinvertebrates, after which they

continued to grow for two months, but which limited the accumulation of dead organic

matter that normally occurs over multiple years and may not have resulted in high

densities sometimes found in the field.

Although the habitat provisioning of native and non‐native plant species was similar in

our experiment, we documented a high interspecific variation in macroinvertebrate

abundance and found that floating plants contained fewer macroinvertebrate

individuals than submerged plants. Such interspecific variation is also evident from the

field, where sometimes non‐natives are poorer fauna habitat than natives (e.g. Stiers et

al. 2011a), but similar or better in other cases (e.g. Kelly and Hawes 2005), for an

overview see Schultz and Dibble (2012). Such opposing outcomes are often associated

with how habitats change in terms of structural complexity (Schultz and Dibble 2012),

although differences in disturbance, the presence of fish and environmental pollution

cannot be excluded when comparing across studies. In the field, increasingly dense

vegetation of floating or amphibious non‐native plants correlates with a stronger

decrease in macroinvertebrate abundance (Stiers et al. 2011a), although sometimes

floating plants supported a higher macroinvertebrate abundance than submerged

species (Strayer et al. 2003). Low oxygen concentrations are often mentioned as a cause

in reducing macroinvertebrate abundance (Caraco and Cole 2002, Stiers et al. 2011a),

but in our mesocosms food availability was key. Strayer et al. (2003) also explained the

higher macroinvertebrate abundance in floating than submerged plants to higher

availability of food (Strayer et al. 2003).

Thus, under similar environment conditions, non‐native plants can increase

macroinvertebrate abundance and species richness if they provide sufficient structural

complexity and food availability in habitats, and not reduce oxygen levels. With

increasing plant density, food availability may further increase, but it becomes more
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likely that oxygen levels are reduced either because of increased respiration drawing

down oxygen levels at night (submerged plants), or by closing of the air‐water interface

(floating plants). Thus there may be a trade‐off between food availability and oxygen

availability.

Habitat provisioning in other ecosystems

As in freshwater ecosystems, few experimental studies have compared the habitat

provisioning of large sets of native and non‐native plant species in terrestrial and

marine ecosystems, despite its relevance in improving our ecological understanding (van

Kleunen et al. 2014). Experiments that test only one or two native and non‐native

species are common, although many test the same non‐native plants (Jeschke et al.

2012b) and few show which mechanisms underlie differences. For example, Japanese

knotweed (Fallopia japonica) reduces the foraging success of green frogs (Rana

clamitans) (Maerz et al. 2005), but so might certain natives, depending on which

habitat characteristic was crucial. Japanese knotweed in riparian also contains less

invertebrate biomass than grassland or bush‐dominated vegetation (Gerber et al. 2008),

but no potential underlying mechanism were tested. Native plants generally host more

insects than non‐native plants, although damage levels are similar (Ballard et al. 2013,

Bezemer et al. 2014). Interestingly, over time non‐native plants can become part of the

food web and currently the non‐native Prunus serotina supports a more diverse, but less

dense herbivore community than the native P. padus (Schilthuizen et al. 2016). Some,

but not all non‐native plants thus provide habitat for fauna (Rodriguez 2006, Davis

2011), especially if given time to adapt (Kennedy and Southwood 1984, Schilthuizen et

al. 2016).

Conclusion

Monocultures of native and non‐native plant species were similar in their habitat

provisioning to macroinvertebrates in this mesocosm study. However, habitat

provisioning differed among plant species, with increasing food availability found

increase macroinvertebrate abundance and the prevalence of macroinvertebrate

species with a phytic lifestyle. Floating plant monocultures hosted fewer

macroinvertebrates than submerged plant species, with food availability as the most

likely cause, not oxygen stress. We show that controlled experiments can shed new light

on how native and non‐native plants affect fauna. Furthermore, this experiment shows
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that food availability is crucial for biodiverse macroinvertebrate communities, and that

food availability is similar between native and non‐native submerged plants.
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Supporting information

Figure S5.1 Photograph of a mesocosm as used in the experiment, here containing the non‐native plant

Myriophyllum heterophyllum. The exclosure is visible within the mesocosm. The netting used to cover the

mesocosms to the right of the mesocosm.
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Figure S5.2 (A) Macroinvertebrate number of individuals (± SE) and (B) species richness (± SE) for five artificial

plant treatments (squares), seven native plant species (black circles) and seven non‐native plant species

(white circles).
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Figure S5.3 The relationship between log macroinvertebrate abundance (# individuals) versus the three major

environmental parameters: (A) the minimum oxygen concentration, (B) the detritus availability and (C) the

daily oxygen fluctuation. Lines indicate that variables are significantly related (α < 0.05) and show how

variables are related.
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Table S5.2 Correlation table of the seven parameters describing habitat characteristics of mesocosms.

Table S5.3 Summary table of linear mixed models that describe how richness and diversity relate to seven

parameters describing habitat characteristics, with macroinvertebrate abundance as an additional parameter.

For the analysis without this additional parameter, please refer to Table 5.2. R2
m indicates marginal R‐squared,

R2
c indicates conditional R‐squared. The direction of relations is indicated with + (positive) and – (negative).
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Table S5.4 Number of individuals inoculated and recovered for each macroinvertebrate species. Part 1 includes

individuals that were found in the five reference samples. Values in parenthesis indicate the total number of

mesocosm in which a species was found. The codes ‘non’, and ‘u’ after species codes respectively indicate

non‐native and unknown origin of macroinvertebrate species, where all other species are natives.
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Table S5.4 Continued



117

5

Habitat provisioning of native and non‐native plants

Table S5.4 Continued
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Table S5.5 Macroinvertebrate species were grouped for the aggregation of species for lifestyle, trophic level

and mode of respiration using the following classification compiled from Merritt and Cummins (1984),

Verdonschot et al. (2012) and Tachet et al. (2000).
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Table S5.5 Continued
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Table S5.5 Continued
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Summary

Non‐native plants increasingly dominate the vegetation in aquatic ecosystems and

thrive in eutrophic conditions. In eutrophic conditions, submerged plants risk being

overgrown by epiphytic algae, however if non‐native plants are less susceptible to

periphyton than natives, this would contribute to their dominance. Non‐native plants

may differ from natives in their susceptibility to periphyton growth due to differences

in nutrient release, allelopathy and architecture. Yet, there is mixed evidence for

whether plants interact with periphyton growth through nutrient release and

allelopathy, or whether plants are neutral so that only their architecture matters for

periphyton growth.

We hypothesised that (1) non‐native submerged vascular plants support lower

periphyton density than native species, (2) native and non‐native species are not

neutral substrate for periphyton and interact with periphyton and (3) periphyton density

increases with the plant structural complexity of plant species.

We conducted an experiment in a controlled climate chamber where we grew eleven

aquatic plant species and an artificial plant analogue in monocultures in buckets. These

buckets were inoculated with periphyton that was collected locally from plants and

hard substrate. Of the eleven living species, seven are native to Europe and four are

non‐native. The periphyton density on these plants was quantified after five weeks.

We found that the periphyton density did not differ between non‐native and native

plants and was not related to plant complexity. Three living plant species supported

lower periphyton densities than the artificial plant, one supported a higher periphyton

density and the other plants supported similar densities. However, there was a strong

negative correlation between plant growth and periphyton density.

We conclude that the periphyton density varies greatly among plant species, even when

these were grown under similar conditions, but there was no indication that the

interaction with periphyton differs between native and non‐native plant species. Hence,

non‐native plants do not seem to benefit from reduced periphyton colonisation

compared to native species. Instead, certain native and non‐native species tolerate

eutrophic conditions well and as a consequence, they seem to host less periphyton.
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Introduction

Aquatic plants are a crucial component of aquatic ecosystems through their provision of

habitat structure and food to fauna, which improves biodiversity (Carpenter & Lodge,

1986), and their enhancement of water quality through nutrient retention (Jeppesen,

1998; Scheffer et al., 2001; Burks et al., 2006). However, during the 20th century,

many Northwest European aquatic plants disappeared or became threatened due to

eutrophication (Sand‐Jensen et al., 2000; Brouwer, Bobbink & Roelofs, 2002; Gulati &

van Donk, 2002; Lamers, Smolders & Roelofs, 2002). Under eutrophic conditions,

submerged plants compete strongly with algae for light and nutrients (Scheffer et al.,

1993). Especially epiphytic algae, which grow attached to plants, are a major cause of

shade and contribute to the decline of native submerged vegetation under increasing

nutrient loading (Phillips, Eminson & Moss, 1978; Hidding et al., 2016; Phillips, Willby

& Moss, 2016). Whereas native vegetation declines under these conditions, non‐native

plants typically grow excessively in eutrophic conditions and can dominate the

vegetation (Hussner, 2012; van Kleunen et al., 2015). Non‐native plants can be

ecologically or economically damaging (Hussner et al., 2017), and can be one of the

factors that reduce the diversity of aquatic plants and fauna (Stiers et al., 2011). The

success of non‐natives has been attributed to many factors, including their rapid growth

rate, release of enemies and ease of dispersion (Pyšek & Richardson, 2007; Schultz &

Dibble, 2012; Heger & Jeschke, 2014). However, it is unknown whether non‐native

plants are less prone to colonisation by periphyton, which would grant non‐natives a

competitive advantage over native submerged plants, especially under eutrophic

conditions. There are several plant traits that may differ between non‐native and native

plants, which may provide the mechanism through which non‐native plants may

potentially be less susceptible to periphyton. In this study, we test whether non‐native

and native aquatic plants differ in their susceptibility to periphyton growth and how

periphyton growth is related to key plant traits that may differ between non‐native and

native plants.

There is no consensus on whether plant species differ in their suitability as periphyton

hosts (Blindow, 1987), or instead might represent neutral substrate (Cattaneo, 1978;

Eminson & Moss, 1980). Multiple factors control periphyton growth on plants and they

can be split into environmental and plant‐related factors. Environmental variables such

as light availability, nutrient availability (Siver, 1978) and grazing pressure by
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macroinvertebrates strongly influence periphyton density (Jones et al., 1999; Díaz‐

Olarte et al., 2007; Bakker et al., 2013).

Of the plant‐related factors, plant growth rate is a major factor controlling periphyton

growth and it is negatively related to periphyton growth (Sand‐Jensen, 1977;

Sand‐Jensen & Søndergaard, 1981; Jones et al., 2002). It acts through multiple

mechanisms. First, fast growth requires a high nutrient uptake, which reduces nutrient

availability to periphyton and therefore reduces periphyton growth. Second, fast

growing plants have many young plant parts, which are less affected by periphyton than

older plant parts (Siver, 1978; Blindow, 1987). The periphyton community on young

plant parts is also young and requires time to become dense (Siver, 1978; Blindow,

1987). In addition, young plant parts may possibly excrete more allelochemicals or leave

less nutrients for periphyton. Third, the plant surface area controls the availability of

colonisation space to periphyton (Jones et al., 1999), and it is highly related to plant

growth. The growth rate of many non‐native plant species is high (Schultz & Dibble,

2012), and may be higher than that of native species (Umetsu, Evangelista & Thomaz,

2012). Unfortunately no study has systematically compared growth rates between a

large number of native and non‐native macrophyte species.

While plant area provides colonisation space to periphyton, the suitability of plant area

for periphyton growth varies among plant species. Shoots of aquatic plants differ in

structural complexity (McAbendroth et al., 2005; Ferreiro et al., 2011; Grutters et al.,

2015), which can affect periphyton growth (Ferreiro, Giorgi & Feijoó, 2013). It is

thought that compared to simple plants, complex plants offer more microhabitats by

creating heterogeneity in light, nutrient availability and grazing pressure (Cattaneo,

1978; Cattaneo & Kalff, 1980; Ferreiro, Giorgi & Feijoó, 2013). Plant complexity can

be quantified using the fractal dimension, which is calculated from the relation of plant

area or plant perimeter across multiple scales of measurement (McAbendroth et al.,

2005). Native and non‐native plants are not known to consistently differ in complexity

(Schultz & Dibble, 2012; Grutters et al., 2015).

The surface area of plant species can also differ in suitability for periphyton

development because aquatic plants are known to release compounds that inhibit algal

growth: allelochemicals (Gross, 2003; Hilt & Gross, 2008). Allelochemicals can inhibit

periphyton growth on plant shoots (Erhard & Gross, 2006), thus increasing nutrient and
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light availability for plant growth. The allelopathic strength of native and non‐native

aquatic plants has yet to be compared, but it is thought that successful non‐native

species typically possess strong allelochemicals (Schultz & Dibble, 2012). Because

effects of allelochemicals are difficult to separate from other factors such as nutrient

competition, we will focus on differences in periphyton density among native and non‐

native plant species, not on the particular allelochemicals.

Non‐native plant species may thus grow faster and possess stronger allelochemicals than

natives, which would coincide with reduced periphyton growth. Yet, to our knowledge

there is no study that has compared the periphyton growth on natives and non‐natives.

Therefore, we conducted a controlled replicated experiment with seven native, four

non‐native freshwater plant species and one artificial plant analogue to test our

hypotheses that (1) periphyton density is lower on non‐native than native plant species.

We also hypothesised that plants will either suppress or stimulate periphyton growth,

and are thus not neutral substrate, hence living plants would have a higher or lower

periphyton density than artificial substrate of similar structure. Among plant species,

we hypothesised that (3) periphyton density increases with plant structural complexity.

Materials and methods

Aquatic plants

Eleven aquatic plant species, of which seven are native to Northwestern Europe

(Hussner, 2012), were selected for the experiment to include species varying in

morphology and taxonomy (Table 1). On 16 May 2013 we collected plant fragments of

each species from indoor or outdoor cultures at the Netherlands Institute of Ecology

(Wageningen, the Netherlands). Cabomba caroliniana and an artificial plant analogue

resembling Cabomba were bought from an aquarium shop (Hardeman Aquarium, Ede,

the Netherlands).

Plants were carefully rinsed to remove the majority of periphyton under running tap

water, before they were cut into 5‐7 cm long fragments. Some firmly attached

periphytic species, such as diatoms, were possibly still attached, but they could not be

removed without damaging the plant species. For each plant species we prepared 10

portions so that all species had a similar initial plant biovolume (resulting in 0.4 – 1.3 g

fresh weight per species). Plant portions were blotted dry, weighed and kept in tap

water until planting the same day.
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We prepared plastic Cabomba shoots, which acted as a structural control, similarly as

living plants.

Experimental design

During 5 weeks, from 17 May to 20 June 2013, we tested twelve plant species (including

the artificial plant), kept as monocultures, as substrate for periphyton in a fully

randomised experiment (n = 10) using 120 black, polyethylene buckets (21 cm high, 22.5

cm diameter). To mimic the current state of many Northwest European lakes (Lamers et

al., 2012), we aimed for a low nutrient availability in the surface water and a high

nutrient availability in the sediment. On 16 May 2013, we filled the buckets with 4 L of

tap water, which can be considered oligotrophic (pH: 7.7, 20.2 °C, 8.6 mg L‐1 O2,

conductivity: 175 µS cm‐1, 1.8 µM NO3
‐ µM, 0.0 µM NH4

+, 0.6 µM PO4
3‐, alkalinity: 1.6 meq

HCl L‐1). The water level was kept constant at 18.5 ± 0.5 cm (mean ± range) depth by a

Table 6.1 Measurements on plant biomass and leaf complexity of the tested species.
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half‐weekly tap water addition to compensate for evaporation. These buckets were

placed in a controlled climate room with 16 hours of light (mean ± SD of 286 ± 38 µmol

photons m‐2 s‐1 at 1 cm above the water surface measured for all 120 buckets on 17 May

2013), 80 – 90 % humidity and 20°C.

On 17 May 2013, we planted each plant portion in a separate pot at a depth of 2‐3 cm.

These plastic pots (6.6 cm x 6.6 cm x 6.3 cm; L x W x H) were filled with 210 g of clean

sand and contained 600 mg, i.e. 2.67 g Basacote L‐1, slow‐release fertiliser (Basacote 6

M Plus, 16‐8‐12 NPK, COMPO, Münster, Germany). Based on the manufacturer’s

specifications the phosphorus release approximated that of sediment in the mesotrophic

Dutch lake Loenderveen (Poelen et al., 2012), whereas the nitrogen release resembles

eutrophic lake sediments (Poelen et al., 2012). This dosage was expected to provide the

conditions of earlier experiments in which periphyton developed (Bakker et al., 2013).

After planting, the pots were gently lowered into their experimental bucket, one per

bucket.

On 18 May 2013 we inoculated the water in each bucket with a mix of periphyton that

consisted of (1) a mixed sample of periphyton from all aquatic plant species used in the

experiment collected from plant cultures in the greenhouse and (2) periphyton in the

water used to store the plants prior to planting. This inoculum served to expose all

aquatic plants to a similar community and high density of periphyton (i.e. high dosage

initially added). The second inoculum component helped maximise the chance that all

periphyton species were present in all treatments. Per 4 L water added to each bucket,

we added 25.6 µg chlorophyll L‐1 as determined by spectrophotometry. Every week, we

carefully replaced 95 % of the tap water. These water replacements provided new

dissolved inorganic carbon and limited phytoplankton growth. The water in the buckets

was kept stagnant over the experiment.

We determined the periphyton density on two different surfaces: on the plants

themselves (see below: Plant harvest) and on standardised substrate (glass slides). We

attached a glass slide to each bucket, facing the middle of the climate room, to

quantify the periphyton community composition in a standardised way that could be

easily sampled. Unlike plant structures, which differ among our plant species

treatments, glass offers a homogenous substrate that is easily sampled and compared

among species treatments, thus offering a standardised measure across species.
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Plant trait analyses

To measure plant fractal complexity, we scanned five independent shoots, similar to the

shoots that were planted, of each plant species used (Epson Perfection 4990 Photo,

Suwa, Japan) and analysed the scans to calculate the plant area per cm of stem and

fractal dimension (referred to as plant complexity) using ImageJ adapted from

(McAbendroth et al., 2005; Grutters et al., 2015). Calculating both parameters using

intact fragments facilitated the analysis of the different plant species. The fractal

dimension (area occupancy as in McAbendroth et al. (2005)) was determined with the

box counting method (boxes of 0.26 to 16.3 mm in ImageJ (Schneider, Rasband &

Eliceiri, 2012)), while the plant area and shoot length were calculated by converting

pixels to lengths in millimetres. The plant area was calculated using scans of intact

shoots, not using completely dissected plant material. While imperfect for the total

area, the method using intact shoots approximates the total area rather well (based on

n = 3 plant species tested, R2 of at least 0.86 within species of n = 5). For Myriophyllum

verticillatum there was not enough material to make scans. Given its similarity to M.

heterophyllum, we used the latter plant’s area and plant complexity for M.

verticillatum. The plant area per cm of stem was used to estimate the surface area of

the plant fragments of which we extracted the periphyton.

Plant harvest

From 20 – 23 June 2013, the aquatic plants were harvested following a randomisation

scheme and their total fresh mass was weighed. Then we sampled and separately

analysed two plant parts within one shoot: the apical plant fragment (fragment length 2

– 5 cm, depending on the plant species, referred to as the young part) and then the

lower basal fragment (fragment length 2 – 8 cm, depending on the plant species,

referred to as the old part) excluding 1 cm of shoot closest to the sediment to prevent

sampling periphyton growing on the sediment. These two types of fragments were

sampled, because periphyton density typically decreases towards the apex (Siver, 1978;

Blindow, 1987). For plants with low periphyton density we sampled multiple plant

fragments (up to three) and pooled them for analysis, typically species that grew

rapidly during the experiment. The remaining plant material was analysed for plant

biomass, but not for periphyton density.

We extracted the periphyton growing on each plant part by shaking for 60 seconds in

100 mL tap water (Zimba & Hopson, 1997), which has a removal efficiency of 90%
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(Zimba & Hopson, 1997) and can remove firmly attached periphyton (Jones et al.,

2000), before drying the plants (60 °C to constant dry mass) and determining their dry

mass. Based on Zimba and Hopson (1997), we estimate that 90% of the periphyton was

removed using this method. The extracted periphyton was quantified by filtering a

known volume that saturated GF/F glass filters (3 – 30 mL; Whatman, Maidstone,

England) before adding the filter to 90 % ethanol, boiling this substance for 10 minutes,

resting it for 24 hours at 6°C in the dark and lastly spectrophotometrically measuring

absorbance value at 665 and 750 nm (Lambda 800 Spectrometer, PerkinElmer, Waltham,

USA)(Sartory & Grobbelaar, 1984; Wasmund, Topp & Schories, 2006). We used these

values to calculate the chlorophyll‐a content corrected for phaeopigments. Periphyton

was expressed as µg chlorophyll per cm2 of plant surface (referred to as periphyton

density). The periphyton density per area (µg cm‐2) was strongly correlated to

periphyton density per plant mass (µg g‐1; Pearson’s r = 0.90; P < 0.001; n = 110).

Glass substrate harvest

The glass slides were collected from 26 June to 1 July. After collection, we scraped off

the periphyton growing on the open water side of each slide (5 x 2.6 cm) into tap water

using a scalpel. The periphyton was quantified through spectrophotometry (see Plant

harvest) and expressed as µg chlorophyll cm‐2. Besides quantifying chlorophyll‐a, we

checked which algal species were most frequent in the periphyton. The most frequently

observed periphyton species were the green algae Chlorella sp. and Acutodesmus cf.

obliquus and the cyanobacteria Gloeotrichia echinulata and Chroococcus turgidus.

Water quality parameters

In the 2nd (three days after water change) and 4th week (four days after water change)

of the experiment we recorded water temperature, O2, pH and conductivity in each

experimental bucket (WTW 350i, Weilheim, Germany) and also the concentration of

nitrate, nitrite, ammonium and orthophosphate in GF/F filtered water (QuAAtro auto‐

analyzer, Seal Analytical, Fareham, UK). We also determined these parameters (five

replicates) and the alkalinity of tap water (meq L‐1 HCl to pH of 4.2; TitraLab,

Radiometer Analytical, Villeurbanne, France). Furthermore, the phytoplankton density

(µg chlorophyll L‐1) in all experimental buckets was quantified using the Phyto‐PAM

(Walz, Effeltrich, Germany) at the end of the experiment on 19 June 2013 just before

the plant harvest.
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Data analysis

We compared the periphyton density among plant species using one‐way ANOVA and

tested the relation between periphyton density and plant complexity using linear

regression. Because plants and glass slides were harvested over multiple days due to

logistic constraints, periphyton density was standardised to the first day of harvest, for

which we assumed that periphyton grew linearly. The standardised periphyton density

was unrelated to harvest date (one‐way ANOVA, with day as a 4‐level factor; for plants,

F3,116 = 0.74; P = 0.53; for glass slides F3,113 = 0.23; P = 0.87). The periphyton density on

native and non‐native plants was compared with t‐tests. Because periphyton density

was expected to differ between young and old leaf tissue, we compared the periphyton

density of young and old leaves of different plant species using a two‐way ANOVA and

subsequent post‐hoc contrasts to test within species. We tested for differences in

environmental variables (pH, nitrate, ammonium, phosphate, conductivity,

phytoplankton biomass, oxygen content) and chlorophyll on glass slides among plant

species, and also between native versus non‐native species, separately for each variable

and using respectively one‐way ANOVAs or t‐tests.

Post hoc tests were conducted with Tukey contrasts and the Benjamini–Hochberg

procedure, which controls the false discovery rate (Benjamini & Hochberg, 1995). To

conform to model assumptions, plant and periphyton biomass were log transformed.

Statistics were performed using R version 3.2.3 (R Core Team, 2013) and the packages

‘multcomp’ (Hothorn, Bretz & Westfall, 2008) ‘MASS’ (Venables & Ripley, 2002),

‘ggplot2’ (Wickham, 2011), ‘nlme’ (Pinheiro et al., 2015) and ‘car’ (Fox & Weisberg,

2011)

Results

The mean periphyton density was statistically similar for native and non‐native plants

(Figure 1B; t‐test: t9 = ‐1.64; P = 0.14). Among plant species, we found large differences

in the mean periphyton density (Figure 1A; One‐way ANOVA: F11,108 = 19.6; P < 0.001).

Plants with a high periphyton density were the natives Hottonia palustris and

Myriophyllum verticillatum, the non‐natives M. heterophyllum, M. aquaticum and

Cabomba caroliniana, and the artificial Cabomba (Figure 1A). To the contrary, the

natives M. spicatum and R. circinatus and the non‐native species Elodea nuttallii

supported the lowest periphyton density.
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Comparing the periphyton density on young and old plant parts (Figure 2), we found a

strong interaction between plant species and periphyton on top and bottom fragments

(two‐way ANOVA; interaction: F11,198 = 4.2; P < 0.001), with more periphyton on older

fragments for Ceratophyllum demersum (P < 0.001), Chara vulgaris (P = 0.016), Elodea

nuttallii (P = 0.008), M. spicatum (P < 0.001), Potamogeton perfoliatus (P = 0.036) and

R. circinatus (P = 0.021). The other plant species supported a statistically similar

periphyton density on young and older plant parts. Also, on top and bottom fragments,

the periphyton density was similar for native and non‐native plants (t‐tests of

respectively: t9 = ‐1.81; P = 0.10 and t9 = ‐1.24; P = 0.25).

The plant fractal complexity differed significantly among plant species (ANOVA, F10,54 =

67.4; P < 0.001), ranging from 1.27 for Chara vulgaris to 1.79 for the artificial plant

analogue resembling Cabomba, and had an average of 1.67. However, the periphyton

density among plant species was not explained by plant complexity (Figure 3; linear

regression: R2 = ‐0.08; P = 0.71). The highest periphyton density was found on plants of

Figure 6.1 Left panels show periphyton density as chl‐a in µg cm‐2 (A) on native (closed circles) and non‐native

(open circles) plant species (in mean ± SE). Different letters indicate significantly different groups. Right

panels show mean periphyton density (B) of grouped native (n = 7) and non‐native plants (n = 4). ‘ARTCAB’

indicates the artificial plant analogue resembling Cabomba caroliniana, full plant names of living species are

given in Table 6.1.
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Figure 6.2 Periphyton density (mean ± SE; as chl‐a in µg cm‐2) on young (closed circles) and old (open squares)

plant parts for each plant species. Asterisks indicate significant differences between both plant parts within a

species. Full names of plant species are given in Table 6.1.

Figure 6.3 The relationship between plant fractal dimension (mean ± SE, mean only for artificial) and

periphyton density (mean ± SE; as chl‐a in µg cm‐2) on all tested plant species (native: closed circles, non‐

native: open circles). There was no significant relationship between these variables.
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high complexity, but not all of them hosted a high periphyton density, for example C.

demersum and R. circinatus had a high complexity but supported a low periphyton

density.

The periphyton chlorophyll on glass slides was 0.32 ± 0.02 µg cm‐2 (mean ± SE; n = 120)

and did not differ significantly among plant species treatments (ANOVA: plant species

F11,96 = 1.8; P = 0.06; Table S1 in Supporting Information), whereas the periphyton

density on the plants themselves was much higher at an average of 2.8 ± 3.0 µg cm‐2

(mean ± SE; n = 120).

We found large differences in aquatic plant growth during the experiment (Figure 4).

The species that accumulated most biomass were the natives M. spicatum, P.

perfoliatus, R. circinatus and the non‐native E. nuttallii. Some plants showed little net

growth: the native M. verticillatum and the non‐natives M. heterophyllum and M.

Figure 6.4 Plant biomass (mean ± SE) of the eleven living plant species at the start (open) and end (closed

circles) of the experiment. Different letters indicate significantly different groups. In some cases the error

bars are so small that they are hidden by the symbol.
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aquaticum, whereas native H. palustris and non‐native C. caroliniana lost biomass

during the experiment. Overall, the change in plant biomass during the experiment did

not significantly differ between native and non‐native plants (t‐test: t9 = 1.006; P =

0.34). The periphyton density on plants was negatively related to plant final dry mass

(Figure 5).

Dissolved oxygen concentrations, nitrogen, pH, temperature and conductivity were not

significantly different among plant species treatments after either two or four weeks

(Supplementary Materials Table S1). However, phosphate and phytoplankton

concentrations in the water differed between some treatments. The phosphate

concentration was higher in buckets with E. nuttallii than in buckets with P. perfoliatus,

C. demersum and M. verticillatum. In addition, the phosphate concentration in buckets

with M. verticillatum was lower than in those with C. vulgaris. The phytoplankton

concentration in the water (µg chlorophyll L‐1) varied among treatments (F11,108 = 2.4; P

= 0.012), with buckets containing M. spicatum having less phytoplankton than buckets

Figure 6.5 Relation between the periphyton density (as µg chl‐a cm‐2) and the final dry plant biomass of the

tested living plant species. Small circles indicate values of individual replicates and big circles indicate plant

species averages.
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with H. palustris and C. demersum, and no differences among other plant species

(Supplementary Materials Table S1).

Discussion

We found that periphyton density varied greatly among eleven tested living plant

species and the artificial analogue, in a controlled laboratory experiment. The

periphyton density on multiple living plant species differed from that on the artificial

plant analogue. One living plant species hosted more, and three species hosted less

periphyton than the artificial plant. Some plant species thus did not act as neutral

substrate for periphyton, which partly confirmed our second hypothesis. Yet seven

plants hosted similar periphyton densities as the artificial plant, indicating that many

plant species appeared to be neutral substrate, hence we also partly reject our

hypothesis. Contrary to our hypotheses, the periphyton density on native and non‐native

plant species was similar, and periphyton growth was not related to plant fractal

complexity, thus we rejected our first and third hypothesis.

Plant origin

Native and non‐native plants supported similar periphyton densities, which matched the

mean trait composition of the groups of species: native and non‐native plant species

were statistically similar in plant area, plant complexity as expressed by the fractal

dimension and final plant dry mass. Overall, the same ecological processes appear to

govern periphyton growth on native and non‐native plant species, resulting in

differences among species, but not between natives and non‐natives species overall.

Factors related to periphyton growth on plants

The native species Myriophyllum spicatum, Ranunculus circinatus and the non‐native

Elodea nuttallii supported significantly lower periphyton densities than the artificial

plant analogue. These species also grew most during the experiment. Plant species that

showed no net growth, such as the native Hottonia palustris and the non‐native

Cabomba caroliniana, supported denser periphyton than the artificial plant and plants

that grew more. These results highlight the negatively related growth of plant and

periphyton that we found in our study. A similar relationship has been commonly found

in other experiments and in the field (Sand‐Jensen, 1977; Sand‐Jensen & Søndergaard,

1981; Cattaneo, Galanti & Gentinetta, 1998; Jones et al., 2002). We cannot rule out
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that fast growing species have high growth irrespective of periphyton, so that

periphyton densities on these species might be low because periphyton was spread over

a larger area. However, it is also possible that fast plant growth reduces nutrients and

time available for periphyton growth, resulting in reduced periphyton densities. In fact,

fast plant growth may have occurred because periphyton failed to develop and could

thus not inhibit plant growth.

The interaction between plants and periphyton may depend on the active release of

allelochemicals or growth stimulants, or can be passive through competition for

nutrients, light, surface area and time for colonisation (Blindow, 1987; Cejudo‐

Figueiras et al., 2011). It is difficult to disentangle these factors because plants and

periphyton are intimately tied together. Plants can actively suppress periphyton through

allelopathy. Two species supporting little periphyton in the experiment, M. spicatum

and E. nuttallii, are known to possess allelochemicals that strongly inhibit algal growth

(Leu et al., 2002; Erhard & Gross, 2006). However, several other species used in the

experiment such as the other Myriophyllum spp. (Gross, 2003; Hilt, Ghobrial & Gross,

2006), C. demersum (Wium‐Andersen, Anthoni & Houen, 1983; Gross, 2003) and Chara

spp. (Wium‐Andersen et al., 1982) are also known to be allelopathic, yet did not

suppress periphytic algae strongly as they supported substantial periphyton densities.

Thus allelopathically active species did not clearly reduce periphyton density. Nutrient

availability is another factor that can have affected periphyton growth. The sediment

contained meso‐ to eutrophic levels of nutrients in the form of slow‐release fertiliser

(Bakker et al., 2013), whereas levels of dissolved nutrients in the water layer were

relatively low (< 1 µM total inorganic nitrogen as ammonium plus nitrite plus nitrate and

< 0.30 µM orthophosphate) compared to the average European concentrations in

European lakes of 13.6 µM total inorganic nitrogen and 0.65 µM orthophosphate (Noges,

2009). It thus seems likely that plants and periphyton competed for nutrients. Slow‐

growing plants were likely poor competitors for nutrients and may also have released

nutrients, stimulating periphyton growth, especially plant species that lost mass

(Granéli & Solander, 1988; Ozimek, Van Donk & Gulati, 1993). In the experiment, the

slow‐growing plants indeed supported denser periphyton than the artificial or fast‐

growing plants, suggesting periphyton got a nutritional boost. On the contrary, fast‐

growing plant species hosted less periphyton than the artificial plant, which may

indicate that these plants successfully competed for nutrients with the periphyton.

Although it should be noted, as mentioned before, that we cannot establish whether
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this was due to competition for nutrients or effects of allelopathy. Besides plants and

the attached periphyton requiring nutrients, the experimental buckets also contained

substantial levels of phytoplankton, on average 104 ± 82 µg L‐1 (mean ± SD), and

periphyton on walls and the glass substrate. The periphyton on the bucket’s walls and

that on glass substrate was of much lower density than periphyton on plants, which

matches the trend reported in literature that artificial substrate may underestimate

green algae and cyanobacterial density, which were the most frequent phytoplankton

groups in our experiment (Cattaneo & Amireault, 1992). With all these primary

producers, the competition for carbon was likely intense, which is reflected by the

average pH of 8.8. Although we replenished 95 % of the water every week, carbon may

have been a limiting resource, as it is in some eutrophic lakes (King, 1970). Especially

H. palustris and M. verticillatum, which prefer CO2 to HCO3
‐, may have been limited by

CO2 availability (Maberly & Madsen, 1998) and might have been poor competitors and

thus better substrate for periphyton.

Plant complexity is another factor that is often linked to periphyton density (Cattaneo,

Galanti & Gentinetta, 1998; Ferreiro, Giorgi & Feijoó, 2013). We found that not all

plant species of high fractal complexity supported a high periphyton density, which

agrees with some studies (Taniguchi & Tokeshi, 2004; Ferreiro et al., 2011), but

contradicts others (Cejudo‐Figueiras et al., 2011; Ferreiro, Giorgi & Feijoó, 2013). We

thus reject our third hypothesis that periphyton density increases with plant fractal

complexity. A reason for this mismatch might be that we expressed periphyton per unit

of leaf area to exclude the effect of area, which not all studies did. Furthermore, we

measured the fractal complexity only at the start, not at the end of the experiment,

which can have affected the outcome if the fractal complexity changed over time. A

mechanistic factor for the lack of a link between fractal complexity and periphyton

density might be found in the used scale (Ferreiro, Giorgi & Feijoó, 2013). Plants are

not truly fractal, but multifractal objects, with different fractal dimensions at different

scales (Halley et al., 2004). At shoot scale, macroinvertebrate abundance often

increases with plant complexity (Taniguchi & Tokeshi, 2004; McAbendroth et al., 2005;

Thomaz et al., 2008; Ferreiro et al., 2011), however, at this scale periphyton was not

linked to plant complexity in our study nor in the literature. Instead, at leaf scale,

periphyton has been found to increase with the plant fractal complexity, reaching

higher densities on plants bearing thorns or jagged edges (Ferreiro, Giorgi & Feijoó,

2013). Diatoms grow more densely on complex leaf edges of both living and artificial
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plants (Cattaneo, 1978), which might be linked to increased nutrient or light

availability. In addition, complex leaves have an increased circumference per leaf area

that may increase microhabitat availability to periphyton. Although in our study, plant

species with jagged leaf edges such as C. demersum and E. nuttallii hosted fewer

periphyton, instead of more (Ferreiro, Giorgi & Feijoó, 2013), indicating that factors

other than fractal complexity may have been more important in determining periphyton

density. This is also indicated by a comparison among three plant species of similar

architecture, all with hand‐shaped finely dissected leaves: the artificial plant analogue,

R. circinatus and C. caroliniana. We found that the periphyton density varied greatly,

with values of respectively 2.2, 0.28 and 5.4 µg cm‐2 it varied 20‐fold, so that factors

other than plant structure must be involved.

Conclusions

To our knowledge, we tested for the first time whether non‐native plants are less prone

to periphyton growth than natives, but we found no evidence for this. We found that

the periphyton density on living plant species differed greatly amongst species, even

when grown under similar conditions and for species of similar morphology. Periphyton

density was not related to plant complexity, instead it was negatively related to plant

growth. This may indicate that mechanisms such as nutrient competition and possibly

allelopathy may have played an important role, but these could not be disentangled in

our experiment. From our study, we conclude that similar processes appear to drive the

interaction of native and non‐native plants with periphyton. Non‐native plants do not

seem to benefit from reduced periphyton colonisation compared to native species.

Instead, certain native and non‐native species tolerate eutrophic conditions well and as

a consequence, they seem to host less periphyton.
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Abstract

Secondary compounds can contribute to the success of non‐native plant species if they

reduce damage by native herbivores or inhibit the growth of algae or native plant

competitors. However, there is opposing evidence on whether the secondary compounds

of non‐native plant species are more potent than those of natives. Potency may be

explained by other factors, besides plant origin. We tested how plant origin, phylogeny,

growth stategy and stoichiometry affected the allelopathic potential of 34 aquatic

plants. The allelopathic potential was quantified using bioassays with the

cyanobacterium Dolichospermum flos‐aquae. The allelopathic potential showed a strong

phylogenetic signal, but was similar for native and non‐native species. Growth strategy

was important as emergent plants had twice the allelopathic potential of submerged

plants. Furthermore, the allelopathic potential was positively correlated to the foliar

carbon‐to‐phosphorus and total phenolic content. We conclude that plant species with

high allelopathic potential have a clear profile of being eudicots with an emergent

growth strategy and high plant C:P ratio. When comparing species of the same profile,

non‐native plant species have a similar allelopathic potential as natives.

Introduction

Plants contain secondary compounds that improve plant fitness in various ways, for

instance by reducing the growth of plant or algal competitors through allelopathy

(Mulderij et al. 2007, Hilt and Gross 2008), by repelling herbivores (Dorenbosch and

Bakker 2011, Fornoff and Gross 2014), resisting pathogens (Harborne 1977, Lattanzio et

al. 2006) and interfering with decomposition (Horner et al. 1988, Bardon et al. 2014,

Suseela et al. 2015). Secondary compounds contribute to the success of exotic plant

species, because many exotic plants possess secondary compounds that are novel to the

native community (reviewed in Callaway and Ridenour 2004, Cappuccino and Carpenter

2005, Macel et al. 2014). These novel compounds are known to be bioactive

(Cappuccino and Arnason 2006), and may deter native herbivores (Macel et al. 2014) or

inhibit the growth of native plants (Ridenour and Callaway 2001, Svensson et al. 2013),

thus improving the fitness of non‐native plants, which can provide a competitive

advantage over native plant species (Callaway and Ridenour 2004, Kim and Lee 2011).

However, native and non‐native plants were also shown to equally deter a generalist

caterpillar (Lind and Parker 2010), had a similar allelopathic potential (Meiners 2014)



143

7

Allelopathic potential of native and non‐native plants

and produced litter that was equally toxic to amphibians (Cohen et al. 2012). Thus the

activity of secondary metabolites is sometimes related to plant origin, but not always.

These contrasting results may be due to natural inter‐ and intraspecific variation in

secondary compound composition and levels, which are determined by multiple factors,

including, but not limited to, plant phylogeny, plant growth strategy and elemental

composition.

The secondary metabolite composition of plants is phylogenetically determined (Choi et

al. 2002, Wink 2003, Gross and Bakker 2012). For example, in freshwater plants,

Myriophyllum species contain much more phenolic compounds, specifically the

deterrent tellimagrandin II, than Potamogeton species (Choi et al. 2002). The growth

strategy of plants also affects levels of secondary compounds that are higher in forbs

than in graminoids (Scharfy et al. 2011), herbaceous species are more allelopathic than

woody species (Meiners 2014) and in wetlands, emergent species contain more

phenolics than submerged plant species (Smolders et al. 2000). Besides phylogeny and

growth strategy, the composition of plant secondary compounds may also be linked to

relative availabilities of nitrogen (N), phosphorus (P) and carbon (C) (Bryant et al. 1983,

Coley et al. 1985, Tuomi et al. 1988, Herms and Mattson 1992, Jones and Hartley

1999)(but see (Koricheva 2002, Stamp 2003). Nutrient‐limited vascular plant species

invest more in C‐rich phenolics than nutrient replete plants (Wright et al. 2010).

Comparably, the synthesis of C‐rich toxic metabolites by phytoplankton is generally

enhanced under N or P limitation (Van de Waal et al. 2014).

These factors regulating secondary metabolites do not act on their own, but are

interrelated. Non‐native plants, for instance, often differ in phylogeny from natives,

which can provide a competitive advantage (Hill and Kotanen 2009, Parker et al. 2012).

Furthermore, the growth strategy of plants is generally phylogenetically determined

(Scharfy et al. 2011) and the growth strategy can make certain invaders more dominant,

i.e. forbs over graminoids, or floating over submerged plants (Scharfy et al. 2011, van

Gerven et al. 2015). Although multiple factors control variation in secondary

metabolites in concert, they are often studied separately.

Here, we tested whether non‐native plants differ from natives in the activity of their

secondary compounds, hereafter termed allelopathic potential, while accounting for

effects of phylogeny, growth strategy and stoichiometry. Freshwater plants contain
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notorious plant invaders with a strong impact on native ecosystem structure and

functioning (Vilà et al. 2009) and excrete secondary compounds that inhibit

phytoplankton and cyanobacterial competitors (Gross 2003a), a feature that helps

aquatic plants survive in eutrophic freshwaters (Hilt and Gross 2008).

We hypothesised that i) non‐native plants possess a higher allelopathic potential than

native plants, ii) interspecific variation in allelopathic potential has an evolutionary

origin, and iii) emergent plants possess higher allelopathic potential than submerged

ones. Furthermore, we hypothesised that iv) the allelopathic potential increases with

increasing plant phenolic content and carbon‐to‐nutrient stoichiometry.

To test these hypotheses, we quantified the allelopathic potential of 34 freshwater

plants, including 17 plant species non‐native to Northwestern Europe, using plant

extracts and agar diffusion assays with the cyanobacterium Dolichospermum flos‐aquae

in. We also analysed the C, N, P and total phenolics content (TPC) of plants. TPC is the

most common and widespread class of secondary compounds in aquatic plants (Lodge

1991, Smolders et al. 2000, Gross and Bakker 2012) and allows a comparison among

many plant species (Agrawal and Weber 2015).

Materials and Methods

Plant species

Fresh non‐apical plant material was collected for 17 plant species native to, and 17

plants species non‐native to Northwestern Europe (Table 7.1), the native versus non‐

native distinction is referred to as plant origin. The selected non‐native plants have all

been reported to cause economic or ecological damage (Hussner 2012). We selected a

wide array of vascular aquatic plants adapted to living underwater or to living on

permanently waterlogged soils. In addition to vascular plants, we also included one

species belonging to the Charales and two Salviniales ferns to create a phylogenetically

diverse selection of 34 plant species. The plant material of 21 species was harvested

from 11 field sites in the Netherlands from late September to early October 2012. In

addition, 13 plant species were bought from a plant breeder (Table 7.1). Of all species,

22 plant species were kept in a greenhouse on artificial pond sediment (Pokon

Naturado, Veenendaal, the Netherlands) for a minimum of two weeks prior to collecting

leaf tissue samples. Tissue of the other species was sampled upon collection (Table 7.1).
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Table 7.1 Freshwater plant species used in the analyses. Species were classified into clades (monocot, eudicot

and ‘other’ in case of taxa outside these clades, see Fig. 7.1), plant origin described as native status to

Northwestern (NW) Europe, native range (ARS‐GRIN database at http://www.ars‐grin.gov and Hussner 2012),

growth strategy (emergent and floating plants versus submerged plants) and greenhouse acclimation (whether

species were held in the greenhouse, see Materials and Methods section).
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Species kept in the greenhouse did not differ in morphological and physiological traits

from those not kept in the greenhouse (t‐tests P > 0.05). We classified the plant growth

strategy as submerged or emergent plants, with floating‐leaved plants listed as

emergent because their biochemistry resembles emergent plants more than submerged

ones (Smolders et al. 2000). The role of phylogeny was tested in two ways. In the first,

plant species were grouped into monocot and eudicot for use in linear models (ANOVA).

However, this excluded six species because these species could not be grouped into

mono‐ or eudicot (Table 7.1). All plant species were included in the second phylogenetic

analysis using generalized least squares (see Materials and Methods section Statistical

analyses).

Chemical analyses of plant material

To analyse physiological traits, namely C, N, P content and TPC, fresh plant material

was split into six aliquots that were all thoroughly rinsed with tap water and weighed.

Three aliqots were then oven dried (60°C for 72 hours), weighed and ground with a ball

grinder (Retch MM301, Haan, Germany). The remaining three aliquotes were freeze‐

dried (Labconco Freezone 4.5, Kansas City, MO, USA), weighed and then ground using a

ball grinder. To quantify the total phenolics content (TPC), 10 mg of oven‐dried ground

plant material was extracted with 5 ml of 80 % ethanol for 10 minutes at 80°C before

SDS solution and FeCl3 reagent were added (Smolders et al. 2000). The resulting

reduction of Fe3+ to Fe2+ by phenolic compounds was measured at 510 nm on a

spectrophotometer (Synergy HT Microplate Reader, BioTek, Winooski, VT, USA) against a

tannic acid calibration curve (tannic acid 403040, Sigma‐Aldrich, Saint Louis, MO, USA)

and expressed as mg tannic acid equivalents per gram plant dry weight. To measure

total carbon and total nitrogen content, 1.5 mg of ground, oven‐dried plant sample was

weighed in tin cups and analysed using an elemental analyser (FLASH 2000, Thermo

Scientific, Waltham, MA, USA). The total phosphorus content was determined by

incinerating 1 mg of ground oven‐dried sample at 500°C for 30 minutes, followed by

digestion with 5 ml of 2.5 % persulphate in an autoclave (30 minutes at 121 °C).

Samples were then centrifuged (30 minutes at 2500 rpm) and the P content of the

supernatant was analysed using an AutoAnalyzer (QuAAtro method Q‐037‐05, Seal

Analytical, Fareham, UK). Total soluble sugar content (sum of sorbitol, mannitol,

glucose, fructose, sucrose, maltose, trehalose, raffinose, melezitose and melibiose) was

determined through liquid chromatography–tandem mass spectrometry (Waters Acquity

ultra‐performance chromatographic system coupled to a Waters Quattro Premier
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tandem mass spectrometer, Waters, Milford, MA, USA) on the methanolic extracts of

freeze‐dried plant samples that were also used in the agar diffusion bioassays.

Agar diffusion assays

We performed bioassays to assess the allelopathic potential (Meiners 2014) of the entire

array of chemicals produced by each plant species (Gross et al. 1991, Engel et al. 2006,

Bauer et al. 2009). Bioassays provide a standardised measure of the allelopathic

potential of many plant species without requiring knowledge on individual or

unidentified compounds (Kubanek et al. 2001, Engel et al. 2006, Puglisi et al. 2007).

Following van Dam and Oomen (2008), freeze‐dried ground plant material was extracted

twice with methanol (70 % v/v). For the first extraction, the material was boiled for 5

minutes and sonicated for 15 minutes (Branson 2510E‐MT) before it was centrifuged

(10,000 rpm) and the supernatant collected. For the second extraction, this procedure

was repeated without boiling. The supernatants of both extractions were combined and

stored at ‐20°C until use in the bioassays. For the agar diffusion bioassays (ADA), we

cultivated the cyanobacterium Dolichospermum flos‐aquae (formerly Anabaena flos‐

aquae; Wacklin et al. 2009) strain 141/1b in WC medium (Guillard 1975) supplemented

with B12, biotin and Thiamine HCl (Kilham et al. 1998). Liquid batch cultures were

incubated at 24°C at a light intensity of 30 µmol photons m‐2 s‐1 with a photoperiod of

16 h : 8 h, light : dark, in climate‐controlled incubators (Sanyo, Moriguchi, Japan). The

agar diffusion bioassay (ADA) was performed using inoculation densities with an optical

density of 0.3 at 530 nm (Gross et al. 1991, Bauer et al. 2009). A base agar of 15 ml of

WC medium (1% agar) was poured into each petri dish (ø 9 cm). Three aliquots (40 µl) of

the methanolic extracts, which correspond to 2 mg plant dry mass, were then spotted

onto the agar (Supplementary Material Figure S7.1). After drying, we covered the base

agar with 10 ml of Dolichospermum suspended in 1 % agar, incubated them (28°C at 80

µmol photons m‐2 s‐1) for seven days (Gross et al. 1991), and subsequently scanned all

plates (Epson Perfection 4990, Suwa, Japan). Scans were then analysed to calculate the

surface area in millimetres of individual clearing spots using ImageJ software. In

addition to the plant extracts, we used a negative (70% aqueous MeOH v/v) and a

positive control (3 µl of 1.5% NaClO in water, w/w) in the ADAs. Negative controls did

not show clearing spots, whereas positive controls showed clearing spots (average of

258 mm2 per spot).
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Statistical analyses

We averaged the area of all three individual clearing spots on each plate for statistical

analyses. This average is referred to as plant allelopathic potential. The variance in

allelopathic potential explained by plant phylogeny, growth strategy and plant origin

was tested separately using t‐tests that assumed heteroscedasticity, and tested

simultaneously using heteroscedasticity‐corrected three‐way ANOVA. In addition, we

applied (multiple) linear regression to test whether plant traits explained interspecific

patterns in allelopathic potential. Variance inflation factors were calculated to assess

multicollinearity and we found no severe problems as the highest variance inflation

factor detected, in this case for C:P, was only 6.1. We used Pearson correlation to assess

the linear correlation among variables.

For phylogenetic analyses more thorough than the dichotomous classification in the

ANOVA, we constructed a plant phylogenetic tree using Phylomatic (Webb and Donoghue

2005) in combination with adjustments to branch lengths using recent molecular

literature [Nymphaeales (Yoo et al. 2005, Biswal et al. 2012); Hydrocharitaceae (Chen

et al. 2012b); Alismataceae (Chen et al. 2012a); Potamogetonaceae (Lindqvist et al.

2006); Salviniaceae (Metzgar et al. 2007); Myriophyllum (Moody and Les 2007); Lamiales

(Schäferhoff et al. 2010)] and used it to calculate the phylogenetic signal in plant traits

using Blomberg’s K (Blomberg et al. 2003). For phylogenetic generalised least squares

(PGLS) we used the Brownian model for trait evolution as correlation structure, because

it fitted data better than an Ornstein‐Uhlenbeck model according to AIC comparison

(Burnham and Anderson 2002). We tested the significance of fixed factors in PGLS

models using likelihood ratio tests.

TPC was square‐root transformed to meet model assumptions. Data were analysed in R

version 3.2.2 (R Core Team 2013) using the doBy (Højsgaard et al. 2015), nlme (Pinheiro

et al. 2015), picante (Kembel et al. 2010), ape (Paradis et al. 2004) and car packages

(Fox and Weisberg 2011).

Results

Allelopathic potential and explanatory factors

The 34 tested aquatic plant species varied considerably in their allelopathic potential

(Figure 7.1). Plant phylogeny, growth strategy and plant origin significantly affected the
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allelopathic potential when tested together in a three‐way ANOVA: plant phylogeny

explained most variation in allelopathic potential (F1,24 = 12.8; P = 0.002), plant growth

strategy explained slightly less variation (F1,24 = 9.3; P = 0.005) and plant origin

explained least of the variation (F1,24 = 8.4; P = 0.008). Separate t‐tests showed that

eudicots exhibited a higher allelopathic potential than monocots (Figure 7.2A, t16.2 =

3.3; P = 0.005), whereas there was no effect of plant origin: native and non‐native plant

species had a similar mean allelopathic potential (Figure 7.2B, t31.1 = 0.60; P = 0.56).

For growth strategy, we found that emergent plants had a higher allelopathic potential

than submerged plants (Figure 7.2C, t26.7 = 3.1; P = 0.005).

Figure 7.1 Phylogeny‐based representation of plant allelopathic potential (clearing spot area in mm2) and total

phenolics content (TPC; in mg g‐1 DW) of 18 emergent (black bars) and 16 submerged aquatic plants (white

bars). The time since divergence (in million years ago; Ma) is shown on the left based on recent molecular

clock data (Yoo et al. 2005, Lindqvist et al. 2006, Metzgar et al. 2007, Moody and Les 2007, Schäferhoff et al.

2010, Biswal et al. 2012, Chen et al. 2012a, Chen et al. 2012b). The clades to which plant species belong are

displayed on the right. The absence of bars indicates undetectable clearing spots (0 mm2).
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Allelopathic potential and phylogenetic analyses

There was also a strong phylogenetic signal in the allelopathic potential of aquatic

plants (Figure 7.1; Blomberg’s K = 0.61, P = 0.001; where a K = 1 represents trait

evolution that is linearly proportional to plant relatedness; see Grafen (1989); Table

7.2). Phylogenetic generalised least squares analysis (PGLS) produced result similar to

linear models. Plant origin did not explain variation in allelopathic potential, whereas

plant growth strategy did (two‐way PGLS, growth strategy: LR = 6.8, P = 0.009; origin:

LR= 0.22; P = 0.64) when tested together.

Allelopathic potential and physiological traits

Of the measured plant traits, TPC had a significant phylogenetic signal (K = 0.50; P =

0.001), whereas the signals for C and C:P were significant but much weaker (Table 7.2).

The other traits showed no significant phylogenetic signal (Table 7.2). Plant traits

differed most between emergent and submerged species, with TPC, C, P, C:P and total

soluble sugar content being higher in the former (Table 7.2). In addition, eudicots had a

higher TPC than monocots (Table 7.2).

TPC best explained patterns in the allelopathic potential and both showed a positive

relation (R2 = 0.52; P < 0.001; Figure 7.3). The allelopathic potential also increased with

the plant C:P ratio (R2 = 0.32; P < 0.001), but was not related to the plant C:N ratio (R2

Figure 7.2 Mean (± SE) plant allelopathic potential (clearing spot area in mm2) of plant species grouped

according to plant clade (A), plant origin in NW Europe (B) and growth strategy (C). Asterisks indicate a

significant statistical difference between both means tested using t‐tests assuming heteroscedasticity (P <

0.05). ‘n’ represents the number of plant species in each category.
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= ‐0.03; P = 0.95) or sugar content (R2 = 0.006; P = 0.28). Testing C, N and P contents

separately, plant C and P significantly explained variation in the allelopathic potential

(respectively R2 = 0.20; P = 0.005 and R2 = 0.15; P = 0.013), but N did not (R2 = 0; P =

0.30). PGLS analysis on the allelopathic potential and plant traits produced qualitatively

similar results (Figure 7.3), however the plant C:P ratio explained the allelopathic

potential better (logLik = ‐181.6) than the TPC (logLik = ‐183.2). Separately, plant C

content best explained the allelopathic potential (logLik = ‐182.0; P = 0.003), followed

by P (logLik = ‐184.1; P = 0.026) and no effect of N (logLik = ‐186.2; P = 0.41).TPC

correlated positively with C (Pearson correlation: r = 0.55; P < 0.001) and C:P (r = 0.61;

Table 7.2 Overview of plant traits grouped for growth strategy, origin and phylogeny. Means (± SE) of measured

plant traits grouped for plant growth strategy, plant origin (native or non‐native in NW Europe) and phylogeny.

Measured traits were total phenolics content (TPC), carbon content (C), nitrogen content (N), phosphorus

content (P), carbon‐to‐nitrogen ratio (C:N), carbon‐to‐phosphorus ratio (C:P) and total soluble sugars (Sugars).

The phylogenetic signal displays Blomberg’s K value for each of the plant traits. Values in bold indicate

statistically significantly different groups, tested with t‐tests assuming heteroscedasticity. ‘n’ indicates the

number of plant species in each category.
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P < 0.001), negatively with P (r = ‐0.39; P = 0.023), and not with C:N (r = ‐0.09; P =

0.62). The C:N ratio of plants was strongly correlated with their N content (r = ‐0.82, P

< 0.001), while their C:P ratio depended strongly on P content (r = ‐0.86; P < 0.001).

Figure 7.3 The relationship between the allelopathic potential of plants and four traits (n = 34 aquatic plant

species). Regression lines are shown for significant relations and represent results of linear regression.

Adjusted R2 of linear regression and log‐likelihood of phylogenetic generalised least squares (PGLS) analysis

are shown along with P‐values of respectively F‐tests and likelihood ratio tests. Open symbols indicate non‐

native species, closed symbols indicate native species.
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Discussion

Our results show that multiple factors control the allelopathic potential of aquatic

plants, but contrary to our hypothesis, plant origin was not one of them (hypothesis 1).

Instead, the allelopathic potential was primarily constrained by phylogeny (hypothesis

2). In addition, the plant growth strategy explained much of the variation in the

allelopathic potential (hypothesis 3). Besides these factors, we found that two

physiological traits, the C:P ratio and total phenolics content (TPC), explained

interspecific patterns in the allelopathic potential (hypothesis 4). Therefore, we reject

our first hypothesis, whereas we confirm the other three.

Phenolic compounds

Phenolic compounds presumably controlled the allelopathic potential to a large degree

as TPC explained 52% of its interspecific variation. Phenolic compounds play a role in

many ecological processes (Appel 1993, Close and McArthur 2002), including the

induction of allelopathic effects against phytoplankton (Gross et al. 2007). Both the

allelopathic potential and TPC showed a strong phylogenetic signal, with a higher

allelopathic potential and TPC in eudicot species than monocot species, and no

inhibition of the cyanobacterium in ferns and stoneworts (Figure 7.1). The growth

strategy of plants was also strongly related to their allelopathic potential, with

emergent species having a greater potential than submerged ones, and furthermore

contained more TPC. It is thus conceivable that the allelopathic potential depended

mainly on the TPC, which is in line with the widely known ecological effects of phenolic

compounds, including lowering of fungal or herbivore damage (Lodge 1991, Vergeer and

Van der Velde 1997, Lattanzio et al. 2006), slowing down microbial decomposition

(Bardon et al. 2014) and inhibiting competitors through allelopathy (Gross et al. 1996).

However, phenolics form a highly diverse group of compounds and are a rough proxy for

plant allelopathic effects (Leu et al. 2002, Gross 2003a). Only a subset of phenolic

compounds are likely responsible for the observed effects (Leu et al. 2002, Sotka et al.

2009) and these active compounds may differ among plant species. Because the

majority of active compounds in aquatic plants are still unknown (Sotka et al. 2009,

Forbey et al. 2013), we could solely use TPC as a proxy to express levels of secondary

compounds in the tested aquatic plant species. Besides phenolics, freshwater plants

also produce other active compounds, such as sulphuric compounds (Wium‐Andersen et

al. 1983) or alkaloids (Elakovich and Yang 1996). Yet, phenolics are currently the
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compounds most consistently related to inhibitory activity (Planas et al. 1981, Leu et al.

2002, Gross and Bakker 2012). Our results demonstrate that phenolic compounds seem

to play a substantial role in the inhibitory activity of aquatic plants.

The level of phenolic compounds varied greatly among plant species. While multiple

biotic and abiotic stressors control the intraspecific variation in phenolic compounds

(Dixon and Paiva 1995), less is known about the drivers underlying interspecific

variation. We confirmed that emergent plants generally contain higher levels of

phenolic compounds than submerged plants (Smolders et al. 2000). One explanation is

that emergent plants contain more structural polyphenols, such as lignin, than

submerged plants. In addition, emergent plants may increase their TPC to protect

against photodamage, as phenolics are powerful antioxidants (Close and McArthur

2002). TPC was shown to generally increase with increasing light levels (Close and

McArthur 2002, Cronin and Lodge 2003, Gross 2003b). Terrestrial plants benefitted from

the evolution of phenolic compounds, which act as ‘UV light screens’, when emerging

from the aquatic environment onto the land (Gershenzon et al. 2012). Interestingly, we

observed higher phenolic contents in the eudicots (Figure 7.2A), a clade that is related

more to terrestrial taxa than monocots of the order Alismatales are (Cook 1999). Many

eudicots are emergent or amphibious and seem accustomed to high light levels.

Furthermore, emergent plants have better access to light and CO2 than submerged

plants, thereby stimulating photosynthesis and increasing their primary carbon

metabolism. The primary carbon metabolism is used for the biosynthesis of phenolics

via the shikimate and polyketide pathways (Gershenzon et al. 2012, Cheynier et al.

2013). An increase in primary carbon metabolism can thus facilitate the biosynthesis of

phenolics. Indeed, the emergent plants in our study contained more carbon and sugars

than submerged plants, in addition to a higher phenolic content (Table 7.2). The

synthesis of plant secondary metabolites is also regulated by the relative availability of

resources as suggested by the highly debated carbon‐nutrient‐balance hypothesis

(Bryant et al. 1983, Koricheva 2002, Stamp 2003) or the more general framework of

Ecological Stoichiometry (Sterner and Elser 2002). Higher carbon:nutrient ratios in

plants reflect higher cellular contents of C‐rich biochemicals, which may also include C‐

rich secondary metabolites such as phenolic compounds. We indeed found a positive

correlation between the plant C:P ratio and TPC and the allelopathic potential

increased with C:P ratios across plant species (but not with C:N ratios). This may result
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from an enhanced allocation of carbon to phenolic compounds in plants possessing

higher C:P ratios. These C:P ratios, however, differed also between plant growth

strategies, and seemed higher in emergent plant species that require more carbon for

structural biomass, for phenolic‐based light screens (Close and McArthur 2002) and to

deal with a shortage of phosphorus (Delaux et al. 2012), but have easier access to light

and CO2 compared to submerged species (Bornette and Puijalon 2011)(Table 7.1). It is

thus unclear to what extent the allelopathic potential is directly related to the cellular

availabilities of carbon, or whether it is indirectly coupled via distinct functional traits

of emergent plants.

Allelopathic potential

Our results demonstrate substantial allelopathic effects of the tested plant species on

the cyanobacterium Dolichospermum flos‐aquae, which were strongly related to

underlying plant traits. Freshwater submerged plants are known to excrete

allelochemicals that inhibit the growth of a wide variety of phytoplankton and

cyanobacteria species (van Donk and van de Bund 2002). Allelopathic effects can be

highly species‐specific, but can also be effective against multiple cyanobacteria and

algae (Körner and Nicklisch 2002, Erhard and Gross 2006, Gross et al. 2007). Although

our study demonstrates the allelopathic potential against the common cyanobacterium

Dolichospermum flos‐aquae, further research should elucidate whether the allelopathic

potential extends to other strains and species of phytoplankton and cyanobacteria.

An important unanswered question is the degree to which secondary compounds are

excreted in the field as allelochemicals (Hilt and Gross 2008). We assessed the effect of

cell extracts, but not all compounds present in extracts may be excreted in sufficiently

high concentrations (Gross et al. 2007). Some excreted compounds may be rapidly

metabolised by bacteria or transformed by (UV‐) light and oxygen. For some algae, the

allelopathic effect of whole algal cells has been shown to be stronger than extracts

(Martens et al. 2016), indicating that active compounds were rapidly excreted. Besides

excretion, plants also lose compounds through leaching, which may affect

cyanobacteria, phytoplankton and other biota living in the vicinity of the plants.

Leaching effects of litter can be strong: phenolics leached from emergent plant litter

are toxic to amphibians (Cohen et al. 2012), whereas saponins leaching from aquatic

plants and tannins leaching from bark can poison fish (Applebaum and Birk 1979,

Temmink et al. 1989). We assume that the cell content in phenolic compounds is a good
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proxy for excreted (exuded, leached) active compounds, as several of our tested plant

species with high phenolic content possess a high allelopathic activity of exudates

(Erhard & Gross 2006; Gross et al. 1996).

Non‐native plants

The scientific literature contains many opposing results on whether the strength of

plant secondary compounds depends on plant native origin. Non‐native plants can

contain stronger or more secondary compounds than natives (Callaway and Ridenour

2004), but not in all cases (Lind and Parker 2010, Meiners 2014). We found that tested

for all plant species the allelopathic potential of aquatic plant species was unrelated to

plant origin, neither when tested in combination with plant phylogeny and growth

strategy nor separately. Only when tested with a subset of mono‐ and eudicot species,

non‐native plants had a slightly higher allelopathic potential than native plants on top

of growth strategy and plant clade. Because plant origin appears unrelated or only

weakly related to the allelopathic potential, we suggest that reports on stronger

secondary metabolites in non‐native plants compared to native plants may in fact be

attributable to differences in phylogeny and growth strategy. Our study demonstrates

that invading eudicots with an emergent or floating growth strategy are most likely to

possess strong allelopathic potential. Or possibly vice versa, species possessing these

traits may be more likely to show invasive behaviour.

Conclusion

We show that interspecific variation in the allelopathic potential of aquatic plants

depends on several components. First, plant phylogeny and growth strategy explain

most variation. Second, plant stoichiometry, which also depends on the plant’s growth

strategy, determines how much plants can invest in secondary compounds. The plant

allelopathic potential was strongly correlated with the plant’s total phenolic content.

Plant origin had no effect on their allelopathic potential: non‐native plants contained

similar levels of total phenolic compounds and had similar allelopathic potential as

natives. We thus conclude that plant species with high allelopathic potential have a

clear profile of being eudicots with an emergent growth strategy and high plant C:P

ratio. Unless non‐native plant species match this profile, they generally have similar

allelopathic potential as natives.
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Abstract

Freshwater plants play an important role in the functioning of aquatic ecosystems by

inhibiting algal blooms and regulating methane emission. However, aquatic ecosystems

are increasingly subject to environmental change, including eutrophication, global

warming and biological invasions. Freshwater plants are threatened by eutrophication,

the impact of which is exacerbated by global warming, as plants are outcompeted by

phytoplankton. Concomitantly, non‐native plant species are becoming more abundant

and increasingly replace native species in the aquatic vegetation. We hypothesised that

non‐native species are more tolerant than native freshwater plants to eutrophication

under a future temperature scenario. In addition, we hypothesised that tolerant species

provide more ecosystem functions, specifically the inhibition of phytoplankton and the

reduction of diffusive methane emissions.

To test these hypotheses, we conducted an outdoor mesocosm experiment testing

monocultures of four native and four introduced freshwater plant species planted at

different densities, as well as a no‐plant control under higher‐than‐average water

temperatures of temperate shallow lakes. Following a three‐week acclimatisation

phase, mesocosms were inoculated with phytoplankton and nutrients were supplied

weekly for 8 weeks to create a eutrophic environment.

We found that non‐native plant species had a higher biomass than natives at the end of

the experiment; especially the amphibious non‐native plant Myriophyllum aquaticum

produced much biomass. The native Myriophyllum spicatum and non‐native

Lagarosiphon major were also tolerant to eutrophication, but only at higher initial

planting densities. Phytoplankton growth was negatively related to net plant biomass

gain. Diffusive methane fluxes were extremely high in certain treatments and strongly

related to the amount of biomass that plants had lost, which provided substrate for

methane production. We did not find a difference between non‐native and native plants

in either phytoplankton concentrations or their diffusive methane fluxes.

The provisioning of highly valued ecosystem functions, inhibition of phytoplankton

growth and methane emissions, depended strongly on the net plant biomass change,

with beneficial effects of tolerant plants. However, for the amphibious M. aquaticum,

we found a trade‐off in ecosystem functioning as at increasing mass it inhibited
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methane fluxes, but stimulated phytoplankton. We conclude that plant identity and

growth form rather than plant origin control whether the replacement of native by non‐

native freshwater plants will alter ecosystem functioning.

Introduction

Climate change, eutrophication and biological invasions threaten the provisioning of

ecosystem functions and services by freshwater ecosystems (Dudgeon et al. 2006,

Dudgeon 2010, Vörösmarty et al. 2010). Eutrophication and climate change act in

synergy to shift freshwater ecosystems from plant‐ to algae‐dominated systems (Smith

et al. 1999, Jeppesen et al. 2009, Moss et al. 2011), which already results in bigger and

more frequent harmful algal blooms (Paerl and Huisman 2009, Michalak et al. 2013).

Increases in temperature, nutrients and CO2 levels all favour phytoplankton, especially

cyanobacteria, so that future temperate freshwaters will contain fewer submerged

plants (Moss et al. 2011, Kosten et al. 2012, De Senerpont Domis et al. 2014). The

disappearance of submerged plants could lead to a loss of ecosystem functions because

submerged plants inhibit phytoplankton blooms and provide food and habitat for fauna

(Carpenter and Lodge 1986, Jeppesen 1998, Scheffer 2004). With continuing climate

change and eutrophication, the provision of ecosystem functions depends on the

tolerance of freshwater plants to these new conditions (Dudgeon 2010) and on the

functioning of these tolerant species under the changed conditions.

While many native plants are in decline, introduced freshwater plants are becoming

more abundant (Hussner 2012, van Kleunen et al. 2015) and often replace native

freshwater plants (Vilà et al. 2009). There are multiple reasons why invasive plants are

successful: they produce more shoots, are bigger and attain a higher biomass than non‐

invasive plants (van Kleunen et al. 2010b) and of those introduced to Europe, many

originate from warmer regions (Hussner 2012). Adaptation to a warm climate enables

introduced species to grow faster with increasing temperature (Hussner 2009) and

tolerate higher temperatures, which can provide them with a competitive advantage

over natives (Hussner and Lösch 2005, Hussner et al. 2014). To cope with warming and

eutrophication, some introduced plants can produce both submerged and aerial shoots,

which yields a competitive advantage (Netten et al. 2010, Stiers et al. 2011a, Hussner

2012, van Gerven et al. 2015), whereas others tolerate low light availability (Hussner et

al. 2010, Zefferman 2014), and some release oxygen to prevent anaerobic root damage
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(Lemoine et al. 2012). Because of these adaptations, non‐native freshwater plants may

be more tolerant to eutrophication in a warming climate than natives, yet little is

known about their provisioning of ecosystem functions.

In times of eutrophication and climate change, the ability of aquatic plants to inhibit

phytoplankton dominance and to limit greenhouse gas emissions are two major

ecosystem functions. First, aquatic plants can prevent that phytoplankton dominates

freshwaters through a variety of mechanisms, including competing for nutrients with

phytoplankton, excreting allelochemicals that inhibit algal growth and facilitating

grazers on phytoplankton (Scheffer et al. 1993, Scheffer 2004, Hilt and Gross 2008).

Through positive feedbacks, the plants maintain a favourable environment for

themselves as they reduce nutrient availability, increase light availability and control

sediment biogeochemistry (Scheffer et al. 1993, Scheffer 2004). Second, aquatic plants

may reduce the greenhouse gas emissions from freshwaters, which can be a major

source of greenhouse gasses, especially methane (Bastviken et al. 2011, Butman and

Raymond 2011). Although it is known that methane emissions vary among wetland plant

species (Ström et al. 2005, Koelbener et al. 2010), less is known about how freshwater

plant species influence emissions. Aquatic plants may affect the production,

consumption and transport of greenhouse gasses (Pierobon et al. 2010, Ribaudo et al.

2011). For example, aerial leaves can act as chimneys (Dingemans et al. 2011, Bhullar

et al. 2013) and oxygen release into the sediment can oxidise methane and limit its

emission (Jespersen et al. 1998, Van Bodegom et al. 2001, Bodelier et al. 2006, Ribaudo

et al. 2011). Furthermore, if all plants are lost and phytoplankton dominates, the

decaying plants and dead phytoplankton are substrate for methane production, which is

a process facilitated by anaerobic sediments typical for non‐vegetated habitats

(Dingemans et al. 2011, Ribaudo et al. 2011).

In this study, we compare for a range of aquatic plants their response to the combined

stress of eutrophication and warming, and how this affects their capacity to inhibit

phytoplankton and limit greenhouse gas emissions.

We hypothesised that (1) non‐native plants are more tolerant to eutrophication than

natives, that (2) tolerant plants inhibit phytoplankton more strongly and that (3)

tolerant plants emit less methane. These hypotheses were tested in an experimental

setup with higher‐than‐average water temperatures that mimic future temperature

scenarios.
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Materials and methods

Experimental design

We planted monocultures of four native and four plant species in cattle tanks (referred

to as mesocosms; 34 cm height x Ø 52 cm; Supporting Information Figure S8.1) that

were placed outdoors at the Netherlands Institute of Ecology (coordinates: 51.987N,

5.671E). The experiment ran from 5 June to 28 August 2014 and included a three‐week

acclimatisation period in higher‐than‐average water temperatures (see Temperature

data). After acclimatisation, we exposed plant monocultures to severe eutrophication

for 8 weeks. We measured two ecosystem functions: we analysed the inhibition of

phytoplankton throughout the experiment, and on a single date we quantified the

diffusive release of methane and the uptake of carbon dioxide. Besides the eight plant

species, we also included a no‐plant control to investigate the effect of plant presence.

Plant species

We selected four native species (Ceratophyllum demersum L., Hottonia palustris L.,

Myriophyllum spicatum L., Ranunculus circinatus Sibthorp) and four plant species non‐

native to Europe (Cabomba caroliniana A. Gray, Lagarosiphon major (Ridley) Moss, M.

aquaticum (Vell.) Verdc. and M. heterophyllum Michx.) for the experiment (see Table

8.1). L. major has its native range in southern Africa, whereas all other non‐native

species originate from the warm temperate or (sub)tropical Americas (USDA ARS GRIN

database). Thus all non‐native species originate from warmer regions than the natives.

We bought six species from an aquatic plant supplier (Zuurstofplantgigant, Hapert, the

Netherlands) and collected M. aquaticum and C. caroliniana ourselves from the field,

respectively from a pond at 51.347 N, 6.127 E and a canal at 52.169 N, 5.062 E in The

Netherlands. All plants were thoroughly washed to remove fauna and debris before

planting. Cabomba caroliniana was planted two days prior to the end of the plant

acclimatisation because of logistic issues. The four native species are common, show no

decline (FLORON 2015) and occur in meso‐ and eutrophic habitats (Bloemendaal and

Roelofs 1988), hence they are native species likely to persist during continued

eutrophication. The chosen non‐native species are increasingly abundant in Northwest

Europe (Hussner 2012) and are expected to stay. Of all species, only M. aquaticum

forms both underwater and aerial shoots (Stiers et al. 2011a), whereas the others are

strictly submerged species.
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Mesocosm setup

We filled mesocosms with 7 litres of organic sediment (Pokon Naturado BV, Veenendaal,

the Netherlands) that we topped with 3 litres of sand and a 50 litre water column of tap

water. Mesocosms were covered with 2 x 8 mm mesh (Mononet AR Hail, Rovero, the

Netherlands) to prevent colonisation with macroinvertebrates and to prevent accidental

escape of the non‐native species. Each species was planted in three shoot densities: 5,

35 and 80 % percent volume infested (PVI), because plant quantity can affect plant

performance (van der Heide et al. 2010, Harpenslager et al. 2016). There were four

replicates for each plant species x density treatment, so combined with the no‐plant

control treatment (n = 4), there were 100 mesocosms. Following the settlement and

acclimatisation period, we recorded the plant percent volume infested (PVI), before

removing 30 litres of water and adding a phytoplankton inoculum to each mesocosm (30

litres of 85.4 ± 4.4 µg chlorophyll‐a L‐1; mean ± SE; measured on PhytoPAM). This

inoculum originated from an outdoor phytoplankton culture: sixteen 200 L cattle tanks

in which phytoplankton communities were cultured using high doses of nutrient twice a

week (identical to additions described below). We left the plants and phytoplankton to

grow and compete for 8 weeks, from 30 June to 28 August 2014. We added NH4NO3 and

KH2PO4 twice a week to the mesocosms (each addition: 1.35 mg L‐1 N and 0.22 mg L‐1 P,

molar N:P ratio = 13.5) similar to that by Bakker et al. (2010) and (Declerck et al.

2011). The nitrogen load is at the upper end of nitrogen loads in lakes and rivers

(Saunders and Kalff 2001, Harpenslager et al. 2016).

Temperature data

The mesocosms were not temperature controlled, yet they were exposed to higher‐than

average temperatures than natural freshwaters because of their limited size, dark

Table 8.1 Plant species information. The information on species native status and range is based on Hussner

(2012) and the USDA ARS GRIN database (ars‐grin.gov).
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colour and exposure to sunlight. In addition, the summer of 2014 was relatively warm

(KNMI 2014), yet with a big thermal contrast between July (6th warmest of past century)

and August (coolest in 20 years)(KNMI 2014)(see Supporting Information Figure S8.2 for

details). The temperature was logged every two hours (iButton, HomeChip, Milton

Keynes, England) in 22 mesocosms, distributed across treatments and confined to the

centre of the mesocosm spatial arrangement. Four temperature loggers broke down

during the experiment. Because temperatures frequently exceeded 25 or even 30 °C,

the temperature was higher than the 20 – 25 °C range that is typical for temperate

lakes (Wetzel 1983, Madsen and Brix 1997).

The 18 mesocosms with temperature loggers varied in their normalised minimum and

maximum temperatures during the experiment (normalised as deviation from mean of

18 data points; Supporting Information Figure S8.3), mesocosms with high plant biomass

had slightly lower temperature maxima (i.e. Lagarosiphon major and Myriophyllum

aquaticum with PVI of 35 or 80 %), but we could not test if this was statistically

significant due to the lack of replicates (n = 1 per treatment).

Measurements during the experiment

Because we expected that the initial phase was crucial for plant‐phytoplankton

dynamics, the strategy was to sample intensely at the beginning of the experiment and

sample less frequently towards the end. Water samples for analysis were collected using

50 ml syringes (BD Plastipak, Franklin Lakes, New Jersey, USA). To quantify the

phytoplankton biomass, we measured chlorophyll on 4 ml of sample using the PhytoPAM

(Waltz, Effeltrich, Germany) one day after adding nutrients, twice a week. To quantify

filamentous algae production and limit their effect, we carefully removed filamentous

from infested plants and determined their dry weight (60°C until constant dry mass),

during the experiment and at the harvest.

In addition, multiple abiotic parameters were determined in the water: turbidity,

alkalinity, pH, conductivity, oxygen, nitrate, nitrite, ammonium, orthophosphate and

temperature. We measured the turbidity (Turb 430, WTW, Weilheim, Germany) one day

after nutrient addition on five occasions during the experiment (1, 8, 14, 22 July and 20

August). The alkalinity and pH were measured using an auto‐titrator (TIM840 with a

PHC2401‐a pH electrode, Hach, Düsseldorf, Germany) on four occasions (1, 8, 14 July

and 20 August). On 1 July we measured the temperature, pH, conductivity and oxygen
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concentration of all mesocosms with electrodes at 10 cm below the water surface

(Multimeter 350i, WTW). On five occasions (1, 8, 14, 22 July and 20 August), nitrate,

nitrite, ammonium and orthophosphate were measured in GF/F filtered water sampled

before adding nutrients (QuAAtro auto‐analyser, Seal Analytical, Fareham, UK) on five

occasions during the experiment (1, 8, 14, 22 July and 20 August).

Measurements on greenhouse gas emissions

We measured diffusive CH4 and CO2 fluxes on 29 July. Because 100 mesocosms had to be

measured in one day, we sampled in replicate blocks: first, replicate 1 of all treatments

was measured, subsequently all replicates 2, then 3 and lastly 4. For the measurement,

we carefully placed an acrylic cylindrical chamber (headspace height: 230 mm; internal

diameter: 292 mm) over the centre of each mesocosm (Figure S8.1). The chamber was

connected in a closed loop to a greenhouse gas analyser (model GGA‐24EP, Los Gatos

Research, USA). Fluxes were calculated based on two‐minute measurement periods as

described by Almeida et al. (2016).

Plant harvest

We harvested the 100 mesocosms over four consecutive days block‐by‐block (25 – 28

August). Aboveground plant biomass was clipped, washed and dried (60 °C until

constant dry mass) before weighing (dry mass; DM).

Data analysis

The final plant dry mass was analysed using a two‐factor ANOVA (plant species x plant

density) and Tukey post hoc comparisons. For the comparison among native and non‐

native species, we calculated group averages of all species x density treatments (n = 24)

and used these in a One‐way ANOVA (two levels).

Phytoplankton concentration over time was tested using linear mixed models (LMM) with

a three‐factor fixed effect structure including all interactions (plant species, density

and time), along with a random intercept (mesocosm) and an AR1 correlation structure

(mesocosm). Inference on fixed effects was performed using type II Wald F tests. Post

hoc comparisons were conducted by fitting a LMM for each species density treatment in

addition to no‐plant controls, followed by Wald F tests. P values were used with

Bonferroni correction for three comparisons (5, 35 and 80 % PVI for each species = three

tests for each plant species).
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We calculated the integrated phytoplankton concentration (area under the curve) as a

measure of the overall inhibition of phytoplankton and analysed it using a two‐factor

ANOVA model (factors: plant species x plant density). As post‐hoc we used ‘Dunnett’

comparisons within each plant species to test whether treatments differed from the no‐

plant control. The area under each individual phytoplankton curve was calculated with

Simpson’s rule (function sintegral). For the comparison among native and non‐native

species, we calculated group averages of all species x density treatments (n = 24) and

used these in a One‐way ANOVA (two levels). Environmental parameters of interest were

analysed using a two‐factor ANOVAs (plant species x plant density) and if these turned

out significant, with Tukey post hoc comparisons.

Fluxes of CO2 and CH4 were analysed using two‐way ANOVAs (plant species x plant

density) blocked for timing of measurement on the day (four levels) followed by all

pairwise post hoc comparisons with P values adjusted for the ‘false discovery rate’ to

reduce the number of false negatives while controlling for the number false positives

(Benjamini and Hochberg 1995). For tests on CO2 fluxes, we ended up testing M.

aquaticum separately because its uptake was much higher, which caused issues with

model assumptions that could not be fixed through transformation. Tests among groups

of plants were performed using Kruskal Wallis tests because transformation did not help

satisfy model assumptions. To test the relation between net plant biomass change and

methane fluxes, we performed linear regression, with the net biomass all converted to

positive values (by adding 50) and then transforming these data using the reciprocal. To

test the relation between net plant biomass change and the integrated chlorophyll

concentration, we performed a linear regression only on all strictly submerged species,

thus excluding M. aquaticum.

Data were analysed in R version 3.3.1 (R Core Team 2013) using the nlme (Pinheiro et al.

2015), multcomp (Hothorn et al. 2008), Bolstad (Curran and Bolstad 2016), tidyr

(Wickham 2014), dplyr (Wickham and Francois 2015), ggplot2 (Wickham 2011) and car

packages (Fox and Weisberg 2011). Model assumptions were verified through residual

analysis, e.g. for non‐normality, heteroscedasticity, and when necessary to meet

assumptions, data were square‐root or log transformed.
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Results

Plant survival during acclimatisation and under eutrophication

Plant species differed in their response to the three‐week acclimatisation period (Two‐

way ANOVA; plant species: F6,63 = 14.3, P < 0.001; plant density: F2,63 = 1.79, P = 0.17;

interaction: F12,63 = 1.89, P = 0.053). Three species increased their PVI: Lagarosiphon

major (+22 % across all treatments), Myriophyllum spicatum (+49 %) and M.

heterophyllum (+14 %), whereas one species remained unchanged: M. aquaticum (‐2 %).

On the contrary Ceratophyllum demersum had a slightly decreased PVI (‐20 %), but

Hottonia palustris (‐36 %) and Ranunculus circinatus (‐44 %) lost respectively a third and

almost half of their initial plant PVI. Overall, we found that non‐native species (mean:

+11.5 %) had a higher PVI increase than natives (mean: ‐13 %; One‐way ANOVA: plant

species F1,19 = 5.01, P = 0.037).

At the end of the experiment the plant monocultures differed substantially in their dry

mass (Figure 8.1; two‐way ANOVA: plant species: F8,75 = 468, P < 0.001; plant density:

F2,75 = 110, P < 0.001; interaction: F14,75 = 17, P < 0.001). Both the non‐natives

Lagarosiphon major and Myriophyllum aquaticum grew during the experiment and the

native M. spicatum sustained itself at relatively low biomass, whereas the other species

had only little biomass left at the end of the experiment (Figure 8.1). The initial

planting density affected the final biomass in four species (C. demersum, L. major, M.

aquaticum, M. spicatum), see Figure 8.1) as plant biomass was higher at the highest

compared to the lowest initial planting density in these species. Among all plant

species, non‐native species (33.6 ± 2.6 g DM; mean ± SE) had a higher final dry mass

than natives (3.1 ± 2.5 g DM; One‐way ANOVA: plant species F1,19 = 5.61, P = 0.029).

Inhibition of phytoplankton

The integrated phytoplankton concentration (area under the curve) varied among plant

species and for some species showed an effect of planting density (Two‐way ANOVA;

plant species: F7,72 = 13.0, P < 0.001; plant density: F2,75 = 1.98, P = 0.15; interaction:

F14,72 = 2.21, P = 0.015; Figure 8.2). Tested within plant species, we found that

phytoplankton densities in C. demersum, L. major, M. spicatum of 35 % initial PVI and L.

major of 80 % initial PVI were significantly lower than in the no‐plant control (Figure

8.2). Tests of the phytoplankton concentration over time provided similar results (see

Supporting Information Figure S8.8; Table S8.1). On average, native and non‐native
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Figure 8.1 Plant dry mass during harvest for native (four on left) and non‐native aquatic plant species (four on

right). Each data point represents mean ± SE (if no error bars are visible it is because they are small).

Different letters indicate statistically significant differences among treatments. For full species names see

Table 8.1.

Figure 8.2 Chlorophyll – as a proxy for phytoplankton – integrated over time (area under the curve) for native

and non‐native plant species at three initial plant densities (PVI). Data points represent mean ± SE. Filled data

points indicate treatments that differ significantly from the no‐plant control. For full species names see Table

8.1.
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plant species did not differ in their integrated phytoplankton concentration (One‐way

ANOVA; plant species: F1,22 = 1.15, P = 0.30).

Environmental parameters and filamentous algae

At the end of the experiment, the nitrate concentration ranged from 0 to 61.6 µM L‐1

and was highest in C. demersum, M. spicatum and L. major (Supporting Information

Figure S8.5). The mean ammonium concentration did not differ among plant species nor

among initial planting density (Two‐way ANOVA; plant species: F8,75 = 1.48, P = 0.18;

plant density: F2,75 = 0.57, P = 0.37; interaction: F14,75 = 0.50, P = 0.92; Supporting

Information Figure S8.5). Phosphate concentrations varied strongly among plant species

treatments (Two‐way ANOVA; plant species: F8,75 = 9.2, P < 0.001; plant density: F2,75 =

1.01, P = 0.37; interaction: F14,75 = 0.57, P = 0.88; Supporting Information Figure S8.5),

with low concentrations in the no‐plant control (0.02 ± 0.01 µmol L‐1; mean ± SE) and M.

aquaticum (0.02 ± 0.01) and high concentrations in C. demersum (0.46 ± 0.09) and M.

spicatum (0.33 ± 0.07). Nitrite was not detected in the water samples.

Alkalinity decreased steadily with ongoing nutrient additions for C. demersum, L. major,

M. aquaticum and M. spicatum, less so for all other species, whereas in the no‐plant

control the alkalinity stabilised at 1 meq L‐1 (Supporting Information Figure S8.6).

Plant species monocultures differed in how much filamentous algae biomass they

accumulated (Two‐way ANOVA: plant species: F8,75 = 6.11; P < 0.001), but the

filamentous algal biomass did not vary with initial plant density (F2,75 = 0.05; P = 0.96)

nor with the interaction of density with plant species (F14,75 = 0.87; P = 0.60). Post hoc

tests showed that M. aquaticum had significantly less filamentous algae biomass than C.

demersum (Supporting Information; Figure S8.7), whereas all other species accumulated

intermediate biomasses of filamentous algae.

Greenhouse gas emissions

The CO2 uptake of Myriophyllum aquaticum, which has both aerial and submerged

leaves, was more than three times higher than that of all other, strictly submerged,

species (Figure 8.3A; Two‐way ANOVA with blocks; plant species: F7,69 = 60.2, P < 0.001;

plant density: F2,69 = 1.83, P = 0.17; interaction: F14,69 = 3.09, P < 0.001; block: F3,69 =

10.6, P < 0.001, all pair‐wise comparisons P < 0.05), and its uptake increased with initial

plant PVI (Two‐way ANOVA only using M. aquaticum; initial density: F1,7 = 6.61, P =
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Figure 8.3 Diffusive water‐atmosphere fluxes of CO2 and CH4 for (A, C) each of the tested native and non‐

native submerged plants varying in initial densities (percent volume infested in %) and the no‐plant control

(orange), and for (B, D) each of the blocks over time of the experimental design (excluding data points for

Myriophyllum aquaticum ‘MA’ in B). Positive values represent emission to the atmosphere; negative values

represent fluxes into the water. Each black data point represents one replicate. Red data points with lines

represent the mean of the treatment. Black horizontal lines indicate differences among plant species

treatments (see Table 8.1 for full species names). Letters indicate statistical differences among density

treatments within each species and are omitted if there were no statistical differences.
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0.037; block: F3,7 = 1.14, P = 0.40). All other species had a similar CO2 uptake (Figure

8.3A). The timing of sampling had a significant impact on the CO2 flux, with increased

uptake during the mid‐day as indicated by a significant block effect (Figure 8.3B; MA

excluded).

CH4 fluxes varied among plant species and initial plant density, with no significant block

effect (Figure 8.3C and 8.3D; Two‐way ANOVA with blocks; plant species: F7,69 = 4.83, P

< 0.001; plant density: F2,69 = 20.7, P < 0.001; interaction: F14,69 = 3.74, P < 0.001; block:

F3,69 = 0.40, P = 0.75). Fluxes were especially high for R. circinatus and C. caroliniana at

the highest initial PVI. There was no difference in mean CH4 fluxes of native and non‐

native plants (Kruskal Wallis test: χ2 = 0.06; df = 1; P = 0.81).

We found that net biomass gain correlated with decreased integrated chlorophyll during

the experiment, tested with only strictly submerged species (Figure 8.4A; linear

regression: R2 = 0.38; F1,19 = 18.1; P = 0.002). Regression with amphibious M. aquaticum

showed the opposite: mean integrated chlorophyll increased with increasing mean net

biomass gain (Figure 8.4A; R2 = 0.99; F1,1 = 190.1; P = 0.046), even though sample size

Figure 8.4 Correlation between mean net plant biomass change (g DM) versus (A) integrated chlorophyll

concentrations (mg d) or (B) mean diffusive methane fluxes (µmol m‐2 h‐1), for all eight tested plant species

planted at three initial densities (circle: 5 %, triangle: 35 % and square: 80 % PVI).
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was limited. In addition, CH4 fluxes negatively correlated with increasing (more

positive) net plant biomass change (Figure 8.4B; linear regression: R2 = 0.43; F1,22 =

18.1; P < 0.001). Plants that had gained biomass did not emit much if any methane,

whereas methane fluxes to the atmosphere increased with increasing plant biomass

loss.

Discussion

Plant species varied strongly in their response to eutrophication, and also differed in

their inhibition of phytoplankton and emission of methane. Non‐native plants formed on

average more biomass than the natives, indicating a better tolerance to eutrophication

and warm conditions, confirming our first hypothesis. Furthermore, upon excluding the

amphibious species Myriophyllum aquaticum, the plant growth, or negative growth in

case of biomass loss, was significantly negatively related to both phytoplankton

concentration and methane emission (Figure 8.4), confirming our second and third

hypotheses.

Effects of eutrophication

Five aquatic plants did not tolerate the eutrophic and warm conditions provided in the

experiment: only the native Myriophyllum spicatum and the non‐natives Lagarosiphon

major and M. aquaticum had substantial biomass (~ 10 g DM) left at the end of the

experiment. The natives H. palustris and R. circinatus had mostly disintegrated at the

end of the experiment. We expected that the non‐native species would perform better

because of their adaptation to eutrophic and warmer habitats (Hussner et al. 2014). The

non‐native M. aquaticum was most successful, probably because of its amphibious

growth form, which facilitates a high growth rate and improves its tolerance to

eutrophication and eases the competition with phytoplankton (Hussner et al. 2009). The

non‐native L. major and native M. spicatum also persevered until the end, but with less

biomass.

The nutrients level in the experiment were at the high end of the combined

atmospheric deposition (Morris 1991), external loading (Saunders and Kalff 2001), and

internal mobilisation (Geurts et al. 2010). These are not unrealistic however, as many

wetlands receive very high nutrient inputs, especially in Africa and Asia (Hecky et al.

2003, Odada et al. 2004, Solanki et al. 2010, Jafari et al. 2015). Land run‐off is
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predicted in response to climate change which will further increase nutrient availability

in freshwaters worldwide (Strayer and Dudgeon 2010, Moss et al. 2011).

Temperature

The experimental design does not allow us to ascribe all observed effects of plant

performance to eutrophication. In the mesocosms freshwater plants also faced

challenging higher‐than‐average water temperatures, often exceeding 25 °C or even 30

°C. These temperatures exceed the range of 20 – 25 °C that is common in temperate

lakes (Wetzel 1983, Madsen and Brix 1997). This mesocosm setup exposed species to a

future temperature scenario, which is known to exacerbate eutrophication stress (Moss

et al. 2011). Already at the end of the acclimatisation phase, before the eutrophication

phase was initiated, all natives except for M. spicatum had a lower density compared to

their initial planting density. On the contrary, non‐native plants had increased their

density or remained unchanged. M. aquaticum likely had a slower start because we

planted its aerial shoots. The difference between non‐native and native species

matches these species’ temperature tolerance: all introduced species grow at

temperatures up to 30 °C or above (Mckee et al. 2002, Hogsden et al. 2007, Riis et al.

2012, Carlota Eusebio Malheiro et al. 2013) and so does the native M. spicatum (Van et

al. 1976, Barko and Smart 1981). On the contrary, the other natives generally have

lower temperature tolerance (Van et al. 1976, Hyldgaard and Brix 2012). Apart for

temperature effects, we cannot rule out that other factors such as the sediment type

used were responsible for the poor performance of certain freshwater plants, instead of

or in addition to eutrophication or the higher‐than‐average water temperatures.

Thus, we confirm our second hypothesis: non‐native plants were on average more

tolerant than natives as indicated by their higher biomass. However, it should be noted

that there was large interspecific variation in performance, also within the categories

of non‐native and native species. Only two of four non‐native species were successful:

L. major and M. aquaticum, as was the native M. spicatum. Interestingly, the native M.

spicatum is highly invasive in North‐America (Aiken et al. 1979, Spencer and Ksander

1999, Patrick et al. 2012). All three successful plant species in our experiment are thus

highly invasive outside their native range, which corresponds with the general notion

that plant invasiveness is linked to their tolerance to disturbed conditions, which

includes anthropogenic high nutrient loading and temperature rise (Hussner and Lösch

2005, Ali and Soltan 2006, Chase and Knight 2006, Hussner et al. 2009, Hussner 2012,

Patrick et al. 2012).
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Ecosystem functions: inhibiting phytoplankton growth

So, how did plant tolerance to eutrophication and higher‐than‐average temperatures

affect phytoplankton growth? We found contrasting results for strictly submerged and

amphibious plants. The amphibious M. aquaticum, with mostly emergent biomass, failed

to inhibit algal growth and interestingly, it even stimulated phytoplankton growth at

higher biomass. Perhaps M. aquaticum released organic compounds that enhanced

phytoplankton growth. The low nutrient levels in mesocosms of this species combined

with the enhanced phytoplankton growth indicates that M. aquaticum did not compete

with phytoplankton for dissolved nutrients.

On the other hand, for submerged species, we found a net biomass gain inhibited

phytoplankton growth, whereas a net biomass loss stimulated phytoplankton growth.

Thus, the two tolerant submerged species M. spicatum and L. major managed to inhibit

phytoplankton, whereas all other submerged species did not. Biomass losses stimulated

phytoplankton growth, which may be due to increased nutrient availability, although

the measured dissolved nutrient concentrations cannot be used to test this hypothesis.

Instead, data on nutrient fluxes would be needed for that purpose.

Ecosystem functions: inhibiting methane emissions

We found that methane atmosphere‐water fluxes varied widely among species in this

mesocosm experiment, with high fluxes found especially in treatments of R. circinatus

and C. caroliniana at high initial densities. It turned out that methane emission was

negatively related to net plant biomass change: plants that grew well hardly emitted

any methane, whereas plants that lost biomass emitted more methane with increasing

biomass loss. Indeed, the availability of carbon in organic matter, such as decaying

plants, is a major determinant of methane production (Bodelier et al. 2006, Bastviken

2009, Duc et al. 2010). The loss of plant biomass had a strong effect, despite the

sediment already having high a organic matter content. Possibly the freshly

decomposing plant matter was a better carbon source for the decomposing bacteria

than the organic sediment (Duc et al. 2010), the latter of which was also buried under a

2 cm layer of sand and thus less accessible.

Besides the increased availability of substrate, the loss of plants can also have affected

methane production via other pathways. Plants typically oxidise the sediment to

prevent root damage due to anaerobic conditions (Lemoine et al. 2012), and by doing so
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they reduce diffusive methane fluxes (Boon and Sorrell 1991, Ribaudo et al. 2011, Soana

and Bartoli 2013). This is because aerobic conditions stimulate methane oxidation and

the presence of more favourable electron acceptors than methane, whereas anaerobic

sediment typically has few favourable acceptors such as oxygen, nitrate and ferric iron,

which stimulates methanotrophs (Bodelier et al. 2006, Bastviken 2009). Especially

eutrophic freshwater plants perform better than oligotrophic plants in anaerobic

sediment because they release more oxygen release (Lemoine et al. 2012), especially

amphibious and floating plants such as M. aquaticum release much oxygen into the

sediment (Teuchies et al. 2012, Shu et al. 2015). We found that especially M. aquaticum

had plenty roots (personal observation), although we unfortunately have no data on

root biomass. The porous stems that facilitate oxygen release into the sediment can

however also facilitate methane release through diffusion (Dingemans et al. 2011). We

found that the methane fluxes for M. aquaticum were very low, so that there was no

evidence for such plant‐mediated transport.

The highest methane fluxes that we measured (~ 24 µmol CH4 m‐2 h‐1) were substantially

in the same range as eutrophic tropical lakes (36 µmol CH4 m‐2 h‐1)(Almeida et al. 2016)

and snail dominated ponds (54 µmol CH4 m‐2 h‐1)(Xu et al. 2014) , but were much lower

than emissions of rice paddy fields (252 ‐ 720 µmol CH4 m‐2 h‐1)(Seiler et al. 1983, Schütz

et al. 1989) and Phragmites australis stands in the littoral of Dutch lakes (252 µmol CH4

m‐2 h‐1)(Dingemans et al. 2011). Our values represent a single daytime measurement

only and will contain a certain degree of error, and for multiple reasons they may not be

directly comparable to emissions of natural ecosystems. Methane emissions generally

increase with temperature (Zeikus and Winfrey 1976, Duc et al. 2010, Natchimuthu et

al. 2014), and the higher‐than‐average temperatures scenario will have contributed to

increased methane fluxes compared to natural temperate freshwaters. In addition,

methane fluxes are especially high in very small ponds (Holgerson and Raymond 2016),

because of the increased sediment‐to‐water‐volume ratio and shallow waters. Hence,

our very, very small mesocosms that were hundreds of times smaller still than the very

small natural ponds will favour methane release even more strongly. The high nutrient

input will also have exacerbated methane production, as methane production typically

increases with nutrient availability (Bastviken 2009, Schrier‐Uijl et al. 2011). Methane

emissions also depend strongly on ebullition (Casper et al. 2000, Bastviken et al. 2004,

Bastviken 2009), and as this was not measured nor detected in the continuous

measurements, fluxes might be even higher if ebullition would be accounted for.
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Unsurprisingly, the uptake of carbon dioxide was much higher for M. aquaticum, with its

aerial shoots, than for submerged plants. Carbon dioxide fluxes did not differ among

strictly submerged species, despite variation in plant biomass. Therefore, compared to

the methane fluxes, carbon dioxide were less spectacular, although the carbon dioxide

fluxes might have been higher at night due to the lack of photosynthetic activity. The

significant effect of blocks over time, coupled to a steady temperature increase during

our strictly daytime measurements, showed that temperature increased diffusive

uptake, which conforms to previous results in literature (Natchimuthu et al. 2014).

Conclusions

In a largescale controlled mesocosm experiment, eutrophication had a strong impact on

four native and four non‐native freshwater plants in warmer‐than‐average

temperatures. Non‐native species settled more easily during the acclimatisation, and

only two non‐native and one native species were tolerant to the subsequent

eutrophication phase. Both methane fluxes and phytoplankton mass were negatively

related to net plant biomass change. However, the situation was different for the

amphibious plant: while increasing M. aquaticum biomass inhibited methane fluxes, it

also increased phytoplankton, thus this exemplifies a trade‐off in the provisioning of

ecosystem functions.

Interestingly, the tolerant species in our experiment are highly invasive species: M.

aquaticum, M. spicatum and L. major. All three invasive species, of which two non‐

native, persevered under high eutrophication stress while others perished, hence unless

climate change and continued eutrophication are stopped, resilient invasive freshwater

plants could be a better alternative than having no plants at all.
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Supplementary information

Table S8.1 Full statistical data of three‐way linear mixed model for the phytoplankton concentration over

time.

Figure S8.1 Photograph of a mesocosm with Lagarosiphon major with a GHG chamber on top, which is

connected via tubing to the greenhouse gas analyser. The white netting was put aside during the

measurement. Photo credit: Elisabeth Bakker.
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Figure S8.2 Temperature measurements at 120‐minute intervals of all 18 temperature loggers during the

outdoor mesocosm experiment. Data points might overlap. See Table 8.1 for full species names.
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Figure S8.3 Normalised minimum and maximum water temperature (mean ± SE over time, n = 1 per treatment)

for the different treatments. The normalised temperatures were calculated as the deviation from the daily

mean minimum or maximum temperature across treatments (18 temperature loggers). See Table 8.1 for full

species names.

Figure S8.4 Plant percent volume infested (PVI) after three weeks of acclimatisation for native and non‐native

species as a percentage of the initial planted PVI. Data points represent mean ± SE. See Table 8.1 for full

species names. Letters indicate differences in PVI among freshwater plant species. The non‐native C.

caroliniana is missing because due to its late availability it was planted at the end of the acclimatisation

period.
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Figure S8.5 The nitrate (A), ammonium (B) and phosphate (C) concentration in the water column at the end of

the experiment aggregated for each plant species. Letters indicate differences among freshwater plant

species. Data points represent mean ± SE. See Table 8.1 for full species names.
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Figure S8.6 Water alkalinity during the experiment for each of the no‐plant, native (top) and non‐native

species (below) treatments. For full species names see Table 8.1.

Figure S8.7 Cumulative filamentous algae biomass collected weekly throughout the experiment from native

and non‐native species. Data points represent mean ± SE. See Table 8.1 for full species names.

Chapter 8
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Figure S8.8 Chlorophyll – as a proxy for phytoplankton – during eutrophication in monocultures of native (upper

panels) and non‐native (lower panels) plant species with different initial densities. The no‐plant control is

plotted in each subpanel as 0 % (circles; dashed line). Data points represent mean ± SE. Filled data points

indicate that the treatment differs from the no‐plant control (tested within species with Bonferroni

correction). For full species names see Table 8.1.

Statistics to Figure S8.8 Phytoplankton concentrations generally increased over time, yet there were

differences among treatments (Figure S8.8), Three‐way linear mixed model with AR1 correlation: plant species

P = 0.16; plant density: P = 0.60; time: P < 0.001; species x density: P = 0.045; species x time: P = 0.14;

density x time: P = 0.60; species x density x time: P = 0.026; full statistics in Supporting Information Table

S8.1). Tested within plant species, we found that phytoplankton densities in C. demersum, L. major, M.

spicatum of 35 % initial PVI and L. major of 80 % initial PVI were significantly lower than in the no‐plant

control.

Inhibition of phytoplankton and methane flux by native and non‐native plants
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Ecosystem functions of alien aquatic plants

Propelled by globalisation and climate change, natural ecosystems are increasingly a

mix of native and non‐native species. Yet, given the increased focus on ecosystem

functioning and services (Costanza et al. 1997), for example relating to biodiverse

water, it is striking that little is known on the functions provided by communities with a

mix of native and non‐native species. Because non‐native species will become more

abundant (Hobbs et al. 2006, Bridgewater et al. 2011, van Kleunen et al. 2015),

knowledge on their provisioning of ecosystem functions can help solve applied issues

around maintaining biodiversity and ecosystem functioning and provides deeper

ecological insights into community assembly (Sax et al. 2007, Schlaepfer et al. 2011).

This synthesis consists of three parts. In the first I summarise the main results and

answer the research questions on the role of plant origin for functioning and the

relation between functions and traits of native versus non‐native species. In the second

part I connect my findings to the existing science on non‐native species. In the third

part I discuss the practical implications of my findings for nature and water

management.

Figure 9.1 Hypotheses of this thesis visually displayed using fictional data. Dots represent freshwater plant

species. For hypothesis A the group positions can also be the other way around. For hypothesis B the

placement of points is random.
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Piecing together the evidence

Summarising the data

In this thesis, I measured the ecosystem functions of non‐native and native freshwater

plants using experiments. For each ecosystem function, I tested two hypotheses that

are not mutually exclusive (Figure 9.1): (A) ecosystem functioning varies with plant

origin, (B) ecosystem functioning is linked to plant traits. Here I summarise the results

presented in this thesis and assess the evidence for both hypotheses (Table 9.1).

Food provisioning

I tested the suitability of non‐native versus native plants as food for a specialist

herbivore, aquatic caterpillars (Chapter 3) and generalist herbivores, aquatic snails

(Chapter 2).

Caterpillars equally consumed native and non‐native plant species (evidence against A),

with caterpillar growth increasing with plant nitrogen content (evidence for B; Chapter

3). Feeding trails with two snail species showed opposing results: native, temperate

snails preferred known plants, whereas tropical snails preferred novel plants (evidence

for A). These seemingly contrasting results were explained by the underlying traits:

temperate and tropical snails preferred plants with a high nitrogen‐to‐phenolics ratio,

and temperate plants had higher nitrogen‐to‐phenolics ratios than tropical plants

(evidence for B; Chapter 2).

Habitat provisioning

I tested the suitability of native and non‐native plants as refuge for

macroinvertebrates against predators (Chapter 4) and their suitability as habitat for

macroinvertebrate communities (Chapter 5).

Macroinvertebrates benefitted equally from native and non‐native plant structures

when predated by fish or dragonfly larvae (evidence against A). Interestingly, for

damselfly larvae any plant offered refuge, whereas for Gammarus pulex only hornwort

(Ceratophyllum demersum) offered refuge, thus plant identity has no role for damselfly

and an important role for Gammarus pulex in refuge provisioning. Refuge provisioning
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also depended on traits: plants functioned better as a refuge when they were more rigid

and structurally more complex (evidence for B; Chapter 4). In a two‐month experiment,

macroinvertebrate communities performed similarly on monocultures of native and non‐

native plant species (evidence against A), however, they did more poorly on floating

than submerged plants (evidence for B; Chapter 5).

Regulation of other primary producers

I tested the role of native and non‐native plants as substrate for periphyton (Chapter

6), the capacity of native and non‐native plants to inhibit a cyanobacterium (Chapter

7) and the capacity to inhibit the growth of phytoplankton (Chapter 8).

Periphyton grew similarly on native and non‐native plants (evidence against A), with

periphyton growth negatively correlated to plant growth (evidence for B; Chapter 6).

The cyanobacterium Dolichospermum flos‐aquae was equally susceptible to plant

extracts of native and non‐native species (evidence against A). The plant’s allelopathic

potential was positively correlated with the phenolics content and carbon‐to‐

phosphorus ratio, and was strongly tied to plant phylogeny and growth form (evidence

for B; Chapter 7). In a warmer‐than average eutrophic setting, phytoplankton was

Table 9.1 A summary of the data collected in this thesis on the functioning of native and non‐native freshwater

plants. For each ecosystem function, I indicate whether the data supports the hypothesis that ecosystem

functioning varies with plant origin (native to Northwest Europe versus non‐native) and the hypothesis that

ecosystem functioning correlates to plant traits.
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inhibited equally strongly by native and non‐native plants (evidence against A). After

excluding amphibious species, it was clear that phytoplankton growth was negatively

correlated with plant growth (evidence for B; Chapter 8).

Regulation of greenhouse gasses

I tested how native and non‐native freshwater plants regulated methane fluxes

(Chapter 8).

Average methane fluxes were similar for native and non‐native plant species (evidence

against A), and were instead negatively related to net biomass change of plants:

methane fluxes increased with increasing loss of plant biomass, serving as substrate for

methane production (evidence for B; Chapter 8).

Synthesising the data

Plant origin does not capture consistent differences in any of the eight tests of

ecosystem function (Table 9.1 and Figure 9.2). In addition, I calculated the overall

functioning (mean of all eight measured, normalised functions) and found no difference

between native and non‐native plants (bottom panel Figure 9.2). Therefore, I reject the

first hypothesis that ecosystem functioning varies with plant origin (i.e. plants native or

non‐native to Northwestern Europe). One special case is ‘food for snails’, for which I

reported an effect of origin in Chapter 2, but not in the summarised effects (Figure

9.2). This contrasting outcome results from a different approach. In the data chapter, I

take into account that the herbivores’ evolutionary history with plant species, whereas

here I used a t‐test on the averaged consumption rate of both herbivores for each plant,

which are classified as native or non‐native to Northwestern Europe.

I also checked for correlations between the ecosystem functions of plants (Figure 9.3).

Two functions will be correlated if both functions are governed by similar or correlated

traits. Correlated functions may cause some species to provide more functioning than

others or upon trade‐offs in functioning, may ensure that some species provide certain

functions, whereas other species provide other functions. Only two functions were

correlated (Figure 9.3): food provisioning to snails was negatively correlated with the

allelopathic potential against cyanobacteria. As the provisioning of each function

individually correlated with the phenolics content of plants, the shared importance of
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Figure 9.2 Summarising figure on the ecosystem functions of native and non‐native freshwater plant species

based on data collected for this thesis. Each of the top eight panels is about one ecosystem function. Values

on functioning were rescaled by centring to 0 and dividing by the standard deviation. Each dot represents a

plant species, and is grouped as being native or non‐native to Northwestern Europe. The bottom panel gives

the mean value for functioning of species that had at least two functions measured. Data were tested using t‐

tests.
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total phenolics likely explains why both functions are correlated. Plants with a high

phenolics content strongly inhibit cyanobacteria, yet are little consumed by generalist

snails.

Besides testing for differences in functioning, I also tested whether native and non‐

native plant species differ in their trait composition. For this analysis, I used plant trait

data of 35 species, which is a subset from the plant species that were used in tests of

‘food for snails’ and ‘inhibition of cyanobacteria’ functions. The plant’s trait

composition of native and non‐native plants was similar in position and variation (Figure

9.4). In addition, tested separately using t‐tests, none of the fifteen traits differed in

their mean value of native and non‐native species (Figure 9.4).

Thus, regarding the first hypothesis the results for both ecosystem functions and traits

provide a similar result: on average, plant origin does not capture the variation in the

provisioning of ecosystem functions (Figure 9.2), nor does it capture variation in plant

trait values (Figure 9.4). Hence, I reject the first hypothesis.

With regard to the second hypothesis on traits, ecosystem functioning correlates to

traits, in each data chapter, at least one trait was identified that correlated to the

measured ecosystem function (Table 9.1). Hence, I accept the second hypothesis.

Valuing the data

Here I will shortly evaluate the strengths and weaknesses of the data that were

collected, which helps to frame the discussion that follows in the following section.

Because experimental design is partly about making choices in the triangle of

generalism–realism–precision due to limited amount of time and funds (see Figure 1.3 in

Introduction), experimental decisions often cut two ways so that strengths and

weaknesses are two sides of the same coin.

Strengths and weaknesses of the approach

Multifunction

+ A functional approach is rarely adopted for non‐native versus native species (Davis et

al. 2011), but is increasingly adopted. Until now however, most research focuses on the

impact of non‐native species on one function or specific taxa (e.g. data chapters in this

thesis, Caraco and Cole 2002, Parker and Hay 2005, Rodriguez 2006, Zhu et al. 2006,
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Cazzanelli et al. 2008, Nielsen et al. 2008, Davis 2011, Stiers et al. 2014), with few

studies offering a more holistic perspective (but see Strayer 2008). The combined data

of this thesis provides a broad overview of freshwater plant ecosystem functioning.

‐ The large variety of ecosystem functions provided by freshwater plants, and the large

number of freshwater plant species, prevents us from measuring all possible functions

on all species. The data are not complete, i.e. we did not compare sedimentation,

competition with plants, decomposition, nutrient cycling or food quality for fish and

waterfowl.

Figure 9.4 Multivariate principal coordinate analysis plot on fifteen traits (see boxplots) of 17 native and 18

non‐native freshwater plant species in Northwestern Europe (subset of 40 species tested in snail feeding

trials). The first two axes of PCoA are plotted using square‐root transformed plant trait data of native (open

triangles; light shaded area) and non‐native plant species to Northwestern Europe (closed circles; dark shaded

area). The larger circle and triangle indicate the group centres. Statistics under the figure tested whether

native and non‐native plants differed in trait variance or trait position. Boxplots show plant trait data grouped

for native (Na) and non‐native (No) plant species. T‐tests assuming heterogeneity of variances showed that no

trait differs significantly among natives and non‐natives.
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Community composition: use of monocultures

+ We measured ecosystem functions at the level of species, not at the community level,

in every experiment. Dominant species often control ecosystem functioning (Smith and

Knapp 2003), so measurements on their functioning is assumed to be a good proxy for

community level functioning.

+ With multiple species it would be difficult to infer what each species contributed to

functioning, whereas knowledge on the effects of individual plant species is the

desirable level of output as management often targets individual species.

‐ Despite this species approach, there are arguments to defend why community level

measurements can be better (Symstad et al. 1998, Dı az and Cabido 2001, Loreau et

al. 2002, Lyons et al. 2005), including effects of competition, biodiversity,

complementarity on the provisioning of ecosystem functions.

‐ In nature, plant traits and identity determine which species occur where and in what

density, so species colonisation is not necessarily random. For example, non‐native

species may have a higher chance than natives to disperse to and establish in a certain

habitat, which will impact the ecosystem functioning. Such potential non‐random

effects of species response traits were not accounted for.

Many plants

+ In experiments, we tested relatively high numbers of plant species compared to most

prior studies. Multi‐species experiments provide better insight into interspecific

variation and the role of species identity in ecosystem functioning than few‐species

experiments (Symstad et al. 1998, van Kleunen et al. 2014). In addition, testing

multiple species helps reduce bias: many invasion studies test the same non‐native

species, and in doing so they neglect many others (Pyšek et al. 2008, Jeschke et al.

2012b).

‐ Mainly submerged species were compared, whereas many non‐native species float or

are amphibious (Hussner 2012). This choice reflects the functional approach that I took,

because I wanted to disentangle effects of plant growth form and plant origin.

Whenever possible, experiments included several species of an alternative growth form

to submerged species to investigate its effect on functioning.
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Experiments and causality

+ We performed experiments, which are replicated and controlled, to infer causation

from correlation, unlike many prior invasion studies. Currently, much of the work on

non‐native species is of a correlative nature: many field experiments lack controls, such

as pre‐post comparisons over time, or experimental manipulation.

‐ The reliance on experiments has a downside. Mesocosms and aquaria serve only as a

proxy for natural lakes, and can be stressful and selective in some ways: warmer‐than‐

average water temperatures, static water and lack of exchange of biota.

‐ In addition, the experiments were all necessarily short, i.e. multiple experiments had

to fit into a PhD.

Plant density

+ In the experiments, the initial plant density was controlled to disentangle the effect

of plant identity and origin from density, which depends strongly on the local

environment. However, because plants grew or declined during experiments, effects of

density were not totally excluded.

‐ Plant functioning will depend on plant density to a certain extent. Indeed, many of

the problems attributed to non‐native species are caused by plants in high densities

(Vilà et al. 2009, Yokomizo et al. 2009, Vilà et al. 2011, Hussner et al. 2017), or the fear

that plants will become overabundant (Bellard et al. 2013, Rouget et al. 2015).

Moreover the provisioning of multiple functions, for example inhibition of phytoplankton

or providing a food source, will feed back on plant density. For example, the more

edible a plant, the more may be eaten, which may prevent a plant from inhibiting

phytoplankton. I explicitly included density only in one data chapter (Chapter 8).

Because density is important, I will discuss its implications in the section ‘From

ecological evidence to management decisions’.

Adding my piece to the scientific jigsaw puzzle

Into the Anthropocene, ecosystems will increasingly contain a novel mix of species:

native and non‐native (Hobbs et al. 2009, Bridgewater et al. 2011). Yet little is known

on the ecosystem functioning of these novel communities (Hobbs et al. 2009, Buckley
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and Catford 2016) and the role of plant origin therein. Here I will integrate the

knowledge on freshwater plant functioning gained in my thesis with the existing

literature.

Ecosystem functions of native and non‐native freshwater plants

Plant origin is assumed to be a key indicator of how likely species are to cause trouble

(Simberloff et al. 2011, Paolucci et al. 2013, Shackelford et al. 2013, Hassan and

Ricciardi 2014), yet based on the data presented in this thesis, it seems that plant origin

is not a good indicator for the functions provided by freshwater plants. While native

plants are valued for their role in the functioning of aquatic ecosystems (Carpenter and

Lodge 1986, Jeppesen 1998), non‐native plants should be similarly valued for their

functions (this thesis). Hence, origin on its own should not be decisive in guiding the

restoration and management of ecosystems, especially because there was much

variation in ecosystem functioning within native species, and within non‐native species.

Origin as an indicator for functioning

My data also show that plant origin should not be completely ruled out as a factor for

ecosystem functioning, only that there are better alternatives to its traditional

dichotomous use: native versus non‐native. Classifying species based on their

biogeographic origin would be more informative, for example a grouping of plant

species from frost‐free versus frost‐prone regions (Chapter 2; Pennings and Silliman

2005, Vergés et al. 2014, Buckley and Catford 2016). In the study on temperate and

tropical snail herbivores (Chapter 2), the temperate or tropical origin of plant species

explained consumption patterns. On the contrary, the native versus non‐native

dichotomy captured two opposing patterns: the tropical snail preferred evolutionary

novel plants, whereas the native snail preferred evolutionary non‐novel plants.

Opposing patterns such as these are widespread in invasion literature (Keane and

Crawley 2002, Parker and Hay 2005, Parker et al. 2006, Burlakova et al. 2009, Wong et

al. 2010). Of the studies on enemy release, where novel species benefit from their

novelty, 60 % support the hypothesis. For studies on biotic resistance, where novel

species are resisted by the native community, this percentage is 25 % (Jeschke et al.

2012a). Thus the use of plant origin (native versus non‐native) has not led to consistent

results and alternatives need to be considered. A functional trait‐based approach,

possibly coupled to biogeographic origin, can prove more informative (this thesis). In

this thesis I found evidence that tropical plants tolerated higher‐than‐average water



197

9

Synthesis

temperatures and eutrophication better than natives, which may allow tropical plants

to inhibit phytoplankton and methane fluxes better than temperate plants (Chapter 8).

In comparisons among species, for example native versus non‐native, species may differ

for reasons other than the trait that is studied, because species have a phylogenetic

connection. Species of different (biogeographic) origin often also differ in phylogeny. In

my tests of ecosystem functions, I found that plant phylogeny sometimes played a role:

the total phenolics content showed a phylogenetic pattern (Chapters 2 and 6). Yet even

when controlling for phylogeny, phenolics were an important trait related to the

herbivore consumption rate. However in many cases the ecosystem functioning, or traits

correlated with functioning, showed no phylogenetic signal. The performance of

phylogenetically distant non‐native species is still uncertain: these non‐native species

may possess different traits than natives, but whether they can gain a fitness advantage

because of this depends on the local environment (Diez et al. 2008, Thuiller et al. 2010,

Jones et al. 2013).

Ecosystem functions and plant traits

Differences in the response traits of non‐native versus native species are well studied

(Pyšek and Richardson 2007, Catford et al. 2011, Van Kleunen et al. 2011, Knapp and

Kühn 2012, Leffler et al. 2014), but less is known about differences in effect traits and

about the coupling of both types of traits (Suding et al. 2008, Buckley and Catford

2016). The consequence for their ecosystem impacts depend on whether response traits

(regulate plant fitness) and effect traits (regulate ecosystem functioning) are coupled

(Suding et al. 2008).

To assess the case of freshwater plants, I gathered the key response traits for non‐

native freshwater plants from the literature (Table 9.2) (Pyšek and Richardson 2007,

Hussner 2009, Lemoine et al. 2012, Pyšek et al. 2012, Schultz and Dibble 2012,

Thouvenot et al. 2013, Hussner et al. 2014, Hussner et al. 2015), while I extracted the

main effect traits from the data chapters in this thesis (Table 9.2).

Based on the qualitative summary in Table 9.2, I conclude that response and effect

traits seem partially decoupled. Thus, while non‐native plants may differ from natives

in fitness traits, both groups can still provide similar functions (Suding et al. 2008,

Buckley and Catford 2016). Non‐native plants, especially species native to low latitudes,
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generally tolerate anthropogenic disturbances such as climate change, eutrophication

and habitat degradation (Chapter 8 and Thompson et al. 1995, Simberloff et al. 2011),

which causes them to differ in response traits, and which could allow them to maintain

ecosystem functioning in the disturbed ecosystems of the Anthropocene (Laughlin 2014).

The traits that enable native plants to do well (response traits) resemble those of

invasive species (Thompson et al. 1995, Leishman et al. 2010, Thompson and Davis

2011a, b), with successful native plants, like invasive species, typically being fast

growing and highly reproductive species (Walker and Preston 2006, Van Landuyt et al.

2008, Salguero‐Gómez et al. 2016). Some native freshwater species of the Netherlands

are considered invasive species elsewhere on Earth, outside their native range, for

example Myriophyllum spicatum and Ceratophyllum demersum (Aiken et al. 1979). Both

plant species grow fast in disturbed, eutrophic habitats (Aiken et al. 1979, Stiers et al.

2011b, Hyldgaard and Brix 2012).

Criticisms on a judgement of non‐native species based on function

The functional perspective faces strong criticisms as some regard it a utilitarian fallacy

(Simberloff 2011b, 2015): If nature is redefined as whatever species provide the services

Table 9.2 Response and effect traits of freshwater plants. Table 9.1 gives data on effect traits documented in

this thesis. The difference between response and effect traits is difficult in some cases, and effect traits only

become relevant in a habitat if plants possess the response traits. In this table, response traits are mainly

focused on improving fitness with regard to the abiotic environment.
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we want, species become interchangeable, or even expendable so long as they provide

the same services (Simberloff 2015). This criticism seems mainly a philosophical

problem of the value of native over non‐native species, which I will not discuss here

because it goes beyond the collected data on ecosystem functions. However, it might

not be a purely philosophical issue, because seemingly interchangeable species can

differ in their response to different environmental conditions, which would affect the

ecosystem functions provided.

Another criticism is that embracing non‐natives can prevent us from returning

ecosystems to their historical trajectory before humans arrived, which surrenders

nature to the adverse impacts of globalisation, which facilitates biotic homogenisation

(Lambdon et al. 2008) and can lead to species extinctions (Bellard et al. 2016).

Restoring ecosystems to historical conditions would probably increase the fitness of

native plants, but the problem is that such restoration seems largely incompatible with

the pervasive impact of humans. In addition, non‐native plants are unlikely to lead to

the extinction of native plant species (Davis 2003, Gurevitch and Padilla 2004). Thus, it

boils down to risk management: non‐native plants may cause future change, harm or

extinctions (Sax et al. 2007, Jackson and Sax 2010, Simberloff 2014), but so may native

plants. Because of the species filtering imposed on non‐native species available in plant

trade, selecting for high growth rate, wide temperature tolerance and ease of

propagation, non‐native plants may be more likely to survive and cause impacts in

human‐impacted ecosystems than native plants. On the other hand, they may also be

more likely to provide beneficial ecosystem functions into a future of increasingly

human‐impacted ecosystems. Worryingly, scientists exploring long‐term effects on

ecosystem function run the risk of being labelled as ‘invasive species denialists’ (Russell

and Blackburn 2016).

From ecological evidence to management decisions

Water and nature managers need to realise that non‐native plants can provide

beneficial functions. In other words, native fish, waterfowl, macroinvertebrates may

nowadays depend on non‐native freshwater plants for food, habitat or adequate water

quality. At the heart of this thesis is the message that managers should not base their

actions on plant origin, but on plant function and nuisance, similar to how native plants

are handled.



200

Chapter 9

Disturbed habitats

I compared native and non‐native freshwater plants typical for the disturbed freshwater

ecosystems of the Netherlands. If a non‐native species is removed and replaced with a

native that would also be typical for the same disturbed habitat, my data indicates that

there is no average change in ecosystem functioning. Another key result is that

ecosystem functioning strongly depends on plant identity: individual plant species, both

native and non‐native, differ strongly in their functioning. Of plant species that were

tested for at least three functions, the lowest overall functioning was found for

Potamogeton perfoliatus, Ranunculus circinatus and Eichornia crassipes, while the

highest values were found for Ceratophyllum demersum, Lagarosiphon major and

Hydrocharis morsus‐ranae. Data on the ecosystem functions of individual plant species

can guide management, however currently, the functions of species are not part of a

manager’s toolbox. In future management, a functional assessment of species function

should depend on the local biotic and abiotic conditions, management goals and species

availability.

Nuisance growth and growth form

Both native and non‐native species reach high densities in freshwater ecosystems. High

plant densities worry managers because of potential negative consequences on

biodiversity and ecosystem services, for example reduced water discharge or lower

occurrence of rare plant species. The dominance of plants is mainly related to a high

availability of nutrients in the sediment (Lamers et al. 2012). If nutrient availability is

high in the water, amphibious and floating plants have an advantage over submerged

species, and because many non‐native species possess either growth form, they are

more likely to dominate. On the other hand, the alternative in these conditions is often

a high density of phytoplankton, possibly with toxic cyanobacteria. Any plant species

may be better than no plant species in this case.

Climate change is expected to increase the fitness of floating and amphibious plants

and of phytoplankton, and to reduce the fitness of submerged species (Smith et al.

1999, Moss et al. 2011). Into the future, the management of nuisance plants may

become increasingly expensive, and the goal of transparent lakes dominated by

submerged plants possibly more difficult. Lowering nutrient availability may help

reduce harmful impacts, but a key problem is that besides the higher‐than‐historic

nutrient levels, also frequent mowing, intense recreational boating, high levels of fish,
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waterfowl or crayfish herbivory, and changing dispersal vectors control the fitness

landscape for freshwater plant species, and some plants thrive in it.

When to manage

Importantly, European legislation requires that blacklisted species are managed or

eradicated (Regulation 1143/2014 on invasive alien species; Commission Implementing

Regulation 2016/1141)(EU 2014). At early stages of settlement, investments provide the

highest return‐for‐investment (Hussner et al. 2017). Prevention is complicated and

costly, with a key issue being that many non‐native species are benign, so most

prevented introductions will be of harmless species. Still, it is the most reliable way of

preventing impacts on ecosystem functioning and native species.

Interestingly, intense plant management may have undesirable long‐term consequences.

The integration of the non‐native terrestrial plant Prunus serotina into the native insect

food web was likely slowed by intense management and removal of its populations

(Schilthuizen et al. 2016). Instead, an integrated ecosystem approach, which has

identified why P. serotina thrives and how that option is limited, seems a more effective

strategy (Nyssen et al. 2013).

Valuable resource

One option to mitigate the costs of non‐native species management would be to use

aquatic plants as high‐quality resources for protein or fibre, and they can also improve

agricultural soils. Interestingly, aquatic plants were regarded as a resource in the past

and are still a prime resource in many countries. Times have changed however, and also

the rise of boating, sailing, fishing and swimming several decades ago, in mostly turbid

algae‐dominated waters without plants, has likely changed our perception of how much

freshwater vegetation there should naturally be.

Adaptive management

Nature and water managers can also help each other by practising adaptive

management (Nyberg 1999). Currently, management is too often performed without

proper monitoring and evaluation, which makes it impossible to learn and adapt (Murray
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and Marmorek 2003). Instead, in adaptive management, a problem is formulated, and

measures are designed and implemented to tackle the problem. Crucially however, the

effect of management is monitored and evaluated, so that management can be

adjusted to improve the chances of tackling the problem and more effectively employ

limited resources.

Closing remarks

In the introduction, I wrote that “non‐native species cannot be regarded in a vacuum,

but should be regarded as leading characters in a global game of toying with nature”.

Non‐native species are a symptom that ecosystems are highly impacted by humans. The

best cure would be for humans to change their way of exploiting natural capital. A more

pragmatic solution is to employ a functional, integrated approach as the basis for

ecosystem restoration.

Chapter 9
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Chapter 11

Beyond barriers

Human actions have become a dominant force in shaping Earth’s biosphere. One major

action is the global reshuffling of species, both through intentional introductions and

through unintentional ones because human infrastructure benefits the movement of

certain species. Consequently, ecosystems are increasingly a mix of native and non‐

native species.

Native species and communities are valued for, and judged on, their provisioning of

ecosystem functions, which are weighed against any negative impacts. On the contrary,

for non‐native species there is mainly a narrow study of the negative impacts. Because

of their evolutionary novelty to native species, non‐native species are assumed to

threaten native ecosystems, habitats and species. Yet, little is known about whether

non‐natives provide desirable ecosystem functions, despite the numbers and abundance

of non‐native species being on the rise.

The Netherlands contains many valuable freshwater ecosystems. In these systems,

freshwater plants provide food to fish, waterfowl and macroinvertebrates, increase

habitat structure, inhibit phytoplankton blooms and regulate greenhouse emissions.

Many freshwater plants have locally disappeared in recent decades due to human

impacts on lakes, rivers and ponds. The declining environmental quality invoked a

reaction and expensive restoration measures were taken. Yet, in many cases, restored

freshwaters were colonised by non‐native freshwater plants, which were eradicated or

heavily managed. Dutch freshwaters contain dozens of non‐native freshwater plants,

yet little is known on the functions that these species provide.

The main question of this thesis is whether non‐native freshwater species provide

ecosystem functions, despite lacking evolutionary history with native species. At the

heart of this thesis lies the idea that a judgement of non‐native species should consider

both costs and benefits. In a series of mesocosm and laboratory experiments the

functioning of large groups of native and non‐native species were compared. In

addition, the role of traits for the ecosystem functioning of aquatic plants was studied.

Food provisioning Native, temperate snails preferred evolutionary known plants,

whereas tropical snails preferred evolutionary novel plants. Traits explained the

opposing results: both snail species preferred plants with a high nitrogen‐to‐phenolics
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ratio, and temperate plants had higher ratios than tropical plants (Chapter 2).

Caterpillars equally consumed native and non‐native species. Caterpillar growth

correlated positively with the plant nitrogen content (Chapter 3).

Habitat provisioning Plant origin did not affect the quality of plant refuge for

macroinvertebrates predated by fish or dragonfly larvae. Refuge provisioning was

influenced heavily by plant and macroinvertebrate species identity, with plant rigidity

and structural complexity being major plant traits (Chapter 4). Macroinvertebrate

communities performed similarly on native and non‐native species in a two‐month

experiment, but they performed better on submerged than floating plants (Chapter 5).

Regulation of primary producers Periphyton grew similarly on native and non‐native

plant substrate, with periphyton growth negatively correlated to plant growth (Chapter

6). The allelopathic potential of plant extracts to a cyanobacterium depended on plant

phylogeny and growth form, not on plant origin. The allelopathic potential correlated

positively with phenolics and the plant C:P ratio (Chapter 7). In a warmer‐than average

eutrophic setting, phytoplankton was inhibited equally strong by native and non‐native

plants. Plants tolerant to eutrophic conditions inhibited phytoplankton, whereas plants

that lost biomass did not (Chapter 8).

Regulation of greenhouse gasses Methane fluxes did not differ with plant origin, but

instead, methane fluxes increased with increasing loss of plant biomass (Chapter 8).

In conclusion, native and non‐native freshwater plants were similar in their provisioning

of ecosystem functions (Chapter 9). Ecosystem functioning varied strongly with plant

identity and depended on multiple plant traits. Because plant traits show biogeographic

patterns, the biogeographic origin of plants is more informative than the traditional

native versus non‐native dichotomy (Chapter 9). In addition, the growth form and

tolerance of plants to eutrophic conditions both explained variance in ecosystem

functioning (Chapter 9). Many non‐native plants are well adapted to the human‐

impacted ecosystems, so combined with the beneficial functions that they provide, non‐

native plants can help maintain ecosystem functioning in these disturbed ecosystems.

Therefore, these results indicate that evolutionary novelty is no persistent barrier in the

ecosystem functioning of novel communities.
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These findings do not imply that non‐native species cause no negative impacts. Certain

non‐native species have negative impacts just like native weeds or pests. Critically, the

findings point out that humans may not want to maintain double standards in judging

native and non‐native species.

Chapter 11
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Chapter 12

Voorbij grenzen

Met meer dan zeven miljard zielen op aarde heeft de mensheid tegenwoordig een

enorme impact op de natuur. Een gevolg daarvan is dat soorten massaal worden

herverdeeld over de aarde, soms is dat bedoeld, maar soms ook onbedoeld omdat

sommige soorten profiteren van de menselijke infrastructuur. Als gevolg van deze

herverdeling bestaan ecosystemen tegenwoordig vooral uit een mix van inheemse en

uitheemse soorten.

Inheemse soorten en gemeenschappen worden gewaardeerd om en beoordeeld op,

enerzijds de levering van ecosystem functies en anderzijds de negatieve gevolgen. Van

uitheemse soorten worden echter vooral de negatieve effecten bestudeerd, vooral

omdat men aanneemt dat uitheemse een gevaar vormen voor inheemse ecosystemen,

habitats en soorten. Een belangrijke reden hiervoor is dat uitheemse soorten

evolutionaire nieuwkomers zijn. Echter, uitheemse soorten worden steeds talrijker, en

we weten nog erg weinig over mogelijke positieve effecten van uitheemse soorten,

bijvoorbeeld de levering van waardevolle ecosysteem functies.

Nederland kent vele waardevolle zoetwaterecosystemen. Daarin vormen waterplanten

een belangrijke voedselbron voor vissen, watervogels en waterbeestjes, verhogen

waterplanten de hoeveelheid structuur, voorkomen ze het optreden van hinderlijke

algenbloei en reguleren ze de uitstoot van broeikasgassen. Veel waterplanten

verdwenen in de vorige eeuw doordat rivieren en meren aangetast werden door

menselijke handelingen. Dure maatregelen hebben de milieukwaliteit van de

Nederlandse wateren verbeterd, maar in plaats van herkolonisatie door inheemse

planten zijn het veel uitheemse planten die hiervan profiteerden. Dit tot grote ergernis

van waterbeheerders, waardoor beheerders dure maatregelen nemen om uitheemse

planten in de kiem te smoren. Ondanks de intensieve maatregelen zijn er tientallen

uitheemse waterplanten in ons land te vinden, en bijzonder genoeg is er weinig bekend

over de ecologische gevolgen van deze nieuwkomers.

Dit brengt mij tot de centrale vraag van mijn proefschrift: verschillen uitheemse en

inheemse waterplanten in hun geleverde ecosysteem functies? De kern van mijn

proefschrift is een eerlijke ecologische vergelijking van meerdere soorten inheemse

waterplanten met meerdere soorten uitheemse waterplanten. In een reeks

experimenten heb ik de ecosysteem functies van deze waterplanten gemeten en
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vergeleken. Daarin bekeek ik de rol van de oorsprong van planten, maar analyseerde ik

ook de rol van soorteigenschappen op de levering van ecosysteem functies door

waterplanten. Hieronder beschrijf ik kort welke ecosysteem functies ik heb onderzocht

en wat de uitkomst daarvan was.

Leveren van voedsel Inheemse slakken hadden een voorkeur voor inheemse planten,

terwijl tropische slakken meer van planten uit andere, voor hun uitheemse streken

aten. De soorteigenschappen verklaren dit verschil: beide soorten herbivoren aten meer

van planten met een hoge stikstof‐tot‐fenol ratio, en deze ratio was hoger bij planten

uit uitgematigde dan tropische streken (Hoofdstuk 2). Aquatische rupsen toonden geen

voorkeur voor inheemse of uitheemse plantensoorten. De groei van rupsen was positief

gecorreleerd aan het stikstofgehalte in de planten (Hoofdstuk 3).

Leveren van habitat Waterbeestjes gebruiken planten als beschutting tegen predatoren

zoals vissen of libellenlarven. Voor de mate van beschutting maakte het echter niet uit

of planten inheems of uitheems zijn, maar bepalend was juist de identiteit van plant en

dier. Belangrijke planteigenschappen voor beschutting aan waterbeestjes zijn de

stugheid en mate van complexiteit (Hoofdstuk 4). Monoculturen van inheemse of

uitheemse waterplanten boden gedurende twee maanden een vergelijkbare huisvesting

aan een gemeenschap waterbeestjes. Ondergedoken waterplanten bevatten meer

waterbeestjes dan drijvende waterplanten (Hoofdstuk 5).

Reguleren van primaire producenten Perifyton, op de plant groeiende algen, groeide

gelijkwaardig op inheemse en uitheemse waterplanten. Verder was de groei van

periphyton was negatief gecorreleerd aan plantengroei (Hoofdstuk 6). Plantextracten

van inheemse en uitheemse planten waren even krachtige groeiremmers van een

cyanobacterie (ook wel 'blauwalg' genoemd). De remming van plantenextracten op de

groei van de cyanobacterie hing samen met de taxonomie van planten en hun

groeivorm, en correleerde ook positief met het fenolgehalte en de C:P ratio van planten

(Hoofdstuk 7). In warmer‐dan‐gemiddelde eutrofe vijvers remden inheemse en

uitheemse planten de groei van fytoplankton even krachtig. Snelgroeiende planten

remden de groei van fytoplankton (Hoofdstuk 8).

Reguleren van broeikasgassen De hoeveelheid uitgestoten methaan verschilde

gemiddeld niet tussen inheemse en uitheemse plantensoorten, maar was positief
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gecorreleerd met de hoeveelheid biomassa die planten verloren (Hoofdstuk 8).

Concluderend kan gesteld worden dat inheemse en uitheemse waterplanten niet

verschillen in de getestte ecosysteem functies (Hoofdstuk 9). De levering van

ecoysteem functies hangt sterk samen met de soortidentiteit en wordt verklaard door

meerdere planteigenschappen. In deze planteigenschappen waren soms biogeografische

patronen zichtbaar, daarom lijkt de biogeografische oorsprong van planten nuttiger voor

het voorspellen van het ecologisch functioneren van waterplanten dan het onderscheid

tussen inheemse en uitheemse planten (Hoofdstuk 9). De groeivorm en hardheid van

planten verklaarden beide ook variatie in de geleverde ecosystem functies. Veel

uitheemse waterplanten zijn goed aangepast aan door de mens verstoorde

ecosystemen, en mijn onderzoek laat zien dat de nieuwkomers nuttige functies kunnen

leveren in ecosystemen. Uitheemse soorten kunnen de komende decennia dan ook

helpen om de ecologische waarde van verstoorde ecosystemen te verhogen, niet te

verlagen. Hoewel uitheemse soorten evolutionair gezien nieuwkomers zijn, blijkt dat dit

geen belemmering hoeft te zijn voor het functioneren van de hedendaagse gemixte

soortengemeenschappen van inheemse en uitheemse soorten.

Begrijp me niet verkeerd, deze bevindingen zijn geen bewijs dat uitheemse soorten

geen kwaad kunnen. Sommige uitheemse soorten zijn zeker vervelend, net zo als

inheemse onkruiden dat kunnen zijn. Het belangrijkste is dat we plantensoorten,

inheems of uitheems, beter waarderen op ecologisch functioneren dan afkomst.

Chapter 11
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Dit zijn waarschijnlijk de eerste woorden van dit proefschrift die jij, lieve lezer, leest.

Dat doe ik zelf ook altijd: ik hunker naar het persoonlijke verhaal achter een

proefschrift. Hoewel de wetenschap alles objectief, passief en ‘niet‐menselijk’ wil

houden, is en blijft de wetenschap mensenwerk. Via dit dankwoord doe ik mijn verhaal

over hoe ik het volgehouden heb om dit werk te voltooien…

Dit proefschrift was er niet gekomen zonder mijn begeleiders. Liesbeth, ik kon altijd bij

je binnenlopen voor hulp bij het uitdenken van experimenten en het schrijfwerk. Je

kennis over herbivorie, je vertrouwen en je scherpe commentaar (o.a. zorgvuldigheid

m.b.t. literatuurlijsten) waren waardevol. Dank ook voor de geboden vrijheid (ten koste

van exclosures in 't veld). Wilco, als tweede copromotor met enorme kennis van

macrofauna was jouw input van grote waarde. Jouw feedback hield mij scherp en je

was een welkome complementaire kracht in mijn begeleidingsteam. Ellen, je bent een
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